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A B S T R A C T

Methane removal is an essential step in drinking water production from methane-rich groundwaters. Conven
tional aeration-based stripping results in significant direct methane emissions, contributing up to one-third of a 
treatment plant’s total carbon footprint. To address this, a full-scale trickling filter was operated for biological 
methane oxidation upstream of a submerged sand filter, and its performance was compared to a conventional 
aeration–submerged sand filtration set-up. Full-scale data were combined with ex-situ batch assays and 
metagenome-resolved metaproteomics to quantify the individual contribution of the main (a)biotic processes and 
characterize the enriched microbial communities. Both treatment setups fully removed methane, iron, ammo
nium, and manganese, yet the underlying mechanisms differed significantly. Methane was completely removed 
from the effluent after trickling filtration, with stripping and biological oxidation each accounting for half of the 
removal, thereby halving overall methane emissions. Methane-oxidizing bacteria not only outcompeted nitrifiers 
in the trickling filter, but also likely contributed directly to ammonia oxidation. In contrast to the submerged 
filter preceded by methane stripping, signatures of biological iron oxidation were almost completely absent in the 
trickling filter, suggesting that the presence of methane directly or indirectly promotes chemical iron oxidation. 
All systems had similar ex-situ manganese oxidation capacities, yet removal occurred only in the submerged 
filters but not the trickling filter. Ultimately, our results demonstrate that trickling filtration is effective in 
promoting biological methane oxidation at comparable produced drinking water quality, highlighting its po
tential for advancing sustainable drinking water production.

List of abbreviations
RSF rapid sand filter
TF trickling filter
DWTP drinking water treatment plant

1. Introduction

Submerged sand filtration, preceded by aeration, is the most preva
lent groundwater treatment technology for drinking water production in 
the Netherlands (Vries et al., 2017). The groundwater is aerated to strip 
undesired gases like methane (CH4), hydrogen sulfide (H2S), and carbon 
dioxide (CO2), and to introduce oxygen (O2). The introduction of O2 to 
saturation levels onsets the oxidation of the main groundwater 
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contaminants – soluble iron (Fe2+), ammonium (NH4
+), and manganese 

(Mn2+) – in the sand filter (Bourgine et al., 1994). This treatment scheme 
has proven efficient and robust and provides an eco-friendly, chem
ical-free alternative to chlorine- and ozone-based technologies. How
ever, methane stripping during aeration is of environmental concern due 
to the direct emission of this greenhouse gas to the atmosphere and can 
account for over a third of the carbon footprint of a drinking water 
treatment plant (DWTP) (Vitens, 2022). Reducing methane emissions is 
thus paramount to the transition towards sustainable, resource-efficient 
groundwater treatment systems.

Biological methane oxidation is a promising alternative to decrease 
direct methane emissions from DWTPs (Jiang et al., 2010). Under aer
obic conditions, methane oxidation to CO2 is performed by 
methane-oxidizing bacteria (MOB) (Hanson and Hanson, 1996). Aerobic 
MOB conserve energy from the step-wise oxidation of CH4 to CO2. The 
first step of the reaction - the transfer of one oxygen atom from O2 to CH4 
to form methanol (CH3OH) - is carried out by either a soluble (sMMO) or 
a particulate methane monooxygenase (pMMO) (Stein et al., 2012). The 
pMMO belongs to a protein family known as copper membrane mono
oxygenases (CuMMO), which also includes the ammonia mono
oxygenase (AMO). AMO catalyzes the oxidation of ammonia to 
hydroxylamine and is encoded by canonical ammonia-oxidizing bacteria 
(AOB) and archaea (AOA), and complete ammonia oxidizers (comam
mox) (Van Kessel et al., 2015; Daims et al., 2015; Stein et al., 2012). As 
methane and ammonia are structurally similar molecules, pMMO and 
AMO can catalize the oxidation of the other enzyme’s primary substrate 
(Stein et al., 2012). Recently, MOB have even been suggested to play an 
important role in the nitrogen cycle in environments with high ammo
nium concentrations (Versantvoort et al., 2020).

Since methane removal is never complete during the aeration step, 
MOB are regularly found in rapid sand filters (Haukelidsaeter et al., 
2023; Poghosyan et al., 2020; Palomo et al., 2016). Yet their role is 
poorly understood and their presence is considered undesirable (de Vet 
et al., 2010). The reluctance to promote the growth of MOB within sand 
filters stems from three distinct challenges. (i) High residual methane 
concentrations can lead to large biomass accumulations due to the high 
growth yields of MOB (Leak and Dalton, 1986) and extracellular poly
meric substances (EPS) production (Malashenko et al., 2001). This ac
celerates filter clogging, shortening cycle runtimes and forcing frequent 
backwashing. (ii) The complete oxidation of 1 mol CH4 to CO2 requires 2 
mol O2. Sand filters often operate close to oxygen limitation, as 
groundwater ammonium concentrations may reach 2 mg L− 1. Incorpo
rating biological methane removal could thus potentially hinder the full 
oxidation of some contaminants and lead to anoxic zone formation in the 
lower filter sections, which may promote the reduction and solubiliza
tion of previously oxidized contaminants such as manganese (Søborg 
et al., 2015). (iii) Sand filters are oligotrophic systems. Phosphate (Van 
der Aa et al., 2002) and copper (Wagner et al., 2016) limitation are 
well-known problems hindering optimal filter performance. Incorpo
rating MOB would increase the competition for these and other (micro) 
nutrients, potentially compromising ammonia oxidation and biological 
iron and manganese removal (see (Corbera-Rubio et al., 2024a) for an 
overview of the reactions taking place in sand filters).

In this work, we hypothesize that the implementation of trickling 
filters as pre-treatment allows the promotion of biological methane 
oxidation without compromising the quality of the produced drinking 
water. Trickling filters have proven efficient in treating substrate-rich 
groundwaters, i.e., featuring ammonium concentrations as high as 4.5 
mg NH4

+-N L− 1 (de Vet et al., 2009), and minimize potential oxygen 
limitation problems by operating at higher air-to-water ratios. To this 
end, we compare the performance of a novel configuration consisting of 
a full-scale trickling filter followed by a submerged filter with a con
ventional system comprising two submerged filters in series preceded by 
an aeration step. We assess filter performance by quantifying the 
removal of the main groundwater contaminants, methane, iron, 
ammonium, and manganese. Ex-situ batch incubations are used to 

estimate the maximum removal rates of ammonium and manganese and 
to assess the impact of methane on nitrification. Analyses of conversion 
kinetics are complemented with metagenome-resolved metaproteomics 
to profile the taxonomy and metabolism of the underlying microbial 
communities along the filters’ depths.

2. Materials and methods

2.1. Operational characterization and sample collection

Filter media, water, and gas samples were collected from two 
groundwater-fed treatment lanes in the Breehei drinking water treat
ment plant (DWTP) located in Leunen, The Netherlands, and operated 
by NV Waterleiding Maatschappij Limburg (WML) (Fig. 1, Table 1). The 
first system consists of a tower aerator followed by parallel submerged 
filters (SF), a subsequent tower aerator, and a second set of submerged 
sand filters (after submerged filter; ASF). The second system does not 
include a tower aerator. Instead, the water is sprayed directly onto a 
trickling filter (TF) and air is forced in a co-current through the filter 
bed. Subsequently, the water passes through a tower aerator and a 
submerged sand filter (after tricking filter; ATF). The filter bed in each 
filter had a depth of 2 m. In November 2020, filter media was sampled 
for omics analyses and batch assays with a peat sampler at 15, 90, and 
190 cm from the filter top, referred to as top (t), middle (m), and bottom 
(b), respectively (Fig. 1). Samples were taken at the end of the opera
tional cycle, just before backwashing. Influent, effluent, and filter bed 
porewater samples were immediately filtered using 0.45 µm Millex 
PVDF filters (Sigma Aldrich, Saint Louis, Missouri USA), stored at 4 ◦C, 
and measured within 12 h. Porewater sampling from the trickling filter 
was technically not possible. Samples for total iron and manganese 
quantification were acidified to pH < 1 with 69 % ultrapure nitric acid. 
During the period of January 2020 to April 2023, dissolved O2 con
centration, pH, temperature, and redox potential were measured on-site 
using a multimeter (Multi 3630 IDS, Xylem Analytics, Germany). Gas 
flow was measured with a pressure transmitter SITRANS P320 (Siemens, 
Germany). Methane concentrations in the gas streams were measured 
using a gas chromatograph with a flame ionization detector (Agilent 
Intuvo 9000, Agilent Technologies, United States). To measure methane 
concentrations in the water streams, water samples were collected in 
sealed flasks and equilibrated at 25 ◦C under laboratory conditions. 
Methane concentrations in the gas phase were quantified as described 
above, and the concentration of methane in the water phase was 
calculated using using the water-to-headspace ratio and the equilibrium 
constant between phases of 0.0014 mol kg− 1 bar− 1 at 25 ◦C (Table 1) 
(Sander, 2015). The total methane content in the original water sample 
was then determined by summing the methane quantities in the gas and 
water phases. The biological methane consumption [g h− 1] was calcu
lated as: 

RCH4 =
(
QG ,in ∗CCH4G ,in + QW ,in ∗CCH4Win

)

−
(
QG ,out ∗CCH4G ,out + QW ,out ∗CCH4W ,out

)

where Q = flow of gas (G) or water (W) [m3 h− 1] and CCH4 = methane 
concentration [g m− 3]. Data can be found in Table S1.

2.2. Ex-situ ammonium and manganese maximum removal rates

The maximum ammonium and manganese removal rates of the filter 
media were determined ex-situ in batch. 4 g of wet filter media, 200 mL 
of tap water, and 100 μl of trace element solution (L-1; 15 g EDTA, 4.5 g 
ZnSO4 ⋅7H2O, 4.5 g CaCl2⋅2H2O, 3 g FeSO4⋅7H2O, 1 g H3BO3, 0.84 g 
MnCl2⋅2H2O, 0.3 g CoCl2⋅6H2O, 0.3 g CuSO4⋅5H2O, 0.4 g 
Na2MoO4⋅2H2O, 0.1 g KI) were mixed in 300 mL shake flasks. After an 
acclimatization period of 30 min at 25◦C and 150 rpm, each flask was 
spiked with 3 ml of 100 mg NH4

+-N L-1 NH4Cl or 100 mg Mn2+ L-1 

MnCl2⋅4H2O (Sigma Aldrich, Saint Louis, Missouri USA) to reach a 
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concentration of 1.5 mg L-1. Liquid samples (1 ml) were taken at 
different time intervals throughout the incubation experiment. 
Maximum removal rates per mass (wet weight) of filter media were 
calculated by interpolation of the concentration profiles and converted 
into volumetric rates using the measured filter media densities (2 g 
cm− 3). For the tests with methane, 1 g of wet filter media, 50 mL of tap 
water, and 25 µL of trace element solution were added to 110 mL sealed 
flasks. 5, 10, or 15 mL of methane gas (>99 % purity; Linde, Dublin, 
Ireland) were introduced before the addition of ammonium.

2.3. Water quality analyses

Samples for ammonium, nitrite, nitrate, and dissolved iron and 
manganese quantification were immediately filtered through a 0.2 µm 
nanopore cellulose filter (Sigma Aldrich, Saint Louis, Missouri USA) and 
measured within 12 h. Raw water samples were filtered after a minimum 
of 16 h of acidification for total iron and manganese quantification. 
Ammonium, nitrite, and nitrate were measured using a photometric 
analyzer (Gallery Discrete Analyzer, Thermo Fischer Scientific, 

Waltham, Massachusetts, USA). Iron and manganese were quantified by 
ICP-MS (Analytik Jena, Jena, Germany).

2.4. DNA extraction and sequencing

DNA was isolated from 0.5 g of filter sand (wet weight) using the 
DNeasy Powersoil DNA isolation kit (QIAGEN, Hilden, Germany). Cell 
lysis was performed by bead beating at 50 Hz for 1 min using a Tis
sueLyser LT (QIAGEN, Hilden, Germany). When this approach yielded 
insufficient quantities of DNA, duplicates of 0.5 g filter sand were used 
and pooled on one GeneJet Spin Column. All sequencing was performed 
by Macrogen Inc. (Seoul, South Korea) using the Illumina MiSeq plat
form for 16S rRNA gene amplicon sequencing and the HiSeq platform for 
metagenomic sequencing. Primers used for bacterial 16S rRNA gene 
amplification were 341F (5′-CCTACGGGNGGCWGCAG-3′ (Herlemann 
et al., 2011)) and 806R (5′-GGACTACHVGGGTWTCTAAT-3′ (Caporaso 
et al., 2012)). Paired-end libraries were constructed using the Herculase 
II Fusion DNA Polymerase Nextera XT Index Kit V2 (Illumina, San Diego, 
USA) with the 16S Metagenomic Sequencing Library Preparation Part # 
15044223 Rev. B protocol, yielding 74,000-125,000 paired-end reads 
per sample. For metagenomic sequencing, paired-end libraries were 
constructed using the Nextera XT DNA Library Preparation Kit (Illu
mina, San Diego, USA) with the Nextera XT DNA Library Prep Kit 
Reference Guide (15031942 v03), yielding approximately 80,000,000 
reads per sample.

2.5. rRNA gene amplicon sequencing analysis

The 16S rRNA gene amplicon sequencing data was processed in R 
v3.5.1 using the DADA2 pipeline v1.8 (Callahan et al., 2016). The 16S 
rRNA gene-based taxonomy was obtained using the SILVA database 
v138.1 (Quast et al., 2013). The relative abundances calculated using 
DADA2 were analyzed using the R package Phyloseq v1.30.0 (McMurdie 
and Holmes, 2013).

Fig. 1. Schematic illustration of the two groundwater treatment lanes. Groundwater fed into the submerged system is pre-aerated in a tower aerator, removing 
methane and carbon dioxide and introducing oxygen. The trickling system has no tower aerator and dissolved methane directly enters the filter. Aeration is achieved 
by spraying the water onto the trickling filter and forcing air in co-current through the filter bed. Each filter was characterized at three different depths: top (t), 
middle (m), and bottom (b) at 15 cm, 90 cm, and 190 cm from the filter top, respectively. SF, submerged filter; ASF, after submerged filter; TF, trickling filter; ATF, 
after trickling filter. The submerged systems consist of four parallel pre-filters and after-filters. For some of the analysis in this work, we sampled two parallel pre- 
filters, denoted as SF1 and SF2. Unless explicitly mentioned, SF refers to SF1.

Table 1 
Operational parameters of the DWTP and the characteristics of the raw 
groundwater and the submerged (SF, ASF) and trickling (TF, ATF) filter lanes. 
Groundwater characteristics indicate the average and standard deviation of the 
measurements taken between January 2020 and April 2023. Oxidation- 
reduction potential (ORP) was measured only once.

Unit Submerged filters Trickling filter

Filter depth m 2 2
Height of supernatant m 0.3 -
Age of media (sampling day) years <1 <1
Filter area m2 9.1
Filtration rate m h-1 5.1
Air-water ratio (vol./vol.) - - 5
Run cycle capacity m3 1800 2500
​ ​ Groundwater
pH ​ 6.93 ± 0.04
Temperature ◦C 11.2 ± 0.4
ORP mV -250
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2.6. Metagenome assembly

Using BBDuk in BBTools v37.76 (https://jgi.doe.gov/data-and-tools 
/software-tools/bbtools/), metagenomic paired-end reads with a mini
mal length of 75 base pairs (bp) were filtered for quality and contami
nation, and adapters were removed. Trimmed reads from each sample 
were assembled separately using metaSPAdes v3.15.4 (Nurk et al., 
2017), except for reads from SF1 and SF2, which were co-assembled. 
K-mer sizes of 21, 33, 55, 77, and 99 were used for assembly. Only 
contigs ≥ 1000 base pairs (bp) were retained for subsequent analyses.

2.7. Metagenome binning

Reads of each sample were mapped to every assembly using BBmap 
(BBTools v37.76; https://jgi.doe.gov/data-and-tools/software-tools 
/bbtools/) to generate differential coverage data. This data was con
verted from sequence alignment map (SAM) files to binary alignment 
map (BAM) files using SAMtools v1.8 (Li et al., 2009). Differential 
coverage binning was performed using BinSanity v0.2.6.3 (Graham 
et al., 2017), CONCOCT v0.4.1 (Alneberg et al., 2013), MaxBin2 v2.2.7 
(Wu et al., 2016), and MetaBat2 v2.12.1 (Kang et al., 2019), after which 
Das Tool v1.1.1 (Sieber et al., 2018) was used for consensus binning. 
Bins were dereplicated using dRep (Olm et al., 2017), using an average 
nucleotide identity (ANI) of 99 % for clustering. Dereplicated bins were 
manually refined in the Anvi’o interactive environment v7.1 (Eren et al., 
2020). The completeness and contamination of bins were estimated 
using CheckM2 v0.1.3 (Chklovski et al., 2023) and the resulting 
metagenome-assembled genomes (MAGs) were defined as medium 
quality (≥ 70 % completeness and ≤ 10 % redundancy) or high quality 
(≥ 90 % completeness, ≤ 5 % redundancy, presence of 5S, 16S, and 23S 
rRNA genes, and at least 18 tRNAs) according to MIMAG standards 
(Bowers et al., 2017). The taxonomy of MAGs was computed using 
GTDBtk v2.1.1 (Chaumeil et al., 2022), and relative abundance data was 
generated with CoverM v0.4.0 (https://github.com/wwood/CoverM).

2.8. Functional annotation

Gene annotation was performed using DRAM v1.2.3 (Shaffer et al., 
2020). Iron cycling genes were predicted using FeGenie (Garber et al., 
2020). The open reading frame (ORF) predictions from the DRAM 
pipeline, which are generated by Prodigal (Hyatt et al., 2010), were 
additionally mined for nitrogen cycling genes with hidden Markov 
models (HMMs) built for Metascan (Cremers et al., 2022). This was done 
to identify additional nitrite oxidoreductase alpha subunit (nxrA) genes, 
which are poorly annotated by DRAM. Coverage data of genes was 
calculated with CoverM v0.4.0 (https://github.com/wwood/CoverM). 
Reads per kbp per million mapped reads (RPKM) were used to normalize 
for gene size and sequencing depth.

2.9. Phylogenetic analysis

To infer the phylogeny of the Nitrospira MAGs, the up-to-date bac
terial core gene (UBCG) pipeline was used to extract, align, and 
concatenate 92 single-copy core genes (Na et al., 2018). The dataset 
included the identified Nitrospira MAGs and a reference set of 260 
Nitrospira genomes. From this alignment, a maximum-likelihood tree 
was calculated with FastTree v2.1.10 using the GTR+CAT model (Price 
et al., 2010) and 1000 bootstrap iterations. Amino acid sequences of 
AMO/pMMO subunits A (AmoA/PmoA) were aligned using MUSCLE 
(Edgar, 2004). A maximum-likelihood tree was constructed using 
W-IQ-TREE (Trifinopoulos et al., 2016) with the GTR+F+I+G4 model as 
the determined best-fit model and using 1000 ultrafast bootstrap itera
tions. To distinguish between NxrA and the highly similar nitrate 
reductase alpha subunit NarG, an alignment was made using ARB v5.5 
(Ludwig et al., 2004) of 67 protein sequences identified as described 
above, as well as a reference dataset of 416 NxrA and NarG sequences 

(Poghosyan et al., 2020). A maximum-likelihood tree was constructed 
from this alignment using IQ-TREE v2.1.4 (Minh et al., 2020), with the 
Q.pfam+I+G4 model as the determined best-fit model, and using 1000 
ultrafast bootstrap iterations. All trees were visualized in iTOL (Letunic 
and Bork, 2021)

2.10. Protein extraction, proteolytic digestion, and shotgun proteomic 
analysis

For protein extraction, 150 mg of filter (sand) material was mixed 
with 125 µL of B-PER reagent (78243, Thermo Scientific) and 125 µL 1 M 
TEAB buffer (50 mM TEAB, 1 % w:w NaDOC, adjusted to pH 8.0). The 
mixture was briefly vortexed and exposed to shaking using a Mini Bead 
Beater 16 (BioSpec Products) for 3 min. Afterwards, the sample was 
exposed to one freeze/thaw cycle at -80◦C and +80◦C for 15 and 5 min, 
respectively. The samples were centrifuged for 10 min at 10,000 rpm 
and 4◦C, and the supernatant was transferred into a clean LoBind 
Eppendorf tube (Eppendorf, Hamburg, Germany). Another 125 µL of B- 
PER reagent and 125 µL 1 M TEAB buffer were added to the sand sample, 
vortexed, and sonicated (Branson 5510, sonication mode, at room 
temperature) for 5 min. The sample was again centrifuged for 10 min at 
10,000 rpm and 4◦C, and the supernatant was collected and pooled with 
the first supernatant. Extracted proteins were precipitated by adding 
200 µL ice-cold acetone to the supernatant, vortexing, and incubation at 
-20◦C for 1 h. The protein pellet was collected by centrifugation at 
14,000 rpm and 4◦C for 15 min. The supernatant was carefully removed 
from the pellet using a pipette. The pellet was dissolved in 100 µL 200 
mM ammonium bicarbonate containing 6 M urea. Disulfide bonds were 
reduced using 10 mM DTT (dithiothreitol), and sulfhydryl groups were 
blocked using 20 mM IAA (iodoacetamide). The solution was diluted to 
below 1 M urea and digested using sequencing-grade Trypsin (Prom
ega). The proteolytic peptides were finally desalted using an Oasis HLB 
solid phase extraction well plate (Waters) according to the manufac
turer’s protocol. An aliquot corresponding to approximately 250 ng of 
protein digest was analyzed with a shotgun proteomics approach as 
described earlier (Kleikamp et al., 2021, 2023). Briefly, the peptides 
were analyzed using a nano-liquid-chromatography system consisting of 
an EASY nano-LC 1200, equipped with an Acclaim PepMap RSLC RP C18 
separation column (50 um × 150 mm, 2 µm, 100 Å) and a QE plus 
Orbitrap mass spectrometer (Thermo Fisher, Germany). The flow rate 
was maintained at 350 nL over a linear gradient from 5 % to 30 % sol
vent B over 65 min and finally to 60 % B over 20 min. Solvent A was 
ultrapure H2O containing 0.1 % v:v formic acid, and solvent B consisted 
of 80 % acetonitrile in H2O and 0.1 % v:v formic acid. The Orbitrap was 
operated in data-dependent acquisition (DDA) mode acquiring peptide 
signals from 385-1250 m/z at 70K resolution. The top 10 signals were 
isolated at a window of 2.0 m/z and fragmented at a NCE of 28 at 17.5K 
resolution with an AGC target of 2e5 and a max IT 75 ms. The collected 
mass spectrometric raw data were analyzed combined against the met
agenomics reference sequence database built from the assembled con
tigs using PEAKS Studio 10 (Bioinformatics Solutions, Canada) in a 
two-round search approach. The first-round database search using the 
clustered database (892,436 proteins) was used to construct a focused 
protein sequence database, considering one missed cleavage, carbami
domethylation as fixed modification, and allowing 15 ppm parent ion 
and 0.02 Da fragment ion mass error. The focused database (comprising 
9729 proteins) was then used in a second-round search, considering 3 
missed cleavages, carbamidomethylation as fixed, and methionine 
oxidation and N/Q deamidation as variable modifications. Peptide 
spectrum matches were filtered for a 5 % false discovery rate (FDR), and 
protein identifications with at least 2 unique peptides were considered 
significant. Functional annotations (KO identifiers) and taxonomic lin
eages were obtained by GhostKoala (https://www.kegg.jp/ghostkoala) 
and by Diamond (Buchfink et al., 2014) using the NCBI nr protein 
sequence reference database (Index of /blast/db/FASTA (nih.gov)). For 
Diamond annotations, the lineage of the lowest common ancestor was 
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determined from the top 10 sequence alignments. Data is given in 
Table S2.

Comparison of the relative abundance of proteins between samples 
was performed using “relative spectral counts” (i.e., normalized spectral 
counts, defined as spectral counts per protein divided by the molecular 
weight of the specific protein, and normalized by the sum of mass- 
normalized spectral counts of all proteins of all samples). The contri
bution of a specific protein was estimated by summing up the relative 
abundances of all proteins with the same functional annotation. For 
proteins with more than one subunit, only the catalytic one was 
considered: AmoB for ammonia monooxygenase AMO, MmoX for solu
ble methane monooxygenase sMMO, PmoB for particulate methane 
monooxygenase pMMO; NarG for nitrate reductase NAR, NxrA for ni
trite oxidoreductase NXR, NorB for nitric oxide reductase NOR, MtoA for 
iron oxidase MTO. For the putative particulate methane monooxygenase 
pXMO, subunit A (PxmA) was used as it was the only one present in the 
metaproteome.

3. Results

3.1. Complete methane and iron removal at the expense of incomplete 
ammonia and manganese oxidation in the trickling filter

The concentration profiles of methane, iron, ammonium, and man
ganese differed among the two studied treatment processes (Fig. 2). In 
the submerged system, virtually all (>99.9 %) methane was removed 
after aeration (AA) before reaching the first submerged filter (SF). 
Ammonia, iron, and manganese were completely removed in the SF, 
with effluent concentrations of < 0.1 mg Fe2+ L− 1, < 0.05 mg NH4 L− 1, 
and < 0.5 µg Mn2+ L− 1. In the trickling system, anaerobic groundwater 
is directly fed to the trickling filter (TF) together with an air stream, 
allowing complete methane removal in the TF (> 99.5 %). Based on the 

influent and effluent gaseous and dissolved methane concentrations 
(Table S1), it was estimated that approximately 47 % was biologically 
oxidized, with the remaining methane being stripped. Iron was 
completely depleted in the trickling filter as well (effluent < 0.05 mg 
Fe2+ L− 1), while the oxidation of ammonium and manganese was only 
partial (26 % and 19 %, respectively). Total ammonium and manganese 
removal was achieved at the effluent of the submerged after-trickling 
filter (ATF; effluent < 0.05 mg NH4

+ L− 1; < 0.5 µg Mn2+ L− 1).

3.2. Methane controls nitrification and manganese oxidation rates in both 
systems

3.2.1. Ammonia and manganese removal rates
The maximum ammonium and manganese removal capacities of the 

filter media along the depth of all filters were quantified ex-situ in batch 
activity tests (Fig. 3). Ammonium removal was comparable in the two 
studied parallel submerged filters (SF1 and SF2), with a subtle top-to- 
bottom decreasing profile following the decrease in ammonium con
centrations. Consistent with the low ammonium consumption in TF 
(Fig. 2A), the removal capacity at the top of TF (TF_t) was 7 times lower 
than in SF1_t, namely 0.26 and 1.82 g NH4

+-N mmedia
− 3 h− 1, respectively. 

The ammonia removal increased slightly in the lower TF sections. The 
subsequent submerged filter (ATF) showed the highest and most strat
ified ammonium removal capacity with 3.49 g NH4

+-N mmedia
− 3 h− 1 at the 

top and 0.94 at the bottom.
Ex-situ manganese removal capacities were also comparable for SF1 

and SF2, with similar rates across both filters (0.117 ± 0.007 g mmedia
− 3 

h− 1 for SF1 and 0.107 ± 0.007 g mmedia
− 3 h− 1 for SF2). In analogy to 

ammonium, the manganese removal capacity increased towards the 
bottom of TF (from 0.103 ± 0.071 g mmedia

− 3 h− 1 at TF_t to 0.133 ± 0.000 
g mmedia

− 3 h− 1 at TF_b). Surprisingly, the measured rates were similar to 
those in SF1 and SF2, despite the fact that less than 25 % of manganese 

Fig. 2. Concentration profiles of methane (A,E), iron (B,F), ammonium (C,G), and manganese (D,H) along the submerged (top) and trickling systems (bottom) in 
DWTP Breehei. Complete removal is achieved at the end of both systems. Groundwater is aerated before reaching the submerged system, where methane is removed 
but the other contaminants are not. Values and error bars represent the mean and standard deviation of measurements taken between January and July 2020. Lower 
and upper box boundaries represent the 25th and 75th percentiles, the line inside the box is the median. Lower and upper error lines indicate 10th and 90th percentiles. 
Individual points show outliers, which belong to the start-up phase. RW, raw water; AA, after aeration; SF, submerged filter; ASF, after-submerged filter; TF, trickling 
filter; ATF, after-trickling filter.
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was removed in the TF while complete oxidation was observed in SF1 
and SF2. Again, the highest and most stratified rates were found in the 
ATF, likely due to the absence of methane and iron.

3.2.2. Methane-oxidizing bacteria’s potential contribution to ammonia 
oxidation

To explore the impact of methane on ammonium removal, nitrifi
cation batch tests were carried out under methane-rich atmospheres 
using media from the top of each filter (Fig. 4A). The presence of 
methane decreased the maximum ammonium removal rate of the media 
from the filters that do not receive methane, with reductions of 65 % in 
SF1, 73 % in SF2, and 60 % in ATF. In contrast, ammonium removal was 
173 % higher in the presence of methane for TF media.

To further characterize the mechanisms behind this effect, we 
exposed sand from SF1_t and TF_t to increasing methane concentrations, 
using 0, 8, 14, and 20 % (v:v) methane atmospheres at a constant 
ammonium concentration (Fig. 4B). For the sand from the SF, higher 
methane concentrations resulted in proportionally lower ammonium 
removal rates, with a reduction from 1.14 to 0.26 g NH4

+-N mmedia
− 3 h− 1 

when methane increased from 0 to 20 %. Ammonium removal was 
accompanied by nitrite and nitrate production, consistent with full 
nitrification. In contrast, with TF medium, ammonium removal was the 
lowest at 0 % methane (0.26 g NH4

+-N mmedia
− 3 h− 1) and at comparable 

higher rates in the presence of 8, 14, and 20 % methane (0.96, 0.89, and 
0.95 gNH4

+-N mmedia
− 3 h− 1, respectively). Nitrite production was detected 

at all methane concentrations, while no nitrate was produced. On the 
contrary, nitrate initially present in the vials was consumed in all TF 
tests, presumably due to denitrification. This resulted in nitrogen mass 
balances of < 80 %.

3.3. Microbial community composition and genome-based functional 
potential

3.3.1. Nitrifying and iron-oxidizing guilds govern the SF, while 
methanotrophs dominate the TF

The microbial community composition, elucidated through 16S 
rRNA gene amplicon sequencing, showed distinct differences between 
the submerged and trickling treatment systems (Fig. 5). In SF1 and the 
identically operated parallel SF2, where methane is removed by pre- 
aeration, the genera Gallionella (3-27 %) and Nitrospira (8-18 %) domi
nated the microbial communities. The communities at the middle and 
bottom of SF1 and SF2 were similar. Samples from the top showed 
greater dissimilarity (Fig. S1), primarily due to the higher prevalence of 
Gallionella in SF1 compared to SF2. In stark contrast, MOB of the genera 
Methylovulum (9-32 %) and Crenothrix (7-11 %) and methylotrophic 
bacteria of the genus Methylotenera (16-29 %) dominated the TF, which 

Fig. 3. Maximum volumetric ex-situ ammonium (a) and manganese (b) removal rates in the top (t), middle (m), and bottom (b) sections of SF1, SF2, TF, and ATF. 
Batch tests were carried out in duplicate, error bars represent the standard deviation. SF1 and SF2, parallel submerged filters; TF, trickling filter; ATF, after- 
trickling filter.

Fig. 4. Maximum volumetric ex-situ ammonium removal rates. A) Ammonium removal in the top section of SF1, SF2, TF, and ATF in the presence (full) or absence 
(empty) of a 20 % (v:v) methane atmosphere. B) Maximum volumetric ex-situ ammonium consumption (full), and nitrite (empty) and nitrate (empty, dotted) 
production rates in the top sections of SF1 and TF in the presence of 0, 8, 14, and 20 % (v:v in air) methane atmospheres. Batch tests were carried out in duplicate; 
error bars represent the standard deviation (in some cases smaller than symbols). SF1 and SF2, parallel submerged filters; TF, trickling filter; ATF, after- 
trickling filter.

F. Corbera-Rubio et al.                                                                                                                                                                                                                        



Water Research 279 (2025) 123450

7

directly receives methane-rich groundwater. The relative abundance of 
Methylotenera decreased from top to bottom while Methylovulum dis
played an opposite profile (Fig. 5).

The microbial community of ASF, receiving water containing mini
mal residual levels of ammonium, iron, and manganese, featured a much 
lower abundance of taxa involved in their removal compared to the 
other filters (Fig. 5). The dominant ASF bacteria belonged to the genera 
Vicinamibacteraceae (10 %) and Gallionella (6 %). Contrastingly, the 
influent water of the ATF still contained high levels of ammonium and 
manganese, and Candidatus Nitrotoga (4-22 %), Nitrospira (4-8 %), and 
Nitrosomonas (1-6 %) were the predominant genera, particularly in the 
top layer.

3.3.2. The submerged and trickling lines harbor distinct functional guilds
The microbial community metagenome of each filter was sequenced 

to characterize the metabolic potential of the most abundant organisms. 
Sequencing yielded 79-85 million paired-end raw reads and 69-77 
million trimmed reads per sample (Table S3). Of the trimmed reads, 
49-85 % could be assembled into contigs, 55-83 % of which were binned 
into metagenome-assembled genomes (MAGs). After dereplication at 
strain level, 14 high and 108 medium-quality MAGs were obtained 
(Table S4).

The MAGs of interest were identified based on the presence of genes 
involved in methane, manganese, and iron oxidation, as well as nitrifi
cation and denitrification (Fig. 6). In the parallel filters SF1 and SF2, the 

Fig. 5. Relative microbial community composition based on 16S rRNA gene amplicon sequencing. All genera constituting ≥ 2 % of the total microbial community in 
at least one of the samples are shown for every sample. All other taxa are grouped in ‘Others’. The genera Candidatus Nitrotoga, Gallionella, Nitrosomonas, and 
Nitrospira are highlighted. SF1 and SF2, parallel submerged filters; ASF, after-submerged filter; TF, trickling filter; ATF, after-trickling filter.
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most abundant MAGs belonged to the genera Gallionella and Nitrospira, 
in accordance with the 16S rRNA gene amplicon sequencing. The Gal
lionella MAGs contained one or two copies of the iron oxidation gene 
cyc2, showcasing their involvement in biological iron removal. The most 
abundant Nitrospira MAGs, ATF_7 and SF2_8, did not contain the 
ammonium monooxygenase subunit A (amoA) or hydroxylamine de
hydrogenase (hao) genes, indicating that they are canonical (nitrite- 
oxidizing only) Nitrospira. Contrastingly, Nitrospira MAGs ATF_8 and 
SF2_2 contained both amoA and hao, hence representing complete 
ammonia-oxidizing (comammox) species. The gene encoding the nitrite 
oxidoreductase subunit alpha (nxrA) was only found in ATF 7, ATF_8, 
and ATF_24. However, as nxr is part of the core genome of all Nitrospira 
species (Koch et al., 2019), its absence in SF2_2 (as well as in SF1_2, 
SF2_10, and SF2_8) is therefore attributed to MAG incompleteness.

To account for additional amoA copies possibly missed in the binning 
process resulting in Nitrospira MAG misclassification, the phylogeny of 
all Nitrospira MAGs and a reference dataset of 260 Nitrospira genomes 
was determined using a concatenated alignment of 92 single-copy core 
genes (Fig. S2). All recovered Nitrospira MAGs belonged to lineage II and 
most clustered with canonical nitrite-oxidizers. The phylogenetic 

analysis confirmed that ATF_8 and SF2_2 represented the only comam
mox species, belonging to comammox clade A. When comparing filters, 
comammox Nitrospira were more abundant in the parallel submerged 
systems (1.7 % in SF1 and 1.6 % SF2) than in the trickling system (0.5 % 
in ATF). Instead, Candidatus Nitrotoga (ATF_9 and ATF_1) and Nitro
somonas (ATF_16 and ATF_2) MAGs follow the opposite trend, consti
tuting 0.18 and 0.32 %, and 0.33 and 0.45 % in SF1 and SF2, and 9.7 % 
and 2.6 % in ATF, respectively. In the ASF, the MAGs involved in 
methane, iron, manganese, or ammonium removal were present in low 
abundances.

The methanotrophic Methyloglobulus MAG TF_26 (15.7 %) and the 
methylotrophic Methylotenera MAG TF_25 (11.7 %) were the most 
abundant MAGs in the TF. TF_26 encoded pxmA but lacked pmoA. Given 
that pmoA is a critical component of the core metabolism of all aerobic 
methanotrophic bacteria (Knief, 2015), its absence is likely due to 
incomplete binning. Eight less abundant methanotrophic MAGs were 
also found, all of which harbored pmoA, complemented by pxmA in TF_1, 
TF_5, and TF_21, and by the soluble methane monooxygenase (mmoX) in 
TF_1 and TF_4.

The genetic potential for manganese oxidation, as determined by the 

Fig. 6. Overview of phylogeny, genetic potential, completeness, and distribution of 62 dereplicated high and medium-quality MAGs. These MAGs were selected out 
of the total 122 medium and high-quality MAGs by the presence of genes involved in nitrogen cycling, methane, manganese, or iron oxidation. The order of the MAGs 
is based on the phylogeny of all 122 MAGs, as determined by a maximum-likelihood tree calculated with FastTree using the GTR+CAT model, based on the alignment 
of 92 single core copy genes by UBCG. Copy numbers of genes involved in nitrogen cycling, methane, manganese, and methane oxidation are shown as a heat map. 
Bar plots show the completeness of the MAGs (middle) and their relative abundance in the different filters (bottom). SF1 and SF2, parallel submerged filters; ASF, 
after-submerged filter; TF, trickling filter; ATF, after-trickling filter.
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presence of moxA, mnxG, and cotA, was widespread across all samples 
and not limited to any particular group of bacteria.

3.3.3. Gene-centric analysis supports bin-centric functional distribution
While bin-centric analysis is a powerful approach to studying mi

crobial community composition, it does not take into account unbinned 
genes, which may represent a significant fraction of the metagenome. 
Therefore, a gene-centric analysis was performed to examine the full 
methane and ammonia oxidation potential of the community. A phylo
genetic tree of all translated copper-containing membrane mono
oxygenases (Cu-MMO) subunit A genes showed that the Cu-MMOs in our 
metagenomes cluster within five distinct groups (Fig. 7A): i) comammox 
Nitrospira clade A AmoA, ii) betaproteobacterial (Nitrosomonadacaea) 
AmoA, iii) ERR11-like Cu-MMO, iv) PxmA group, and v) gammapro
teobacterial PmoA. Based on metagenomic read mapping, Nitro
somonadacaea amoA was the most abundant gene for ammonium 
removal across all samples, especially in ATF (Fig. 7B), followed by 
clade A comammox amoA, which represented ca. 30-50 % of total amoA 
in the submerged system (SF1/SF2, ASF), but only comprised a minor 
fraction of total amoA in the trickling system (TF, ATF). In the TF met
agenome, no amoA was found, while it contained the highest abundance 
of methane oxidation genes, corresponding to biological methane 
removal being the dominant process in this filter. The most abundant 
gene was pxmA (Fig. 7C), with gammaproteobacterial pmoA also pre
sent. Surprisingly, gammaproteobacterial pmoA was found in similar 
abundances across all filters, despite the significant differences in 
methane concentrations in the incoming waters. Genes encoding mmoX 
were only obtained from the TF, and at low abundance.

A similar approach was followed to resolve the distribution of nitrite 
oxidoreductase and nitrate reductase alpha subunit genes (nxrA and 
narG, respectively; Fig. S3). In the protein-based phylogenetic analysis, 
these fall into four distinct groups: NarG, Nitrospira NxrA, Candidatus 

Nitrotoga NxrA, and putative Nitrotoga-like NxrA/NarG. Based on RPKM 
analysis, Nitrospira nxrA was the most abundant gene, especially in the 
filters where nitrification occurred (SF1, SF2, and ATF).

3.4. Protein-centric metabolic profiles

The proteomes of the top, middle, and bottom sections of SF and TF 
were quantified to estimate the distribution of core nitrogen, methane, 
iron, and manganese-transforming enzymes. Per sample, we obtained, 
on average, 335 ± 33 individual protein groups identified by at least two 
unique peptides at a false discovery rate < 1 % (Table S2). The relative 
contribution of individual functions of interest was estimated by 
grouping all proteins with the same functional annotation. Relative 
protein abundances were calculated as protein-mass normalized spectral 
counts divided by the total spectral counts of the 6 samples (Fig. 8).

The catalytic subunits of the three protein complexes involved in 
nitrification – ammonia monooxygenase subunit B (AmoB), hydroxyl
amine dehydrogenase (Hao), and nitrite oxidoreductase alpha subunit 
(NxrA) – were present across all sections of the SF. The abundance of 
AmoB was clearly stratified along the filter depth, with a larger abun
dance in the downstream sections. In accordance, in situ ammonia 
oxidation rates in the SF were higher in the lower bed sections, subse
quent to the oxidation of most Fe2+ (Fig. S4). The distribution of Hao 
and NxrA did not follow a specific trend. Conversely, and in agreement 
with the near-absent ammonium conversion and lack of amoA, no ni
trifying proteins were detected in the TF. Instead, proteins encoding for 
methane monooxygenases were abundant and displayed distinct distri
bution trends. PmoB and PxmA showed a decreasing top-to-bottom 
stratification, apparently following the direction of water flow. On the 
contrary, MmoX was only present at the bottom of the TF, yet at sig
nificant relative abundances.

Fingerprints of biological iron oxidation were only found in the SF, 

Fig. 7. Diversity and abundance of genes involved in methane and ammonia oxidation. (A) The phylogenetic tree shows the diversity of Cu-MMO proteins. Clades 
highlighted in bold contain sequences from the rapid sand filter metagenomes of this study. The numbers in brackets represent the number of distinct sequences from 
the rapid sand filter metagenomes, the number of these sequences found in MAGs, and the total count of sequences in that clade, respectively. The outgroup consists 
of three Nitrososphaerota AmoA sequences. (B, C) Abundances of betaproteobacterial amoA and comammox Nitrospira clade A amoA (B), and gammaproteobacterial 
pmoA and pxmA (C) in all filters, normalized as RPKM. Although not part of the Cu-MMO family, mmoX is also included due to the role of sMMO in methane 
oxidation. SF1 and SF2, parallel submerged filters; ASF, after-submerged filter; TF, trickling filter; ATF, after-trickling filter.
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where Cyc2 was homogeneously present across all filter depths. These 
results are in line with the high and low abundances of Gallionella in SF 
and TF, respectively, based on 16S rRNA and iron oxidase Cyc2 genes 
(Fig. S5). For manganese removal, genes encoding for the multicopper 
oxidases CotA, MnxG, and MoxA were the only putative manganese 
oxidation genes present in the filters, but the corresponding proteins 
were not detected. Lastly, genes encoding the four key enzymes in 
denitrification – nitrate reductase (narG), NO-forming nitrite reductase 
(nirK or nirS), nitric oxide reductase (norB), and nitrous oxide reductase 
(nosZ) – were present in both filters. However, NirK was the only 
expressed protein and exclusively found in SF, where it showed similar 
stratification with depth as AmoB, having an increased abundance at 
greater depths in the filter.

4. Discussion

4.1. Biological methane oxidation during trickling filtration halves 
emissions at comparable effluent quality

Complete methane removal (>99.5 %) was achieved both in the 
trickling and submerged systems. Most methane was stripped during 
aeration before reaching the filters in the conventional submerged sys
tem. In contrast, all methane was removed in the TF, with about half (47 
%) being biologically oxidized to carbon dioxide, and the rest being 
stripped. Importantly, the adoption of the new operation did not 
compromise the effluent water quality.

Methane-oxidizing bacteria affiliated with the genus Methylovulum 
and methylotrophic bacteria of the genus Methylotenera dominated the 
microbial population across the full depth of the TF, as indicated by 16S 
rRNA gene abundance (Fig. 5) and MAG-centric analysis (Fig. 6). 
Interestingly, Methylotenera was the most abundant organism at the top 
of the TF, while the genus Methylovulum dominated the downstream 
sections. Some Methylotenera species obtain energy from methylamine 
and methanol oxidation (Afshin et al., 2021) but none have ever been 
reported to consume methane. Since methane oxidation to methanol 
does not yield energy (Stein et al., 2012), a syntrophic relationship be
tween Methylotenera and MOBs based on methanol exchange is unlikely. 
Thus, if Methylotenera rely on methanol scavenging, their surprisingly 
high relative abundance in the first section of the TF remains at least 
partially unexplained. The dominant enzyme for methane oxidation also 
changed throughout the filter depth. While the particulate methane 
monooxygenase (pMMO) was the most abundant methane oxidase at the 
top, its soluble counterpart (sMMO) took over in the downstream 

section. Interestingly, the sequence-divergent particulate methane 
monooxygenase pXMO (Tavormina et al., 2011) was highly abundant at 
both gene (Fig. 7C) and protein (Fig. 8) levels and followed the same 
top-to-bottom decreasing pattern as pMMO. The balance between the 
particulate and soluble methane monooxygenases is known to be 
dictated by the “copper switch” (Stanley et al., 1983), with pMMO 
dominating at high Cu concentrations and the iron-dependent sMMO 
under Cu deficiency (Murreil et al., 2000). Cu limitation is known to 
occur in the lower sections of sand filters (Wagner et al., 2016), so it is 
tempting to speculate that the observed distribution of MOB in the TF is 
dictated by Cu availability. However, while no Cu is dosed in between 
TF and ATF, Nitrosomonas dominated throughout the ATF depth over 
Nitrospira, which usually are enriched under Cu-limiting conditions 
(Wagner et al., 2016) suggesting that Cu is not limiting. Thus, further 
experimental evidence on the impact of Cu on MOB is warranted.

In the submerged filter, MOB and, correspondingly, PmoB were 
abundant despite near-complete methane removal during the preceding 
aeration step (<99.9 %). Proliferation of MOB in sand filters that receive 
aerated water supposedly devoid of methane is commonly reported 
(Palomo et al., 2016; Gülay et al., 2016; Poghosyan et al., 2020). Their 
high abundance despite the low methane concentration likely derives 
from their higher biomass yield (~0.7 g dry cell weight g CH4

− 1 (Leak 
and Dalton, 1986)) compared to the other main microbial community 
members (<0.16 g dry cell weight g NH4

+-N− 1 for AOB 
(González-Cabaleiro et al., 2019); ~0.013 g dry cell weight g Fe− 1 for 
FeOB (Neubauer et al., 2002), but may also result from their transport 
from the upstream aerator without active growth.

4.2. MOB activity shifts Fe removal from biotic to abiotic

The oxidation of iron was complete in the first filter of both systems 
(i.e., SF and TF), yet it was likely dominated by different processes. 
Strong indications of biological iron oxidation were found at genomic 
and proteomic levels in the SF. Bacteria of the genus Gallionella domi
nated the filter based on 16S rRNA gene amplicon sequencing (Fig. 5) 
and MAG-centric metagenomic analyses (Fig. 6), and the iron oxidation 
protein Cyc2 was homogeneously distributed across the filter depth 
(Fig. 8). Contrastingly, bacteria (Figs. 5 and 6) and genes (Fig. S5) 
related to iron oxidation were found at much lower relative abundances 
in the TF, and iron-oxidizing proteins were below the detection limit. 
Since the SF and TF featured a comparable total protein abundance (a 
proxy for biomass concentration; Table S2) and treated the same Fe load, 
these results suggest that biological Fe oxidation played a comparably 

Fig. 8. Distribution of the key proteins involved in methane, iron, and manganese oxidation, nitrification, and denitrification. Relative protein abundances were 
calculated as protein-mass normalized spectral counts divided by the total spectral counts of the 6 samples. The key proteins were selected based on the nitrification, 
denitrification, and methane oxidation pathways (#M00528, #M00529, #M00174) of the Kyoto Encyclopedia of Genes and Genomes, FeGenie for iron (Garber et al., 
2020), and a custom-made database for manganese oxidation (Hu et al., 2020). Dark grey: genes found at least once in the metagenome but not in the metaproteome; 
light grey: genes not found in the metagenome. For protein complexes, only the catalytic subunit was included. For more information, see Materials and Methods.
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smaller role in the TF.
Only few studies report the application of trickling filters for drink

ing water production from groundwater, and biological oxidation is 
generally suggested to be the dominant iron removal mechanism, 
contributing to 35-65 % of total iron removal (see (Van Beek et al., 
2016) and references therein). In terms of dissolved oxygen concentra
tion and pH, the two main parameters known to control the prevailing 
iron oxidation mechanism (Müller et al., 2024; Van Beek et al., 2016), 
the reported values of pH 7.4 – 7.5 and DO > 8 mg O2 L− 1 are in the same 
range as in our system. As both TF and SF were operated at the same 
filtration velocity of 5 m h− 1, the fact that this velocity is higher than in 
published systems is unlikely to explain the total suppression of bio
logical iron removal. Instead, we hypothesize the difference to reside 
either in limitations in micronutrients such as Cu or in oxygen avail
ability. While the former has already been proposed and proven for 
ammonia oxidizers for conventional submerged filters (Wagner et al., 
2016), the latter has not. The oxidation of 1 mg CH4 demands 4 mg O2, 
and groundwater contains 5 mg CH4 L− 1 and up to 10 mg O2 L− 1 after 
aeration. Since the diffusion coefficients of methane and oxygen are 
similar (see SI 8 for details), oxygen may be stoichiometrically limiting 
in the biofilm already for methane oxidation alone. In either case, MOB 
are likely outcompeting FeOB in the TF, owing to their higher biomass 
and energy yield per mol of oxygen. The observed full removal of iron is 
thus mainly ascribed to chemical reactions. Previous work on methane 
and iron co-removal concluded that the presence of methane itself does 
not interfere with overall iron removal (Grohmann et al., 1989; de Vet 
et al., 2002). Our results further confirm that complete iron removal can 
be attained in the presence of methane, while also revealing the induced 
shift from (partially) biological to chemical processes.

4.3. MOB outcompete AOB, and potentially directly contribute to 
ammonium removal

The presence of methane affects ammonium oxidation in the trick
ling filter. Complete ammonium removal was observed in the SF, while 
only partial conversion occurred in the TF (<20 %). In this filter, AOB 
were hardly found at 16S rRNA gene level, and the ammonia mono
oxygenase was not detected in the metagenome (Fig. 7B) or meta
proteome (Fig. 8). Above, we attributed the very low abundance of 
ammonia oxidizers, including both canonical AOB and comammox 
Nitrospira, in the TF to the competition for oxygen and micronutrients 
such as Cu, combined with their lower growth yield compared to MOB. 
In analogy, while AOB feature a similar energy yield per electron as 
MOB, their biomass yields remain significantly lower. Consistently, ex- 
situ batch tests revealed a very low maximum ammonia oxidation ca
pacity of the filter medium from top section of the TF (0.26 g NH4

+-N 
mmedia

− 3 h− 1) compared not only to the SF medium (1.83 g NH4
+-N mmedia

− 3 

h− 1), but also to methane-free filters evaluated elsewhere (1.42 g NH4
+-N 

mmedia
− 3 h− 1 (Tatari et al., 2016), 4.5 g NH4

+-N mmedia
− 3 h− 1 (Corbera-Rubio 

et al., 2023), and 3-10 g NH4
+-N mmedia

− 3 h− 1 (Lee et al., 2014)). Never
theless, the ex-situ maximum ammonia oxidation rate of the TF medium 
increased 4-fold in the presence of CH4 (Fig. 4A), suggesting that MOB 
may play a primary role in ammonium removal.

The ability of MOB to oxidize ammonia has been reported for de
cades and is attributed to the structural similarity between methane and 
ammonia, and the substrate promiscuity of methane monooxygenases 
(Bodelier and Frenzel, 1999; Bédard and Knowles, 1989). Ammonia 
oxidation by MOB can only yield hydroxylamine, nitric oxide, or nitrite 
as products (Versantvoort et al., 2020). Consistently, no nitrate was 
produced by the TF medium, while we clearly observed nitrate pro
duction from nitrification in ex-situ batch tests with the 
nitrifier-dominated SF medium. Growth of MOB on ammonium alone 
has never been reported, leading to the generally accepted assumption 
that MOB do not conserve energy from ammonia oxidation 
(Martikainen, 2022), which may partially explain the low ammonia 
oxidation rate by TF medium in the absence of methane. Still, the 

mechanism by which methane promotes ammonia oxidation by MOB 
warrants further research.

Ex-situ maximum ammonia oxidation rates were the highest in the 
ATF. The fact that filters devoid of iron have higher maximum ammo
nium removal capacities than filters reveiving iron has already been 
observed (Corbera-Rubio et al., 2023) and is suggested to relate to the 
inhibition of AOB by Fe3+ flocs, a product of homogeneous Fe2+

oxidation (Corbera-Rubio et al., 2024b). Interestingly, the ATF mainly 
contained nitrifiers associated with the genera Nitrosomonas (AOB) and 
Candidatus Nitrotoga (NOB), while the SF was dominated by Nitrospira, 
the most commonly found nitrifier in rapid sand filters (Gülay et al., 
2016; Albers et al., 2015; Poghosyan et al., 2020). The observed prev
alence of canonical Nitrospira in the SF and the higher relative abun
dances of NOB over AOB in all filters investigated here (Table S6) is 
consistent with most sand filter studies (Poghosyan et al., 2020; Fowler 
et al., 2018; Hu et al., 2020). While this is generally attributed to the 
dominance of comammox Nitrospira, the most abundant Nitrospira MAGs 
obtained from the SF metagenomes (SF1 and SF2) lacked amoA, and 
were not phylogenetically affiliated with comammox Nitrospira. The 
dominance of nitrite-oxidizing bacteria over ammonia oxidizers points 
to a more prominent role of their metabolic flexibility in rapid sand 
filters, a question to be further explored.

4.4. MOB activity delays Mn removal despite sufficient surface catalytic 
potential

Manganese was fully removed in both the submerged and trickling 
system, yet with stark differences. The SF removed >99 %, while the TF 
contributed less than 15 % to the total manganese removal. Interest
ingly, genes related to manganese oxidation were similarly distributed 
across all filters. Biological manganese oxidation is reported to play a 
minor role compared to chemical processes in mature filters (Breda 
et al., 2019a; Bruins et al., 2015), although recent work challenges this 
view (Haukelidsaeter et al., 2024). The transition from biological to 
chemical-dominated manganese oxidation has been reported to occur 
after less than 2 months (Breda et al., 2019b) to several years (Sahabi 
et al., 2009). Both the SF and TF were operated for approximately a year 
and the lack of detected known manganese-oxidizing proteins supports 
the prevalence of chemical reactions, in analogy to our previous work 
(Corbera-Rubio et al., 2023). Surprisingly, ex-situ incubation tests of the 
filter medium grains indicated that the manganese removal potentials of 
the SF and TF are comparable, excluding the lack of catalytic capacity as 
a reason for the incomplete removal in the TF. Manganese oxidation in 
sand filters starts only after complete iron and ammonium removal, as 
was the case for the SF (Fig. S4; (Corbera-Rubio et al., 2023)). In anal
ogy, we hypothesize that iron (either as Fe2+ or Fe3+ flocs) penetrated 
deeper into the TF than the SF and that the resulting increased oxygen 
demand delayed the onset of manganese oxidation. Alternatively, the 
delay could relate to a possible accumulation of nitrite due to ammonia 
oxidation by MOB instead of complete nitrification, known to interfere 
with manganese oxidation (Cheng et al., 2017). Still, as Mn was fully 
removed in the following ATF, our results show that the implementation 
of a trickling filter for methane removal does not hinder full Mn removal 
in subsequent rapid sand filtration systems.

4.5. Implications for drinking water treatment

Biological methane removal through trickling biofiltration offers a 
promising approach for drinking water companies to meet increasingly 
stringent emission standards. For the largest drinking water company in 
the Netherlands, methane emissions from water extraction account for 
14 % of the company’s total CO2-equivalent emissions (Vitens, 2022). 
Considering methane’s 100-year Global Warming Potential (GWP) of 27 
(IPCC, 2022), widespread implementation of this method can poten
tially mitigate up to 8,547 tonnes of CO2-equivalent emissions annually 
for this company alone. This supports global efforts to reduce 
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greenhouse gas emissions and offers significant economic benefits. 
Based on the current European Union’s Emissions Trading Scheme (EU 
ETS) carbon pricing of €69.51 per tonne (https://climate.ec.europa.eu/e 
u-action/eu-emissions-trading-system-eu-ets_en), this could translate to 
an annual cost saving of approximately €600,000.

In this study, 47 % of the groundwater methane was removed bio
logically in the trickling filter. Achieving complete biological removal is 
the natural next step to decrease the environmental impact of rapid sand 
filtration. We hypothesize that an increased water retention time in the 
filter will likely enhance methane removal. This could be achieved, for 
instance, by increasing the bed height or decreasing the water flow. To 
this end, the impact of the resulting water-to-air ratio (currently at 1:4 in 
forced co-current flow) on striping and oxygen availability, and on the 
potential delay of ammonium removal will also need to be assessed. 
When ammonia is not oxidized in the first filtration step, the second (and 
last) filter becomes the sole barrier to remove it, leaving the plant 
without any redundancy to tackle possible ammonium (and manganese) 
breakthroughs. In an earlier study, the biological stability of this plant 
was already investigated (de Vet et al., 2023), and the produced water 
was of excellent quality as efficient ammonium removal took place in 
the second filtration step. A small part of the ammonium was already 
removed in the first filter, hence an increased water retention times may 
further stimulate ammonia oxidation, potentially yielding a more robust 
process. Ultimately, while biological methane oxidation holds promise 
to effectively reduce the C-footprint of drinking water production, the 
extent of the impact on the stability of other (a)biotic processes and of 
the produced drinkingwater remain to be fully explored.

5. Conclusions

The implementation of a full-scale trickling filter prior to an existing 
submerged sand filter halved methane emissions by promoting biolog
ical methane oxidation. The novel process scheme also fully removed 
iron, ammonium, and manganese, yet the underlying mechanisms 
differed significantly from the parallel submerged filters preceded by 
conventional aeration. Methane-oxidizing bacteria outcompeted 
ammonia oxidizers, which only proliferated in the subsequent sub
merged filter, and MOB likely contributed directly to ammonia removal 
in the trickling filter. Signatures of biological iron oxidation were much 
less abundant in the trickling filter, suggesting that MOB also out
competed iron oxidizers in this filter. In contrast to the submerged filters 
devoid of methane, the observed complete removal of iron during 
trickling filtration is therefore ascribed largely to chemical reactions. 
The reasons for the absence of manganese removal in the trickling filter, 
despite similar ex-situ manganese oxidation capacities, remain to be 
elucidated. Ultimately, our results demonstrate that trickling filtration 
may be highly effective in reducing methane emissions while achieving 
comparable effluent qualities, potentially playing a pivotal role in the 
transition towards more sustainable, resource-efficient groundwater 
treatment systems.
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