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A B S T R A C T

Binding of glyphosate (PMG) to metal (hydr)oxides controls its availability and mobility in natural waters and
soils, and these minerals are often suggested for the removal of PMG from wastewaters. However, a solid
mechanistic and quantitative description of the adsorption behavior and surface speciation on these surfaces is
still lacking, while it is essential for understanding PMG behavior in aquatic and terrestrial systems. This study
gives new insights through advanced surface complexation modeling of new and previously published adsorption
data, supplemented with MO/DFT calculations of the geometry, thermochemistry and theoretical infrared (IR)
spectra of the surface complexes. PMG complexation by goethite (FeOOH) was measured over a wide range of pH
(~4–10), solution concentration (~10–7–10-3M), and surface loading (~0.3–3.0 μmol m-2). Mechanistical
modeling using the charge distribution approach revealed the formation of both monodentate and bidentate
PMG complexes, each in two protonation states. PMG adsorption is dominated (>60 %) by the formation of a
bidentate complex having a protonated amino group that deprotonates at high pH and low loading, aligning with
previously published ATR-FTIR analyses. Monodentate complexes are less abundant and maintain a protonated
amino group over the entire pH range. In addition, the phosphonate group becomes protonated at low pH and
high loading. DFT calculations support the role of protons in the surface speciation. The obtained model was able
to predict the solution concentration of PMG and its strong pH dependency over the full range in our experi-
ments. Our study provides a new mechanistic and quantitative understanding of PMG binding to goethite, which
enables improved predictions of the fate and transport of PMG in and towards natural waters, and provides a
framework for optimizing the removal efficiency of PMG with metal (hydr)oxides.

1. Introduction

Currently, glyphosate (N-phosphonomethyl glycine, PMG) is glob-
ally the most widely used herbicide in agriculture for weed control
(Duke, 2020). This herbicide is non-selective and is applied
post-emergence since the uptake is primarily foliar (Blake and Pallett,
2018).

Chemically, PMG is a rather atypical herbicide since it is a highly
polar molecule due to charging through the deprotonation of its car-
boxylic (–COOH) and phosphonate (–PO(OH)2) functional groups, and
protonation of the amino (–NH) group (Barja and Afonso, 1998). At
circumneutral pH, PMG is zwitterionic and net negatively charged. It
strongly binds to positively charged metal (hydr)oxides in soils, sedi-
ments and suspended particulate matter, which controls the mobility,
bio-availability, and fate of PMG in the environment (Aparicio et al.,

2013; Borggaard and Gimsing, 2008; Gimsing et al., 2004; Sun et al.,
2019).

Because of this strong interaction, PMG is supposed to be immobile
in soils and to have a low risk of contaminating the surrounding envi-
ronment after agricultural application (Borggaard and Gimsing, 2008).
However, increasing concerns have been raised about PMG pollution of
ground-, surface-, and marine waters in agricultural basins, where it is
detected in the liquid phase as well as bound to the sediment and sus-
pended particulate matter (Aparicio et al., 2013; Daouk et al., 2013;
Feltracco et al., 2022; Mac Loughlin et al., 2020; Ronco et al., 2016;
Zhang et al., 2024). This is often attributed to run-off events or prefer-
ential flow routes (Vereecken, 2005). Besides agricultural sources, urban
PMG which enters natural water systems via wastewater has been
identified as another major source of PMG contamination in rivers
(Botta et al., 2009; Hanke et al., 2010; Kolpin et al., 2006; Schwientek
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et al., 2024). In traditional wastewater treatment plants, PMG is partly
removed by sorption to iron (hydr)oxides in the activated sludge (Poiger
et al., 2020). Adsorption on specific metal (hydr)oxides, including
goethite (Doyle et al., 2023; Zhang et al., 2022) and magnetite (Lita
et al., 2023; Park et al., 2019), is often proposed as a wastewater
remediation technique for PMG (Georgin et al., 2024). Improved un-
derstanding of the adsorption process of PMG on metal (hydr)oxides
allows optimization of these processes and prediction the influence of
the reaction medium.

The most common crystalline iron (hydr)oxide in soils and sediments
is goethite (FeOOH). Therefore, PMG binding to this iron oxyhydroxide
has been studied extensively (Ahmed et al., 2018; Arroyave et al., 2017,
2016; Azimzadeh et al., 2024; Azimzadeh and Martínez, 2024; Day
et al., 1997; Dideriksen and Stipp, 2003; Gimsing, 2001; Waiman et al.,
2016, 2013). PMG binds mainly through inner-sphere complexation of
the phosphonate group (Barja and Afonso, 2005; Sheals et al., 2002; Yan
and Jing, 2018). However, there is no consensus about the denticity and
protonation status of the functional groups of the PMG surface com-
plexes, while this is pivotal for understanding and modeling its pH- and
concentration-dependent adsorption behavior, and the interaction with
competing ions in the environment.

The PMG surface speciation has been frequently studied with
attenuated total reflection Fourier-transformed infrared (ATR− FTIR)
spectroscopy (Barja and Afonso, 2005; Orcelli et al., 2018; Sheals et al.,
2002; Yan and Jing, 2018). Published ATR-FTIR spectra are consistent
and reliable in the various publications and there is a clear agreement on
the experimental spectra measured. Lacking, however, is a solid basis for
the interpretation of these spectra. Indicative of this knowledge gap are
the widely varying interpretations and conclusions reached in the
different publications while discussing near-identical spectra. This il-
lustrates the inherent uncertainties in the interpretation arising from the
deconvolution of the spectra, peak assignments, and observed absor-
bances. Sheals et al. (2002) proposed that PMG binds mainly through
monodentate complex formation having either a protonated or a
deprotonated amino group with only a minor contribution of binuclear
bidentate (BB) complex formation, based on ATR-FTIR and X-ray
photoelectron spectroscopy (XPS). On the other hand, Barja and Afonso
(2005) proposed the formation of a combination of two mononuclear
monodentate (MM) surface complexes and a binuclear bidentate (BB)
surface complex, all having a protonated amino group. Including mo-
lecular orbital/density functional theory (MO/DFT) calculations, Yan
and Jing (2018) suggested that a mononuclear bidentate (MB) surface
complex may form as well.

Besides the varying interpretations, the surface speciation of PMG is
not only dependent on pH, but also on its surface loading, and addi-
tionally, on the surface structure of the studied goethite that may differ
in crystal face contributions and surface sites (Livi et al., 2023).

Gaining more insights into the surface speciation of PMG and its
environmental implications may therefore benefit from applying addi-
tional tools. Mechanism-based surface complexation modeling (SCM)
enables the translation of macroscopic adsorption data to insights on a
molecular scale, hereby identifying surface complexes and understand-
ing the variation in binding modes as a function of pH and loading. It can
be particularly informative when the model is constrained by the
interfacial charge distributions of the surface complexes, derived from
MO/DFT geometry optimizations combined with a realistic surface
model for the metal (hydr)oxide (Hiemstra and Van Riemsdijk, 1996). A
major advantage of mechanistic sorption models is, as they are based on
an accurate description of the underlying intrinsic chemical and elec-
trostatic interactions, the high predictive power as they are robust and
applicable outside of the conditions used in the development of the
model. A similar approach has been successful in understanding the
adsorption of metal ions (Mendez and Hiemstra, 2020; Van Eynde et al.,
2022) and oxyanions (Antelo et al., 2005; Hiemstra et al., 2007; Van
Eynde et al., 2020) but has not yet been applied to multiply charged
organic chemicals that are relatively large in size and, concordantly,

may distribute their charged functional groups over multiple locations
in the interface.

In earlier attempts to model PMG binding to goethite, a single surface
site approach was used, and all charge at the functional groups of the
PMG molecule was reduced to a single point charge that was placed at
the surface (Barja and Afonso, 2005; Sheals et al., 2002), which can be
seen as an unrealistic simplification. This shortcoming was addressed by
Jonsson et al. (2008) who advocated the use of a more realistic electrical
double layer (EDL) model by introducing a Stern layer and the use of an
interfacial charge distribution of the adsorbed PMG ions, combined with
a multiple reactive site approach based on the surface structure of
goethite. The authors applied the charge distribution and multisite
(CD-MUSIC) approach (Hiemstra and Van Riemsdijk, 1996) to an
extensive dataset of Sheals et al. (2002) and could describe the data well.
However, as our analysis in the current study will show, the applied
interfacial charge distribution is physically unrealistic.

The goal of the present study is to develop a coherent and physically
realistic interpretation of PMG binding and its pH- and loading-
dependent surface speciation on goethite as a representative crystal-
line iron (hydr)oxide in terrestrial and aquatic systems. For this purpose,
we will perform adsorption experiments over a wide pH and concen-
tration range using a well-crystallized goethite combined with previ-
ously published adsorption data (Jonsson et al., 2008). The data will be
used to derive a coherent set of parameters to mechanistically describe
the adsorption and surface speciation of PMG using the CD-MUSIC
model. Our model development will be guided and constrained by
previously published spectroscopic observations, limiting the consid-
ered surface complexes, supplemented with MO/DFT optimization of
the geometry, from which the interfacial charge distribution of the
involved surface complexes to the surface will be derived and theoretical
IR spectra will be computed. Collectively, it will provide a consistent
adsorption model providing further insights into the environmental fate
of PMG.

2. Material & methods

2.1. Materials

Well-crystalized goethite (ABET = 94 m2 g-1) was prepared and
characterized in an earlier study (Weng et al., 2007). A 12.1 g L-1 stock
suspension in a 0.01 M NaNO3 was prepared and stored at pH ~7 under
N2 to avoid contamination with atmospheric CO2 and specific care was
taken to minimize carbonation during the experiments.

Glyphosate-isopropylamine stock solution (46 % PMG), provided by
Bayer, was diluted to 0.8 M PMG in 0.01 M NaNO3. The purity of the
PMG stock was checked using High-Performance Liquid Chromatog-
raphy Mass Spectroscopy (HPLC-MS). The total PMG concentration
corresponded to the total P concentration measured using High-
Resolution Inductively Coupled Plasma Mass Spectroscopy (HR-ICP-
MS, Thermo Scientific Element 2). No other compounds could be
detected in observable amounts.

2.2. PMG adsorption experiments

Adsorption envelopes were obtained for 8 different initial PMG
concentrations at a single goethite concentration of 0.60 g L-1 in a
background electrolyte solution of 0.01 M NaNO3. For each initial PMG
level, 10 batches were prepared in which the pH was adjusted by adding
0.01 M HNO3 or NaOH. The total volume of each system was adjusted to
10.0 mL by adding 0.01 M NaNO3.

The prepared PMG-goethite systems were placed in a horizontal
shaker and equilibrated at a constant temperature of 20 ◦C for 24 hours.
Preliminary experiments indicated no further decrease in PMG solution
concentrations after this time, and no degradation of PMG could be
observed as assessed by HPLC-MS. After equilibration, 1 mL aliquots
were taken from each system and transferred into amicrocentrifuge tube
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for high-speed centrifugation (20 min at 18000 g) as using a low
centrifugation volume substantially improved the phase separation.
From the supernatant, 0.5 mL aliquots were diluted 1:20 using 0.14 M
HNO3 followed by measuring P with ICP-MS-HR. Centrifugation effi-
ciency was verified by additionally measuring Fe in the supernatant,
which was found to be lower than 0.1 % of total Fe. The potential
contribution of PMG bound to this remaining Fe was calculated to be
below 1 % of the measured P concentration in solution. Equilibrium pH
was measured in the remaining 9 mL of the non-centrifuged suspension.

2.3. Adsorption model

For our well-crystallized goethite, singly (≡FeOH-0.5) and triply
(≡Fe3O-0.5) coordinated surface groups are considered in the model. The
site densities (Ns), affinity constants (log K) for H+, Na+, NO3

- (Hiemstra
et al., 2010) as well as the capacitance values for the extended Stern
layer model are given in Table S1 (Supporting Information, SI). The
solution speciation constants of PMG (Table S2) are based on Barja and
Afonso (1998).

2.4. Surface complex formation

Our interpretation of the published IR spectra (see Section 3.6) fol-
lows the consensus that PMG forms inner-sphere complexes via the

phosphonate group and that the –COO- group does not protonate in our
considered pH range (Barja and Afonso, 2005; Sheals et al., 2002; Yan
and Jing, 2018). Based on this, five surface reactions can be defined
covering the monodentate and bidentate modes of binding, according
to:

≡ FeOH− 0.5 + PMG3− (aq) + H+(aq)↔ ≡ FePMG− 2.5 + H2O (l) (1)

≡ FeOH− 0.5+PMG3− (aq)+2 H+(aq)↔ ≡FePMGH− 1.5+H2O (l) (2)

≡ FeOH− 0.5+PMG3− (aq)+3 H+(aq)↔ ≡FePMGH− 0.5
2 +H2O (l) (3)

2≡FeOH− 0.5+PMG3− (aq)+2 H+(aq)↔ ≡Fe2PMG− 2+2 H2O (l) (4)

2≡FeOH− 0.5+PMG3− (aq)+3H+(aq)↔≡Fe2PMGH− 1+2 H2O (l) (5)

where PMG3-(aq) is the fully deprotonated glyphosate complex in so-
lution. The structures of the surface complexes formed by the above
reactions that are used in the final model, optimized by MO/DFT, are
represented in Fig. 1 and Figure S8, and will be henceforth referred to
with their abbreviations M, MH, MH2, B and BH for Eq. (1)–(5)
respectively.

In our model, no distinct mononuclear bidentate complexes were
considered, as it would require the formation of an energetically unfa-
vorable four-membered ring (Barja and Afonso, 2005). In addition,

Fig. 1. Four surface complexes used in the final model: monodentate with a protonated amino and a deprotonated phosphonate (MH), monodentate with both
protonated amino and phosphonate (MH2), bidentate with a deprotonated amino (B) and bidentate with protonated amino (BH). The structures were optimized by
MO/DFT, using the 6–31+G** basis set with the ωB97M-V functional. The abbreviations MH, MH2, B, and BH refer to the surface complexes formed in Eqs. (2)–(5)
respectively.
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binding sites allowing mononuclear bidentate complexes are limited on
goethite unless it contains many crystal defects (Livi et al., 2023);
because we used a well-crystalized goethite in our experiments, mono-
nuclear bidentate complexes can only be of minor importance (Hiemstra
and Van Riemsdijk, 1996).

2.5. Calculation of charge distribution coefficients

The geometry of the various surface complexes was optimized using
molecular orbital (MO) calculations applying density functional theory
(DFT) (Fig. 1) with various functionals (see Section 2.7). Applying the
Brown bond valence approach (Brown and Altermatt, 1985), the charge
attribution to the surface (Δz0) was calculated and a small correction for
interfacial dipole orientation of water molecules was included (Hiemstra
and Van Riemsdijk, 2006).

In our modeling approach, the charge attribution to the Stern layers
was derived by parameter optimization. The charge attribution to the
outer Stern plane (Δz2) will be mainly controlled by the contribution of
the –COO- ligand, which remains unprotonated for all considered sur-
face complexes. To minimize the number of adjustable parameters, a
common value for Δz2 was used for all surface complexes. The attribu-
tion to the inner Stern plane (Δz1) was calculated, using the fitted
common value for Δz2, from the definition Δz1 = Δztot - Δz0 - Δz2
(Hiemstra and Van Riemsdijk, 2006) in which Δztot equals the sum of the
charge of PMG3- and H+ defined in the formation reactions, conse-
quently, the charge attributions for all complexes to both Stern layers
are determined by a single free parameter.

2.6. Parameter optimization

For our own experimental data, parameters were optimized by
minimizing the difference between the calculated and measured per-
centage of adsorbed PMG. For the literature data (Jonsson et al., 2008),
the surface loading (Γ) was used as the evaluation scale since the
adsorption data was only reported at that scale. Modeling was per-
formed using ECOSAT v4.9 software (Keizer and Van Riemsdijk, 1998)
combined with FIT v2.581 (Kinniburgh, 1993) for parameter
optimization.

2.7. DFT calculations

MO/DFT was used to optimize cluster geometry, and to perform IR
frequency and thermochemical calculations using Spartan’20. Func-
tionals with increasing levels of theory were applied (B3LYP, EDF2,
ωB97X-D, and ωB97M-V). The latter two functionals include range
separation and dispersion, and outperform other functionals in energy
and bond lengths calculations (Mardirossian and Head-Gordon, 2017).
Unrestricted, open shell calculations were done, defining appropriately
5 unpaired electrons per Fe in the cluster (high-spin), and we applied the
split-valence 6–31+G** basis function that includes diffuse (+) and
polarization (*) functions. Glyphosate was explicitly hydrated with 7–8
water molecules and additionally, the C-PCM for solvation in water was
applied.

3. Results & discussion

3.1. Initial modeling of literature data

Jonsson et al. (2008) have modeled the PMG adsorption using a
charge distribution approach, applying the Basic Stern double layer
option, and determined the CD coefficients by parameter optimization.
The authors assumed the formation of two monodentate surface com-
plexes (M and MH) that differ in the protonation of the amino group,
following the suggestion of Sheals et al. (2002). The validity of their
reported CD coefficients can be checked by comparing the fitted pa-
rameters with a Pauling bond valence distribution approximation. In

this approach, an equal distribution of the valence charge of the -PO3
2- to

the three oxygens is assumed, yielding a charge of − 2/3=− 0.67 v.u. per
oxygen. In the formation reaction for both monodentate species, a
proton (+1) is adsorbed to the surface hydroxyl to form H2O (Eqs. (1) &
(2)), leading to a CD coefficient of Δz0=+1–0.67=+0.33 v.u. for both
monodentate complexes with unprotonated phosphonate.

For the MH surface complex (Eq. (2)), the fitted CD coefficients of
Jonsson et al. (2008) were Δz0=+0.32 v.u. and Δz1=− 1.32 v.u. This is
in excellent agreement with the value from the Pauling bond valence
approach where Δz0=+0.33 v.u. and Δz1=Δztot-Δz0=− 1.33 v.u.

When the above Pauling bond valence approach is applied to the
formation of the M surface complex (Eq. (1)), a Δz0=+0.33 v.u. and
Δz1=− 2.33 v.u. is obtained. However, the authors fitted Δz0=− 0.2 v.u.
and Δz1=− 1.8 v.u. as CD values. This is not in agreement and highly
unlikely as similar inner-sphere complexes of oxyanions, such as phos-
phate and arsenate (Antelo et al., 2005; Rahnemaie et al., 2007), have
always been reported with positive Δz0 values. The negative value of
Δz0 suggests a lack of positive charge in the formation reaction, for
example in the form of an additional proton which would be used in the
formation of a bidentate (B) surface complex. In addition, the fitted
value of Δz1=− 1.8 v.u. for this species, determined by the observed
electrostatic competition, suggests that there is a prevalent species
present with a similar Δz1.When we apply the Pauling bond valence
theory to a bidentate species (B), two oxygens involved in a bidentate
complex would each attribute − 2/3 charge to the surface. When
considering the two co-adsorbed protons forming H2O (Eq. (4)), CD
coefficients yield Δz0=+2–1.33=+0.67 v.u. and Δz1=− 1.67 v.u., the
latter value being close to the fitted value of Δz1=− 1.8 v.u. These ob-
servations motivated us to reinterpret the adsorption data of Jonsson
et al. (2008) with the inclusion of a bidentate surface complex.

In our initial approach, we assumed a combination of a monodentate
(MH) and bidentate (B) inner-sphere complex and derived the following
CD values from the MO/DFT optimized geometry: Δz0 =+0.41; Δz1 +

Δz2 =− 1.41 v.u. for MH, and Δz0=+0.69; Δz1 + Δz2=− 1.69 v.u. for B.
This approach resulted in an excellent description (Table S3, Figure S2,
R2=0.9997) of the data. However, disagreements of the modeled surface
speciation with spectroscopic observations (see Section 3.6) required
this model to be reconsidered as well.

Calculation of the MH and B surface speciation (Figure S3) shows an
almost complete transition of MH to B at a pH increase from 4 to 9. This
is not in line with IR spectroscopy which suggests only minor changes
when varying pH (Barja and Afonso, 2005; Yan and Jing, 2018). In
addition, it should be noted that the B surface complex has a deproto-
nated amino group and is present throughout the entire pH range ac-
cording to this model, while deprotonation of this group only occurs at a
high pH according to ATR-FTIR spectroscopy (Sheals et al., 2002; Yan
and Jing, 2018).

A potential reason for obtaining an inconsistent surface speciation
might be the incompleteness of the dataset used for this initial modeling.
In a considerable part of the data set (Jonsson et al., 2008), the added
PMG is almost completely (~100 %) adsorbed and the corresponding
solution concentrations were not reported. This part of the data shows
no variation with pH and does not give insight into the corresponding
solution concentration and surface speciation. Only at high pH and
surface loading, the adsorption was <100 % and varied with pH.
Therefore, we have set up new adsorption experiments to provide a
dataset with increased sensitivity to modeling. These data will be eval-
uated and discussed first before we return to the data set of Jonsson et al.
(2008) in an attempt to unify both.

3.2. Modeling of new dataset

In the newly collected dataset, the surface loading (Γ) shows a larger
pH-dependent variation (Fig. 2c). The majority of the data points in our
experiments have a fraction adsorbed between ~20 % and ~80 % of the
added amount of PMG (Fig. 2a), and the equilibrium concentrations
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varied over >3 orders of magnitude (Fig. 2b). The surface loading (Γ)
varied by about a factor of 10 between ~0.35 and ~3.5 μmol m-2

(Fig. 2c).
The final model predictions presented in Fig. 2 are the result of a

model-fitting approach in which the number of chosen surface species
was gradually increased. We started with the two surface species, MH
and B, that provided a good prediction of the literature dataset. How-
ever, our newly collected data cannot be described well with this 2-spe-
cies approach and showed systematic errors (Table S4, Figure S4,
r2=0.9810). The quality of the fit could be improved substantially by
introducing a protonated bidentate BH (r2=0.9929), revealing the
dominance of this BH species at low and neutral pH. The quality of the
resulting fit was good but showed some systemic deviations at low pH

and high surface loading. This may be due to the protonation of the MH
surface complex. The introduction of MH2 further improved the quality
of the fit (r2=0.9943). The inclusion of MH2 only provides a small
improvement, as the species’ presence is minor in our range, but is
included in the final model because of the chemical consistency (see
Sections 3.3, 3.4). No contribution of the fully unprotonated mono-
dentate surface complex (M) could be revealed. The final set of
adsorption parameters is given in Table 1.

Although the parameter optimization was performed using only the
percentage adsorbed as the scale for evaluation (Fig. 2a), the model
provides an excellent prediction of the solution concentration (Fig. 2b),
which can be considered the most important factor in an environmental
assessment context, being relevant for the mobility and bio-availability
of PMG. The lower end of our concentration range (10–6 - 10–7 M) is
typically found in surface- (Peruzzo et al., 2008) and pore waters
(Mencaroni et al., 2023) in or near intensive agricultural soil systems,
illustrating the practical relevance of our model.

Our data and model predictions can also be presented in terms of
surface loading (Fig. 2c). At the highest initial PMG concentration (0.67
mM), some deviation is noticeable. We have repeated the experiment for
the two highest PMG additions (SI Section S5) where we found that the
observed deviation is within the observed variability of the experiment
(Figure S5). The large deviation in surface loading corresponds to a
deviation of ~3 % in the measured solution concentration and it does
not affect the fitted model parameters significantly (Table S5, S6),
therefore the repeated data was not included when fitting the final
model. The large deviation in surface loading for this total concentration
is the consequence of error propagation of smaller deviations in the
measured solution concentration. To indicate this, an uncertainty of 3 %
in the measured PMG solution concentrations has been assumed to
calculate the error bars in Fig. 2c, showing a larger uncertainty for high
concentrations, and indicating that the model predictions fall within this
experimental uncertainty.

3.3. Surface speciation of PMG on goethite

The model parameters of Table 1 can be used to calculate the surface
speciation of PMG adsorbed to goethite as a function of pH and the
initial PMG concentration of the system. In Fig. 3, the surface concen-
tration is represented using the absolute scale (Fig. 3a, c) and relative
scale (Fig. 3b, d).

Our modeling suggests that PMG is predominantly bound as a
bidentate (BH and B) species over the entire pH range. The monodentate
complexes (MH and MH2) also contribute significantly to the surface
speciation but are a minor fraction. The bidentate species (BH and B)
differ in the protonation of the amino group. Deprotonation of the –NH2

Fig. 2. (a) Percentage adsorbed PMG, (b) logarithm of the equilibrium con-
centration in solution, and (c) surface loading Γ of PMG as a function of pH in
goethite systems of 0.6 g L-1 (94 m2 g-1) with 0.01 M NaNO3 as background
electrolyte. Solid lines represent the model predictions using the parameters
determined in this study (Table 1). Datapoints of solution concentration below
the level of detection are not shown in (b). Error bars in (c) represent the
resulting variation in adsorbed PMG when assuming an uncertainty of the
measured PMG solution concentration of 3 % (see main text).

Table 1
Model parameters (± standard error) for complexation of PMG with the singly
coordinated ≡FeOH-0.5 surface groups of goethite. The surface charge attribu-
tions (Δz0) were derived from the MO/DFT optimized geometries of the various
complexes. The individual log K values and the common value for Δz2 were
fitted on the fraction adsorbed as shown in Figure 2a (R2=0.9943, RMSE=2.38
%, n = 80). The applied capacitance values for the extended Stern layer model
are C1=0.83 F m-2 and C2≡0.74 F m-2 (Weng et al., 2007). All other surface
equilibria concerning H+, Na+, and NO3

- are specified in Table S1.

Complex Name Reaction Δz0 Δz1* Δz2 Δztot log K

≡FePMGH MH Eq. (2) 0.28 − 0.54
±0.07

− 0.74
±0.07

− 1 23.57
±0.33

≡FePMGH2 MH2 Eq. (3) 0.41 0.33
±0.07

− 0.74
±0.07

0 28.66
±0.74

≡Fe2PMG B Eq. (4) 0.69 − 0.95
±0.07

− 0.74
±0.07

− 1 24.36
±0.20

≡Fe2PMGH BH Eq. (5) 0.75 − 0.01
±0.07

− 0.74
±0.07

0 32.60
±0.30

* Calculated from the charge balance Δz1 = Δztot - Δz0 - Δz2.
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group becomes important at high pH and this process is stronger at low
surface loadings, as less negative interface potential is introduced by the
negative charge of the adsorbed PMG molecules. The amino groups of
both monodentate complexes (MH2 and MH) are protonated over the
entire range. The monodentate MH complex may accept an additional
proton, bound to the –PO3 group, forming MH2 (Fig. 3a). The MH2
surface species is only formed at a combination of a low pH and high
surface loading. The latter factor causes a decrease of the electrostatic
potential in the Stern layer, stimulating the proton adsorption.

The possibility for the monodentate surface complexes to form a
strong hydrogen bond with the neighboring surface group, as found for
silicic acid (Hiemstra, 2018; Wang et al., 2018), was explored in our
study byMO/DFT geometry optimization (SI Section S6). While the final
H-bond formed is weak and the charge contribution of these bonds falls
within the uncertainty of the fitted CD coefficients, in exploring this
possibility, we observed a spontaneous shift of the proton bound to –PO3
of the MH2 surface complex to the surface site in the MO/DFT optimi-
zation. This indicates that the proton affinity of the ≡FeOH-0.5 group of
the cluster (Hiemstra and Van Riemsdijk, 1996; Zhang et al., 2021) is
likely to be distinctly higher than that of the –PO3 group.

3.4. Proton affinity of the surface complexes

Our modeling shows that the protonation is an essential aspect of the
surface speciation of PMG (Fig. 3). At low pH, the transformation from
MH to MH2 is observed, while at higher pH, BH deprotonatesand forms
B. The proton affinity constants of both reactions can be calculated by

combining the formation constants (Table 1) of both complexes
involved. The proton affinity of MH (MH + H+(aq) ↔ MH2, logKH= 5.1
± 1.1) describes the protonation of the phosphonate group, while the
proton affinity of B (B + H+(aq) ↔ BH, logKH= 8.2 ± 0.5) concerns the
protonation of the amino group and is consequently higher.

These values are supported by our thermochemical calculations
using MO/DFT. We calculated the Gibbs free energy which we used for a
thermochemical interpretation of proton transfer reactions. We avoid
the need for the absolute Gibbs free energy of a proton, which is noto-
riously difficult to calculate, by considering scenarios of an equivalent
atomic composition.

For the proton transfer reaction of B + MH2 ↔ BH + MH, we find
logKa values of 4.1, 3.8 and 3.1, applying DFT with B3LYP, ωB97X-D,
and ωB97M-V respectively. The experimental logK for this proton ex-
change reaction is logKa = 3.2, obtained by combing the equilibrium
constants of all four complexes (Table 1). This value is best reproduced
with MO/DFT/ωB97M-V. The calculated logK values are positive,
implying that the combination of BH and MH are more stable, in
agreement with the dominance of these species in our modeled specia-
tion (Fig. 3).

Following a similar approach for the reaction BH +M ↔ B +MH, we
predict logKb = 2.5, 3.1 and 2.9 using B3LYP, ωB97X-D, and ωB97M-V
respectively. The positive logK shows that the combination of B and MH
is more stable than BH and M, which is also found with our CD modeling
as no contribution of the M surface species is found. In the above reac-
tion, a proton is transferred from the –NH2 group of BH to the same
group of M. The positive value of logKb indicates that an unprotonated

Fig. 3. Surface speciation and corresponding relative contributions of PMG adsorbed to goethite in 0.01 M NaNO3 as a function of pH, modeled using the parameters
of Table 1 for 0.6 g L-1 goethite (94 m2 g-1) systems having 0.67 mM (a, b) or 0.04 mM total PMG (c, d). Only B has a deprotonated amino, where it is protonated for
all other species. MH2 has an additional proton on the phosphonate (Fig. 1).
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amine is more favorable for the bidentate than for the monodentate. This
can be explained by B having an additional interaction of its -PO3 with
Fe, decreasing the proton affinity of the –NH group further in the chain.

We can explore this approach further by using our experimental
logKH value for B+ H+(aq) ↔ BH, log logKB/BH= 8.2 which we consider
the most reliable experimental protonation constant due to the preva-
lence of the bidentate species, as a reference. Using this reaction com-
bined with the reaction B + MH2 ↔ BH + MH with logKa = 3.1 as
calculated with MO/DFT/ωB97M-V, we can calculate logKMH/MH2 =

logKB/BH – log Ka = 5.1, corresponding with our experimental value.
Similarly, by combining the bidentate protonation constant with the
reaction BH + M ↔ B + MH, with logKb = 2.9, we find logKM/MH =

logKB/BH + log Kb = 11.1. This high proton affinity can explain the
absence of M in the surface speciation in our pH range.

A realistic assessment of absolute values for the Gibbs free energy of
protonation is notoriously difficult and requires more advanced ap-
proaches (Bursch et al., 2022; Malloum et al., 2021; Mardirossian and
Head-Gordon, 2017; Zhang et al., 2021). Using our experimental
logKB/BH as a reference is equivalent to using in the protonation re-
actions a Gibbs free energy of − 1119.6 kJ mol-1 for H+ (aq). This value is
equal to the mean (− 1119.6 ± 1.2 kJ mol-1) value derived with
high-level quantum chemical modeling (Ishikawa and Nakai, 2016;
Ridley et al., 2019). On the other hand, this theoretical value is at the
higher end compared to a broader collection of theoretical and experi-
mental values, typically being ~1100 ± 15 kJ mol-1 for H+(aq)
(Malloum et al., 2021). Despite this deviation in absolute energy, our
relative approach of thermochemical analysis seems to provide reliable
information due to error cancelation (Bursch et al., 2022) and the out-
comes strongly support our CD modeling of PMG adsorption.

3.5. Interfacial charge distribution and conformation of PMG surface
complexes

The charge distribution coefficients (Table 1), calculated from MO/
DFT optimized geometries (Δz0) and fitting (Δz1 & Δz2), describe the
charge allocation of the functional groups –PO3

2-, –NH2
+ and –COO- that

carry the charge. The CD coefficients thus provide insights into the
conformation of the surface complexes and the positioning of the func-
tional groups.

To reduce the number of adjustable parameters, a common value of
Δz2 was used for all considered surface species, assuming only the
deprotonated –COO- would contribute charge to the outer Stern layer.
Our model reveals that a significant amount of charge (Δz2 = − 0.74 ±

0.07 v.u.) is present at the outer Stern plane. This plane is located at
~0.7–0.8 nm distance from the goethite surface (Hiemstra and Van
Riemsdijk, 2006). According to MO/DFT geometry optimization, an
outstretched PMGmolecule has about the same length (~0.7 nm), which
suggests that the adsorbed molecule tends to stretch and move the
–COO- group away from the surface. An outstretched conformation is
supported by the absence of direct interactions between the amino or
carboxylate group and the surface as reported based on ATR-FTIR
spectroscopy (see Section 3.6).

The fitted value of the Δz2 charge is slightly less than the charge of
the –COO- group. Multiple factors may have caused this, such as the
precise orientation of the ligand, a redistribution of charge along the
chain, and/or H-bond formation between the –NH2

+ group and the
–COO-. Exploring the latter factor, themodel was refitted with a separate
Δz2 parameter for the B complex (Δz2,B), which has an unprotonated
–NH group. Within the uncertainty, no change in the fitted parameters
was found (Δz2,B = − 0.88 ± 0.61 v.u. and Δz2,BH,MH,MH2 = − 0.75±0.08
v.u.) and no improvement to the overall fit was observed.

3.6. IR spectroscopy

Our model results (Fig. 3) can be compared with the outcome of
spectroscopic studies, comprising ATR-FTIR (Barja and Afonso, 2005;

Orcelli et al., 2018; Sheals et al., 2002; Yan and Jing, 2018) and XPS
(Sheals et al., 2002), concerning the vibrational behavior of the –COO,
–NH, and –PO3 functional groups. To assist interpretation of the
experimental spectra, we calculated theoretical IR spectra using
MO/DFT. Yan and Jing (2018) used a similar approach, which we
extend and improve upon by including the non-protonated species B and
M, and using multiple functionals. A full discussion of the collected
theoretical spectra and interpretation of the experimental spectra from
literature is provided in the supporting information (SI Section S7), here,
we provide only the main conclusions.

The first observation concerns the –COO- group. In the ATR-FTIR
spectra of adsorbed PMG (Sheals et al., 2002; Yan and Jing, 2018), an
invariable vibrational band at 1400 cm-1 is found in the pH range 4–9,
appointed to symmetric -COO stretching. For PMG in solution, a band is
found at the same wavelength, which is absent at pH 1.5 i.e. when the
–COOH group is protonated, and where a vibrational band at 1750 cm-1

is present (Sheals et al., 2001; Yan and Jing, 2018). The consistent
presence of the 1400 cm-1 band and absence of a 1750 cm-1 band in the
experimental spectra of adsorbed PMG confirms the absence of pro-
tonation of the -COO-, fully aligning with our CDmodeling, which shows
this group remains deprotonated in the considered pH range and attri-
butes most of its negative charge to the outer Stern layer. Our MO/DFT
calculated spectra show a fairly consistent band at 1400 cm-1 for all
species, and no features around 1750 cm-1 (Figure S12).

MO/DFT calculations show that the asymmetric stretching of the
-COO- group is affected by the protonation state of the amino group
(Table S9). Dissolved PMG exhibits a complete transition of the corre-
sponding spectral band from 1610 cm-1 to 1570 cm-1 in the pH range
9–12 i.e. following the deprotonation of the –NH2 (Sheals et al., 2001;
Yan and Jing, 2018). Adsorbed PMG features a single band around
~1600 cm-1

, which splits into a ~1580 cm-1 and ~1630 cm-1 band at pH
~9 (Sheals et al., 2002; Yan and Jing, 2018) and simultaneously in-
tensifies, indicating a partial deprotonation of the -NH2. The deproto-
nation of -NH2 of adsorbed PMG is supported by our CD model, showing
a transformation from BH to B with increasing pH (Fig. 3). It is further
supported by X-ray photoelectron spectroscopy (XPS) data of Sheals
et al. (2002). This is in direct opposition to the conclusions of Yan and
Jing (2018), who did not consider surface complexes with a deproto-
nated amine, and assign the changes in the spectra at the transition of pH
9 to 8 to an unlikely protonation of the –PO3.

In the 900–1200 cm-1 region, the spectral bands are the results of
–PO3 stretching, with two fairly consistent major experimental bands
laying near ~1140–1120 cm-1 and ~985–975 cm-1 (Barja and Afonso,
2005; Orcelli et al., 2018; Sheals et al., 2002; Yan and Jing, 2018). The
two bands show a slight shift towards lower wavenumbers with
increasing pH (Barja and Afonso, 2005; Orcelli et al., 2018; Sheals et al.,
2002; Yan and Jing, 2018) and decreasing loading (Barja and Afonso,
2005; Sheals et al., 2002). According to our calculations (Figure S12),
the wavenumbers of both major peaks shift to lower wavenumbers
following the order MH2 > MH > BH > B.

In the low-frequency range of this region (~1000 cm-1), most
experimental spectra show a major peak around ~980 cm-1 with a
prominent shoulder around 1010–1020 cm-1 (Barja and Afonso, 2005;
Orcelli et al., 2018; Sheals et al., 2002; Yan and Jing, 2018). Our
calculated –PO3 stretching peaks in this range (Table S10) suggest that
the major peak can be assigned to BH, while the shoulder can be
assigned to MH. This is consistent with our modeled speciation where
we identify BH as the dominant species with MH being secondary in
most of the pH range (Fig. 3). With increasing pH, where BH partly
deprotonates to form B, as indicated by our model and the spectroscopic
observations concerning the amino group, no separate vibrational band
can be observed for this species, however, the major peak at ~980 cm-1

shows a shift towards lower wavelengths (Barja and Afonso, 2005;
Orcelli et al., 2018; Sheals et al., 2002; Yan and Jing, 2018). Corre-
sponding to our model, this potentially indicates that the major peak
comprises –PO3 vibrations of both B and BH surface complexes, with
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increasing contribution of B as pH increases.
The calculated frequencies in the high-frequency range (~1100 cm-1,

Table S11), independently of the chosen functional, are systematically
lower than found experimentally (Barja and Afonso, 2005; Orcelli et al.,
2018; Sheals et al., 2002; Yan and Jing, 2018), showing a limitation of
the applied approach. This prevents us from assigning the peaks abso-
lutely, but we can interpret the relative changes. Following the findings
from the low-frequency range which confirmed BH as the dominant
species, we can reasonably assign the most prominent band to BH,
potentially with a contribution of B. This allows us to use the relative
shift of the calculated frequencies to assign the remaining experimental
bands. When applying this strategy to the deconvoluted spectra of
Orcelli et al. (2018), the major band shifts from ~1450 cm-1 to ~1250
cm-1 with increasing pH, which could be interpreted as BH with
increasing contribution of B. A minor band around ~1165 cm-1 is found
throughout the pH range, thus potentially indicating the presence of the
MH species.

The discrepancy between the calculated and experimental fre-
quencies for the –PO3 stretching frequencies could be caused by several
reasons (see SI Section S7). We consider the most likely explanation that
the structuring of water molecules near the surface (Hiemstra and Van
Riemsdijk, 2006) could impact the vibrational frequencies of the ligands
near the surface, which is not accounted for in MO/DFT simulations.
This is motivated by the observation that the vibrational frequencies of
the functional groups further away from the surface (-NH and -COO)
show a very good correspondence between the experimental and theo-
retical wavelengths. Nevertheless, our approach utilizing the relative
changes in wavelengths provides support to the proposed surface
speciation.

Our model identified a MH2 species which cannot be confirmed by
spectroscopy as the contribution is low and, following our model, would
be absent in most of the conditions where the spectra are collected. The
spectra show no indication of the presence of the M species.

3.7. A unified model interpretation

With the insights obtained from modeling our dataset, we have
revisited the dataset of Jonsson et al. (2008), which can be well
described using our 4-species approach (Figure S13, Table S12,
r2=0.9996). Moreover, the obtained surface speciation is quite similar to
the speciation found for our goethite, with similar proton affinity con-
stants of the surface complexes (log KH,MH→MH2 = 6.0 ± 0.3 and log KH,

B→BH = 7.7 ± 0.1), and consistent with the spectroscopic analysis.
However, no common set of affinity constants can be obtained as the
charge development of the goethite of Jonsson et al. (2008) is signifi-
cantly higher, which is reflected in a higher value for the inner Stern
layer capacitance (C1=0.99 Fm-2) compared to our goethite (C1=0.84
Fm-2), which may be due to the presence of defects in the crystal
structure in the former (Martínez et al., 2023).

In our modeling of the data of Jonsson et al. (2008), the common
parameter for the charge attribution to the outer Stern layer (Δz2) was
similarly obtained by fitting. The value derived from this dataset was
− 0.98±0.03, slightly higher than the value of − 0.74±0.07 obtained for
our data set. Both datasets, however, support the presence of a signifi-
cant charge contribution of the –COO- group to the outer Stern plane.
This highlights the importance of having a complete and consistent
molecular understanding for extrapolating a SCM to other datasets.

4. Conclusions and implications

The current research is the first to give a consistent, mechanistic,
quantitative and generic view on glyphosate binding to goethite over a
wide range of environmental conditions, interpreted with a state-of-the-
art surface complexation model constrained by quantum chemical cal-
culations. The molecular interpretation of the model aligns well with
thermochemical DFT calculations, independent spectroscopic

observations from literature and previous studies of glyphosate
adsorption on goethite. The effect of pH and surface loading are well
predicted by our model and indicate a correct distinction between the
intrinsic affinity of the surface species and the electrostatic interactions.
The complete and consistent speciation with a realistic description of the
electrostatic effect of our model enables multicomponent predictive
modeling in other environmental conditions at varying glyphosate
concentrations, pH, ionic strength and competitors.

Since iron (hydr)oxides control the availability, mobility, and
degradation of glyphosate in aquatic and terrestrial systems, our
developed model contributes to a generic and quantitative interpreta-
tion of the fate of glyphosate in the natural environment. This mono-
component, single-surface model is an important first step toward a
multi-component, multi-surface model that predicts glyphosate
adsorption in complex, water-metal (hydr)oxide systems such as soils,
sediments, and water bodies. It also provides a useful tool for optimizing
PMG removal in wastewater treatment with varying compositions. The
proposed model is a starting point in further investigation of glyphosate
binding to other materials, such as ferrihydrite andmagnetite, and in the
presence of ubiquitous compounds that could impact glyphosate
adsorption by co-adsorption (e.g. Ca and Mg) or competition (e.g.
phosphate and natural organic matter).
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