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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• The VSD+ model well reconstructed soil 
acidification history at county level. 

• Bicarbonate leaching was an important 
driver of acidity production in paddy 
soils. 

• Nitrogen transformations mainly drove 
acidity production in upland soils. 

• Reducing bicarbonate leaching is key to 
mitigate soil acidification in paddy soils. 

• Balancing nitrogen input is key to miti-
gate soil acidification in upland soils.  
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A B S T R A C T   

Elevated nitrogen (N) fertilization has largely increased crop production in China, but also increased acidification 
risks, thereby threatening crop yields. However, natural soil acidification due to bicarbonate (HCO3) leaching 
and base cation (BC) removal by crop harvest also affect soil acidity whereas the input of HCO3 and BC via 
fertilizers and manure counteract soil acidification. Insights in rates and drivers of soil acidification in different 
land use types is too limited to support crop- and site-specific mitigation strategies. In this study, we assessed the 
historical changes in cropland acidification rates and their drivers for the period 1985–2019 at 151 sites in a 
typical Chinese county with the combined nutrient and soil acidification model VSD+. VSD+ could well 
reproduce long-term changes in pH and in the BC concentrations of calcium, magnesium and potassium between 
1985 and 2019 in non-calcareous soils. In paddy soils, the acidity production rate decreased from 1985 onwards, 
mainly driven by a pH-induced reduction in HCO3 leaching and N transformations. In upland soils, however, 
acidity production was mainly driven by N transformations and hardly changed over time. Crop BC removal by 
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harvesting played a minor role in both paddy and upland soils, but its relative importance increased in paddy 
soils. The acidity input was partly neutralized by HCO3 input from fertilizers and manure, which decreased over 
time due to a change from ammonia bicarbonate to urea. Soil buffering by both BC and aluminium release 
decreased in paddy soils due to a reduction in net acidity production, while it stayed relatively constant in upland 
soils. We conclude that acidification management in paddy soils requires a focus on avoiding high HCO3 leaching 
whereas the management in upland soils should focus on balancing N with recycling organic manure and crop 
residues.   

1. Introduction 

Healthy soils are critical for global food production and human well- 
being (Wall and Six, 2015). However, 33 % of land is moderately to 
highly degraded globally, and soil acidification is one of the most 
important threats to soil's function to support crop production, ranking 
fourth in the global soil degradation processes (FAO and ITPS, 2015). 
Soil acidification is generally associated with various conditions 
restricting crop growth such as deficiency of the base cation (BC), cal-
cium (Ca), magnesium (Mg), and potassium (K), and toxicity induced by 
aluminium (Al) and manganese (Mn) release (Hue et al., 2001; Zhou, 
2015). Furthermore, soil acidification enhances cadmium (Cd) bio-
accumulation in crops and animals, negatively affecting food quality 
and human health (De Vries and McLaughlin, 2013; Song et al., 2017). 

Causes of soil acidification can be categorised into the following 
aspects (Rowell and Wild, 1985): (1) natural soil acidification due to 
leaching of bicarbonate (HCO3) and organic anions (RCOO); (2) 
anthropogenic soil acidification due to acidic atmospheric deposition, 
application of acidifying fertilizers and removal of vegetation. The 
dissolution of carbonic acid and organic acid releases a proton (H+) 
exchanging with BC, which is then leached to the subsoil together with 
HCO3 and RCOO by excess precipitation. This natural release of protons 
is the main contributor to soil acidification in natural forest and grass-
land soils, especially in humid forested ecosystems (Fujii et al., 2008; Yu, 
1988). However, this release of HCO3 has minor acidifying effects when 
the pH is lower than 5.6 but greatly acidifies soils when pH values 
exceed 6.5, in particular when the soils are characterised by i) high soil 
organic carbon contents, ii) high CO2 pressure in soil solutions or iii) 
when the annual precipitation exceeds the mean potential evapotrans-
piration leading to a large precipitation surplus (Reuss et al., 1987; 
Slessarev et al., 2016). 

Soil acidification is a naturally slow process (Jiang et al., 2011), 
which has been greatly accelerated by human activities and their im-
pacts, such as acidic atmospheric deposition, inputs of nitrogen fertil-
izers and nutrient removal by harvested crops. Human-induced 
emissions of acidifying compounds such as sulphur dioxide (SO2) and 
nitrogen oxides (NOx) greatly increased due to rapid industrial devel-
opment. Consequently, acidic deposition has become a serious global 
environmental problem, elevating the acidity of precipitation and 
acidifying soils and lakes in Europe and North America (Van Breemen 
et al., 1984). In agricultural systems, the application of ammonium- 
based fertilizers strongly acidifies soils due to the H+ release from 
nitrification, and the leaching of excess nitrogen (as nitrate) together 
with BC leaching causes a decline in the capacity of soils to buffer 
acidification. It was observed in the Park Grass Experiment at Roth-
amsted that ammonium sulphate application caused a rapid decrease in 
pH, starting in the surface soil but occurring throughout the profile to at 
least 1 m depth (Goulding, 2016; Johnston et al., 1986). Crops release 
H+ to soil solution when absorbing cations more than anions to maintain 
the inherent charge balance and vice versa. For grain legumes, crop- 
induced acidity varied from 46 to 177 cmol kg− 1, while the acidity 
production of cereal crops varied from 25 to 76 cmol kg− 1 (Tang and 
Rengel, 2003). 

Elevated nitrogen (N) fertilization has largely increased food pro-
duction but has also caused significant soil acidification in Chinese 
croplands (Guo et al., 2010). A recent study reveals that the proportion 

of acidic croplands (pH < 6.5) increased from 36 % to 43 % during 
1980s–2010s (Zuo et al., 2023). Even if the increase in N fertilizer use 
stops, soil acidification will lead to a crop yield decline of 16 % in 2050 
(Zhu et al., 2018b; Zhu et al., 2020). Zhu et al. (2018a) revealed that the 
increase in N transformations and crop removal were the most important 
factors causing soil acidification. However, their study was carried out at 
the provincial level without field observations to validate it. Moreover, 
various other studies showed that different land use types have variable 
soil acidification rates, suggesting that the main drivers of acidification 
vary per cropland system. For example, Dong et al. (2022) found that 
upland and orchards acidified much faster than paddy fields in Southern 
China. Understanding the historical rates and drivers of soil acidification 
rates in different cropland systems is key to supporting crop- and site- 
specific decisions on mitigation strategies. 

To increase our understanding of acidification drivers of Chinese 
croplands, we assessed the historical changes in cropland acidification in 
a typical Chinese county over the period 1985–2019 using the adapted 
VSD+ model (Bonten et al., 2016; Zeng et al., 2017) and insights coming 
from systematic soil sampling networks, farm surveys and literature. We 
first reconstructed the acidification history of croplands at the county 
level, after which we assessed the changes in drivers of soil acidification 
in paddy and upland soils over 30 years. 

2. Methods 

2.1. Site description 

The study was carried out in Qiyang, a typical agricultural county of 
Hunan Province, China (26◦02′N–26◦51′N, 110◦35′E–112◦14′E, see 
Fig. S1). Qiyang has a typical mild and humid subtropical climate with 
an annual average temperature of 18.5 ◦C and an annual average pre-
cipitation of 1349 mm, unevenly distributed among seasons, over the 
period 1981–2010 (China Meteorological Data Service Center). The 
average cropland area during the period 1985–2019 was about 53 
thousand hectares, with paddy (rice) as the dominant crop (90 % of the 
area) and upland crops being cultivated in the remaining area (Fig. S2a). 
Since 1985, fertilizer use increased by 50 to 100 %, despite small 
changes in cropland area (Fig. S2b). Intensive cultivation caused a 
decline in topsoil pH since the 1980s, mostly due to the overuse of N 
fertilizers (Zhou, 2017). 

The soil sampling compaign and farmer surveys covered paddy rice 
(56 sites, with single or double cultivation per year), citrus (38 sites) and 
upland crops (57 sites, including maize, soybean, peanut, sweet potato, 
rapeseed, sesame, watermelon, tea and vegetable, as well as some 
rotation systems between them, e.g., maize-sweet potato or peanut- 
rapeseed system). These crops comprise over 90 % of the total sown 
area according to the Qiyang Statistical Yearbook (hereinafter referred 
to as Yearbook). The Yearbooks also cover the annual amount of N, 
phosphorus (P), K and compounded fertilizers applied, crop yields, 
population, animal numbers (incl. pigs, cattle, sheep and poultry) and 
cultivated area per crop at the county level. All data sources with their 
units and spatial resolution are summarised in Table 1. Details of the 
data pre-processing and derivation of site-specific nutrient fluxes are 
described below. 
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2.2. Modeling soil acidification 

2.2.1. Model description 
The VSD+ model (Bonten et al., 2016), is an extension of the VSD 

model (Posch and Reinds, 2009), which simulates soil acidification 
processes in a single-soil layer. It includes a set of mass balance and 
equilibrium equations to simulate changes in soil (solution) chemistry, 
including changes in soil base saturation (BS) and pH, following inputs 
of N, P, K, Ca, Mg, sulphur (S), sodium (Na), chloride (Cl) and HCO3 by 
(in)organic fertilizers, N fixation and deposition, net uptake by plants, 
and soil biological and chemical processes controlling the availability 
and solubility of the nutrients. Net nutrient uptake is derived from 
annual crop yields multiplied by the elemental contents of harvested 
biomass. N uptake is divided over ammonium (NH4) and nitrate (NO3) 
assuming preferential uptake of NH4. The applied fertilizer is assumed to 
dissolve within a year, implying that the nutrients are available as ionic 
species. Wet and dry deposition from the atmosphere, weathering and 
uptake rates are given as annual fluxes. The concentration of HCO3 is 
based on an equilibrium with the carbon dioxide (CO2) pressure in the 
soil solution. 

Table 1 
Data sources used to assess VSD+ model inputs for the investigated 151 cropland 
sampling sites at a resolution of 2.7 × 2.7 km combined with county data from 
the Yearbooks in Qiyang.  

Input data Unita Data source Spatial resolutionb 

Climate, irrigation and soil properties 
Precipitation mm 

yr− 1 
Climate Research 
Unit (CRU) dataset 

Downscaling from 
county to 2.7 km × 2.7 
km 

Sunshine hours hr yr− 1 CRU dataset Downscaling from 
county to 2.7 km × 2.7 
km 

Air temperature ◦C CRU dataset Downscaling from 
county to 2.7 km × 2.7 
km 

Irrigation of paddy mm 
yr− 1 

He et al. (2020) Downscaling from 
nation to 2.7 km × 2.7 
km 

Bulk density kg m− 3 Harmonized World 
Soil Data (HWSD) 
dataset 

Upscaling from 1 km ×
1 km to 2.7 km × 2.7 
km 

Clay content % HWSD dataset Upscaling from 1 km ×
1 km to 2.7 km × 2.7 
km 

Sand content % HWSD dataset Upscaling from 1 km ×
1 km to 2.7 km × 2.7 
km 

Initial C:N ratio in 
soil 

g g− 1 World Soil Grid Upscaling from 1 km ×
1 km to 2.7 km × 2.7 
km 

Soil thickness m Soil sampling data in 
2014 and 2019 

2.7 km × 2.7 km 

Soil organic carbon 
content 

g kg− 1 Soil sampling data in 
2014 and 2019 

2.7 km × 2.7 km 

Soil cation exchange 
capacity 

meq 
kg− 1 

Soil sampling data in 
2014 and 2019 

2.7 km × 2.7 km 

Soil base saturation % Soil sampling data in 
2014 and 2019 

2.7 km × 2.7 km 

Soil pH – Soil sampling data in 
2014 and 2019 

2.7 km × 2.7 km 

Soil CaCO3 content % Soil sampling data in 
2019 

2.7 km × 2.7 km 

Soil weathering 
rates of base 
cations 

keq 
ha− 1 

yr− 1 

Model calibration  

Partial CO2 pressure 
in the soil solution 

mbar Model calibration   

Nutrient input and outputs 
Atmospheric 

deposition 
kg ha− 1 Literature review 

(see main text) 
Downscaling from 
region to 2.7 km × 2.7 
km 

N, P, K mineral 
fertilizer input    
- Total amount of 
input 

kg 
ha− 1 

yr− 1 

Yearbooks 
(1985–2019); farmer 
surveys (2014)c 

2.7 km × 2.7 km, 
annual changes 
downscaled from 
county 

- Fertilizer type 
and composition  

Yearbooks 
(1985–2019); farmer 
surveys (2014)c 

2.7 km × 2.7 km, 
annual changes 
downscaled from 
county 

Organic manure 
input    
- Application 
amount 

kg 
ha− 1 

yr− 1 

Yearbooks 
(1985–2019); farmer 
surveys (2014)c 

2.7 km × 2.7 km, 
annual changes 
downscaled from 
county 

- Nutrient content 
in manure 

% Literature review 
(see Table S5) 

Downscaling from 
nation to 2.7 km × 2.7 
km 

Biological N fixation 
rates 

kg 
ha− 1 

yr− 1 

Giller (2001);  
Herridge et al. (2008) 

Downscaling from 
nation to 2.7 km × 2.7 
km 

Cumulative NH3 

emission from 
fertilizer 

kg 
ha− 1 

yr− 1 

Wang et al. (2021) Downscaling from 
nation to 2.7 km × 2.7 
km  

Table 1 (continued ) 

Input data Unita Data source Spatial resolutionb 

Nutrient crop 
uptake    
- Crop yields t ha− 1 Yearbooks 

(1985–2019); farmer 
surveys (2014)c 

2.7 km × 2.7 km, 
annual changes 
downscaled from 
county 

- Straw: grain 
ratio 

g g− 1 Literature review 
(see Table S7) 

Downscaling from 
nation to 2.7 km × 2.7 
km 

- Straw returning 
rates 

% Farmer surveys 
(2014) 

2.7 km × 2.7 km, 
assuming constant in 
2014–2019 

- Element 
contents in 
harvest and 
residue 

% Literature review 
(see Table S7) 

Downscaling from 
nation to 2.7 km × 2.7 
km  

Regional assessment 
Arable area for 

paddy, citrus and 
upland crops 

ha Yearbooks 
(1985–2019) 

County data, assuming 
constant after 2020 

Total N, P and K 
input from 
mineral fertilizer 

t Yearbooks 
(1985–2019) 

County data 

Potential nutrients 
from organic 
manure    
- Human and 
animal population 

unit Yearbooks 
(1985–2019) 

County data, assuming 
constant after 2020 

- Excretion rate kg yr− 1 

unit− 1  
Downscaling from 
nation to county level 

- Nutrient content 
in excretion 

%  Downscaling from 
nation to county level 

Actual nutrient 
inputs from 
organic manure 

t ha− 1 Yearbook (2014) and 
farmer surveys 
(2014) 

Upscaling from the site 
level (see Eq. (6)) 

Recycling ratio of 
potential organic 
manure 

% Yearbook (2014) and 
farmer surveys 
(2014) 

Upscaling from sites, 
assuming constant in 
2014–2019  

a Element input/output was converted from mass fluxes (kg⋅ha− 1⋅yr− 1) to 
charge-equilibrium fluxes (eq⋅m− 2⋅yr− 1) as model input by dividing the mass 
fluxes by 140, 310, 390, 230 and 355 for the monovalent ion N (NH4

+ and NO3
− ), 

P (H2PO4
− ), K+, Na+ and Cl− , respectively, and 160, 200 and 120 for divalent ion 

S (SO4
2− ), Ca2+ and Mg2+, respectively. 

b The national and regional data were downscaled to the survey level (2.7 km 
× 2.7 km). 

c The farmer survey data were used to assess the input in the year 2014, while 
the Yearbook data for 1985–2019 were used to scale that input to other years 
(see, e.g., Eq. (4) for the mineral fertilizer input). 
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The release of N from the soil organic N pool is calculated from the 
turnover of the soil carbon pool using the RothC model equations and 
fixed C:N ratios for five carbon pools varying in decomposability 
(Coleman and Jenkinson, 1996). Nitrification and denitrification are 
modelled as first-order rate processes, being affected by temperature 
and soil moisture. The reduction functions for mineralization (rf_miR), 
nitrification (rf_nit) and denitrification (rf_denit) of N, due to tempera-
ture and/or soil moisture, were computed with the MetHyd model, a 
simple capacity-based soil water balance model (Bonten et al., 2016). 
Soil buffering processes include weathering, cation exchange (Gaines- 
Thomas or Gapon equations) and dissolution of Al hydroxides according 
to a gibbsite equilibrium. In this study, cation exchange was modelled 
using the Gapon equation, in which Ca, Mg and K are summed as BC, 
thereby neglecting the interaction between Na and the adsorption 
complex. Leaching fluxes are derived by multiplying water fluxes with 
dissolved element concentrations. Water fluxes at the bottom of the 
plough layer (20 cm) were calculated using MetHyd. MetHyd requires 
daily or monthly data of precipitation, average air temperature, and 
sunshine hours as input variables, whereas the bulk density, soil organic 
carbon content (SOC) and texture are used to derive the water-holding 
capacity of the soil. MetHyd computes daily evapotranspiration and 
percolation, which were aggregated to annual values for use in VSD+. 
The latest version of the equations of VSD+ with a description of the 
model parameters can be found in Xu et al. (2023). In addition to 
nutrient inputs and uptake, VSD+ requires information on soil proper-
ties including the cation exchange capacity (CEC) and base saturation, 
the CO2 pressure and the concentration of organic C and N. 

2.2.2. Model application 
The VSD+ model was applied to a total of 151 cropland sites in 

Qiyang County using data on soil properties and on nutrient inputs and 
uptake based on a grid-based soil sampling campaign (2.7 km × 2.7 km) 
and farmer surveys done in 2014. The soil properties included soil pH, 
soil organic matter content (SOM), CEC (buffered at pH 7) and BS. The 
farmer surveys were done to retrieve information on agricultural man-
agement and included the field size, cultivation period, fertilization 
(dose, type), crop yield and straw management (being incorporated or 
not) for different sites. In 2019, 102 sites were resampled for which the 
crop cultivation remained constant during 2014–2019. At these sites, 
the pH, BS, calcium carbonate (CaCO3) content, SOM and CEC were 
measured. 

The VSD+ model was initialized in 1985 and the pH changes were 
simulated for 151 sites up to 2019, using observations of pH changes in 
69 non-calcareous soils between 2014 and 2019 as a plausibility check. 
Changes in soil pH of calcareous soils are negligible due to the high 
buffering capacity of those soils (Zhu et al., 2018b). 

2.2.3. Model calibration and evaluation 
Changes in soil pH and BS are mainly affected by the (i) maximum 

nitrification (knit) and denitrification (kdenit) rate constants, which 
strongly influence the acidity production by N transformations, (ii) the 
selectivity constants for H/BC exchange (KHBC), Al/BC exchange 
(KAlBC) and Al hydroxide dissolution (KAlox), which mainly determine 
the acid buffering rate, (iii) the partial CO2 pressure in the soil solution 
affecting HCO3 leaching (Xu et al., 2022), and (iv) the BC weathering 
rates in soil. These constants were initialized based on a plausible range 
in literature (De Vries and Posch, 2003; Duan et al., 2015; Reinds et al., 
2008; Reinds and de Vries, 2010) and further calibrated to minimize the 
differences between simulated and observed pH and BS values (in 2014 
and 2019) measured in the non-calcareous soils using both the 
Normalized Mean Absolute Error (NMAE) and the Normalized Root 
Mean Square Error (NRMSE) according to Janssen and Heuberger 
(1995). Prior distributions of the parameters before calibration are 
shown in Table S1. 

The ranges in maximum nitrification (knit) and denitrification 
(kdenit) rate constants in VSD+, which are based on data for NH4:NO3 

concentrations in forest soils in response to N deposition, were adapted 
for croplands based on literature data. We assumed that 30 % of the total 
N inputs from fertilizer and manure were denitrified in paddy soils, 5 % 
higher than the averaged emission in upland soils (Ding et al., 2020; Gu 
et al., 2015). This was achieved by modifying the maximal denitrifica-
tion rate (kdenit) to 8.0 (yr− 1) for paddy soils while keeping the default 
value of 4.0 (yr− 1) in VSD+ for upland soils. The default range of knit 
from 0.1 to 4.0 (yr− 1) in VSD+ was adapted to 0.45–4.0 in upland soils 
and from 0.1 to 0.4 in paddy soils, considering that the ratio of NH4:NO3 
concentrations in soil solution is at a maximum of 1.0 in upland soils 
(Cai et al., 2014) and on average 2:1 in paddy soils (Sahrawat, 1982). 

Both calibration and simulation were done for paddy rice and upland 
crops separately considering the differences in irrigation rate and partial 
CO2 pressure in the soil solution while accounting for soil texture class 
(distinguishing three categories: sand, moderate clay and heavy clay 
soils). Soil weathering rates of BC were assumed to vary between 0.5 and 
2.0 keq ha− 1 yr− 1 for all soil types (Duan et al., 2015). CO2 pressure 
varied from 5 to 25 mbar for upland soils (De Vries and Breeuwsma, 
1986) and from 25 to 50 mbar for paddy soils (Greenway et al., 2006). 

2.2.4. Acidity budget calculations 
We calculated the acidity budgets for all sites to identify the key 

processes contributing to soil acidification by aggregating the various 
H+ production and consumption processes (De Vries and Breeuwsma, 
1987; De Vries et al., 1989) by procedures outlined in Zeng et al. (2017) 
and Xu et al. (2023). The total H+ production (Hpro) was calculated as 
the sum of N transformations, net HCO3 leaching, crop removal of BC, 
sulphate ion (SO4), dihydrogen phosphate (H2PO4) and Cl and the net 
H+ input, neglecting the difference between the input and output of 
RCOO being minor in croplands (Xu et al., 2023): 

Hpro = (NH4 in − NH4out +NO3out − NO3 in)+ (HCO3out − HCO3 in)+
(
BCupt

− SO4upt − H2PO4upt − Clupt
)
+(Hin − Hout)

(1)  

where Xin is the input of element X (e.g., NH4, NO3, HCO3, RCOO and H) 
from atmospheric deposition and fertilization, Xupt represents the 
element uptake by the crop and Xout represents the amount leached out 
of the soil, determined by VSD+. Note that H+ consumption occurs when 
HCO3 in is higher than HCO3out which happens when alkaline elements (i. 
e., atmospheric deposition, fertilizers, lime) are added in excess of acid 
anions. There is proton consumption when Hin is less than Hout , which 
can happen when soil pH is lower than the pH of rainfall. Note that we 
neglected Hin in mineral fertilizers and manure, considering their high 
pH. 

The element output of bicarbonate (HCO3out) was derived by the 
VSD+ model while HCO3 in was calculated based on the charge balance 
principle: 

HCO3 in = Hin +NH4 in +BCin +Alin − SO4 in − H2PO4 in − Clin − NO3 in (2) 

We assessed HCO3out and HCO3 in separately to quantify the effects of 
natural acidification and the mitigation effects of alkaline element 
inputs. 

Total H+ consumption including SO4 and H2PO4 adsorption, as well 
as BC and Al release was calculated according to: 

Hcon =
(
SO4 in − SO4upt − SO4out

)
+
(
H2PO4 in − H2PO4upt − H2PO4out

)

+
(
BCupt +BCout − BCin

)
+(Alout − Alin)

(3) 

Note that BC input includes both external inputs (e.g., fertilizers, 
manure, deposition) and soil BC weathering. 

2.3. Data collection 

2.3.1. Trends in nutrient inputs from mineral fertilizers 
The annual nutrient input from mineral fertilizers between 1985 and 
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2019 at each cropland site was calculated using 1) the survey data on 
fertilization rates and fertilizer type in 2014; 2) the Yearbook data on 
total fertilization rate of N, P and K as well as the total sown area of 
surveyed crops of the whole county and 3) historical fertilizer type 
changes estimated from the literature. 

Firstly, we checked the plausibility of the survey data based on the 
Yearbook records in 2014 (Table S2). Overall, the estimated total N 
inputs based on the farmer surveys were comparable with the Yearbook 
records in 2014. However, total P and K input showed high variations, 
most likely due to the overuse of P and K in surveyed sites for double rice 
and vegetables given the much smaller surveyed area compared to the 
county-sown area. 

Secondly, considering the historical changes in total N, P and K in-
puts (Fig. S2b), we estimated historical changes in N, P and K input from 
mineral fertilizers per crop in the various years (1985–2019) based on 
the survey data and Yearbook records on total fertilizer consumption 
and sown area in the whole county according to: 

HFICi,j,k = SFICj,k ×
CFIi ×

∑(
SFICj × A2014,j

)

CFI2014 ×
∑(

SFICj × Ai,j
) (4)  

where i, j and k are the year, crop and nutrient (N, P or K), respectively. 
SFIC was the surveyed average fertilizer input rate per crop per hectare 
(kg ha− 1) in 2014, A was the sowing area of the crop recorded in 
Yearbook (ha), CFI was the county fertilizer input recorded in Yearbook 
(kg), and HFIC was the historical annually-applied fertilizer input rate 
per crop (kg ha− 1) considering the changes in both total fertilizer con-
sumption and sown area during 1985–2019. 

Thirdly, we also considered changes in N and P fertilizer types 
(Fig. S3). According to the farmer surveys, the main fertilizer types were 
urea and ammonium bicarbonate (NH4HCO3) for N, single superphos-
phate (Ca(H2PO4)2) for P, potassium chloride (KCl) for K and N-P-K 
compound fertilizers (Xu et al., 2022). We then assumed that all applied 
compound fertilizers were a mixture of urea, ammonium phosphate 
(NH4H2PO4) and potassium chloride (KCl). As a result, 87 % of N inputs 
were from urea (assuming 50 % NH4 and 50 % NO3, see Zeng et al. 
(2017)), 4.1 % from NH4HCO3 and 8.8 % from NH4H2PO4. For P inputs, 
72 % of them are accompanied with NH4 and 28 % with Ca. All K was 
assumed from KCl. These results were quite comparable with the use of 
fertilizers in China summarised by Zhu et al. (2018a). We then assumed 
the proportion of N and P fertilizers equal to those at the national level in 
1985 where 45 % of N was applied as urea and 55 % as NH4HCO3. 
Similarly, 78 % of P was applied as Ca(H2PO4)2 and 22 % as fused 
magnesium phosphate (FMP). These ratios linearly changed until 2014 
indicated by survey results and kept constant after then. As a result, 
estimated changes in the amount of N fertilizers well fitted historical 
records by the Yearbooks during 1991–2002 (Fig. S3). The ratios from 
1985 to 2019 were then applied to all survey sites to reflect historical 
fertilizer type changes. 

2.3.2. Trends in carbon and nutrient inputs from organic manure 
Carbon and nutrient (i.e., N, P, K, Ca, Mg, Na, S and Cl) inputs by 

organic manure at each cropland site in 2014 were calculated by 
multiplying the manure application rates based on farmer surveys data 
with element concentrations in the manure according to National Agro- 
tech Extension & Service Center (NATESC) records of organic nutrients 
in China (NATESC,1999). Historical nutrient inputs from organic 
manure were estimated based on 1) current nutrient inputs from organic 
manure estimated from the survey data per site in 2014, 2) potential 
nutrients from organic manure estimated by the Yearbook data on total 
human and animal population (Fig. S4a) and 3) changes in recycling 
ratio of nutrients from organic manure from the literature. 

Unlike mineral fertilizers, organic manure was not applied per crop 
but per site annually even though there were multiple crops rotated 
within one year. Therefore, we firstly calculated the nutrient inputs from 
organic manure per site (SMNI) with one or multiple crop types by 

multiplying the surveyed manure inputs (SMI, t ha− 1) by the nutrient 
content: 

SMNIX =
∑

m

(
SMIm × [X]m

)
(5)  

where m is the manure type (e.g., pig manure, poultry manure etc., 
which was only regarded as faeces), [X] is the concentration of nutrient 
X (N, P, K etc.) in organic manure. We assumed all carbon and 35 % of 
the total N input from manure was input directly to the soil pool (the 
part that did not mineralize during the year of application), as inputs for 
the RothC model (Xu et al., 2023). The carbon input was determined 
based on N input and C:N ratio of manure. We assumed the average C:N 
ratio for animal manure was 15 according to Liu et al. (2023). The mean 
values are based on 87 publications in which at least 30 % of the data 
came from China; the C:N ratio for human manure was 25, being the 
average value of the treated human excretion according to Kelova et al. 
(2021). 

The site-specific nutrient inputs from organic manure were summed 
up after categorizing into three crop groups: paddy rice, citrus and up-
land crops (including maize, sweet potato etc.), the total area of which in 
the county was also given by Yearbooks. Total inputs of nutrients from 
organic manure for each crop group (CMNI) were calculated by sum-
ming the nutrient inputs from all sites (SMNIX) under the same crop 
group. At the county level, actual nutrient inputs from organic manure 
(AMNI) were estimated by multiplying CMNI, with the ratio of the total 
area and the surveyed area of each crop group (l) in the region: 

AMNIX =
∑

l

(

CMNIX,l ×
TAl

SAl

)

(6)  

where TA and SA are the total area at the county level and corre-
spondingly surveyed area (ha), respectively, of the crop group. These 
evaluations were carried out by separating calcareous and non- 
calcareous soils (see Section 2.3.6 Soil properties), excluding 4 
extremely large farms, to upscale results to the county level (results of 
CMNI in Table S3 and details in Text S1). 

Trends in carbon and nutrient inputs from organic manure over the 
period 1985–2019 were derived by calculating the potential amount for 
each year multiplied by historic recycling ratios of organic manure in 
Qiyang County. Lastly, we assumed the historical nutrient inputs from 
organic manure per site during 1985–2019 based on the surveyed 
nutrient inputs in 2014, potential nutrients from organic manure and the 
recycling ratio of nutrients (recy_ratio) during 1985–2019: 

HMNIX,i = SMNIX ×

(
PAMNX,i + PHMNX,i

)
× recy ratioX,i

AMNIX
(7)  

where X is the nutrient, i is the year, HMNI is the historical nutrient input 
rate from organic manure per site, SNMI is the surveyed manure inputs 
in 2014, PAMN is the potential animal manure nutrient input at the 
county level and recy_ratio is the recycling ratio of nutrients at the county 
level. 

We assessed potential nutrient inputs from organic manure at the 
county level considering available human waste and animal manure 
while distinguishing between the solid part (faeces) and liquid part 
(urine) of human excreta, pig manure, sheep manure, poultry manure 
and cattle manure. Available animal manure amounts were estimated 
based on the number of livestock in the region and the breeding days per 
cycle, together with the amount of urine and faeces produced per ani-
mal. Potential animal manure nutrient inputs (PAMN) including (N, P, 
K, Ca, Mg, S, Na and Cl) were thus calculated as: 

PAMNX =
∑

j

[
Lj × Tj ×

(
[X]AU,j ×AURj + [X]AF,j ×AFRj

)
×
(
1 − fX,j

) ]

(8)  

where X is the nutrient type (N, P, K, Ca, Mg, S, Na and Cl), j is animal 
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type (e.g., pig, sheep, poultry, beef cattle and dairy/farm cattle); L and T 
are the number of livestock and the breeding days per cycle; AUR and 
AFR denote the animal urination rate (liquid manure) and defecation 
rate (solid manure) per day, respectively, and [X]AU and [X]AF are the 
nutrient X concentrations in animal urine and faeces, respectively; f is 
the nutrient loss fraction during composting. Breeding cycles and 
dejection rates of different animals and the element concentrations of 
urine and faeces were derived from the literature given in Tables S4 and 
S5, respectively. The nutrient loss fraction for N (fN,j) in Eq. (8) was set at 
0.2 and 0 for other nutrients according to Bai et al. (2016). 

The nutrient inputs from human manure (XHM) were calculated as: 

PHMNX = P×
(
[X]HU ×HUR+ [X]HF ×HDR

)
×
(
1 − fX,h

)
(9)  

where P denotes the human population, HUR and HDR denote the 
human urination rate (liquid manure) and defecation rate (solid 
manure) per year; [X]HU and [X]HF denote the nutrient X (N, P, K, Ca, Mg, 
S, Na and Cl) concentrations in human urine and faeces, respectively, f is 
the nutrient loss fraction during composting. In this study, the human 
population and livestock amount were derived from the Yearbook. We 
assumed that human urination and defecation rates were 550 kg and 51 
kg per year, respectively, based on Jönsson et al. (2004). As with animal 
manure, the nutrient loss fraction for N (fN,h) in Eq. (9) was set at 0.2 for 
N and 0 for other nutrients. 

The recycling ratio of nutrients from organic manure in Qiyang 
County for the year 2014 was calculated as the ratio of the actual 
amount of nutrients applied in that year, based on the farmer surveys by 
dividing actual nutrient inputs from organic manure(AMNIX) by the 
potential nutrient inputs from organic manure (PAMNX + PHMNX) in 
2014. Actual applied amounts of nutrients from organic manure on 
different crops thus derived were 2280 t N, 902 t P and 1752 t K, rep-
resenting 24 % of N, 34 % of P and 33 % of K in the total human and 
animal nutrient excretion in Qiyang County (Table S6). These ratios are 
in plausible ranges considering that 72 % of N, 50 % of P and 48 % of K 
in manure excretion were lost by housing, storage and treatment losses, 
as well as discharge (assuming minor grazing losses) in China according 
to Bai et al. (2016). The historic manure recycling ratios over the period 
1985–2014 were based on an assumed decline rate of approximately 0.3 
% per year reported by Li et al. (2013). Using a recycling ratio for 2014 
of 30 % (mean of N, P and K) led to a recycling ratio of 41 % in 1985 
which declined to 30 % in 2014, while it was kept constant at 30 % for 
the period 2014–2019. Over the past 34 years, the amount of potential 
nutrients from organic manure constantly increased while the recycling 
ratio decreased (Fig. S4c). 

2.3.3. Carbon inputs from crop straw and roots 
The annual C input (t ha− 1) by crop straw and crop root input was 

calculated according to Zhao et al. (2018), by: 

Cinput = Yield × (1 − WC) × SGratio × (RSratio + RR) × 0.45 (10)  

where Yield is the crop yield (t ha− 1), WC is water content as a fraction of 
the crop (ranging from 0 to 1), SGratio and RSratio is the straw:grain and 
root:straw ratio of the crop, respectively, RR is the returning ratio of 
crop straw, and 0.45 is the conversion factor used to convert crop 
biomass to carbon content (Fang et al., 2007). WC, GSratio and RSratio of 
different crops are given in Table S7. 

2.3.4. Atmospheric deposition, N fixation and ammonia emissions 
Historical atmospheric deposition onto Qiyang County during 

1985–2019 was based on data from the Qiyang long-term experiment 
site (1990–2018) in a previous study (Xu et al., 2023), neglecting its 
spatial variations across Qiyang County. The depositions for 1985–1989 
were assumed equal to those in 1990. 

The N fixation rates depend on the crop types. For oilseed legumes 
(soybean and peanut), N fixation was estimated based on the dry weight 
of grain yield (DWg, kg ha− 1) according to Herridge et al. (2008): 

Nfix =
DWg

indg
×N%× indc ×Nda (11)  

where indg is the grain dry matter as a proportion of total above-ground 
dry matter (set at 40 %); N% is the average N content of total above- 
ground parts, which is 3.0 % for soybean and 2.3 % for peanut; indc is 
a multiplier to account for below-ground N, being 1.5 for soybean and 
1.4 for peanut, and Nda is the ratio of fixed N divided by N content of 
crop (set at 50 %). For paddy rice and other upland crops, we assumed a 
N fixation rate of 30 and 5 kg ha− 1 yr− 1, according to Giller (2001) and 
Herridge et al. (2008), respectively. Nutrient inputs from irrigation and 
seeds were neglected. 

Emission of NH3 was assessed based on an empirical model for 
Chinese croplands (Wang et al., 2021), considering the effects of N 
fertilizer input rate and type (e.g., mineral fertilizer only, organic fer-
tilizer only or mixture of them), soil clay content and air temperature. 
The cumulative NH3 emission rate (kg ha− 1 yr− 1) per site was calculated 
by: 

Cum NH3 = exp
(
− 1.612+ 0.007⋅Nrate + 0.043⋅clay+ 0.038⋅Tem+ coffer

)

(12)  

where Nrate is N application rate (kg ha− 1 yr− 1), clay is soil clay content 
(%), Tem is air temperature (◦C), coffer is coefficients for fertilizer type, 
which is 0.94 for mineral fertilizers, 1.36 for organic fertilizers and 0.90 
for any mixture of them, respectively. Site-specific N input rate and type 
were derived from farmer surveys, and soil clay content was derived 
from existing databases (see details below). 

2.3.5. Element removal by crops 
Element removal during 1985–2019 for the 151 sites was estimated 

from harvested crop yield (CY) and crop residues by multiplying the 
crop yields (including residues) by mineral contents summarised by Zhu 
et al. (2018a). Historical crop yields were derived by using the measured 
crop yield from the farmer surveys for the year 2014 and superimposing 
the changes in time for each crop, calculated by dividing the annual total 
yield and sown area (under cultivation used for cropping) recorded in 
the Yearbook (Fig. S5) according to: 

CYi,j = SYj ×
TYi,j

/
Ai,j

TY2014,j
/

A2014,j
(13)  

where i and j is the year and crop, respectively. SY is the surveyed yield 
per crop in 2014, TY is the total crop yield, and A is the sowing area of 
the crop recorded in the Yearbook. We thus assumed that the average 
crop yield change over the years holds for all sites. 

Crop residue removal rates were calculated by multiplying the crop 
yield with the straw:grain ratio and straw removal ratio. The removal 
ratio was assumed 100 % if the farmers indicated that they removed 
residues. According to the survey, the current straw returning rate for 
paddy rice, upland crops and citrus is on average 84 %, 40 % and 5 %, 
respectively (Table S8). Given the historical crop residue returning ratio 
changed, we assumed that in the year 1985 crop residue returning ratio 
was 30 % for all crops (Zhu et al., 2018a), after which the ratio is 
assumed to increase linearly up to 84 % for rice and 40 % for all other 
upland crops in 2014, after which the ratio was kept constant until 2019. 
For citrus, the historical changes in residue returning were neglected. 
The straw:grain ratio, N, P, K, Ca, Mg, S and Cl contents (%) in grain and 
straw (branches) for typical crops and fruits in Qiyang were derived 
from the literature (see Table S7). 

2.3.6. Soil properties 
Soil properties in 1985 were used as initial inputs for the VSD+

model. Initial soil pH, SOC and total N were derived from Qiyang Soil 
Species Records (Soils of Qiyang County, Qiyang County Land Man-
agement Bureau, Qiyang, 1991) based on the Second National Soil 
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Survey of China in the 1980s. As the 98 sites from the 1980s period were 
not georeferenced, we manually determined the location based on soil 
type and town (village) name. The soil properties were rasterized using 
inverse distance weighting (IDW) interpolation after which the relevant 
soil properties on the survey sites were extracted using a spatial inter-
section. Initial BS was derived based on a linear pH-BS relationship up to 
a pH of 6.5 after which we assume a BS of 100 % (see Xu et al., 2022). 
Other soil properties, including bulk density, CEC and soil texture (clay 
and sand content), were derived from the 1× 1 km2 Harmonized World 
Soil Data map (HWSD) version 1.1 (Fischer et al., 2008) whereas the C:N 
ratio was retrieved from the World Soil Grid data (Hengl et al., 2017; 
Poggio et al., 2021). In 2014 and 2019 soil pH, SOM, CEC, BS and soil 
calcium carbonate content (CaCO3) were measured (CaCO3 in 2019 
only). As CEC does not change in VSD+, we used the mean value of the 
measured CEC as the initial input. Missing soil data on soil pH and BS in 
2019 were estimated based on the data in 2014 and the average trends in 
those soil data at the sites with paired data in both 2014 and 2019 (see 
Text S2 and Fig. S6). The measured CaCO3 content in 2019 was used to 
assess whether the soils were calcareous or non-calcareous, and when 
carbonate observations were missing, soils with pH in 2014 higher than 
7.0 were assumed to be calcareous. As a result, 69 survey sites were 
located on non-calcareous soils, representing 48 % of the total survey 
area. 

2.3.7. Meteorology and hydrology 
Daily climate data were taken from observations at a long-term 

experiment in Qiyang, while variations over the Qiyang County were 
derived by scaling the daily values to variation in monthly mean values 
at 10 min resolution from the Climate Research Unit (CRU) (New et al., 
2002). This database contains gridded data on temperature and pre-
cipitation, vapour pressure, cloud cover and wet-day frequency in terms 
of rain day counts at the global scale at 10 min resolution, averaged over 
the reference 30-year period 1961–1990 (mean monthly values and the 
coefficient of variation shown in Table S9 and spatial distribution shown 

in Fig. S7). For irrigation rate, we assumed an average rate of 840 mm 
yr− 1 (12 × 70 mm per month) in paddy based on He et al. (2020), and no 
irrigation for upland crops (rainfed only). 

Using a simple uncertainty analysis on the calculated water fluxes 
from MetHyd showed that land use (paddy and upland soils) and soil 
texture (sandy, moderate clay and heavy clay soils) had a strong and 
significant effect on the estimated leaching, whereas spatial variations in 
climate conditions (across all survey sites) had minor effects (see details 
in Text S3). Therefore, we divided all sites into 6 groups (2 types of land 
use × 3 types of soil texture) and used mean values of the MetHyd output 
for the modeling of soil acidification (see outcomes of precipitation 
surplus in Table S10). 

3. Results 

3.1. Reconstruction of acidification history 

The VSD+ model well reconstructed the continuous soil acidification 
in non-calcareous croplands of Qiyang County during 1985–2019 
(Fig. 1). On average, the simulated soil pH declined from 6.2 to 5.4 in 
paddy soils and from 6.2 to 5.2 in upland soils, with annual pH decline 
rates of 0.024 and 0.029 units yr− 1, respectively. Even though the 
observed decline in soil pH was slightly higher in upland soils, the dif-
ference in the annual pH decline rate was not statistically significant (P 
> 0.05). In general, the pH of paddy soils showed smaller variations than 
upland soils over the simulation period. The base saturation followed a 
similar decreasing trend as pH and declined by 0.96 % per year (from 84 
% to 53 %) in paddy soils and by 1.1 % per year (from 80 % to 44 %) in 
upland soils. On average, base saturation declined faster before the year 
2000 in both paddy and upland soils than in the years thereafter. Again, 
differences between paddy and upland soils were not statistically sig-
nificant (P > 0.05) (Fig. 1). VSD+ slightly underestimated the soil pH 
and BS before 2014, particularly in paddy soils, while the variation 
across sites was comparable (Fig. 1). For calcareous soils, the pH of both 

Fig. 1. Historical soil pH (top) and base saturation (bottom) change over the period 1985–2019 in non-calcareous paddy soils (left) and upland soils (right) of Qiyang 
County. Red lines indicate the mean of simulations; the grey areas represent the range in the 5 % and 95 % percentile of the simulation. Boxes represent observations, 
with the bias being 5 % and 95 % percentile of data, triangles and lines in the boxes indicate mean and median values, respectively. Different letters above the bars 
indicate the observations have significant differences (p < 0.05, Tukey method for multiple comparisons) among different years for same land use type (paddy 
and upland). 
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paddy soils and upland soils kept stable over the 34 years (Fig. S8). 
The cumulative frequency of soil pH showed that the average devi-

ation between simulated and observed pH values was low for most crop 
categories, as shown by the NRMSE (0.06–0.15) and NMAE (0.07–0.12) 
over the whole observation period (Fig. 2). In the year 1985, over 90 % 
of paddy soils and 80 % of upland soils had pH values > 5.5, while the 
percentage of soils with pH > 5.5 gradually declined to around 50 % in 
2019 in both paddy soils and upland soils, implying that a considerable 
proportion of croplands are currently facing acidity threats and associ-
ated adverse impacts on soil health and crop production. 

3.2. Reconstruction of soil acidification rates and main drivers 

The 5-year-average H+ production considerably declined in paddy 
soils from 21 to 5.2 keq ha− 1 yr− 1 during 1985–2019 (Fig. 3), which was 
mostly due to the great decline in HCO3 leaching and N transformations. 
In contrast, the total soil acidification rate in upland soils hardly 
changed, decreasing from 17 to 13 keq ha− 1 yr− 1, mostly driven by N 
transformations, while crop-induced H+ production slightly increased. 
Both HCO3 input and BC release dominated the H+ consumption pro-
cesses in paddy and upland soils. HCO3 input strongly declined after 
2005 in paddy soils while it remained relatively constant in upland soils. 
BC release strongly decreased in paddy soils while it hardly changed in 
upland soils. Aluminium release considerably contributed to H+ con-
sumption in upland soils after 2005 when the soil pH was lower than 5.5. 

The P adsorption increased in both paddy and upland soils. 
Paddy soils had lower N transformations than upland soils, despite 

much higher NH4 inputs (indicating higher potential acidification) from 
mineral fertilizer (for details of the N budgets, see Table 2). This was 
mainly due to: 1) higher crop nutrient uptake and lower N leaching 
losses; 2) higher denitrification losses; and 3) lower nitrification rates as 
the NH4/NO3 ratio in soil solution was much higher. Changes in P fluxes 
mainly originated from an increase in P fertilizer inputs (Fig. 4a). In 
addition, total BC inputs increased both in paddy and upland soils, 
whereas the uptake and losses slightly decreased in paddy soils, leading 
to much less BC release compared to the upland soils where the BC 
uptake increased over time (Fig. 4b). The decline in HCO3 inputs orig-
inates from a change in mineral fertilizer types where NH4HCO3 fertil-
izers have been replaced with urea (Fig. S3). This decline in upland soils 
was counteracted by the increase in HCO3 inputs in organic manure 
(Fig. 4c). Note also the HCO3 input in deposition, which was due to an 
excess of the sum of NH4 and BC over anions (SO4, H2PO4, Cl and NO3) 
(Xue et al., 2003; Zeng et al., 2017). 

Over the past 34 years, HCO3 leaching and N transformations were 
the dominant processes driving soil acidification in non-calcareous 
paddy soils (no significant difference) whereas N transformations was 
the main driver of soil acidification in non-calcareous upland soils 
(Fig. 5a). HCO3 input was the main H+ consumption process, followed 
by BC and Al release in non-calcareous soils. In calcareous soils, HCO3 
leaching played dominant role in H+ production in both paddy soils and 

Fig. 2. Cumulative frequency of simulated and observed soil pH in non-calcareous paddy soils (left) and upland soils (right) in 1985 (top), 2014(center) and 
2019 (bottom). 
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upland soils, while BC release played the most important role in H+

consumption (Fig. 5b). 

4. Discussion 

4.1. Historic soil pH and base saturation trends 

Overall, simulated soil pH fitted well with the mean of observation 
between 2014 and 2019 in paddy soils, with an averaged decreasing rate 
of 0.024 units yr− 1 since 1985. The pH-declining rate in paddy soils is 
quite comparable with previous studies, e.g., Zhu et al. (2016) reported 
that the pH of paddy soil in Hunan Province declined by 0.031 units yr− 1 

during 1980s–2014 on average. There was large variability in the 
observed soil pH, which was measured in a 1:2.5 soil: water suspension, 
of paddy soils during 2014–2019, which is likely due to variable weather 
conditions and fertilizer application which may affect pH values by as 
much as 0.6 units (Shuman et al., 1983; Sumner, 1994). 

The average pH decline of upland soils was slightly higher but not 
statistically different from paddy soils (pH declined by 0.029 units yr− 1 

over the simulation years), though VSD+ slightly underestimated the 
simulated pH of upland soils during 2014–2019. The uncertainties in the 

simulations were most likely due to the uncertainties of our estimations 
on the historical land use. On average, the mean cultivation period of 
surveyed citrus sites was 15 years (Table S8) indicating that our esti-
mations on element input-output during 1985–2000 based on the survey 
data may not well reconstruct the historical trends, leading to the un-
certainties in calculated soil acidification rates. In addition, there are 
uncertainties in the (calibrated) parameters affecting the N trans-
formations, crop uptake and HCO3 leaching rates. The comparable pH 
declines in paddy and upland soils, despite the lower acidifying impact 
of N transformations were due to the higher acidifying impact of HCO3 
leaching (Fig. 5a). This was caused by the wetter circumstances in paddy 
soils, which enhanced denitrification and thus reduced NO3 leaching 
and increased the CO2 pressure of the soil, thus enhancing HCO3 
leaching. 

Our results showed that soil pH significantly decline in both paddy 
soils and upland soils between the year 1985 and 2019 (Fig. 1). In 
addition, we found a significant difference between soil pH in the year 
2014 and 2019 in paddy soils but not in upland soils, which may be 
caused by the uncertainty in measured pH values (in H2O) in paddy soils 
due to the variable soil moisture contents in the different months in 
which the pH was measured (Ding et al., 2019). Actually, soil pH was 
measured in June–July in 2014 and in October–November in 2019, 
probably affecting the comparability of the soil pH measurement. 

In our study, NH3 emissions were estimated considering N input rate, 
soil clay content, air temperature and fertilizer types. Overall, NH3 
emissions in upland and paddy soils were comparable, ranging between 
11.5 and 12.6 % of the total N added. This result was slightly different 
from previous studies. For instance, Ma et al. (2022) showed that paddy 
fields tended to have higher background NH3 emissions compared to 
upland soils, suggesting that our study may underestimate NH3 emis-
sions in paddy soils. This underestimation in paddy soils might be caused 
by the fact that we ignored the influence of application methods due to a 
lack of reliable data, while NH3 losses are substantially higher when 
manure and fertilizers are broadcasted rather than incorporated (Wang 
et al., 2021). 

It should be noted that calibrated model parameters knit, kdenit, 
pCO2, lgKAlBC, lgKHBC, lgKAlox and BC weathering varied quite a lot 
among the sites (Fig. S9), mostly within plausible ranges (see e.g., De 
Vries and Posch (2003) for the range in exchange constants). Since these 
parameter values are not clearly related to soil properties, the applica-
tion of VSD+ to other regions than Qiyang implies the use of generic 
model parameters that may cause errors in site-specific acidification 
assessments. 

Fig. 3. Historical average H production (positive values) and consumption (negative values) (keq ha− 1 yr− 1) every 5 years in paddy soil (left) and upland soils (right) 
in non-calcareous sites of Qiyang County (1985–2019). Note that net HCO3 leaching is split into HCO3 leaching (natural acidification) and HCO3 (alkalinity) input 
from atmospheric deposition, fertilizer and manure. Net H input is too minor to show in the figure. 

Table 2 
Simulated N budget for paddy and upland soils in non-calcareous sites, averaged 
over the period 1985–2019.  

Flux Paddy Upland 

Input   
Atmospheric deposition  3.2  3.2 

NH4  2.4  2.4 
NO3  0.8  0.8 

Fertilizer  12.7  7.1 
NH4  8.2  4.6 
NO3  4.5  2.5 

Manure  0.3  3.3 
N fixation  2.1  1.1 
Total input  18.3  14.7 

Output   
Uptake  10.6  4.8 
NH3 emission  1.5  1.3 

Surplus  6.2  8.8 
Denitrificationa  3.9  2.6 
NH4 leachinga  2.1  0.9 
NO3 leachinga  1.1  5.4 

Soil accumulation  − 0.9  − 0.3  

a Corrected by N input to soil pool. 
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4.2. Soil acidification trends and their main drivers 

Significant soil acidification in Chinese croplands has been proven to 
be induced by the overuse of N fertilizers, and N transformations have 
been shown to have a major impact on the acidification processes (Guo 
et al., 2010; Zeng et al., 2017; Zhu et al., 2018a). Our study had the same 
finding in upland soils but showed that HCO3 leaching was also the main 
driver of acidification of paddy soils, mostly due to the elevated CO2 
pressure under the flooding situation. This implies that the reason of soil 
acidification in paddy soils as well as the appropriate measures to 
compensate it strongly differ between these cropping systems. 

Theoretically, an increase in CO2 pressure from 15 to 100 mbar leads to 
an increase in HCO3 concentrations from 2.8 to 5.3 meq L− 1 in calcar-
eous soils, leading to a net H+ production increase from 28 to 53 keq 
ha− 1 yr− 1 in calcareous soils. In non-calcareous soils, soil pH also con-
trols the HCO3 concentration and the impact of a change in the CO2 
pressure. For instance, when soil pH is 5.0, increasing pCO2 from 15 to 
100 mbar would increase HCO3 concentration from 0.024 to 0.16 meq 
L− 1, whereas the HCO3 concentration would increase up to 1.6 meq L− 1 

when soil pH is 6.0. According to Greenway et al. (2006), CO2 pressure 
in the soil solution of paddy rice could reach as high as 400 mbar. 

In paddy fields with a relatively high soil pH and high precipitation 

Fig. 4. Historical element input and output (1985–2019, mean of every 5 years) of phosphorus (a), base cations (b) and bicarbonate (c) in non-calcareous sites.  
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surplus, net HCO3 leaching may thus lead to significant soil acidifica-
tion. China is the world‑leading rice production country, with a total 
area of 30 million hectares of paddy (~20 % of the total cropland area) 
and >80 % of this area with annual precipitation ranging from 1000 to 
>2000 mm (Liu et al., 2018). Qiyang is a representative county in the 
region with an average precipitation surplus of 1400 mm. Our study thus 
suggests that the acidification rates due to HCO3 leaching in paddy rice 
were underestimated in a national study on drivers of soil acidification 
by Zhu et al. (2018a), who used a precipitation surplus of 100–400 mm. 
Further studies are required to evaluate the effects of CO2 pressure and 
soil pH on HCO3 leaching based on more evidence in the field. 

N transformations were mainly driven by the inputs of mineral fer-
tilizers and organic manure as well as crop nutrient uptake. Before 2005, 
as the application of N increased (in particular for NH4), N trans-
formations also increased, followed by a combined decline in the years 
after 2014 (Fig. 3). The increase in N-induced acidification was mainly 
due to the enhanced nitrification of NH4 to NO3 and subsequent NO3 
leaching. However, the N-induced H+ production was also highly 

neutralized by the anthropogenic input of HCO3 (from NH4HCO3 and 
organic manure), which was the main contributor to the H+ consump-
tion process between 1990 and 2015. In addition, there was also HCO3 
input in the deposition, since the sum of cations (NH4, BC) exceeded that 
of anions (SO4, H2PO4, Cl, NO3), being in line with other literature in-
formation (Xue et al., 2003; Zeng et al., 2017). The NH3 emission 
induced by NH4 input is a potential acid source due to nitrification in 
soil. 

The long-term observations carried out in Qiyang imply that the net 
impact of N fertilization on soil acidification is easily overestimated 
when only the impacts on N transformations are included, e.g., by Guo 
et al. (2010). The overall impact of N fertilizers might even lead to in-
creases in soil pH when N is added as NH4HCO3 and a low proportion of 
added N is lost due to high denitrification. The H+ production by crop 
removal was driven by the removed biomass from the field as the crop 
yield in paddy rice hardly changed over the past 34 years. In upland 
soils, despite an increasing straw return ratio, the total crop production 
strongly increased (Fig. S5), leading to an increase in crop-induced H+

Fig. 5. Contribution of different processes to cropland acidification rates (keq ha− 1 yr− 1) of paddy and upland soil in non-calcareous sites (a) and calcareous sites (b) 
of Qiyang County averaged over the period 1985–2019 in terms of production (left) and consumption (right). The bar height is the mean value and the error bar is the 
variation (s.d./mean) over the 34 years. Different letters above the bars indicate the processes have significant differences (p < 0.05, Tukey method for multiple 
comparisons) for same land use type (paddy and upland). Net H input is too minor to show in the graphs. 
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production. 

4.3. Implications for soil acidity management 

Previously, Zeng et al. (2017) suggested that soil acidity manage-
ment should focus on optimizing N management and increasing BC in-
puts by manure application in intensive cropland systems. Our study 
leads to a similar conclusion for upland soils. N transformations domi-
nated soil acidity production processes in these soils and optimizing N 
management, e.g., by balancing N input, increasing N use efficiency and 
transforming ammonium-based fertilizers to urea- or nitrate-based fer-
tilizers, is crucial to mitigate soil acidification. Furthermore, HCO3 input 
plays an important role in acidity consumption processes and increasing 
organic manure input rich in BC and HCO3 can thus reduce soil acidi-
fication rates. 

However, for paddy fields, our study shows that the average impacts 
of HCO3 leaching on soil acidification was comparable with N trans-
formations, mainly because of the high CO2 pressure under flooding 
situations and generally high pH values over the past 30 years in Qiyang 
County. However, the effects decreased substantially when soil pH 
declined under 6.0 as the concentration of HCO3 in soil solution is highly 
controlled by soil pH. It suggested that acid management in paddy fields 
requires additional focus on avoiding mitigation strategies that raise the 
soil pH level >6.0 to avoid unnecessarily high HCO3 leaching, acceler-
ating soil acidification. 

5. Conclusions 

In this study, we quantified rates and drivers of soil acidification for 
paddy and upland soils over the period 1985–2019 at 151 sites in 
Qiyang, a typical agricultural county in China, with the soil acidification 
model VSD+. The model was applied and validated using systematic 
farm surveys in 2014 and soil sampling data for the years 1985 (based on 
sampling in the 1980s), 2014 and 2019. The VSD+ model could well 
reproduce long-term changes in pH, showing a pH decline of 0.024 and 
0.029 units yr− 1 in paddy and upland soils, respectively, and declining 
concentrations of calcium, magnesium and potassium. 

Nitrogen (N) transformations mainly caused soil acidification in 
upland soils, but in paddy soils natural soil acidification due to bicar-
bonate leaching was also a major driver of acdification. The lower 
impact of N transformations on soil acidification in paddy soils was due 
to their wet circumstances, causing higher crop N uptake, lower nitri-
fication rates and higher denitrification rates, thus leading to lower NO3 
leaching losses than in upland soils. Similarly, the wet circumstances 
caused higher HCO3 leaching due to a higher CO2 pressure. However, 
the contribution of this process decreased due to acidification-induced 
soil pH decrease. 

The acid input from fertilizers and deposition was partly neutralized 
by HCO3 input from fertilizers and manure, but this decreased in time in 
both upland soils and paddy soils due to a change in fertilizer type from 
ammonia bicarbonate to urea. Base cations removal by crop harvesting 
played a minor role in both paddy and upland soils, but the relative 
importance increased in paddy soils due to a decrease in HCO3 leaching. 
Soil buffering by both BC and aluminium release decreased in paddy 
soils due to a reduction in net acid production, while it stayed relatively 
constant in upland soils, but with an enhanced contribution of 
aluminium release due to pH decline. 

We conclude that acidification management in upland soils requires 
a focus on balancing N and BC by enhanced recycling of organic manure 
and crop residues, while the pH in paddy soils should not be brought to a 
too high level to avoid high HCO3 leaching. Due to the high CO2 pressure 
in those soils, liming strongly induces natural soil acidification and this 
requires a subtle balance in avoiding both too low and too high pH 
values. 
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