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Annual biogeochemical cycling in intertidal sediments of a restored estuary 
reveals dependence of N, P, C and Si cycles to temperature and water 
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A B S T R A C T   

Estuarine intertidal sediments are important centres for organic matter remineralization and nutrients recycling. 
Nevertheless, there is limited understanding regarding how these processes occur along the salinity gradient and 
their seasonality. Here, we report on the seasonal biogeochemical cycles from three types of intertidal sedi-
mentary habitats (freshwater, brackish and marine) located in the Western Scheldt estuary (The Netherlands and 
Belgium). A full year of solute fluxes, porewater nutrient and sediment pigment concentrations at a monthly 
resolution revealed clear differences in the biogeochemistry of the three sites, indicating that environmental 
conditions determined the local nutrient dynamics. Temperature controlled sediment oxygen consumption rates 
and nutrient fluxes, but also affected pore water nutrient concentrations up to 14 cm deep. Fresh and brackish 
sediments had a net influx of dissolved inorganic nitrogen (DIN) (− 1.62 mmol m− 2 d− 1 and -2.84 mmol m− 2 d− 1, 
respectively), while only the freshwater sediments showed a net influx of phosphate (− 0.07 mmol m− 2 d− 1). We 
estimated that intertidal sediments remineralized a total of 10,000 t C y− 1, with 97% of mineralization occurring 
in the brackish and marine parts. Overall, sediments removed 11% (1500 t N y− 1) and 15% (~200 t P y− 1) of the 
total nitrogen and phosphorus entering the estuary from riverine input. Moreover, observations revealed the 
historical improvement of water quality resulting from water treatment policies. This spatiotemporal study of 
OM remineralization and early diagenesis in estuarine systems highlights the importance of intertidal sediments 
for estuarine systems. Our observations can be used in models to predict estuarine biogeochemistry or assess 
climate change scenarios.   

1. Introduction 

Estuaries are centres of transformation, export, and retention of 
nutrients from terrestrial sources into coastal waters (Arndt et al., 2009; 
Statham, 2012). They exhibit high heterogeneity of biological (e.g. or-
ganism activity and species succession), physical (e.g. salinity, 
morphology, hydrology, light, tidal regime) and biogeochemical prop-
erties (e.g. nutrient concentrations, cycling and fluxes) (Arndt et al., 
2009; Magalhães et al., 2002; Middelburg et al., 2005; Statham, 2012). 
Nutrients entering estuaries have different origins: terrestrial sources 
such as sewage and fertilizers in the form of ammonium nitrate 
(NH4NO3) and calcium phosphate (Ca3(PO4)2) (Billen et al., 2005; 
Gilbert et al., 2007; Soetaert et al., 2006), inputs from other water bodies 

such as rivers and seas (Gilbert et al., 2007), or inputs from 
sediment-water exchange (Herbert, 1999). The biogeochemical cycling 
of nutrients and carbon is ultimately driven by the production and 
degradation of organic matter (OM) from autochthonous (local micro-
phytobenthos and phytoplankton blooms) or allochthonous (terrestrial) 
origin (Arndt et al., 2013). 

OM and nutrient concentrations typically decrease along the salinity 
gradient from upstream to downstream areas which resembles a filtering 
effect (Sharp et al., 1984). The filtering effect traps nutrients in the es-
tuary before reaching the sea; its efficiency depends on OM sources and 
nutrient cycling processes occurring in the water column along the 
estuarine salinity gradient (Soetaert et al., 2006; Statham, 2012), but 
also on the exchanges between sediment and water column (Magalhães 
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et al., 2002). Examples of such processes include the dilution of riverine 
water with seawater, in situ biogeochemical transformations (Soetaert 
et al., 2006), uptake by both marine (Arndt et al., 2009; Pastuszak et al., 
2008), and terrestrial (siliceous plants in salt marshes) primary pro-
ducers (Struyf et al., 2005b), and in some cases, wastewater treatment 
(Brion et al., 2008). 

The shallow depth of estuaries together with their high productivity 
suggest that a great portion of the OM remineralization occurs in the 
sediment (Jørgensen and Sørensen, 1985). Failing to account for estu-
arine benthic respiration could overlook around 26% of the global 
respiration (Middelburg et al., 2005). Furthermore, estuaries provide 
essential habitats for aquatic and terrestrial organisms and are impor-
tant centres for nutrient cycling (Lessin et al., 2018) and removal 
(Magalhães et al., 2002). Research on sediment biogeochemical pro-
cesses, which fundamentally differ from those occurring in the water 
column (Cox et al., 2009; Statham, 2012), is important to complement 
our understanding of estuarine biogeochemistry. 

OM is incorporated into the sediment by deposition, benthic organ-
isms, and tidal action where it is remineralized by heterotrophs that 
sequentially use different terminal electron acceptors (O2, NO2

− , NO3
− , 

Mn4+, Fe3+, SO4
2− , CO2) to obtain energy (Arndt et al., 2013). Several 

biogeochemical processes are constrained to occur near the oxic-anoxic 
interface, notably, nitrification and denitrification, the sorption and 
desorption of phosphorus (PO4

3− ) onto sediment particles, and the 
dissolution of biogenic silica (BSi) (Struyf et al., 2005b). Benthic auto-
trophic OM production as well as heterotrophic activity associated to 
OM remineralization are affected by seasonal changes. Seasonality - a 
driver for environmental variability - induces natural fluctuations in 
temperature and light irradiance that affect the estuarine biological 
community, nutrient transformation, and exchange (i.e. flux) rates be-
tween the sediment and the water column (Arndt et al., 2009; Fang 
et al., 2019; Jørgensen and Sørensen, 1985; Mestdagh et al., 2020; 
Soetaert et al., 2006). 

Studying the finer-scale spatiotemporal variability of biogeochem-
ical processes is necessary for a better understanding of estuarine 
bentho-pelagic processes and to assess their response to climate change 
(Lessin et al., 2018). Some studies have addressed the seasonality of OM 
remineralization in estuarine mudflats (Bally et al., 2004; Cook et al., 
2004; Feuillet-Girard et al., 1997; Khalil et al., 2018; Magalhães et al., 
2002; Mestdagh et al., 2020; Mortimer et al., 1999; Van Colen et al., 
2012). However, these studies are limited in spatiotemporal resolution 
(e.g. sampling carried out only once per season or at one station) along 
the estuarine salinity gradient. 

Our study was conducted in the Western Scheldt estuary (WS) be-
tween Belgium and The Netherlands. The watershed of the WS and its 
main tributaries, the Scheldt, Dender, and Rupel rivers, comprises an 
area of 22,116 km2 that is subject to large human influence (e.g. ur-
banization, farming, and industry) (Gilbert et al., 2007; Maris and Meire, 
2017; Middelburg et al., 1996; Soetaert and Herman, 1995a). From the 
1960′s, the implementation of water quality control policies, and the 
opening of the Brussels-North wastewater treatment plant (WWTP) have 
improved water quality, eliminated hypoxia, and reduced the concen-
tration of dissolved inorganic phosphorus (DIP) and nitrogen (DIN) 
entering the Western Scheldt estuary (Brion et al., 2015; Cox et al., 2009; 
Hofmann et al., 2008; Vanderborght et al., 2007). The WS is therefore a 
good model for estuarine studies because its water column biogeo-
chemistry has been extensively monitored in its transformation from 
hypereutrophication with water column hypoxia supporting denitrifi-
cation to a eutrophic state with year-round oxic conditions (Arndt et al., 
2009; Cox et al., 2009; Middelburg et al., 1996; Soetaert et al., 2006; 
Soetaert and Herman, 1995b). Nevertheless, the role of intertidal sedi-
ments in nutrient dynamics in the WS has not been sufficiently 
addressed. This study analysed monthly samples from three areas of the 
WS to i) quantify benthic OM remineralization and biogeochemical 
cycling, ii) assess whether there have been water quality improvements 
in the past two decades, and iii) calculate the contribution of intertidal 

sediments to OM mineralization and nutrient retention. 

2. Methods 

2.1. Study area 

The Scheldt River originates in France, flows through a brackish 
water zone in Belgium, and meets marine water in the WS before dis-
charging into the North Sea (Soetaert et al., 1994b). The WS has a typical 
funnel-shape, narrow in the upstream, freshwater part (average width 
<100 m), and then rather abruptly increasing in width past the 
Belgian-Dutch border until reaching a mean width of 6 km at the mouth 
(Fig. 1). Its average depth increases from around 3 m near Ghent to 15 m 
near the mouth at Vlissingen. The funnel shape morphology gives rise to 
a longitudinal salinity gradient, with low salinities predominating in the 
narrow section, and a rather steep salinity gradient in the brackish re-
gion where the Scheldt becomes wider. The salinity gradient in the 
brackish region is also influenced by temporal changes in riverine 
discharge (Baeyens et al., 1997; Soetaert et al., 2006; Struyf et al., 2004). 
For example, a lower riverine discharge in summer causes a salinity 
increase in the mesohaline area, because there is less dilution and 
seawater can reach deeper into the estuary. The discharge of tributaries 
(Schelde, Dender, and Rupel rivers) into the WS is driven by precipita-
tion and is higher during the winter than in the summer with an average 
yearly discharge of 120 m3 s− 1 (Deltares, 2013; Wang et al., 2019). 
Sampling was conducted in three intertidal mudflats, close to the main 
channel, with contrasting salinity and 70% dry time (Fig. 1). The 
freshwater and brackish sites were adjacent to a reed (Phragmites aus-
tralis) salt marsh. 

2.2. Sampling method 

Sediment core samples from the intertidal sites were taken monthly 
from March 2019 to February 2020 during low tide. Core samples were 
taken for incubations (30 cm long, 15 cm inner diameter (∅); filled to 
half), porewater (30 cm, 10 cm ∅), and granulometry (30 cm, 3.5 cm ∅). 
Pigments samples (1 cm3) were sampled by means of a cut-off syringe (1 
cm ∅) in triplicate from the upper 1 cm of the sediment. At each site, 10 
L of water was taken, as close as possible to the sampling location. After 
collection, the cores were transported to The Royal Netherlands Institute 
for Sea Research, Yerseke (NIOZ- EDS Yerseke). The incubation cores 
were kept in a thermostatic bath inside a dark ambient temperature- 
controlled climate room (representing the ambient water 

Fig. 1. Map of the intertidal sampling locations. The freshwater (F) site, at 
Appels, Belgium (51.04832◦N, 4.06934◦E) is located in the Scheldt River. The 
brackish (B) location, at Groot Buitenschoor, Netherlands (51.36337◦N, 
4.24456 ◦E), and the marine (M) site, in the Paulina Polder, Netherlands 
(51.35337◦N, 3.72054◦E) are in the Western Scheldt. Land use in this area is 
dominated by farmland apart from cities shown in grey. Maps created 
with QGIS. 
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temperatures) until the next day to acclimatize. The porewater was 
immediately extracted upon arrival to the institute and the pigment 
samples were frozen at − 80 ◦C. The granulometry cores were stored in a 
4 ◦C refrigerator until they were processed on the following day. 

Additional water column temperature data for the freshwater (sta-
tion: Dendermonde SF/Dender) and brackish sites (station: Lillo 
Meetpaal-Onder SF/Zeeschelde) were obtained from the Flemish Envi-
ronment Agency, Belgium (Flanders Environment Agency, n.d.), and for 
the marine site (station: Overloop van Hansweert) from the Dutch 
Directorate General for Public Works and Water Management (Rijks-
waterstaat, n.d.). Water column nutrients from the Ruppel river tribu-
tary (Station: 210000) and the Schelde + Dender rivers (Station: 
164000) for the sampling period were downloaded from the Geoloket 
water website (Flanders Environment Agency, n.d.). Discharge values 
from the Scheldt (station: Dendermonde afw Dender calc/Zeeschelde) 
and Rupel (station: Wintam Monding calc/Rupel) rivers were obtained 
from the Flemish Government (Flemish Government, n.d.). Bathymetry 
data for the year 2021 was provided by Rijkswatersaat (Rijkswaterstaat, 
n.d.). 

2.3. Experimental methods and calculations 

The porewater was sampled inside an anoxic glove bag using rhizons 
(CSS 5 cm, Rhizosphere) at 0 (near the sediment-water interface), 1, 2, 3, 
5, 10, and 14 cm depth. Of the extracted porewater, an aliquot of 500 μL 
was sampled for ammonium (NH4

+), nitrite (NO2
− ), nitrate (NO3

− ), and 
Dissolved Si (DSi); and one of 100 μL acidified with 10 μL of 1 M sulfuric 
acid (Merck, No. 100731) for PO4

3− analysis. Photosynthetic marker 
pigments were analysed following the method described by Zapata et al. 
(2000). Pigment samples were freeze dried and analysed with HPLC 
(LC-04, Shimadzu Co., Kyoto, Japan) with a Waters C8 column (150 ×
4.6 mm,3.5 μm particle size, 0.01 μm pore size, nr. WAT200630, Waters 
Corporation, Milford, MA, USA) connected to a guard cartridge (Sym-
metry C8 Sentry Guard Cartridge, 100 Å, 5 μm, 3.9 mm × 20 mm, nr. 
WAT054250, Waters Corporation, Milford, MA, USA) for separation. 
The pigments were extracted from 1 g of sediment using 90% acetone 
(Nanograde, nr.1.00658.2500, Promochem) + APO (β-Apo-8′-carote-
nal) (10 mL). Following extraction, each sample was homogenised and 
centrifuged, and 800 μL of the supernatant was injected into the HPLC 
column. 

Sediment incubations were performed in dark conditions, to prevent 
photosynthesis, at ambient temperature. The cores were filled with pre- 
bubbled water and hermetically sealed with a lid fitted with a magnetic 
rotor. Oxygen (O2) concentration in the overlying water was continu-
ously measured with an oxygen optode (Firesting, Pyroscience). The O2 
measurements were stopped when the concentration reached 70% 
saturation or after ~7 h, after which lids were opened and the overlying 
water was bubbled. Filtered (Chromdis 0.45 μm, 25 mm, No. 250425) 
water samples (5 ml) were taken for nutrient (NH4

+, NO2
− , NO3

− , DSi and 
PO4

3− ) analysis at the start of the incubation, the end of the respiration 
measurement, and after 23, 31 and 48 h. The nutrient samples from the 
incubations and the porewater samples were refrigerated after collection 
and analysed with a Segmented Flow Analyzer (QuAAtro39 Auto-
Analyzer with XY-2 Sampler Autosampler, SEAL Analytical). Fluxes of 
O2 and inorganic nutrients (NH4

+, NO2
− , NO3

− , DSi and PO4
3− ) were esti-

mated by fitting a linear regression calculating the change in concen-
tration as a function of time. The fitted slope was multiplied by the 
height of the overlying water column to obtain the flux. To determine 
the granulometry, slices of 1 cm thickness were taken at 0, 2, and 4 cm, 
and from 5 to 10 and 10–14 cm depth. These slices were freeze dried, 
and analysed by laser diffraction (MALVERN Mastersizer 2000; No. 
34403/139, model APA, 2000 with Hydro G 2000 introduction unit). 
Sediment porosity was calculated from water content and solid-phase 
measurements accounting for porewater salinity. Organic carbon 
(OrgC) and N content were determined using an Interscience Flash 2000 
organic element analyzer. 

The temperature coefficient, Q10 value, was calculated based on the 
respiration rates with the following equation. 

R2 =R1Q10
T2 − T1

10  

where R1 is the rate of reaction at a first temperature (T1) and R2 the rate 
of reaction at a second temperature (T2). Graphs and data analysis were 
created using the computing program R (R Core Team, 2020). The 
program QGIS was used for geospatial analysis (QGIS Development 
Team, 2021). Intertidal areas were defined to be between − 2 and 2 m 
NAP (Kuijper and Lescinski, 2013). 

3. Results 

3.1. Abiotic conditions of the water column and the sediment 

Salinity was stable throughout the year at the different locations 
(Fig. 2 A), apart from a slight increase from May to December at the 
brackish location. The water temperature fluctuated seasonally at all 
stations (Fig. 2 B), and for most of the year, was slightly higher at the 
freshwater and brackish sites compared to the marine site. The water 
temperature was ≥20 ◦C from July to September at all sites. 

Dissolved nutrients varied seasonally (Fig. 3). The concentration of 
NH4

+ in the freshwater site (Fig. 3 A) was highest in winter (March 2019 
and December 2019 to February 2020) (mean ± standard deviation; 
22.5 ± 1.2 mmol m− 3) and lowest from April to November 2019 (4.8 ±
2.4 mmol m− 3). Similar dynamics were observed in the brackish site 
although the seasonality was less pronounced; here the concentration of 
NH4

+ fluctuated around 5.4 ± 7.0 mmol m− 3. In contrast, NH4
+ values in 

the marine site peaked during the summer-autumn reaching a maximum 
of 18.6 ± 2.4 mmol m− 3 in October. NO2

− showed the lowest concen-
trations during the summer in all sites (Fig. 3 B), except for one high 
value in August in the brackish site. Largest fluctuations of NO2

− were 
observed in the freshwater site, whereas the seasonality was least pro-
nounced in the marine site. The concentration of NO3

− changed 
seasonally (Fig. 3 C), with lowest values in the summer months, and 
decreasing seawards. The freshwater site had the greatest variation in 
DSi ranging from a high of 235.7 mmol m− 3 in the colder months while 
remaining below 50 mmol m− 3 from May to October (Fig. 3 D). A similar 
seasonality was observed at the brackish site, where the DSi concen-
tration ranged from 38.0 to 161.7 mmol m− 3. In contrast, seasonal 
fluctuations of DSi were minimal at the marine site and ranged between 
13.7 mmol m− 3 and 51.3 mmol m− 3. The concentration of PO4

3− only 
showed seasonality in the freshwater site while concentration values 
decreased seawards between sites (Fig. 3 E). 

The sediment at all sites was muddy with a median grain size (D50) 
increasing from the fresh (30.32 μm) to the marine (61.51 μm) part of 
the estuary (Table 1). OrgC was inversely related to grain size and 
porosity that decreased seawards. The sedimentary C:N ratio was 
highest in the brackish and lowest in the marine part of the estuary. 

3.2. Pigment concentrations in the surface of the sediment 

Total pigment concentration was about an order of magnitude higher 
in the freshwater (Fig. 4 A) compared to the other sites, and the brackish 
site (Fig. 4 B) had the lowest concentration. A clear summer peak was 
observed in freshwater site and to a lesser degree in the marine site 
(Fig. 4 C). In contrast, a spring peak occurred in the brackish part of the 
estuary. Both the brackish and marine sites had a relatively high con-
centration in total and in pigments associated with diatoms (Chl c, 
diadinoxanthin, diatoxanthin, and fucoxanthin [Reuss, 2005]) during 
January and February. 

3.3. Fluxes across the sediment-water interface 

Oxygen exchange rates were influenced by temperature and 
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therefore varied seasonally at all stations, peaking in the summer with a 
maximum of 131.4 mmol m− 2 d− 1 in the marine site (Fig. 5 A). The 
freshwater and brackish sites showed a similar average O2 exchange rate 
(38.26 and 43.02 mmol m− 2 d− 1, respectively) which was around 40% 
lower than in the marine part of the estuary (66.1 mmol m− 2 d− 1). 
Interestingly, the dependence of these rates to temperature, given by Q10 
values, was lower in the freshwater site (2.55) and higher and similar in 
the brackish (3.06) and marine (3.01) sites. The freshwater and marine 

sites had a similar efflux of NH4
+ that peaked in August (~12 mmol m− 2 

d− 1) and appeared directly related to temperature (Fig. 5 B). While the 
marine site had an efflux of NH4

+ throughout the year, the freshwater site 
showed an ammonium efflux only in spring to autumn and an influx in 
winter. The flux of NH4

+ observed in the brackish site always fluctuated 
around zero and did not appear to be affected by seasonal changes in 
temperature. The flux of NO2

− in the freshwater site changed seasonally 
(Fig. 5 C) with an efflux in the warmer period of the year, and an influx 
in the colder period, while the flux observed in the brackish site fluc-
tuated around zero and was a perpetual efflux in the marine site. All sites 
displayed an influx of NO3

− throughout the year (Fig. 5 D), with fluxes 
decreasing with higher salinity. A similar efflux of DSi was observed in 
the freshwater and brackish site (Fig. 5 E). Nevertheless, the brackish 
site showed an influx during the winter and spring that was not observed 
in the freshwater site. The DSi efflux in the marine site was highest in 
August at 14.0 mmol m− 2 d− 1. Overall, the freshwater area exhibited an 
influx of phosphate with a small efflux observed from August to October 
(Fig. 5 F), whilst the brackish and marine sites showed an efflux of PO4

3−

that peaked in the summer, with a small influx during the cooler months. 

Fig. 2. Salinity (A) and temperature (B) variations at freshwater (F, black squares), brackish (B, red circles) and marine (M, green triangles) stations of the Western 
Scheldt along the salinity gradient from March 2019 to February 2020. (For interpretation of the references to colour in this figure legend, the reader is referred to the 
Web version of this article.) 

Fig. 3. Nutrient concentrations of the water column at the freshwater (F, black squares), brackish (B, red circles) and marine (M, green triangles) sites from March 
2019 to February 2020. Standard deviation indicated at each point. (For interpretation of the references to colour in this figure legend, the reader is referred to the 
Web version of this article.) 

Table 1 
Yearly mean ± standard deviation of physical characteristics of the first 5 cm of 
the sediment in the fresh, brackish, and marine sites. Median sediment grain size 
(D50), organic carbon content (OrgC), porosity, and carbon: nitrogen ratio.   

Unit Freshwater Brackish Marine 

D50 μm 30.3 ± 6.4 48.7 ± 5.6 61.5 ± 12.2 
OrgC % 3.1 ± 0.5 1.1 ± 0.3 0.6 ± 0.1 
Porosity* – 0.8 ± 0.2 0.6 ± 0.2 0.5 ± 0.1 
C:N mol:mol 11.3 ± 0.5 13.2 ± 1.2 8.7 ± 0.9  
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The yearly averaged fluxes per site (Fig. 6) clearly show that i) the 
freshwater site had a net influx of both DIN (1.62 mmol m− 2 d− 1) and 
DIP (0.07 mmol m− 2 d− 1), ii) the brackish site exhibited a net influx of 
DIN (2.84 mmol m− 2 d− 1), but a net efflux of phosphate (0.1 mmol m− 2 

d− 1), and iii) the marine site had a net efflux of both DIN (3.83 mmol 
m− 2 d− 1) and DIP (0.09 mmol m− 2 d− 1). There was an efflux of dissolved 
silicate at all sites, but mostly in the marine site (5.71 mmol m− 2 d− 1). 

3.4. Porewater nutrients 

Porewater NH4
+ was highest at the freshwater site (Fig. 7 A) with the 

average concentration in the deepest layer (14 cm) being about three 
times as high (720 mmol m− 3) than in the brackish and marine sites. In 
these two latter sites, the general shape of NH4

+ profiles was different 
with the marine site exhibiting a more accumulation with depth, but the 

Fig. 4. Boxplot of seasonal concentrations of all pigments (Alloxanthin, carotene b, Chlorophylidae a, Chl a, Chl b, Chl c, diadinoxanthin, diatoxanthin, dinoxanthin, 
fucoxanthin, 19′-hexanoyloxyfucoxanthin, lutein, Mg-2,4-divinyl pheoporphyrin, neoxanthin, peridin, prasinoxanthin, violaxanthin, and zeaxanthin), and line 
representing the mean of pigments associated to diatoms (Chl c, diadinoxanthin, diatoxanthin, and fucoxanthin [Reuss, 2005]). 

Fig. 5. Mean ± standard deviation of O2 and nutrient fluxes. A negative flux indicates a net nutrient flux from the water column into the sediment (shaded area). 
Months from March 2019 to February 2020. 
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average concentration of the deepest layer (14 cm) was very similar 
(Fig. 7 F and K), reaching around 200 mmol m− 3. The profiles of NO2

−

and NO3
− decreased over depth at all sites. The highest concentration of 

porewater DSi was observed in the freshwater (Fig. 7 D) (601 mmol 
m− 3) and brackish (Fig. 7 I) (560 mmol m− 3) sites. The concentration of 
PO4

3− was greater in the brackish site (Fig. 7 J) and lowest in the marine 
site (Fig. 7O). 

Based on temperature differences, we designated a cooler period, 
from November to May (9.5 ± 2.5 ◦C) and a warmer period from June to 
October (20.1 ± 2.2 ◦C). Seasonality affected the concentration of the 
nutrients NH4

+, Dsi, and PO4
3− (Fig. 7 A, D, E, F, I, J, K, N and O boxplots) 

resulting in a higher concentration during the warmer months; this ef-
fect was greater in the deeper layers of the sediment. The opposite 
occurred for NO2

− and NO3
− (Fig. 7 B, C, G, H, L and M boxplots) when 

higher concentrations were observed in the cooler period. 

3.5. Nutrient ratios 

DIN:DIP ratios (Table 2) in the water column (60) of the freshwater 
site exceeded the Redfield N:P ratio (16:1) almost fourfold, while the 
obtained DSi: DIP ratio (18) was very close to Redfield (15:1). The DIN: 
DIP ratio of the water column decreased towards the marine site (36), 
although remaining well above Redfield, while the DSi: DIP ratio did not 
change much. In contrast, the sediment average DIN: DIP and DSi: DIP 
ratios in the pore water were lower than Redfield at all sites. 

4. Discussion 

Remineralization of OM and early diagenetic processes occurring 
along the WS estuary show spatial and temporal differences attributable 
to physical (e.g. temperature), chemical (e.g. salinity, bottom water 
nutrient concentrations) and biological factors (e.g. algal production). 
Furthermore, the WS is an example of a restored system where after the 
implementation of water quality improvement policies the system 
recovered from hypereutrophication with water column anoxia to a 
year-round oxic water column. 

4.1. Physical characteristics of the water column and the sediment 

Salinity fluctuations due to riverine discharge only prevailed in the 
brackish site, while seasonal temperature variations affected processes 
in all sites (Fig. 2). The concentration of nutrients in the water column of 
the WS was consistently higher in the freshwater portion of the estuary, 
and decreased with increasing salinity, as previously reported for the 
area (Andersson et al., 2006; Brion et al., 2008; Chen et al., 2007; 
Middelburg and Nieuwenhuize, 2000; Soetaert et al., 2006). DIN:DIP 
ratios exceeding Redfield (Table 2) suggested DIP limitation of primary 

production in the water column for the entire WS. The DSi: DIP ratio was 
close to the Redfield ratio for diatoms and thus no DSi limitation was 
detected. A similar observation for this system was reported by Soetaert 
et al. (2006). 

Despite the potential limitation of P based on nutrient ratios, the 
concentration of PO4

3− in the water column of the whole estuary was 
high (>1 mmol m− 3), and therefore it is unlikely that phosphate was the 
factor limiting primary production. Instead, it has been reported that the 
Western Scheldt primary production is limited by light and not by nu-
trients (Kromkamp and Peene, 1995; Van den Meersche et al., 2011). 

The OrgC content of the sediment was highest in the freshwater part 
of the estuary (around 3%) and decreased downstream (1% in the 
brackish, 0.5% in the marine site). The C:N ratio of the sedimentary 
material, an indication of the OM degradability, was high in both the 
freshwater (11) and brackish (13) sites (Table 1). This is probably 
reflecting the input of refractory OM from allochthonous origin such as 
detritus derived from terrestrial sources (Boynton and Kemp, 1985; 
Hopkinson et al., 1999) or the vegetation, reed Phragmites sp., sur-
rounding these areas (Struyf et al., 2005a). Allochthonous OM is by 
nature less degradable than autochthonous OM (Soetaert et al., 2006). A 
similar dominance of allochthonous and terrestrial OM upstream has 
been reported by Van den Meersche et al. (2009). In contrast, the low C: 
N ratio at the marine site indicated a greater proportion of autochtho-
nous OM and higher degradability of OrgC possibly of algal origin e.g. 
diatoms (Struyf et al., 2005a). 

An important source of autochthonous production in intertidal flats 
comes from microphytobenthos (Middelburg et al., 2000; Underwood 
and Kromkamp, 1999). Seasonality in microphytobenthos production 
was most pronounced in the freshwater site, which had the highest 
summer peak, while both the marine and brackish site showed a clear 
winter peak (January and February) (Fig. 4) possibly related to lower 
grazing of microphytobenthos. Photosynthetic pigments varied season-
ally by only a factor 2 to 3 between summer and winter indicating a 
relatively steady microphytobenthic production. This has been reported 
as typical of microphytobenthic communities as opposed to phyto-
plankton production with drastic seasonal fluctuations (Terai et al., 
2000). 

The highest pigment concentrations were observed in the freshwater 
site; in contrast, they were an order of magnitude lower in the brackish 
site and slightly increased again towards the marine site. Similar ob-
servations have been reported for this system in the 90’s (Kromkamp 
and Peene, 1995; Soetaert et al., 1994a) and in 2016 (Maris and Meire, 
2017). Brackish regions are characterised by a transition from fresh to 
marine species and experience more prominent salinity fluctuations 
(Fig. 2 A), which could explain the lower Chl a concentration detected in 
this part of the estuary (Kromkamp and Peene, 1995; Soetaert et al., 
1994a). The fluctuation in phytopigment concentrations was driven by 
diatoms (Fig. 4) which dominate the microphytobenthic community in 
the WS and have an increasing contribution to the community compo-
sition from upstream to downstream areas (Kromkamp and Peene, 1995; 
Maris and Meire, 2017; Muylaert et al., 2002). 

4.2. Sediment respiration 

The fate of OM in sediments is to be mineralized and recycled by 
biogeochemical processes, or to be buried over longer timescales. Daily 
sediment respiration rates (yearly average) in the dark increased from 
38.3 mmol m− 2 d− 1 in the freshwater to 66.1 mmol m− 2 d− 1 in the 
marine site (Fig. 5 A), indicating a higher benthic activity towards the 
mouth of the estuary. While in theory, both higher temperature and OM 
availability (see algal concentrations in Fig. 4) in summer may be 
responsible for the elevated respiration rates, no relationship was found 
between the respiration rates and Chl a concentration at any site. 
Instead, the seasonality of respiration closely mirrored seasonal changes 
in temperature. Temperature, rather than OM availability, seems to be 
the best descriptor of sediment respiration in the WS, as also observed in 

Fig. 6. Average daily fluxes (mmol m− 2 d− 1) of oxygen (O2) in red, dissolved 
silicate (DSi) in brown, dissolved inorganic nitrogen (DIN) in blue, and dis-
solved inorganic phosphate (DIP) in orange for the three study sites (freshwater, 
F; brackish, B; and marine, M). Yellow funnel shape represents the WS and its 
increasing salinity gradient. The dotted lines represent the sediment-water 
interface. Arrows pointing down indicate an influx, arrows pointing up an 
efflux. Image created with Adobe® Photoshop® (23.0.2 release). (For inter-
pretation of the references to colour in this figure legend, the reader is referred 
to the Web version of this article.) 
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other estuaries (Hopkinson et al., 1999; Jørgensen and Sørensen, 1985). 
The relationship between respiration and temperature was well 

described with an exponential, so-called Q10 relationship. The Q10 
values, around 3 in the brackish and marine sites indicate a tripling of 
respiration for an increase in temperature of 10◦; the value in the 

freshwater (2.5) is closer to the theoretical value of 2. The obtained Q10 
values are important parameters that quantify the dependence of OM 
degradation to temperature; and they could be used in models specu-
lating on the effect of rising temperatures on biogeochemical processes 
in the estuary. 

4.3. Porewater nutrients 

The remineralization of OM releases bioavailable nutrients that can 
be temporarily stored in pore water, transformed within the sediment, or 
released into the overlying water column (Herbert, 1999). The shape of 
the nutrient profiles is influenced by i) the rate at which OM is trans-
ported deeper into the sediment (either by advection, mixing, (bio) 
diffusion and bioturbation), ii) the reactivity of the organic matter 
(decay products of highly reactive particles do not reach large depths), 

Fig. 7. Porewater profiles of the freshwater (F), 
brackish (B) and marine (M) sites, smoothed by means 
of a cubic spline of the yearly mean (black line). 
Warmer months (June to October) are represented 
with red triangles (mean per layer) and red crosses 
(average per month). Cooler months (March to May 
and November 2019 to February 2020) are shown 
with blue circles (mean per layer) and blue crosses 
(average per month). Note x-scale differences between 
sites. Boxplots show the comparison of values in the 
top 1 cm (TC: Top cool and TW: top warm)) and 
10–14 cm (BC: bottom cool and BW: bottom warm) 
layers. (For interpretation of the references to colour 
in this figure legend, the reader is referred to the Web 
version of this article.)   

Table 2 
Yearly averaged molar ratios of DIN: DIP and DSi: DIP in the water column and 
porewater.  

Site Water column Pore water 

DIN: DIP DSi: DIP DIN: DIP DSi: DIP 

Fresh water 60 18 6 12 
Brackish 49 24 2 5 
Marine 36 19 4 10  
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iii) the intensity of mineralization or dissolution and iv) temperature, 
which directly affects bacterial mediated processes (e.g. respiration and 
remineralization) (De Borger et al., 2021). In brief, the nutrients 
released in the upper layers of the sediment can diffuse into the water 
column, but those released by dissolution and decay of OM at greater 
depth cause an increase in the concentration of nutrients such as NH4

+, 
DSi, and –to a lesser extent– PO4

3− (Fig. 7). 
All sites exhibited a gradual increase in the concentration of 

ammonium (Fig. 7 A, F and K) and a decrease in the concentration of 
NO2

− and NO3
− (Fig. 7 B, C, G, H, L and M). These dynamics are explained 

by the release of NH4
+ from OM mineralization and its conversion to NO2

−

and NO3
− via nitrification. In deeper layers of the sediment NH4

+ accu-
mulates as it is released from OM, and the concentration of NO2

− and 
NO3

− decreases as a consequence of net consumption likely by anammox 
and denitrification. 

The fresh and brackish sites (Fig. 7 D and I) showed a gradual in-
crease in the concentration of DSi. These sites are close to a salt marsh 
populated by reed (Phragmites australis), which accumulates BSi in its 
tissues in the form of phytoliths (Struyf et al., 2005b). When 
reed-derived OM is buried into the sediment, the BSi (from phytoliths) 
dissolves to form DSi (Struyf et al., 2005b) causing its accumulation at 
depth. In contrast, the DSi profile in the marine site (Fig. 7 N) showed a 
rapid increase in the upper 5 cm indicating that mineralization and 
dissolution were restricted to the uppermost layers. This suggests an 
alternative source of BSi to reed was present in this site, most likely the 
siliceous frustules of benthic diatoms (Struyf et al., 2005b). Diatom 
frustules exhibit higher dissolution rates than reed phytoliths (Loucaide 
et al., 2008) which could result in the rapid increase in DSi concentra-
tion observed in this site. The pigment analyses (Fig. 4) shows that di-
atoms are an important microphytobenthic group at all sites (Maris and 
Meire, 2017). However, the green algae Euglena sp., which does not 
accumulate BSi (Barsanti and Gualtieri, 2020), was dominant in the 
freshwater site. The main sources of DSi in the WS intertidal sediments 
are diatom frustules in all sites, and reed phytoliths in the freshwater 
and brackish sites (Struyf et al., 2005b). 

The higher concentration of PO4
3− observed in freshwater and 

brackish sediments (Fig. 7 E and J) may be associated with the sorption 
of PO4

3− to iron oxides that is promoted in areas with lower salinities 
(Jordan et al., 2008; Slomp et al., 1996). While the gradual increase in 
PO4

3− concentration over depth could either result from the P-shuttle 
transporting iron oxides downwards and desorbing PO4

3− into the anoxic 
layer as the iron oxides dissolve or from OM degradation releasing PO4

3−

(Caraco et al., 1990; Jordan et al., 2008; Slomp et al., 1996). Moreover, 
high levels of DSi in the pore water, like observed in these sites (Fig. 7 D 
and I), enhance sorption of PO4

3− to iron oxides and may increase the 
quantity of PO4

3− entering the sediment and desorbing at depth (Mayer 
and Jarrell, 2000). In contrast, the marine area exhibited a lower con-
centration of pore water PO4

3− (Fig. 6 E, J and O) which may be 
explained by the higher salinity as it reduces sorption of PO4

3− (Caraco 
et al., 1990; Jordan et al., 2008) and decreases the efficiency of the 
P-shuttle (Jordan et al., 2008). In areas with a large sulphate concen-
tration (higher salinity), the sulphide (HS− ) produced during sulphate 
reduction binds to Fe(II) as iron sulphide thereby preventing the for-
mation of FeOOH-PO4

3- compounds; and promoting the desorption of 
PO4

3− from FeOOH and its release into the water column (Caraco et al., 
1990; Jordan et al., 2008). 

All sites had sedimentary DIN:DIP ratios that were significantly 
below Redfield, suggesting that sediments either retained more PO4

3−

than DIN and/or had more efficient N compared to P removal processes. 
This was most prominent at the brackish site, where the DIN:DIP ratio 
was as low as 1.4 mol: mol at 14 cm (Appendix 1), whereas the Redfield 
ratio is 16. The proportion of DIN relative to DIP being much lower than 
the N:P ratio of the original organic matter may be a consequence of the 
build-up of PO4

3− due to desorption and release at depth, but also of the 
absence of an equivalent mechanism capturing DIN in the upper layers 
of the sediment and releasing it at depth. Nevertheless, a lower than 

Redfield N:P ratio may also arise when the DIN is more efficiently 
removed from the sediment than DIP through coupled nitrification- 
denitrification. 

4.4. Porewater seasonality 

The effect of temperature on the concentration of pore water nutri-
ents was detected up to 14 cm depth, however, fluctuations in intertidal 
muddy sediments have been observed up to 5 m deep (Beck et al., 2008; 
Harrison and Phizacklea, 1987). The concentration of NH4

+ at all sites 
doubled during the warmer months (Fig. 7 A, F and K), possibly as a 
result of higher decomposition and regeneration rates (Magni and 
Montani, 2006; Middelburg et al., 1995b) as evidenced by Q10 values. In 
contrast, the difference in the concentration of NO2

− and NO3
− between 

the warm and cool period was more subtle and seemed reversed with 
lower concentrations in warmer months versus higher in cooler months. 
While this might suggest a larger net consumption at higher temperature 
possibly associated with increased denitrification, this may be unlikely. 
Rather, a higher bottom water concentration of NO2

− and NO3
− in the 

cooler months (Fig. 3 B and C) may have directly influenced their con-
centration in pore waters (Kemp et al., 1990; Magni and Montani, 2006; 
Zhang and Huang, 2011) and a deeper O2 penetration depth in the 
winter (Sagemann et al., 1996) together with lower OM remineraliza-
tion rates may have facilitated nitrification, and thus the observed in-
crease in concentration. 

The concentration of DSi increased by more than 50% (Fig. 7 D, I and 
N) in the hotter months. Likely resulting from the increased dissolution 
of BSi with higher temperature (Kamatani, 1982; Lawson et al., 1978; 
Struyf et al., 2005b). Similar observations on increasing concentrations 
of NH4

+ and DSi with temperature have been reported in other systems 
(e.g. Kemp et al., 1990; Magni and Montani, 2006; Middelburg et al., 
1995a; Sagemann et al., 1996). 

Phosphate concentrations were also higher in the warm compared to 
the cool months, but here the difference appeared to be greatest at in-
termediate depths (~5 cm) in the freshwater and brackish site, while in 
the marine site, the fluctuations remained in the sediment surface (~2 
cm). Possibly, the effect of temperature was less prominent in the surface 
sediment because higher temperature increased bioturbation activity 
and transport of OM and PO4

3− to deeper sediments via the P-shuttle, 
which together with higher OM mineralization rates caused the release 
of PO4

3− at depth. Nevertheless, a higher temperature can also enhance 
sorption of PO4

3− onto sediment particles (Zhang and Huang, 2011), but 
salinity may be a controlling factor. 

4.5. Nutrient fluxes 

The summer peak observed for the flux of NH4
+ in the fresh and 

marine sites likely resulted from higher regeneration rates and OM 
decomposition (Magni and Montani, 2006; Middelburg et al., 1995b). 
The range of NH4

+ fluxes observed in the WS was within values reported 
for other temperate estuaries (0.67–23.47 mmol m− 2 d− 1) (Boynton and 
Kemp, 1985; Magalhães et al., 2002; Thouzeau et al., 2007). Unex-
pectedly, the ammonium flux at the brackish site was close to zero 
(Fig. 5 B), an indication of high NH4

+ consumption by nitrification in the 
sediments (Magalhães et al., 2002; Middelburg and Nieuwenhuize, 
2000; Rysgaard et al., 1999). It is unlikely that microphytobenthos 
growth would cause such a trend since i) the Chl a concentration in the 
brackish part was the lowest of all sites and ii) the yearly pigment 
fluctuation was similar to that of the marine site where there was a clear 
efflux during the summer. This, together with the large influx of nitrate 
(Fig. 5 D) is evidence of the substantial removal of bioavailable nitrogen 
due to denitrification in the brackish site. A year-round influx of NO3

−

has also been reported in the Douro River estuary (Magalhães et al., 
2002), but this is different in other estuaries (Cowan et al., 1996; 
Thouzeau et al., 2007). 

Although both the freshwater and marine sites had a year-round 
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efflux of DSi, the brackish site showed a distinctive influx of DSi in the 
spring and winter (Fig. 5 E), concurrent with the pigment peaks 
observed at that time (Fig. 4 B). It is therefore possible that this influx 
was caused by the uptake of DSi by diatoms (Hopkinson et al., 1999). 

The flux of PO4
3− in the freshwater site was generally directed into the 

sediment (Fig. 5 F), except for the three warmest months (August–Oc-
tober) when the sediment was most anoxic, and desorption was pro-
moted. It is unlikely that microphytobenthos uptake affected the influx 
of PO4

3− in the winter since the pigment concentration was lowest in that 
period. It therefore seems that sorption was the principal mechanism of 
P loss in the freshwater site. A similar PO4

3− influx has been observed in 
other freshwater sediments (Hopkinson et al., 1999), while an efflux, 
like that of the brackish and marine sites, has also been reported for 
saline sediments (Cowan et al., 1996; Thouzeau et al., 2007). 

The impact of temperature on sediment biogeochemistry was also 
clear from the nutrient fluxes (Fig. 5) that showed greater effluxes with 
higher temperatures for NH4

+ (freshwater and marine site), NO2
− (ma-

rine), PO4
3− (brackish and marine) and DSi (all stations). In contrast, 

there was an influx of NO3
− that consistently peaked in the spring rather 

than in summer (Fig. 5 D) similar trends have been discussed in Kemp 
et al. (1990). 

4.6. Nutrient retention of intertidal sediments 

To understand the role of intertidal sediments in the nutrient 
retention capacity of the Western Scheldt estuary, the nutrient budgets 
for the fresh, brackish, and marine sites obtained from this study were 
used to estimate the nutrient budgets for the whole intertidal area of the 
WS. This approach was based on that of Middelburg et al. (1996) and 
assumes that the mineralization rates obtained in the fresh, brackish, 
and marine sites are representative of each zone. 

The calculation was based on the yearly-averaged nutrient fluxes 
(Fig. 6) of DIN (NH4

+ + NO2
− + NO3

− ) and PO4
3− . These fluxes were 

converted to integrated rates and compared to inputs of total nitrogen 
(~14,000 t N y− 1) and total phosphate (~1400 t P y− 1) from tributaries 
(Scheldt, Dender, and Rupel rivers), as estimated from riverine water 
discharge (average 78 m3 s− 1) and yearly averaged nutrient concen-
trations (obtained from Flanders Environment Agency, n.d.). The total 
area of the freshwater intertidal sediments (3413 km2) was taken from 
Struyf et al. (2004), and the area of brackish (28,366 km2) and marine 
(50,271 km2) intertidal sediments was extracted from recent bathyme-
try data between − 2 and 2 m NAP. To account for the tidal regime of 
intertidal sediments (12 h emersion), the fluxes were multiplied by 0.5 
(Soetaert et al., 1992). 

Assuming an O:C ratio in mineralization rate of 1, the intertidal 
sediments remineralized a total of 10,000 t C y− 1 with 97% of miner-
alization occurring in the brackish (26%) and marine (71%) sections of 
the estuary. This illustrates that, because of their lower mineralization 
and relatively small surface area, the contribution of freshwater sedi-
ments to estuarine remineralization was negligible (only 3%). The 
estimated total mineralization was lower than that estimated for the 
beginning of the 1990′s (16,000 t C y− 1, Middelburg et al., [1996]), but 
was comparable. The difference could be attributed to changes in the 
total surface area of intertidal sediments from the 1990′s, to the 
consideration of the tidal regime in our calculation, or to the diminution 
of nutrients and OM discharging into the WS because of water quality 
management efforts. 

OM remineralization and fluxes of DIN and phosphate accounted for 
a total of ~1500 t N y− 1 and ~200 t P y− 1, and 11% of nitrogen and 15% 
of phosphorus from riverine input being removed or retained within the 
estuary (e.g. by nitrification, denitrification, sorption or burial). The 
function of each section and their contribution to nutrients retention 
resembled a three-step filter. The freshwater area functions as a first 
barrier for nutrients reaching the estuary, which despite its small area, 
was a sink of inorganic P (9.0 t P y− 1) and N (61.9 t N y− 1), as evidenced 
by the high influxes (Fig. 6). In contrast, the brackish and marine areas, 

although with a comparatively less efficient influx per meter squared 
than the freshwater site, contributed greatly to nutrient retention 
because of their greater surface area. Nutrient filtration by intertidal 
sediments is therefore evidenced as an important mechanism decreasing 
the quantity of nutrients reaching the North Sea and buffering against 
eutrophication (Sagemann et al., 1996). Similar findings on the impor-
tance of intertidal sediments for estuarine nutrient retention have been 
reported for other estuaries (Jickells et al., 2000; Liu et al., 2020; 
Magalhães et al., 2002). 

4.7. Historical overview of the state of the Western Scheldt estuary 

The WS has a history of anthropogenic influence that has caused 
eutrophication and decreased water quality that peaked during the 
1970′s (Soetaert et al., 2006; Wollast and Peters, 1978). Since then, 
sanitation schemes to restore ecosystem function and limit the influx of 
pollutants, raw sewage, and fertilizers have been implemented around 
the watershed, substantially ameliorating the water quality of the es-
tuary (Brion et al., 2015; Soetaert and Herman, 1995a). For example, the 
opening of the Brussels-North wastewater treatment plant in 2007, 
reduced nutrient loads and improved the oxygen saturation of the main 
tributary of the WS, the Rupel river (Brion et al., 2015). However, there 
has not been an assessment of the long-term effect of the wastewater 
treatment plant on the concentration of nutrients in the WS since its 
implementation. 

A comparison of the nutrient concentrations measured in the water 
column with values reported in early 2000′s (Soetaert et al., 2006), 
demonstrates significant changes in the water quality of the WS. Soe-
taert et al. (2006) already observed an improvement in the water quality 
of the WS from 1970 to 2000 regarding lower concentrations of NH4

+, 
NO2

− , DIP and DSi. While the concentration of NO3
− and PO4

3− measured 
in 2019–2020 has remained similar to values reported in 2002, the 
concentrations of the other nutrients were different to those observed in 
the beginning of the century. In the early 2000′s there was a prominent 
seaward decrease in NH4

+ concentration from the freshwater (~80 
mmol m− 3) to the marine (~6 mmol m− 3) sector (Soetaert et al., 2006). 
Currently, the freshwater (11 mmol m− 3), marine (10 mmol m− 3) and 
brackish sites (5.4 mmol m− 3) have rather similar NH4

+ concentrations. 
The largest changes since 2000, are observed in the freshwater site 
concerning NO2

− and DSi with the concentration of NO2
− decreasing from 

14 mmol m− 3 (Soetaert et al., 2006) to 3 mmol m− 3 currently, and that 
of DSi decreased from ~190 mmol m− 3 (Soetaert et al., 2006) to ~100 
mmol m− 3. The reduction of nitrite in the freshwater site might be 
associated to the prevalence of oxic conditions in the water column that 
have promoted nitrification (Cox et al., 2009; Soetaert and Herman, 
1995a; Van Damme et al., 2005). In contrast, the NO2

− concentration at 
the marine site has remained unchanged, while the concentration of DSi 
has doubled. 

The river discharge has increased over time from 70 m3 s− 1 in 2000 
(Struyf et al., 2004) to a long-term (1971–2015) mean of 120 m3 s− 1 in 
2015 (Wang et al., 2019). A higher discharge dilutes nutrient concen-
trations and would cause lower concentration values, despite the total 
nutrient loading reaching the WS (Struyf et al., 2004) being unchanged. 
However, for the period of our sampling, we obtained average discharge 
velocities of 78 m3 s− 1, so that dilution can be ruled out as an important 
factor explaining the decrease in concentration. It is more likely that the 
reduction in nutrient concentrations (NH4

+, NO2
− , and DSi) reflects the 

recovery process from eutrophication caused by better sanitation pol-
icies such as the implementation of wastewater treatment upstream. 

In summary, the processes near the sediment-water interface in 
estuarine systems depend just as much on seasonality as on the physi-
cochemical characteristics of the study site. Water column properties 
cause freshwater sites to act as an efficient trap of P and N, while the 
brackish sites efficiently remove DIN. Temperature was the principal 
factor affecting overall nutrient fluxes and pore water concentrations of 
NH4

+, DSi and PO4
3− while those of NO2

− , NO3
− were mostly influenced by 
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bottom water concentrations. The information obtained in the present 
study adds to our understanding of the complexity of biogeochemical 
interactions in estuaries and indicates an important role of intertidal 
sediments for the biogeochemistry of estuarine systems and adjacent 
seas. It is relevant for researchers addressing the effects of water treat-
ment policies on estuarine biogeochemistry, the environmental impact 
of intertidal ecosystem losses or the effects of climate change related 
stressors on benthic biogeochemistry, among others. Moreover, a posi-
tive relationship was recognised between policy and ecosystem func-
tionality restoration where the implementation of policy aimed at 
improving water quality resulted in sediments regaining their nutrient 
filter functionality which also ameliorated water quality. This infor-
mation is important for policy makers and managers as it places 
emphasis in restoring ecosystem functionality. 
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