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A B S T R A C T   

Greenhouse gas (GHG) emissions from small inland waters are disproportionately large. Climate warming is 
expected to favor dominance of algae and free-floating plants at the expense of submerged plants. Through 
different routes these functional plant types may have far-reaching impacts on freshwater GHG emissions in 
future warmer waters, which are yet unknown. We conducted a 1,000 L mesocosm experiment testing the effects 
of plant type and warming on GHG emissions from temperate inland waters dominated by either algae, free- 
floating or submerged plants in controls and warmed (+4 ◦C) treatments for one year each. Our results show 
that the effect of experimental warming on GHG fluxes differs between dominance of different functional plant 
types, mainly by modulating methane ebullition, an often-dominant GHG emission pathway. Specifically, we 
demonstrate that the response to experimental warming was strongest for free-floating and lowest for submerged 
plant-dominated systems. Importantly, our results suggest that anticipated shifts in plant type from submerged 
plants to a dominance of algae or free-floating plants with warming may increase total GHG emissions from 
shallow waters. This, together with a warming-induced emission response, represents a so far overlooked positive 
climate feedback. Management strategies aimed at favouring submerged plant dominance may thus substantially 
mitigate GHG emissions.   

1. Introduction 

Shallow, freshwater ecosystems typically represent a specific 
ecological state, characterized by the dominance of different functional 
plant types: submerged plants, phytoplankton, or free-floating plants 
(Scheffer and Carpenter, 2003; Scheffer and van Nes, 2007). Shifts be
tween these ecological states can occur rather sudden, for instance due 
to storms or water level changes (see Scheffer (1998)). These so-called 
alternative states affect primary production, biogeochemical processes, 
and important ecosystem services (Carpenter and Lodge, 1986; de 
Tezanos Pinto and O’Farrell, 2014; Hilt et al., 2017; Janssen et al., 
2021). While blooms of all primary producers can lead to anoxia under 
eutrophic conditions (e.g. Istvánovics, 2009), in mesotrophic conditions 

dominance by free-floating plants such as Lemna, for instance, typically 
leads to much lower oxygen concentrations in the water and sediment as 
compared to submerged plant and algae dominated states (Netten et al., 
2010). This is mainly due to decreased phytoplankton photosynthesis 
below the shading plant canopy, decreased diffusion of oxygen through 
the plant mats, and decaying plant matter resulting in high sediment 
oxygen demand (de Tezanos Pinto and O’Farrell, 2014). These low ox
ygen conditions potentially promote methane (CH4) emission. Shifts in 
dominance of different types of plants may therefore have far-reaching 
implications for freshwater greenhouse gas (GHG) emissions (Hilt 
et al., 2017; Li et al., 2021). Comparisons of GHG (carbon dioxide, CO2; 
CH4; and nitrous oxide, N2O) emissions between distinct alternative 
states have so far been based on a limited number of field observations, 
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and have been complicated by a range of confounding factors, such as a 
lack of standardized methods, and the omission of certain GHGs as well 
as their relevant emission pathways—such as CH4 ebullition (bubble 
flux of CH4 from sediments) (Hilt et al., 2017; Li et al., 2021). Hence, it 
remains unclear how shifts in plant dominance will affect GHG 
emissions. 

Based on the increase of individual metabolic rates it is expected that 
higher temperatures will disproportionally increase ecosystem respira
tion relative to gross primary production (Allen et al., 2005; Yvon-
Durocher et al., 2010), which may lead to a reduced net CO2 uptake. 
While some studies confirm this effect of warming (Yvon-Durocher 
et al., 2017), others do not find such an effect (Davidson et al., 2015), or 
even find a lower net CO2 efflux with warming (Davidson et al., 2015). 
These contrasting results may be due to differences in the availability of 
growth-limiting resources (e.g. nitrogen and phosphorus), food web 
structure, as well as indirect effects of temperature. The latter includes 
effects of temperature on the abundance, growth strategies, and key 
traits of the plants and microorganisms present, which may override the 
effects of temperature on the metabolic rates at the subcellular and in
dividual level (Davidson et al., 2015; Dossena et al., 2012; Hood et al., 
2018; Kraemer et al., 2017). 

Similarly, effects of temperature on CH4 emission are ambiguous. 
Although CH4 production by methanogenic Archaea (mainly in sedi
ments) tends to be temperature dependent when sufficient substrate is 
available (Fuchs et al., 2016; Marotta et al., 2014), not all CH4 reaches 
the atmosphere as part of it is subject to microbial oxidation of CH4 
(mainly in the sediment-water interface and water column) (Bastviken 
et al., 2009), a process which is also temperature dependent (Fuchs 
et al., 2016; Lofton et al., 2014; Shelley et al., 2015). Differential tem
perature effects on CH4 production and CH4 oxidation (Fuchs et al., 
2016; Lofton et al., 2014; Shelley et al., 2015) as well as 
warming-induced shifts in the microbial community (Zhu et al., 2020), 
may explain the differential effects of warming on diffusive CH4 emis
sions reported in the literature, varying from positive effects to the 
absence of effects (Aben et al., 2017; Davidson et al., 2015; Yvon-Dur
ocher et al., 2014; Zhu et al., 2020). The effect of warming on CH4 
ebullition, however, seems unambiguous, as reports so far indicate a 
strong increase with warming—provided that substrates for CH4 pro
duction are not limiting (Aben et al., 2017; Davidson et al., 2018; Del
Sontro et al., 2016). CH4 ebullition largely bypasses microbial CH4 
oxidation and is often found to be the dominant GHG emission pathway 
in inland waters (Bastviken et al., 2009). Despite this, ebullition is often 
not measured, or only measured at short time intervals (minutes to 
hours), which likely results in an underestimation of this strongly 
episodic flux (Hilt et al., 2017; Saunois et al., 2016; Wik et al., 2016). To 
date, however, most ebullition measurements have been conducted at 
unvegetated sites (e.g. Aben et al. (2017)). Furthermore, ebullition data 
recorded over a considerable temperature range are rare for systems 
dominated by submerged plants (but see Davidson et al. (2018)) and 
even more so for systems dominated by free-floating plants, possibly due 
to methodological difficulties (see Methods). Yet, these functional plant 
types can strongly modify CH4 production, consumption and trans
portation (see Bodmer et al. (2021) for an overview of the different 
processes) thereby likely leading to a differential temperature effect on 
CH4 ebullition under contrasting ecosystem states. However, although 
climate warming can increase the chances of shifts from dominance by 
submerged plants to dominance by free-floating plants or algae (Mooij 
et al., 2007; Netten et al., 2011; Peeters et al., 2013), not much is known 
about the consequences of these shifts for GHG emissions in general 
(Hilt et al., 2017) and ebullition in particular. The question therefore 
remains how dominance of different functional plant types in shallow 
lakes and ponds will affect GHG emissions and the impact of climate 
warming on these emissions. To answer this fundamental question, we 
used indoor ~1000 liter experimental ponds containing natural lake 
sediments and overlaying water, and experimentally tested in three 
consecutive years how warming (+4 ◦C; n = 4) affected year-round GHG 

emissions in the temperate climate zone under dominance of different 
functional plant types (dominance by submerged plants, Myriophyllum 
spicatum; free-floating plants, Lemna minor / Spirodela polyrhiza; or 
algae). We measured emissions of all important GHGs (i.e. CO2, CH4, 
and N2O) and the contributions of their relevant emission pathways. 

2. Materials and methods 

2.1. Experimental setup 

The experiment was conducted in eight cylindrical, stainless steel, 
indoor mesocosms called limnotrons, with a volume of 988 L, a depth of 
1.34 m and a diameter of 0.97 m (area 0.74 m2), situated at the 
Netherlands Institute of Ecology [see Verschoor et al. (2003) for details]. 
For this study, limnotrons were set up to mimic shallow, temperate 
latitude ponds and lakes with moderate nutrient concentrations: systems 
where alternative states are possible (Scheffer and van Nes, 2007). 
Starting in 2014 three states with dominance of different types of plants 
were studied consecutively, each for a full year: an algae, submerged 
plant, and free-floating plant-dominated state. Temperature treatments 
consisted of a control (n = 4), with seasonally-varying water tempera
tures typical for Dutch lakes (Fig. 2), and a warm (+ 4 ◦C) treatment, 
consistent with predicted warming by the end of the 21st century in 
North and Central Europe under intermediate anthropogenic GHG 
emissions [scenario RCP6.0 (IPCC, 2013)]. Both temperature treatments 
included a five-day midsummer heat wave (+ 4 ◦C), as heat waves are 
expected to occur more often in the future (IPCC, 2013). As we do not 
have a control for the heat wave, we refrain from speculating about its 
effects. The light/dark cycle followed Dutch seasonality, with 17 h of 
daylight in midsummer, and 8 h of daylight in midwinter. The limno
trons were emptied and cleaned for each state: soft, muddy sediment 
was collected from a nearby mesotrophic pond (51◦59′16.0′′N, 
5◦40′06.1′′E), sieved over a 5 mm mesh and homogenized by thorough 
manual mixing before adding it to the limnotrons. Approximately 75 L of 
sediment was added to each limnotron ± two weeks before the start of 
the experiment of each plant type. Sediment organic C and C:N ratios 
(Table 1) were similar to those of shallow lakes and ponds with a similar 
trophic state (Gilbert et al., 2021; Marotta et al., 2014). To maintain 
sediment characteristics as similar as possible for the different states 
while also mimicking approximate sediment conditions that correspond 
to the different functional plant types dominating the system, we used 
sediment from the above-mentioned pond for all three states. For the 
submerged plant state we mixed sediment collected the year before with 
fresh sediment (1 to 2 parts, v/v) to ensure the presence of fresh organic 
matter. For the free-floating plants state freshly collected sediment from 
the pond was mixed with sediment from the previous state (1 to 14 parts, 
v/v). Duckweed dominance is stabilized by the presence of propagules 
in the sediment (Boedeltje et al., 2005). Hence, we subsequently spiked 
(1 to 28 parts, v/v) the systems with sediment from a nearby 
duckweed-dominated ditch (51◦59′43.3′′N, 5◦38′38.7′′E). After the 
introduction of the sediment, the limnotrons were filled to the top with 
tap water. Water was circulated manually between all limnotrons for 2 
days to ensure homogeneous starting conditions. An aquarium pump 
(EHEIM compact 300; EHEIM GmbH & Co. KG, Deizisau, Germany) and 
two compact axial fans (AC axial compact fan 4850 Z; EBM-papst St. 
Georgen GmbH & Co. KG, Georgen, Germany) with an air flow of 100 
m3 h− 1 were installed above each limnotron to promote a gas exchange 
velocity typical of small lakes and ponds (see Supplementary Methods 
for details). Lastly, limnotrons were spiked with nutrients and the 
different types of plants were introduced at densities typical for the 
respective state (see below for details). Limnotrons were left to establish 
for ca. 2 weeks prior to experimental warming at temperatures of ca. 5 
(control) and 8 (warmed)◦C. Throughout the experiment, limnotrons 
were gently refilled with demineralized water once or twice per week to 
compensate for evaporative losses. 
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2.2. Plant characteristics 

For the algae-dominated state, limnotrons were inoculated with a 
phytoplankton community from the same mesotrophic pond where the 
sediment was collected, and an additional (<15%) inoculum from a 
nearby eutrophic pond (51◦59′16.3′′ N 5◦40′06.0′′ E) on 15 February 
2014. This resulted in an initial biomass of 2.2 ± 0.4 g C m− 2 (Table 1), 
typical for temperate mesotrophic freshwater bodies in spring (e.g. 
Nixdorf and Arndt (1993)). For the submerged plant-dominated state, 
the species Myriophyllum spicatum (Eurasian watermilfoil) was used, as 
this plant is a common native or naturalized species in most temperate 
climate regions (GRIN database [https://www.ars-grin.gov/npgs; veri
fied 23 January 2018]). Plants with a median length of about 80 cm 
including roots were collected from the pond the sediment originated 
from in March 2016 and carefully washed to remove macroinvertebrates 
and their eggs. We introduced five plants to each mesocosm by tying a 
pebble just above their roots to sink them to the sediment. Due to limited 
initial growth, four and six additional plants were added to each lim
notron in the same way at seven and sixteen weeks after the start of the 
experiment, respectively. This resulted in a plant density of 20 per m2 

and a total initial biomass of 9.8 ± 3.0 g C m− 2 (Table 1; 11–31 g dry 
weight m− 2, approximately 140 g fresh weight (FW) per limnotron, PVI 
< 1%), which represents a typical spring situation in temperate 
M. spicatum stands (e.g. Tóth and Herodek (2011)). Biomass of added 
submerged macrophytes was estimated using photographs of the plants 
added to each limnotron and converting the plant surface area on the 
photo to a dry weight biomass as explained in Fig. S1. For the 
free-floating plant-dominated state, a community of duckweed species 
(mainly Lemna minor & Spirodela polyrhiza) was collected on 19 April 
2016 from an agricultural ditch (in Ysselsteyn, the Netherlands) and 
introduced to the limnotrons. The mentioned duckweed species are 
native and common free-floating plants in most temperate climate re
gions (Hussner (2012) & GRIN database [https://www.ars-grin.gov/n 
pgs; verified 23 January 2018]). Directly after collecting, the duck
weed was carefully sieved (mesh size 0.85 mm) and washed to remove 
litter as well as macroinvertebrates and their eggs. We then introduced 
500 g FW of duckweed to each limnotron, which resulted in 100% 
surface cover which is typical for temperate waterbodies dominated by 
duckweed (e.g. Kazanjian et al. (2018a)). Throughout the year, the 
community was dominated by Lemna minor and Spirodela polyrhiza. The 

Table 1 
Annual means ± standard deviations of ebullition as percentage of total CH4 flux, oxygen, oxygen saturation, dissolved CH4, major nutrients, sediment 
organic C:N, sediment organic C, sedimentation rates, added plant biomass and harvested biomass for each of the three plant-dominated states and their 
treatments. n = 4 on all instances. Each n represents the annual average value of the respective variable per limnotron. Annual averages of time series concentration 
data (O2, dissolved CH4 and nutrients) were calculated by dividing the area under the curve—calculated using numerical integration with Simpson’s rule (function 
sintegral of package ‘Bolstad2’ (Curran, 2013)—by the number of sampling days of each timeseries.  

State Sediment Org-C:N 
(atomic)c 

Sediment Org-C 
(%)c 

Ebullition as % of total 
CH4 flux(control) 

Ebullition as % of total CH4 

flux (+4◦C warmed) 
Oxygen (mg 
L¡1)a(control) 

Oxygen (mg 
L¡1)a(+4◦C 
warmed) 

Submerged 
plant 

13.7 ± 1.7 4.0 ± 1.6 57.9 ± 5.9 72.6 ± 6.0 9.04 ± 0.75 8.88 ± 1.07 

Free-floating 
plant 

12.8 ± 0.4 3.5 ± 0.6 80.3 ± 12.1 93.1 ± 5.4 1.51 ± 0.61 1.53 ± 0.17 

Algae 12.8 ± 0.4 1.4 ± 0.1 90.2 ± 2.8 94.9 ± 0.8 8.15 ± 0.49 8.42 ± 1.30 
State Oxygen saturation 

(%) 
(control) 

Oxygen 
saturation (%) 
(+4◦C warmed) 

CH4 (µg L¡1)b 

(control) 
CH4 (µg L¡1)b 

(+4◦C warmed) 
NH4-N (µg L¡1) 
(control) 

NH4-N (µg L¡1) 
(+4◦C warmed) 

Submerged 
plant 

79.8 ± 7.4 86.4 ± 9.6 16 ± 1 17 ± 6 57 ± 17 53 ± 14 

Free-floating 
plant 

14.5 ± 6.0 17.3 ± 2.0 184 ± 117 65 ± 18 464 ± 55 597 ± 290 

Algae 74.3 ± 4.6 83.8 ± 13.4 20 ± 8 15 ± 2 446 ± 106 376 ± 227 
State NO3-N (µg L¡1) 

(control) 
NO3-N (µg L¡1) 
(+4◦C warmed) 

PO4-P (µg L¡1) 
(control) 

PO4-P (µg L¡1) 
(+4◦C warmed) 

Sedimentation (mg C 
m¡2 d¡1)d 

(control) 

Sedimentation 
(mg C m¡2 

d¡1)d 

(+4◦C warmed) 
Submerged 

plant 
78 ± 12 69 ± 9 25.1 ± 0.4 25.0 ± 0.3 382 ± 82 598 ± 202 

Free-floating 
plant 

442 ± 473 471 ± 53 127.7 ± 44.2 118.8 ± 22.6 611 ± 146 720 ± 157 

Algae 262 ± 61 327 ± 120 5.7 ± 0.4 6.3 ± 0.6 156 ± 32 178 ± 78 
State Added biomass (g C 

m¡2)e,f 
Final biomass (g C m¡2)g 

(control) 
Final biomass (g C m¡2)g 

(+4◦C warmed)   
Submerged 

plant 
9.8 ± 3.0 12.8 ± 5.1 24.7 ± 3.2   

Free-floating 
plant 

35.0 ± 0.1 60.6 ± 5.6 51.8 ± 23.1   

Algae 2.2 ± 0.4 3.5 ± 2.9 3.8 ± 5.1    

a Values represent averages of water column depth profile measurements taken throughout the year around noon. 
b Concentrations correspond to the upper 10 cm of the water column measured multiple times per year. 
c Sediment was sampled at the start of each experiment. Since starting conditions were similar for treatments, we did not differentiate between control and warm 

treatment. 
d Assessed during the first 6 months of the experiments. 
e Since starting conditions were similar for treatments, we did not differentiate between control and warm treatment. 
f C of added submerged plant biomass was calculated by multiplying the estimated dry weight of added submerged plant matter by their carbon content after harvest 

(Velthuis et al., 2018). Total C of added free-floating plant biomass was determined by multiplying the measured wet weight (WW) of added plant biomass by the dry 
weight:wet weight (DW:WW) ratio determined after harvest. Subsequently, the calculated DW was multiplied by the measured C fraction of the plants (determined 
after harvest). C in added algae biomass was determined by multiplying the measured sestonic C content of a filtered water sample (Velthuis et al., 2017) at the start of 
the experiment by the volume of the water column. These numbers were divided by the limnotron surface area to obtain values in g C m− 2. 

g Harvested at the end of the experiment. 
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cold water at the start of the experiment combined with the thin plant 
mat likely delayed the onset of low-oxygen conditions and related 
nutrient release (de Tezanos Pinto and O’Farrell, 2014), thereby 
hampering duckweed growth. To overcome this growth constraint and 
to hasten the development of hypoxic conditions, we added extra 
biomass (600 g FW) to each limnotron on day of year (DOY) 29. During 
the second half of the experiment, we experienced a large die-off of 
free-floating plants due to infection by Cataclysta lemnata larvae (also 
known to occur in systems outdoors [e.g. Arts et al. (2001)]). To 
compensate for this we re-introduced biomass (400 g FW) to each lim
notron on DOY 211. Total C added to each limnotron via biomass 
introduction was 35.0 ± 0.1 g C m− 2 (Table 1). Throughout the exper
iment, duckweed covered on average 90 (63–100)% of the surface in the 
control and 94 (50–100)% in the warm treatment [mean (min–max)]. 

2.3. Temperature, light & nutrients 

Water temperature was directly thermostat-regulated (± 0.2 ◦C), 
using a custom made climate control system running on SpecView 
software (SpecView 32/859, SpecView Ltd.), and containing active 
heating and cooling elements, and PT100 temperature sensors at depths 
of 0.5 and 1.0 m. Water temperature was logged at intervals of 1 min by 
the climate control system and was additionally checked throughout the 
experiment during regular depth profile measurements of oxygen, light, 
temperature, and pH. Oxygen, temperature, and pH were measured 
using a multi-parameter meter (HQ40d, Hach, Loveland, CO, USA) 
equipped with a luminescent/optical dissolved oxygen (LDO) probe 
(IntelliCAL LDO101) and a pH probe (PHC10105). Light intensity was 
measured using a UW Quantum light sensor (LI-COR Environmental 
GmbH, Bad Homburg, Germany). For each limnotron, light was pro
vided by two HPS/MS lamps (CDM-TP Elite MW 315–400 W, AGRI
LIGHT B.V.), resulting in a constant incident light intensity of 160 ± 40 
(PAR; mean ± s.d.) µmol photons m− 2 s− 1. Limnotrons were spiked with 
nutrients at the start of each experiment, to reach start concentrations of 
4.2 ± 0.8, 0.2 ± 0.1, and 4.3 ± 1.0 mg L− 1 of NO3

− , PO4
3− , and Si, 

respectively. These concentrations both fall within the overlapping 
ranges of a mesotrophic and eutrophic state according to the quantita
tive lake classification tables of Vollenweider and Kerekes (1980). We 
chose these concentrations as they allow for phytoplankton, submerged 
macrophyte as well as floating plant dominance. Minor nutrient losses 
through sampling were recorded and compensated for by weekly 
nutrient additions. To determine concentrations of dissolved nutrients in 
the surface water, 10 mL of water sample was filtered over a prewashed 
(100 mL distilled water) glass microfiber filter (Whatman GF/F, Maid
stone, UK) and stored at − 20 ◦C until analysis. Prior to analysis, samples 
were slowly thawed at 5 ◦C. Concentrations of ammonium (NH4

+), ni
trate (NO3

− ), and phosphate (PO4
3− ) were measured on a QuAAtro39 

AutoAnalyzer (SEAL Analytical Ltd., Southampton, UK). Sediment pore 
water was sampled anaerobically using 60 mL vacuum syringes con
nected to Rhizon pore water samplers (Rhizon MOM, 0.15 μm pore size; 
Rhizosphere Research Products, Wageningen, The Netherlands) 
installed in the upper 10 cm of the sediment. The first 10 mL was dis
carded to enable anaerobic sampling. Samples were stored at − 20 ◦C 
until further analysis. Pore water concentrations of PO4

3− , NO3
− and NH4

+

were measured colorimetrically with an Auto Analyzer 3 system 
(Bran+Luebbe, Norderstedt, Germany), using ammonium molybdate 
(Henriksen, 1965), hydrazine sulfate (Kamphake et al., 1967) and sa
licylate (Grasshoff and Johannsen, 1972), respectively. Total inorganic 
nitrogen (N) was determined by summing the ammonium (NH4

+) and 
nitrate (NO3

− ) concentrations. Dried plant biomass was ground to a fine 
powder on a microfine grinder (MF 10 basic; IKAwerke, Staufen, Ger
many). C and N content was analyzed on a FLASH 2000 NC elemental 
analyzer (Brechbuehler Incorporated, Interscience B.V., Breda, The 
Netherlands). Phosphorus content was determined by combustion of 
plant biomass in a Pyrex glass tube at 550 ◦C for 30 min (Murphy and 
Riley, 1962). Subsequently, 5 mL of persulfate (2.5%) was added and 

samples were autoclaved for 30 min at 121 ◦C. Digested P (as ortho
phosphate) was measured colorimetrically on a QuAAtro39 Auto-
Analyzer (SEAL Analytical Ltd., Southampton, UK). 

2.4. Ebullitive fluxes 

Throughout the experiment, CH4 release via ebullition was deter
mined by continuous collection of gas bubbles from the sediment, using 
custom made bubble traps. Bubble traps consist of an inverted funnel (ID 
15.2 cm) connected to a water-filled glass container via an 80 cm long 
tube (ID 10 mm). Each limnotron contained two bubble traps, with 
funnels being approximately 50 cm under the water surface. Gas filled 
glass containers were collected (and immediately replaced by new ones) 
a total of 10, 13, and 13 times during the submerged plant, free-floating 
plant, and algae dominated states, respectively, always before being 
completely filled with gas. The deployment time of glass containers 
before being replaced depended on the ebullition rate and ranged from 
11 to 89 (median: 25), 7 to 64 (median: 18), and 8 to 65 (median: 21) 
days in the submerged plant, free-floating plant, and algae dominated 
states, respectively. After collection, the volume of gas was determined 
by subtracting the weight of each bottle from the pre-determined full 
filled-weight (i.e., bottle completely filled with water). CH4 concentra
tions in the gas were measured on an HP 5890 gas chromatograph 
equipped with a Porapak Q column (80/100 mesh) and a flame ioni
zation detector (Hewlett Packard, Palo Alto, CA, USA). The amount of 
gaseous CH4 in each bottle was determined by multiplying the CH4 
concentration (Cgas) by the volume of gas (Vgas). The CH4 in the bottles 
was assumed to be in equilibrium with the water phase. Hence, the 
amount of CH4 dissolved in the water (Cwater * Vwater) was calculated 
using Henry’s law and its solubility constant for CH4, taking the 
respective water temperature into account (Sander, 2015). The total 
amount of CH4 in each bottle was calculated by summing the aqueous 
and gaseous content and divided by funnel surface (A) and time (Δt) to 
calculate CH4 ebullition per square meter (Eq. (1)): 

n CH4 =

(
Cgas*Vgas

)
+ (Cwater*Vwater)

Δt*A
(1) 

The CH4 content of collected ebullitive gas was on average 45 
(0–91)%, 76 (0–99)%, and 57 (0–95)% (min–max) for the submerged 
plant, free-floating plant, and algae dominated states, respectively. Gas 
volume in glass containers was checked on several occasions before and 
after diffusive flux measurements to assess whether measurements 
triggered bubble release. We observed no effect. Prior to the harvest of 
submerged plants, random plant stems were broken and evolving gas 
bubbles were captured by enclosing the stem with inverted, water-filled 
12 mL gas-tight vials (Exetainer®, Labco, Lampeter, UK). Subsequently, 
CH4 concentrations of captured gas were determined as described 
above. Estimating CH4 ebullition in free-floating plant dominated sys
tems is not straightforward, as part of the evolved bubbles are trapped 
under dense free-floating plant mats. Based on plant cover and the 
empirical relationship reported in Kosten et al. (2016) we assumed that 
in our systems 20% of measured ebullition was trapped. We therefore 
reduced the ebullitive flux measured below the free-floating plants with 
20% to get an estimate of the ebullitive emission to the atmosphere. CH4 
from trapped bubbles may partially dissolve and can be consumed by 
microbes in the aerobic rhizosphere of the free-floating plants (Kosten 
et al., 2016). 

2.5. Diffusive greenhouse gas fluxes 

Diffusive fluxes of CH4 and CO2 were measured using an acrylic, 
cylindrical, transparent chamber (ID 29.2 cm) connected in a closed 
loop to a greenhouse gas analyser (GGA). During the first six months of 
the algae-dominated state, CH4 concentrations were measured using 
Off-Axis Integrated-Cavity Output Spectroscopy GGA (model GGA-24r- 
EP, Los Gatos Research), while CO2 concentrations were determined 

R.C.H. Aben et al.                                                                                                                                                                                                                              



Water Research 226 (2022) 119251

5

from pH, temperature, and dissolved inorganic carbon measurements 
(see following paragraph). All measurements of N2O, CH4 and CO2 
thereafter were conducted using a wavelength-scanned Cavity Ring- 
Down Spectroscopy GGA (model G2508, Picarro). Both devices 
measured at 1 Hz intervals and yielded similar results in a post- 
experiment comparative test, ensuring no analyser-related bias. Mea
surements of 3–5 min were performed in triplicate and were repeated 
when influenced by ebullition (evidenced as an abrupt concentration 
increase). In between measurements, the chamber was ventilated with 
ambient air. Diffusive fluxes were typically measured every 2–4 weeks 
(dominance by submerged and free-floating plants) and every 2 weeks 
(dominance by algae) during the pre-heat wave period, and every 4–5 
weeks during the post-heat wave period. In all cases, additional mea
surements were performed in the week before, during, and after the heat 
wave. The slope of the relationship between gas concentration and time 
was used to calculate fluxes (DelSontro et al., 2016) (Eq. (2)): 

F =
V
A

*slope*
P*F1*F2

R*T
(2)  

where F is the gas flux (g m− 2 d− 1), V is chamber headspace volume (m3; 
measured during the measurement) and A is chamber surface area (m2), 
slope is the slope of the relationship between the GHG concentration and 
the time (ppm second− 1); P is atmospheric pressure (Pa); F1 is the molar 
mass of the respective GHGs: CO2 (44.01), N2O (44.01) or CH4 (16.04) 
(g mol− 1); F2 is the conversion factor of seconds to days; R is the ideal 
gas constant 8.3145 (m3 Pa K− 1 mol− 1); T is the water temperature (K). 

In the free-floating plant-dominated state, deployment of the floating 
chamber during warm periods with high ebullition led to an initial peak 
in CH4 concentration (even in replicate measurements) followed by a 
strong, linear increase over the following minutes. Only the latter was 
used to calculate the diffusive flux. Both the initial peak as well as the 
large magnitude of the diffusive flux are likely caused by the release of 
CH4 from trapped bubbles under the plant mats (as described above). 
Although part of this gaseous CH4 may have diffused to the atmosphere 
also without the disturbance of the floating chamber deployment we 
subtracted the fraction of ebullition estimated to be retained under the 
plant mats (described above) from the measured diffusive flux. We argue 
that we hereby obtained a conservative estimate of the diffusive CH4 
flux, as under natural conditions, wind and animals (e.g. birds & fish) 
can displace floating plant mats, which would further enhance CH4 
emissions to the atmosphere. 

Diffusive fluxes were always measured at the end of the day as well 
as at the end of the night period to capture expected minimum and 
maximum fluxes of CO2, respectively. Mean diel fluxes of CH4 and CO2 
were calculated as a weighted average of the light and dark period 
fluxes, based on day- and nighttime length. Limnotrons were always 
measured in random order to avoid potential bias by time- or order- 
related effects. A leakage test was performed on each measurement 
day to ensure no leakage was present in the closed-loop system. To this 
end, the chamber base was sealed to a flat surface using Terostat IX 
(Teroson). The opening at the top of the chamber was then closed with a 
cap containing a septum through which methane was injected. A CH4 
concentration of approximately 15 ppm was then used to check for 
leakages over a 20–30 min period. No leakages were detected. 
Throughout the experiment, we observed no emission of N2O except for 
day 196 of the experiment, where N2O emission was observed in a 
control mesocosm of the algae-dominated state (4.8 mg N2O m− 2 d− 1). 
Hence, N2O emission was of trivial importance for the overall GHG 
emissions and therefore not included in our analyses. 

2.6. Calculated CO2 water-atmosphere fluxes 

Though the majority of diffusive CO2 fluxes were measured using a 
GGA (as discussed above), this was not possible during the first six 
months of the experiment with algae as the dominant primary producer, 

due to a malfunctioning CO2 sensor in the Los Gatos GGA. During this 
period, we determined CO2 fluxes as follows (Eq. (3)): 

F = k
(
Csur − Ceq

)
(3)  

where F is the flux (mg CO2 m–2 d–1), k is the piston velocity (m d–1), and 
Csur and Ceq are surface water and air-equilibrium CO2 concentrations 
(mg CO2 m− 3) Cole et al., 2010), respectively. Piston velocity (as kO2) 
was empirically determined at temperatures of 8.5, 16.5 and 24.5 ◦C in 
an additional limnotron that did not contain sediment, using deoxy
genated water (after Tribe et al. (1995). The data of these experiments 
can be found in Fig. S2 Standardizing these k measurements (by 
respective Schmidt numbers and an exponent n of − 0.67 for low-wind 
systems (Cole et al., 2010; Wanninkhof, 2014)) resulted in a k600 of 
0.43 ± 0.03 m d− 1 (mean ± s.d.; Fig. S3), which is typical for small lakes 
and ponds (Holgerson and Raymond, 2016). Csur was calculated from 
measurements of dissolved inorganic carbon (DIC), pH, temperature, 
and dissociation constants of carbonic acid in pure water (Millero et al., 
2006) according to the equations in Table 4.2 of Stumm and Morgan, 
1996. Ceq was calculated using Henry’s law and its solubility constant 
for CO2 (after Sander (2015)), taking the respective water temperatures 
into account and assuming an atmospheric CO2 fraction of 400 ppm. At 
high pH the chemical reaction of CO2 with OH− in the water-atmosphere 
boundary layer can significantly increase the mass transfer of CO2 from 
the air to the water, a process referred to as ‘chemical enhancement of 
CO2 exchange’ (Bade and Cole, 2006). Chemically enhanced diffusion 
was taken into account by, in case of CO2 uptake, multiplying k by a 
chemical enhancement factor (β) which depends on pH, temperature, 
and k itself, following Eqs. (4)–((6) in Bade and Cole (2006). Also, for 
each calculation of F, k was adjusted for water temperature at time of 
DIC sampling (Cole et al., 2010; Wanninkhof, 2014). Minimum and 
maximum CO2 fluxes were calculated using pH measurements at the end 
of the light and end of the dark period. The mean diel flux of CO2 was 
calculated as a weighted average of the light and dark period fluxes, 
based on day- and nighttime length. The reliability of this method was 
verified later in the experiment, when CO2 fluxes measured by the Pic
arro GGA were compared with fluxes calculated from 10 cm deep DIC, 
temperature, and pH measurements, taken directly after the Picarro 
GGA measurements. There was a strong relationship between data of the 
two methods (R2 = 0.96) (Fig. S4). The regression of this relationship 
was used to adjust the calculated CO2 fluxes for standardization. 

2.7. Dissolved inorganic carbon 

Samples for DIC were carefully collected (to prevent gas exchange) 
once a week and stored in 3 mL non-evacuated gas-tight vials (Exe
tainer®, Labco, Lampeter, UK) at 4 ◦C. DIC was measured within 24 h 
after sampling by injecting a 0.2 mL sample in a closed glass chamber 
containing 0.2 M H3PO4 solution, converting the DIC into CO2. Subse
quently, a continuous flow of N2 gas transported the CO2 to an AO2020 
Continuous Gas Analyser (ABB, Zürich, Switzerland). A calibration 
curve was made by injecting different volumes (0.1–1.0 mL) of 1.25 mM 
HCO3

− solution in order to convert raw instrument output to DIC mass. 

2.8. Sedimentation 

Each month, sedimentation was determined by installing custom- 
made tube-shaped sedimentation traps (9 cm diameter, 19 cm height, 
1.1 L volume) at 1 m depth below the water surface in the center of the 
limnotron for 3 days. Contents of the sedimentation trap (i.e., sedi
mented material and sestonic particulate organic carbon (POC) in the 
water inside the trap) were subsequently filtered using pre-washed GF/F 
filters (Whatman, Maidstone, UK), dried overnight at 60 ◦C, and stored 
dry and dark for elemental analysis. During collection of the sedimen
tation traps, surface water was sampled using a 1 m long tube sampler in 
the center of the limnotron and analysed as described above to correct 
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for sestonic POC (<220 μm). Sedimentation rates were calculated as the 
amount of sedimented POC (corrected for sestonic POC present inside 
the traps) divided by the deployment time of the sedimentation traps. 
Finally, the amount of sedimented organic carbon was calculated as the 
area under the curve of these sedimentation rates. 

2.9. Sediment analyses 

Homogenized sediment samples were oven dried for 2 days at 70 ◦C. 
Subsequently, a Mixer Mill MM 400 (Retsch GmbH) was used to grind 
the dried sediment samples. 25 mg of fine grind sediment was weighed 
in silver capsules and exposed to repeated additions of 10 µL of 25% HCl 
to remove carbonates (Nieuwenhuize et al., 1994). Samples were then 
analysed for organic carbon and nitrogen content using an NA 1500 
elemental analyser (Carlo Erba). 

2.10. Plant abundance 

Submerged plant abundance was measured by weekly PVI (Percent 
Volume Infested) estimates, where plant height was measured with a 
ruler and cover% was visually estimated. PVI of Myriophyllum spicatum 
was then calculated according to Canfield Jr et al. (1984) (Eq. (4)): 

PVI =
plant cover*plant height

water colum depth
(4) 

Duckweed cover% was estimated by eye, typically every 4 weeks. 

2.11. Statistical analyses 

Statistical analyses were carried out using Python and the R software 
environment (R-Core Team 2019). To estimate total GHG emissions for 
each ecological state, we summed CH4 ebullition and diffusive water- 
atmosphere CH4 and CO2 fluxes as CO2 equivalents, using a global 
warming potential (GWP) of 34 for CH4 fluxes, corresponding to the 
radiative forcing over a 100-year time horizon (IPCC, 2013). Annual 
average CH4 ebullition was calculated by summing CH4 ebullition 
measured during each bubble collection period and dividing it by the 
number of days between start and end of bubble collection monitoring in 
that respective year (i.e. day of year [DOY] 1–336, 2–337 and 1–326 for 
algae, submerged plant and free-floating plant dominated systems, 
respectively). Measured diffusive fluxes of CH4 and CO2 were linearly 
interpolated between each measurement day (starting at DOY 5, 4, and 
4, and ending at DOY 336, 332, and 325 for algae-, submerged plant- 
and free-floating plant-dominated systems, respectively) to obtain an 
estimate for each day. We then averaged these daily estimates to obtain 
an annual average daily flux estimate. The effect of experimental 
warming on annual daily GHG fluxes was analyzed using estimation 
statistics [Python package DABEST (Ho et al., 2019)]. 

To describe the temperature dependency of CH4 ebullition for each 
system, we used a modified Arrhenius equation (Eq. (5)): 

ET = E20*θ(T − 20)
s (5)  

where ET is the ebullition rate in mg CH4 m− 2 d− 1, at temperature T (◦C), 
E20 is the ebullition rate in mg CH4 m− 2 d− 1 at 20 ◦C, and θs is the overall 
system temperature coefficient (dimensionless) (Kadlec and Reddy, 
2001; Veraart et al., 2011). 

The modified Arrhenius expression was fitted on the data using the 
Levenberg-Marquardt nonlinear least-squares algorithm [function nlsLM 
from the R package minpack.lm (Elzhov et al., 2022)]. Despite its lim
itations at the lower and upper end of the temperature range, the 
modified Arrhenius expression is a useful and often-applied method of 
determining temperature dependencies of ecological and microbiolog
ical processes (Aben et al., 2017; Kadlec and Reddy, 2001; Veraart et al., 
2011). 

We used linear mixed-effects models (LMMs) to investigate the effect 

of different sets of predictors on water-atmosphere greenhouse gas 
fluxes. Here, limnotron and sampling date were included as crossed 
random effects on the intercept to account for repeated measurements in 
individual limnotrons (l) and across days (d), as below (Eq. (6)): 

Yld = β0 + L0l + D0d + β1X1d + β2X2d + . . .+ βMXM + εld (6) 

Models were fitted with the lmer function from the R package lme4 
(Bates et al., 2015), using maximum likelihood (ML). We used the dredge 
function (R package MuMIn (Bartoń, 2022)) to test models with all 
possible predictor combinations and ranked them by AICc-based model 
weight (Burnham and Anderson, 2002). To meet assumptions of line
arity, homoscedasticity, and normality of residuals, fluxes were log- or 
square root transformed when necessary. To deal with mismatching 
predictor data due to different sampling dates, we linearly interpolated 
data using the na.approx function of the R package zoo (Zeileis and 
Grothendieck, 2005) for R, to obtain predictor data at dates of gas flux 
measurement. Values for ebullition represent average emissions of 
specific periods of bubble trap deployment (as explained earlier). To 
obtain predictor data that matched these ebullition measurements, we 
averaged the interpolated predictor data for each period of bubble trap 
deployment. 

3. Results & discussion 

3.1. CH4 ebullition 

CH4 ebullition was the most important GHG emission pathway in
dependent of the dominant plant type when considering both CO2 and 
CH4 emissions in CO2-equivalents (Fig. 1a-c). Considering CH4 alone 
(diffusion and ebullition), the share of ebullition ranged from 53% to 
over 99% (Table 1), which is similar to the range reported for shallow 
lakes and ponds measured globally (Zheng et al. (2022) and references 
therein). Annual average CH4 ebullition rates were 9.3, 38.3 and 78.4 
mg CH4 m− 2 d− 1 under dominance of submerged plants, algae and 
free-floating plants, respectively (Fig. 1a), and are in the middle of the 
range measured in ponds in different climate zones around the world 
(Zheng et al., 2022). The effect size of experimental warming on annual 
CH4 ebullition (as the absolute treatment difference) was much larger in 
the algae and free-floating plant-dominated systems than in those 
dominated by submerged plants (Fig. 1a). The relative effect of experi
mental warming was strongest in the submerged plant-dominated sys
tems, where mean annual CH4 ebullition was on average almost twice as 
high in the experimental warming treatment as in the control. The effect 
size in systems with submerged plants, however, has a confidence in
terval close to the zero-effect line, indicating that the effect of experi
mental warming on ebullition is not as evident as in the algae and 
free-floating plant-dominated systems (Fig. 2& Table S1). The absolute 
increase in CH4 ebullition with increasing seasonal temperature was also 
much higher under dominance by either algae or free-floating plants 
than by submerged plants (Fig. 2& Fig. 3). CH4 ebullition at 20 ◦C, as 
modelled by fitting an Arrhenius equation to our data, was highest for 
the free-floating plant-dominated state, followed by, respectively the 
algae-dominated and submerged plant-dominated state (Fig. 3). In all 
systems, CH4 ebullition increased exponentially with warming which is 
in accordance with what has been found in—mostly unvegetated 
sites—in natural systems (Aben et al., 2017). Notably, however, ebul
lition started to increase at considerably higher temperatures in the 
submerged plant-dominated state than in the other states, resulting in a 
system temperature coefficient (θs) increasing from free-floating to algae 
to submerged plant-dominated states. 

Although we took care to make sediment conditions largely equal 
(with the bulk sediment being harvested from the same source and 
ensuring near equal C:N ratio’s) for the three functional plant types, 
small between-plant-treatment sediment variability may explain part of 
the difference in ebullition between the plant types. However, given that 
the increase in sediment mineralization with temperature is remarkably 
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consistent for a wide range of sediments (Cardoso et al., 2014) and given 
the large plant effect on oxygen conditions and sedimentation rates in 
our setup (Table 1), we argue that a large share of the temperature effect 
on ebullition in our systems can be explained by the differential effects 
the dominant plant types have on carbon processes. Moreover, while 
sediment organic C was lower under algae dominance than under sub
merged plant dominance at the onset of the experiment (Table 1), CH4 
ebullition was much higher under algae dominance (Fig. 1). This further 
supports the notion that primary producer traits govern CH4 ebullition. 

The amount of biomass needed to establish an algae, submerged 
plant or free-floating plant dominated system varied (Table 1). Our 
findings, however, suggest that this did not explain the observed dif
ferences in CH4 ebullition rates. For instance, while the algae-dominated 
systems had the lowest added biomass as well as the lowest final biomass 
and lowest carbon sedimentation rates (Table 1), they exhibited higher 
CH4 ebullition rates than the submerged plant-dominated systems 

(Figs. 1, 2). In addition, while the carbon sedimentation rates in the free- 
floating plant-dominated systems and submerged plant-dominated sys
tems were considerably higher than those in the algae-dominated sys
tems (Table 1), the CH4 ebullition rates between the free-floating plant- 
dominated and submerged plant-dominated systems deviated much 
more from each other than from the algae dominated systems (Figs. 1, 
2). Also, when we normalize the average annual CH4 ebullition for the 
amount of biomass (in grams of C) added to the systems we find that 
emissions for the submerged plant dominated systems are lowest and 
those for algae are highest (Fig. S5). These findings substantiate that 
primary producer traits strongly impact CH4 production and consump
tion, and consequent CH4 emissions, overruling effects of biomass. 
Lower ebullition rates in systems dominated by submerged plants may 
be explained by several mechanisms. First, radial oxygen loss (ROL) by 
the roots of submerged plants can oxidize the rhizosphere and thereby 
curtail CH4 emission by stimulating CH4 oxidation and inhibiting CH4 

Fig. 1. The effect of 4 ◦C warming on annual mean (a) CH4 
ebullition and (b) water-atmosphere CH4 diffusion, and (c) CO2 
diffusion, in systems dominated by different functional plant 
types. The top panel of each Cumming plot (Ho et al., 2019) 
shows the annual average flux for each mesocosm in the con
trol (c) and +4 ◦C warming (w) treatment (n = 4) of the sub
merged plant (SP), free-floating plant (FFP) and algae (A) 
dominated state. To the right of each group are summary 
measurements (mean ± standard deviation), drawn as gapped 
lines. Each bottom panel shows the effect size as the mean 
treatment difference (w minus c) and its 95% confidence in
terval, displayed as a point estimate and vertical bar, respec
tively. The curve indicates the resampled distribution of the 
mean difference, given the observed data (5000 nonparametric 
bootstrap resamples). All values are expressed as CO2 equiva
lents (CO2 eq.). Positive CO2 fluxes indicate that mesocosms 
were sources of CO2 to the atmosphere, whilst negative fluxes 
denote they were sinks. For the free-floating plant-dominated 
state, diffusive and ebullitive CH4 emissions were corrected for 
effects of plant-related bubble trapping (see Methods for 
details).   
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Fig. 2. CH4 ebullition for the control and the warm (+4 ◦C) mesocosms under dominance of submerged plants, free-floating plants, and algae, respectively. Left: Red 
circles and lines (arithmetic mean) denote warm treatment, black ones denote control. Each dot represents the mean CH4 ebullition (as the average of two bubble 
trap measurements per mesocosm) for a given bubble trap deployment period of a given mesocosm. Upper lines denote water temperature for the control (black) and 
warm treatment (red). Peak temperatures represent a heat wave (+4 ◦C) that was applied to both treatments. Ebullition for the free-floating plant-dominated state 
represents raw data, not corrected for effects of plant-related bubble trapping (see Methods for details). Right: Gardner-Altman plots (Ho et al., 2019) showing annual 
average CH4 ebullition for each mesocosm in the control (c) and +4 ◦C warming (w) treatment of each ecosystem state. The effect size (the mean treatment dif
ference: w minus c) and its 95% confidence interval is displayed as a point estimate and vertical bar, respectively, on a separate but aligned axis. The curve indicates 
the resampled distribution of Δ, given the observed data (5000 nonparametric bootstrap resamples). The annual mean CH4 ebullition for the free-floating plant-
dominated state was corrected by 20% for plant-related bubble trapping (see Methods for details). 
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production (Calhoun and King, 1997; Dullo et al., 2017; Li et al., 2021). 
Myriophyllum spicatum, the species used in our experiment, has a high 
sediment-oxygenating potential (Mermillod-Blondin et al., 2008), with 
the intensity of its ROL mainly determined by oxygen concentration in 
the water column and redox condition and microbial oxygen demand in 
the sediment (Laskov et al., 2006). Indeed, our analyses show that both 
water column oxygen concentration and plant abundance (as PVI) were 
selected as important predictors that negatively affect ebullition and 
thus explain the emission patterns observed in our experiment (Table 
S2), which is in line with earlier observations (Davidson et al., 2018). 
Clearly, plant abundance does not necessarily reflect plant metabolic 
activity and ROL intensity. In our experiment a decline in PVI was 
preceded by peak ebullition rates (occurring at the highest temperatures 
in the warm treatment, see upper panel Fig. 2; see Velthuis et al. (2018) 
for PVI dynamics). This suggests that when plant conditions deteriorate 
(leading to a decline in PVI), so does the regulation effect of plants on 
CH4 ebullition. We speculate that warming did not only have a direct 
effect on ebullition via enhanced CH4 production, but that at the highest 
temperatures also a decrease in ROL occurred leading to less CH4 
oxidation. The presumed combined warming effects could also explain 
the high system temperature coefficient (θs) in the submerged plant 
treatment (Fig. 3). Second, transport of CH4 through roots and shoots 
may limit ebullition by alleviating the build-up of gaseous CH4 in the 
sediment (Dacey and Klug, 1979; Heilman and Carlton, 2001; Sanders 
et al., 2007). The occurrence of plant-mediated transport in our study 
was substantiated by the presence of CH4 inside the plants. 
Plant-mediated CH4 fluxes may partially end up in the water column 
where it can be oxidized (Li et al., 2021), or can be directly emitted to 
the atmosphere via the plants’ inflorescences (Heilman and Carlton, 
2001) (captured in our floating chamber measurements). 

The highest CH4 ebullition in our setup was observed in the state 

with free-floating plant dominance (Fig. 1a). This can likely be attrib
uted to anaerobic mineralization of fresh organic matter sedimented at 
high rates (Table 1). Dense mats of free-floating plants have been shown 
to impede oxygen intrusion (de Tezanos Pinto and O’Farrell, 2014). 
Together with the high sediment oxygen demand associated with the 
high sedimentation rates, this may have led to oxygen-poor and even 
anoxic waters (Table 1). Water column anoxia is a common phenome
non during dominance by floating plants in natural systems (de Tezanos 
Pinto and O’Farrell, 2014). Such anoxic conditions promote CH4 pro
duction and hamper aerobic CH4 oxidation (Bastviken et al., 2009). This 
may lead to a decrease in the CH4 concentration gradient from the 
sediment pore water to the overlaying water, resulting in a decrease in 
sediment-water CH4 diffusion. The reduced diffusive release of CH4 from 
the sediment in turn, may increase accumulation of free CH4 gas and 
hence bubble release. This may explain why surface water oxygen 
concentration was shown to be an important predictor for ebullition 
when floating plants were dominant (Table S2). Anoxia also facilitates 
phosphorus release from sediments (Table 1) resulting in a positive 
feedback loop between duckweed cover, preferring high P concentra
tions, and P availability (Boedeltje et al., 2005; Kazanjian et al., 2018a). 

3.2. Diffusive CH4 emissions 

Annual average CH4 diffusion rates were 4.5, 2.9 and 12.0 mg CH4 
m− 2 d− 1 under dominance of submerged plants, algae and free-floating 
plants, respectively (Fig. 4). These fluxes are at the lower end of the 
range measured globally for small lakes (< 0.001 km2) and ponds (on 
average around 36 mg CH4 m− 2 d− 1 (Holgerson and Raymond, 2016; 
Zheng et al., 2022)). Diffusive CH4 emissions correlated positively with 
seasonal changes in water temperature in both the 4 ◦C warming 
treatment and the ambient controls of all three states (Fig. 4). Despite 
this, the data show very little support for a positive effect of the 4 ◦C 
warming treatment in the three different states and, in fact, are most 
indicative for a negative effect of experimental warming in algae and 
free-floating plant-dominated states (Fig. 1b, Fig. 4 & Table S1). Diffu
sive CH4 fluxes were particularly high when free-floating plants domi
nated (Fig. 1b), which is likely associated with the dissolution of CH4 
from bubbles trapped under the plant mats and the likely shallower 
oxygen penetration depth in the sediment due to water column hypoxia. 
Water column hypoxia below floating plants happens in a wide range of 
freshwater ecosystems ranging from ponds and ditches to tropical lakes 
(de Tezanos Pinto and O’Farrell, 2014; Rodríguez et al., 2012; Scheffer 
et al., 2003). Low oxygen concentrations in the water column results in a 
shallower zone for CH4 oxidation at the sediment-water interface, the 
place where the majority of CH4 oxidation is to be expected (Bastviken 
et al., 2009). In combination with the reduced water-atmosphere gas 
exchange (Kosten et al., 2016), this likely also explains the high CH4 
concentrations in the water column (Table 1). Dense free-floating plant 
coverage may reduce the water-atmosphere gas exchange by up to 90% 
(Kosten et al., 2016). Yet, despite this reduced gas exchange, the 
measured diffusive CH4 fluxes strongly exceeded the calculated diffusive 
fluxes (based on CH4 concentrations and air-water gas exchange veloc
ities) during the warmer periods in our experiment (Fig. S6). This is very 
likely explained by diffusive release of CH4 from bubbles trapped un
derneath the free-floating plant mats when ebullition is high (Fig. S7). 

3.3. Diffusive CO2 fluxes 

In the submerged plant- and algae-dominated systems there was little 
evidence for an important effect of the experimental warming treatment 
on diffusive CO2 fluxes. In systems with free-floating plants, the data 
best support a positive effect of experimental warming on CO2 fluxes 
(Fig. 1c, Table S1 & Fig. 5). There were quite large differences in fluxes 
between the different ecosystem states. While the submerged plant- 
dominated systems showed net CO2 uptake, the algae-dominated sys
tems were net emitters of CO2 (Fig. 1c) as a result of the relatively low 

Fig. 3. Ebullitive CH4 emissions expressed against water temperature. Brown, 
orange, and green dots represent mean CH4 ebullition (as the average of two 
bubble trap measurements per mesocosm) for each bubble trap deployment 
period of each mesocosm in states dominated by free-floating plants, algae, and 
submerged plants. The corresponding temperature represents the mean bottom 
water temperature during the bubble trap deployment. The dashed vertical line 
represents the onset of strongly increased ebullition. Regression lines represent 
a fitted modified Arrhenius expression; see Eq. (5) in Methods. E20 represents 
the modelled CH4 ebullition at 20 ◦C and θs the overall system temperature 
coefficient. The Arrhenius equation was fitted on data starting from 12 ◦C as it 
overestimates ebullition below this temperature, particularly for systems 
dominated by free-floating plants. A threshold of 10–16 ◦C at which ebullition 
starts to increase exponentially with temperature has also been observed in 
other studies (Aben et al., 2017; DelSontro et al., 2010; Wang et al., 2021). 
Values in parentheses represent 95% confidence intervals. In the free-floating 
plant-dominated state, ebullition was adjusted downwards by 20% to account 
for the fraction of bubbles trapped under the dense plant mats (see Methods 
for details). 
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Fig. 4. Diffusive CH4 emissions for the control and the warm (+4 ◦C) mesocosms under dominance of submerged plants, free-floating plants, and algae, respectively. 
Left: Red circles and lines (arithmetic mean) denote warm treatment, black ones denote control. Each dot represents the daily flux for a given mesocosm, calculated as 
a weighted mean (based on day- and nighttime length) of fluxes measured at the end of the light and dark period (see Methods for details). Red shading represents a 
heat wave (+4 ◦C) that was applied to both treatments. Top right scatter plots show the spearman correlation (ρ) between temperature and diffusive CH4 emission in 
the control and warm treatment of each ecosystem state. Diffusive CH4 emissions for the free-floating plant-dominated state represent raw data, not corrected for 
effects of plant related bubble trapping (see Methods for details). Right: Gardner-Altman plots (Ho et al., 2019) showing annual average diffusive CH4 emission for 
each mesocosm in the control (c) and +4 ◦C warming (w) treatment of each ecosystem state. The effect size (the mean treatment difference: w minus c) and its 95% 
confidence interval is displayed as a point estimate and vertical bar, respectively, on a separate but aligned axis. The curve indicates the resampled distribution of Δ, 
given the observed data (5000 nonparametric bootstrap resamples). The annual mean diffusive CH4 emission for the free-floating plant-dominated state was cor
rected for plant-related bubble trapping (see Methods for details). 
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primary production (Kazanjian et al., 2018b). The latter was likely 
related to phosphorus limitation as demonstrated by surface water 
phosphate concentrations, which were very low throughout most of the 
year (Table 1) and resulted in higher seston N:P ratios (Velthuis et al., 

2017). In contrast, rooted, submerged plants like the species in our 
experiment (M. spicatum) take up most of their N and P directly from the 
sediment via their root system (Barko et al., 1991). Indeed, annual 
average (± SD) N (as NH4

+ + NO3
− ) and PO4

3− -P concentrations in 

Fig. 5. Diffusive water-atmosphere CO2 fluxes for the control and the warm (+4 ◦C) mesocosms under dominance of submerged plants, free-floating plants, and 
algae, respectively. Left: Red circles and lines (arithmetic mean) denote warm treatment, black ones denote control. Each dot represents the daily flux for a given 
mesocosm, calculated as a weighted mean (based on day- and nighttime length) of fluxes measured at the end of the light and dark period (see Methods for details). 
Red shading represents a heat wave (+4 ◦C) that was applied to both treatments. Values above and below the dashed line represent net CO2 emission and uptake, 
respectively. Right: Gardner-Altman plots (Ho et al., 2019) showing the annual average diffusive CO2 flux (mg CO2 m− 2 d− 1) for each mesocosm in the control (c) and 
+4 ◦C warming (w) treatment of each ecosystem state. The effect size (the mean treatment difference: w minus c) and its 95% confidence interval is displayed as a 
point estimate and vertical bar, respectively, on a separate but aligned axis. The curve indicates the resampled distribution of Δ, given the observed data (5000 
nonparametric bootstrap resamples). 
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sediment pore waters (3350 ± 1149 µg L− 1 and 147 ± 36 µg L− 1, 
respectively) were an order of magnitude higher than in the water col
umn (132 ± 19 µg L− 1 and 25.0 ± 0.3 µg L− 1, respectively). Moreover, 
both N (3.4 ± 0.7%) and P (0.46 ± 0.17%) contents of dried plant shoots 
(mean ± s.d.) were far above values that are indicative of suboptimal 
growth, i.e. 0.75% and 0.07% for N and P, respectively (Gerloff, 1975). 
This indicates that primary production under dominance by submerged 
plants was likely not limited by N and P availability and can explain the 
observed net CO2 uptake. The free-floating plant-dominated state shows 
large variation in CO2 fluxes among replicates within both temperature 
treatments. This variation strongly exceeded that of the other two states 
(Figs. 1c, 5). 

3.4. Combined GHG fluxes and water management implications 

All in all, we show that the effect of warming on total GHG emissions 
from experimental ponds is greatest under dominance by free-floating 
plants and smallest when submerged plants dominate (Fig. 6), which 
can be mainly attributed to a differential temperature effect on methane 
ebullition. When comparing the different states, our findings suggest 
that the total GHG emissions decline going from free-floating plant, to 
algae, to submerged plant dominated state. These results can have major 
implications. As climate warming can both enhance CH4 production 
rates (Aben et al., 2017; Davidson et al., 2018; Marotta et al., 2014) and 
favor free-floating plant or phytoplankton dominance over submerged 
plant dominance (Meerhoff et al., 2022), our results indicate that CH4 
emissions may be enhanced more than expected based on direct tem
perature effects alone. In our systems, the enhanced CH4 emissions were 
not offset by an increase in CO2 uptake. Hence, our findings suggest that 
the combined effect of warming and displacement of submerged plants 
by algae or free-floating plants exacerbates the increase in GHG emis
sions. This indicates a positive feed-back loop in which enhanced GHG 

emissions accelerate climate warming (Fig. 7). Notably, different plant 
traits (e.g. having roots that enable P-uptake from sediments and the 
ability to use HCO3

− as C source) not only affect GHG emission and up
take, but also the resources available to the plants. Disentangling the 
direct and indirect plant effects on warming-induced changes in GHG 
emissions therefore remains complex. 

The fact that GHG emissions were lowest in the submerged plant- 
dominated state, both under control and warmed conditions may have 
major implications for water management. Across the world, water 
managers target dominance by submerged plants as it generally co
incides with higher water quality, clear water, higher biodiversity, and a 
broader range of ecosystem services (Janssen et al., 2021). This gener
ally requires a combination of costly management strategies to maintain 
this ecosystem state (e.g. external and internal nutrient load reduction, 
fish community manipulation and/or harvesting free-floating plants) 
(Hilt et al., 2018; Smolders et al., 2006). The benefits of mitigating GHG 
emissions by the restoration of submerged vegetation (Fig. 7) can pro
vide additional leverage and even outweigh their costs (Downing et al., 
2021), as the measures may eventually result in a situation beneficial 
from an ecological, societal, and climate perspective. 

4. Conclusions 

• Shifts from submerged plant to algae or free-floating plant domi
nance may increase the magnitude and temperature sensitivity of 
GHG emissions from shallow aquatic ecosystems. This may trigger a 
positive feedback loop as climate change is expected to enhance 
shifts to algae or free-floating plant dominance.  

• CH4 ebullition was the most important GHG emission pathway, both 
in terms of emission magnitude and its sensitivity to experimental 
warming. Hence, we stress the need for accurate quantification of 
CH4 ebullition at high spatiotemporal scales as well as technological 

Fig. 6. Effect of climate warming and dominance of different types of plants on 
annual greenhouse gas (GHG) emissions. The top panel of the Cumming plot 
(Ho et al., 2019) shows annual average total GHG emission for each mesocosm 
in the control (c) and +4 ◦C warming (w) treatment of the submerged plant 
(SP), free-floating plant (FFP) and algae (A) dominated state. To the right of 
each group are summary measurements (mean ± standard deviation), drawn as 
gapped lines. The bottom panel shows the effect size as the mean treatment 
difference (w minus c) and its 95% confidence interval, displayed as a point 
estimate and vertical bar, respectively. The curve indicates the resampled dis
tribution of the mean difference, given the observed data (5000 nonparametric 
bootstrap resamples). Total GHG emissions are expressed as CO2 equivalents 
(CO2 eq.). 

Fig. 7. Interactions between climate change, regime shifts, and GHG emissions. 
Climate change favours dominance by algae and floating plants at the expense 
of submerged plants. Restoration measures establishing dominance by sub
merged plants in shallow aquatic ecosystems can moderate the positive feed- 
back loop between climate change and aquatic GHG emissions. Plus (+) and 
minus (-) symbols denote stimulating and inhibiting effects, respectively. Each 
dominant plant type self-stabilizes their state through a variety of feedback 
mechanisms, thereby inhibiting a shift to dominance of other functional 
plant types. 
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advances that ease the quantification of CH4 bubble fluxes to the 
atmosphere in floating plant beds.  

• Restoration of submerged vegetation may limit increases in GHG 
emissions due to climate change. 
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