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Field collected aquatic invertebrates are often used as test organisms in the refinement of the standard Tier 1 risk
assessment of various pollutants. This approach can provide insights into the effects of pollutants on the natural
environment. However, researchers often pragmatically select test organisms of a specific sex and/or size, which
may not represent the sensitivity of the whole population. To investigate such intraspecies sensitivity differences,
we performed standard acute toxicity and toxicokinetic tests with different size classes and sex of Gammarus
pulex and Asellus aquaticus. Furthermore, toxicokinetics and toxicodynamics models were used to understand the
mechanism of the intraspecies sensitivity differences. We used neonates, juveniles and male and female adults in
separate dedicated experiments, in which we exposed the animals to imidacloprid and its bioactive metabolite,
imidacloprid-olefin. For both species, we found that neonates were the most sensitive group. For G. pulex, the
sensitivity decreased linearly with size, which can be explained by the size-related uptake rate constant in the
toxicokinetic process and size-related threshold value in the toxicodynamic process. For A. aquaticus, female
adults were least sensitive to imidacloprid, which could be explained by a low internal biotransformation of
imidacloprid to imidacloprid-olefin. Besides, imidacloprid-olefin was more toxic than imidacloprid to
A. aquaticus, with differences being 8.4 times for females and 2.7 times for males. In conclusion, we established
size-related sensitivity differences for G. pulex and sex-related sensitivity for A. aquaticus, and intraspecies dif
ferences can be explained by both toxicokinetic and toxicodynamic processes. Our findings suggest that to
protect populations in the field, we should consider the size and sex of focal organisms and that a pragmatic
selection of test organisms of equal size and/or sex can underestimate the sensitivities of populations in the field.
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1. Introduction
In ecological risk assessment (ERA), both standard and non-standard
aquatic invertebrate species are used to increase environmental realism.
However, non-standard aquatic invertebrate species are often not labcultured but collected from the field prior to actual testing, which in
troduces potential uncertainties. Extensive environmental and biolog
ical differences potentially exist between such field-collected organism
populations, such as the time and location of collection (Van den Brink
et al., 2016; Dalhoff et al., 2018; Sumon et al., 2018) and the size or sex
of the collected organisms (McClellan-Green et al., 2007; Poteat and
Buchwalter, 2014). Moreover, the size- and sex-related variability are of
great concern as they can significantly influence population de
mographics (Stark et al., 2004), which are often the protection goal for

the ERA when it concerns invertebrates (Hommen et al., 2010). A few
studies have explored the intraspecies sensitivity differences (Gergs
et al., 2015; Jager et al., 2016; Gao et al., 2019; Gao et al., 2020).
However, the study of sensitivity differences within populations of
aquatic invertebrates is still limited, especially for the sex difference.
To understand the mechanism of the intraspecies sensitivity differ
ences, effect models like toxicokinetics− toxicodynamics models (e.g.,
the General Unified Threshold Model of Survival) can be used (Van den
Berg et al., 2019). Also, these models have been recommended to use in
risk assessment for the risk assessment of pesticides for aquatic organ
isms (EFSA PPR Panel on Plant Protection Products and their Residues
et al., 2018). Toxicokinetics models describe the uptake and elimination
process of chemicals in the organisms or tarted sites (Jager et al., 2011).
The conventional toxicity approach estimates the EC50 or LC50 value of
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pollutants for the tested organism, which is based on the external water
concentration (McCarty et al., 2011). Knowledge about the chemicals’
TK (Rubach et al., 2012; Gergs et al., 2015) and the resulting internal
concentration (Escher et al., 2011) are, however, essential to understand
the intrinsic sensitivity differences between sub-groups of species (e.g.
differing in sex and/or size). Furthermore, toxicodynamics can quanti
tatively link the internal (scaled) concentration to the effect at the level
of the individual organism over time (e.g., mortality or immobility
without recovery) (Ashauer et al., 2011; Jager et al., 2011). Combing the
TK and TD process together, there are two versions of TK-TD models,
Full-GUTS and Reduced-GUTS, depending on whether the measured
internal concentration was included. Full-GUTS apply the internal
concentration directly to mortality. However, Reduced-GUTS assume
that the internal concentration leads to damage (which can be repaired
at a certain rate), leading to mortality (Jager et al., 2011). The
Reduce-GUTS outperforms Full-GUTS sometime when the concept of
damage is more representative than the measured internal concentra
tion (Jager et al., 2011).
Imidacloprid (IMI) is one of the most used neonicotinoids to protect
crops from pest insects like aphids, leafhoppers, and whiteflies (Hladik
et al., 2018). IMI has a high water solubility and a relatively long
half-life in soil (Bonmatin et al., 2015). Therefore, it has the potential to
accumulate in soils and to leach to surface water and groundwater
(Morrissey et al., 2015; Hladik et al., 2018). Its toxicity to non-target
aquatic species has been extensively evaluated (Morrissey et al., 2015;
Thunnissen et al., 2020). However, as we mentioned before, these tests
often used one size of organisms without determining the sex of the
individuals and may, therefore, misinterpret the toxic effect on the
population level. Moreover, one of the metabolites of IMI,
imidacloprid-Olefin (IMI-ole), was proven to be a bioactive metabolite
(Huang et al., 2021). IMI-ole is one of the common metabolites of IMI, it
contributes to the overall toxicity of IMI, and it causes the delayed effect
of IMI for aquatic species and bees (Suchail. et al., 2001; Codling et al.,
2016; Huang et al., 2021). In addition, IMI-ole can be further metabo
lized to 6-chloronicotinic acid (6-CNA), which is a much less toxic
chemical to some aquatic species (Huang et al., 2021).
To address the knowledge gap in the sensitivity differences driven by
size and sex, we studied the sensitivity of different size and sex groups of
two aquatic crustaceans: Gammarus pulex and Asellus aquaticus, towards
IMI. G. pulex and A. aquaticus are widely distributed invertebrates in
Europe that play essential roles in maintaining the balance of freshwater
ecosystems. Moreover, these two species have moderate susceptibility to
IMI (Roessink et al., 2013). They are also among the most commonly
tested wild-collected organisms that live in water throughout their life
cycle and can be differentiated by sex (Bloor, 2010).
In the present study, we hypothesized that, for both species, their
sensitivity to IMI will decrease with size and will differ between sexes,
and this sensitivity difference can be reflected by both TK and TD pro
cesses. We performed acute toxicity and simple toxicokinetic experi
ments with different size and sex groups (neonates of unknown sex,
juveniles of unknown sex, adult females and adult males) for both
crustacean species. The toxicokinetic and Reduced-GUTS models were
calibrated to understand the mechanism of intraspecies sensitivity dif
ference. Furthermore, toxicity and TK experiments were also performed
for the bioactive metabolite IMI-ole, in both female and male individuals
of these two species to investigate the differences in sensitivity between
sexes further.

measurements of any organism sample. All stock solutions of IMI, IMIole, 6-CNA, IMI-d4 (200 μg/mL) were dissolved into Milli-Q water.
The tested organisms were collected from the non-agricultural sites
where they dominated, and organisms from these sites have been used in
a previous study (Roessink et al., 2013). G. pulex was collected from an
uncontaminated location, the Heelsumse Beek (a brook with the co
ordinates 51.973400N, 5.748697E), while A. aquaticus was collected
from an uncontaminated pond at the Wageningen University and
Research campus (51.986859N, 5.668837E). To ensure the cleanliness
of tested organisms, unexposed field water and organisms were
measured by LC-MS/MS to verify the absence of chemicals of interest
(IMI, IMI-ole, and 6-CNA); see Section 2.3 for measurement methods.
After collection in the field, all organisms were brought back to the
lab and separated into four groups based on specific sizes and/or sexes.
This resulted in groups of adult males, adult females, juveniles and ne
onates. Note that for the latter two groups, the sex of the organisms
could not yet be determined. We used different selection processes for
each group, considering their accessibility (Text S1, Table S1 for an
overview). To be specific, for adults, we selected pre-copulation couples
from the field with the males on top. Subsequently, we separated them
and put them into different containers, and we visually selected similar
size of males and females. We excluded pregnant females to rule out the
potential influence of reproduction by only selecting females without
black dorsolateral ovaries (Sutcliffe, 1992). The average size of the
males was larger than females (Table S2 for details). For juveniles, they
were also from the field; we visually selected max 5 mm sized organisms
as individuals are sexually mature when G. pulex and A. aquaticus are
larger than 6 mm and 5 mm, respectively (Welton and Clarke, 1980;
Murphy and Learner, 1982). However, the neonates were from the lab.
We obtained neonates from the gravid females previously collected
because the field collection of neonates was not feasible. In detail, the
gravid females not selected for any of the tests were collected into a new
container, and they were checked every two days. Any offspring released
was transferred to a different container and used as neonates in further
testing. The age of neonates in our experiment was between 5 and 8
days, and their size was close to 1–2 mm for both species. All four groups
of organisms were acclimated in separate containers in the lab for at
least 3 days under test conditions with a 12 h light: 12 h dark cycle at
18 ◦ C in a water bath (Roessink et al., 2013). During the acclimation
period, organisms of both species were fed ad libitum with leached
Populus leaves. No observable mortality occurred during the acclimation
period.
2.2. Acute toxicity and toxicokinetic experiments
2.2.1. Acute toxicity tests
The acute toxicity of IMI was assessed in a 4-day standard toxicity
test to assess the EC50 and LC50 for A. aquaticus and G. pulex, which was
similar to (Roessink et al., 2013). For each species and group combi
nation, separate tests were performed. We exposed different groups at
different concentration ranges of IMI because we expected their sensi
tivity to be different. Per replicate system, 10 adult G. pulex (females or
males) or juveniles were placed in 1 L groundwater obtained from the
Sinderhoeve experimental station (www.sinderhoeve.org). For the tests
with G. pulex, the exposure concentrations for the tests with the adults
and juveniles were 0, 10, 30, 100, 300 and 1000 µg/L and 0, 1, 10, 30,
100 or 300 µg/L, respectively. For the tests with G. pulex neonates, a
replicate test system consisted of 16 individuals and was dosed to reach
concentrations of 0, 0.1, 1, 10, 30, 100 µg/L. For the tests with
A. aquaticus, 10 adults (males and females) or juveniles were placed in
each replicate, and the exposure concentrations were 0, 10, 30, 100, 300
and 1000 µg/L. For the test with A. aquaticus neonates, 20 individuals
were placed in each replicate with exposure concentrations of 0, 1, 10,
30, 100 or 300 µg/L.
The acute toxicity tests with IMI-ole were similar to IMI, but due to
the limited availability of juveniles and neonates were only performed

2. Materials and methods
2.1. Chemicals and test organisms
Imidacloprid (IMI; CAS: 138261-41-3), imidacloprid-olefin (IMI-ole;
CAS: 115086-54-9) and 6-chloronicotinic acid (6-CNA; CAS: 5326-23-8)
were used in our experiments. Imidacloprid-d4 (IMI-d4; CAS: 101585575-0) was used as an internal standard during the analytic
2

A. Huang et al.

Ecotoxicology and Environmental Safety 242 (2022) 113917

with the adult males and females of both species. Ten organisms of either
of these four groups (female G. pulex, male G. pulex, female A. aquaticus
and male A. aquaticus) were placed in 1 L groundwater, dosed to reach
final exposure concentrations of 0, 10, 30, 100, 300 and 1000 µg/L.
Details on the setup of the acute toxicity are provided in Table S1.
The experiment setup was similar to a previous study (Roessink et al.,
2013). In detail, experiments were performed with three replicates per
treatment level, while 5 replicates were used for control. The test sys
tems were not aerated during the experiments to minimize the volatil
ization of the chemicals, and no food was added. In all experiments, a
piece of stainless steel mesh was added to each replicate to provide
shelter. Organisms were checked every day, and the effect status (dead,
immobile or non-affected) of each individual was assessed according to
(Roessink et al., 2013). Dead and immobilized organisms were both
considered as affected. Dead organisms and molts were removed daily.
All jars were placed randomly in the water bath; temperature and light
conditions were similar to the acclimatization period. Dissolved oxygen,
pH, electrical conductivity, and temperature were measured at the start
and end of the test in the control group and in the highest treatment.
These water quality parameters remained stable during the 4 days
experiment (raw data, (Huang et al., 2022). After 4 days experiment, the
control mortality was less than 10% (raw data, (Huang et al., 2022)).
After 4 days, 50% of the organisms in control and lowest treatment
were collected for the toxicokinetic experiments (see Section 2.2.2). The
other organisms were collected, washed with clean flow water for 30 s,
and stored at − 20 ◦ C for further chemical analysis of the internal con
centration. The concentration of IMI, IMI-ole and 6-CNA were measured
in the organisms and water samples. Specifically, water samples were
collected at the beginning and the end of the experiment in all jars to
validate the dosing and to monitor the potential degradation of the
chemicals (see Section 2.3). The measured water concentration was
close to the nominal concentration (within 80–100%) and remained the
same concentration after 4 days experiment (raw data, (Huang et al.,
2022)).

2.2.3. Determination of size
We measured the length of 20 individuals from each group for each
species, which were taken from the control treatment after the 4 days
toxicity test. This was done to determine the average length for each
group of both species, assuming that the length did not change after 4
days, which is supported by the slow growth rate of both species (Bloor,
2010). The size measurement performed at the end of the experiment
instead of the beginning was to avoid stress on tested organisms. G. pulex
individuals were measured from the top of the cephalothorax to the base
of the telson (Vellinger et al., 2012), and A. aquaticus body size was
defined as the linear measurement from the front of the head to the tip of
the pleotelson (Bertin and Cezilly, 2003) by using image software
analysis (ImageJ software, Version 1.52). Details on the size and the
range in each group are provided in Table S2.
2.3. Chemical analysis
The internal concentration of the exposure chemical (IMI and IMIole) and the potential metabolites (IMI-ole and 6-CNA) were measured
at the end of the toxicity tests (Section 2.2.1) and toxicokinetic experi
ments (Section 2.2.2) based on a method from a previous study (Huang
et al., 2021) with some modifications. Prior to analytical quantification
of the concentrations, all samples were stored at − 20 ◦ C. Upon analysis,
organisms were pooled and lyophilized for 1 day and weighted to the
nearest mg to get the overall dry weight of all animals within each
treatment. For extraction, 1 mL 1% acetic acid MeOH: Water (v: v = 5: 1)
and 25 µL internal standard (imidacloprid-d4, 200 µg/L) were added to
the lumped individuals of the juveniles groups while 3 mL was used for
the adult groups. The samples were homogenized with a Minilys per
sonal homogenizer (Bertin Instruments, France) using a Precellys
ceramic lysing kit (1.4/2.8 mm; Bertin Instruments, France) for 3 times
60 s at 3000 rpm using a 30 s interval. After this, the sample was cen
trifugated at 10,000 rpm for 10 min, and the supernatant was filtered
over a PTFE syringe filter (pore size 0.45 µm). Filters were washed with
200 µL extraction solution. The eluent was centrifugated as well and
filtered over a syringe filter (0.45 µm). The two filtrates were combined
and adjusted to get a final volume of 1.2 mL for juveniles and 3.2 mL for
adults, after which the sample was ready for analysis by LC-MS/MS. The
water samples were analyzed directly, without an extraction step.
All samples were analyzed by reversed-phase liquid
chromatography-tandem mass spectrometry (LC-MS/MS), similar to the
previous study (Huang et al., 2021). The only modification was that the
injection volume of samples was 5 µL in this study. The chemicals were
detected in the multiple reaction monitoring (MRM) using two transi
tions per compound (Table S3). Injected samples were quantified by
peak area using a calibration curve constructed from the calibration
standards included in the same sample sequence (Table S4 and S5).
Agilent Masshunter software (version 7.0) was used for instrument
control and data acquisition. The extraction recovery of each tested
analyte (IMI, IMI-ole and 6-CNA) in the organisms were evaluated at two
concentrations by spiking them into the clean organisms. The recovery
was acceptable for both species based on recovery and repeatability
results (Table S6, recovery rate between 80% and 120% and the stan
dard deviation less than 20%). More information about chemical anal
ysis see Text S2.

2.2.2. Toxicokinetic experiments
To assess the uptake kinetics of IMI and IMI-ole, additional mini
malized toxicokinetic experiments were performed, which included a 4
days uptake and 2 days elimination period as suggested in a previous
study (Carter et al., 2014). The toxicokinetic experiment was not con
ducted for the neonates since the biomass of the neonates was not high
enough to allow an internal body residue measurement. A summary of
the setup of simple toxicokinetic experiments is provided in Table S1.
At the end of the 4 days exposure in the acute toxicity experiments,
half of the remaining organisms (see 2.2.1) from the lowest exposure
concentration treatment were cleaned with flow Milli-Q water and
transferred to 1 L of clean groundwater, which started the 2 days
elimination period. Specifically, for the tests performed with adults, 5
male or female individuals of both species from the 10 µg/L IMI treat
ment were transferred to clean water. For the tests performed with ju
venile G. pulex and A. aquaticus, 5 organisms from the 1 and 10 µg/L
treatment, respectively, were transferred to the clean water. For the IMIole toxicity test with both species, 5 male or female individuals were
transferred from the 10 µg/L treatment to clean water. After 2 days of
elimination, all alive organisms were collected, washed and stored at −
20 ◦ C. The concentration of IMI, IMI-ole and 6-CNA were measured in
the organisms (see Section 2.3). All remaining organisms were checked
for their status every day during the elimination period, and no organ
ism died during the elimination period.
The water samples at the beginning and the end of the elimination
phase were taken. Specifically, before adding the transferred organisms,
the clean water was taken to ensure the absence of chemicals of interest;
and after 2 days of elimination, water samples were retaken to detect the
eliminated chemicals in the water phase.

2.4. TK-TD models calibration
In the present study, the TK and TD processes were modeled sepa
rately in GUTS. TK process was assessed by a one-compartment tox
icokinetic model, while the TD process was assessed by Reduced-GUTS.
2.4.1. One-compartment toxicokinetic model
To determine the toxicokinetic rate constants for exposed chemical, a
first-order one-compartment kinetic model programmed in Matlab
R2021b was used (Jager et al., 2011) (https://www.debtox.info/byom.
3
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html.):
dCint (t)
=
dt

ku ⋅Cw (t) − ke ⋅Cint (t)

variance were passed, a one-way analysis of variance (ANOVA) with
α = 0.05 and a post-hoc Tukey’s test was conducted. If assumptions
failed, a Kruskal-Wallis test, with α = 0.05, and a post-hoc Dunn’s test was
used. A two-tailed p-value (p < 0.05) was considered to be statistically
significant. A Bonferroni correction approach was adopted in the mul
tiple comparisons of the IMI exposure test.

(1)

With t = time,
Cint =internal concentration of exposed chemical,
Cw = measured concentration of the exposed chemical in water,
ku = the uptake rate constant of the parent (exposed) chemical, and
ke = the elimination rate constant of the parent (exposed) chemical.

3. Results
3.1. Internal concentration of the exposed chemicals

The bioconcentration factor (BCF) (L⋅kg-1) was calculated using a
kinetic method (BCFk):
BCF k =

ku
ke

During quality control, no chemicals of interest were detected in the
unexposed tested organisms and field water, proving that the measured
internal concentration of exposed tested organisms was caused by
experimental exposure.

(2)

The elimination half-life (t½) (day) was calculated from the elimi
nation rate of IMI or IMI-ole:
t1/2 =

ln2
ke

3.1.1. Internal concentrations of IMI and its metabolite, IMI-ole
After 4 days of IMI exposure, we measured the internal concentration
(in the whole organism) of IMI, and we detected its metabolite, IMI-ole,
in the experiments with juvenile, female, and male groups of both spe
cies (Fig. 1) (for neonates no analyses could be performed due to small
sample sizes).
For G. pulex, the internal IMI concentrations in the juveniles were
similar to those in males and females (Fig. 1A). However, the generation
of IMI-ole was significantly higher in juveniles than in males and females
in 30, 100 and the 300 µg/L treatments (Fig. 1B). The generation of the
IMI-ole in females only occurred in the 1000 µg/L treatment, which was
significantly higher than in males (Fig. 1B). The LOQ of IMI-ole was
close in three groups (Fig. 1B dash lines and Table S6). In addition, for all
three groups, the internal concentrations of IMI-ole in the 10 µg/L were
not detected, and for male and female adults, no metabolites were
detected in 30 µg/L, and the IMI-ole was not detected in the females
group in the 100 and 300 µg/L; thus no results were shown.
For A. aquaticus, there was no difference between males and juve
niles regarding the internal concentration of IMI (Fig. 1C). Males accu
mulated significantly more IMI than females (in 100 and 1000 µg/L,
Fig. 1C). In addition, males produced significantly more IMI-ole in the
two highest treatments (300 and 1000 µg/L) than juveniles or females
(Fig. 1D). The LOQ of IMI-ole was close in three groups (Fig. 1D dash
lines and Table S6). For all three groups, the internal concentrations of
IMI-ole in the 10 and 30 µg/L were not detected, the IMI-ole was not
detected in the females group in the 100 µg/L, thus no results were
shown.

(3)

The biotransformation TK model, which includes the metabolite
(IMI-ole) in the IMI exposure, is presented in the supporting informa
tion. This biotransformation model is limited because we have only one
time point for metabolite formation.
2.4.2. Reduced-GUTS models calibration
The TD framework has been described earlier (Jager et al., 2011,
2017; Jager, 2021). The Reduce-GUTS was performed in software
(openGUTS) that incorporates this simplification and has been made
publicly available recently and was used for the simulations (see
https://openguts.info). We used only Reduced-GUTS for two reasons.
The first reason was that Reduced-GUTS allowed us to consider neonates
because Full-GUTS was not feasible for neonates because there was no
TK test for neonates. Secondly, we already knew that the metabolite
(IMI-ole) also has a toxic effect; thus, the internal concentration of the
parent chemical (IMI) alone was not representable for the damage. The
actual damage was the sum-up of IMI and its metabolite, IMI-ole.
However, the exact extent of the IMI-ole in the toxicity of IMI was not
explored in the present study. Thus, the damage concept in
Reduced-GUTS is more appropriate than the internal concentration in
Full-GUTS. Moreover, two death mechanisms, individual tolerance (IT)
and stochastic death (SD), were calibrated for each group. For model
selection, smaller Akaike information criterion (AICs) and normalized
Root Mean Square Error (NRMSE) values indicate better fitting (EFSA
PPR Panel on Plant Protection Products and their Residues et al., 2018).

3.1.2. The internal concentration of IMI-ole and its metabolite, 6-CNA
After 4 days of IMI-ole exposure, we measured the internal concen
tration (in the whole organism) of IMI-ole, and we detected its metab
olite, 6-CNA, in the experiments with female and male groups of both
species, but only in the two highest treatments (300 and 1000 µg/L).
Furthermore, we detected 6-CNA in the water samples but only in the
highest (1000 µg/L group) and for details, see Text S3 and Fig. S1 in the
support information.
For G. pulex, the internal concentration of IMI-ole was higher in fe
males than in males (Fig. 2A). The generation of 6-CNA in the body was
significantly higher in females in the 300 µg/L and 1000 µg/L treatment
(Fig. 2B). The LOQ of 6-CNA in females were two times higher than that
in males (Fig. 2B dash lines, Table S6). For A. aquaticus, males accu
mulated significantly more IMI-ole in the ≥ 30 µg/L treatment levels
than females. Males produced more 6-CNA in the 300 µg/L treatment
when the 6-CNA in females were not detected. In the 1000 µg/L treat
ment, the internal concentration of 6-CNA was similar in males and fe
males (Fig. 2D). Also, the LOQ of 6-CNA in females were two times
higher than that in males (Fig. 2D dash lines, Table S6).

2.5. Statistical significance tests
To assess the significance of the difference in EC50 and the tox
icokinetic parameters among the groups, we compared the mean value
with the 95% confidence interval. If the ranges did not overlap, then we
conclude that the values were significantly different.
Linear regression between the average size of individuals and the
mean value of toxicity (LC50, EC50), toxicokinetic parameters values (ku,
ke) or toxicodynamics parameters values (hb, kd, mw, Fs, bw) was
performed to investigate the relationship between sensitivity related
parameters and size. The linear regression was presented only when the
coefficient of determination (adjusted R2) was > 0.8. We created linear
regressions using the lm function of the base package stats using R
(version 4.1.0).
In addition, significant differences in internal concentration among
groups were assessed. The assumptions of normality were evaluated
using a Shapiro-Wilk test, and the assumption of equal variance was
evaluated using a Spearman rank correlation between the residuals and
the dependent variable. If the assumptions of normality and equal
4
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Fig. 1. The internal concentration of IMI (A) and IMI-ole (B) in G. pulex and IMI (C) and IMI-ole (D) in A. aquaticus as measured at the end of the 4 days toxicity test
with IMI. Significant differences among groups (Tukey’s test or Dunn’s test with a Bonferroni correction) within the same concentration treatment are indicated.
(p < 0.05) is represented by *. The dash lines represented the LOQ for each group (blue color means juveniles, yellow color means females, gray color means males).

3.2. One-compartment toxicokinetics model of the exposed chemicals

higher than that of females. The confidence intervals of the elimination
rates constant of juveniles, females, and males overlapped. The BCFk of
IMI in A. aquaticus juveniles (2.03 L/kg), females (2.09 L/kg) and males
(1.84 L/kg) were close (Table S7).

For all tests, no mortality occurred in neither uptake nor elimination
periods, and no eliminated chemicals were detected in the water during
the elimination period (Fig. S2 and S3). In addition, one-compartment
TK models were calibrated for IMI or IMI-ole exposure because no me
tabolites were detected during this test (1 or 10 µg/L group) (Figs. 1 and
2, Table S7). The metabolites (IMI-ole for IMI exposure, 6-CNA for IMIole exposure) were detected only in a higher exposure concentration and
with only a timepoint (day4) (Fig. 1 and Fig. 2). Nevertheless, the
biotransformation TK models of IMI were calibrated and applied for all
treatment levels and discussed in the supporting information (Text S4,
Table S8 and Fig. S4).

3.2.2. One-compartment TK results of IMI-ole
Similarly to IMI, the uptake rate constant of IMI-ole was higher in
G. pulex than that in A. aquaticus, and the elimination rate constant of
IMI-ole was lower in G. pulex than in A. aquaticus (Fig. 4). For both
species, the confidence intervals of the uptake and elimination rate
constants of IMI-ole were overlapped for males and females (Fig. 4).
Comparing the toxicokinetic results of IMI and IMI-ole, the confi
dence intervals of the uptake and elimination rate constants of IMI and
IMI-ole overlapped regardless of sex. However, it should be noted that
female G. pulex eliminated IMI-ole slower (0.03 d-1) than IMI (0.14 d-1),
causing the higher BCFk of IMI-ole (99.3 L/kg) than that of IMI (24.8 L/
kg) (Table S7). Same as for G. pulex, the confidence intervals of the
uptake and elimination rate constants for IMI and IMI-ole overlapped for
the two sexes in A. aquaticus. However, it should be noted that for males,
the elimination rate of IMI-ole (0.14 d-1) was slower than that of IMI
(0.44 d-1) (Table S7), causing a higher BCFk of IMI-ole (4.06 L/kg) than
of IMI (1.84 L/kg) (Table S7).

3.2.1. One-compartment TK results of IMI
Generally, the uptake rate constant of IMI was higher in G. pulex than
that in A. aquaticus; the elimination rate constant of IMI was lower in
G. pulex than in A. aquaticus (Fig. 3).
For G. pulex, compared to adult organisms, smaller juvenile G. pulex
individuals had a higher uptake rate constant of IMI (Fig. 3A), while this
difference was not observed for the elimination rate constant (Fig. 3B).
The ranking of uptake rate constant from high to low was from juveniles,
females to males, but the 95% confidence intervals for males and fe
males did overlap (Table S7). The highest BCFk of IMI in G. pulex was
calculated for juveniles (92.2 L/kg), followed by males (34.6 L/kg) and
females (24.8 L/kg) (Table S7).
For A. aquaticus, no size-related differences in the toxicokinetic ex
periments were detected, but sex differences existed (Fig. 3C and D). The
uptake rate constant of IMI in juveniles was similar to males, but it was

3.3. Toxicity and toxicodynamic of exposed chemicals
We have tested the toxicity of IMI for four groups: neonates, juve
niles, adult females and adult males of both species. Also, we tested the
toxicity of IMI-ole for two groups: adult females and adult males of both
species. Furthermore, we calibrated reduced-GUTS to get the
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Fig. 2. The internal concentrations of IMI-ole (A) and 6-CNA (B) in G. pulex and IMI-ole (C) and 6-CNA (D) in A. aquaticus as measured at the end of the 4 days
toxicity test with IMI-ole. Significant differences between sex groups (ANOVA or a Kruskal-Wallis test) within the same concentration treatment are indicated.
(p < 0.05) is represented by *. The dash lines represented the LOQ for each group (blue color means females, yellow color means males).

Fig. 3. Uptake rate constant (A) and elimination rate constant (B) of IMI in G. pulex; Uptake rate constant (C) and elimination rate constant (D) of IMI in A.
aquaticus. The horizontal error bar is the size range, mean ± sd, n = 20; the vertical error bar is the parameter range, mean ± 95% CIs.
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Fig. 4. Uptake rate constant (A) and elimination rate constant (B) of IMI-ole in G. pulex; Uptake rate constant (C) and elimination rate constant (D) of IMI-ole in A.
aquaticus. The horizontal error bar is the size range, mean ± sd, n = 20; the vertical error bar is the parameter range, mean ± 95% CIs.

toxicodynamics process parameters for IMI. The overview of the model
fitting is provided in Table S9 and Table S10 for IMI and Table S11 and
S12 for IMI-ole. Overall, for both IMI and IMI-ole, IT mechanism over
performed the SD mechanisms in most of the groups. Thus, we only
showed the IT results here. The results of SD can be found in supporting
information (Table S9-S12).

and D). However, the sensitivity of smaller female A. aquaticus in
dividuals was much lower than the larger males, especially in terms of
EC50 (Fig. 5D).
For these two species, A. aquatics was more sensitive to IMI-ole than
G. pulex (Fig. 6). Compared to IMI, IMI-ole was less toxic to G. pulex
(Fig. 6A and B) but more toxic to A. aquatics (Fig. 6C and D). In detail, for
G. pulex, IMI-ole showed 4 days EC50 values of 349 (249.3–485.8) and
383.3 (274.1–542.1) µg/L for female and male individuals, respectively
(Table S11). Compared to IMI, the toxicity of IMI-ole was 3.7 times
lower in females and 3 times lower in males (Table S9 and S11). For
A. aquaticus, comparing the toxicity results of IMI-ole with IMI, we found
that IMI-ole was more toxic to A. aquaticus than IMI, with differences
being 8.4 times for females and 2.7 times for males (Table S9 and S11).

3.3.1. Mortality and immobility results of IMI and IMI-ole
Both lethal (LC50) and affected (EC50) results were provided for IMI
(Fig. 6). Overall, G. pulex was more sensitive to IMI than A. aquaticus
(Fig. 5). For G. pulex, on day 4, neonates were the most sensitive group of
the two species, followed by juveniles and adults (Figs. 5A and 5B).
Regarding EC50, the toxicity of IMI to G. pulex decreased significantly
with increasing size (Fig. 5B, black line). For A. aquaticus, similar to
G. pulex, the sensitivity rank was neonates, juveniles, and adults (Fig. 5C

Fig. 5. Four-day LC50 and EC50 value of IMI for different group individuals of both species (horizontal error bar is the size range, mean ± sd, n = 20; vertical error
bar is the EC50 range, mean ± 95% CIs). Panels A and B were for G. pulex; panels C and D were for A. aquaticus. The linear regression between size (mean value) and
the IMI toxicity (mean value of EC50) for G. pulex was significant and is represented by the black line.
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Fig. 6. Four-day LC50 and EC50 value of IMI-ole for different group individuals of both species (horizontal error bar is the size range, mean ± sd, n = 20; vertical
error bar is the EC50 range, mean ± 95% CIs). Panels A and B were for G. pulex; panels C and D were for A. aquaticus.

3.3.2. Toxicodynamics parameters of IMI in different groups
The affected result was more representative and a better indicator
than lethal results, supported by the better fitting performance in
affected results than lethal results (Table S9 and 10, Table S11 and S12).
Thus we only showed the affected results below, and as we mentioned
above, the IT mechanism outperformed the SD mechanism; hence, only
IT parameters were presented.
The reduced-GUTS-IT parameters were illustrated for each size or sex
group in Fig. 7. For G. pulex, the background mortality (hb) for each
group overlapped. The dominant rate constant (kd) tended to increase
with size, while no significant linear regression was found. The
threshold value (mw) showed a clear pattern that increased with size,
and a significant linear regression with adj. r2 of 0.99 was found. The Fs
tended to decrease with size, while no significant linear regression was
found. For A. aquatics, for all parameters, no significant linear regression
has been found. In detail, no clear pattern for hb, kd and mw, while Fs

tend to decrease with size (Fig. 7 E, F, G and H).
4. Discussion
Our hypothesis of size related sensitivity difference was well sup
ported for G. pulex, while it was less evident for A. aquatics. We found
that both the toxicokinetic and toxicodynamic processes of IMI could
explain the intraspecies sensitivity difference.
4.1. Toxicokinetic and toxicodynamic models explain the intraspecies
sensitivity difference of G. pulex
For G. pulex, we found size-related uptake rate constant, threshold
values, and EC50 differences for IMI. The 96 h EC50 based on external
water concentration corresponded with the size for G. pulex (Fig. 5B).
This finding was consistent with (Bottger et al., 2012), who found

Fig. 7. The reduced-GUTS-IT parameter in G. pulex (A, B, C, D) and A. aquatics (E, F, G, H). The horizontal error bar is the size range, mean ± sd, n = 20; the vertical
error bar is the parameter range, mean ± 95% CIs. The linear regression between size (mean value) and the mw (mean value of mw) for G. pulex was significant and
is represented by the black line.
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smaller gammarids (Gammarus roeseli) being more sensitive to imida
cloprid than larger ones. However, current research usually uses juve
niles or adults to assess the impact of pollutants, which might
underestimate the impact on population levels when neonates are pre
sent (Di Lorenzo et al., 2019).

et al., 2021). The increasing pattern of kd with size revealed that the
damage recovery increased with size since there was not much differ
ence in the elimination rate constant (Fig. 3B). Our finding was
consistent with a previous study, which found that the kd was getting
bigger with size in the case of Mesocyclops leuckarti exposed to triphe
nyltin (Gao et al., 2020).
On the other hand, the intrinsic sensitivity was also influenced by the
size and sex. The threshold (mw) defined in the toxicodynamic process
increased with size (Fig. 7C) for G. pulex. This was also noticed in
another study (Gao et al., 2020) in which the intraspecies sensitivity of
different species was investigated with respect to size and metal toxicity,
and they found that body size of zebrafish obviously affects model pa
rameters of threshold values (Gao et al., 2020). However, unlike their
studies that integrated size into parametric models, we only calibrated
the GUTS model for each group (neonates, juveniles, females and
males). This was because we also investigated the sex difference in our
study, not just size. In addition, the biotransformation of IMI and the
toxic effects of its metabolite were not simply reflected by size.

4.1.1. Toxicokinetics parameters difference among different size and sex
groups of G. pulex
The present study found that the uptake rate constant tended to
decrease with size, while the elimination rate constant remained the
same (Fig. 3A and B). Some other studies also found that body sizedependent toxicokinetics could explain intraspecies variation in sensi
tivity (Rubach et al., 2010; Gergs et al., 2015; Gergs et al., 2016). In
particular, we found that size-dependent differences in invertebrate
sensitivity to IMI could be explained by differences in uptake rate con
stants (Fig. 3A) but independent of elimination rate constant. There is no
relationship between elimination rate and size, probably due to chem
ical properties of IMI. Imidacloprid in this study is a highly water-soluble
chemical with a logKow value of 0.57 and may easily be actively taken
up by gills or passively absorbed into the exoskeleton of the organisms. It
has been proved that the uptake process of IMI by G. pulex is partially a
chemo/physical adsorption process, making it important given the dif
ferences in surface-volume ratios of different sizes. For example, previ
ous studies found that the IMI adsorbed considerably on the surface of
dead Gammarus pulex (Huang et al., 2021) and Daphnia magna (Li et al.,
2021). In other words, uptake of IMI was related to external water
concentrations and surface uptake. Furthermore, IMI could be bio
transformed to IMI-ole (Fig. 1); thus, elimination depends on internal
concentrations and biotransformation capacity rather than size.
Besides the uptake rate differences, we also found biotransformation
differences among different groups (juveniles, females and males). In the
lower exposure concentrations (30, 100 and 300 µg/L), juveniles pro
duced more IMI-ole, which may be linked to the faster uptake rate
constant (Fig. 1, Table S7) and a higher biotransformation capacity since
the higher energetic metabolism in younger G. pulex individuals
compared to adult ones (Sutcliffe et al., 1981). Comparing the
biotransformation between males and females, in the lower exposure
(100 and 300 µg/L), generation of IMI-ole has not been detected in fe
males when it was detected in males (Fig. 1B). However, in the highest
exposure (1000 µg/L), the generation of IMI-ole was higher in females
than males (Fig. 1B). Also, in the biotransformation model, the
biotransformation rate of IMI was higher in females than in males
(Table S8). This could be explained by the findings of previous studies,
which found that P450 enzyme content, which contributes to the
biotransformation of neonicotinoids (NNIs) (Casida, 2011), is higher in
females than males G. pulex (Dalhoff et al., 2018). Nevertheless, on the
other hand, some other unknown intermediate metabolites, such as
dihydroxy IMI, could be generated (Hoi et al., 2014; Fusetto et al.,
2017), but the intact biotransformation pathway of IMI was not thor
oughly studied in this study.

4.2. Biotransformation contributes to the sex-related sensitivity difference
of A. aquaticus
For A. aquaticus, we did not observe size-related sensitivity differ
ence (Fig. 5C and D), and the most remarkable finding was that females
were the most insensitive group to IMI when exposed to IMI, while they
were the most sensitive group to IMI-ole when exposed to IMI-ole
(Figs. 5D and 6D). Uptake and biotransformation of IMI could explain
the tolerance of females to IMI. Females took less IMI up (Fig. 3C), and
more importantly, less IMI-ole was produced during 4 days of exposure
compared to males (Fig. 1D). IMI-ole was a more toxic chemical
compared to IMI in both males and females A. aquaticus (Figs. 5D and
6D). In addition, the threshold value of females was higher than males,
indicating that the intrinsic sensitivity of females was lower (Fig. 7G).
Our result of the tolerant female A. aquaticus was unexpected, as we
assumed females were smaller and had a relatively higher biotransfor
mation capability than males; hence, the female should be more sensi
tive. In the present study, based on the low biotransformation rate of
females (Fig. 1), we speculate that females have lower enzymatic ac
tivities for IMI biotransformation than males. However, the exact reason
for this is unknown, as there are few studies on sex differences in aquatic
crustaceans.
In addition, the low respiration rate and locomotion activity of the
females may contribute to our result of tolerant female A. aquaticus,
although we did not measure it in our study. A previous study found that
male copepod individuals (Calanus finmarchicus) were more sensitive
compared to female and juvenile individuals, which could have been
caused by the fact that these copepod males have a 20% higher respi
ration rate than females (Jager et al., 2016). Similarly, we could spec
ulate that the respiration rate of male A. aquaticus was higher than
females, as we found that the uptake rate constant of IMI was slightly
higher in males (Fig. 3C) than in females. Another explanation may be
that the mobility of males was higher than females. Personal observa
tions during our experiment showed that males walked more often than
females during the observation time of the experiment. Higher loco
motion may lead to a higher sensitivity, as is indicated in a recent study
(Andreazza et al., 2020), where Diachasmimorpha longicaudata males
were significantly more susceptible to spinosad than females, which
could be related to the differences in their movement since males walked
longer distances and periods (Andreazza et al., 2020). However, the
applicability of the positive relationship between locomotion and
sensitivity needs more research.

4.1.2. Toxicodynamics parameters difference among different size and sex
groups of G. pulex
In the present study, immobility was a better indicator than mortality
because the fitting performance was better (Table S9-S12). This result
was consistent with a previous study, which used immobility as the
endpoint in TKTD modeling (Huang et al., 2021). Immobility is a better
endpoint for IMI since neonicotinoids are neurotoxic and expected to
cause effects on behavior (Morrissey et al., 2015).
We found differences in the toxicodynamics parameters between
different size and sex groups. The dominant rate constant (kd) tended to
increase with size (Fig. 7B). Unlike uptake or elimination rate constant,
which is only involved in chemical uptake and elimination, kd is a
“lumped” parameter, which is supposed to incorporate the most domi
nant processes of chemical elimination and damage recovery (EFSA PPR
Panel on Plant Protection Products and their Residues et al., 2018; Brock

4.3. General discussion
Besides differences in size and sex, the age and life stage of organisms
(de Lima et al., 2021) may also affect sensitivity. However, this
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information was not explicitly collected in our research, and we cannot
rule out their influence. For these two species, males grow faster than
females, and the male is larger than the female. For instance, female
adult G. pulex individuals are on average 7 mm while male individuals
are 10 mm in a previous study (Horion et al., 2015). In addition, we
visually chose females without eggs, but their reproductive stage was
unknown. Pregnant females may be more sensitive to chemicals because
they need to allocate energy to reproduction and have less energy to deal
with chemical stress. To understand the influence of reproduction, the
dynamic energy budget (DEB) theory should be applied. DEB is a
mechanistic modeling approach to describe the effects of toxicant
exposure (Jager, 2020; Sherborne and Galic, 2020) on the entire life
history of the organism, such as growth and reproduction.
Despite the limitations of our study, our study found size-related
differences in the sensitivities of G. pulex, which can be explained well
by both TK and TD processes. The most sensitive group was the neonates
for both species. The sensitive differences between neonates and juve
niles are 2.6 times for G. pulex and 4.5 times for A. aquaticus (Table S9).
The current research could underestimate the potential effect of IMI at
the population level by excluding the potentially higher sensitivity of
neonates.
Our study also found the sex-related difference, although we could
not exclude the size influence since the females were naturally smaller
than males (Horion et al., 2015). It was contrary in two species, and
smaller female G. pulex was more sensitive to IMI than males; however,
smaller female A. aquaticus was much less sensitive to IMI than males. It
indicates that sex-related differences may vary in species. In the case of
IMI, sex-related differences rely on biotransformation because more
biotransformation leads to higher sensitivity. Moreover, the generation
of IMI-ole could cause a profound long-term effect, especially for fe
males G. pulex and male A. aquatics, as the elimination of IMI-ole, an
active metabolite, was eliminated slower than the parent chemical
(Table S7). Our study highlighted the need to consider the size and sex
differences in risk assessment to assess the impact of pollutants at the
population level.

the work reported in this paper.
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