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Microbial removal of trace organic micropollutants (OMPs) from drinking water sources remains challenging.
Nitrifying and heterotrophic bacteria in rapid sand filters (RSFs) are capable of biodegrading OMPs while
growing on ammonia and dissolved organic matter (DOM). The loading patterns of ammonia and DOM may
therefore affect microbial activities as well as OMP biodegradation. So far, there is very limited information on
the effect of substrate loading on OMP biodegradation at environmentally relevant concentrations (~ 1 µg/L) in
RSFs. We investigated the biodegradation rates of 16 OMPs at various substrate loading rates and/or empty bed
contact times (EBCT). The presence of DOM improved the biodegradation of paracetamol (41.8%) by functioning
as supplementary carbon source for the heterotrophic degrader, while hindering the biodegradation of 2,4-D,
mecoprop and benzotriazole due to substrate competition. Lower loading ratios of DOM/benzotriazole
benefited benzotriazole biodegradation by reducing substrate competition. Higher ammonia loading rates
enhanced benzotriazole removal by stimulating nitrification-based co-metabolism. However, stimulating nitri
fication inhibited heterotrophic activity, which in turn inhibited the biodegradation of paracetamol, 2,4-D and
mecoprop. A longer EBCT promoted metformin biodegradation as it is a slowly biodegradable compound, but
suppressed the biodegradation of paracetamol and benzotriazole due to limited substrate supply. Therefore, the
optimal substrate loading pattern is contingent on the type of OMP, which can be chosen based on the priority
compounds in practice. The overall results contribute to understanding OMP biodegradation mechanisms at trace
concentrations and offer a step towards enhancing microbial removal of OMPs from drinking water by optimally
using RSFs.

1. Introduction
Organic micropollutants (OMPs), including pharmaceuticals (Phil
lips et al., 2015), pesticides (Björklund et al., 2011), and industrial
compounds, are present at trace concentrations in surface water and
groundwater (Schwarzenbach et al., 2006). Public concerns about the
occurrences, ecotoxicities, and fates of OMPs in drinking water pro
duction are continuously rising due to their (potential) toxicity to both
environmental and human health (Ben et al., 2018). Even though many
techniques, such as activated carbon adsorption (Kim and Kang, 2008;
Piai et al., 2019), advanced oxidation (Westerhoff et al., 2005; Ormad
et al., 2008), ultraviolet irradiation (Yang et al., 2014) and membrane
filtration (Košutić et al., 2005; Sarkar et al., 2007), effectively remove

certain OMPs from drinking water, they share the disadvantages of high
cost and high energy consumption (Košutić et al., 2005; Sarkar et al.,
2007). An economically promising approach would be to remove OMPs
using indigenous microbial communities in rapid sand filters (RSFs)
(Hedegaard et al., 2014; Feld et al., 2016, 2018; Zhou et al., 2022), a
widely installed facility at drinking water production plants (DWPPs)
(Benner et al., 2013).
Various microbial communities that colonize sand granules as bio
film can facilitate the biological conversion of multiple substrates in
RSFs (Hu et al., 2020). For instance, nitrifying bacteria catalyze the
oxidation of ammonia (Lee et al., 2014; Fowler et al., 2018; Albers et al.,
2018; Poghosyan et al., 2020), whereas heterotrophic bacteria can
mineralize dissolved organic matters (DOM) (Bar-Zeev et al., 2012;
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Terry and Summers, 2018; Hu et al., 2020). Both of them have been
reported as OMP degraders (Benner et al., 2013; Wang et al., 2021).
Nitrifying bacteria can biodegrade OMPs via co-metabolism (Fernan
dez-Fontaina et al., 2016; Trejo-Castillo et al., 2021; Wang et al., 2022).
Rattier et al. (2014) reported that using a nitrification inhibitor limited
or even stopped the removal of ketoprofen, gemfibrozil, furosemide,
acetaminophen, caffeine and lincomycin, which confirmed the key role
of nitrifying bacteria in OMP biodegradation. In addition, heterotrophic
bacteria can biotransform OMPs or even mineralize them as energy
sources (Elhadi et al., 2006; Hedegaard et al., 2014; Albers et al., 2015;
Vandermaesen et al., 2016).
Due to their trace concentrations (several ng/L ~ µg/L) in drinking
water sources, OMPs mainly serve as secondary substrates for microbial
co-metabolisms (Stratton et al., 1983; Zearley and Summers, 2012), as
the typical threshold concentrations for primary cellular bioprocesses
are way higher (40–800 µg/L) (Stratton et al., 1983). Consequently, the
availability of primary substrates (e.g., ammonia and DOM) may influ
ence the degraders’ activity and hence the OMP biodegradation (Maeng
et al., 2011; Liu et al., 2014; Trejo-Castillo et al., 2021). Moreover, OMPs
differ in their biodegradability resulting in different removal patterns for
a mix of OMPs under stable substrate concentrations (He et al., 2018).
However, little is known about the effects of availability of ammonia and
DOM on the biodegradation of multiple OMPs, especially under
RSFs-like hydraulic conditions. Interrogating the OMP biodegradation
behaviors in an environment-realistic continuous mode will help to
understand the effects of primary substrate availability on OMP
biodegradation in field RSFs.
In RSFs, the loading rate of substrates determines their availability
for microorganisms, which in turn influences the microbial activities.
Lee et al. (2014) reported that the nitrification activity of RSFs was
dictated by the ammonia loading rate rather than ammonia concentra
tion or volumetric flow velocity individually. Loading rates of ammonia
and DOM influence the activities of nitrifying and heterotrophic bacteria
in RSFs and may therefore determine the biodegradation rates of OMPs.
Yet, knowledge about the effects of primary substrate loading rates on
OMP biodegradation rate is scarce. We hereby propose two hypotheses:
(i) higher ammonia loading rates result in higher nitrification activity
and may thereby enhance the autotrophic co-metabolism of OMPs; (ii)
increasing the DOM loading rate on the one hand improves OMP
biodegradation by enhancing the activity of the heterotrophic commu
nity, but on the other hand, reduces OMP biodegradation due to sub
strate competition.
With a fixed sand bed height, changing the volumetric flow velocity
results in different empty bed contact times (EBCT). EBCT can critically
affect OMP biodegradation (Paredes et al., 2016; Wang et al., 2021).
Shorter EBCT could benefit the biodegradation of easily biodegradable
compounds, as increased substrate loading rates support microbial ac
tivity and can compensate for lower contact time between OMPs and
biofilms (Paredes et al., 2016); however, it may limit the degradation of
slowly biodegradable compounds due to the reduction in contact time
(Paredes et al., 2016). Thus, a prolonged EBCT might be advantageous
for the biodegradation of slowly biodegradable OMPs, but negligibly or
even negatively affects the elimination of readily biodegradable OMPs.
The aim of this research is to systematically investigate the effects of
additional primary substrates, substrate loading rates and EBCTs on the
biodegradation rates of a range of trace OMPs in RSFs. A mixture of
sixteen OMPs, including nine pesticides, four pharmaceuticals and three
industrial chemicals, was spiked at a concentration of approximately 1
µg/L in column-scale RSFs. Three columns were parallelly operated with
different feeding strategies: without ammonia and DOM (control), only
with DOM, and only with ammonia. By changing either the initial sub
strate concentrations or volumetric flow velocity, dynamic loading rates
of ammonia, DOM and OMPs as well as EBCTs were applied in different
operational phases. The OMP biodegradation kinetic of each phase was
determined by pseudo-first-order kinetic models. The results expand our
understanding of OMP biodegradation processes and offer insight into

optimizing the operational conditions to improve biological removal of
OMPs in RSFs.
2. Materials and methods
2.1. Organic micropollutants and dissolved organic matters
This study selected nine pesticides (2,6-dichlorobenzamide (BAM),
mecoprop, 2,4-dichlorophenoxyacetic acid (2,4-D), chloridazon,
methyl-desphenyl-chloridazon, desphenyl-chloridazon, bentazone,
metolachlor and metribuzin), four pharmaceuticals (paracetamol, sali
cylic acid, caffeine, and metformin) and three industrial chemicals
(perfluorooctanoic acid (PFOA), diglyme and benzotriazole) as target
compounds. These compounds display a broad variety of physico
chemical properties (Table S1); they have been observed in water
sources for drinking water production in the Netherlands and are
regarded as priority OMPs for removal. The commercial companies and
stock preparation of OMPs are given in Text S1. The measured con
centrations of all OMPs in spiked influent were around 800 ng/L, except
for salicylic acid, which was at a median concentration of 76 ng/L (Fig.
S1). Salicylic acid, as a readily biodegradable compound (Combarros
et al., 2014; Hack et al., 2015), could have been biodegraded in the
feeding tubes.
DOM were extracted from a compost soil purchased from Semillas
Batlle company (Barcelona, Spain) and stored at 4 ℃ prior to use
(detailed in Text S2). The obtained DOM stock solution contained
1062.8 ± 40.7 mg C/L, 225.0 ± 50.8 mg total nitrogen (TN)/L, 151.0 ±
18.7 mg NO−3 -N /L, 1.5 ± 0.2 mg NO−2 -N/L and 10.3 ± 3.9 mg NH+
4 -N/L.
2.2. Column setup and operation
The column-scale rapid sand filter module consisted of three quartz
columns with 60 cm in length and 10 cm in diameter (Figs. 1 and S2).
The columns were filled with a support layer of 8 cm gravel (granule
size: 5–7 mm) and covered by a working layer of 32 cm sand (granule
size: 0.8–1.25 mm). Above the sand layer, a supernatant water layer
with a height of 10 cm was maintained. Column A was the control col
umn, without the spiking of ammonia and DOM; column B was spiked
with DOM up to 6 mg C/L and column C was spiked with ammonia up to
2.5 mg NH+
4 -N/L (Fig. 1). Three columns were run in parallel for 178
days, including one inoculation phase (starting up), one selective
enrichment phase (Phase 0) and five experimental phases (Fig. S3). The
strategies of inoculation, selective enrichment and spiking were
described in Text S3. The columns were run in the dark by being fully
covered with aluminum foil to avoid algal growth and OMP photo
degradation. Each column was operated in an open headspace and
connected with a small glass tube as an overflow weir to obtain a stable
effluent flow and supernatant height. Backwashing was conducted when
clogging occurred in columns, at least weekly, by backwashing program
box. Each filter was backwashed by the pressurized tap water for 5 min.
OMPs were spiked into the feeding at the concentration of approxi
mately 1 µg/L during the experimental phases, where different loading
rates of DOM, ammonia and OMPs were applied Table 1). Briefly, high
loading rates of DOM or ammonia were applied at Phase I, III and V,
while lower ones of DOM or ammonia were set at Phase II and IV. At
Phase II, the lower loading rates of DOM or ammonia were achieved by
decreasing the initial concentration of DOM and ammonia. Differently,
the loading rates of DOM, ammonia and OMPs were achieved by
decreasing the volumetric flow velocity at Phase IV, so that the EBCTs
were consequently longer than other phases. The pumps were recali
brated at the end of each phase to ensure stable flow rates and EBCTs.
The theoretical values of operational parameters in Table 1 were
calculated by Eqs. ((1) and (2). The loading ratio of DOM/OMP was
determined by Eq. (3).
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Fig. 1. Schematic of experimental setup.
Table 1
Operational parameters at each experimental phase in three columns.

(The loading rates or concentrations of DOM were represented by total organic carbon (mg C/h or mg C/L), the loading rates or concentrations of ammonia were shown
+
by ammonia-nitrogen (mg NH+
4 -N/h or mg NH4 -N/L); the experimental loading rates of DOM and ammonia were shown in Figs. S4a and S5a, respectively.).
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bacteria) (Fowler et al., 2018) and three functional genes involved in
pesticide biodegradation, including tfdA gene involving in 2,4-D
biodegradation (Bælum et al., 2008) and rdpA and sdpA genes respon
sible for mecoprop degradation (Feld et al., 2016). Each sample was
assayed in triplicates by using a C1000 Thermal Cycler (CFX384
Real-Time system, Bio-Rad Laboratories, USA) with iQTM SYBR Green
Supermix (Bio-Rad Laboratories, USA). Standard calibration curves
were obtained by using gradient concentrations of plasmid DNA con
taining the target genes. Further information of primers and cycling
sequences applied for qPCR were listed in Table S5.

(1)
(2)
(3)

where t (h) is empty bed contact time (EBCT); the H (m) is the height of
sand layer (without the support layer); S (m2) represents the crosssectional area of the column; Q (L/h) is the volumetric flow velocity;
SLR (µg/h for OMP, or mg/h for DOM and ammonia) means the sub
strate loading rate; Csubstrate (µg/L for OMP, or mg/L for DOM and
ammonia) is the substrate concentration in inlet; Y is the loading ratio of
DOM/OMP.
To monitor the performance of columns, the multiple chemical pa
rameters (described in Section 2.4) in both influent and effluent were
measured every two or three days. During the last week of each exper
imental phase, the triplicate samples were collected from the top, middle
and bottom layers of sand bed to show the vertical removal of con
taminants within the columns. At the end of each phase, all columns
were drained off, where sand samples (approximately 2 mL) were taken
from different layers for further molecular analysis. The removal per
formance of OMP was represented by the residual OMP in effluent,
which was calculated by Eq. (4).
( )
C
R=
× 100
(4)
CO

2.5. Kinetic analysis
Kinetic analysis was used to compare OMP biodegradation rates in
different phases. Previous studies demonstrated the microbial trans
formation of pollutants in biofilms followed pseudo-first-order kinetic
model (Smook et al., 2008; Zearley and Summers, 2012). In addition, the
biodegradation pattern of trace organic pollutants that are not sup
porting bacterial growth is best fit by pseudo-first-order kinetic model
(Schmidt et al., 1985). Therefore, the pseudo-first-order kinetic models
(Eq. (5)) was applied to analyze the biodegradation processes of OMPs
under different conditions in this study.
ln(C/C0 ) = − k⋅t

(5)

where C (ng/L) and C0 (ng/L) were the concentrations of OMPs in
effluent and influent; t (h) was EBCT; and k (h− 1) was the first-order rate
constant.

where R (%) represents the residual (percentage) of OMPs in effluent; C
(ng/L) and C0 (ng/L) are the concentrations of OMPs in effluent and
influent, respectively.

2.6. Statistical analysis
The student’s test (t-test) was carried out to identify the significance
of differences for OMP removal among three columns and OMP
biodegradation kinetic constants in different operational phases. All the
statistical analyses were performed by using R (version 4.1.0).

2.3. Chemical analytical methods
The collected samples were filtered through 0.45 µm syringe filters
and then stored at 4 ℃ prior to measurement or at − 20 ℃ if the storage
time was more than one week. Ammonia (NH+
4 -N) and total nitrogen
(TN) were measured by Hach TNTplus® Chemistries kits with a spec
trophotometer (DR3900, Hach, USA). Nitrate (NO−3 -N) and nitrite (NO−2 N) were quantified by an ion chromatography (Dionex ICS-2100,
Thermo, USA) equipped with an AS17-Column. The DOM concentra
tion was quantified by the total amount of organic carbon (TOC). TOC
(non-purgeable organic carbon) concentration was assessed by TOCLCPH analyzer with an ASI-L autosampler (Shimadzu, Japan). pH values
in effluent were recorded by a Datalogger (Consort D230, Belgium) with
real-time pH electrodes (ProSense QP108X, the Netherlands). Another
set of liquid samples (2 mL) for OMP quantification was mixed with
acetonitrile (5% v/v) to avoid OMP sorption onto centrifuge tubes and
was centrifuged at 15,000 rpm for 10 min. The supernatants were stored
in autosampler vials at − 20 ℃ before analysis. OMP quantification was
performed on an Ultra High Performance Liquid Chromatography
(UHPLC) equipped with a triple quad mass spectrometer (SCIEX Triple
Quad™ 5500, USA) (see details in Text S4). The limits of quantification
in the sample matrix were 25 ng/L and detection limit was not measured
in this experiment.

3. Results and discussion
3.1. The activities of heterotrophic and nitrifying bacteria affect OMP
removal
The adsorption batch assay (see details in Text S5) showed that
adsorption to sand did not significantly contribute to the removal of
selected OMPs (Fig. S6), as was also confirmed by other studies (Zearley
and Summers, 2012). Biodegradation was therefore proposed as the
main removal process of OMPs in columns. Ten compounds were
negligibly removed throughout the experiments, and were thus regarded
as recalcitrant compounds in this study (Fig. S7).
The addition of DOM or ammonia dictated the activity of hetero
trophic or nitrifying bacteria with varied biodegradation capacities for
paracetamol, benzotriazole, 2,4-D and mecoprop. The biodegradation of
paracetamol, 2,4-D and mecoprop was stimulated by the addition of
DOM, as their median removal increased from 20.6% (Fig. 2a), 32.5%
(Fig. 2c) and 26.4% (Fig. 2d) in the control column to 62.4% (Fig. 2a),
52.6% (Fig. 2c) and 54.4% (Fig. 2d) in the DOM column, respectively. In
contrast, their biodegradation was suppressed in the ammonia column,
where the median removal decreased to 0.8% for paracetamol (Fig. 2a),
2.9% for 2,4-D (Fig. 2c) and − 1.8% for mecoprop (Fig. 2d). The addition
of ammonia combined with a limited DOM feeding in the ammonia
column might allow nitrifying bacteria to outcompete the heterotrophic
degraders. Therefore, the biodegradation of paracetamol, 2,4-D and
mecoprop was most likely attributed to the activity of the heterotrophic
community rather than that of nitrifying community.
In contrast to the aforementioned three OMPs, benzotriazole showed
an opposite removal behavior with the addition of DOM or ammonia
(Fig. 2b). Benzotriazole biodegradation was inhibited by the addition of

2.4. Molecular analysis
Genomic DNA was extracted from sand samples (approximately
1000 mg) by DNeasy PowerSoil Kit (QIAGEN, Hilden, Germany). The
concentration and quality of extracted DNA were measured by a
NanoDrop spectrophotometer (Thermo Fisher Scientific, ND-2000,
USA). DNA samples were stored at − 80 ℃ prior to further analysis.
Quantitative PCR (qPCR) was used to quantify the copy numbers of total
bacterial 16S rRNA gene (representing total bacteria), amoA gene coding
for ammonia monooxygenase (AMO) enzyme (representing nitrifying
4
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Fig. 2. OMP removal in different columns in
the first experimental phase (red lines indi
cate median; boxes show interquartile range;
whiskers represent minimum and maximum
non-outlying values; solid diamond points
show the data points individually, n = 12).
Student’s test (t-test) was used to analyze the
significance of each paired group for OMP
removal, “ns” indicates no significant differ
ence with p-value > 0.05; “*” means p-value
is 0.01–0.05; “**” means p-value is
0.001–0.01; “***” means p-value is
0.0001–0.001; “****” means p-value is <
0.0001.

DOM, with a median removal of 36.5% in the DOM column as compared
to the control column with 83.0% (Fig. 2b). The inhibited biodegrada
tion of benzotriazole in the DOM column could be due to substrate
competition between DOM and benzotriazole. Previous studies indi
cated that the presence of biodegradable DOM could reduce microbial
biodegradation preference for certain OMPs (e.g., caffeine) due to the
substrate competition (He et al., 2018). Therefore, microorganisms able
to degrade benzotriazole may prefer to metabolize biodegradable DOM
instead of benzotriazole if excess DOM is available. In addition, benzo
triazole biodegradation was enhanced by the addition of ammonia, with
a median removal of 93.5% (Fig. 2b). The improved removal of ben
zotriazole under nitrification conditions was most likely due to the
autotrophic co-metabolisms. Trejo-Castillo et al. (2021) reported that
benzotriazole could be co-metabolically biodegraded in nitrifying cul
tures, and increasing the initial ammonia concentration resulted in an
increase in benzothiazole co-metabolism. It was also observed that the
ammonium monooxygenase (AMO) enzyme can oxidize a broad range of
organic compounds by hydroxylating alkyl groups or aromatic ring
(Fernandez-Fontaina et al., 2016). We therefore conclude that nitrifying
bacteria may contribute to benzotriazole biodegradation.

competition, while biodegradation kinetic constants show the biodeg
radation rate. The results revealed that biodegradation kinetic constant
of benzotriazole was highest in Phase II, where the loading ratio of
DOM/benzotriazole is lowest (Fig. 3). In addition, vertical removal data
showed that more benzotriazole was removed in the bottom-half of
DOM column (Fig. S8b). This could be the result of a lower loading ratio
of DOM/benzotriazole due to partial DOM consumption in the top-half
of the column. Thus, the lower loading ratio of DOM/Benzotriazole
established a condition with less substrate competition, which was
beneficial for benzotriazole biodegradation.
An improved removal of benzotriazole under carbon-limited condi
tions was also observed in sequential managed aquifer recharge systems
(Müller et al., 2017; Hellauer et al., 2018a, 2018b). In these systems,
benzotriazole was recalcitrant in the first aquifer passage (Hellauer
et al., 2018a, 2018b), where higher concentrations of degradable DOM
were present (Regnery et al., 2016). Benzotriazole was efficiently bio
degraded in the second aquifer passage (Hellauer et al., 2018a, 2018b),
where water was carbon-depleted as the easily biodegradable DOM was
consumed in the first passage. These findings combined with our results
could verify the fact that DOM overloading is disadvantageous for
benzotriazole biodegradation due to the stronger substrate competition.
The surplus biodegradable DOM increased microbial preferences for
utilizing DOM instead of benzotriazole. In addition, DOM consists of a
range of organic molecules with different biodegradation rates, thus
DOM containing different biodegradable fractions may show variable
biodegradability and hence affect the substrate competition.

3.2. DOM loading patterns dictate OMP biodegradation rates
3.2.1. The loading ratio of DOM/benzotriazole determines benzotriazole
biodegradation rates
Lower DOM loading rates benefited benzotriazole biodegradation.
The average removal of benzotriazole was 20.1 ± 14.2% in the phases
with high DOM loading rates (31.4 ± 4.4 mg C⋅h− 1), whereas was 48.1
± 9.2% in the phases with low DOM loading rates (11.8 ± 2.6 mg C⋅h− 1)
(Fig. S8a). There was a significant difference (p-value = 6.99 × 10− 6, ttest) in benzotriazole removal between the high DOM loading phases
and the low DOM loading phases. The negative effects of DOM loading
rates on benzotriazole biodegradation were consistent with the finding
in Section 3.1, where the presence of DOM negatively affect benzo
triazole removal. We subsequently examined the effects of substrate
competition on the biodegradation rate of benzotriazole. The loading
ratio of DOM/benzotriazole represents the level of substrate

3.2.2. DOM loading enhances heterotrophic bacteria growth for
paracetamol biodegradation
Long-term operation resulted in the growth of heterotrophic com
munities to degrade paracetamol in both the control and the DOM col
umn. Biodegradation kinetic constants of paracetamol gradually
increased over the course of the 109 days of OMP exposure (Fig. 4a). The
temporary decrease in Phase IV was most likely due to the longer EBCTs,
which will be discussed in Section 3.4. It has been widely reported that
OMP biodegradation was increased after exposure to OMPs for an
adaption period in filtration system (Hedegaard et al., 2014; Bertelkamp
5
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Fig. 3. Benzotriazole biodegradation rates under different loading rates of
DOM and different loading ratios of DOM and benzotriazole. The average
values of the last-week data points are used as the steady value of each
phase; whiskers show the standard deviations of average values, 4 ≤ n ≤ 5.
Student’s test (t-test) was used to check the significance of each paired
phase for benzotriazole biodegradation kinetic constant (k), “ns” indicates
no significant difference with p-value > 0.05; “*” means p-value is
0.01–0.05; “**” means p-value is 0.001–0.01; “***” means p-value is
0.0001–0.001; “****” means p-value is < 0.0001.

heterotrophic community. Thus, the microbial adaption for paracetamol
biodegradation could be the proliferation of heterotrophic degraders.
The feeding with DOM promoted the growth of heterotrophic
degrader and hence shortened the adaption time. During the first three
phases, the biodegradation kinetic constants of paracetamol in DOM
column were 6.2-fold, 5.2-fold and 2.3-fold compared to the ones in the
control column (Fig. 4a). In addition, the kinetic constants reached to
above 3.0 h− 1 within three phases (66 days) in the DOM column, while it
needed five phases (109 days) in the control column to reach the same
extent (Fig. 4a). The longer adaption time in control column might be
due to the slower growth of heterotrophs with limited biodegradable
DOM. The copy numbers of total bacterial 16S rRNA gene in the control
column were less than in the DOM column at the end of Phase 0 and
Phase I (Fig. S9b), suggesting the bacterial community grew up more
slowly in the control column. Additionally, most of paracetamol was
removed at the top-half of the DOM column (Fig. S9a) with more
available DOM and higher bacterial abundance (Fig. S9b), confirming
the biodegradation of paracetamol required a sufficient activity of the
heterotrophic community. Therefore, feeding with DOM can contribute
to the establishment of enough heterotrophic degraders, and hence,
shorten the microbial adaption time for paracetamol biodegradation.
3.2.3. 2,4-D and mecoprop biodegradation decreased due to substrate
competition
The feeding with DOM temporarily supported 2,4-D and mecoprop
biodegradation in Phase I and II, while the biodegradation rates of both
herbicides decreased after Phase II in the DOM column and after Phase
III in the control column (Fig. 4b and c). In our experiment, biodegra
dation of 2,4-D and mecoprop at concentrations of 1 µg/L was most
likely under nongrowth kinetics (Toräng et al., 2003). Thus, feeding
with DOM could improve herbicide biodegradation rates by supporting
the growth of the herbicide degrader. Previous studies suggested that
the reduced OMP biodegradation activity was associated with the loss of
degrader cells (Albers et al., 2015; Horemans et al., 2017). The bacterial
loss mechanisms include loss from backwashing, from protozoan pre
dation and from starvation (Albers et al., 2015). However, the reduction
in biodegradation activity in our reactors could not be explained by the
loss of degraders, since the abundances of the tfdA gene (involving in 2,
4-D biodegradation) (Fig. S10a) and the sdpA gene (required for meco
prop biodegradation) (Fig. S10b) were at a stable level or even increased
in the last three phases. The rdpA gene was not detectable in our study,
which agrees with other reports (Paulin et al., 2011; Feld et al., 2016). A
potential mechanism for diminished biodegradation of 2,4-D and

Fig. 4. The biodegradation rates of (a) paracetamol, (b) 2,4-D and (c) meco
prop in the control and the DOM column. The average values of the last-week
data points represent the steady value of each phase; whiskers show the stan
dard deviations of average values, 4 ≤ n ≤ 5. Student’s test (t-test) was used to
check the significance of each paired group for OMP biodegradation kinetic
constant (k), “ns” indicates no significant difference with p-value > 0.05; “*”
means p-value is 0.01–0.05; “**” means p-value is 0.001–0.01; “***” means pvalue is 0.0001–0.001; “****” means p-value is < 0.0001.

et al., 2016). Modrzyński et al. (2021) found that the biodegradation of
paracetamol was completed after 15 weeks microbial adaption in a
column-scale aquifer. The discussion in Section 3.1 suggested that
paracetamol biodegradation was contingent on the activity of
6
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mecoprop during long term column operation is substrate competition.
In the adaptive phase without OMP spiking (Phase 0), the abundance of
tfdA and sdpA genes was higher in the DOM column than in the control
column (Fig. S10), implying that the 2,4-D and mecoprop degraders can
grow on DOM. As a result, the specific degrading microorganisms might
adapt to DOM-dependent growth instead of utilizing 2,4-D and meco
prop as carbon sources. This microbial adaption was delayed in the
control column (Fig. 4b and c) and might be the result of the lower
degradability of tap water DOM compared with compost DOM. There
fore, the feeding of DOM temporarily benefits 2,4-D and mecoprop
biodegradation by providing an extra carbon source for degrader
growth, but the biodegradation activity diminished with time due to
substrate competition after a long-term operation.

loading rates positively affect benzotriazole biodegradation rates, with
an average kinetic constant of 3.2 ± 1.6 h− 1 in Phase I, III and V
compared with 0.4 ± 0.4 h− 1 in Phase II and IV (Fig. 5a). The nitrifi
cation rates appear strongly correlated with ammonia loading rates
(Fig. 5a), as previously suggested by Lee et al. (2014). Hence, the ac
tivity of nitrifying bacteria dictates benzotriazole biodegradation rates,
which is verified by the vertical removal pattern of benzotriazole and the
abundance of amoA gene with depth. Fig. 5b represents how the ma
jority of benzotriazole was removed in the top-half of column, where the
nitrification process mainly took place (Fig. 5c). Moreover, the copy
numbers of amoA genes, representing the abundance of nitrifying bac
teria (Fowler et al., 2018), was higher in the top layer than in the bottom
layer (Fig. 5d). The negligible nitrite formation indicates the presence of
complete ammonia-oxidizing (comammox) nitrifier in the column
(Figs. 5c and S12). It has been reported that comammox nitrifier, like
Nitrospira, dominated the nitrifying community in field RSFs (Fowler
et al., 2018; Poghosyan et al., 2020; Hu et al., 2020; Wang et al., 2022).
These outcomes show that the high loading rates of ammonia can pro
mote benzotriazole biodegradation rates by stimulating the activity of
nitrifying bacteria.

3.3. Nitrification rates dictate benzotriazole biodegradation rates
The removal behavior of benzotriazole in ammonia column revealed
the effect of ammonia loading rates on benzotriazole biodegradation.
The removal efficiency was improved with the increase in ammonia
loading rates. The high ammonia loading rates (13.4 ± 1.0 mg NH+
4N⋅h− 1) resulted in an average removal of 72.4 ± 16.2%, while the
− 1
removal for the low loading rates (2.7 ± 0.3 mg NH+
4 -N⋅h ) was 32.2 ±
9.0% (Fig. S11a). The benzotriazole removal was significantly different
(p-value = 4.47 × 10− 7, t-test) between the high ammonia loading
phases and the low ammonia loading phases. Furthermore, ammonia

3.4. Effects of EBCT on OMP biodegradation rates
In this study, control column was fed with neither additional
ammonia nor biodegradable DOM, where EBCT was therefore the sole
Fig. 5. Benzotriazole biodegradation in the ammonia column. (a) Benzotriazole
biodegradation rates under different nitrification activities. The average values
of the last-week data points are used as the steady value of each phase; whiskers
show the standard deviations of average values, 4 ≤ n ≤ 5. Student’s test (t-test)
was used to check the significance of each paired phase for benzotriazole
biodegradation kinetic constant (k), “ns” indicates no significant difference with
p-value > 0.05; “*” means p-value is 0.01–0.05; “**” means p-value is
0.001–0.01; “***” means p-value is 0.0001–0.001; “****” means p-value is <
0.0001. (b) the vertical residual concentration of benzotriazole through sand
bed in Phases I, III and V with high ammonia loading rates, n = 8; (c) the
−
vertical consumption of ammonia (NH+
4 -N) and production of nitrite (NO2 -N)
and nitrate (NO−3 -N) in Phases I, III and V with high ammonia loading rates, n =
9; d) the average abundance of amoA genes in different layers of sand bed at the
end of Phases I, III and V, n = 9.
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controlled changing factor during all the phases of the experiment
(Table 1). Therefore, the biodegradation performances in control col
umn were used for understanding the impacts of EBCT on OMP
biodegradation rates. A prolonged EBCT limits the biodegradation ac
tivities of paracetamol and benzotriazole, as a 5× longer EBCT in phase
IV resulted in lower biodegradation kinetic constants for paracetamol
and benzotriazole (Fig. 6a and b). The prolonged EBCTs can reduce the
microbial activity by limiting substrate loading rates and hence result in
inhibitory effects on OMP biodegradation (Paredes et al., 2016; Wang
et al., 2021). Our results showed that paracetamol biodegradation was
contingent on the activity of the heterotrophic community (Figs. 2a and
4a). Therefore, the longer EBCT may limit the activity of heterotrophic
degraders by decreasing DOM loading rates, and thus reduce the
biodegradation rates of paracetamol. The prolonged EBCT reduced the
loading rates of both DOM and benzotriazole, and hence, resulted in a
similar competitive condition for benzotriazole biodegradation. This
demonstrates that the reduced activity for benzotriazole biodegradation
with prolonged EBCT may result from the deceased substrate loading
rates rather than the substrate competition.
In contrast, a longer EBCT improved metformin biodegradation ef
ficiency in all the columns (Fig. S13). Especially in the control column,
the removal efficiency of metformin during Phase IV was 46.4 ± 12.8%,
while the average removal during other phases were 2.5 ± 7.4% (Fig.
S13a). Moreover, the biodegradation rate of metformin at Phase IV was
the highest, with a kinetic constant of 0.3 ± 0.1 h− 1, versus an average
constant of 0.06 ± 0.2 h− 1 for other phases (Fig. 6c). The biodegradation
kinetic constant of metformin was lower than paracetamol and benzo
triazole, indicating a lower biodegradation rate for metformin (Fig. 6).
In addition, metformin was previously categorized as not a readily
biodegradable compound (Trautwein and Kümmerer, 2011) and its
biodegradation thus required long residence times (Scheurer et al.,
2012). A microbial degradation of metformin occurred in a drinking

water aquifer with a residence time of about one year (Scheurer et al.,
2012), while another considerable biodegradation of metformin (more
than 85%) was achieved in a managed aquifer recharge with a travel
time of 4.08 and 11.76 h (Hellauer et al., 2018a). Therefore, a longer
EBCT may benefit metformin biodegradation in RSFs, as the degraders
need sufficient time to induce biotransformation.
4. Conclusion and field implications
The use of RSFs to biodegrade OMPs is receiving increasing interest
but is challenging, as biodegradation patterns of OMPs under multiple
operational conditions are not yet sufficiently understood. To the best of
our knowledge, this is the first paper examining OMP biodegradation
behaviors vis-à-vis substrate and contaminant loading patterns in a
continuous filter system with multiple OMPs at trace concentrations.
The feed of DOM promotes paracetamol biodegradation by supporting
the growth of heterotrophic degraders, while inhibiting benzotriazole
biodegradation due to substrate competition. The substrate competition
also reduces the biodegradation of 2,4-D and mecoprop with time. We
therefore propose two mechanisms for OMP biodegradation by hetero
trophic populations: (i) paracetamol is degraded by general heterotro
phic communities, where the generated enzymes for DOM utilization are
also capable of degrading paracetamol; (ii) benzotriazole, 2,4-D and
mecoprop are degraded by specific degraders that can utilize both DOM
and OMPs. High DOM loading rates can therefore reduce the microbial
preference for OMPs via substrate competition. Two field strategies can
hereby be envisioned to improve the biodegradation of benzotriazole,
2,4-D and mecoprop. First, two filter units can be designed in series,
where a majority of biodegradable DOM can be consumed in the pri
mary unit, while the secondary filter can provide favorable, low DOM
conditions for OMP biodegradation. Instead of building a secondary
filter unit, extending the sand bed can be another option to create a low
Fig. 6. The biodegradation rates of (a) paracetamol, (b) benzotriazole and
(c) metformin at different EBCTs in the control column. The average values
of the last-week data points represent the steady value of each phase;
whiskers show the standard deviations of average values, 4 ≤ n ≤ 5. The
negative values were likely due to the instrument accuracy and measure
ment errors when OMP removal was negligible. Student’s test (t-test) was
used to check the significance of each paired phase for OMP biodegrada
tion kinetic constant (k), “ns” indicates no significant difference with pvalue > 0.05; “*” means p-value is 0.01–0.05; “**” means p-value is
0.001–0.01; “***” means p-value is 0.0001–0.001; “****” means p-value is
< 0.0001.
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DOM condition. It is assumed that assimilable DOM is utilized by com
munities in the upper part of the filter, making the lower part of the filter
suitable for benzotriazole, 2,4-D, and mecoprop biodegradation. Addi
tionally, we need to consider the effects of DOM biodegradability on
OMP biodegradation in practice. The DOM in the field inlet can be more
recalcitrant than the compost DOM used in this study. Thus, the sub
strate competition may be less pronounced in field RSF. In contrast,
adding biodegradable DOM in influent is a possible solution to enhance
microbial elimination of paracetamol. In this case, the residual DOM in
effluent (if any) needs to be strictly monitored and removed to ensure
proper drinking water quality.
Stimulating nitrification enhances the co-metabolism of benzo
triazole, but inhibits biodegradation of paracetamol, 2,4-D and meco
prop. Therefore, a promising alternative for improving benzotriazole
biodegradation is to boost nitrifying bacteria growth by adding addi
tional ammonia in RSFs. To avoid the excess nitrate production or
increased oxygen consumption in daily operation, periodically back
washing the sand bed with ammonia could be an attractive strategy.
Similarly, as aeration is an upstream facility for RSFs in DWPPs, limiting
nitrification there can improve ammonia loading amounts, thereby
supporting nitrification activity in RSFs. However, it should be noted
that certain OMPs, like paracetamol, 2,4-D and mecoprop, are mainly
degraded by heterotrophic bacteria. Therefore, an improving nitrifica
tion activity may be detrimental for their removal, as autotrophs will
dominate over heterotrophic communities.
Prolonging EBCT improves metformin removal by providing suffi
cient contact time, but reduces biodegradation rates of paracetamol and
benzotriazole due to the substrate supply limitation. It seems unrealistic
to guarantee a satisfactory removal of multiple compounds with one
EBCT, however, EBCTs need to be prolonged when slow biodegrading
compounds are present in the inlet water. To prevent the reduced
biodegradation rate of other compounds from decreasing substrate
loading rates, a thicker sand bed could be an option to offer a longer
EBCT without reducing flow velocity. Overall, this research contributes
to an improved understanding of how substrate loading patterns
determine OMP biodegradation activity in RSFs, providing a key foun
dation for optimizing RSFs for the removal of OMPs from drinking
water.
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