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CHAPTER 1.
General introduction.

CHAPTER 1

1.1 Commonly used insecticides: neonicotinoids
Worldwide food demand is increasing rapidly due to the exponential increase in the world
population. The increasing use of pesticides in agricultural practices has significantly impacted
crop growth efficiency, allowing a more than doubling in world food production during the
last century (Hazell and Wood 2008, Carvalho 2017). Around one-third of today’s agricultural
products are cultivated with the use of pesticides, and estimations are that there would be a
reduction of 78% in fruit production and 54% in vegetable production without the use of
pesticides (Lamichhane 2017). The main pesticides used in agriculture are insecticides,
herbicides, and fungicides. As the name suggests, insecticides are a type of pesticide that is
used to specifically target and kill insects, and herbicides are used to kill undesirable plants or
“weeds”, while fungicides are pesticides that kill or prevent the growth of fungi and their
spores (Abubakar et al. 2020).
In this thesis, we focus on insecticides, specifically on neonicotinoids (NNIs), which are the
most used types of insecticides in the world (Bartlett et al. 2019b). Because of their structural
similarity with a nicotine molecule, NNIs are able to act as an agonist of the nicotinic
acetylcholine receptors (nAChRs). nAChRs are receptor polypeptides that respond to the
neurotransmitter acetylcholine. nAChRs are found in the central and peripheral nervous
system, muscles, and other tissues of many organisms. nAChRs are involved in rapid
neurotransmission in insect and mammalian nervous systems and play significant roles in
learning and memory (Taillebois et al. 2018). By acting as an agonist on the nAChRs, NNIs
disrupt the central nervous system of insects (Motohiro Tomizawa 2000, Taillebois et al. 2018)
1.1.1. Neonicotinoids and their alternatives
NNIs have many advantages compared to their predecessors, mainly due to their extreme
toxicity to most targeted insect species and low acute toxicity to mammals, including humans
(Morrissey et al. 2015). Among the NNIs, imidacloprid (IMI) was the first NNI registered in the
European Union (2000; EC/List no.: 604-069-3), followed by acetamiprid (2004; EC/List no.:
603-921-1), and thiacloprid (2004; EC/List no.: 601-147-9), clothianidin (CLO) (2006; EC/List
no.: 433-460-1) and thiamethoxam (THM) (2007; EC/List no.: 428-650-4) (Commission 2004,
2005, 2006, 2008). Since then, the use of NNIs has grown exponentially, reaching 25% of global
pesticide sales in 2014, with THM, IMI, and CLO accounting for almost 85% of the total
neonicotinoid sales in crop protection in 2012 worldwide (Bass et al. 2015).
8
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The intensive use of NNIs also brings many environmental problems. Because of their high
solubility and relatively long half-life in soil and water, neonicotinoids are often transported
from application fields to non-target field margins, adjacent floral communities, and wildlife
habitats during crop planting and precipitation events (Hladik et al. 2018, Pietrzak et al. 2020).
The associated chemical fate provides the potential for wild bee populations to be exposed to
neonicotinoids via soil, plants (e.g., leaves, flowers), and pollen. Numerous studies have
identified a range of neonicotinoid active ingredients in crops and non-target margin plant
material, eventually causing declines in both managed and wild bee populations (Woodcock
et al. 2016, Woodcock et al. 2017, Main et al. 2021, Siviter et al. 2021). In addition to the
toxicity of the parent compound of NNIs, some metabolites of imidacloprid were found to be
toxic to bees (Nauen et al. 2001).
Due to their risks to pollinators these three main neonicotinoids, IMI, THM, and CLO, were
banned for outdoor use in Europe in 2018 (Commission 2018). This has led to the introduction
of insecticidal alternatives on the global market.
One of the important alternatives to IMI is flupyradifurone (FPF), a new butenolide pesticide
that launched globally (Giorio et al. 2017a). FPF was first commercially available in Honduras
and Guatemala in 2014 (Nauen et al. 2015a) and has since then become available for use on
a wide range of crops in Canada (PMRA 2015), the United States (EPA 2015), China (Zhong et
al. 2021) and Europe (EFSA 2016). Compared with the class of neonicotinoid insecticides
containing N-nitroguanidine-, N-cyano-amidine-, or nitromethylene pharmacophores, the
butenolide insecticide flupyradifurone contains a different pharmacophore system as a new
bioactive scaffold (Figure 1.1) (Jeschke et al. 2015a, Nauen et al. 2015b). Although FPF also
targets at nAChRs, similar to neonicotinoids, it differs from most neonicotinoids due to its
bioactive scaffold (Figure 1.1 b) (Jeschke et al. 2015a).
FPF is used for a wide range of crops as a foliar spray, soil drench, and seed treatment,
targeting sucking pests such as aphids, hoppers, and whiteflies (Bayer 2012). Research shows
that FPF seems comparatively safer for honeybees and bumblebees than IMI (Campbell et al.
2016). However, in the latest statement evaluated by EFSA, they found evidence that among
solitary bee species – which was not addressed in the previous EU assessment – the species
Megachile rotundata may be more sensitive to FPF (EFSA PPR Panel (Panel on Plant Protection
Products and their Residues) et al. 2022).
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Figure 1.1: Comparison of pharmacophore systems of nAChR agonists: (a) neonicotinoids, i.e. N-nitroguanidines, N-cyano-amidines, nitromethylenes; (b) butenolides, adapted from (Jeschke et al. 2015a).

1.1.2. Effects of imidacloprid and flupyradifurone in freshwater systems
Compared to the bees study, studies on the effects of NNIs in aquatic systems are limited. As
highly water-soluble compounds, neonicotinoids have been frequently detected in waterways
around the world, including surface water runoff (rivers, streams), groundwater, and wetlands
(Morrissey et al. 2015, Hladik et al. 2018). Moreover, although IMI has been banned for
outdoor use, it is still detected in the environment in Europe (Casillas et al. 2022). High
concentrations, for example, are still observed in various water bodies near greenhouses in
the Netherlands, where the use of IMI is still permitted (Thunnissen et al. 2020b, van Hagen
2020). Based on 2254 measurements, the RIVM (National Institute for Public Health and the
Environment of the Netherlands) reported concentrations of up to 2.8 µg/L in surface waters
(Lahr et al. 2019). In addition, some metabolites of IMI have been detected in environmental
water samples through environmental degradation and biotransformation (Benton et al. 2015,
Wan et al. 2020).
Because FPF has similar chemical properties to IMI, such as high water solubility, low volatility,
and a high half-life value (Bayer 2012, Nauen et al. 2015a), it will be persistent in the
environment, with a high potential for entering freshwater ecosystems via runoff, erosion,
and leaching (Carleton 2014). Currently, only a few monitoring data for FPF in water systems
are available, although more and more research encourages the inclusion of FPF in
environmental monitoring programs (Kandie et al. 2020, Sanford and Prosser 2020). To our
knowledge, the highest measured environmental concentration of FPF is 0.16 µg/L which has
been recorded in a watershed of the Great Lakes basin in Canada, and the geometric mean
concentration of FPF in 6 watersheds near cropland was 0.018 µg/L (Metcalfe et al. 2019). FPF
10
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has also been detected in streams in Canada, with IMI being detected in 33% of the samples,
while FPF was detected in 13% of samples, with the highest concentration of 0.11 µg/L
(Sanford and Prosser 2020).

1

With ongoing concerns about NNIs in freshwater systems, several studies found that because
of the accumulation and persistence of NNIs in waters (Shahid et al. 2018, Crayton et al. 2020),
aquatic organisms' health and the aquatic ecological environment may be threatened
(Morrissey et al. 2015). These highly neurotoxic insecticides may have the potential to
significantly alter the community structure and functioning of invertebrate communities. For
example, mesocosm experiments conducted by Merga et al. (2021) showed that
the macroinvertebrate and zooplankton community structure changed significantly due to
imidacloprid contamination in mesocosms repeatedly dosed with ≥ 0.1 and ≥ 0.01 μg/L,
respectively (Merga et al. 2021).
1.2. Inter- and intra-species sensitivity differences in the ecological risk assessment
The concern of chemicals, such as NNIs, in the environment, can be addressed by ecological
risk assessment (ERA) (Casillas et al. 2022). More specifically, ERA aims to quantify risk through
an exposure and effect assessment (van Leeuwen and Vermeire 2007). The aim of the
exposure assessment is to determine the concentration of a hazardous chemical in the
environment which is called the predicted environmental concentration (PEC). When a
chemical is released into the environment, many processes can influence the fate and
behaviour of this chemical including transportation (e.g., run-off), (bio)degradation,
adsorption, evaporation, leaching, and other forms of dissipation (van Leeuwen and Vermeire
2007). In the effect assessment, the predicted no-effect concentration (PNEC) is determined,
which indicates the threshold concentration under which no significant adverse effects on the
ecosystem are expected (van Leeuwen and Vermeire 2007).
The methods in chemical risk assessment, including the tests of neonicotinoids amongst other
chemicals, are highly standardized. For this reason, there are numerous guidelines provided
by the Organisation for Economic Co-operation and Development (OECD) and the
International Organization for Standardization (ISO) to enable scientists all over the world to
compare their results following standardized criteria (Moermond et al. 2016). The majority of
these guidelines describe bioassays performed with a single test species and a single chemical
in a simple setup that typically consists of a small glass container in which organisms are fed
11
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specific food in a well-described medium and under strict temperature and light conditions
(for example OECD, 2012(OECD 2012)). These experiments provide data that can be used to
calculate PNECs using assessment factors. The data can also be used as an input for several
models (such as ‘species sensitivity distributions’, SSD) upon which potential environmental
risks can be estimated (De Zwart and Posthuma 2005).
However, this standardized testing method has advantages and disadvantages (Schaefer
2013). One of the advantages of standardized testing is facilitating the comparison of data and
results and allowing replication of the test (Schaefer 2013, Martin et al. 2019). Contrary, one
of the disadvantages is that we may neglect other species besides the standard test species or
overlook the intraspecies sensitivity differences and environmental conditions outside the
ranges prescribed in the protocols (Taylor and Scroggins 2013). Such neglection may lead to
an underestimation of chemical risks and fail our goals of protecting the environment and
human safety. Thus, assessing and understanding the intra- and inter-species differences in
sensitivity is essential for an environmentally relevant ERA.
On the other hand, ecosystems can be populated by hundreds to thousands of species, and
each species has the potential to show a different sensitivity toward each of the hundreds of
thousands of different chemical compounds that can be present in our ecosystems (Van den
Berg et al. 2019). Choosing which species is the representative species in ERA is also known as
the myth of the “most sensitivity species” (Cairns 1986). It also resulted in the awareness of
so-called inter-species sensitivity differences. In addition, intraspecies sensitivity is also an
important factor in ERA. The variation in sensitivity of individuals within the same species may
be influenced by the size, sex, and life stage of the individuals (McClellan-Green et al. 2007,
Poteat and Buchwalter 2014) and environmental factors, such as temperature, salinity,
geography and season (Hooper et al. 2013, Moe et al. 2013, Van den Brink et al. 2016,
Bednarska et al. 2017, Sumon et al. 2018).
Besides the interspecies and intraspecies sensitivity difference, there is a discrepancy between
acute and chronic toxicity of IMI to aquatic arthropods, also called time-accumulative toxicity.
The effects of IMI on sensitive species, such as bees (Rondeau et al. 2014) and mayflies (Van
den Brink et al. 2016, Macaulay et al. 2021), increased after long-term exposure, not reaching
the incipient threshold value. The incipient value is the value that the LC50 will reach when the
internal body concentration has reached an equilibrium with the external (constant) aqueous
12
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concentration (Legierse et al. 1999). The concept of incipient value is essential in aquatic risk
assessment for chemicals that exert an irreversible receptor interaction. The exact mechanism
of IMI's increased toxicity with time is unknown, and whether this phenomenon exists in FPF
also needs to be investigated.
1.3. Mechanistic effect modelling to increase understanding of inter- and intra-species
variation
In addition to traditional laboratory toxicity testing, there is a growing trend to use
mechanistic effect models to interpret results, predict effects, and ultimately understand the
mechanisms of toxicity. Lately, EFSA concluded that toxicokinetics and toxicodynamics (TKTD)
effect models are essential for the risk assessment of pesticides for aquatic organisms (EFSA
PPR Panel (Panel on Plant Protection Products and their Residues) et al. 2018).
Traditionally, chemicals' toxicity on aquatic invertebrates is assessed by either an acute (2 or
4 days) or a chronic (21 or 28 days) toxicity test. However, these tests only provide us with the
toxicity values for a certain endpoint and time point (e.g., mortality for 4 or 28 days). There
are many shortcomings of this traditional descriptive dose-response model and the associated
summary statistics like LC50, ECx or NOEC values (Jager 2011). For example, the value of ECx
depends on the experiment duration and environmental conditions, and it is only purely
descriptive, without any mechanistic information (Jager 2011).
Instead, the TKTD effect models allow the interpretation and prediction of toxicity (EFSA PPR
Panel (Panel on Plant Protection Products and their Residues) et al. 2018) and these models
provide a modeling approach of intermediate complexity (Jager 2017b). TKTD models quantify
the time-course of internal concentration, which is a result of uptake, elimination and
biotransformation of the parent compound (TK), and the processes which lead to the toxic
effects at the target site (TD) (Jager et al. 2011). As a first step, TK models translate an external
concentration of a toxicant to an internal concentration over time. In their simplest form, TK
models include the processes of uptake and elimination, but refined TK models may also
include further processes that modify the concentration of the toxicant at the target site, such
as biotransformation and internal distribution. As a second step, TD models quantitatively link
the internal concentration to the effect at the level of the individual organism over time to the
effect (e.g., mortality) (Jager et al. 2011). Among all TKTD models, the General Unified
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Threshold model of Survival (GUTS) is mostly used for aquatic invertebrates (Jager et al. 2011)
(Figure 1.2).
Nevertheless, GUTS only focuses on mortality and assumes that an organism does not grow
or reproduce. This assumption is suitable for short-term testing (e.g., 4 days) but not for longterm experiments when an organism grows or even reproduces, and sublethal effects on these
processes also need to be assessed. The need for the inclusion of sublethal effects calls for the
integration of the dynamic energy budget model concept into TKTD models. The Dynamic
energy budget (DEB) theory focuses on energy as a common currency (with units of, e.g.,
Joule). Mass and energy flow in an animal is linked. A certain mass of food represents a certain
amount of energy, depending on its composition. The growth process represents an amount
of energy obtained from food that is fixed in the new tissue and energy that is lost in the
process of turning food into the new biological structure (overhead costs, which need to be
accounted for in any biochemical transformation) (Jager 2017b). DEBtox models explore the
effects of toxicants on growth and reproduction over time, even over the entire life cycle (EFSA
PPR Panel (Panel on Plant Protection Products and their Residues) et al. 2018) (Figure 1.2).
Mechanistic modeling like the GUTS and DEB models has been used to understand species
sensitivity, delayed effects, and temperature influence in a variety of chemicals and species
(Gergs et al. 2015, Li et al. 2021, Na et al. 2021). This thesis uses these models to understand
the differences in the sensitivity of species to our chemicals of interest. Specifically, the
sensitivity differences in toxicokinetics and toxicodynamic processes are determined
separately, and the potential drivers of interspecies and intraspecies sensitivity differences
are explored.
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Figure 1.2: Schematic presentation of the concepts behind toxicokinetic (TK)/toxicodynamic (TD)
models; GUTS stands for the General Unified Threshold model of Survival, while DEBtox stands for
toxicity models derived from the Dynamic Energy Budget (DEB) theory, adapted from(EFSA PPR Panel
(Panel on Plant Protection Products and their Residues) et al. 2018)

1.4. Research objectives and research questions
The main objective of this thesis is to use toxicokinetic and toxicodynamic models to
understand the time-accumulative toxicity and inter- and intra-species sensitivity of
imidacloprid and flupyradifurone in aquatic systems (Figure 1.3).
This understanding can help us develop a better risk assessment of neonicotinoids and their
alternatives in aquatic systems. To accomplish this objective, we formulated six research
questions:
1. How can the time-accumulative toxicity of IMI on certain aquatic arthropod species be
explained?
2. What are the potential drivers of interspecies variation in the sensitivity of aquatic
arthropods to IMI?
3. What are the potential drivers of intraspecies variation in sensitivity of aquatic arthropods
to IMI?
4. What is the toxicity of FPF to aquatic arthropods?
5. Does FPF, like IMI, also show time-accumulative toxicity to some aquatic arthropods?
6. How does temperature modulate the toxicity of IMI and FPF to the arthropod Gammarus
pulex?

15
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Figure 1.3: Schematic overview of the intra- and interspecies sensitivity differences of aquatic
arthropods will be investigated and the potential outputs in this thesis. This figure was created with
BioRender (https://biorender.com/).

1.5. Thesis outline
In order to answer the first and the second research questions, we explore the toxicity and
toxicokinetics of IMI and a bioactive metabolite to two aquatic arthropod species in Chapter
2. Specifically, to assess the potential effects of the metabolization of IMI and the
toxicokinetics and toxicity of the metabolite(s) on aquatic arthropods, we first study the acute
toxicity of IMI and relevant metabolites to the mayfly species Cloeon dipterum (sensitive to
IMI) and the amphipod species Gammarus pulex (less sensitive to IMI). Secondly, we conduct
toxicokinetic experiments using the parent compound (IMI) and the toxic metabolite
imidacloprid-olefin (IMI-ole).
To tackle the third research question, the size- and sex-related sensitivity differences of
aquatic crustaceans to IMI are assessed in Chapter 3. We perform standard acute toxicity and
toxicokinetic tests with Gammarus pulex and Asellus aquaticus. To investigate the intraspecies
sensitivity differences, we use neonates, juveniles and male and female adults in separate

16

GENERAL INTRODUCTION

experiments, in which we expose the animals to imidacloprid and its bioactive metabolite,
IMI-ole.
To answer the fourth and fifth questions, in Chapter 4, we assess the toxicity of FPF for several
aquatic arthropod species and compare these results with those of IMI to evaluate whether
FPF is a safer alternative for IMI in aquatic systems. Both acute and chronic toxicity tests are
performed with FPF. An acute SSD is generated for FPF and compared with IMI, and the
toxicokinetic differences between IMI and FPF are also compared. In this chapter, we address
the question of whether there is a discrepancy between acute and chronic toxicity of FPF by
using the GUTS models.
With the aim of answering the sixth research question, we explore the sensitivity differences
of IMI and FPF to Gammarus pulex at different temperatures in Chapter 5 and Chapter 6. In
Chapter 5, we measure the toxicokinetics of IMI and FPF at different temperatures. In addition,
we explore the lethal and sublethal effects of both IMI and FPF on Gammarus pulex at the
three temperatures of 7, 11 and 15 °C over 28 days. In Chapter 6, DEB models are calibrated
to understand the influence of temperature on the effect of IMI and FPF on the growth and
survival of Gammarus pulex.
Finally, in Chapter 7, I discuss the findings of my thesis, especially the importance of
biotransformation in explaining the interspecies and intraspecies sensitivity differences,
emphasising the important need to consider the toxic metabolite as well as temperature in
toxicity assessment. The final chapter also provides an outlook on the adverse-outcomepathway (AOP), which links the TKTD models to a deeper biological perspective, to gain more
understanding of the intra- and inter-species sensitivity differences in future studies.
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CHAPTER 2.

The toxicity and toxicokinetics of imidacloprid and a
bioactive metabolite to two aquatic arthropod species.
Anna Huang, Nico W. Van den Brink, Laura Buijse, Ivo Roessink, Paul J. Van den Brink

Graphical abstract: A graphic diagram of the experimental design and the results

CHAPTER 2

Abstract
Previous studies have explored effects of imidacloprid and its metabolites on terrestrial
species, such as bees, and indicated the importance of some active metabolites. However, the
biotransformation of IMI and the toxicity of its metabolites to aquatic arthropods are largely
unknown, especially the mechanisms driving species sensitivity differences and timeaccumulative toxicity effects. To assess the potential effects of the metabolisation of IMI and
the toxicokinetics and toxicity of the metabolite(s) on aquatic arthropods, we first studied the
acute toxicity of IMI and relevant metabolites to the mayfly species Cloeon dipterum (sensitive
to IMI) and the amphipod species Gammarus pulex (less sensitive to IMI). Secondly,
toxicokinetic experiments were conducted using both the parent compound and imidaclopridolefin (IMI-ole), a metabolite assessed as toxic in the acute tests and defined as bioactive. Of
the four tested metabolites, only IMI-ole was readily biotransformed from the parent IMI and
showed similar toxicity to C. dipterum as IMI. However, C. dipterum was hardly able to
eliminate IMI-ole from its body. For G. pulex, IMI-ole was also the only detected metabolite
causing toxicity, but the biotransformation of IMI to IMI-ole was slower and lower in G. pulex
compared to C. dipterum, and G. pulex eliminated IMI-ole quicker than C. dipterum. Our
results on internal kinetics of IMI and IMI-ole, and on biotransformation of IMI indicated that
the metabolite IMI-ole was toxic and was rather persistent inside the body tissue of both
invertebrate species, especially for C. dipterum. In conclusion, as IMI and IMI-ole have similar
toxicity and IMI was replaced rapidly by IMI-ole which in turn was poorly eliminated by C.
dipterum, the overall toxicity is a function of dose and time. As a result, no long-term threshold
of effects of IMI may exist for C. dipterum as the poor elimination results in an ongoing
increase of toxicity over time for mayflies as also found experimentally in previous published
papers.

This chapter is based on the paper: Huang, A., van den Brink, N.W., Buijse, L., Roessink, I. and
van den Brink, P.J., 2021. The toxicity and toxicokinetics of imidacloprid and a bioactive
metabolite to two aquatic arthropod species. Aquatic Toxicology, 235, p.105837.
https://doi.org/10.1016/j.aquatox.2021.105837
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THE TOXICITY AND TOXICOKINETICS OF IMIDACLOPRID AND A BIOACTIVE METABOLITE TO
TWO AQUATIC ARTHROPOD SPECIES

2.1. Introduction
Neonicotinoids (NNIs) are a class of neuro-active insecticides acting in a similar manner as
nicotine (Hladik et al. 2018), comprising different families i.e. the nitroguanidine insecticides
(imidacloprid) and the cyanoguanidine insecticides (thiacloprid). They are used worldwide and
spark increasing environmental concerns due to their potential risks to terrestrial and aquatic
invertebrates (Morrissey et al. 2015, Hladik et al. 2018). Imidacloprid (IMI) is the most used
NNI, and the toxicity of IMI has been extensively studied for terrestrial insects, like bees
(Suchail. et al. 2001, Zaworra et al. 2019). As IMI gets into freshwater ecosystems readily and
is relatively persistent, there are some aspects regarding IMI that need to be studied in order
to fully understand its long-term toxicity to aquatic invertebrates (Starner and Goh 2012,
Vijver and van den Brink 2014, Morrissey et al. 2015). The first one is the species sensitivity
differences. For example, mayflies are among the most sensitive species to IMI with 96h-EC50
and 28d-EC50 values being 18 and 122 times lower than those of G. pulex, which is a
macroinvertebrate with an average acute sensitivity to IMI (Ashauer et al. 2011b, Roessink et
al. 2013). The second one is the time dependent increase of the effects of IMI for sensitive
species, such as bees (Rondeau et al. 2014) and mayflies (Van den Brink et al. 2016) after a
long term exposure. For example, the toxicity of IMI to C. dipterum increased from a 4d-EC50
value of 1.02 µg/L to a 28d-EC50 of 0.126 µg/L, while for the less sensitive G. pulex this shifted
from a 4d-EC50 value of 18.3 µg/L to a 28d-EC50 of 15.4 µg/L (Roessink et al. 2013).
Studies have revealed that traits, such as organism size, respiration mode and lipid content
(Rubach et al. 2010), as well as the formation of metabolites can be possible explanations for
species specific toxicity (Kretschmann et al. 2011, McCarty et al. 2011, Fu et al. 2018). That
metabolites of IMI, such as 5-hydroxyimidacloprid and olefin IMI, result in delayed and timeaccumulative toxicity of imidacloprid has been propounded in some terrestrial studies (Suchail.
et al. 2001, Tomalski et al. 2010). Furthermore, some studies have demonstrated that some
metabolites of IMI display similar or even higher neurotoxicity than the parent compound in
locust (Parkinson and Gray 2019) and bees (Nauen et al. 2001), but these studies exclusively
focused on terrestrial species. In line with the previous recommendation (Starner and Goh
2012) of monitoring IMI metabolites, like imidacloprid-olefin (IMI-ole) and hydro imidacloprid
in surface waters, a recent study detected IMI and its metabolites in source and tap water
(Wan et al. 2020). Besides metabolites being present in the surface waters, organisms also can
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take IMI up and biotransform it, as demonstrated in several species like rock oysters (Ewere
et al. 2019), lizards (Wang. et al. 2019) and bees (Suchail. et al. 2001, Suchail et al. 2004a,
Suchail et al. 2004b). In spite of the fact that metabolic pathways may be species-specific, one
of the common pathways is that IMI is transformed to 5-OH-IMI, to IMI-ole and to 6-CNA
(Nishiwaki et al. 2004, Fusetto et al. 2017, Li et al. 2019). To understand the effect pathway of
IMI and its metabolites in aquatic invertebrates, we chose IMI and its metabolites
imidacloprid-olefin, imidacloprid‐urea, 6-chloronicotinic acid, and 5-hydroxy-imidacloprid in
our study based on their commercial availability their potential toxicity (Nishiwaki et al. 2004,
Suchail et al. 2004a, Tomalski et al. 2010, Ma et al. 2014, Fusetto et al. 2017, Li et al. 2019)
and environmental occurrence (Benton et al. 2015, Wan et al. 2020).
To increase the understanding of the mechanism of toxicity and its increase with time, a
toxicokinetic-toxicodynamic (TKTD) model, e.g. belonging to the General Unified Threshold
model for Survival (GUTS) can be used (Ashauer et al. 2010). The TK part of the model
describes the fate of a toxicant from the surrounding environment to the internal body and
may consist of uptake, absorption, excretion, and biotransformation (Kretschmann et al.
2011), depending on the complexity of the model used. The TD part of the GUTS framework
usually models survival, but, immobility without recovery can also be modelled by the GUTS
model (Ashauer et al. 2011a, Jager et al. 2011). Immobility is a better endpoint for IMI since
neonicotinoids are neurotoxic and expected to cause effects on behaviour (Morrissey et al.
2015). Currently, some studies are available which include bioaccumulation and
metabolisation of IMI in bees (Nauen et al. 2001, Suchail et al. 2004a, Zaworra et al. 2019),
plants (Mach et al. 2018), and lizards (Wang et al. 2018), while one study with internal
concentration measurements is available for aquatic organisms (Ashauer et al. 2010). In that
study, no metabolisation of the parent compound was observed in G. pulex. However, G. pulex
may not be the most representative aquatic organism for IMI, as it is relatively insensitive
compared to aquatic insect species (Roessink et al. 2013, Van den Brink et al. 2016).
To understand the mechanism of IMI toxicity to aquatic organisms and the roles of its
metabolites, the current study was designed to address (1) whether the metabolites are
similarly toxic as IMI to sensitive and less-sensitive species, using C. dipterum and G. pulex as
representatives; (2) whether toxicokinetics (TK) of IMI and its toxic metabolites, can explain
the difference in toxicity of IMI to two different species as well as the observed increase of

22

THE TOXICITY AND TOXICOKINETICS OF IMIDACLOPRID AND A BIOACTIVE METABOLITE TO
TWO AQUATIC ARTHROPOD SPECIES

toxicity with time. To address this, two types of experiments were performed. First, the
toxicity of IMI and different metabolites was assessed by an acute standard toxicity
experiment. Secondly, kinetic and bioconcentration experiments were conducted and a one
compartment TK model and biotransformation TK model approaches were used to address
the necessity of including biotransformation in the assessment of the species specific overall
risks of IMI. Besides, a full GUTS model was used to predict the long term effects of IMI and
IMI-ole to both species.
2.2. Materials and methods
2.2.1 Chemicals and test organisms
Imidacloprid (IMI; CAS: 138261-41-3) and its commercial available metabolites imidaclopridolefin (IMI-ole; CAS: 115086-54-9), 5-hydroxy-imidacloprid (5-OH-IMI; CAS: 155802-61-2),
imidacloprid‐urea (IMI-urea; CAS: 120868‐66‐8) and 6-chloronicotinic acid (6-CNA; CAS : 532623-8) were used in our experiments (Table S1). Imidacloprid-d4 (IMI-d4; CAS: 1015855-75-0)
was used as an internal standard during the analytic measurements of any organism samples.
The stock solutions of IMI (200 µg/mL) and IMI-d4 (200 µg/mL) were dissolved into 2% acetone
(v : v) to ensure that the compounds were fully dissolved. The volume percentage of acetone
in the experimental jars was less than 0.01% (v : v). IMI-ole, IMI-urea, 5-OH-IMI and 6-CNA
were dissolved into MiliQ water.
Two species, the ephemeropteran Cloeon dipterum and the amphipod Gammarus pulex, were
used in the experiments. C. dipterum was collected from an uncontaminated test system at
the outdoor research site ‘De Sinderhoeve’ located in Renkum, the Netherlands
(www.sinderhoeve.org). G. pulex was collected from an uncontaminated location, the
Heelsumse Beek (a brook with the coordinates 51.973400, 5.748697). After collection, the
organisms were kept in aerated tanks in the laboratory for at least 3 days to acclimate them
to laboratory conditions. During the acclimation period, organisms were fed ad libitum with
biofilm, organic matter and periphytic algae for C. dipterum and leached Populus leaves for G.
pulex (Roessink et al. 2013). All jars containing the test organisms were placed in a water bath
maintained at 18 ± 1 °C with a light regime of 12:12 hours light : dark. The light in our water
bath did not contain ultraviolet light in order to prevent the photodegradation of IMI and its
metabolites which was confirmed by the analytical measurement with LC/MS-MS. The
groundwater obtained from the Sinderhoeve experimental station and also the freshwater
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from the organisms collection locations have been evaluated by LC/MS-MS to confirm the lack
of presence of all the tested analytes.
In addition to the number of organisms required for the toxicity experiments, approximately
50 extra organisms were collected at the beginning of each experiment to characterise the
test population by measuring the length and lipid content of the individuals using methods
described by Rubach and co-workers (Rubach et al. 2010).
2.2.2 Toxicity experiments
The acute toxicity of each compound (IMI, IMI-ole, IMI‐urea, 6-CNA and 5-OH-IMI) was
assessed by a 4-day standard acute toxicity test to assess, the EC50 and LC50 for C. dipterum
and G. pulex (Roessink et al. 2013). In detail, separate tests were performed on each test
compound and species combination. Per replicate system, 12 mayflies were placed in 1 L
groundwater obtained from the Sinderhoeve experimental station. The volume was dosed
with its respective compound to reach final exposure concentrations of 0, 1, 10, 30, 100 or
300 µg/L. The tests were performed between December 2018 and February 2019, using a
winter generation of C. dipterum. For the tests with G. pulex, a replicate test system consisted
of 10 individuals in 1 L groundwater, after which, the volume was dosed to reach
concentrations of 0, 10, 30, 100, 300 or 1000 µg/L. These tests were performed in July 2019,
using a summer generation of G. pulex. Experiments were performed with three replicates per
treatment level, while five replicates were used for control and the solvent control. The test
systems were not aerated during the experiments to minimise evaporation of chemicals, and
the dissolved oxygen content was acceptable with a value of higher than 7 mg/L at the end of
experiment (SI.xlsx). In the experiments with G. pulex, a piece of stainless steel mesh was
added to provide shelter. Organisms were checked every day and the effect status (dead,
immobile or mobile) of each individual organism was assessed according to (Roessink et al.
2013). Dead and immobilised organisms were both considered as immobile. Dead organisms
and moults were removed daily. 1 mL of water was taken daily to verify the exposure
concentration dynamics of the spiked chemical and to measure the concentration of the
tested analytes (IMI, 5-OH-IMI, IMI-urea, IMI-ole, 6-CNA) using LC-MS/MS (see section 2.2.5).
All jars were placed randomly in a water bath, temperature and light conditions were the same
as the acclimation period. When control immobility exceeded 10%, the results of the whole
experiment were considered to be indicative only (Roessink et al. 2013). Dissolved oxygen, pH,
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electrical conductivity, and temperature were measured at the start and end of the test in the
control group and the highest treatment only, and the results are provided in the support
information (SI.xlsx).
2.2.3 Toxicokinetic experiments
In the toxicokinetic experiments, C. dipterum and G. pulex were both exposed to IMI and IMIole at a concentration lower than one-tenth of the 48h-EC50 for immobilisation, as determined
in the toxicity experiments, to ensure that no effects of the chemicals would occur on tested
organisms. Exposure lasted for 2 days, after which organisms were transferred to new
groundwater for a 3 days depuration period. In detail, for the tests with C. dipterum, 18
individuals were put in 1 L groundwater and exposed to 6.4 µg/L IMI or 5.4 µg/L IMI-ole. For
the tests with G. pulex, 10 individuals were put in 1 L groundwater containing 12.5 µg/L IMI or
7.9 µg/L IMI-ole. After 2 days of uptake, the alive organisms were rinsed for 30 seconds using
clean MillQ water, and transferred to 1 L clean groundwater to start the 3 days elimination
phase. At around 0, 4, 9, 20, 25, 32, 48, 53, 74, 94, 104 and 120 hours, 1 mL water was collected
from the jars and analysed by LC-MS/MS (for detailed timepoints, see the raw data in SI.xlsx).
For the TK experiments with IMI and C. dipterum and G. pulex and IMI-ole and C. dipterum,
three replicates were sampled at each timepoint while five replicates were used for the
experiments with G. pulex and IMI-ole. Negative controls were added with five replicates
containing organisms but no chemical or solvent, five replicates contained organisms and
solvent but no chemical and three replicates contained the chemical but not the organisms.
From the sampled jars all alive organisms were collected, washed by MillQ water for 30
seconds, and stored at -20°C for further chemical analysis. The concentration of IMI and IMIole, and the possible other analytes were measured in both the organisms and the water
during the uptake and elimination phase. All remaining organisms were checked for status
every day and the dead organisms and moults were removed daily.
2.2.4 Bioconcentration of IMI and the generation of its metabolites
To explore the contribution of the passive absorption of IMI to the body surface of the dead
organisms, organisms collected in September 2019 were immediately frozen after collection
(-20 ℃, for 24 hours). After this, the organisms were thawed and added to groundwater
containing 24 or 120 µg/L IMI in case of C. dipterum and to 240 or 1200 µg/L in case of G. pulex.
The treatments and solvent control had three replicates. After 24 hours, all the organisms
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were taken out and rinsed using clean MillQ water. The internal concentration through passive
absorption will be compared to the internal concentrations measured in organisms which died
on day 1 at the same concentration of exposure (see below).
In order to facilitate the detection of metabolites and also compare the bioconcentration ratio
of IMI among different status (dead, immobile, mobile) of organisms after 4 days, we exposed
the two species to a higher exposure concentration than in the TK experiment. These two
higher concentrations intended to cause 50% and 100% immobilisation and 20% and 50%
death based on previous acute toxicity results. The identification of organisms status was the
same as in the acute toxicity experiments. After 4 days of exposure, the internal concentration
of IMI and its metabolites was measured. In detail, 12 individuals of C. dipterum and 10
individuals of G. pulex collected in September 2019 were exposed in 1 L groundwater to 24 or
120 µg/L IMI in case of C. dipterum and to 240 or 1200 µg/L in case of G. pulex. Each treatment
had six replicates while the control and solvent control contained five replicates. Dead
organisms were removed every day and were stored in the freezer (-20 ℃) for further analysis.
After 4 days of exposure, the organisms were taken out from the jars and washed by clean
water for 30 seconds. In order to evaluate to what extent the passive physical absorption can
account for the estimated bioaccumulation, the internal concentration of the organisms which
died during the first day will be compared with the passive absorption of the corpse organisms.
For the other organisms, they were classified as dead, immobile or mobile and analysed for
their internal concentration of IMI and the potential metabolites. When on a certain sampling
date, only a few organisms died in one replicate, the dead organisms of different replicates
within a treatment level were merged together to achieve enough material for the analysis of
the internal concentration. Hence, the replication of the internal concentration results varied
from 2 to 6 (for detailed information of replication, see the raw data in SI.xlsx). The results
were used to calculate the bioconcentration ratio (BCR) of IMI and the generation ratio of
potential metabolites. The analytical verification of the concentrations can be found in section
2.2.5.
2.2.5 Chemical analysis
In the toxicokinetic experiment with IMI and IMI-ole (section 2.2.3) and the bioconcentration
of IMI and the generation of its metabolites (section 2.2.4), the internal concentration of
parent compounds and the potential metabolites (IMI-ole, 5-OH-IMI, IMI-urea, 6-CNA) were
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measured at each timepoint in each test. For the analytical quantification of the
concentrations, all samples were taken out of the freezer and the organisms were lyophilised
for 1 day and weighted to get the dry weight of animals. 1 mL 1% acetic acid MeOH : Water
(v : v = 5 : 1) extraction solution and 25 µL internal standard (imidacloprid-d4, 200 µg/L) were
added. Then the samples were homogenised with a Minilys personal homogeniser (Bertin
Instruments, France) using a Precellys ceramic lysing kit (1.4/2.8 mm; Bertin Instruments,
France) for 3 times 60 sec at 3000 rpm using a 30s interval in between. After this, the sample
was centrifugated at 10000 rpm at 10 minutes, and the supernatant was filtered over a PTFE
syringe filter (pore size 0.45 μm), into a 2 mL injection vial. Filters were injected with 200 μL
extraction solution again to regain the chemical may remain on the filter, this filtrate in turn,
was centrifugated and filtered over a syringe filter (0.45 µm) as well. Afterwards, the two
filtrates were combined and a final volume of 1.2 mL was collected, after which the sample
was ready for analysis by LC-MS/MS. The water samples were analysed directly, without an
extraction step.
All samples were analysed by reversed-phase liquid chromatography-tandem mass
spectrometry (LC-MS/MS) (Kamel 2010, Roessink et al. 2013). The analyses were performed
on an Agilent 1260 Infinity liquid chromatography coupled with a 6460 Triple quad mass
spectrometer (Agilent Technologies, USA). Separations were carried out on an Agilent Eclipse
Plus C18 column (4.6 × 150 mm, 5 µm) at 40℃. The injection volume of the samples was set
at 30 µL. The mobile phase used was MeOH + 0.1% Formic acid (C) and Milli-Q water+ 0.1%
Formic acid (D) with the following multistep gradient: 0-1.5 min: 90/10 (C/D, v:v); 1.5-2.5 min:
90/10 (C/D, v:v) to 50/50 (C/D, v:v); 8 min: 50/50 (C/D, v:v); 8-8.1 min: 50/50 (C/D, v:v) to
0/100 (C/D, v:v); 9 min: 0/100 (C/D, v:v); 9-9.1 min: 0/100 (C/D, v:v) to 90/10 (C/D, v:v); 9.112 min: 90/10 (C/D, v:v) at a flow rate of 0.7 mL/min. The mass spectrometer was operated
using Agilent jet stream electrospray ionisation source (AJS-ESI) in positive mode. Nitrogen
was used both as nebuliser and collision gas, the capillary voltage was 5000 V and the
temperature of the ion source (TEM) was set at 300°C. The compounds were detected in
multiple reaction monitoring (MRM) using two transitions per compound. The MS/MS
transitions of all compounds are provided in Table S2.
Injected samples were quantified by peak area using the calibration curve constructed from
calibration standards included in the same sample sequence. Agilent Masshunter software
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(version 7.0) was used for instrument control and data acquisition. The extraction recovery of
each tested analytes (IMI, IMI-ole, 5-OH-IMI, IMI-urea, 6-CNA) in the organisms, evaluated at
two concentrations by spiking them into the clean organisms, were acceptable for both
species based on recovery and repeatability (for further information of analysis methods and
recovery results, see Text S2 and Table S3, S4, S5 in Support information).
2.2.6 TK and GUTS Modelling
2.2.6.1 First-order one compartment kinetic model
To determine the toxicokinetic rate constants of uptake and elimination for IMI and its
metabolite IMI-ole, a first-order compartment kinetic model programmed in Matlab R2018b
(http://www.debtox.info/byom.html) was used. The script was based on the method of
byom_calanus_2016_onecomp in Acute Calanus package (BYOM, version 1.1), with a small
modification that the lower limit of elimination rate was 0 instead of 0.1 in the original script.
The uptake and elimination rate of IMI and IMI-ole were estimated using a one-compartment,
first-order kinetic model (Jager et al. 2011):
𝑑𝑑𝐶𝐶𝑖𝑖𝑖𝑖𝑖𝑖 (𝑡𝑡)
𝑑𝑑𝑑𝑑

= 𝑘𝑘𝑢𝑢𝑢𝑢 · 𝐶𝐶𝑤𝑤 (𝑡𝑡) − 𝑘𝑘𝑒𝑒𝑒𝑒 · 𝐶𝐶𝑖𝑖𝑖𝑖𝑖𝑖 (𝑡𝑡)

(Eq. 1)

with t = time; Cint =internal concentration of exposed compound; Cw = concentration of
exposed compound in water, kup = the uptake rate constant of parent (exposed) compound
and kep = the elimination rate constant of parent (exposed) compound.
The Bioconcentration factor (BCF) (L·kg-1) was calculated by a kinetic method (BCFk) :
𝐵𝐵𝐵𝐵𝐵𝐵𝑘𝑘 =

𝑘𝑘𝑢𝑢𝑢𝑢
𝑘𝑘𝑒𝑒𝑒𝑒

(Eq. 2)

The elimination half-life (t½) (day) was calculated from the elimination rate of IMI or IMI-ole:

𝑡𝑡½ =

𝑙𝑙𝑙𝑙2

𝑘𝑘𝑒𝑒𝑒𝑒

(Eq. 3)

2.2.6.2 Biotransformation TK model (Bio-TK)
For a better understanding of the biotransformation of IMI in the two species, the
biotransformation model as described by Kretschmann et al. (2011) (Kretschmann et al. 2011)
was used, with one minor modification. The modification was that in our model we considered
IMI-ole as the only metabolite of IMI, the remaining potential unknown metabolites were all
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included in 𝑏𝑏_𝑘𝑘𝑒𝑒_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 (elimination rate) of IMI. The model script was based on the method
of byom_bioconc_start (BYOM, version 5.2) with the modifications that we introduced the

biotransformation parameter, 𝑏𝑏_𝑘𝑘𝑏𝑏𝑏𝑏𝑏𝑏_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 (Eq. 4) and the elimination rate of metabolite

𝑘𝑘𝑒𝑒_𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 (Eq. 5). To better distinguish the two model approaches, parameters in this

biotransformation model have a prefix of b.

The uptake and elimination rate of IMI, as well as its biotransformation rate, was estimated
using a one-compartment, first-order kinetic model:
𝑑𝑑𝐶𝐶𝑖𝑖𝑖𝑖𝑡𝑡𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 (𝑡𝑡)
𝑑𝑑𝑑𝑑

(Eq. 4)

= 𝑏𝑏_𝑘𝑘𝑢𝑢_𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 · 𝐶𝐶𝑤𝑤 (𝑡𝑡) − 𝑏𝑏_𝑘𝑘𝑒𝑒_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 · 𝐶𝐶𝑖𝑖𝑖𝑖𝑡𝑡𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 (𝑡𝑡) − 𝑏𝑏_𝑘𝑘𝑏𝑏𝑏𝑏𝑏𝑏_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 · 𝐶𝐶𝑖𝑖𝑖𝑖𝑡𝑡𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 (𝑡𝑡)

with 𝑡𝑡 = time; 𝐶𝐶𝑖𝑖𝑖𝑖𝑡𝑡𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 = internal concentration of IMI, 𝐶𝐶𝑤𝑤 = water concentration of IMI,

𝑏𝑏_𝑘𝑘𝑢𝑢_𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 = the uptake rate constant for IMI, 𝑏𝑏_𝑘𝑘𝑒𝑒_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 = the elimination rate constant of IMI
and 𝑏𝑏_𝑘𝑘𝑏𝑏𝑏𝑏𝑏𝑏_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 = the biotransformation rate constant of IMI to IMI-ole.

For the metabolite (IMI-ole) the TK model used was:
𝑑𝑑𝐶𝐶𝑖𝑖𝑖𝑖𝑡𝑡

𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚

𝑑𝑑𝑑𝑑

(𝑡𝑡)

= 𝑏𝑏_𝑘𝑘𝑏𝑏𝑏𝑏𝑏𝑏_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 · 𝐶𝐶𝑖𝑖𝑖𝑖𝑡𝑡𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 (𝑡𝑡) − 𝑏𝑏_𝑘𝑘𝑒𝑒_𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 · 𝐶𝐶𝑖𝑖𝑖𝑖𝑡𝑡𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚

(Eq. 5)

with 𝑡𝑡 = time; 𝐶𝐶𝑖𝑖𝑖𝑖𝑖𝑖_𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 = internal concentration of IMI-ole, 𝐶𝐶𝑖𝑖𝑖𝑖𝑡𝑡𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 =internal
concentration of IMI, 𝑏𝑏_𝑘𝑘𝑏𝑏𝑏𝑏𝑏𝑏_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 = the biotransformation rate constant of IMI to IMI-ole and

𝑏𝑏_𝑘𝑘𝑒𝑒_𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 = the elimination rate constant of IMI-ole.
The total elimination rate (𝑏𝑏_𝑘𝑘𝑒𝑒𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 ) of IMI was:

𝑏𝑏_𝑘𝑘𝑒𝑒𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 = 𝑏𝑏_𝑘𝑘𝑏𝑏𝑏𝑏𝑏𝑏_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝 + 𝑏𝑏_𝑘𝑘𝑒𝑒_𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝𝑝

(Eq. 6)

The BCF kinetic of IMI (BCFk) was calculated as:

𝑏𝑏_𝐵𝐵𝐶𝐶𝐶𝐶𝑘𝑘 =

𝑏𝑏_𝑘𝑘𝑢𝑢_𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡
𝑏𝑏_𝑘𝑘𝑒𝑒𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡

(Eq. 7)

Elimination half-life (t½IMI) (day) was calculated from the elimination rate for IMI:

𝑏𝑏_𝑡𝑡½𝐼𝐼𝐼𝐼𝐼𝐼 =

𝑙𝑙𝑙𝑙2

𝑏𝑏_𝑘𝑘𝑒𝑒𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡

(Eq. 8)

2.2.6.3 Prediction of long term effects of each compound by the GUTS model
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The GUTS model approach includes a reduced model and a full model depending on whether
the measured internal concentration is included (Jager et al. 2011). Besides, GUTS uses
individual tolerance (IT) and stochastic death (SD) concepts to describe the effect mechanism
on the endpoint (Jager et al. 2011). IT assumes that organism die (or is immobilised)
immediately on reaching a critical internal concentration, which is unique for each individual.
SD assumes that all individuals are identical but mortality is a probabilistic process, which
increases with increasing internal concentration of the substance (Van den Brink et al. 2013).
Both are rational in explaining the effect mechanism, and this also illustrates the mechanism
diversity of organisms exposed to different substances (Ashauer et al. 2016).
Both the reduced and the full GUTS models were used to describe the TKTD of IMI and IMIole in the two species. The models used were similar to the ones used by Jager and co-authors
(Jager et al. 2017), with two minor modifications. First, we used the mobility fraction instead
of the survival fraction, second, we set the lipid content percentage to zero, as none of the
analytes in our tests are hydrophobic. For specific model scripts and optimisation used, see
the Acute Calanus package (BYOM, version 1.1)(Jager et al. 2017). We calibrated both the
reduced and full GUTS models including both the IT and SD mechanisms to our data sets, so 4
models in total were parameterised. Among the models for each data set, the Akaike
information criterion (AIC) and goodness-of-fit measures were used to select the best-fitting
model. This is not a formal significance test but has been broadly used to select alternative
models (Anderson. 2002). A difference of AIC of more than 6 can be interpreted as that the
poorest model is 0.05 times as probable as the best model to minimise information loss (Jager
et al. 2017).
2.2.7 Statistics
Dose-response relationships were fitted using the nominal exposure concentration at the
endpoints (mortality and immobilisation) with acute toxicity data using the following loglogistic equation, calculated using Genstat 19th edition (VSN International Ltd).
y(conc) =

1−𝑐𝑐

1+𝑒𝑒 −𝑏𝑏×(ln 𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐−𝑎𝑎)

(Eq. 9)

Where y is the fraction of dead or immobile test organisms, conc is the concentration (µg/L),
a is ln(median effect concentration [EC50]) or ln(median lethal concentration [LC50]) (µg/L), b
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is the slope (L/µg), and c is the fraction of control mortality or immobilisation(-) (Roessink et
al. 2013).
As the steady state may not be reached within 4 days, especially in the higher exposure
concentrations, the bioconcentration ratio (BCR) was used to describe the internal
concentration of IMI (Eq. 10), and the generation ratio was used to describe the metabolite,
IMI-ole (Eq. 11).
Bioconcentration ratio of IMI =
IMI˗ole generation ratio =

internal concentration of IMI

exposure water concentration

internal concentration of IMI˗ole

internal concentration of IMI˗ole+internal concentration of IMI

(Eq. 10)
(Eq. 11)

Significant differences between treatments were assessed using R (version 3.5.1). The
assumptions of normality were assessed with a Shapiro-Wilk test, and the assumption of equal
variance was assessed using a Spearman rank correlation between the residuals and
dependent variable. If assumptions of normality and equal variance were passed, a one-way
analysis of variance (ANOVA) with α=0.05 and a post-hoc Tukey's test was conducted. If
assumptions failed, a Kruskal-Wallis test, with α=0.05, and a post-hoc Dunn's test was used.
2.3. Results and discussion
2.3.1 Sensitivity of IMI and its four metabolites to C. dipterum and G. pulex
All measured exposure concentrations at the start and the end of the test were within 10%
variation (+,-) from nominal concentrations, thus the nominal concentrations of each analyte
(IMI, IMI-ole, IMI-urea, 5-OH-IMI and 6-CNA) were used for all calculations. The control
immobility of all tests was within 10%, therefore the results were considered reliable. Among
the five analytes, only IMI and IMI-ole showed effects to the tested species within the test
concentration range, therefore we defined that IMI-ole is the bioactive metabolite. Therefore,
only the results of IMI and IMI-ole will be presented and discussed. All other analytes showed
no toxicity at concentration levels  300 µg/L to C. dipterum and  1000 µg/L to G. pulex.
Based on the 96h-EC50 values, IMI was a factor of 2.3 more toxic to C. dipterum than IMI-ole,
while their 96h-LC50 were close (Table 2.1). The 96h-EC50 of IMI in our study was comparable
to the 96h-EC50 value of 18 µg/L, reported by Van den Brink and co-workers (Van den Brink et
al. 2016) for a winter generation of C. dipterum. Although the toxicity of IMI-ole to C. dipterum
was somewhat delayed at the start (day 1) compared to IMI it reached similar toxicity in terms
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of lethality compared to IMI on day 4 (96h-LC50 for IMI was 90.6 μg/L and for IMI-ole 104 μg/L,
Table 2.1). Our results agree with a study performed by Suchail et al. (2001), where an oral
application IMI-ole exerted similar acute toxicity to honeybees as IMI, while two other
imidacloprid metabolites (IMI-urea, 6-CNA) showed no or much lower toxicity.
Table 2.1: The acute toxicity upon exposure of IMI and IMI-ole to C. dipterum and G. pulex provided in
EC50 and LC50 values followed by the 95% confidence interval between brackets (an asterisk means that
the CI could not be calculated) and the slope of the curve (parameter b) after the semicolon.
Tested Species

Exposure

Day

1

2

3

4

EC50

109 (102 - 116); 16.0

86.2 (73.9 - 101);

40.9 (32.9 – 60.0);

24.4 (*); 11.1

11.8

4.06

110 (102- 117); 14.9

105 (99.4- 111); 15.6

Compound
C. dipterum

IMI

LC50

311 (259 - 374); 4.01

90.6 (73.9–111);
4.06

IMI-ole

EC50

318 (252 - 401); 3.29

100 (*); 16.0

88.5 (*); 14.0

57.1 (43.1 – 75.6);
4.15

LC50

G. pulex

IMI

EC50

> 300

170 (*); 2.49

> 300

145 (*); 2.82

380 (149 – 971);

104 (98.6 - 110);

4.26

14.8

165 (122 - 222); 2.30

109 (101 - 117);
14.0

LC50

> 1000

> 1000

> 1000

731 (290 - 1844);
0.587

IMI-ole

EC50

681 (533 - 870); 3.13 382 (270 - 542); 1.57 594 (449 - 784); 2.70

456 (350 - 595);
3.17

LC50

> 1000

> 1000

> 1000

> 1000

Similar to C. dipterum, only IMI and IMI-ole showed a 96h-EC50 < 1000 µg/L for G. pulex (Table
2.1). IMI-ole was 4.2 times less toxic than IMI in terms of 96h-EC50 (Table 2.1). More specifically,
the 96h-EC50 of IMI and IMI-ole to G. pulex were 109 and 456 μg/L, respectively, while the
96h-LC50 were 731 and > 1000 μg/L, respectively (Table 2.1). Our results for IMI to G. pulex are
in line with those of Ashauer et al. (2011b) and Van den Brink et al. (2016), who reported 96hEC50 values of 132 µg/L and 49 µg/L, respectively.
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In addition, we measured all analytes (IMI, IMI-ole, 5-OH-IMI, IMI-urea, 6-CNA) in all water
samples of all treatments. We only found 6-CNA in the water samples of the highest IMI-ole
treatment and the percentage of 6-CNA to IMI-ole was about 2% - 3% for both species (Figure
S1). Although no other aquatic study is available, our finding is indirectly supported by studies
that found 6-CNA under IMI exposure in bees (Suchail et al. 2004a) and in plants and soil (Li et
al. 2019). Since 6-CNA is highly water soluble and quite stable in the environment (Zabar et al.
2011), depuration from aquatic organisms is likely to be quick. This could explain why we could
not detect it in the tested organisms but only in water. As honeybees are not surrounded by
water, 6-CNA may be less effectively excreted by this species, explaining why the metabolite
was still detected in the bees (Suchail et al. 2004a).
To the best of our knowledge, our study is the first one showing toxic effects of the
metabolites of IMI on aquatic invertebrates. Our results show a similar toxicity of IMI and IMIole to mayflies as also has been recorded for bees (Suchail. et al. 2001, Zaworra et al. 2019).
This may imply that the some toxicokinetic and toxicodynamic processes underlying the
toxicity of IMI and IMI-ole might be similar between aquatic and terrestrial insect species. It is
probably a result from the fact that both the parent and the metabolite possess the
nitroguanidine group, which binds tightly to the receptors in insects (Motohiro Tomizawa
2000), IMI-ole showing a slightly greater affinity to nAChRs than IMI (Nauen et al. 2001, Casida
2011), In contrast, the oral toxicity of 5-OH-IMI to honey bees is close to that of IMI (Nauen et
al. 2001, Suchail. et al. 2001), while no effects of 5-OH-IMI could be detected in our study on
either aquatic macroinvertebrate species. This absence of in toxicity of 5-OH-IMI may firstly
be explained by difference in exposure, in our study we used waterborne exposure of 5-OHIMI while oral feeding was used in the bee study. Secondly, although 5-OH-IMI also shares the
same nitroguanidine group as IMI and IMI-ole, the receptor affinity of 5-OH-IMI is 8 times
lower than IMI and 53 times lower than IMI-ole for bees (Nauen et al. 2001), and it showed a
13-fold lower binding affinity to whitefly nicotinic acetylcholine receptors (Rauch and Nauen
2003).
Besides the receptor affinities, the difference in the toxicokinetics of imidacloprid and its
metabolites in aquatic species could also explain the differences in toxicity, which will be
discussed below.
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2.3.2 TK of IMI and IMI-ole in both C. dipterum and G. pulex
2.3.2.1 One compartment TK model approach of IMI and IMI-ole in both species
In contrast to most studies that used a 1-day uptake period (Ashauer et al. 2010, Ashauer et
al. 2012, Fu et al. 2018), we used a 2-days uptake period in our TK experiment. This is because
the effects of IMI-ole in the acute toxicity study increased up to day 2 for both species (Table
2.1). The number of immobile organisms in all TK experiments was below 10%, confirming the
initial assumption that the concentrations used were below acute toxicity levels. The water
concentrations were stable during the uptake phase (SI.xlsx), and the average measured water
concentration was used as the initial exposure concentration for each compound in each
species. The change in fresh weight of the organisms overtime was not significant (Figure S2),
showing that a five-day experiment without food did not result in weight loss, which was
indicative of starvation.
Both C. dipterum and G. pulex were exposed to IMI or IMI-ole for 2 days to study their uptake,
and subsequently to clean water for 3 days to study their elimination (Figure 2.1 and Figure
2.2). We determined an uptake rate constant of IMI in G. pulex of 5.21 (L∙kgww-1∙d-1), which
was about 2.5 times higher compared to the ku of 1.96 L·kg ww-1·d-1 determined by Ashauer et
al. (2010) (Ashauer et al. 2010). They reported an IMI elimination rate constant of 0.27 (d-1),
while we calculated one of 0.12 (d-1). The differences between uptake parameters value might
be due to differences in size and weight of the organisms used or the origin of the populations.
Compared to the organisms of 32 mg used by Ashauer et al. (2010) (Ashauer et al. 2010), we
used smaller organisms (7 mg) with larger surface-to-volume ration, potentially explaining a
higher uptake rate. The difference in uptake rate constants of IMI between C. dipterum (2.96
L∙kgww-1∙d-1) and G. pulex (5.21 L∙kgww-1∙d-1) cannot be explained by length and weight (Figure
S2 and Figure S3), as usually the smaller individuals accumulate more imidacloprid on a
weight-specific basis than larger individuals.
After transfer of the contaminated organisms into clean water, internal IMI-concentrations
decreased both in C. dipterum and G. pulex, showing that the chemical was being eliminated,
metabolised or desorbed. The difference in elimination rates between the two species could
attribute to the observed difference in sensitivity, as the sensitive C. dipterum (0.04 d-1)
eliminated slower than G. pulex (0.12 d-1). As a result, the BCFk of IMI estimated by the onecompartment TK model for C. dipterum was 1.58 times higher than that of G. pulex (Table 2.2).
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This might be partially explained by the fact that the elimination rate of IMI for C. dipterum
was three times lower than for G. pulex, resulting in a three times longer persistence in the
organisms (elimination half-life was 16.5 day for C. dipterum and 5.18 day for G. pulex).
Table 2.2: The TK parameters of IMI and IMI-ole in C. dipterum and G. pulex as estimated by the simple

2

TK model and the TK model that includes biotransformation (n.c represents not calculated).
Water
Species

Parameter

Model

Exposure

concent-

Measured

ku (L∙kgww-1∙d-1)

type

chemical

ration

chemical

ke (d-1)

(µg/L)

Value

IMI

6.36

IMI

IMI-ole

5.44

IMI-ole

kup

2.96

2.62 - 3.33

kep

0.04

0.00034 - 0.11

kup

1.68

6.36

IMI

IMI-ole
IMI

12.54

IMI

IMI-ole

7.89

IMI-OLE

TK

G. pulex

Bio-TK

IMI

12.54

IMI

IMI-ole

1.43- 1.94
1.667e-08 -

kep

2.10E-06

b_ku_total

3.18

2.973 - 3.381

b_ke_total

0.088

0.077-0.12

b_ke_parent

1.49e-10

0 - 0.023

b_kbio_parent

0.088

0.077 - 0.10

ke_metabolite

0

0 - 0.0097

kup

5.21

4.87 - 5.54

kep

0.12

0.11 - 0.16

kup

2.79

2.47 - 3.12

kep

0.07

0.014 - 0.12

b_ku_total

5.13

4.66 - 5.77

b_ke_total

0.13

0.080-0.136

b_ke_parent

0.076

0.034 - 0.13

b_kbio_parent

0.053

0.046- 0.060

ke_metabolite

0

0 - 0.057

C.
dipterum

IMI

BCF k

t1/2 (days)

R2

16.44

0.92

3.30E+05

0.81

36.14

7.88

0.92

n.c

n.c

0.90

44.41

5.91

0.98

41.69

10.38

0.9

39.59

5.15

n.c

n.c

(L/kg)

b_kbio_parent (d-1)

TK

Bio-TK

95% CI

0.1045

70.11
8.00E+0
5

0.98

0.98

The BCF of IMI-ole for C. dipterum was relatively high (8.00E+05 L·kg-1) compared to IMI (70.11
L·kg-1) as elimination rate of IMI-ole was very low (2.10E-06 d-1), whereas the BCFk of IMI-ole
was similar to IMI for G. pulex. The uptake difference of IMI and IMI-ole may be explained by
their chemical properties as the lower Kow of IMI-ole compared to IMI (Table-S1), may result
in a lower uptake rate. The elimination difference may result from the receptor affinities
difference, since IMI-ole showed a slightly greater affinity to nAChRs than IMI (Nauen et al.
2001, Casida 2011). Moreover, when exposed to IMI only, the metabolite IMI-ole was also
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detected in both taxa, indicating biotransformation of IMI into IMI-ole, which will be shown
below.

Figure 2.1: The fit of the biotransformation TK model (bio-TK) for C. dipterum (A1: parent
compound, IMI; A2: the metabolite, IMI-ole) and for G. pulex (B1: parent compound, IMI; B2: the
metabolite, IMI-ole). The black lines represent the fit of the model generated by byom, the dotted line
represented the confidence intervals of this fit while the dots represent the experimental results (n = 3
in A.1, A.2, B.1, B.2 with exception in Figure A.2, at day 1.35, day 2.02, n = 1; in Figure A.2, at day
2.02, n = 2, day 2.21, n = 1).
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Figure 2.2: The best-fitting GUTS model fitted on the data of IMI (A) and IMI -ole (B) for C. dipterum and
of IMI (C) and IMI-ole (D) for G. pulex. The panels from left to right show (1) the mobility fraction (2)
the internal concentration of IMI and (3) the predicted EC50 over time, respectively.

2.3.2.2 Biotransformation TK model approach of IMI
Under IMI exposure, we detected both the parent compound and also the metabolite, IMI-ole
(Figure 2.1 A2, B2). IMI-ole was the only metabolite detected among the four metabolites we
tested. IMI-ole was even still being formed during the elimination phase in both organisms
(Figure 2.1). The generation ratio of IMI-ole in C. dipterum was higher than in G. pulex, being
9.6% and 6.5%, respectively, at day 5 (see SI.xlsx).
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Our result did not contradict the findings of Ashauer et al. (2010) (Ashauer et al. 2010), who
did not find any metabolites in G. pulex after 1 day of IMI exposure, as in our tests the
generation of metabolites in G. pulex was only detected after 2 days. The metabolisation may
have started at day 1 but was only present in measurable amounts on day 2. In the two model
approaches (biotransformation TK model approach and the regular TK model approach), the
ku (kup in eq. 1 and b_ku_total in eq. 4), in theory, should be the same for both model approaches,
but was slightly different due to the model calibration. In the biotransformation model, the
b_ke_total of the parent compound was divided into two parameters, i.e. b_k bio_parent which is
the biotransformation rate of IMI to IMI-ole and b_ke_parent which includes the elimination of
IMI and the biotransformation rate of IMI to other potential metabolites than IMI-ole (eq. 4).
For G. pulex, the elimination rate of IMI in both model approaches was close, while a
difference factor of 2 was estimated for C. dipterum, although the confidence interval was
overlapping. The BCFk values of IMI for each species were close for the two model approaches
(Table 2.2).
The biotransformation model provided more details of the elimination pathway of IMI. In C.
dipterum IMI was mainly depurated by biotransformation to IMI-ole (kbio = 0.088 d−1), which
contributed 100% to the total elimination of IMI as the ke of IMI or its transformation to other
metabolites than IMI-ole was only 1.49E-10 d−1 (Table 2.2). In G. pulex, the kbio of IMI was only
0.053 d−1 and biotransformation contributed only 41% to its depuration, as the ke of IMI or its
transformation to other metabolites than IMI was 0.076 d −1 (Table 2.2). Moreover, the
estimated elimination rate of the metabolite, IMI-ole, by the biotransformation TK approach
was 0 d−1 for both species. The very slow elimination of IMI-ole in C. dipterum was expected
as it was also very slow when estimated by the one compartment TK model of IMI-ole
exposure (Table 2.2, 2.10E-06 d-1). When G. pulex is exposed to IMI-ole via the water phase,
IMI-ole is eliminated quicker (kep = 0.07 d-1; Table 2.2,) than when IMI-ole is formed as a
metabolite (ke_metabolite = 0 d−1; Table 2.2), possibly because it is generated at the target sites
and then bind tightly to them. To further confirm this internalising process, receptor binding
assays need to be performed for aquatic invertebrates, as has been done for bees (Nauen et
al. 2001).
The differences between the calculated BCFk of IMI for both species alone could not explain
the EC50 difference between them, as the results showed a 4.5 times difference with regard
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to 96h-EC50 and a 1.6 times difference with regard to BCFs. Hence, the biotransformation
product also likely contributed to the toxicity differences of IMI-exposures between these two
taxa. The higher toxicity of IMI to C. dipterum may be due to the lack of elimination of the
toxic metabolite IMI-ole from the test organism (Table 2.1 and Figure 2.2 B.2). G. pulex also
biotransformed IMI to IMI-ole, but to a lower extent than C. dipterum which results in a lower
overall exposure (Table 2.2). Likewise, Suchail et al. (2001) (Suchail. et al. 2001) suggested that
for bees, imidacloprid seems to be a long-acting compound due to the generation of the
metabolite IMI-ole.
Our results also indicate that a one compartment TK model was not informative enough to
fully explain the difference in toxicity of IMI. This is because the metabolite IMI-ole was formed
within the organisms and displayed similar toxicity as IMI, but had different elimination rates
between the species. Hence, one needs to consider the toxicity and toxicokinetics of the
biotransformation component as well, which is in agreement with other studies emphasising
the importance of biotransformation in toxicity process (Kretschmann et al. 2011, Fu et al.
2018).
2.3.2.3 Prediction of long term effect of each compound by the GUTS model
We integrated the results of the toxicity and TK experiments performed with IMI and IMI-ole
and for both species in the GUTS model to predict the long term effect of each compound as
described by (Jager et al. 2017). For IMI we compared the prediction with experimental 28
days toxicity data gained from (Roessink et al. 2013, Van den Brink et al. 2016). Our results
showed that the full GUTS model provided a closer prediction of the observed chronic toxicity
of IMI than the reduced model (Table S7). Further, we found that the results using the IT
mechanism fitted the chronic data better than the SD mechanism, based on the smaller AIC
and the higher goodness-of-fit measures (Table S8). Except for the toxicity of IMI to C.
dipterum, which fitted better to the SD mechanism. Our result of C. dipterum with IMI was
consistent with (Focks et al. 2018), as they also found that the SD mechanism explained better
the toxicity of IMI to a variety of aquatic organisms. The result of G. pulex was consistent with
Nyman et al. (2013), which found that the IT assumption fitted better in terms of the effect of
IMI to G. pulex (Nyman et al. 2013), indicating that immediate effect occurs when the internal
concentration in an individual exceeds its threshold.
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The prediction of the 28d-EC50 of IMI to G. pulex 34.7 (22.9 - 53.4) µg/L was close to the chronic
experiment results (Roessink et al. 2013) of 15.4 (9.80 - 24.1) µg/L; whereas the prediction of
28d-EC50 of IMI to a winter population of C. dipterum (4.3 µg/L, 2.4-6.9 µg/L) was higher than
the experimental results (0.68 µg/L, 0.45 - 1.0 µg/L) (Van den Brink et al. 2016). The possible
reason could be they used smaller organism (0.38 ± 0.05 cm) than in our toxicity and TK
experiments (0.50 ± 0.07 cm) or more likely due to the biotransformation process in C.
dipterum and the generation of a toxic and hardly eliminated metabolite, IMI-ole, which was
not included in our model prediction. The discrepancy also emphasised the importance of
incorporating active metabolites in further studies.
The prediction of the 28d-EC50 of IMI-ole was 10.4 (7.59-26.9) µg/L for C. dipterum and 135
(54.0-237) µg/L for G. pulex. Recently, Wan, et al. (2020) detected IMI-ole in filtered source
water at concentrations 0.14 ng/L (Wan et al. 2020). However, we do not know much about
the aquatic environmental occurrence and concentrations of IMI-ole, while some related
studies can support the existence of IMI-ole in surface water. For example, imidacloprid and
its metabolites may move into the water column through leaf degradation, since IMI, IMI-ole,
and 5-OH-IMI have been detected in hemlock foliage tissue (Coots et al. 2013, Benton et al.
2015). A recent study found that although no IMI-ole could be detected in the water samples
from headwater streams adjacent to hemlock stands treated with imidacloprid, but they
detected the bioaccumulation of IMI-ole (concentration of imidacloprid-olefin in the one
sample was 28.9 ng/g) (Crayton et al. 2020). In a combination with our results and current
literature, the environmental water concentration of IMI-ole is low and may be relevant for
the overall effects of IMI because IMI-ole is only formed by biotransformation by organisms
and its elimination may be slow.
2.3.3 Bioconcentration of IMI and the generation of its metabolites
The toxicity of IMI to C. dipterum in this experiment was higher than expected based on the
acute toxicity test results (Table 2.1 and Figure 2.4). This was due to the use of smaller
organisms in this experiment compared to previous acute toxicity tests (Figure 2.4 and Figure
S3). For G. pulex, half of the organisms died on day 4 when exposed to 1200 µg/L, while all
organisms were immobile (Figure 2.4). This was consistent with the results from the toxicity
tests, and the sizes of G. pulex used in these two experiments were also similar (Figure 2.4 and
Figure S3). As all C. dipterum died on day 4, we only could get the internal concentration
40

THE TOXICITY AND TOXICOKINETICS OF IMIDACLOPRID AND A BIOACTIVE METABOLITE TO
TWO AQUATIC ARTHROPOD SPECIES

results in dead organisms (Figure 2.3 A, B), hence no comparison of the results for corpses,
dead, immobile and mobile C. dipterum can be made. For G. pulex, the comparison amongst
organisms of different status was usable (Figure 2.3 C, D, E, F).

2

Figure 2.3: The BCR (bioconcentration ratio) of IMI and generation ratio (in%) of IMI-olefin in
C. dipterum are shown in panel A and B, respectively while those for G. pulex of the 240 µg/L treatment
are shown in panel C, D and those for G. pulex of the 1200 µg/L treatment are shown in panel E and F,
respectively. The dotted frame in A, C,E represents the comparison of passive absorption by deceased
organisms (corpses) and the active and passive bioconcentration by organisms which died within day
one. Corpse represented deceased organisms by freezing to evaluate the passive absorption of IMI,
Dead represented organism who died during the experiment, immobile represented immobilised
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organisms during the experiment. * denotes a significant difference. Error bars represent standard
error of the mean.

Figure 2.4: The mortality and immobilisation of C. dipterum (panel A and B), mortality and
immobilisation of G. pulex (panel C and D) in the different concentration treatments (n = 6). Error bars
represent standard error of the mean.

2.3.3.1 The passive absorption and active bioconcentration comparison
This experiment aimed to estimate the contribution of passive absorption of IMI by the
deceased organisms, in order to gain knowledge to what extend the physical absorption can
account for the bioconcentration. The BCR of IMI for C. dipterum in the 120 µg/L treatments
and G. pulex in 240 µg/L and 1200 µg/L treatments on the first day showed no difference
between the passive absorption by deceased organisms (corpses) and the passive and active
uptake by organisms which died within day 1 in the test (Figure 2.3 A, C, E dotted frame). But
the BCR of IMI for the deceased C. dipterum was higher than for G. pulex (Figure 2.3 A, C, E
dotted frame), which might be due to their length and weight (Figure S2 and Figure S3), as
smaller individuals accumulate more imidacloprid on a weight-specific basis than larger
individuals. Smaller organisms accumulated more in case of passive absorption (Figure 2.3 A,
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C, E dotted frame part) and this relationship was also found by Rubach et al. (2010) for another
insecticide, chlorpyrifos (Rubach et al. 2010). Although both the exact time of death and the
dynamics of active bioconcentration within 1 day by the organisms were unknown, the
comparison indicated that passive absorption should not be neglected. In other words, a
considerable amount of IMI adsorbed to the animal's surface or exoskeleton passively. Miller
et al. (2016), who analysed the exoskeleton of gammarids that moulted during the exposure
period found that the percentage of the total body residue adsorbed to the exoskeleton was
between 3 and 24% for five pharmaceuticals (Miller et al. 2016). In order to perform further
research and compensate for the limitation of our method, some analysis methods, such as
mass spectrometry imaging (Ewere et al. 2019) can provide more information on the
distribution of compounds in or on the organisms.
2.3.3.2 The BCR of IMI and the generation ratio of its metabolites in organisms with different
status
The BCR of IMI was higher in C. dipterum than in G. pulex (Figure 2.3 A, C, E). In addition, in
both species, IMI-ole was the only metabolite detected in the body after day 1 for C. dipterum
and after 2 days for G. pulex, while C. dipterum generated more IMI-ole than G. pulex (Figure
2.3 B, D, F), which agrees with the previous TK results (Figure 2.2). The BCR of IMI in the dead
C. dipterum in the 120 µg/L treatment decreased over time (Figure 2.3 A, p = 0.017). This may
be due to the generation of unknown metabolites because the ratio of IMI-ole did not change
between day 2 and day 3 (Figure 2.3 B). The BCR of IMI in the dead G. pulex in the 1200 µg/L
treatment did not change over time (Figure 2.3 E). The generation ratio of IMI-ole was
significantly higher in immobile than in dead organisms (Figure 2.3 F, p = 0.034,) on day 4, as
a result of the termination of the biotransformation of IMI when organisms died. As for the
comparison among another status, there were no significant differences.
The high generation ratio of the toxic metabolite IMI-ole, especially for C. dipeturm (49%) was
in line with another study which found IMI-ole concentrations to be 3.4 fold higher than that
of IMI after a 46-day dietary exposure study with bees (Erban et al. 2019). Our findings are
also consistent with other studies which found that IMI-ole was the major metabolite after
exposing IMI to termites (Tomalski et al. 2010), lizards (Wang et al. 2018) and bees (Erban et
al. 2019). In our study, compared to G. pulex, the more sensitive mayfly had a higher internal
concentration of IMI and its toxic metabolite, IMI-ole. This result indicates that the generation
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of the metabolite IMI-ole, which was persistent in the body (see section 2.3.2 TK results),
contributes to the overall IMI toxicity.
We summarised four possible metabolic pathways based on published information on the
biotransformation of IMI in organisms (Figure 2.5 A). These comprised 1) the pathway where
IMI was transformed to 5-OH-IMI, then to IMI-ole (Tomalski et al. 2010), and might be further
transformed to 6-CNA (Nishiwaki et al. 2004); 2) the pathway where IMI was transformed to
IMI-urea, 3) the pathway where IMI was transformed immediately into 6-CNA (Fusetto et al.
2017); and 4) where IMI was transformed to IMI-ole (Fusetto et al. 2017) (Figure 2.5 A).
Integrating all our toxicity, internal kinetic and biotransformation results, we conclude that
among the four selected metabolites (IMI-ole, 5-OH-IMI, IMI-urea, 6-CNA), IMI-ole was
generated within both organisms once they were exposed to IMI after 1 or 2 days; 6-CNA was
detected in the water when both organisms were exposed to IMI-ole (Figure 2.5 B). Suchail et
al. (2004) summarised that IMI generates 6-CNA through a putative metabolite, 6chloropicolyl alcohol (Suchail et al. 2004a). We hypothesise that IMI was biotransformed to
IMI-ole, after which IMI-ole may be biotransformed further to 6-CNA. To our knowledge, the
formation of 6-CNA from IMI-ole has not been reported before for invertebrates.
1

A

2
3

B

4

Figure 2.5: The biotransformation pathway of IMI deduced from the literature (A), different colours
represent different pathways, and from the results of this study (B).
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2.4. Conclusions
The biotransformation product IMI-ole showed similar toxicity to C. dipterum and somewhat
lower toxicity to G. pulex compared to the parent compound IMI. Whilst IMI was
biotransformed to IMI-ole in both species at considerable rates, it showed almost no
elimination from C. dipterum and a slow one from G. pulex. During exposure to IMI, the
bioactive metabolite IMI-ole could be detected after one-day of exposure and reach relatively
high concentrations in C. dipterum compared to G. pulex contributing to the toxicity of IMI.
Our results suggest that IMI-ole may gradually be generated, especially in C. dipterum, and
not being eliminated by this species. Hence IMI-ole may be responsible for the chronic toxicity
of IMI in C. dipterum with increasing exposure times. It also demonstrates that the sensitivity
difference between invertebrates depends not only on the bioaccumulation of the parent
compound, but also on its biotransformation and elimination.

Support Information
The support information of this chapter can be downloaded from:
https://www.sciencedirect.com/science/article/pii/S0166445X21000965
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Size- and sex-related sensitivity diﬀerences of aquatic
crustaceans to imidacloprid.
Anna Huang, Ivo Roessink, Nico W. Van den Brink, Paul J. Van den Brink

Graphical abstract: A graphic diagram of the experimental design and the results. Diagram
created with BioRender (www.biorender.com).

CHAPTER 3

Abstract
Field collected aquatic invertebrates are often used as test organisms in the refinement of the
standard Tier 1 risk assessment of various pollutants. This approach can provide insights into
the effects of pollutants on the natural environment. However, researchers often
pragmatically select test organisms of a specific sex and/or size, which may not represent the
sensitivity of the whole population. To investigate such intraspecies sensitivity differences, we
performed standard acute toxicity and toxicokinetic tests with different size classes and sex of
Gammarus pulex and Asellus aquaticus. Furthermore, toxicokinetics and toxicodynamics
models were used to understand the mechanism of the intraspecies sensitivity differences.
We used neonates, juveniles and male and female adults in separate dedicated experiments,
in which we exposed the animals to imidacloprid and its bioactive metabolite, imidaclopridolefin. For both species, we found that neonates were the most sensitive group. For G. pulex,
the sensitivity decreased linearly with size, which can be explained by the size-related uptake
rate constant in the toxicokinetic process and size-related threshold value in the
toxicodynamic process. For A. aquaticus, female adults were least sensitive to imidacloprid,
which could be explained by a low internal biotransformation of imidacloprid to imidaclopridolefin. Besides, imidacloprid-olefin was more toxic than imidacloprid to A. aquaticus, with
differences being 8.4 times for females and 2.7 times for males. In conclusion, we established
size-related sensitivity differences for G. pulex and sex-related sensitivity for A. aquaticus, and
intraspecies differences can be explained by both toxicokinetic and toxicodynamic processes.
Our findings suggest that to protect populations in the field, we should consider the size and
sex of focal organisms and that a pragmatic selection of test organisms of equal size and/or
sex can underestimate the sensitivities of populations in the field.

This chapter is based on the paper: Huang, A., Roessink, I., van den Brink, N.W. and van den
Brink, P.J., 2022. Size-and sex-related sensitivity differences of aquatic crustaceans to
imidacloprid.
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3.1. Introduction
In ecological risk assessment (ERA), both standard and non-standard aquatic invertebrate
species are used to increase environmental realism. However, non-standard aquatic
invertebrate species are often not lab-cultured but collected from the field prior to actual
testing, which introduces potential uncertainties. Extensive environmental and biological
differences potentially exist between such field-collected organism populations, such as the
time and location of collection (Van den Brink et al. 2016, Dalhoff et al. 2018, Sumon et al.
2018) and the size or sex of the collected organisms (McClellan-Green et al. 2007, Poteat and
Buchwalter 2014). Moreover, the size- and sex-related variability are of great concern as they
can significantly influence population demographics (Stark et al. 2004), which are often the
protection goal for the ERA when it concerns invertebrates (Hommen et al. 2010). A few
studies have explored the intraspecies sensitivity differences (Gergs et al. 2015, Jager et al.
2016, Gao et al. 2019, Gao et al. 2020). However, the study of sensitivity differences within
populations of aquatic invertebrates is still limited, especially for the sex difference.
To understand the mechanism of the intraspecies sensitivity differences, effect models like
toxicokinetics−toxicodynamics models (e.g., the General Unified Threshold Model of Survival)
can be used (Van den Berg et al. 2019). Also, these models have been recommended to use in
risk assessment for the risk assessment of pesticides for aquatic organisms (EFSA PPR Panel
(Panel on Plant Protection Products and their Residues) et al. 2018). Toxicokinetics models
describe the uptake and elimination process of chemicals in the organisms or tarted sites
(Jager et al. 2011). The conventional toxicity approach estimates the EC50 or LC50 value of
pollutants for the tested organism, which is based on the external water concentration
(McCarty et al. 2011). Knowledge about the chemicals’ TK (Rubach et al. 2012, Gergs et al.
2015) and the resulting internal concentration (Escher et al. 2011) are, however, essential to
understand the intrinsic sensitivity differences between sub-groups of species (e.g. differing
in sex and/or size). Furthermore, toxicodynamics can quantitatively link the internal (scaled)
concentration to the effect at the level of the individual organism over time (e.g., mortality or
immobility without recovery) (Ashauer et al. 2011a, Jager et al. 2011). Combing the TK and TD
process together, there are two versions of TK-TD models, Full-GUTS and Reduced-GUTS,
depending on whether the measured internal concentration was included. Full-GUTS apply
the internal concentration directly to mortality. However, Reduced-GUTS assume that the
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internal concentration leads to damage (which can be repaired at a certain rate), leading to
mortality (Jager et al. 2011). The Reduce-GUTS outperforms Full-GUTS sometime when the
concept of damage is more representative than the measured internal concentration (Jager
et al. 2011).
Imidacloprid (IMI) is one of the most used neonicotinoids to protect crops from pest insects
like aphids, leafhoppers, and whiteflies (Hladik et al. 2018). IMI has a high water solubility and
a relatively long half-life in soil (Bonmatin et al. 2015). Therefore, it has the potential to
accumulate in soils and to leach to surface water and groundwater (Morrissey et al. 2015,
Hladik et al. 2018). Its toxicity to non-target aquatic species has been extensively evaluated
(Morrissey et al. 2015, Thunnissen et al. 2020a). However, as we mentioned before, these
tests often used one size of organisms without determining the sex of the individuals and may,
therefore, misinterpret the toxic effect on the population level. Moreover, one of the
metabolites of IMI, imidacloprid-Olefin (IMI-ole), was proven to be a bioactive metabolite
(Huang et al. 2021). IMI-ole is one of the common metabolites of IMI, it contributes to the
overall toxicity of IMI, and it causes the delayed effect of IMI for aquatic species and bees
(Suchail. et al. 2001, Codling et al. 2016, Huang et al. 2021). In addition, IMI-ole can be further
metabolized to 6-chloronicotinic acid (6-CNA), which is a much less toxic chemical to some
aquatic species (Huang et al. 2021).
To address the knowledge gap in the sensitivity differences driven by size and sex, we studied
the sensitivity of different size and sex groups of two aquatic crustaceans: Gammarus pulex
and Asellus aquaticus, towards IMI. G. pulex and A. aquaticus are widely distributed
invertebrates in Europe that play essential roles in maintaining the balance of freshwater
ecosystems. Moreover, these two species have moderate susceptibility to IMI (Roessink et al.
2013). They are also among the most commonly tested wild-collected organisms that live in
water throughout their life cycle and can be differentiated by sex (Bloor 2010).
In the present study, we hypothesized that, for both species, their sensitivity to IMI will
decrease with size and will differ between sexes, and this sensitivity difference can be
reflected by both TK and TD processes. We performed acute toxicity and simple toxicokinetic
experiments with different size and sex groups (neonates of unknown sex, juveniles of
unknown sex, adult females and adult males) for both crustacean species. The toxicokinetic
and Reduced-GUTS models were calibrated to understand the mechanism of intraspecies
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sensitivity difference. Furthermore, toxicity and TK experiments were also performed for the
bioactive metabolite IMI-ole, in both female and male individuals of these two species to
investigate the differences in sensitivity between sexes further.
3.2. Materials and methods
3.2.1 Chemicals and test organisms
Imidacloprid (IMI; CAS: 138261-41-3), imidacloprid-olefin (IMI-ole; CAS: 115086-54-9) and 6chloronicotinic acid (6-CNA; CAS: 5326-23-8) were used in our experiments. Imidacloprid-d4
(IMI-d4; CAS: 1015855-75-0) was used as an internal standard during the analytic
measurements of any organism sample. All stock solutions of IMI, IMI-ole, 6-CNA, IMI-d4 (200
μg/mL) were dissolved into Milli-Q water.
The tested organisms were collected from the non-agricultural sites where they dominated,
and organisms from these sites have been used in a previous study (Roessink et al. 2013). G.
pulex was collected from an uncontaminated location, the Heelsumse Beek (a brook with the
coordinates 51.973400N, 5.748697E), while A. aquaticus was collected from an
uncontaminated pond at the Wageningen University and Research campus (51.986859N,
5.668837E). To ensure the cleanliness of tested organisms, unexposed field water and
organisms were measured by LC-MS/MS to verify the absence of chemicals of interest (IMI,
IMI-ole, and 6-CNA); see Section 2.2.3 for measurement methods.
After collection in the field, all organisms were brought back to the lab and separated into four
groups based on specific sizes and/or sexes. This resulted in groups of adult males, adult
females, juveniles and neonates. Note that for the latter two groups, the sex of the organisms
could not yet be determined. We used different selection processes for each group,
considering their accessibility (Text S1, Table S1 for an overview). To be specific, for adults, we
selected pre-copulation couples from the field with the males on top. Subsequently, we
separated them and put them into different containers, and we visually selected similar size
of males and females. We excluded pregnant females to rule out the potential influence of
reproduction by only selecting females without black dorsolateral ovaries (Sutcliffe 1992). The
average size of the males was larger than females (Table S2 for details). For juveniles, they
were also from the field; we visually selected max 5 mm sized organisms as individuals are
sexually mature when G. pulex and A. aquaticus are larger than 6 mm and 5 mm, respectively
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(Welton and Clarke 1980, Murphy and Learner 1982). However, the neonates were from the
lab. We obtained neonates from the gravid females previously collected because the field
collection of neonates was not feasible. In detail, the gravid females not selected for any of
the tests were collected into a new container, and they were checked every two days. Any
offspring released was transferred to a different container and used as neonates in further
testing. The age of neonates in our experiment was between 5 to 8 days, and their size was
close to 1 to 2 mm for both species. All four groups of organisms were acclimated in separate
containers in the lab for at least 3 days under test conditions with a 12 hour light : 12 hour
dark cycle at 18°C in a water bath (Roessink et al. 2013). During the acclimation period,
organisms of both species were fed ad libitum with leached Populus leaves. No observable
mortality occurred during the acclimation period.
3.2.2 Acute toxicity and toxicokinetic experiments
3.2.2.1 Acute toxicity tests
The acute toxicity of IMI was assessed in a 4-day standard toxicity test to assess the EC50 and
LC50 for A. aquaticus and G. pulex, which was similar to (Roessink et al. 2013). For each species
and group combination, separate tests were performed. We exposed different groups at
different concentration ranges of IMI because we expected their sensitivity to be different.
Per replicate system, 10 adult G. pulex (females or males) or juveniles were placed in 1 L
groundwater obtained from the Sinderhoeve experimental station (www.sinderhoeve.org).
For the tests with G. pulex, the exposure concentrations for the tests with the adults and
juveniles were 0, 10, 30, 100, 300 and 1000 µg/L and 0, 1, 10, 30, 100 or 300 µg/L, respectively.
For the tests with G. pulex neonates, a replicate test system consisted of 16 individuals and
was dosed to reach concentrations of 0, 0.1, 1, 10, 30, 100 µg/L. For the tests with A. aquaticus,
10 adults (males and females) or juveniles were placed in each replicate, and the exposure
concentrations were 0, 10, 30, 100, 300 and 1000 µg/L. For the test with A. aquaticus neonates,
20 individuals were placed in each replicate with exposure concentrations of 0, 1, 10, 30, 100
or 300 µg/L.
The acute toxicity tests with IMI-ole were similar to IMI, but due to the limited availability of
juveniles and neonates were only performed with the adult males and females of both species.
Ten organisms of either of these four groups (female G. pulex, male G. pulex, female A.
aquaticus and male A. aquaticus) were placed in 1 L groundwater, dosed to reach final
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exposure concentrations of 0, 10, 30, 100, 300 and 1000 µg/L. Details on the setup of the acute
toxicity are provided in Table S1.
The experiment setup was similar to a previous study (Roessink et al. 2013). In detail,
experiments were performed with three replicates per treatment level, while 5 replicates
were used for control. The test systems were not aerated during the experiments to minimize
the volatilization of the chemicals, and no food was added. In all experiments, a piece of
stainless steel mesh was added to each replicate to provide shelter. Organisms were checked
every day, and the effect status (dead, immobile or non-affected) of each individual was
assessed according to (Roessink et al. 2013). Dead and immobilized organisms were both
considered as affected. Dead organisms and moults were removed daily. All jars were placed
randomly in the water bath; temperature and light conditions were similar to the
acclimatization period. Dissolved oxygen, pH, electrical conductivity, and temperature were
measured at the start and end of the test in the control group and in the highest treatment.
These water quality parameters remained stable during the 4 days experiment (raw data,
(Huang et al. 2022f)). After 4 days experiment, the control mortality was less than 10% (raw
data, (Huang et al. 2022f)).
After 4 days, 50% of the organisms in control and lowest treatment were collected for the
toxicokinetic experiments (see section 3.2.2). The other organisms were collected, washed
with clean flow water for 30 seconds, and stored at -20°C for further chemical analysis of the
internal concentration. The concentration of IMI, IMI-ole and 6-CNA were measured in the
organisms and water samples. Specifically, water samples were collected at the beginning and
the end of the experiment in all jars to validate the dosing and to monitor the potential
degradation of the chemicals (see section 3.2.3). The measured water concentration was close
to the nominal concentration (within 80% to 100%) and remained the same concentration
after 4 days experiment (raw data, (Huang et al. 2022f)).
3.2.2.2 Toxicokinetic experiments
To assess the uptake kinetics of IMI and IMI-ole, additional minimalized toxicokinetic
experiments were performed, which included a 4 days uptake and 2 days elimination period
as suggested in a previous study (Carter et al. 2014). The toxicokinetic experiment was not
conducted for the neonates since the biomass of the neonates was not high enough to allow
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an internal body residue measurement. A summary of the setup of simple toxicokinetic
experiments is provided in Table S1.
At the end of the 4 days exposure in the acute toxicity experiments, half of the remaining
organisms (see section 3.2.2.1) from the lowest exposure concentration treatment were
cleaned with flow Milli-Q water and transferred to 1 L of clean groundwater, which started
the 2 days elimination period. Specifically, for the tests performed with adults, 5 male or
female individuals of both species from the 10 µg/L IMI treatment were transferred to clean
water. For the tests performed with juvenile G. pulex and A. aquaticus, 5 organisms from the
1 and 10 µg/L treatment, respectively, were transferred to the clean water. For the IMI-ole
toxicity test with both species, 5 male or female individuals were transferred from the 10 µg/L
treatment to clean water. After 2 days of elimination, all alive organisms were collected,
washed and stored at -20°C. The concentration of IMI, IMI-ole and 6-CNA were measured in
the organisms (see section 3.2.3). All remaining organisms were checked for their status every
day during the elimination period, and no organism died during the elimination period.
The water samples at the beginning and the end of the elimination phase were taken.
Specifically, before adding the transferred organisms, the clean water was taken to ensure the
absence of chemicals of interest; and after 2 days of elimination, water samples were retaken
to detect the eliminated chemicals in the water phase.
3.2.2.3 Determination of size
We measured the length of 20 individuals from each group for each species, which were taken
from the control treatment after the 4 days toxicity test. This was done to determine the
average length for each group of both species, assuming that the length did not change after
4 days, which is supported by the slow growth rate of both species (Bloor 2010). The size
measurement performed at the end of the experiment instead of the beginning was to avoid
stress on tested organisms. G. pulex individuals were measured from the top of the
cephalothorax to the base of the telson (Vellinger et al. 2012), and A. aquaticus body size was
defined as the linear measurement from the front of the head to the tip of the pleotelson
(Bertin and Cezilly 2003) by using image software analysis (ImageJ software, Version 1.52).
Details on the size and the range in each group are provided in Table S2.
3.2.3 Chemical analysis
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The internal concentration of the exposure chemical (IMI and IMI-ole) and the potential
metabolites (IMI-ole and 6-CNA) were measured at the end of the toxicity tests (section 3.2.1)
and toxicokinetic experiments (section 3.2.2) based on a method from a previous study
(Huang et al. 2021) with some modifications. Prior to analytical quantification of the
concentrations, all samples were stored at -20°C. Upon analysis, organisms were pooled and
lyophilized for 1 day and weighted to the nearest mg to get the overall dry weight of all animals
within each treatment. For extraction, 1 mL 1% acetic acid MeOH : Water (v : v = 5 : 1) and 25
µL internal standard (imidacloprid-d4, 200 µg/L) were added to the lumped individuals of the
juveniles groups while 3 mL was used for the adult groups. The samples were homogenized
with a Minilys personal homogenizer (Bertin Instruments, France) using a Precellys ceramic
lysing kit (1.4/2.8 mm; Bertin Instruments, France) for 3 times 60 sec at 3000 rpm using a 30s
interval. After this, the sample was centrifugated at 10000 rpm for 10 minutes, and the
supernatant was filtered over a PTFE syringe filter (pore size 0.45 μm). Filters were washed
with 200 μL extraction solution. The eluent was centrifugated as well and filtered over a
syringe filter (0.45 µm). The two filtrates were combined and adjusted to get a final volume of
1.2 mL for juveniles and 3.2 mL for adults, after which the sample was ready for analysis by
LC-MS/MS. The water samples were analyzed directly, without an extraction step.
All samples were analyzed by reversed-phase liquid chromatography-tandem mass
spectrometry (LC-MS/MS), similar to the previous study (Huang et al. 2021). The only
modification was that the injection volume of samples was 5 µL in this study. The chemicals
were detected in the multiple reaction monitoring (MRM) using two transitions per compound
(Table S3). Injected samples were quantified by peak area using a calibration curve
constructed from the calibration standards included in the same sample sequence (Table S4
and S5). Agilent Masshunter software (version 7.0) was used for instrument control and data
acquisition. The extraction recovery of each tested analyte (IMI, IMI-ole and 6-CNA) in the
organisms were evaluated at two concentrations by spiking them into the clean organisms.
The recovery was acceptable for both species based on recovery and repeatability results
(Table S6, recovery rate between 80% - 120% and the standard deviation less than 20%). More
information about chemical analysis see Text S2.
3.2.4 TK-TD models Calibration
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In the present study, the TK and TD processes were modelled separately in GUTS. TK process
was assessed by a one-compartment toxicokinetic model, while the TD process was assessed
by Reduced-GUTS.
3.2.4.1 One-compartment Toxicokinetic Model
To determine the toxicokinetic rate constants for exposed chemical, a first-order onecompartment kinetic model programmed in Matlab R2021b was used (Jager et al. 2011)
(https://www.debtox.info/byom.html.):
𝑑𝑑𝐶𝐶𝑖𝑖𝑖𝑖𝑖𝑖 (𝑡𝑡)
𝑑𝑑𝑑𝑑

With

= 𝑘𝑘𝑢𝑢 · 𝐶𝐶𝑤𝑤 (𝑡𝑡) − 𝑘𝑘𝑒𝑒 · 𝐶𝐶𝑖𝑖𝑖𝑖𝑖𝑖 (𝑡𝑡)

(Eq.1)

t = time,

Cint =internal concentration of exposed chemical,
Cw = measured concentration of the exposed chemical in water,
ku = the uptake rate constant of the parent (exposed) chemical, and
ke = the elimination rate constant of the parent (exposed) chemical.
The bioconcentration factor (BCF) (L·kg-1) was calculated using a kinetic method (BCFk) :
𝐵𝐵𝐵𝐵𝐵𝐵𝑘𝑘 =

𝑘𝑘𝑢𝑢
𝑘𝑘𝑒𝑒

(Eq.2)

The elimination half-life (t½) (day) was calculated from the elimination rate of IMI or IMI-ole:

𝑡𝑡1/2 =

𝑙𝑙𝑙𝑙2
𝑘𝑘𝑒𝑒

(Eq.3)

The biotransformation TK model, which includes the metabolite (IMI-ole) in the IMI exposure,
is presented in the supporting information. This biotransformation model is limited because
we have only one time point for metabolite formation.
3.2.4.2 Reduced-GUTS models calibration
The TD framework has been described earlier (Jager et al. 2011, Jager et al. 2017, Jager 2021).
The Reduce-GUTS was performed in software (openGUTS) that incorporates this simplification
and has been made publicly available recently and was used for the simulations (see
https://openguts.info). We used only Reduced-GUTS for two reasons. The first reason was

that Reduced-GUTS allowed us to consider neonates because Full-GUTS was not feasible for
neonates because there was no TK test for neonates. Secondly, we already knew that the
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metabolite (IMI-ole) also has a toxic effect; thus, the internal concentration of the parent
chemical (IMI) alone was not representable for the damage. The actual damage was the sumup of IMI and its metabolite, IMI-ole. However, the exact extent of the IMI-ole in the toxicity
of IMI was not explored in the present study. Thus, the damage concept in Reduced-GUTS is
more appropriate than the internal concentration in Full-GUTS. Moreover, two death
mechanisms, individual tolerance (IT) and stochastic death (SD), were calibrated for each
group. For model selection, smaller Akaike information criterion (AICs) and normalized Root
Mean Square Error (NRMSE) values indicate better fitting (EFSA PPR Panel (Panel on Plant
Protection Products and their Residues) et al. 2018).
3.2.5 Statistical significance tests
To assess the significance of the difference in EC50 and the toxicokinetic parameters among
the groups, we compared the mean value with the 95% confidence interval. If the ranges did
not overlap, then we conclude that the values were significantly different.
Linear regression between the average size of individuals and the mean value of toxicity (LC50 ,
EC50), toxicokinetic parameters values (ku, ke) or toxicodynamics parameters values (hb, kd,
mw, Fs, bw) was performed to investigate the relationship between sensitivity related
parameters and size. The linear regression was presented only when the coefficient of
determination (adjusted R2) was > 0.8. We created linear regressions using the lm function of
the base package stats using R (version 4.1.0).
In addition, significant differences in internal concentration among groups were assessed. The
assumptions of normality were evaluated using a Shapiro-Wilk test, and the assumption of
equal variance was evaluated using a Spearman rank correlation between the residuals and
the dependent variable. If the assumptions of normality and equal variance were passed, a
one-way analysis of variance (ANOVA) with α=0.05 and a post-hoc Tukey's test was conducted.
If assumptions failed, a Kruskal-Wallis test, with α=0.05, and a post-hoc Dunn's test was used.
A two-tailed p-value (p < 0.05) was considered to be statistically significant. A Bonferroni
correction approach was adopted in the multiple comparisons of the IMI exposure test.
3.3. Results
3.3.1 Internal concentration of the exposed chemicals
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During quality control, no chemicals of interest were detected in the unexposed tested
organisms and field water, proving that the measured internal concentration of exposed
tested organisms was caused by experimental exposure.
3.3.1.1 Internal concentrations of IMI and its metabolite, IMI-ole
After 4 days of IMI exposure, we measured the internal concentration (in the whole organism)
of IMI, and we detected its metabolite, IMI-ole, in the experiments with juvenile, female, and
male groups of both species (Figure 3.1) (for neonates no analyses could be performed due to
small sample sizes).
For G. pulex, the internal IMI concentrations in the juveniles were similar to those in males
and females (Figure 3.1 A). However, the generation of IMI-ole was significantly higher in
juveniles than in males and females in 30, 100 and the 300 µg/L treatments (Figure 3.1 B). The
generation of the IMI-ole in females only occurred in the 1000 µg/L treatment, which was
significantly higher than in males (Figure 3.1 B). The LOQ of IMI-ole was close in three groups
(Figure 3.1 B dash lines and Table S6). In addition, for all three groups, the internal
concentrations of IMI-ole in the 10 µg/L were not detected, and for male and female adults,
no metabolites were detected in 30 µg/L, and the IMI-ole was not detected in the females
group in the 100 and 300 µg/L; thus no results were shown.
For A. aquaticus, there was no difference between males and juveniles regarding the internal
concentration of IMI (Figure 3.1 C). Males accumulated significantly more IMI than females (in
100 and 1000 µg/L, Figure 3.1 C). In addition, males produced significantly more IMI-ole in the
two highest treatments (300 and 1000 µg/L) than juveniles or females (Figure 3.1 D). The LOQ
of IMI-ole was close in three groups (Figure 3.1 D dash lines and Table S6). For all three groups,
the internal concentrations of IMI-ole in the 10 and 30 µg/L were not detected, the IMI-ole
was not detected in the females group in the 100 µg/L, thus no results were shown.
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Figure 3.1: The internal concentration of IMI (A) and IMI-ole (B) in G. pulex and IMI (C) and IMI-ole (D)
in A. aquaticus as measured at the end of the 4 days toxicity test with IMI. Significant differences among
groups (Tukey's test or Dunn's test with a Bonferroni correction) within the same concentration
treatment are indicated. (p < 0.05) is represented by *. The dash lines represented the LOQ for each
group (blue colour means juveniles, yellow colour means females, grey colour means males).

3.3.1.2 The internal concentration of IMI-ole and its metabolite, 6-CNA
After 4 days of IMI-ole exposure, we measured the internal concentration (in the whole
organism) of IMI-ole, and we detected its metabolite, 6-CNA, in the experiments with female
and male groups of both species, but only in the two highest treatments (300 and 1000 µg/L).
Furthermore, we detected 6-CNA in the water samples but only in the highest (1000 µg/L
group) and for details, see Text S3 and Figure S1 in the support information.
For G. pulex, the internal concentration of IMI-ole was higher in females than in males (Figure
3.2 A). The generation of 6-CNA in the body was significantly higher in females in the 300 µg/L
and 1000 µg/L treatment (Figure 3.2 B). The LOQ of 6-CNA in females were two times higher
than that in males (Figure 3.2 B dash lines, Table S6). For A. aquaticus, males accumulated
significantly more IMI-ole in the ≥30 µg/L treatment levels than females. Males produced
more 6-CNA in the 300 µg/L treatment when the 6-CNA in females were not detected. In the
1000 µg/L treatment, the internal concentration of 6-CNA was similar in males and females
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(Figure 3.2 D). Also, the LOQ of 6-CNA in females were two times higher than that in males
(Figure 3.2 D dash lines, Table S6).

Figure 3.2: The internal concentrations of IMI-ole (A) and 6-CNA (B) in G. pulex and IMI-ole (C) and 6CNA (D) in A. aquaticus as measured at the end of the 4 days toxicity test with IMI-ole. Significant
differences between sex groups (ANOVA or a Kruskal-Wallis test) within the same concentration
treatment are indicated. (p < 0.05) is represented by *. The dash lines represented the LOQ for each
group (blue colour means females, yellow colour means males).

3.3.2 One-compartment toxicokinetics model of the exposed chemicals
For all tests, no mortality occurred in neither uptake nor elimination periods, and no
eliminated chemicals were detected in the water during the elimination period (Figure S2 and
S3). In addition, one-compartment TK models were calibrated for IMI or IMI-ole exposure
because no metabolites were detected during this test (1 or 10 µg/L group) (Figure 3.1 and
3.2, Table S7). The metabolites (IMI-ole for IMI exposure, 6-CNA for IMI-ole exposure) were
detected only in a higher exposure concentration and with only a timepoint (day4) (Figure 3.1
and Figure 3.2). Nevertheless, the biotransformation TK models of IMI were calibrated and
applied for all treatment levels and discussed in the supporting information (Text S4, Table S8
and Figure S4).
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3.3.2.1 One-compartment TK results of IMI
Generally, the uptake rate constant of IMI was higher in G. pulex than that in A. aquaticus; the
elimination rate constant of IMI was lower in G. pulex than in A. aquaticus (Figure 3.3).
For G. pulex, compared to adult organisms, smaller juvenile G. pulex individuals had a higher
uptake rate constant of IMI (Figure 3.3 A), while this difference was not observed for the
elimination rate constant (Figure 3.3 B). The ranking of uptake rate constant from high to low
was from juveniles, females to males, but the 95% confidence intervals for males and females
did overlap (Table S7). The highest BCFk of IMI in G. pulex was calculated for juveniles (92.2
L/kg), followed by males (34.6 L/kg) and females (24.8 L/kg) (Table S7).
For A. aquaticus, no size-related differences in the toxicokinetic experiments were detected,
but sex differences existed (Figure 3.3 C and D). The uptake rate constant of IMI in juveniles
was similar to males, but it was higher than that of females. The confidence intervals of the
elimination rates constant of juveniles, females, and males overlapped. The BCFk of IMI in A.
aquaticus juveniles (2.03 L/kg), females (2.09 L/kg) and males (1.84 L/kg) were close (Table
S7).

Figure 3.3: Uptake rate constant (A) and elimination rate constant (B) of IMI in G. pulex; Uptake rate
constant (C) and elimination rate constant (D) of IMI in A. aquaticus. The horizontal error bar is the size
range, mean ± sd, n =20; the vertical error bar is the parameter range, mean ± 95% CIs.

61

3

CHAPTER 3

3.3.2.2 One-compartment TK results of IMI-ole
Similarly to IMI, the uptake rate constant of IMI-ole was higher in G. pulex than that in A.
aquaticus, and the elimination rate constant of IMI-ole was lower in G. pulex than in A.
aquaticus (Figure 3.4). For both species, the confidence intervals of the uptake and elimination
rate constants of IMI-ole were overlapped for males and females (Figure 3.4).
Comparing the toxicokinetic results of IMI and IMI-ole, the confidence intervals of the uptake
and elimination rate constants of IMI and IMI-ole overlapped regardless of sex. However, it
should be noted that female G. pulex eliminated IMI-ole slower (0.03 d-1) than IMI (0.14 d-1),
causing the higher BCFk of IMI-ole (99.3 L/kg) than that of IMI (24.8 L/kg) (Table S7). Same as
for G. pulex, the confidence intervals of the uptake and elimination rate constants for IMI and
IMI-ole overlapped for the two sexes in A. aquaticus. However, it should be noted that for
males, the elimination rate of IMI-ole (0.14 d-1) was slower than that of IMI (0.44 d-1) (Table
S7), causing a higher BCFk of IMI-ole (4.06 L/kg) than of IMI (1.84 L/kg) (Table S7).

Figure 3.4: Uptake rate constant (A) and elimination rate constant (B) of IMI-ole in G. pulex; Uptake
rate constant (C) and elimination rate constant (D) of IMI-ole in A. aquaticus. The horizontal error bar
is the size range, mean ± sd, n =20; the vertical error bar is the parameter range, mean ± 95% CIs.

3.3.3 Toxicity and toxicodynamic of exposed chemicals
We have tested the toxicity of IMI for four groups: neonates, juveniles, adult females and adult
males of both species. Also, we tested the toxicity of IMI-ole for two groups: adult females
and adult males of both species. Furthermore, we calibrated reduced-GUTS to get the
toxicodynamics process parameters for IMI. The overview of the model fitting is provided in
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Table S9 and Table S10 for IMI and Table S11 and S12 for IMI-ole. Overall, for both IMI and
IMI-ole, IT mechanism overperformed the SD mechanisms in most of the groups. Thus, we
only showed the IT results here. The results of SD can be found in supporting information
(Table S9-S12).
3.3.3.1 Mortality and immobility results of IMI and IMI-ole
Both lethal (LC50) and affected (EC50) results were provided for IMI (Figure 3.6). Overall, G.
pulex was more sensitive to IMI than A. aquaticus (Figure 3.5). For G. pulex, on day 4, neonates
were the most sensitive group of the two species, followed by juveniles and adults (Figure 3.5
A, B). Regarding EC50, the toxicity of IMI to G. pulex decreased significantly with increasing size
(Figure 3.5 B, black line). For A. aquaticus, similar to G. pulex, the sensitivity rank was neonates,
juveniles, and adults (Figure 3.5 C, D). However, the sensitivity of smaller female A. aquaticus
individuals was much lower than the larger males, especially in terms of EC50 (Figure 3.5 D).
For these two species, A. aquatics was more sensitive to IMI-ole than G. pulex (Figure 3.6).
Compared to IMI, IMI-ole was less toxic to G. pulex (Figure 3.6 A, B) but more toxic to A.
aquatics (Figure 3.6 C, D). In detail, for G. pulex, IMI-ole showed 4 days EC50 values of 349
(249.3 - 485.8) and 383.3 (274.1 - 542.1) µg/L for female and male individuals, respectively
(Table S11). Compared to IMI, the toxicity of IMI-ole was 3.7 times lower in females and 3
times lower in males (Table S9 and S11). For A. aquaticus, comparing the toxicity results of
IMI-ole with IMI, we found that IMI-ole was more toxic to A. aquaticus than IMI, with
differences being 8.4 times for females and 2.7 times for males (Table S9 and S11).
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Figure 3.5: Four-day LC50 and EC50 value of IMI for different group individuals of both species (horizontal
error bar is the size range, mean ± sd, n =20; vertical error bar is the EC50 range, mean ± 95% CIs). Panels
A and B were for G. pulex; panels C and D were for A. aquaticus. The linear regression between size
(mean value) and the IMI toxicity (mean value of EC50) for G. pulex was significant and is represented
by the black line.

Figure 3.6: Four-day LC50 and EC50 value of IMI-ole for different group individuals of both species
(horizontal error bar is the size range, mean ± sd, n =20; vertical error bar is the EC50 range, mean ± 95%
CIs). Panels A and B were for G. pulex; panels C and D were for A. aquaticus.

3.3.3.2 Toxicodynamics parameters of IMI in different groups
The affected result was more representative and a better indicator than lethal results,
supported by the better fitting performance in affected results than lethal results (Table S9
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and 10, Table S11 and S12). Thus we only showed the affected results below, and as we
mentioned above, the IT mechanism outperformed the SD mechanism; hence, only IT
parameters were presented.
The reduced-GUTS-IT parameters were illustrated for each size or sex group in Figure 3.7.
For G. pulex, the background mortality (hb) for each group overlapped. The dominant rate
constant (kd) tended to increase with size, while no significant linear regression was found.
The threshold value (mw) showed a clear pattern that increased with size, and a significant
linear regression with adj. r2 of 0.99 was found. The Fs tended to decrease with size, while
no significant linear regression was found. For A. aquatics, for all parameters, no significant
linear regression has been found. In detail, no clear pattern for hb, kd and mw, while Fs tend
to decrease with size (Figure 3.7 E, F, G, H).

Figure 3.7: The reduced-GUTS-IT parameter in G. pulex (A, B, C, D) and A. aquatics (E, F, G, H). The
horizontal error bar is the size range, mean ± sd, n =20; the vertical error bar is the parameter range,
mean ± 95% CIs. The linear regression between size (mean value) and the mw (mean value of mw) for
G. pulex was significant and is represented by the black line.

3.4. Discussion
Our hypothesis of size related sensitivity difference was well supported for G. pulex, while it
was less evident for A. aquatics. We found that both the toxicokinetic and toxicodynamic
processes of IMI could explain the intraspecies sensitivity difference.
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3.4.1 Toxicokinetic and toxicodynamic models explain the intraspecies sensitivity difference of
G. pulex
For G. pulex, we found size-related uptake rate constant, threshold values, and EC50
differences for IMI. The 96h EC50 based on external water concentration corresponded with
the size for G. pulex (Figure 3.5 B). This finding was consistent with (Bottger et al. 2012), who
found smaller gammarids (Gammarus roeseli) being more sensitive to imidacloprid than larger
ones. However, current research usually uses juveniles or adults to assess the impact of
pollutants, which might underestimate the impact on population levels when neonates are
present (Di Lorenzo et al. 2019).
3.4.1.1 Toxicokinetics parameters difference among different size and sex groups of G. pulex
The present study found that the uptake rate constant tended to decrease with size, while the
elimination rate constant remained the same (Figure 3.3 A and B). Some other studies also
found that body size-dependent toxicokinetics could explain intraspecies variation in
sensitivity (Rubach et al. 2010, Gergs et al. 2015, Gergs et al. 2016). In particular, we found
that size-dependent differences in invertebrate sensitivity to IMI could be explained by
differences in uptake rate constants (Figure 3.3 A) but independent of elimination rate
constant. There is no relationship between elimination rate and size, probably due to chemical
properties of IMI. Imidacloprid in this study is a highly water-soluble chemical with a logKow
value of 0.57 and may easily be actively taken up by gills or passively absorbed into the
exoskeleton of the organisms. It has been proved that the uptake process of IMI by G. pulex is
partially a chemo/physical adsorption process, making it important given the differences in
surface-volume ratios of different sizes. For example, previous studies found that the IMI
adsorbed considerably on the surface of dead Gammarus pulex (Huang et al. 2021) and
Daphnia magna (Li et al. 2021). In other words, uptake of IMI was related to external water
concentrations and surface uptake. Furthermore, IMI could be biotransformed to IMI-ole
(Figure 3.1); thus, elimination depends on internal concentrations and biotransformation
capacity rather than size.
Besides the uptake rate differences, we also found biotransformation differences among
different groups (juveniles, females and males). In the lower exposure concentrations (30, 100
and 300 µg/L), juveniles produced more IMI-ole, which may be linked to the faster uptake rate
constant (Figure 3.1, Table S7) and a higher biotransformation capacity since the higher
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energetic metabolism in younger G. pulex individuals compared to adult ones (Sutcliffe et al.
1981). Comparing the biotransformation between males and females, in the lower exposure
(100 and 300 µg/L), generation of IMI-ole has not been detected in females when it was
detected in males (Figure 3.1 B). However, in the highest exposure (1000 µg/L), the generation
of IMI-ole was higher in females than males (Figure 3.1 B). Also, in the biotransformation
model, the biotransformation rate of IMI was higher in females than in males (Table S8). This
could be explained by the findings of previous studies, which found that P450 enzyme content,
which contributes to the biotransformation of neonicotinoids (NNIs) (Casida 2011), is higher
in females than males G. pulex (Dalhoff et al. 2018). Nevertheless, on the other hand, some
other unknown intermediate metabolites, such as dihydroxy IMI, could be generated (Hoi et
al. 2014, Fusetto et al. 2017), but the intact biotransformation pathway of IMI was not
thoroughly studied in this study.
3.4.1.2 Toxicodynamics parameters difference among different size and sex groups of G. pulex
In the present study, immobility was a better indicator than mortality because the fitting
performance was better (Table S9-S12). This result was consistent with a previous study,
which used immobility as the endpoint in TKTD modelling (Huang et al. 2021). Immobility is a
better endpoint for IMI since neonicotinoids are neurotoxic and expected to cause effects on
behaviour (Morrissey et al. 2015).
We found differences in the toxicodynamics parameters between different size and sex
groups. The dominant rate constant (kd) tended to increase with size (Figure 3.7 B). Unlike
uptake or elimination rate constant, which is only involved in chemical uptake and elimination,
kd is a “lumped” parameter, which is supposed to incorporate the most dominant processes
of chemical elimination and damage recovery (EFSA PPR Panel (Panel on Plant Protection
Products and their Residues) et al. 2018, Brock et al. 2021). The increasing pattern of kd with
size revealed that the damage recovery increased with size since there was not much
difference in the elimination rate constant (Figure 3.3B). Our finding was consistent with a
previous study, which found that the kd was getting bigger with size in the case of Mesocyclops
leuckarti exposed to triphenyltin (Gao et al. 2020).
On the other hand, the intrinsic sensitivity was also influenced by the size and sex. The
threshold (mw) defined in the toxicodynamic process increased with size (Figure 3.7 C) for G.
pulex. This was also noticed in another study (Gao et al. 2020) in which the intraspecies
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sensitivity of different species was investigated with respect to size and metal toxicity, and
they found that body size of zebrafish obviously affects model parameters of threshold values
(Gao et al. 2020). However, unlike their studies that integrated size into parametric models,
we only calibrated the GUTS model for each group (neonates, juveniles, females and males).
This was because we also investigated the sex difference in our study, not just size. In addition,
the biotransformation of IMI and the toxic effects of its metabolite were not simply reflected
by size.
3.4.2 Biotransformation contributes to the sex-related sensitivity difference of A. aquaticus
For A. aquaticus, we did not observe size-related sensitivity difference (Figure 3.5 C, D), and
the most remarkable finding was that females were the most insensitive group to IMI when
exposed to IMI, while they were the most sensitive group to IMI-ole when exposed to IMI-ole
(Figure 3.5 D and 3.6 D). Uptake and biotransformation of IMI could explain the tolerance of
females to IMI. Females took less IMI up (Figure 3.3 C), and more importantly, less IMI-ole was
produced during 4 days of exposure compared to males (Figure 3.1 D). IMI-ole was a more
toxic chemical compared to IMI in both males and females A. aquaticus (Figure 3.5 D and 3.6
D). In addition, the threshold value of females was higher than males, indicating that the
intrinsic sensitivity of females was lower (Figure 3.7 G).
Our result of the tolerant female A. aquaticus was unexpected, as we assumed females were
smaller and had a relatively higher biotransformation capability than males; hence, the female
should be more sensitive. In the present study, based on the low biotransformation rate of
females (Figure 3.1), we speculate that females have lower enzymatic activities for IMI
biotransformation than males. However, the exact reason for this is unknown, as there are
few studies on sex differences in aquatic crustaceans.
In addition, the low respiration rate and locomotion activity of the females may contribute to
our result of tolerant female A. aquaticus, although we did not measure it in our study. A
previous study found that male copepod individuals (Calanus finmarchicus) were more
sensitive compared to female and juvenile individuals, which could have been caused by the
fact that these copepod males have a 20% higher respiration rate than females (Jager et al.
2016). Similarly, we could speculate that the respiration rate of male A. aquaticus was higher
than females, as we found that the uptake rate constant of IMI was slightly higher in males
(Figure 3.3 C) than in females. Another explanation may be that the mobility of males was
68

SIZE- AND SEX-RELATED SENSITIVITY DIFFERENCES OF AQUATIC CRUSTACEANS TO IMIDACLOPRID

higher than females. Personal observations during our experiment showed that males walked
more often than females during the observation time of the experiment. Higher locomotion
may lead to a higher sensitivity, as is indicated in a recent study (Andreazza et al. 2020), where
Diachasmimorpha longicaudata males were significantly more susceptible to spinosad than
females, which could be related to the differences in their movement since males walked
longer distances and periods (Andreazza et al. 2020). However, the applicability of the positive
relationship between locomotion and sensitivity needs more research.
3.4.3 General discussion
Besides differences in size and sex, the age and life stage of organisms (de Lima et al. 2021)
may also affect sensitivity. However, this information was not explicitly collected in our
research, and we cannot rule out their influence. For these two species, males grow faster
than females, and the male is larger than the female. For instance, female adult G. pulex
individuals are on average 7 mm while male individuals are 10 mm in a previous study (Horion
et al. 2015). In addition, we visually chose females without eggs, but their reproductive stage
was unknown. Pregnant females may be more sensitive to chemicals because they need to
allocate energy to reproduction and have less energy to deal with chemical stress. To
understand the influence of reproduction, the dynamic energy budget (DEB) theory should be
applied. DEB is a mechanistic modelling approach to describe the effects of toxicant exposure
(Jager 2020, Sherborne and Galic 2020) on the entire life history of the organism, such as
growth and reproduction.
Despite the limitations of our study, our study found size-related differences in the
sensitivities of G. pulex, which can be explained well by both TK and TD processes. The most
sensitive group was the neonates for both species. The sensitive differences between
neonates and juveniles are 2.6 times for G. pulex and 4.5 times for A. aquaticus (Table S9). The
current research could underestimate the potential effect of IMI at the population level by
excluding the potentially higher sensitivity of neonates.
Our study also found the sex-related difference, although we could not exclude the size
influence since the females were naturally smaller than males (Horion et al. 2015). It was
contrary in two species, and smaller female G. pulex was more sensitive to IMI than males;
however, smaller female A. aquaticus was much less sensitive to IMI than males. It indicates
that sex-related differences may vary in species. In the case of IMI, sex-related differences rely
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on biotransformation because more biotransformation leads to higher sensitivity. Moreover,
the generation of IMI-ole could cause a profound long-term effect, especially for females G.
pulex and male A. aquatics, as the elimination of IMI-ole, an active metabolite, was eliminated
slower than the parent chemical (Table S7). Our study highlighted the need to consider the
size and sex differences in risk assessment to assess the impact of pollutants at the population
level.
3.5. Conclusion
Our study compared the toxicity differences of IMI related to size and sex for two aquatic
crustacean species. We have found that for both species, the neonates are the most sensitive
group. For G. pulex, the sensitivity relies on the size. The size-related differences in the uptake
rate constant in the toxicokinetics process and the threshold value in the toxicodynamics
process could explain the sensitivity differences. However, for A. aquaticus, the males were
more sensitive than females, which can be related to differences in the biotransformation rate
and the threshold difference between males and females. For both species, the toxicokinetics
and toxicodynamics models were proved to be proper tools to explore the mechanism of
intraspecies sensitivity difference. Our study also raises the importance of providing the size
and sex information in reporting the results of toxicity tests used in ecological risk assessment.

Support Information
The support information of this chapter can be downloaded from:
https://www.sciencedirect.com/science/article/pii/S0147651322007576#sec0160
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Comparing the acute and chronic toxicity of
ﬂupyradifurone and imidacloprid to non-target aquatic
arthropod species.
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Graphical abstract: A graphic diagram of the experimental design and the results. Diagram
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Abstract
Flupyradifurone (FPF) is a new type of butenolide insecticide. It was launched on the market
in 2015 and is considered an alternative to the widely used neonicotinoids, like imidacloprid
(IMI), some of which are banned from outdoor use in the European Union. FPF is claimed to
be safe for bees, but its safety for aquatic organisms is unknown. Its high water solubility,
persistence in the environment, and potential large-scale use make it urgent to evaluate
possible impacts on aquatic systems. The current study assessed the acute and chronic toxicity
of FPF for aquatic arthropod species and compared these results with those of imidacloprid.
Besides, toxicokinetics and toxicokinetic-toxicodynamic models were used to understand the
mechanisms of the toxicity of FPF. The present study results showed that organisms take up
FPF slower than IMI and eliminate it faster. In addition, the hazardous concentration 5th
percentiles (HC05) value of FPF derived from a species sensitivity distribution (SSD) based on
acute toxicity was found to be 0.052 µmol/L (corresponding to 15 µg/L), which was 37 times
higher than IMI (0.0014 µmol/L, corresponding to 0.36 µg/L). The chronic 28 days EC 10 of FPF
for Cloeon dipterum and Gammarus pulex were 7.5 µg/L and 2.9 µg/L, respectively. For G.
pulex, after 28 days of exposure, the no observed effect concentration (NOEC) of FPF for food
consumption was 0.3 µg/L. A toxicokinetic-toxicodynamic (TKTD) model parameterised on the
acute toxicity data well predicted the observed chronic effects of FPF on G. pulex, indicating
that toxicity mechanisms of FPF did not change with prolonged exposure time, which is not
the case for IMI.

This chapter is based on the paper: Huang, A., Mangold-Döring, A., Focks, A., Zhang, C. and
Van den Brink, P.J., 2022. Comparing the acute and chronic toxicity of flupyradifurone and
imidacloprid to non-target aquatic arthropod species. Ecotoxicology and Environmental
Safety, 243, p.113977. https://doi.org/10.1016/j.ecoenv.2022.113977
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4.1. Introduction
Neonicotinoids are among the most used pesticides, and they are currently registered for
hundreds of field crops in over 120 countries, accounting for one-third of the pesticide market
share (Jeschke and Nauen 2008, Jeschke et al. 2011, Simon-Delso et al. 2015). However, the
adverse effects of neonicotinoids on bees and non-target aquatic invertebrates have been
raised with increasing concern (Morrissey et al. 2015, Jactel et al. 2019). In 2018, three
neonicotinoids, imidacloprid (IMI) (European Commission 2018a), clothianidin (European
Commission 2018b) and thiamethoxam (European Commission 2018c), were banned for
outdoor use in Europe because of their risks to pollinators. One of the most important
alternatives to neonicotinoids is flupyradifurone (FPF), a new butenolide pesticide (Giorio et
al. 2017a). FPF was first commercially available in Honduras and Guatemala in 2014 (Nauen et
al. 2015a) and has since become available for use on a wide range of crops in Canada (PMRA
2015), the United States (EPA 2015), China (Zhong et al. 2021) and Europe (EFSA 2016). It acts
as an agonist on insect nicotinic acetylcholine receptor (nAChR), similar to neonicotinoids
(Jeschke et al. 2015b), while it has a different pharmacophore system as a new bioactive
scaffold (Nauen et al. 2015b). FPF is used for a wide range of crops as a foliar spray, soil drench,
and seed treatment, targeting sucking pests such as aphids, hoppers, and whiteflies (Bayer
2012). According to a new economic assessment, FPF currently is one of the most commonly
used imidacloprid substitutes in Californian agriculture (Goodhue et al. 2020). Research shows
that FPF seems comparatively safer for honeybees and bumblebees than IMI (Campbell et al.
2016).
However, the knowledge of the safety of FPF to freshwater invertebrates is limited.
Considering the chemical characteristics of FPF, i.e., high solubility in water, low volatility and
high half-life values in water and/or soils (Bayer 2012, Nauen et al. 2015a), FPF will be
persistent in the environment and has a high potential to enter freshwater ecosystems
through runoff, erosion, and leaching (Carleton 2014). So far, there are not many studies on
environmental concentrations of FPF, but one study found that the highest measured
environmental concentration of FPF is 0.16 µg/L in a watershed of the Great Lakes basin
(Metcalfe et al. 2019). To the best of our knowledge, toxicity data of FPF is alone available for
three aquatic arthropod species: Hexagenia spp. (Bartlett et al. 2018), Chironomus dilutus
(Maloney et al. 2020) and Hyalella azteca (Bartlett et al. 2019a). Notably, data for Daphnia
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were excluded because FPF is, like IMI, not toxic to cladocerans (Lewis et al. 2016). These
available studies focused on lethal endpoints, such as mortality and immobility, conventionally
assessed in 2 or 4 days acute and 28 days chronic tests. Acute and chronic toxicity tests have
been performed with aquatic invertebrates extensively for neonicotinoids, especially for IMI
(Roessink et al. 2013, Morrissey et al. 2015). Besides lethality-related endpoints like mortality
and immobilisation, insecticides may also affect sublethal endpoints, such as feeding rate
(Nyman et al. 2013), growth, reproduction, and emergence (De França et al. 2017). In the case
of IMI, the sublethal effect concentration was found to be several orders of magnitude lower
than the lethal concentration, and importantly, the sublethal effect on individuals may result
in a profound impact on populations (Rico et al. 2018, Van de Perre et al. 2021). Therefore,
more studies on the effects of FPF on freshwater invertebrates focussing on the lethal and
sublethal endpoints, are needed.
To understand the mechanism of the toxicity of pesticides, toxicokinetic-toxicodynamic (TKTD)
models can be used (Ashauer and Escher 2010). Specifically, models from the General Unified
Threshold model for Survival (GUTS) can help to understand the mechanisms and
characteristics of lethal effects. Recently, an EFSA (European Food Safety Authority) working
group concluded that the GUTS models are fit for purpose of being used for the risk
assessment of pesticides for aquatic organisms (EFSA PPR Panel (Panel on Plant Protection
Products and their Residues) et al. 2018). GUTS modelling was also successfully used to predict
survival over time of aquatic invertebrates exposed to time-variable exposure patterns of IMI
(Focks et al. 2018).
To assess the toxicity of FPF for aquatic arthropods, we selected three species, the
ephemeropteran Cloeon dipterum, the amphipod Gammarus pulex, and the isopod Asellus
aquaticus. They are widely distributed invertebrates in Europe and play an important role in
freshwater ecosystems (Hynes 1970). Besides, because of their high abundance, high
reproduction rate, and comparably short life cycle, they are suitable organisms for laboratory
toxicity tests (Williams et al. 1984, McCahon and Pascoe 1988, Johnson et al. 1993). Also, the
insect species C. dipterum is one of the most sensitive species to IMI, while G. pulex and A.
aquaticus are macrocrustaceans and are intermediately sensitive to IMI (Roessink et al. 2013).
Using these three species, we aimed to compare the toxicity of IMI and FPF for species
belonging to different taxonomic groups.
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The objectives of this study were to evaluate the effects of FPF on lethal and sublethal
endpoints resulting from acute and chronic exposure and to use GUTS modelling to test for
consistency between acute and chronic toxicity of FPF. For these objectives, we performed a
4-day acute toxicity test with three species, C. dipterum, G. pulex, and A. aquaticus, and
consecutive toxicokinetic experiments with the same species. From that, uptake and
elimination rates of FPF were derived and compared to literature values available for IMI.
Previous acute toxicity tests performed with arthropods obtained from the literature were
integrated with our results to generate an acute species sensitivity distribution (SSD) for FPF
and IMI. Effects on mortality, immobility, size, emergence, food consumption and internal
concentrations were assessed in the chronic test of FPF with C. dipterum and G. pulex.
4.2. Materials and methods
4.2.1 Chemicals and test organisms
Flupyradifurone (CAS: 951659-40-8) and the commercially available metabolite, 6chloronicotinic acid (6-CNA; CAS: 5326-23-8), were used in the experiments. The stock
solutions of FPF (10 and 1 µg/mL) were dissolved into MiliQ water. Imidacloprid-d4 (IMI-d4;
CAS: 1015855-75-0) was used as an internal standard during the analytical measurements of
all organism samples. The stock solutions of IMI-d4 (200 µg/mL) were dissolved into 2%
acetone (v: v) to ensure that the compound was fully dissolved. The FPF stock solution was
stored at 4 °C in the dark when it was not used. A fresh stock solution was prepared for each
test.
Three species, C. dipterum, G. pulex and A. aquaticus, were used in the experiments. C.
dipterum was collected from an uncontaminated test system at the outdoor research site ‘De
Sinderhoeve’ located in Renkum, the Netherlands (www.sinderhoeve.org). G. pulex was
collected from an uncontaminated location, the Heelsumse Beek (a brook with the
coordinates 51.973400N, 5.748697E), while A. aquaticus was collected from the campus of
Wageningen University and Research (a pond with the coordinates 51.986859N, 5.668837E ).
After collection, the organisms were kept in aerated tanks in the laboratory for at least 3 days
to acclimate them to laboratory conditions. During the acclimation period, organisms were
fed with fish food for C. dipterum and leached Populus leaves for G. pulex and A. aquaticus
(Roessink et al. 2013). All containers containing the test organisms were placed in a water bath
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maintained at 18 ± 1 °C with a light: dark regime of 12:12 hours. The light in our setup did not
contain ultraviolet light to prevent photodegradation of FPF.
In order to confirm the absence of all tested analytes in the collected water and organisms
samples, we analysed the water and organisms samples by LC/MS-MS before the exposure.
For the details of chemical analysis, see section 4.2.5.
4.2.2 Acute toxicity experiments
The acute toxicity of FPF was assessed by a 4-day standard acute toxicity test to estimate the
96 h EC50 and LC50 for C. dipterum, A. aquaticus and G. pulex (Roessink et al. 2013). In detail,
separate tests were performed for each species. For C. dipterum, each replicate consisted of
16 mayflies placed in a glass jar containing 1 L groundwater obtained from the Sinderhoeve
experimental station. This volume was dosed with FPF to reach exposure concentrations of 0,
1, 3, 10, 30, 100 and 300 µg/L. For the tests with G. pulex and A. aquatics, each replicate
consisted of 16 individuals (G. pulex) or 10 individuals (A. aquaticus) in 1 L groundwater, after
which the volume was dosed to reach concentrations of 0, 3, 10, 30, 100, 300 and 1000 µg/L.
These experimental concentrations were achieved by adding an appropriate portion of the
stock solution to the test system, and the selection of the concentration was based on the
results of previous IMI and FPF toxicity studies with aquatic arthropods (Roessink et al. 2013,
Maloney et al. 2020). These tests were performed in May 2020, using a summer generation
of all species. Experiments were performed with three replicates per treatment level, while
five replicates were used for controls. The test systems were not aerated during the
experiments to minimize water evaporation. In the experiments with G. pulex and A. aquaticus,
a piece of stainless steel mesh was added to serve as a substrate for organisms and reduce
cannibalistic behaviour. Organisms were checked every day, and the status (dead, immobile
or mobile) of each individual was assessed according to Roessink et al. (2013) (Roessink et al.
2013). Dead organisms and moults were removed daily.
Daily, 1 mL of water was taken to verify the exposure concentration of FPF by using LC-MS/MS
(see section 4.2.5). All jars were placed randomly in a water bath; temperature and light
conditions were the same as during the acclimation period. Dissolved oxygen, pH, electrical
conductivity and temperature were measured at the start and end of the test in the control
group and in the highest treatment only. The dissolved oxygen content was acceptable at the
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end of the experiment, with a minimum value of 8.7 mg/L. These results are provided in the
raw dataset (Huang et al. 2022b).
4.2.3 Toxicokinetic tests
At the end of the acute toxicity test (day 4), less than 10% of the individuals were affected in
the 10 µg/L treatment for all three species. With the remaining organisms of these treatments,
a toxicokinetic test was conducted. In detail, after 4 days of exposure, for the acute tests with
C. dipterum and G. pulex, 8 individuals were randomly selected from each replicate separately,
rinsed for 30 seconds with clean MiliQ water, and transferred to 1 L clean groundwater to
assess the elimination of FPF after 2 days. The remaining 8 individuals were cleaned and stored
at -20°C for further chemical analysis and were used to determine the uptake after 4 days. The
test with A. aquaticus used 5 individuals for the uptake and 5 individuals for the elimination
phase. At the end of the elimination phase, all alive organisms were collected from the three
replicates, washed with MillQ water for 30 seconds, and stored at -20°C for further chemical
analysis.
The concentration of FPF was measured in both organisms and water samples during the
uptake, and elimination phase for each replicate separately. For quality control of the
experimental setup, three replicates containing organisms but no chemicals (from the
previous control groups) were also kept during the elimination phase to evaluate the status
of the organisms.
4.2.4 Chronic experiment
As A. aquaticus was the least sensitive species in the acute experiments, the chronic tests were
only performed with C. dipterum and G. pulex in September and November 2020. The
experimental conditions and spiking procedure of FPF were the same as in the acute tests.
The volume was dosed to reach final exposure concentrations of 0, 0.1, 0.3, 1, 3, 10, 30 µg/L
for C. dipterum and 0, 0.3, 1, 3, 10, 30 µg/L for G. pulex. These experimental concentrations
were achieved by adding an appropriate portion of the stock solution to the test system, and
the selection of the concentration was based on our previous FPF acute test results. Gentle
aeration was provided, and the animals were fed with appropriate species-specific food,
weekly for C. dipterum and biweekly for G. pulex. 1 mL of fish flask slurry, consisting of 6 g
ground fish flask added to 40 mL MillQ water and homogenised by stirring with the magnet
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mixer, was added to each replicate for C. dipterum, and two pieces of discs of leached Populus
leaves (3.2 cm radius) for G. pulex. The jars were completely refreshed with a new test medium
and food every week for C. dipterum and every two weeks for G. pulex, and the living test
animals were transferred with care to the new test system. Immobility and mortality were
monitored every 2 to 3 days during the experiment, and the physicochemical water
parameters were measured weekly. For C. dipterum, the emergence of individuals occurred
mostly in the fourth week of the experiment. Emerged C. dipterum was counted as missing in
the statistical analysis because, after emergence, it is no longer possible to determine whether
the individual would have been affected or not.
The food consumption of G. pulex was measured every two weeks in this study. The pretreated (leached into the water before use) (McGrath et al. 2007) Populus leaves were cut into
circles with the same surface area (3.2 cm radius) using a cork borer and dried at 60 °C for at
least 48 h. Two pieces of leaf discs were provided for every replicate. The dry weight of the
leaves of each replicate was recorded before putting them into the jar. The dry leaves were
added to each replicate for 3 days before adding the organisms and the chemical to allow the
leaves to soak in the clean water. The leaves in the test jars were changed every two weeks
together with the refreshment of the system. The weight of the remaining leaves was
recorded after drying at 60°C in the oven for at least 48 h. Apart from the jars with G. pulex, a
blank food treatment without organisms was added. Two jars with only stainless-steel mesh
and conditioned Populus leaves were installed to estimate the microbial degradation of the
leaves. The food consumption of each replicate was calculated as the difference between the
initial leaves weight and the remaining leaves' weight after the loss was corrected for
microbial degradation.
At the beginning and during the system renewal process, C. dipterum was taken out to
measure their length using a binocular with a camera (Olympus, U-TV0.5XC-3, Japan). At the
beginning and the end of the experiment, a short video (less than 10 seconds) of all G. pulex
individuals present in a replicate was taken. The video screenshots were extracted from the
videos with Elmedia Video Player (7.17, Elmedia Software). The body length of C. dipterum
was measured from the anterior margin of the mesothorax to the posterior end of the
abdominal segment. The body length of G. pulex was measured from the anterior margin of
the caput to the posterior end of the pleon (not including telson), along with the curved shape
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of the pereon (Figure S1). Each organism was observed under the microscope with a reference
object for scale. The program ImageJ (1.53, National Institute of Health, USA) was used for
image analysis and length measurements (SI Text S1).
After 28 days of exposure, all remaining organisms were washed with MillQ water for 30
seconds and stored at -20°C for further chemical analysis. The concentration of FPF was
measured in both the organisms and the water.

4

4.2.5 Chemical analysis
In the toxicokinetic experiment (section 4.2.3) and at the end of the chronic experiment
(section 4.2.4), the internal concentration of FPF was measured at each time point in each test.
The remaining organisms from the same jar were pooled for the measurement, which resulted
in 3 replicates for each concentration level. The methods were similar to those in (Huang et
al. 2021). In detail, for the analytical quantification of the concentrations, all samples were
taken out of the freezer, and the organisms were lyophilised for 1 day and weighted to obtain
the dry weight of the animals. 1 mL 1% acetic acid MeOH : Water (v : v = 5 : 1) extraction
solution and 25 µL internal standard (imidacloprid-d4, 200 µg/L) were added. Then the
samples were homogenized with a Minilys personal homogeniser (Bertin Instruments, France)
using a Precellys ceramic lysing kit (1.4/2.8 mm; Bertin Instruments, France) for 3 times 60 sec
at 3000 rpm using a 30 sec interval in between. After this, the sample was centrifuged at 10000
rpm for 10 minutes, and the supernatant was filtered over a PTFE syringe filter (pore size 0.45
μm) into a 2 mL injection vial. Filters were injected with 200 μL extraction solution again to
regain the chemical which may remain in the filter. This filtrate, in turn, was centrifuged and
filtered over a syringe filter (0.45 µm) as well. Afterwards, the two filtrates were combined,
and a final volume of 1.2 mL was collected, after which the sample was ready for analysis by
LC-MS/MS. The water samples were analysed directly, without an extraction step.
All samples were analysed by reversed-phase liquid chromatography-tandem mass
spectrometry (LC-MS/MS) using the protocol of imidacloprid, with small modifications (Huang
et al. 2021). The injection volume of the samples was set at 10 µL. The mobile phase used was
MeOH + 0.1% Formic acid (C) and Milli-Q water+ 0.1% Formic acid (D) with the following
multistep gradient: 0-1.5 min: 90/10 (C/D, v:v); 1.5-2.5 min: 90/10 (C/D, v:v) to 50/50 (C/D,
v:v); 8 min: 50/50 (C/D, v:v); 8-8.1 min: 50/50 (C/D, v:v) to 0/100 (C/D, v:v); 9 min: 0/100 (C/D,
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v:v); 9-9.1 min: 0/100 (C/D, v:v) to 90/10 (C/D, v:v); 9.1-12 min: 90/10 (C/D, v:v) at a flow rate
of 0.7 mL/min. The mass spectrometer was operated using an Agilent jet stream electrospray
ionization source (AJS-ESI) in positive mode. Nitrogen was used both as nebulizer and collision
gas, the capillary voltage was 5000 V, and the temperature of the ion source (TEM) was set at
300°C. The compounds were detected in the multiple reaction monitoring (MRM) using two
transitions per compound.
The MS/MS transitions of all compounds are provided in Table S1. Injected samples were
quantified by peak area using the calibration curve constructed from the calibration standards
included in the same sample sequence (Table S2 and Table S3). Agilent Masshunter software
(version 8.0) was used for instrument control and data acquisition. The extraction recoveries
of FPF in the organisms, evaluated at two concentrations (a low and a high concentration) by
spiking them into the clean organisms, were acceptable for all three species tested based on
recovery and repeatability (Table S4). The limit of quantification (LOQ) was calculated based
on the measurement of the analyst responses in the sample matrix corresponding to a signalto-noise ratio (S/N) of 10:1. Determination of the S/N was performed by comparing measured
signals from samples with known low concentrations of analyte with those of blank samples
and by establishing the minimum concentration at which the analyte can be reliably quantified
(Table S2 - S4). More information on the measurement is presented in Text S2.
4.2.6 Data analysis
4.2.6.1 Species Sensitivity Distribution (SSD)
We used the Ecotox database (www.epa.gov/ecotox) to collect acute toxicity data for IMI and
FPF of aquatic arthropods. A direct comparison between the IMI and the FPF toxicity was made
based on the mortality or immobility toxicity values of the same six benthic arthropod
invertebrate species (Table 4.1 and references therein). For this comparison, the toxicity
values for IMI and the FPF were obtained from the same study or the same research group.
Species sensitive distributions (SSD) were generated based on all currently available data. All
the criteria (test duration, etc.) for data selection were based on a previous study (Maltby et
al. 2005). To be specific, the taxa of interest were aquatic Arthropoda. The selected endpoints
were the median effect concentration (EC50) regarding immobility of animals or the median
lethal concentration (LC50) when the EC50 value was not available. Effect concentration (ECx)
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is a better indicator of toxicity than the lethal concentration (LC50) for IMI since most
organisms in short-term acute toxicity tests are only immobilized but not dead, but they will
die after prolonged exposure (Roessink et al. 2013, Raby et al. 2018). Only test results with a
duration between 1 to 7 d were included. A genus-specific geometric mean was used when
no specific species names were provided. For species with multiple entries in the database,
we first distinguished them by the duration of experiment and then by study group.
Specifically, If they were from the same study, but on different days, we only selected the last
day's value; if they were from different studies, we used the geometric mean of all values. The
SSDs based on these EC50 or LC50 values were fitted using a log-normal distribution using
maximum likelihood (Xu et al. 2015, EPA 2016). To be noted, the values for Daphnia were
excluded as both chemicals are not toxic to cladocerans (Morrissey et al. 2015, Li et al. 2021).
In summary, we had data for 6 species (including 3 species from our study) to generate the
acute SSD of FPF and 39 species for IMI. Furthermore, to compare the difference between the
Crustacea and Insecta, subphyllum-specific SSDs were calculated for IMI (see SI Text S3).
Table 4.1: Comparison of effect concentrations (in two units, µg/L and µmol/L) causing 50% mortality
(LC50) or immobility (EC50) of imidacloprid (IMI) and flupyradifurone (FPF)
Species

Class

Life
stage

Size/weight/
age

endpoin
t
category

IMI

IMI

FPF

FPF

(µmol/L)

(µg/L)

(µmol/L)

(µg/L)

Temperature
(°C)

Cloeon
dipterum

Insect

juveniles

5 mm big

EC50

3.9E-03

1b

0.1 a

42

18

Gammarus
pulex

Crustacean

juveniles

5 mm big

EC50

0.1

18 b

0.3a

94

18

Asellus
aquaticus

Crustacean

juveniles

5 mm big

EC50

0.5

119 b

0.5 a

137

18

Hyalella azteca

Crustacean

juveniles

2 - 10 days
old

LC50

0.9

230

0.1

26

25

(Bartlett et al.
2019a)

Chironomus
dilutus

Insect

larvae

6 -7 days old

LC50

2.7E-02

7

0.1

17

23

(Maloney et al.
2020)

Hexagenia spp.

Insect

larvae

5 - 8 mg
weight

EC50

3.9E-02

10

0.3

81

n.d

(Maloney et al.
2020)

Reference

(Roessink et al.
2013)
and present
study;

Note: a= Data from the present study, b= Data from the same group
n.d = not mentioned
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4.2.6.2 Lethal concentrations and effect concentrations
Lethal concentrations (LCx) and effect concentrations (ECx), were determined for each
observation time point by fitting the number of dead and affected organisms, respectively, to
a 4-parameter log-logistic model (LL.4) with the drc package (Ritz and Streibig 2005) in the
open-source software R version 4.1.0 (Ritz et al. 2015).
𝑓𝑓(𝑥𝑥) = 𝑐𝑐 +

𝑑𝑑−𝑐𝑐

1+𝑒𝑒𝑒𝑒𝑝𝑝 (𝑏𝑏(𝑙𝑙𝑙𝑙𝑙𝑙(𝑥𝑥)−log (𝑒𝑒)))

(Eq. 1)

With f(x) is the fraction of affected or dead organisms, b is the slope around LC50 or EC50 (which

is e), c denotes the control mortality, x is the water concentration, and d is the upper limit.
Mortality and immobility data fit the LL.4 model with the upper limit of 1 and are based on a
binomial distribution.
4.2.6.3 Food consumption
Dry mass (DM, mg) of leaves consumed by G. pulex per jar (𝐿𝐿𝑒𝑒 ) after two weeks was calculated

as:

𝐿𝐿𝑒𝑒 = 𝐿𝐿𝑖𝑖 − 𝐿𝐿𝑓𝑓 − 𝐿𝐿𝐿𝐿.

(Eq. 2)

Where 𝐿𝐿𝑖𝑖 and 𝐿𝐿𝑓𝑓 are the initial and final dry mass (mg) of leaves, and 𝐿𝐿𝐿𝐿 is the average dry

mass loss of the blank food treatment accounting for microbiological degradation.

To gain food consumption per organism, we divided the total amount of food consumed per
jar by the numeric mean of the remaining organisms at each observation time (Eq. 3). The
food consumption rate per organism (𝐹𝐹𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 ) after two weeks was calculated as:
𝐿𝐿

𝑒𝑒
𝐹𝐹𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 = 𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎𝑎 (𝑛𝑛1+𝑛𝑛2+⋯+𝑛𝑛𝑛𝑛)

(Eq. 3)

Where 𝑛𝑛 is the numeric mean of remaining organisms at each observation time, day 1, 4, 7, 9,
11 and 14 for the first two weeks and day 14, 16, 18, 21, 23, 25 and 28 for the last two weeks.
4.2.6.4 Calibration of TKTD models and predictions of survival
The GUTS TKTD framework has been described earlier (Jager et al. 2011, Jager et al. 2017,
Jager 2021). The GUTS models were calibrated using MATLAB (2021b), using the BYOM
modelling platform (www.debtox.info/byom.html). We used both the reduced and the full
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cases for the two death mechanisms (SD, IT). We started by fitting the reduced model (GUTSRED) to the acute survival data (section 4.2.2) alone. The use of GUTS-RED allows fitting a TKTD
model in the absence of information on body residues.
Also, the full model (GUTS-FULL) was used for fitting survival and body-residue data together;
more precisely acute survival data (section 4.2.2) and the internal concentration
measurements of toxicokinetic (section 4.2.3) were used. In addition, we compared the
toxicity predictions based on the calibrated GUTS-RED and GUTS-FULL models with our FPF
chronic test results to evaluate the possibility of extrapolating acute toxicity values to chronic
toxicity values using a TKTD model. For G. pulex, 28-day chronic data were used. As C. dipterum
emerged after 21 days, only the chronic survival data within 17 days was used for the
prediction. The Normalised Root Mean Square Error (NRMSE) was used in our study to
evaluate model performance (EFSA PPR Panel (Panel on Plant Protection Products and their
Residues) et al. 2018). A further description of the GUTS framework is provided in the
supporting information Text S4.
4.2.6.5 Statistical analysis
Significant differences between treatments and controls were assessed by using R (version
4.1.0). The assumptions of normality were evaluated with a Shapiro-Wilk test, and the
assumption of equal variance was assessed using a Spearman rank correlation between the
residuals and the dependent variable. If the assumptions of normality and equal variance were
passed, a one-way analysis of variance (ANOVA) with α=0.05 and a post-hoc Tukey's test was
conducted. If assumptions failed, a Kruskal-Wallis test, with α=0.05, and a post-hoc Dunn's
test were used.
4.3. Results and discussion
In both acute and chronic experiments, the water concentration of FPF was stable and within
20% deviation from the nominal concentration (Huang et al. 2022b). Thus, the nominal
concentrations have been used to describe the treatment levels in the following results and
discussions. However, in order to be more accurate and to be able to capture subtle
differences, the average measured water concentration was used in the TK and GUTS
modeling.
4.3.1 The accumulation, uptake and elimination of FPF
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4.3.1.1 The accumulation of FPF after 28 days of exposure
After a chronic 28-day experiment, we measured the internal concentration of FPF in the
remaining living organisms (Table 4.2). The bioconcentration factor (BCF) was calculated as
we expected that the bioconcentration process would reach a steady state after 28 days of
exposure because of the quick elimination time (t95) of FPF (Table 4.3). The concept of t95 is
the time that it would take the organism to eliminate 95% of the accumulated toxicant when
returned to clean water, which is equivalent to the time to reach the steady state (Ashauer et
al. 2010, Rubach et al. 2010). Because FPF is highly water-soluble, we estimated that the
contribution of food uptake to the accumulation of FPF was low (Nauen et al. 2015a); thus, no
accumulation via food intake was considered in the present study.
Overall, C. dipterum accumulated less FPF than G. pulex under the same exposure
concentration (Table 4.2). For C. dipterum, the BCF values were similar for the different
treatments (Table 4.2). However, for G. pulex, the BCF values decreased with increasing
concentration levels. Although we did not evaluate passive absorption in this study, the
adsorption of FPF on the surface of the Gammarus exoskeleton could explain this. A previous
study demonstrated that a certain amount of IMI accumulated on the surface of pre-killed
Gammarus (Huang et al. 2021). In addition, Dalhoff et al. (2020) distinguished the sorbed
fraction and the internalised fraction of cypermethrin for several aquatic species, including G.
pulex, and they found a significant fraction of the total measured body concentration to be
adsorbed to the surface of the organisms (Dalhoff et al. 2020).
Generally, FPF is not likely to bioconcentrate or bioaccumulate in aquatic organisms due to its
low log KOW value of 0.08 (Carleton 2014). Our low BCF value results, which were less than 3
L/kg for C. dipterum and 50 L/kg for G. pulex, were consistent with this statement (Table 4.2).
The metabolite of interest (6-CNA) was measured but not detected in this study. Based on
previous studies, 6-chloronicotinic acid (6-CNA) could be one of the biotransformation
metabolites of FPF, and it was observed in soil and rats (Bayer 2012). However, it was not
found in our study. To the best of our knowledge, no biotransformation of FPF has been found
in bee studies (Nauen et al. 2015a).
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Table 4.2: The bioconcentration factor (BCF) and internal concentration of flupyradifurone in two
species after 28 days of exposure.
Species

C. dipterum

G. pulex

exposure concentration

BCF

internal concentration (µg/kg)

(µg/L)

(L/kg)

(mean value ± sd, n=3)

1

0.71

0.71

± 0.44

3

2.26

6.79

± 1.46

10

1.47

14.7

± 7.11

0.3

49.5

14.9

± 2.32

1

35.4

35.4

± 6.71

3

19.2

57.5

± 2.07

10

7.56

75.6

± 6.75

4

4.3.1.2 Toxicokinetics of FPF and comparison with that of IMI
The 10 µg/L treatment of the acute toxicity test of each species was subsequently used for the
TK experiment. During the 2 days elimination period, no mortality occurred, and no eliminated
FPF was detected in the water at the end of the elimination period.
The first-order one-compartment toxicokinetic model was fitted for three species. The order
of the uptake rate from high to low was G. pulex, C. dipterum and A. aquaticus (Table 4.3). G.
pulex eliminated FPF as fast as C. dipterum, while A. aquatics eliminated the slowest (Table
4.3).
Comparing the toxicokinetics of IMI and FPF, the uptake rate of FPF was lower than the value
of IMI for all three species, while the elimination rate of FPF was faster in C. dipterum and G.
pulex and slower in A. aquaticus than IMI (Huang et al. 2021) (Table 4.3).
In addition, calculated uptake and elimination rates can be used to calculate BCF values as
well. In order to differentiate between BCF values based on measured concentrations and BCF
values based on rate constants calibrated by TK modeling, we call the latter one
bioconcentration factor kinetic (BCFk), which is calculated directly by dividing the uptake rate
by the elimination rate (Huang et al. 2021, Li et al. 2021). Comparing the BCF values based on
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body residue and water concentrations measured at the end of the chronic test (28 days) in
the 10 ug/L treatment (Table 4.2) with the BCFk (Table 4.3), the two values were very similar.
In other words, our results indicate that at 10ug/L, the accumulation of FPF has reached a
steady state after 28 days because the BCF was close to BCFk.
To our knowledge, no other toxicokinetic studies have been performed with FPF and aquatic
arthropods. However, previous pharmacokinetic studies of FPF (Haas et al. 2021) and IMI
(Zaworra et al. 2019) with bees revealed that, compared to IMI, FPF uptake was slower
through the honey bee cuticle over 24 h and eliminated faster. Their studies were similar to
our findings for C. dipterum and G. pulex, but not for A. aquaticus. The only difference between
A. aquaticus and the other two species was the elimination rate of FPF, which was slower than
IMI. This indicated that A. aquaticus might bind FPF stronger than IMI.
Moreover, FPF and IMI are chemically different; FPF contains the butenolide group, while IMI
contains the N-Nitro-guanidine group as the nAChR agonist (Jeschke et al. 2015a). The kinetic
differences between IMI and FPF could be caused by differences in their receptor binding
affinity. A previous bee study found that the binding affinity of FPF to honey bee nAChR
preparations was 6-times lower than IMI (Haas et al. 2021). In addition, Jeschke et al. (2015)
found that FPF reversibly binds and activates endogenous insect nAChRs (Jeschke et al. 2015a).
In contrast, the receptor binding of IMI, especially its toxic biotransformation product IMIolefin, has been reported to appear irreversible in invertebrates (Tennekes 2011, Huang et al.
2021).
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Table 4.3: Parameters of the first-order one-compartment toxicokinetic model for FPF and IMI in the
three tested species.

Species

C. dipterum

G. pulex

A. aquaticus

compound

FPF
IMI
FPF
IMI
FPF
IMI

a: t95 = −ln(1 − 0.95)/ke.

Parameter
ku(L·kgww-1·d-1)
ke(d-1)
ku
ke
ku
ke
ku
ke
ku
ke
ku
ke
ku
ke

value

95% CI

0.59
0.28
2.96
0.040
1.62
0.21
5.21
0.12
0.39
0.05
1.10
0.45

0.44 - 0.77
0.17 - 0.39
2.62 - 3.33
3.4·10-4 - 0.11
1.47 - 1.79
0.17 - 0.25
4.87 - 5.54
0.11 - 0.16
0.32 - 0.51
0.01 - 0.14
0.87 - 1.50
0.33 - 0.57

Elimination
time t95 a
(d)

BCFk

R2

references

(L/kg)
10.70

2.12

0.98

74.89

70.11

0.92

14.27

7.76

0.99

24.96

44.41

0.98

59.91

7.65

0.99

6.66

2.52

0.99

Present
study
(Huang et al.
2021)
Present
study
(Huang et al.
2021)
Present
study
(Huang et al.
2022g)

4.3.2 Acute toxicity of FPF
4.3.2.1 The lethal and sublethal acute effect of FPF
The species sensitivities based on 96h EC50 values were ranked from high to low as follows, C.
dipterum (42.4 µg/L), G. pulex (94.2 µg/L) and A. aquaticus (137 µg/L) (Table S7). Based on
these values, C. dipterum was 2 times more sensitive than G. pulex and 3 times more sensitive
than A. aquaticus. However, C. dipterum (117 µg/L) was equally sensitive to G. pulex (112 µg/L)
when based on 96h LC50 values. For A. aquaticus, the LC50 was higher than our highest
treatment concentration (1000 µg/L), making it at least 10 times less sensitive than the other
species (Table S7).
Among the three species evaluated in this study, the acute sensitivity of the three species to
FPF was ranked similarly to IMI, i.e., more toxic to mayflies than to crustaceans (Roessink et
al. 2013). However, the difference between the acute LC50 and EC50 values of FPF was different
from those observed for IMI (Huang et al. 2021). In Huang et al. (2021), the difference between
EC50 and LC50 values of IMI for C. dipterum increased over time, resulting in a 4-time difference
on day 4. In their study with G. pulex, the difference between LC50 and EC50 values decreased
over time but still exhibited a 7-time difference on day 4 (Huang et al. 2021). For FPF, these
differences between LC50 and EC50 were much smaller after 4 days (Table S7). For C. dipterum,
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the LC50 value was always 2 to 3 times higher than the EC50 value within the 4 days
experimental period, while for G. pulex, the LC50 value was 2 to 3 times higher than the EC50
value in the first 3 days and on day 4 a difference of a factor of 1.2 was observed (Table S7).
The closeness of LC and EC values may be related to the rapid elimination of FPF, or the lack
of active metabolites, resulting in no delay in the effect of FPF. See Section 4.3.3.1 for more
discussion.
4.3.2.2 Acute SSD
Among the selected species (Table 4.1), the toxic effect of FPF and IMI were similar among
crustaceans (G. pulex, A. aquaticus and H. azteca). Compared to IMI, FPF was less toxic to
insects (Table 4.1). We made the species sensitivity distribution (SSD) based on the acute
toxicity of 6 species for FPF and 39 species for IMI (Figure 4.1). The HC05 of FPF was 0.052
(0.025 - 0.14) µmol/L, while the value of IMI was 0.0014 (3.27e-04 - 0.06) µmol/L,
corresponding to 15 and 0.36 µg/L, respectively.
FPF was 37 times less acutely toxic to aquatic arthropods than IMI (Figure 4.1). To our
knowledge, the highest measured environmental concentration of FPF is 0.16 µg/L which was
recorded in a watershed of the Great Lakes basin, and the geometric mean in 6 watersheds
near cropland was 0.018 µg/L (Metcalfe et al. 2019). It was also detected in streams, with IMI
being detected in 33% of the samples, while FPF was detected in 13% of samples, with the
highest concentration of 0.11 µg/L (Sanford and Prosser 2020). Based on our SSD result and
current environmental monitoring results, we could conclude that FPF is safe to date for acute
exposure to aquatic arthropods. However, more toxicity assessments of FPF should be
performed to incorporate more aquatic arthropods into the SSD, as it currently only consists
of 6 data points, which is too limited as a minimum number of 13 taxa is recommended (Carr
and Belanger 2019). In addition, as more research encourages the inclusion of FPF in
environmental monitoring programs, we will have a better understanding of its environmental
concentrations in the future (Kandie et al. 2020, Sanford and Prosser 2020).
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Figure 4.1: Species sensitivity distributions for acute toxicity based on the results of laboratory single
species tests performed with 39 different aquatic invertebrate species for imidacloprid (red) and 6
species for flupyradifurone (blue). The dots are the experimental data, the solid lines are the fitted curve,
and the dash lines denote the corresponding 95% confidence interval.

4.3.3 Chronic toxicity of FPF
4.3.3.1 The lethal and sublethal chronic effect of FPF on C. dipterum and G. pulex
During the 28 days experiment, some emergence of C. dipterum was observed. The first
emergence occurred on day 14 in the control group, the second emergence occurred on day
17 in the control group, and the rest emergence happened in the last week (day 21-28). The
percentage of the emerged individuals was not different among treatments (Figure S11). A
further description and discussion on the emergence are provided in the supporting
information Text S5.
The effective concentrations for mortality and immobility calculated for the different sampling
dates of FPF for C. dipterum were close, and the value remained stable over time (Table S8).
This study found that the 28d EC10 and EC50 values were 7.5 µg/L and 9.1 µg/L, respectively
(Table S8). In a previous study, the 28d EC10 and EC50 of IMI for C. dipterum were 0.03 µg/L and
0.1 µg/L, respectively, with the toxicity decreasing from a 96h EC50 of 1.0 µg/L to a 28d EC50 of
0.1 µg/L (Roessink et al. 2013). Hence, compared to IMI, the chronic toxicity of FPF was much
lower than that of IMI and did not increase over time as observed for IMI.
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For G. pulex, control mortality was 23% at the end of the experiment and 12% on day 21. A
discussion of the control mortality is provided in the supporting information (Text S6). The
effective concentrations of FPF for mortality and immobility of G. pulex were close, and these
values decreased over time (Table S8). The 28d EC10 and EC50 values were 2.9 µg/L and 10.6
µg/L, respectively (Table S8). The chronic toxicity of FPF to G. pulex was similar to that of IMI
as the 28d EC10 and EC50 of IMI to G. pulex were 3.0 (1.2 – 7.6) µg/L and 15.4 (9.80 – 24.1) µg/L,
respectively (Roessink et al. 2013), while the molar mass of FPF is only 13% higher than that
of IMI.
The large discrepancy between EC and LC values is a remarkable feature of the toxicity of IMI
(Roessink et al. 2013). IMI resulted in immobilisation, but the organisms remain alive for quite
some time, also known as delayed effects due to cumulative toxicity (Maloney et al. 2017, Li
et al. 2021). This delay in mortality of IMI was attributed to the production of a bioactive
metabolite over time (Huang et al. 2021). In the present study, this difference between EC and
LC values was not significant for FPF, at least for the two tested species, G. pulex and C.
dipterum. This might be explained by the lack of production of the active metabolite, as we
detected none in the internal concentration measurements (section 4.3.1).
4.3.3.2 The food consumption inhibition of FPF on G. pulex
We observed the inhibition of FPF on the food consumption for G. pulex, especially after two
weeks (Figure 4.2). During the first two weeks, none of the treatments significantly inhibited
the food consumption compared to the control group (Figure 4.2 A). During the latter two
weeks, the 1 and 3 µg/L treatments significantly inhibited (P < 0.05) the food consumption
compared with the control group (Figure 4.2 B). This 28d NOEC of 0.3 µg/L based on food
consumption inhibition is a factor of 10 lower than the 28d EC10 based on immobilisation (2.9
µg/L) (Table S8; Figure 4.2).
Again, since data on the effects of FPF on the food consumption of aquatic species was not
available, we compared our results with a honey bee study (Tosi et al. 2021). In their study,
Tosi and co-workers provided the first evidence that FPF reduces the food consumption of
bees after chronic exposures of 20 days. Furthermore, they found that the inhibition of food
consumption caused by FPF became more pronounced over time, even at lower doses (Tosi
et al. 2021). We had the same observation in our study that food consumption inhibition only
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became significant after 2-4 weeks of exposure (Figure 4.2). This can be explained by the low
uptake rate and fast elimination of FPF (data shown in Section 4.3.1.2), so it takes longer to
exert the effects at low concentrations.
We found two studies (Nyman et al. 2013, Agatz et al. 2014) that studied the effects of IMI on
the food consumption of G. pulex. They found that the feeding rate of G. pulex was
significantly reduced after continuous exposure to 30 µg/L IMI for 4 days (Agatz et al. 2014)
and 15 µg/L IMI for 14 days (Nyman et al. 2013). However, in their study, the feeding rate was
calculated by either the number of disappeared leaves (Nyman et al. 2013) or the fresh weight
of G. pulex (Agatz et al. 2014), whereas our study used the decrease in dry weight of leaves
per individual as a measure. These differences in approaches make the results difficult to
compare in order to assess whether the food consumption inhibition effect of FPF is higher
than that of IMI.
Nevertheless, our findings suggest that an inhibitory effect of FPF on G. pulex food
consumption (NOEC was 0.3 µg/L) may occur at the same order of magnitude as the currently
measured maximum environmental concentration of FPF (0.16 µg/L) (Metcalfe et al. 2019).
Our findings indicate that FPF could disturb the ecosystem process of leaf litter breakdown via
changes in the shredding activity of G. pulex.

Figure 4.2: Food consumption per G. pulex individual for the first two weeks (A) and the latter two
weeks (B) in the different treatments (mean ± sd, n = 5 in control, and n = 3 in the treatments).
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4.3.4 The calibration and the prediction of the TKTD for FPF
After calibration on acute data, we used the resulting GUTS-FULL and GUTS-RED models to
predict the observed chronic survival for each species. The SD model fitted the acute data
better than the IT model both for GUTS-FULL and GUTS-RED, indicated by lower AIC and loglikelihood values (Table S6).
Model predictions of both the GUTS-FULL and GUTS-RED models matched the observed
chronic effects not so well for C. dipterum, despite NRMSE values being relatively low at 20%
for the GUTS-FULL-SD and 19% for the GUTS-RED-SD. On visual examination, predictions of
the full and the reduced model underestimated the onset of chronic toxicity to a certain extent
(Figure 4.3 B, Figure S5B). For G. pulex, the chronic toxicity predictions matched better with
the observations with NRMSE values of 17% for GUTS-FULL-SD and 15% for GUTS-RED-SD
(Figure 4.4 B, Figure S6B). Surprisingly, the GUTS-RED predicted the chronic toxicity better
than the GUTS-FULL model for G. pulex, predominantly visible in the better fit for the 10 µg/L
treatment (Figure S6, B5). The fact that the GUTS-RED predicted the chronic toxicity better
than the GUTS-FULL model for G. pulex is surprising at first look; however, it could give an
indication that measured internal concentrations were not an ideal predictor of the
concentrations at target sites. Here, the additional information included in measured and
modelled internal concentrations did not increase the predictive capacity, which is also seen
in the lower NRMSE values for the reduced models (Table S6).
In general, GUTS modeling could predict the mortality of G. pulex under chronic exposure
reasonably well based on acute effect data, while for C. dipterum the prediction was possible
only with limited accuracy. The IT models underestimated the observed effects under chronic
exposure for both tested species (Figure S7-S10).
To the best of our knowledge, only one other study has explored the calibration and validation
of the GUTS model for the toxicity of FPF to aquatic invertebrates (Gergs et al. 2021). They
performed the calibration and validation of the GUTS-RED for three compounds, imidacloprid,
thiacloprid, and flupyradifurone with Chironomus riparius, and they found that the validation
of FPF was better than that of the other two compounds. This finding indicates that the chronic
effect of FPF on C. riparius could be predicted based on the mechanisms exerted in the acute
study (Gergs et al. 2021). Our calibration and prediction result of G. pulex was in line with their
study.
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In addition, a similar calibration and prediction study has been performed for IMI with C.
dipterum and G. pulex (Huang et al. 2021). In their study, a GUTS-FULL model was calibrated
by using 4 days acute toxicity test data plus a toxicokinetic test, and they compared the
experimental 28 days EC50 values (Roessink et al. 2013) with predictions based on the GUTSFULL model. They found that the predicted chronic toxicity value was higher than the
experimental results, which could be explained by the fact that the slower eliminated active
biotransformation metabolite, IMI-ole, was not included in the model prediction. Our results
of FPF indicate that before performing GUTS modeling to extrapolate acute toxicity data to
chronic toxicity, it should be investigated whether a bioactive metabolite is present.
It should be noted again that the emergence of C. dipterum was not included in the GUTS
model. A more detailed model, such as a dynamic energy budget model (DEB), which includes
the life cycle and energy allocation of organisms, could be used to further investigate FPF
effects on sublethal endpoints like growth, reproduction, and emergence (Sherborne and
Galic 2020).

Figure 4.3: The calibration (A) and prediction (B) of GUTS-FULL-SD for flupyradifurone (FPF) toxicity to
C. dipterum. From left to right, panel A shows the survival fraction in the acute study (A1) and the
toxicokinetics of FPF (A2). The dots, dashed lines, and dotted lines represent measured values, fitted
values and confidence intervals, respectively. From left to right, panels B show the prediction of chronic
survival data in the 0, 0.1, 0.3, 1, 3, 10 and 30 µg/L treatments, respectively. The dots represent the
survival data from chronic test; bars represent Wilson score confidence intervals. The line and the green
area represent the prediction and the 95 % confidence interval from the GUTS-FULL prediction,
respectively.
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Figure 4.4: The calibration (A) and prediction (B) of the GUTS-FULL-SD model of FPF toxicity to G. pulex.
From left to right, panel A shows the survival fraction in the acute study (A1) and the toxicokinetics of
FPF (A2). The dots, dashed lines, and dotted lines represent measured values, fitted values and
confidence intervals, respectively. From left to right, panels B show the prediction of chronic survival
data in the 0, 0.3, 1, 3, 10 and 30 µg/L treatments, respectively. The dots represent the survival data
from chronic tests; bars represent Wilson score confidence intervals. The line and the green area
represent the prediction and the confidence interval from the full-GUTS prediction, respectively.
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4.4. Conclusions
We assessed the acute and chronic toxicity of FPF to aquatic arthropod species and compared
it with the toxicity of IMI. We found that, compared to IMI, C. dipterum and G. pulex show a
slower uptake and faster elimination rates for FPF. FPF was less acutely toxic than IMI based
on the HC05 values. The chronic 28d EC50 and EC10 values of FPF were higher or similar to those
of IMI. However, FPF inhibited the food consumption of G. pulex at a concentration of the
same order of magnitude as the current environmental realistic concentration (NOEC = 0.3
µg/L). More environmental monitoring studies of FPF should be performed to know the
environmental concentration of FPF better. Overall, chronic effects of FPF on aquatic
arthropod species seem to be predicted better than those of IMI, at least for the tested species.

Support Information
The support information of this chapter can be downloaded from:
https://www.sciencedirect.com/science/article/pii/S014765132200817X#sec0140
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CHAPTER 5.

The eﬀect of temperature on toxicokinetics and the
chronic toxicity of insecticides toward Gammarus pulex.
Anna Huang and Annika Mangold-Döring, Huitong Guan, Marie-Claire Boerwinkel, Dick
Belgers, Andreas Focks, Paul J. Van den Brink

Graphical abstract: A graphic diagram of the experimental design and the results. Diagram
created with BioRender (www.biorender.com).
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Abstract
A comprehensive understanding of chemical toxicity and temperature interaction is essential
to improve ecological risk assessment under climate change. However, there is only limited
knowledge about the effect of temperature on the toxicity of chemicals. To fill this knowledge
gap and to improve our mechanistic understanding of the influence of temperature, the
current study explored toxicokinetics and the chronic toxicity effects of two insecticides,
imidacloprid (IMI) and flupyradifurone (FPF), on Gammarus pulex at different temperatures
(7 – 24 °C). In the toxicokinetics tests, organisms were exposed to IMI or FPF for 2 days and
then transferred to clean water for 3 days of elimination at 7, 18, or 24 °C. In the chronic tests,
organisms were exposed to the individual insecticides for 28 days at 7, 11, or 15 °C. Our
research found that temperature impacted the toxicokinetics and the chronic toxicity of both
IMI and FPF, while the extent of such impact differed for each insecticide. For IMI, the uptake
rate and biotransformation rate increased with temperature, and mortality and food
consumption inhibition was enhanced by temperature. While for FPF, the elimination rate
increased with temperature at a higher rate than the increasing uptake rate, resulting in a
smaller pronounced effect of temperature on mortality compared to IMI. In addition, the
adverse effects of the insecticides on sublethal endpoints (food consumption and dry weight)
were exacerbated by elevated temperatures. Our results highlight the importance of including
temperature in the ecological risk assessment of insecticides in light of global climate change.

This chapter is based on the paper: Huang, A., Mangold-Döring, A., Guan, H., Boerwinkel,
M.C., Belgers, D., Focks, A. and Van den Brink, P.J., 2022. The effect of temperature on
toxicokinetics and the chronic toxicity of insecticides towards Gammarus pulex. Science of
The Total Environment, p.158886. https://doi.org/10.1016/j.scitotenv.2022.158886
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5.1. Introduction
There is growing awareness that climate change may affect the toxicity of many chemicals to
aquatic organisms (Noyes and Lema 2015, Polazzo et al. 2022). Thus, the influence of
temperature needs to be incorporated into the ecological risk assessment (ERA) of chemicals
(Noyes and Lema 2015, Van den Brink et al. 2018). In protocolised toxicity studies, researchers
are required to use a set temperature in both acute and chronic tests (e.g., between 18 and
22 °C for Daphnia (OECD 2004, 2012), which can underestimate or overestimate the effects of
chemicals for realistic temperature scenarios. Therefore, studying a range of temperatures,
including low and high temperatures, is critical to understanding the interactive effect of
temperature on chemicals (Hooper et al. 2013, Moe et al. 2013).
The key to understanding chemical toxicity is comprehending its toxicokinetics inside the
organism. Toxicokinetic (TK) processes are the chemical uptake into the organism, its
biotransformation inside the organism, and finally, the elimination of the chemical out of the
organism. The temperature can influence these kinetic processes by speeding up the
underlying physiological mechanisms (i.e., increased respiration due to higher oxygen demand
at higher temperatures) (Pörtner 2010). However, only limited knowledge exists on the
influence of temperature on TK processes of imidacloprid (IMI) (Camp and Buchwalter 2016),
while this has not been studied to our knowledge for flupyradifurone (FPF).
In addition, current ecotoxicity studies are mainly conducted over a short period (4 to 7 days)
and focus on lethal effects (Schuijt et al. 2021). For example, it was previously shown that the
acute lethal effects of IMI on several aquatic arthropods were higher at higher temperatures
(Camp and Buchwalter 2016). However, the life-history traits of organisms, such as feeding
rate, growth, and reproduction, may be influenced by temperature as well and also govern
the population dynamics (Vellinger et al. 2012, Macaulay et al. 2019, Tran et al. 2020). Hence,
the impact of temperature on the long-term effects of chemicals on lethal and non-lethal
endpoints needs further investigation.
The present study uses IMI and FPF because of their high water solubility and environmental
persistence (Morrissey et al. 2015, Sanford and Prosser 2020). IMI is one of the most used
insecticides worldwide (Macaulay et al. 2020). However, the European Union completely
banned IMI for outdoor use in 2018 after studies showed its toxicity towards bees and its

101

5

CHAPTER 5

consequences on bee populations globally (Carrington 2018). IMI is well known for its delayed
or cumulative adverse effect caused by generating a bioactive metabolite, imidacloprid olefin
(IMI-ole) (Huang et al. 2021). The new butenolide pesticide FPF is considered a safer
alternative to IMI (Giorio et al. 2017b). However, several studies have found that FPF showed
acute toxic effects on aquatic species (Bartlett et al. 2018, 2019a, Maloney et al. 2020), though
at lower concentrations than IMI. Current knowledge of the biotransformation FPF suggests
that it has no or less toxic metabolites (Jeschke et al. 2015a).
Gammarus pulex belongs to the family of amphipod crustaceans and is one of the most
common and essential invertebrate species in streams of Northern Europe (Cold and Forbes
2004). As a detritivore, it plays a vital role in the degradation of leaf litter in aquatic systems
(Olivier Dangles et al. 2004). A previous study has found that IMI could inhibit the feeding rate
of G. pulex (Agatz et al. 2014). Moreover, G. pulex is a frequently used aquatic species in
toxicity studies since it is sensitive to temperature and chemicals (Sutcliffe et al. 1981,
Vellinger et al. 2012, Agatz and Brown 2014).
The objective of this study was to explore the influence of temperature on the effect of the
two insecticides on G. pulex. As temperature influences on the TK may change the actual
internal exposure to the chemical and, therefore, indirectly affect the apparent chemical's
toxicity to the organism, we conducted both a systematic evaluation of the temperature
influences on TK and toxicity. The choice of temperature ranges was based on the thermal
windows of G. pulex (Maazouzi et al. 2011, Moenickes et al. 2011) and the yearly field
temperature of the site where we collected the organisms (ranging from 7 to 24 °C, depending
on exposure time). We hypothesised that temperature would enhance the effect of
insecticides on both lethal and sublethal endpoints (immobility, food consumption, growth,
fresh weight, dry weight, and water content).
5.2. Materials and methods
5.2.1 Chemicals and test organisms
Imidacloprid (IMI; CAS: 138261-41-3), its bioactive metabolite imidacloprid-olefin (IMI-ole;
CAS: 115086-54-9), flupyradifurone (FPF; CAS: 951659-40-8) and its metabolite 6chloronicotinic acid (6-CNA; CAS: 5326-23-8) were obtained from Sigma Aldrich. Stock
solutions of IMI and FPF were dissolved into MiliQ water. Imidacloprid-d4 (IMI-d4; CAS:
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1015855-75-0) was used as an internal standard during the analytical measurements of any
organism samples. Stock solutions of IMI-d4 (200 µg · mL-1) were dissolved into 2 % acetone
(v:v) to ensure that the compound was fully dissolved.
Gammarus pulex was collected from an uncontaminated brook, the Heelsumse brook
(coordinates 51.973400, 5.748697) in July (for TK experiments) and December (for chronic
experiments of IMI and FPF) of 2020. This brook is groundwater-fed and cool in summer. That
brook's yearly water temperature range is from 4 °C to 17 °C based on personal observation.
The experimental temperatures 7, 11, 15, 18, and 24 °C are within the thermal tolerance of
the organism, as G. pulex has a temperature optimum of 10-20 °C and an upper thermal limit
of 27 - 33 °C (Sutcliffe et al. 1981, Maazouzi et al. 2011, Moenickes et al. 2011). The lower
temperature limit is unknown to us, but temperatures of 7 °C or below are possible in streams
in the Netherlands and should thus be within the organism's thermal tolerance.
5.2.2 Toxicokinetic (TK) experiments
Juvenile organisms with an average length of 6.87 mm (sd: 0.96 mm) were brought to the
laboratory, counted, and separated into three groups. After 12 h acclimatization to the
laboratory conditions at catchment temperature (14 °C) and a 12:12 h light:dark cycle, the
individual water bath compartments were adjusted to 7, 18, and 24 °C at a rate of 0.5 °C per
hour. The organisms were kept at these experimental temperatures for another minimum of
24 h. During the whole acclimatization procedure, the organisms were fed with Populus leaves
ad libitum.
During the experiment, a replicate system consisted of ten individuals in a 1.5 L glass jar filled
with 1 L groundwater retrieved from the Sinderhoeve experimental station (the Netherlands;
www.sinderhoeve.org). We placed a piece of metal mesh in each jar as a substrate for the
organisms to increase the surface area on which they can sit on or attach to, aiming to prevent
cannibalistic behavior. During the uptake phase, the organisms were exposed to either
17.62 (sd: 0.49) µg · L-1 IMI or 18.24 (sd: 1.00) µg · L-1 FPF. The exposure concentrations were
0.1 times the 50 % effective concentration after 2 days of exposure (48h, EC50) of G .pulex for
IMI and FPF, respectively (Huang et al. 2021, Huang et al. 2022a).
Internal concentrations were measured after 6, 24, and 48 h in the uptake phase and after 72,
96, and 120 h in the elimination phase. After 48 h, all remaining organisms were transferred

103

5

CHAPTER 5

to new jars with uncontaminated groundwater for the elimination phase. At each time point,
three exposed replicates were sampled destructively. Organisms’ survival was monitored
throughout the whole experiment. At each time point, the respective jars were removed from
the water bath, the organisms were washed with demineralized water, quickly dried on a
paper towel, weighed to get the fresh weight, and frozen at -20 °C before further analysis of
the internal concentration of the chemicals in the organisms.
5.2.3 Toxicokinetic (TK) modelling
Considering the generation of metabolites, different TK model types were used for IMI and
FPF. As no metabolites were measured in the organisms samples exposed to FPF, a simple
one-compartment first-order TK model was calibrated on the measured internal
concentrations for each temperature (Supplementary data Text S1, Table S1, eq. 1). For the
exposures to IMI, no metabolite was detected at 7 °C, so this data set was also calibrated to
a simple one-compartment model. During the elimination phase in the experiments
conducted at 18 and 24°C, IMI-ole was detected. Thus, these results were calibrated to a
one-compartment TK model with metabolite, considering the biotransformation of IMI into
IMI-olefin (Supplementary data Text S1, Table S1, eq. S2-3).
All model calibrations were performed in the software Matlab (2020b), starting from scripts
available

within

the

Bring

Your

Own

Model

(BYOM)

modeling

platform

(www.debtox.info/byom.html, Version 5.2). Matlab scripts that were used can be
downloaded

from

GitHub

(https://github.com/NikaGoldring/Toxicokinetic-models-for-

pesticides-in-Gammarus-pulex). The model parameters (Supplementary data Text S1, Table
S1) and their confidence intervals were estimated based on the optimization algorithm
provided in the BYOM platform, applying the likelihood region method.
5.2.4 Chronic experiments
Chronic experiments of 28 days were performed with G. pulex. After field collection, healthy
juvenile individuals (without parasite seen as an orange dot on the back) with similar lengths
(around 5 mm) were randomly selected and put into three buckets with a mixture of field
water and pre-aerated groundwater from the Sinderhoeve experimental station (the
Netherlands; www.sinderhoeve.org). G. pulex was acclimatized in three water bath sections
at field temperature (11 °C) for two days. Afterward, the temperature in each section was
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gradually increased or decreased to the experimental temperatures at a rate of 0.5 °C per hour.
The intended temperatures were 7 ± 1 °C, 11 ± 1 °C and 15 ± 1 °C. After each section reached
its experimental temperatures, G. pulex was acclimatized for at least two days. During the
acclimation period, organisms were fed leached Populus leaves ad libitum. A light:dark regime
of 12:12 hours was used.
Experiments were performed with three replicates per treatment level and five replicates for
controls. At the start of the experiment, each replicate consisted of 11 individuals added to 1
L groundwater, after which a volume was dosed to reach a concentration of 0, 0.3, 1, 3, 10 or
30 µg · L-1 for both IMI and FPF. Gentle aeration was provided in the test systems. Immobility
and mortality were monitored every 2 to 3 days during the experiment based on a method
described in Roessink et al. (2013) (Roessink et al. 2013). Individuals were scored as immobile
when no movement of any kind, except for the heart, was observed for a period of 20 s and
were scored as dead when no response of any kind was observed during 3 to 5 s of gentle
stimulation using a Pasteur’s capillary pipette. Dead organisms were removed from the test
vessels. Water samples were taken every week to measure the exposure concentrations of
the analytes (section 2.5).
The food consumption of G. pulex was measured every two weeks in this study. The pretreated (i.e., leached in water before use) Populus leaves were cut into circles with the same
surface area (3.2 cm radius) using a cork borer and dried at 60 °C for at least 48 h (McGrath et
al. 2007). Two pieces of dry leaf discs were provided for every replicate. The dry weight of the
leaves of each replicate was recorded before adding them into the system. The dry leaves
were added to each replicate 3 days before the organisms and the chemical to allow the leaves
to soak in the water. The leaves in the test jars were changed every two weeks together with
the refreshment of the system. The weight of the remaining leaves was recorded after drying
at 60°C in the oven for at least 48 h. Two jars with only stainless-steel mesh and conditioned
Populus leaves, and no G. pulex, were installed to estimate the microbial degradation of the
leaves. The food consumption of each replicate was calculated as the difference between the
initial leaf's weight and the remaining leaf's weight after the loss was corrected for microbial
degradation (Eq. 1 and Eq. 2).
Dry mass (DM, mg) of leaves consumed by G. pulex per jar (𝐿𝐿𝑒𝑒 ) after two weeks was calculated

as:
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(Eq. 1)

𝐿𝐿𝑒𝑒 = 𝐿𝐿𝑖𝑖 − 𝐿𝐿𝑓𝑓 − 𝐿𝐿𝐿𝐿.

Where 𝐿𝐿𝑖𝑖 and 𝐿𝐿𝑓𝑓 are the initial and final dry mass (mg) of leaves, 𝐿𝐿𝐿𝐿 is the average dry mass

loss of the control group accounting for microbiological degradation.

To obtain the food consumption per organism, we divided the total amount of food consumed
per jar by the numeric mean of the remaining organisms at each observation time (Eq. 2). The
food consumption per organism (𝐹𝐹𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 ) after two weeks was calculated as:
𝐹𝐹𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 =

𝐿𝐿𝑒𝑒
∑(𝑛𝑛1 +𝑛𝑛2 +𝑛𝑛3 +𝑛𝑛4 +𝑛𝑛5 +𝑛𝑛6 )
6

(Eq. 2)

Where n is the number of remaining organisms at each observation time (1-6), observed on
days 1, 4, 7, 9, 11, and 14 in the first two weeks and on days 16, 18, 21, 23, 25, and 28 for the
last two weeks. To obtain the food consumption F per individual per day, we divided Ftotal by
the two weeks period (Eq. 3).
𝐹𝐹 =

𝐹𝐹𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡
14

(Eq.3)

The internal concentration, fresh weight, dry weight, and water content of the remaining
organisms were measured at the end of the experiment (28 d). For fresh weight, individuals
from the same jar were dabbed dry and weighed on a microbalance (0.1 mg). Then the
samples were frozen for 12 h at -20 °C and freeze-dried for ≥24 h, after which dry weight was
measured. The water content of the organisms from the same jar was calculated by the
difference between the fresh and dry weights. The internal concentration measurement is
described in section 2.5.
The physicochemical water parameters, dissolved oxygen, pH, electrical conductivity, and
temperature were measured only in the control and the highest treatment at the beginning
and end of the test. The results are provided in the raw data of water quality parameters in
Mendeley data (Huang et al. 2022c).
5.2.5 Chemical analyses
Groundwater and surface water have been analysed by LC/MS-MS to confirm the absence of
all the tested analytes. The light in the experiment did not contain ultraviolet light to prevent
the photodegradation of FPF and IMI which was confirmed by the analytical measurement
with LC/MS-MS.
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All water and organism samples were analysed by reversed-phase liquid chromatographytandem mass spectrometry (LC-MS/MS) based on the measurement of IMI as described by
(Huang et al. 2021). The analyses were performed on an Agilent 1260 Infinity liquid
chromatography coupled with a 6460 Triple quad mass spectrometer (Agilent Technologies,
USA). Separations were carried out on an Agilent Eclipse Plus C18 column (4.6 × 150 mm, 5 µm)
at 40 °C. The injection volume of the samples was set at 10 µL. The mobile phase used was
MeOH + 0.1 % Formic acid (C) and Milli-Q water+ 0.1 % Formic acid (D) with the following
multistep gradient: 0-1.5 min: 90/10 (C/D, v:v); 1.5-2.5 min: 90/10 (C/D, v:v) to 50/50 (C/D,
v:v); 8 min: 50/50 (C/D, v:v); 8-8.1 min: 50/50 (C/D, v:v) to 0/100 (C/D, v:v); 9 min: 0/100 (C/D,
v:v); 9-9.1 min: 0/100 (C/D, v:v) to 90/10 (C/D, v:v); 9.1-12 min: 90/10 (C/D, v:v) at a flow rate
of 0.7 mL · min-1. The mass spectrometer was operated using an Agilent jet stream
electrospray ionization source in positive mode. Nitrogen was used both as nebulizer and
collision gas, the capillary voltage was 5000 V, and the temperature of the ion source was set
at 300 °C. The compounds were detected in the multiple reaction monitoring using two
transitions per compound. The MS/MS transitions of all compounds are provided in
Supplementary data in Text S2, Table S4.
Injected samples were quantified by peak area using the calibration curve constructed from
the calibration standards included in the same sample sequence. Agilent Masshunter software
(version 8.0) was used for instrument control and data acquisition. The extraction recovery of
FPF and IMI in the organisms, evaluated at two concentrations by spiking them into the clean
organisms, were acceptable based on recovery and repeatability (for further information on
analysis methods and recovery results, see Supplementary data Text S2, Table S4-S7).
5.2.6 Data analysis
5.2.6.1 Data analysis for sublethal endpoints
Sublethal endpoints, such as food consumption and dry weight, were compared among
concentration levels and temperatures. The assumption of normally distributed data was
evaluated using the Shapiro-Wilk test, while the assumption of equal variance was assessed
using a Spearman rank correlation between the residuals and the dependent variable. Data
were expressed as mean ± standard deviation. A two-factor analysis of variance (ANOVA) was
used to analyse the main effects of temperature and concentration and to detect an
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interaction between these two variables. The Tukey procedure was used to compare
individual means, and a p-value of <0.05 was considered statistically significant. Post-hoc
pairwise comparisons of significant interactions were made using Tukey contrasts with the
TukeyHSD function in the package of “agricolae” in R (version 4.0.5).
5.2.6.2 Data analysis for mortality and immobility
The mortality and immobility observed during the IMI or FPF exposure period were analysed
using generalized linear mixed models (GLMMs) with a binomial error structure (dead vs. alive
and immobile vs. alive and mobile) and logistic regression function. Temperature and
concentration were fixed factors, the exposure time was the covariate variable, and the jar
number

was

the

random

factor.

In

addition,

three

types

of

interactions,

temperature:concentration, temperature:time, and concentration:time, were included. The
interaction of temperature:concentration:time was not significant in any case; thus, it was not
included in the GLMM. ꭙ2 and p-values of each factor or interaction in generalized regressions
were calculated with the ‘car’ package (Fox 2019) in open-source software R version 4.0.5 (Ritz
et al. 2015).
In addition, the statistical analysis of NOEC at each temperature was based on the OECD
guideline (OECD 2006). The dose-response relationship for lethal (mortality) and sublethal
endpoint (immobility) of IMI and FPF at each temperature was fitted using the log-logistic
regression, using GenStat (15th edition, Laws Agricultural Trust; VSN International) (Roessink
et al. 2013).
5.3. Results and discussions
5.3.1. Toxicokinetics of IMI and FPF at different temperatures
All raw data of this study can be obtained from our Mendeley Data (Huang et al. 2022c). The
measured internal concentrations of IMI and FPF in G. pulex showed a steep increase within
the uptake phase (i.e., up to day 2) and decreased during the elimination phase (Figure 5.1).
The internal concentration of IMI on day 2 was lowest in the 7 °C treatment (with an average
concentration across replicates of 62 µg · kg-1, compared to 89 µg · kg-1 at 18 °C) and highest
in the 24 °C treatment (with 100 µg · kg-1), suggesting an increased uptake with increasing
temperature. The opposite trend was observed for FPF, however, with a smaller effect size,
as average concentrations were of the same order of magnitude across temperatures, with
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46 µg · kg-1at 7 °C, 42 µg · kg-1at 18 °C, and 40 µg · kg-1 at 24 °C. Additionally, the replicated
measurements for the internal concentration of FPF at 7 °C showed a larger variation
compared to the values measured at the other temperatures (Figure 5.1, B1, black triangles).
The final internal concentration on day 5 (end of the elimination phase) did not differ much
among temperatures for IMI (57 µg · kg-1 at 7 °C, 64 µg · kg-1 at 18 °C, and 59 µg · kg-1 at 24 °C).
In contrast, it was lowest in the 24 °C treatment for FPF (with 15 µg · kg-1, compared to
30 µg · kg-1 at 7 and 18 °C). From this, we observe that both compounds' elimination increased
with increasing temperature.
The model calibration for each dataset separately (Figure 5.1) resulted in three parameter sets,
one for each temperature (Supplementary data Text S1, Table S2-3). These parameters reflect
the same pattern previously described by increasing uptake and elimination rate constants
with increasing temperature for IMI and FPF. However, the temperature influence was
different between parameters (i.e., for IMI, a 2 fold-difference for ku and a 3.6 fold-difference
for ke) and between the two insecticides (with only a 1.3 fold-difference for ku and a 3.1 folddifference of ke for FPF).
For IMI, increased uptake with increasing temperature was previously reported within a range
of aquatic invertebrates(Camp and Buchwalter 2016). However, no elimination kinetics was
evaluated in their study, leaving limited grounds for concluding statements about
temperature's effect on the bioconcentration of IMI. In our study, the calibrated parameters
could be used to calculate the kinetic bioconcentration factor (BCFkin) by BCFkin = ku/ke for each
temperature. For both insecticides, the BCFkin decreased with increasing temperature.
However, the BCFkin for FPF at the lowest and the medium temperature was practically the
same with 11.2 L·kg-1 at 7 °C and 11.0 L·kg-1 at 18 °C, while there was a more linear decrease
observed for IMI (Supplementary data Text S1, Figure S1).
Another difference between the two insecticides concerns the presence of biotransformation
products. No metabolite was detected in the organisms exposed to FPF at any temperature,
whereas the metabolite IMI-olefin was detected during the elimination period of the
exposures to IMI at 18 and 24 °C (Figure 5.2). The metabolite formation rate km increased from
0.023 L · kg-1 · d-1 at 18 °C to 0.051 L · kg-1 · d-1 at 24 °C. The metabolite elimination rate also
increased with increasing temperature from 0.686 L · kg-1 · d-1 at 18 °C to 0.865 L · kg-1 · d-1 at
24 °C.
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Interestingly, no metabolites were found in the organisms after the 28-day exposure of the
chronic toxicity study at any concentration or temperature. For this, we see two possible
explanations i) the metabolites are further degraded and thus not measured after 28 days, or
ii) the metabolites are not produced at the temperatures used in the chronic experiments (i.e.,
15 °C). With regards to the first consideration, to our knowledge, no studies have measured
the internal concentrations of long-term exposure to IMI in aquatic species. A previous study
found that IMI was biotransformed into IMI-ole in G. pulex (Huang et al. 2021). However, this
study performed an acute (short time, i.e., 6 days) exposure. IMI-ole can be further
biotransformed to 6-CNA in G. pulex (Huang et al. 2022g). In addition, IMI can be
biotransformed to some intermediates which were not checked for in our LC-MS/MS analysis
(Suchail. et al. 2001, Fusetto et al. 2017). In line with the second consideration, the
temperature may influence biotransformation. While IMI-ole was detected in the TK
experiments conducted at 18 and 24 °C, the highest temperature in our chronic study was
15 °C. We speculate that 15°C might inhibit or delay the biotransformation process of IMI.
Nevertheless, we did not measure the internal concentration over time during the chronic
exposure experiment. Thus, we are limited in interpreting the internal concentration
measured at the end of the 28 days exposure.
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Figure 5.1: Internal concentrations and toxicokinetic models of imidacloprid (IMI) and flupyradifurone
(FPF) at different temperatures in Gammarus pulex. Black dots for IMI (A1-A3) and triangles for FPF
(B1-B3) are measured internal concentrations in µg · kg-1 at 7, 18, and 24 °C, respectively. Solid lines
are the TK model fits with lower and upper confidence intervals (dotted lines). The grey vertical line
represents the transition timepoint from the uptake to the elimination phase for each temperature and
chemical.

Figure 5.2: Internal concentration and toxicokinetic model of imidacloprid-olefin (IMI-ole) at different
temperatures in Gammarus pulex. Empty green and red circles are measured internal concentrations
of IMI-ole in µg · kg-1 at 18, and 24 °C, respectively. Solid lines are the TK model fits with lower and
upper confidence intervals (dotted lines).
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5.3.2. Lethal effects of IMI and FPF at different temperatures
5.3.2.1 The chronic results after 28 days
In all chronic experiments, the water concentration of FPF and IMI was stable and within 20 %
deviation with nominal concentration. Thus, the nominal concentration was used in reporting
the result below.
The control mortality at each temperature was less than 20 %, and higher in higher
temperatures (Figure 5.3). For the mortality caused by IMI, temperature, concentration, time,
the interaction between temperature and concentration, and the interaction between
concentration and time explain a significant part of the variation in the data (Table 5.1). The
NOEC values for mortality and immobility were the same at each temperature; the values
were 10 µg · L-1, 0.3 µg · L-1 and <0.3 µg · L-1, for 7 °C, 11 °C and 15 °C, respectively (Table 5.2).
The LC10 and LC50 values were also presented in Table 5.2, which decreased with temperature.
Regarding FPF, no significant influence of temperature on the lethal effects was detected by
the GLMM model (Table 5.1). However, the LC10 and LC50 values decreased with temperature
(Table 5.2). Similar to IMI, for FPF, the NOEC values for mortality and immobility were the
same at each temperature; the values were 10 µg · L-1, 3 µg · L-1 and 1 µg · L-1, for 7 °C, 11 °C,
and 15 °C, respectively (Table 5.2). Compared to previous studies which conducted chronic
tests of IMI (Roessink et al. 2013) and FPF at 18 °C (Huang et al. 2022a), the LC50 values at 18 °C
were similar to our results at 15 °C in this study. To be specific, the LC50 of IMI was 33.8 (20.9
– 54.6) µg/L, and the EC50 of IMI was 15.4 (9.80 – 24.1) µg/L at 18 °C (Roessink et al. 2013); the
LC50 of FPF was 10.6 (2.4 – 18.8), the EC50 of FPF was 10.6 (4.5 – 16.6) µg/L at 18 °C (Huang et
al. 2022a).
Besides, based on the values of NOEC, LC10, and LC50 values at each temperature, the observed
enhancement of the lethal effects through temperature increase was higher for IMI than for
FPF. This finding is consistent with our internal concentration results after 28 days, as we
found higher internal concentrations of IMI at higher temperatures (Supplementary data Text
S3, Figure S3). An additional factor for the higher toxicity of IMI could lay in its increased
biotransformation into the toxic metabolite IMI-ole. Although no IMI-ole was detected at the
end of the chronic experiment, we cannot exclude its presence during the course of the
experiment.
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Our findings are in line with several studies which conducted acute tests. Previous studies
have revealed that increased temperature increases the lethal effects of IMI on several aquatic
species. For example, higher temperature decreased the time to immobility for
Isonychia bicolor (Camp and Buchwalter 2016), and elevated toxicity of imidacloprid was
found

under

the

influence

of

increasing

temperature

for

Coloburiscus humeralis (Coloburiscidae) and Deleatidium spp (Macaulay et al. 2019).
Insecticides are not the only group of chemicals impacted by temperature. The toxic effects
of other organic chemicals (Freitas et al. 2019), metals (Bednarska et al. 2017, Haque et al.
2020), and nano plastics (Sulukan et al. 2022) were enhanced by temperature. Together with
many other studies, the temperature-enhanced toxicity observed in the present study
emphasizes the need to consider this abiotic factor in toxicity testing, a growing concern in
light of global climate change (Heye et al. 2019).
Table 5.1: Generalized linear mixed models (GLMMs) of imidacloprid (IMI) and flupyradifurone (FPF)
for mortality and immobility. Effects: tem = temperature, conc = concentration.
Chemical
Effect

IMI

FPF

mortality

immobility

mortality

immobility

ꭙ2

Df

P

ꭙ2

Df

P

ꭙ2

Df

P

ꭙ2

Df

P

tem

10.72

2

4.70E-03

18.90

2

7.86E-05

3.36

2

0.19

3.51

2

0.17

conc

23.47

5

2.74E-04

38.58

5

2.88E-07

15.92

5

7.09E-03

21.30

5

7.10E-04

day

15.32

1

9.09E-05

9.82

1

1.72E-03

25.37

1

4.74E-07

27.81

1

1.34E-07

tem : conc

29.28

10

1.12E-03

33.50

10

2.25E-04

16.96

10

0.08

18.46

10

0.048

tem : day

0.86

2

0.65

15.78

2

3.75E-04

1.79

2

0.41

1.04

2

0.60

conc : day

16.36

5

5.88E-03

8.32

5

0.14

11.86

5

0.04

8.84

5

0.12
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Table 5.2: Toxicity endpoints for imidacloprid (IMI) and flupyradifurone (FPF) at each temperature after
28 days of exposure. Lethal concentrations (LC10 and LC50), effect concentrations(EC10 and EC50) with
their 95% confidence interval, and the NOEC values obtained for the endpoints mortality, immobility.
Temp = temperature in °C and toxicity endpoints in µg · L-1.
chemical

IMI

FPF

Temp

LC10

LC50

7

9.8 (*)

163.2 (*)

11

1.5 (0.5 – 4.5)

24.3 (12.0 – 49.5)

15

0.1 (0.02 – 3.0)

30.1 (5.2 – 174.2)

7

10.3 (4.6 – 22.9)

33.7 (21.8 – 52.1)

11

5.5 (2.6 – 11.7)

18.7 (13.4 – 26.2)

15

5.1 (2.2 – 12.1)

16.3 (11.2 – 23.8)

EC10

EC50

7.8 (1.8 – 34.4)

93.2

(13.3

–

(11.0

–

(4.0

–

(21.3

–

(12.2

–

(11.8

–

650.1)
20.1

1.5 (0.5 -4.3)

36.8)
34.5

0.03 (0.0-3.2)

294.9)
10.2

(4.7

–

31.4

21.9)

46.3)

5.4 (2.6 – 10.9)

16.9
23.3)

5.9 (2.8 – 12.3)

15.9
22.5)

Mor-

Immo-

tality

bility

10

10

0.3

0.3

<0.3

<0.3

10

10

3

3

1

1

Figure 5.3: The mortality under imidacloprid (IMI, A) and flupyradifurone (FPF, B) exposure over time
at 7, 11, and 15 °C. Tiles 1 to 6 represent the control group (0 µg · L-1) and the treatments (0.3, 1, 3,
10, 30 µg · L-1), respectively. Plotted are means + s.d. with n= 5 for control groups and n =3 for
treatment groups. tem = temperature in °C.

114

THE EFFECT OF TEMPERATURE ON TOXICOKINETICS AND THE CHRONIC TOXICITY OF INSECTICIDES
TOWARD GAMMARUS PULEX

5.3.2.2 The temporal patterns of chronic toxicity
In addition, we also found differences in the temporal toxicity patterns between IMI and FPF.
In general, the effects of IMI increased after 14 days of exposure, while the effects of FPF
remained almost unchanged (Figure 5.3). Specifically, for IMI, we found that the difference
between temperatures becomes more significant over time (Figure 5.3). For example, at all
three temperatures, the effect of 1 µg · L-1 IMI was below 20 % on day 23 and reached nearly
30 % on day 28 at 15 °C, while the other temperatures remained below 20 % (Figure 5.3, A3).
In the 30 µg · L-1 IMI treatment (Figure 5.3, A6), the mortality on day 14 at 7 °C, 11 °C, and
15 °C was 9 %, 18 %, and 24 %, respectively. However, these values increased to 21 %, 42 %,
and 60 % on day 28, respectively.
To the best of our knowledge, only a few studies investigated the influence of temperature on
toxicity in a chronic toxicity test (Macaulay et al. 2021). Macaulay et al. (2021) presented clear
time-accumulative toxicity of IMI, which first affected mayfly's mobility after 12 days but
eventually caused a strong effect (i.e., impairment) at the end of 36 days of exposure, and the
heatwave increased the toxicity of IMI.
Our TK results on biotransformation can explain the observed difference in the temporal
toxicity pattern between IMI and FPF. For IMI, the biotransformation rate was higher at higher
temperatures, resulting in the formation of the toxic metabolite, IMI-ole. Thus, two
compounds, the toxic parent compound IMI and its metabolite IMI-ole, which is less toxic but
has a slower elimination rate (Huang et al. 2021), affected the organisms. This combined
exposure resulted in an accumulating effect over time, also accelerating with increasing
temperature. Since, for FPF, no toxic metabolites were detected, there was no such effect
(Huang et al. 2022a). Our results indicated that it is essential to consider biotransformation in
temperature assessment for toxicity testing, as also indicated in a recent study (Cerveny et al.
2021). In their study, they discovered that the water temperature affects the
biotransformation and accumulation of a psychoactive pharmaceutical, temazepam, and its
metabolite in aquatic organisms. They further found that the influence of temperature on
accumulation and biotransformation was different in different species (Cerveny et al. 2021).
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In conclusion, we observed that temperature enhanced the lethal effects of IMI and FPF,
where the enhancement extent was greater for IMI than for FPF, and the influence of
temperature on IMI became more significant with time due to its biotransformation.
5.3.3. Sublethal effects of IMI and FPF at different temperatures
5.3.3.1 The food consumption inhibition
Higher temperatures increased food consumption while IMI and FPF decreased it (Figure 5.4).
Furthermore, higher temperatures exacerbated the food consumption inhibition of IMI and
FPF (Figure 5.4). For IMI, in the first two weeks, at 15 °C, the food consumption at 1 µg · L-1
was significantly lower than in the control group, while it was 3 µg · L-1 at 11 °C, and there was
no significant difference among concentrations at 7°C (Figure 5.4, A1). However, in the late
two weeks, only 30 µg · L-1 IMI significantly inhibited food consumption compared to the
control at 15 °C (Figure 5.4, A2). For FPF, the food inhibition was less than for IMI. Only
30 µg · L-1 significantly inhibited food consumption compared to the control at 15 °C, and only
in the first two weeks (Figure 5.4, B1 and B2).
Feeding activity is a sensitive sublethal indicator at the individual level, impairing higher levels
such as population, community, or ecosystem (Rinderhagen et al. 2000). The detritivorous
activity of G. pulex is vital to aquatic systems (Olivier Dangles et al. 2004). The effects of
temperature (Nilsson 1974) and pesticides have been explored separately in previous studies.
Inhibition of food consumption by IMI and FPF has been found (Nyman et al. 2013, Agatz et
al. 2014, Huang et al. 2022a). It was observed that the feeding rate of G. pulex was significantly
reduced after continuous exposure to 30 µg · L-1 IMI for 4 days and 15 µg · L-1 IMI for 14 days
at 13 °C (Nyman et al. 2013, Agatz et al. 2014). FPF inhibited the food consumption of G. pulex
at concentrations higher than 0.3 µg · L-1 after 28 days of exposure at 18 °C (Huang et al.
2022a). Overall, our study showed the effect of temperature and IMI and FPF on food
consumption and indicated that the interactive effect is higher for IMI than for FPF.
To the best of our knowledge, only a few studies have explored the interactive effects of
temperature and chemicals on food consumption. In a recent study by Theys et al. (2020), the
food consumption of another freshwater isopod, Asellus aquaticus, was measured under
exposure to the pesticide chlorpyrifos, combined with increased mean temperature and in the
presence or absence of daily temperature fluctuations (DTF) (Theys et al. 2020). They found
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that organisms’ food consumption decreased when exposed to chlorpyrifos and DTF
simultaneously.
5.3.3.2 The influence of temperatures and chemicals on body weight of G. pulex
The dry weight results of G. pulex were consistent with the food consumption result (see
section 5.3.3.1; Figure 5.4 and Figure 5.5). Higher temperature enhanced food consumption
and increased the weight of organisms, whereas IMI and FPF exposure inhibited food
consumption and decreased weight. The food consumption inhibition by FPF exposure in the
last two weeks was not significant, which is consistent with the fresh weight results
(Supplementary data Text S3, Figure S4 A and B). The water content increased with chemical
treatment and temperature (Supplementary data Text S3, Figure S4 C and D). These results
could be related to the physical characteristic of G. pulex as a previous study found that the
water content of G. pulex was higher under higher temperature conditions (Maazouzi et al.
2011). They explained that the chitin exoskeleton fixes the body volume of crustaceans, and
the lost tissue mass, used as a metabolic fuel, must be replaced with water to maintain the
same body volume (Maazouzi et al. 2011). In line with their findings, we also did not find size
differences between treatments at each temperature (Supplementary data Text S4).
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Figure 5.4: Food consumption rates per individual and day under imidacloprid (IMI, A) and
flupyradifurone (FPF, B) exposure in the first two weeks (1) and the last two weeks (2). Different letters
indicate significant differences between clones and treatments, using TukeyHSD (P < 0.05). conc =
concentrations in µg · L-1, temperature in °C.

Figure 5.5: Dry weight result under imidacloprid (IMI, A) and flupyradifurone (FPF, B) exposure.
Different letters indicate significant differences between clones and treatments, using TukeyHSD
(P < 0.05). conc = concentrations in µg · L-1, temperature in °C.
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5.4. Conclusion
We assessed the effect of temperature on the toxicokinetics and the chronic toxicity of IMI
and FPF towards G. pulex. For both IMI and FPF, the uptake and elimination rate constants
increased with temperature but in different magnitudes. In addition, temperature increased
the biotransformation rate of IMI and thus accelerated the generation of the toxic metabolite
IMI-ole. Furthermore, we found that higher temperatures increased the toxicity of IMI and
FPF over time, where the increase was higher for IMI than for FPF. In addition, the adverse
effects of insecticides on sublethal endpoints (i.e., food consumption and dry weight) were
exacerbated by elevated temperatures. Overall, our results provided more evidence and
understanding of the interaction between increasing temperatures and chemicals' lethal and
sublethal effects. Our study indicated the importance of integrating temperature into future
toxicity and risk assessments in light of global climate change.

Support Information
The support information of this chapter can be downloaded from:
https://www.sciencedirect.com/science/article/pii/S004896972205985X#s0110
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Abstract
Temperature is an essential factor for aquatic life, influencing the metabolism and behaviours
of organisms as well as the fate of various chemicals. Many previous studies have found that
the acute lethal toxicity of chemicals increases with temperature. However, the impact of
temperature on chronic effects regarding both lethal and sublethal endpoints is rarely studied.
Thus, more studies are needed to understand the impact of temperature on toxic effects to
conduct better risk assessments of chemicals, especially in light of climate change. In this study,
experimental data were applied to a dynamic energy budget (DEB) model to understand the
sublethal and lethal mechanisms of toxic effects of pesticides at different temperatures. Firstly,
individual growth experiments of Gammarus pulex were performed to explore the influence
of temperature on the lethal and sublethal effects of temperature, resulting in the DEB-size
model. However, lethal endpoints could not be integrated into this model due to the low and
indifferent mortality in all treatment levels. Thus, experimental data from previous studies
were collected to increase our understanding of the effect of temperature on the lethal effects
of long term exposure, and this data was used for DEB-survival modelling. We have applied
the DEB models to data on the lethal and sublethal effects of imidacloprid and flupyradifurone
at different temperatures. Our results showed that for both insecticides, the dominant rate
(kd) and threshold value (zs) tend to decrease with increasing temperature for both lethal and
sublethal effects, while the effect strength (bs) and background mortality (hb) tend to increase
with increasing temperature. DEB models revealed that temperature influences both the
kinetic of chemicals and the intrinsic sensitivity of organisms. This present study deepens the
understanding of the mechanism of temperature on pesticide toxicity, which can be used for
future risk assessment when the temperature is integrated.

122

USING A DYNAMIC ENERGY BUDGET (DEB) MODEL TO ANALYZE THE SUBLETHAL AND LETHAL
EFFECTS OF INSECTICIDES AT DIFFERENT TEMPERATURES

6.1. Introduction
Temperature is an important factor in biological processes, affecting growth, feeding and
reproduction, especially for aquatic ectothermic species. Furthermore, temperature changes
the behaviour of chemicals, such as their fate and bioavailability in the environment (Harwood
et al. 2009, Camp and Buchwalter 2016). Lately, climate change has increased the concerns
and awareness that temperature may enhance the toxicity of many pollutants to aquatic
organisms (Noyes and Lema 2015, Polazzo et al. 2022). The call for integrating temperature
into the conventional ecology risk assessment (ERA) has been increasing in recent publications
(Wiles et al. 2020, Macaulay et al. 2021).
The effect of temperature on the toxicity of chemical substances can be divided into the
effects on the kinetics of chemicals and the effect on the intrinsic sensitivity of organisms.
Temperature affects the uptake of chemicals, and therefore (apparent) toxicity could be
changed (Harwood et al. 2009). In addition, temperature may affect the intrinsic sensitivity of
organisms by altering certain genes or enzymes (Hofmann and Todgham 2010). To separate
these processes, toxicokinetic-toxicodynamic (TKTD) models (Jager et al. 2011) are needed,
which can also benefit ecotoxicology and risk assessment (Jager et al. 2006). Toxicokinetics
(TK) and toxicodynamics (TD) are concepts that explain the patterns of toxic effects on
organisms over time by simulating the underlying processes (Ashauer et al. 2011a).
The TK part of the model describes the fate of a chemical from the surrounding environment
to the internal body and may consist of uptake, absorption, excretion, and biotransformation
(what the organism does with the chemical) (Kretschmann et al. 2011), depending on the
complexity of the model used. Previous studies have found that temperature increases
toxicokinetics (i.e., uptake and elimination) (Harwood et al. 2009, Dai et al. 2021).
The TD part describes the processes of how the toxic action at the target site propagates to
effects on the individual organism (what the chemical does to the organism) (Ashauer et al.
2011a). The general unified threshold model of survival (GUTS) has been recognized as a
suitable TKTD model to extrapolate lethality in laboratory tests to predict the effects resulting
from realistic, time-variable exposure profiles (EFSA PPR Panel (Panel on Plant Protection
Products and their Residues) et al. 2018). (Ashauer et al. 2011a, Jager et al. 2011). Besides
mortality, insecticides may also affect sublethal endpoints, such as feeding rate (Nyman et al.
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2013), growth, reproduction, and emergence (De França et al. 2017) and these processes are
also likely to be temperature dependent. Thus, there is a clear need for models which can
perform the same extrapolation for sublethal effects, i.e. models that translate a time-variable
exposure concentrations to predicted effects on growth, development, and reproduction over
time (Sherborne and Galic 2020). In addition, studies on the effect of temperature on TD, such
as the intrinsic sensitivity (i.e. threshold and killing rate or effect strength) of tested organisms
at different temperature regimes, are limited (Heugens et al. 2003).Two studies were found
in literature, that have explored the influence of temperature on the toxicity of chemicals by
using a mechanistic effect modelling approach (Heugens et al. 2003, Gergs et al. 2019).
Heugens et al. (2003) performed an accumulation and acute cadmium toxicity test with D.
magna at different temperatures, and they found that temperature influences both the
kinetics of the compound and the intrinsic sensitivity of organisms. Increasing temperature
lowered the threshold and increased the killing rate and the uptake rate of the metal (Heugens
et al. 2003). The other study tested the acute toxicity of D. magna to chlorpyrifos at different
temperatures, and they found that the threshold was not changed by temperature, and the
killing rate was increased by temperature (Gergs et al. 2019). Both studies only focused on
lethal endpoints (Heugens et al. 2003, Gergs et al. 2019).
To consider the effect on the sublethal endpoints, Dynamic Energy Budgets (DEB) models can
be used. The theory of DEB provides a general framework for the metabolic organization and
specifies the rules for the acquisition and use of energy of individual organisms over their
entire life cycle, i.e., how organisms acquire and use resources for maintenance, growth,
development and reproduction (Baas et al. 2010, Jager et al. 2015). The DEB model describes
these processes with several specific parameters for each species. These parameter values are
gathered in the Add-my-pet database, which is freely accessible and contains the physical
characteristics

of

more

than

2000

species

(http://www.bio.vu.nl/thb/deb/deblab/add_my_pet/index.html). DEB models can identify
where energy allocation has changed due to a stressor, affecting life cycle parameters like
growth and/or reproduction – the physiological mode of action (pMoA) and the magnitude of
the effect. The five commonly pMoA used in ecotoxicology are a decrease in assimilation, an
increase in the costs for maintenance, growth or reproduction, and a direct hazard to the
embryo (Jager and Zimmer 2012, Ashauer and Jager 2018). DEB models have been used
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successfully in several ecotoxicological studies (Jager 2020, Sherborne and Galic 2020).
However, the DEB model has often been applied for Daphnia magna, which is a fast
reproducing, small lab-cultured species, while the application for other macroinvertebrate
species which grow slower and have a longer life-cycle, such as Gammarus pluex, a common
field aquatic crustaceans in Europe (Cold and Forbes 2004), is few. Only two studies were
found that have explored the influence of temperature on Gammaurs pulex’ growth
(Moenickes et al. 2011).
In the present study, the research goal was to explore which parameters in the DEB model,
regarding both lethal and sublethal effects, will be influenced by temperature. The
experimental and modelling efforts focused on the effects of temperature and two
insecticides on mortality and growth inhibition, as it was impossible to experimentally
evaluate the effects on reproduction. We hypothesize that temperature will increase both the
lethal and sublethal effects of insecticides, which could be explained by the DEB model for
both toxicokinetic processes and intrinsic sensitivity.
6.2. Methods
6.2.1 Experimental setup
For the lethal endpoints, the 28 days toxicity data of the chronic experiment performed with
two chemicals at three temperatures were derived from a previous study (Huang et al. 2022b).
For the sublethal endpoints, a 90 days growth test was conducted which is described in the
present paper.
6.2.1.1 Choice of chemicals, organisms and temperatures
Imidacloprid (IMI) and flupyradifurone (FPF) are widely used insecticides and have been
detected in the aquatic environment widely due to their chemical characteristics, i.e., high
solubility in water, low volatility and high DT50 values in water and soils (Bayer 2012, Nauen
et al. 2015a, Pietrzak et al. 2020). The measured environmental concentration of IMI ranges
from 0.002 to around 60 µg/L (Morrissey et al. 2015, Hladik et al. 2018), and the measured
environmental concentration of FPF is up to 0.1 µg/L (Sanford and Prosser 2020).
We used Gammarus pulex in the present study, which belongs to the family of amphipod
crustaceans and is one of the most common and essential invertebrate species in streams of
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Northern Europe (Cold and Forbes 2004). Its diet is composed of a detritivorous basis, and it
plays a vital role in the degradation of leaf litter in aquatic systems (Olivier Dangles et al. 2004).
A previous study has found that IMI inhibits the feeding rate of G. pulex (Agatz et al. 2014).
Moreover, G. pulex is a frequently used aquatic species since it is sensitive to temperature and
pesticides (Sutcliffe et al. 1981, Vellinger et al. 2012, Agatz and Brown 2014).
6.2.1.2 Experimental design
The chronic 28 days toxicity data at 7, 11, and 15 °C originates from a previous study (Huang
et al. 2022d). Briefly, during a 28 days experiment, G. pulex was exposed to 0, 0.3, 1, 3, 10, 30
µg/L of IMI or FPF at a temperature of 7, 11 or 15 °C. Enough food and aeration were provided.
The mortality of the organisms was measured every two or three days. The chronic 28 days
data at 18 °C of IMI was derived from (Roessink et al. 2013) at which G. pulex was exposed to
0, 1, 3, 10, 30, and 100 µg/L. The chronic 28 days data at 18 °C of FPF was derived from (Huang
et al. 2022a), who exposed G. pulex to 0, 0.3, 1, 3, 10, and 30 µg/L of FPF. Enough food and
aeration were provided. 11 individuals were present in each jar.
The temperature range from 7 to 18 °C was selected since G. pulex would suffer from
temperature stress when it exceeds 20 °C (Moenickes et al. 2011).
The chronic 90 days experiment was performed at two temperatures, 11 and 15 °C. A single
G. pulex individual was added to a 100 mL jar which contains 0.01, 0.1 and 0.3 µg/L IMI or FPF.
A piece of conditioned Populus leave (Ø 17 mm) was provided in each jar as food.
All experiments met the quality requirements, being: (1) the mortality in the control group
was less than 20%; and (2) the measured water concentration was within 80% - 120% of the
nominal water concentration. A summary of these data is provided in Table S1.
6.2.2 DEB model calibration
We used the BYOM MATLAB package (available at debtox.info/byom.html) to fit the model
parameters to the experimental data. We used two classes of DEB models, the DEB-size and
DEB-survival model, which only fit either the size or survival data, respectively, for each
temperature. The DEB standard framework is described in detail in Jager (2018) and Jager et
al. (2013). However, a summary of the current application is provided in the supporting
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information. The supporting information also contains the full derivation of the model in
compound parameters. The symbols used are explained in Table S2.
The measured average water concentrations in the experiments were used as parameter
values of Cw in the models.
6.2.2.1 DEB-size model
In the DEB-size model, only the size results from the 90 days experiment test were used to
calibrate the model parameters (Table S2). In detail, the control data was first fitted to
estimate the growth rate (rB) of G. pulex. Then, rB was fixed to this estimate and the treatment
data were fitted to estimate the parameters of kd (dominate rate), zb (the threshold for
sublethal effects) and bb (effect strength for sublethal effects).
The mode of action on feeding, assimilation or growth was tested by switching the stress
options. Our models were modified based on DEBtox2019 (Version 4.5b, 2022) from the
BYOM platform (https://www.debtox.info/debtoxm.html). Specifically, the modification was
to exclude reproduction and survival, as we did not measure reproduction, and no significant
mortality relative to the controls occur at all treatment levels. The mode of action with the
smallest Akaike information criterion (AIC) value was selected.
6.2.2.2 DEB-survival model
The DEB-survival model, was similar to those above, but only the survival results from the 28
days experiment test were used to calibrate the model parameters (Table S2). In detail, the
control and the treatment data were fitted together to estimate the hb (background mortality),
kd (dominate rate), zs (the threshold for lethal effect) and bs (effect strength for lethal effect)
parameters (Table 6.1).
For both DEB-size and DEB-survival models, the Normalized Root Mean Square Error (NRMSE)
was used in our study to evaluate model performance (EFSA PPR Panel (Panel on Plant
Protection Products and their Residues) et al. 2018).
For the parameter estimates boundary conditions are required as input for the model. With
the standard setting (Jager 2019) it was not possible to get plausible parameter values as
estimates tended to go to either 0 or infinity. Therefore the lower boundary for zs was set to
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the lowest experimental concentration that showed no significant effect when compared to
the control group. For more discussion, see supporting information Text S2.
6.2.3 Data analysis
Significant differences in sublethal endpoints, e.g., the size among treatments at each
temperature and each time point, and the fresh weight of males and females at each
temperature at the end of the experiment, were assessed. The assumptions of normality were
evaluated using a Shapiro-Wilk test, and the assumption of equal variance was evaluated using
a Spearman rank correlation between the residuals and the dependent variable. If the
assumptions of normality and equal variance were passed, a one-way analysis of variance
(ANOVA) with α=0.05 and a post-hoc Tukey's test was conducted. If assumptions failed, a
Kruskal-Wallis test, with α=0.05, and a post-hoc Dunn's test were used. A two-tailed p-value
(p < 0.05) was considered to be statistically significant. A Bonferroni correction approach was
adopted when multiple comparisons were made.
Table 6.1: The overview of parameters
Model

Parameter

Definition

DEB-size

Lm

maximum body length (mm)

rB

von B growth rate constant (1/d)

kd

dominant rate constant (1/d)

zb

no-effect threshold energy budget (µg/L)

bb

effect strength energy budget (L/µg)

hb

background hazard rate (1/d)

kd

dominant rate constant (1/d)

zs

no-effect threshold survival (µg/L)

bs

effect strength survival (L/µg)

DEB-survival
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6.3. Results and discussion
6.3.1 DEB-size model for IMI and FPF
Overall, the mortality in all treatments was less than 20% at the end of the 90 days test, while
G. pulex kept growing during the test (Figure S1 and Figure S2). After 90 days of the experiment,
in the control group of 15 °C, the organisms grew from 4.6 (± 0.3) mm to 8.3 (± 0.7) mm; while
for the 11 °C control group, the organisms grew from 4.4 (± 0.4) mm to 7.0 (± 1.0) mm (Figure
6.1). We only fitted the growth data in DEB-size models since no significant mortality could be
captured.
6.3.1.1 The growth of G. pulex in the control group at different temperatures
We fitted the control size results of 11 and 15 °C, and the growth difference in different
temperatures was clear (Figure 6.1). Our result showed that G. pulex grew faster at higher
temperatures (Figure 6.1). These results are consistent with other studies (Welton and Clarke
1980, Sutcliffe et al. 1981, Moenickes et al. 2011), which also found that G. pulex grew faster
at higher temperatures. We did not find the sex-related difference in growth (Figures S1 and
S2) and the fresh weight after 90 days (Figures S3 and S4). Sutcliffe et al. (1981), however,
showed that male G. pulex grows faster than females. It could be due to the limited
experimental duration of our study, not being long enough to show the difference. For
example, in Sutcliffe et al. (1981), the sex difference was not shown until 100 days.

Figure 6.1: The growth of G. pulex in the control group at different temperatures. Solid lines
represented the fitting, and dash lines represented the 95% confidence interval of estimated fittings..
The dots represented the experimental data (n = 20).

129

6

CHAPTER 6

6.3.1.2 The growth of G. pulex with chemicals at different temperatures
In the present study, we calibrated the DEB-size model successfully based on the NRMSE
values (Table S2 and Table 6.2). However, the chemical-induced reduction in growth was not
significant, especially between the control, 0.01 µg/L and 0.1 µg/L treatments (Table 6.2),
which resulted in a wide confidence interval of the effect strength parameter (bb) in both
types of model (Table S2). Overall, the chemical effects on growth were not significant
compared to the control, even in the highest exposure concentration (Table S2).
Another limitation of the present study was that the maximum length was not obtained within
our experiment period. At the end of the test, the average size at 15 °C was only 8.3 ± 0.7 mm.
Although we could take the maximum length of 13.8 mm from add my pet database
(http://www.bio.vu.nl/thb/deb/deblab/add_my_pet/index.html), we selected 20 mm as the
maximum length based on two reasons. The first reason was based on the lab observation
(data was not shown); the maximum length of G. pulex from the same pond was around 20
mm. The second reason was based on a previous study, which modelled the length of G. pulex
at different temperatures and used 20 mm as the maximum length (Moenickes et al. 2011).
The observed effects on growth at different treatments were rather small, and basically, only
a limited effect was observed at the highest concentration. The fitting of the model to the
experimental data resulted in wide confidence intervals in the parameter values. Therefore,
we cautiously conclude (based on a set maximum length and small effects at the highest
concentration) that there is no substantial effect of the chemical on growth.
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Figure 6.2: The calibration of DEB-size type 2 models of G. pulex with IMI at 15 °C (A) and 11 °C (B) and
with FPF at 15 °C (C) and 11 °C (D). The dots represented the experimental data (n = 20 for control, n=15
for treatment). The dots represent the measured size data from the experiment; bars represent Wilson
score confidence intervals. The line and the green area represent the calibration and the 95 %
confidence interval of the calibration, respectively.

6.3.2 DEB-survival model of IMI and FPF for each temperature
In the present study, results showed that temperature impacted the kinetics of the chemicals
(kd) and the intrinsic sensitivity of organisms (zs, bs and hb) (Figure 6.3 and Figure 6.4). For
both IMI and FPF, the hb increase with temperature; the kd decreased with temperature,
especially for IMI; the bs increased with temperature, especially for IMI; the zs decreased with
temperature, especially for FPF (Figure 6.3 and Figure 6.4). Our results are consistent with a
previous study with D. magna (Heugens et al. 2003). They performed an accumulation and
acute Cadmium toxicity test at different temperatures and found that temperature influences
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both the kinetics of chemicals and the intrinsic sensitivity of organisms (Heugens et al. 2003).
The discussion of each parameter (kd, zs, bs and hb) is presented below.
A previous study explored the kinetic process (uptake rate constant and elimination rate
constant) of IMI and FPF with G. pulex at 7 °C, 18°C and 24 °C, and found that both uptake and
elimination rate constant increased with temperature (Huang et al. 2022d), which resulted in
a decrease of kinetic Bioaccumulation factor (BCFk) with temperature. In our study, kd is a
“lumped” parameter, which is supposed to incorporate the most dominant processes of
chemical elimination and damage recovery (EFSA PPR Panel (Panel on Plant Protection
Products and their Residues) et al. 2018, Brock et al. 2021). The decreasing pattern of kd of
IMI with temperature indicates that the damage recovery decreases with temperature since
the elimination rate constant increases with temperature based on that previous study (Huang
et al. 2022d). The damage recovery decreases with temperature, indicating the potential delay
effect since slow damage recovery may cause the time-accumulative toxicity (EFSA PPR Panel
(Panel on Plant Protection Products and their Residues) et al. 2018).
The increase in effect strength (bs) of IMI could be attributed to the higher biotransformation
rate of IMI at higher temperatures (Huang et al. 2022d). In G. pulex, IMI is metabolized into a
toxic metabolite, IMI-olefin (Huang et al. 2021). The generation of such a bioactive metabolite
complicates the influence of temperature on the toxicity of IMI since temperature usually
influences the biotransformation process (Huang et al. 2022d). Huang et al. (2022b)
performed toxicokinetic tests with G. pulex and IMI at different temperatures and found that
the metabolite generation occurred earlier and was higher at higher temperatures. However,
no toxic metabolite has been found for FPF so far (Huang et al. 2022a).
Only one previous study was found in literature that has determined the relationship of GUTS
parameters with temperatures (Gergs et al. 2019). In their study, they conducted acute
toxicity tests (96h) evaluating the toxicity of chlorpyrifos to D. magna at different
temperatures. They found the dominant rate and the effect strength to increase with
temperature. In contrast, the threshold was independent of temperature (Gergs et al. 2019).
However, our study found that the threshold decreased with increasing temperature. This
result indicated that the tolerance of organisms was decreased by temperature, which was
supported by the increase in background mortality (hb). In addition, the current results
indicate that the relationship between each parameter and temperature might vary with
132

USING A DYNAMIC ENERGY BUDGET (DEB) MODEL TO ANALYZE THE SUBLETHAL AND LETHAL
EFFECTS OF INSECTICIDES AT DIFFERENT TEMPERATURES

species and chemicals; therefore, more studies need to be conducted to get a general and
clearer picture.

kd: dominant rate constant (1/d)
hb: background hazard rate (1/d)
zs: no-effect threshold survival (µg/L)
bs: effect strength survival (L/µg)

Figure 6.3: The parameter fits by the DEB model IMI for each temperature. The dot represents the mean
value; the vertical bar represents the confidence interval of the parameter fit.

kd: dominant rate constant (1/d)
hb: background hazard rate (1/d)
zs: no-effect threshold survival (µg/L)
bs: effect strength survival (L/µg)

Figure 6.4: The parameter of DEB model FPF in each temperature. The dot represents the mean value;
the vertical bar represents the confidence interval of the parameter fit.
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6.4. Conclusion
In the present study, we have successfully applied DEB models to both lethal and sublethal
effect data of IMI and FPF at different temperatures. For model calibration, putative threshold
values provided prior information resulting in a more realistic and better model fits (finite
confidence interval). Our results reveal that for both insecticides, no effects of chemicals on
sublethal endpoints were found, while for lethal effects, the dominant rate and threshold
values decreased with temperature and the effect strength tended to increase with
temperature. The present study deepens the understanding of the mechanism of temperature
on the effect of insecticides, which can be used for future risk assessment.
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Table S1. The overview of data for model calibration
temperature

model

source

7, 11, 15

DEB-survival

(Huang et al.

0, 0.3, 1, 3, 10, 30

7, 11, 15

DEB-survival

2022d)

IMI

0, 1, 3, 10, 30, 100

18

DEB-survival

FPF

0, 0.3, 1, 3, 10, 30

18

DEB-survival

90 days long term

IMI

0, 0.01, 0.1, 0.3

11 and 15

DEB-size

experiment

FPF

0, 0.01, 0.1, 0.3

11 and 15

DEB-size

experimental data

28 days chronic

chemical

concentration level (µg/L)

IMI

0, 0.3, 1, 3, 10, 30

FPF

level

(Roessink et al.
2013)
(Huang et al.
2022a)
Present study

Text S2. Two parameter settings
We used two different parameters estimation settings, the point is that the estimation
procedure for the parameter values easily runs into boundary problems. Where one
parameter has a tendency to go to zero and another to infinity with the standard settings for
the boundaries of the parameter estimates. When this happens the survival matrix is the
starting point to set the boundaries in the estimation procedure to narrow the range of the
parameter values in the estimation procedure.
For DEB-size models, although the range of bb was not finite in either parameter's setting, the
dedicated setting outperformed the standard settings because the confidence intervals for kd
and zs had narrower ranges in the dedicated settings than that in standard settings (Table S2).
For DEB-survival models, in terms of fitting performance, there was not much difference
between these two parameter settings (Table S3). However, the dedicated setting with a
putative threshold setting outperformed the standard setting in terms of confidence intervals.
Furthermore, the dedicated setting makes more realistic sense than the infinite parameter of
bs in the standard setting, i.e. the threshold seems unlikely to be close to zero. Likewise, a
previous study found that prior knowledge about parameters, such as using the lowest and
highest tested concentrations as lower and upper thresholds, could increase the robustness
of the fit (Delignette-Muller et al. 2017). Nevertheless, such prior information must also be
carefully considered (Jager 2017a).
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Table S2: The overview of the growth related parameters in the DEB model
Parameters
chemical

Temp

estimation

L0

Lm

rB

kd

zb

bb

3.20E-03

5.00E-02

313.9

(<1.1E-04 - 0.02)

(8.1E-03 - 0.09)

(15.85 - >1000)

3.20E-03

5.00E-02

313.9

(5.0E-04 – 0.02)

(<0.01 – 0.088)

(15.85 - >1000)

4.10E-04

8.90E-03

109.4

(1.3E-04 - 0.66)

(0- 0.3)

(0.9 - >1000)

2.1E-03

0.01

20.23

(5.2E-4 – 0.29)

(<0.01 – 0.3)

(0.8 - >1000)

1.10E-04

3.7E-04

441.3

(<1.1E-04 - 0.03)

(0 - 0.05)

(3.4 - >1000)

0.003

0.01

19.3

(4.8E-4 – 0.03)

(<0.01 – 0.3)

(2- >1000)

2.70E-03

0.02

9.26

(<1.1E-04 - >143.8)

(0 - 0.3)

(0.25 - >1000)

0.24

0.3

693.9

(4.5E-03 - >143.8)

(0.1 – 0.3)

(0.8 – 1000)

AIC

R2

NRMSE

1453.1

0.89

10.1%

1453.1

0.89

10.1%

1435.4

0.97

3.2%

1435.0

0.97

3.2%

1329.4

0.92

4.5%

1329.8

0.92

4.6%

1316.4

0.92

5.3%

setting
1
11

4.4

20

2.30E-03

2
IMI
1
15

4.6

20

3.30E-03

2
1
11

4.4

20

2.30E-03

2
FPF
1
15

4.6
2

20

3.30E-03

1317.1

0.92

5.3%

note: For parameters estimation setting, 1 represents standard setting and 2 represents dedicated setting
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138

18

15

11

7

18

15

11

7

tion

rature

2.1E-03

2.6E-03

8.6E-04

1.1E-03

7.5E-03

7.9E-03

2.7E-03

3.3E-03

1.9E-03

1.9E-03

2.1E-03

2.1E-03

4.3E-03

4.5E-03

1.0E-02

1.1E-02

2

1

2

1

2

1

2

1

2

1

2

1

2

1

2

8.1E-3 - 1.5E-2

7.3E-3 - 1.4E-2

2.6E-3 - 7.3E-3

2.3E-3 - 7.2E-3

1.0E-3 - 3.7E-3

1.0E-3 - 3.7E-3

9.0E-4 - 3.3E-3

9.0E-4 - 3.3E-3

1.2E-3 - 6.6E-3

1.0E-3 - 5.3E-3

5.2E-3 - 1.1E-2

5.1E-3 - 1.1E-2

1.1E-4 - 3.0E-3

7.0E-05 - 2.7E-3

1.4E-03 - 4.5E-03

9.8E-04 - 4.1E-03

hb (mean + 95% Cis)

1

setting

estima--

pe--

eters

Param-

3.3E-02

1.6E-03

5.7E-02

4.6E-02

8.4E-02

8.4E-02

6.0E-02

6.0E-02

1.1E-02

1.6E-03

3.5E-02

1.6E-03

6.2E-02

8.8E-03

4.2E-02

1.6E-03

5.5E-3 - 0.2

<1.2E-02 - 0.1

2.6E-3 - 0.3

<1.2E-02 - 0.2

5.0E-3 - 0.3

<1.2E-02 - 0.3

<1.2E-02 - 0.2

<1.2E-02 - 0.2

<1.2E-02 - 0.9

<1.2E-02 - 0.8

5.3E-3 - 0.52

<1.2E-02 - 0.4

1.4E-2 - 0.3

<1.2E-02 - 0.2

1.5E-02 – 1.0

<1.2E-02 - 0.3

kd (mean + 95% Cis)

0.3

5.5E-05

0.3

0.1

2.9

2.9

6.1

6.1

0.2

1.3E-04

0.2

5.5E-05

0.2

5.5E-05

2.6

1.7E-02

<0.3 - 1.8

<5.5E-5 - 0.5

<0.29 - 8.5

<5.5E-5 - 8.5

<0.3 - 7.0

3.0E-2 - 7.0

<0.3 - >13.0

0.2 - >13.0

<0.2- 5.4

<5.5E-5 - 1.3

<0.2- 1.9

<5.5E-5 - 1.3

<0.2- 0.7

<5.5E-5 - 0.5

<2.6 - 7.9

<5.5E-5 - 1.3

zs (mean + 95% Cis)

note: For parameters estimation setting, 1 represents standard setting and 2 represents dedicated setting

FPF

IMI

chemical

Tem-

6.7E-03

0.1

3.4E-03

3.9E-03

2.8E-03

2.8E-03

3.5E-03

3.5E-03

4.4E-03

2.8E-02

3.2E-03

5.3E-02

2.5E-03

1.2E-02

1.7E-03

2.3E-3 - 3.8E-2

7.1E-2 - 0.1

1.5E-3 - 7.3E-2

1.6E-3 - 0.1

1.4E-3 - 3.1E-2

1.4E-3 - 5.0E-2

1.6E-3 - 0.1

1.6E-3 - 0.1

8.2E-4 - 4.4E-2

9.3E-4 - 3.8E-2

8.8E-4 - 1.8E-2

2.8E-2 - 8.0E-2

1.2E-3 - 7.5E-3

2.6E-3 - 8.3E-2

3.6E-4 – 6.4E-3

4.2E-4- 4.9E-2

bs (mean + 95% Cis)

2.4E-02

Table S3: The overview of the survival-related parameters and the fitting performance in the DEB model

553.1

550.7

493.5

493.4

339.2

339.1

270.2

270.2

309.8

308.9

569.1

568.1

352.8

351.1

241.5

239.5

AIC

0.92

0.93

0.90

0.90

0.95

0.95

0.94

0.94

0.93

0.93

0.82

0.83

0.74

0.76

0.73

0.79

r2

0.08

0.08

0.07

0.08

0.04

0.04

0.04

0.04

0.07

0.06

0.07

0.07

0.07

0.06

0.03

0.03

NRMSE

CHAPTER 6

USING A DYNAMIC ENERGY BUDGET (DEB) MODEL TO ANALYZE THE SUBLETHAL AND LETHAL
EFFECTS OF INSECTICIDES AT DIFFERENT TEMPERATURES

6

Figure S1: The measured size of Gammarus pule in IMI exp (A) and FPF exp (B) at 15 °C. Panel 1 means the size
for all individuals, panel 2 means the female individuals, and panel 3 means the male individuals.
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Figure S2: The measured size of Gammarus pule in IMI exp (A) and FPF exp (B) at 11 °C. Panel 1 means the size
for all individuals, panel 2 means the female individuals, and panel 3 means the male individuals.
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6
Figure S3:The fresh weight of Gammarus pulex at 15 °C under IMI exposure (left figure) and FPF exposure (right
figure).

Figure S4: The fresh weight of Gammarus at 11 °C under IMI exposure (left figure) and FPF exposure (right
figure).
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CHAPTER 7.
Synthesis and general discussion.

CHAPTER 7

7.1. Overview
Neonicotinoids (NNIs) are among the most used insecticides in the world to protect crops from
harmful insects. However, the widespread use of NNIs causes a number of environmental
issues, particularly for pollinators. Many studies have found that NNIs are causing declines in
both managed and wild bee populations (Commission 2018). In addition, they also raise
environmental concerns about aquatic systems since they have been detected in many water
systems due to their high water solubility and persistence (Morrissey et al. 2015, Hladik et al.
2018).
Compared to the number of bee studies, the number of studies about the effects of NNIs on
aquatic systems is limited. In addition, scientific questions and knowledge gaps have emerged
from our current understanding of the impact of neonicotinoids on aquatic systems and on
protecting our environment. These questions and gaps include (1) why are some aquatic
arthropods more sensitive to imidacloprid (IMI), which is the most used NNI, than other
species?, (2) how can we explain differences in intraspecific sensitivity?, and (3) does
flupyradifurone (FPF, an alternative to IMI) also show time-accumulative toxicity to some
aquatic arthropods like IMI?
The present work is carried out to address these three research questions by investigating the
interspecies and intraspecies sensitivity differences of aquatic macro-invertebrates for two
insecticides, imidacloprid and flupyradifurone. The main findings of this thesis are summarized
in Figure 7.1, and in-depth reflections on biotransformation and temperature will be discussed
later.
The main conclusions of the individual papers are:
a. the formation of the toxic metabolite, IMI-ole, (partly) accounts for the observed
interspecies and intraspecies differences in sensitivity to IMI (chapter 2 and chapter 3) (Figure
7.1 A).
b. different size or sex of individuals of the same species should be used for toxicity testing
(Chapter 3) (Figure 7.1 B).
c. FPF has a relative lower uptake rate constant than IMI, which resulted in lower toxicity
(Chapter 4) (Figure 7.1 C).
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b. FPF does not hold the time-accumulative toxicity effect as IMI (Chapter 4) (Figure 7.1 D).
e. Temperature influences both toxicokinetic (Chapter 5) and toxicodynamic processes
(Chapter 6) of IMI and FPF in Gammarus pulex (Figure 7.1 E).

7

Figure 7.1: Schematic overview of the intra- and interspecies sensitivity differences of aquatic
arthropods found in this thesis. This figure was created with BioRender (https://biorender.com/).
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In this chapter, I reflect on the newly extended knowledge gathered from this thesis and
discuss future challenges. All this knowledge contributes to a better assessment of the
ecological risks of pesticides to protect our environment.
7.2. The importance of biotransformation in the overall toxicity
7.2.1. The biotransformation of IMI and FPF by organisms
Biotransformation of chemicals by animals and/or microorganisms, or degradation caused by
environmental factors such as light, pH, etc., can affect the effects chemicals have on aquatic
ecosystems (Lushchak et al. 2018). The metabolism of neonicotinoids is facilitated mostly by
enzymes of the CYP450 family (Casida 2011). Nevertheless, the knowledge of the
biotransformation of IMI and FPF in aquatic arthropods is limited.
Based on the results in Chapter 2 and Chapter 3, we conclude that among the four selected
metabolites (IMI-ole, 5-OH-IMI, IMI-urea, 6-CNA), only IMI-ole was generated within Cloeon
dipterum, Gammarus pulex and Asellus aquaticus once they were exposed to IMI for 1 or 2
days (Chapter 2) while only 6-CNA was detected in the water and the organisms when
Gammarus pulex and Asellus aquaticus were exposed to IMI-ole (Chapter 2 and Chapter 3)
(Figure 7.2). No metabolites (6-CNA) were found for FPF (Chapter 4).
Researchers have proved that P450 enzymes are responsible for the biotransformation of
NNIs in bee studies (Casida 2011). Thiacloprid is efficiently detoxified by the P450 enzyme
CYP9Q3 in the bumblebee Bombus terrestris, but imidacloprid is only poorly metabolized
(Feyereisen 2018, Haas et al. 2022). For terrestrial insect species other than bees, CYP6G1 in
the fruit fly Drosophila melanogaster (Hoi et al. 2014, Fusetto et al. 2017) and CYP6CM1vQ in
the pest species Bemisia tabaci (Karunker et al. 2009) were identified as responsible for the
biotransformation of IMI (Figure 7-2). Three P450 enzymes: CYP6AQ1, CYP9Q2 and CYP9Q3,
were identified to be involved in the biotransformation of FPF in the honey bee, A. mellifera,
to detoxify FPF into non-toxic metabolites (Haas et al. 2021) (Figure 7.2). However, the
biotransformation of NNIs in aquatic arthropods is less studied, and the exact CYP genes of
aquatic arthropods which are responsible for the potential biotransformation remain
unknown. The knowledge of the exact CYP genes of aquatic arthropods to chemicals could
improve our understanding of the biological mechanism of the defence of organisms against
xenobiotics in evolution, and also shed light on why some organisms do biotransform IMI,
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while some other organisms (e.g., Daphnia) do not (Figure 7.1 A). These genes can
subsequently also be used as potential biomarkers in environmental biomonitoring (Han and
Lee 2021, Barrick et al. 2022).

7

Figure 7.2: The biotransformation pathway of IMI (left) and FPF (right) in this thesis and literature
information. For IMI, the green arrows summarise the information available for Drosophmelano
gasterila, adapted from (Fusetto et al. 2017); the red lines concern Bemisia tabaci, adapted from
(Karunker et al. 2009), while the black line concerns Apis mellifera, adapted from (Zaworra et al. 2019).
The blue line summarises the pathways for aquatic arthropods, adapted from this thesis. For FPF, all
pathways are adapted from (Haas et al. 2021). Dash lines represent the case that no exact CYP genes
have been identified.

7.2.2. The toxic metabolite of IMI, IMI-ole
In this thesis, the formation of the toxic metabolite, IMI-ole, (partly) accounts for the observed
interspecies and intraspecies differences in sensitivity to IMI (Chapter 2 and Chapter 3, Figure
7.1 A, B). The biotransformation pathways of the parent NNIs, IMI and FPF, and their
metabolites in different arthropod species are presented in Figure 7.2. The extent to which
biotransformation of IMI to IMI-ole contributes to its overall toxicity is different for different
species and individuals (Figure 7.1 A and B). Chapter 2 confirms that the formation of a
bioactive metabolite, IMI-olefin (IMI-ole), contributes to the overall time-accumulative
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toxicity of IMI. IMI-ole showed similar toxicity as IMI to aquatic arthropods but was eliminated
slower (Chapter 2 and Chapter 3).
Similarly, previous bee studies found that in addition to the toxicity of the parent compound
of NNIs, some metabolites of IMI were found to be toxic to terrestrial insects. Bees can eat
pollen contaminated with IMI, which means IMI will enter the organism and be further
biotransformed (Nauen et al. 2001). Some studies have demonstrated that some metabolites
of IMI display similar or even higher neurotoxicity than the parent compound in locusts
(Parkinson and Gray 2019) and bees (Nauen et al. 2001). In addition, IMI-ole shows a slightly
greater affinity to nAChRs than IMI in the bee species Apis mellifera (Nauen et al. 2001, Casida
2011).
The formation of such a toxic and persistent metabolite causes time-accumulative effects of
IMI, it also caused a mismatch between the parameterisation of the GUTS model on acute
data and its validation using chronic data when biotransformation was not included in the
toxicokinetics model (Chapter 2). No time-accumulative effect of FPF was found, however,
since no bio-active metabolites were detected (Chapter 4).
When assessing the toxicity of parent compounds together with toxic metabolites, the overall
toxicity is a result of a mixture. The development of TK-TD models including such mixture
exposure needs to be considered for improving the GUTS fitting on IMI effect data (Focks et
al. 2018). Usually, for mixture toxicity, the mode of action of different chemicals needs to be
determined, for example, the independent mode of action or the addition mode of action. To
start, we can assume concentration addition for this mixture because the chemical structure
of the parent compound and metabolite is quite similar (Figure 7.3). Not only the toxicity of
the metabolite is important, but also its fate within the organisms. The toxic metabolite, IMIole, appears to be eliminated slower than the parent compound IMI (Chapter 2 and Chapter
3), which results in extended toxicity. Lately, a parent-metabolite-GUTS model has been
developed; this model integrates the toxicokinetic and toxicity of the parent compound and
potential active metabolites. Inclusion of the toxicity related to the metabolite improved the
predicted long term toxicity of the chemical in a pulse exposure compared to when only the
parent compound was considered (Huang et al. 2022e).
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Figure 7.3: Scheme of the concentration addition for the parent and toxic metabolite with regard to
damage.

7.3. Influence of the temperature on effects of chemicals
Temperature affects the functioning of all living species, especially cold-blooded animals like
aquatic arthropods. Previous studies have indicated that the temperature should be
integrated into the environmental risk assessment (Noyes and Lema 2015, Ricupero et al. 2020)
because increased toxicity with temperature increase has been found for several species and
chemicals combinations (Camp and Buchwalter 2016, Macaulay et al. 2019). The present
thesis also recommends this consideration based on our findings.
Chapter 5 reports that an increase in temperature increases the uptake rate constant and
biotransformation rate of IMI, as well as the elimination rate constant, which resulted in a
lower BCF at a higher temperature for both IMI and FPF (Figure 7.4). Chapter 5 also reveals
that temperature increased the lethal and sublethal toxicity of IMI and FPF to G. pulex.
Furthermore, Chapter 5 finds that the biotransformation rate of IMI increases with
temperature, which may lead to an increase in the toxicity of IMI with temperature because
the production of the active metabolite IMI-ole is higher at higher temperatures. This increase
in biotransformation rate has also been reported for organophosphorus insecticides
(chlorpyrifos and m-parathion) and the insect Chironomus tentans (Lydy et al. 1999).
Moreover, temperature also influences the toxicodynamic process. Chapter 6 reveals that the
background mortality tended to increase with increasing temperature, while the threshold
tended to decrease with increasing temperature, especially for FPF. Chapter 5 and Chapter 6
together prove the influence of temperature on both toxicokinetics and toxicodynamics
processes. Chapter 6 explains the mechanism by which toxicity increases, although the overall
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accumulation of chemicals decreases with increasing temperature, i.e., the intrinsic
susceptibility of the organism increases.
Based on our experimental data and the literature and when we assume that the
toxicodynamics process is independent of temperature, we can hypothesise that the effect of
temperature on toxicity may have two different outcomes by changing its toxicokinetics: 1)
temperature reduces toxicity, 2) temperature enhances toxicity (Fig. 7.4 F). Temperature
increases each process of toxicokinetics, such as uptake rate, biotransformation rate and the
elimination rates of the parent compound and its metabolite(s), while the extent of the
influence of temperature on each process of toxicokinetics is different. For example, in the
case of permethrin, the toxicity was higher at the lower temperature due to the much slower
elimination rate at lower temperatures (Harwood et al. 2009) (Figure 7.4, yellow one). The
toxicity of chlorpyrifos (CPF) was lower at lower temperatures due to lower formation of the
more toxic metabolite (CPF-oxon) (Harwood et al. 2009) (Figure 7.4, blue one). However, our
IMI and FPF toxicity results were inconsistent with previous hypotheses, suggesting that
toxicodynamics are also affected by temperature. The toxicity of IMI and FPF in this study was
higher at higher temperatures, while the overall accumulation of IMI and FPF was lower at
higher temperatures (Chapter 5), suggesting that toxicodynamics processes are also affected
by temperature, with intrinsic sensitivities being higher at higher temperatures (Chapter 6)
(Figure 7.4, orange and grey).
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7
Figure7.4: The influence of temperature on the parameters of toxicokinetic models and the toxicity of
five insecticides (For all plots, the x-axis is temperature. And the y-axis corresponds to the respective
title in each figure). IMI and FPF data are adapted from this thesis, and permethrin, CPF and DDT data
are adapted from (Harwood et al. 2009). The Blue Frame includes the toxicokinetic process, the black
frame includes the toxicodynamics process, and the green frame includes the overall toxicity.

For future studies, considering the temperature in the risk assessment of chemicals is essential
to better assess the risks of chemicals in a world under global warming (Noyes and Lema 2015).
The effect of temperature on the sensitivity of organisms is also different between species
and chemicals (Chapter 6); thus, more studies on the effect of temperature on the
toxicodynamics of chemicals are needed. In addition, the toxicokinetics of metabolites,
especially toxic metabolites (such as IMI-ole for IMI, CPF-oxon for CPF), should be considered
in future studies (e.g., internal concentrations need to be analysed) because these toxic
metabolites also contribute to the overall toxicity, as discussed in section 7.2 (Figure 7.3).
7.4. Implications for future research
Lately, there has been an increasing interest and number of publications on using
ecotoxicological models (such as toxicokinetic and toxicodynamic models) in ERA to account
for intra- and interspecies sensitivity differences of chemicals (EFSA PPR Panel (Panel on Plant
Protection Products and their Residues) et al. 2018). Toxicokinetic models focus on the kinetics
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of chemicals, and the toxicodynamic models focus on the damage of chemicals caused to the
organisms. This thesis, especially Chapters 2, 3, 4, and 6, contributes to these efforts. Chapter
2 supports that incorporating biotransformation into toxicokinetics is needed to understand
the acute and chronic toxicity of IMI to some aquatic arthropods. Chapter 3 indicates that the
intraspecies sensitivity difference can be better understood using toxicokinetic modelling
while toxicodynamic modelling is also needed. Chapter 4 provides evidence that a TKTD model,
parameterised on acute toxicity data, predicts the chronic effects of FPF well. Chapter 5 and
Chapter 6 demonstrate the use of toxicokinetics and TKTD models which includes the effects
on sublethal endpoints and aims to understand the interactive effects of chemicals and
temperature (Figure 7.1).
The advantages of TKTD models are numerous; however, the exact requirements of the
experimental setup to satisfy model calibration are unclear. I developed some criteria based
on previous recommendations (Products et al. 2018) and the main findings of this thesis
(Figure 7.5). For example, Chapter 3 reveals that the biotransformation rate of IMI to IMI-ole
varies between sizes and/or sexes of organisms, leading to intraspecies sensitivity differences
(Figure 7.1 B). Combining this knowledge allows us to better protect entire aquatic species
populations rather than individuals at certain life stages, such as juveniles used in most current
ERA standard toxicity tests:

Figure 7.5: General guidelines for experimental setup for the TKTD model based on the findings of the
present thesis. This figure created with BioRender (https://biorender.com/).

Moreover, an adverse-outcome- pathway (AOP) could be built and used to understand the
selected pesticides' toxicity in a more biological mechanism manner. To build AOPs, processes
152
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at sub-individual levels of organisms need to be characterized (molecular interactions and
responses at the cell, organ, organism and population level), thereby providing mechanistic
information that can be used for interspecies and intraspecies extrapolation of sensitivity. For
example, the difference in the biotransformation capacity related to the CYP enzyme among
different species (toxicokinetics) and the receptor affinity among different aquatic arthropods
(toxicodynamics) need to be assessed (Ashauer 2010, Spurgeon et al. 2020) (Figure 7.6). The
differences in biotransformation regulated by enzymes are summarized in Figure 7.2, and as
discussed earlier, more studies exploring the differences in the presence of enzyme systems
in aquatic arthropods are needed. Although receptor differences were not explored in this
thesis, we did find that the intrinsic sensitivities differ between individuals of different size or
sex or at different temperatures (Chapters 2 and 6), which can be hypothesised to be related

7

to differences in receptor affinity.

Figure 7.6: Scheme of the adverse outcome pathways, including the toxicokinetics (uptake, absorption,
metabolization, distribution and elimination) and the toxicodynamic (effect on receptor, enzyme,
protein, DNA, organisms and population). This figure created with BioRender (https://biorender.com/).

Concluding, in this thesis, we have explored differences in the sensitivity of individuals to
chemicals as a result of differences in species identity, size, sex, temperature and time. Using
toxicokinetic-toxicodynamic models, the important role of biotransformation, the kinetic
differences of chemicals and the intrinsic sensitivity differences of tested organisms are
determined. This study supports the use of TKTD models in the risk assessment and
recommends considering differences in sizes, sex and temperature in the standard toxicity
test strategies so these factors can be included into future risk assessment.
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Summary
Neonicotinoids (NNIs) are among the most used insecticides in the world to protect crops from
harmful insects. The intensive use of NNIs, however, also brings many environmental concerns
about aquatic systems since they have been detected in many water systems due to their high
water solubility and persistence. In addition, scientific questions and knowledge gaps have
emerged from our current understanding of the impact of neonicotinoids on aquatic systems
and on protecting our environment. These questions and gaps include (1) why are some
aquatic arthropods more sensitive to imidacloprid (IMI), which is the most used NNI, than
other species?, (2) how can we explain differences in intraspecific sensitivity?, and (3) does
flupyradifurone (FPF, an alternative to IMI) also show time-accumulative toxicity to some
aquatic arthropods like IMI?
The present work is carried out to address these three research questions by investigating the
interspecies and intraspecies sensitivity differences of aquatic macro-invertebrates for two
insecticides, IMI and FPF.
In Chapter 2, we assess the toxicity and toxicokinetics of imidacloprid and a bioactive
metabolite to two aquatic arthropod species, a mayfly species Cloeon dipterum (sensitive to
IMI) and an amphipod species Gammarus pulex (less sensitive to IMI). Of the four tested
metabolites, only imidacloprid-olefin (IMI-ole) is readily biotransformed from the parent IMI
and showed similar toxicity as IMI to both species. Our results on internal kinetics of IMI and
IMI-ole, and biotransformation of IMI indicate that the metabolite IMI-ole is toxic and is rather
persistent inside the body tissue of both invertebrate species, especially for C. dipterum. In
conclusion, as IMI and IMI-ole have similar toxicity and IMI is replaced by IMI-ole which in turn
is poorly eliminated by C. dipterum, the overall toxicity is a function of dose and time. As a
result, no long-term threshold of effects of IMI may exist for C. dipterum as the poor
elimination results in an ongoing increase of toxicity over time for mayflies as also found
experimentally in previously published papers.
In Chapter 3, we investigate the size- and sex-related sensitivity differences of aquatic
crustaceans to imidacloprid. We perform standard acute toxicity and toxicokinetic tests with
Gammarus pulex and Asellus aquaticus. For both species, neonates, juveniles and male and
female adults are investigated. For both species, the neonates are the most sensitive group.
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For G. pulex, the sensitivity decreases linearly with size, which can be explained by the sizerelated uptake rate constant in the toxicokinetic process and size-related threshold value in
the toxicodynamic process. For A. aquaticus, female adults are least sensitive to imidacloprid,
which could be explained by low internal biotransformation of IMI to IMI-ole. Besides, IMI-ole
is more toxic than IMI to A. aquaticus, with differences being 8.4 times for females and 2.7
times for males. In conclusion, we establish size-related sensitivity differences for G. pulex and
sex-related sensitivity for A. aquaticus, and intraspecies differences can be explained by both
toxicokinetic and toxicodynamic processes. Our findings suggest that to protect populations
in the field, we should consider the size and sex of focal organisms and that a pragmatic
selection of test organisms of equal size and/or sex can underestimate the sensitivities of
populations in the field.
In Chapter 4, We assess the acute and chronic toxicity of FPF to aquatic arthropod species
and compared it with the toxicity of IMI. We find that compared to IMI, C. dipterum and G.
pulex show a slower uptake and faster elimination rates for FPF. FPF is less acutely toxic than
IMI based on the HC05 values for aquatic arthropods. The chronic 28d EC50 and EC10 values of
FPF were higher or similar to those of IMI. However, FPF inhibited the food consumption of G.
pulex at a concentration at the same order of magnitude as the current environmental realistic
concentration (NOEC = 0.3 µg/L). More environmental monitoring studies of FPF should be
performed to know the environmental concentration of FPF better. In addition, a
toxicokinetic-toxicodynamic (TKTD) model parameterised on the acute toxicity data predicted
the observed chronic effects of FPF on G. pulex well, indicating that toxicity mechanisms of
FPF did not change with prolonged exposure time, which is not the case for IMI.
In Chapter 5 and Chapter 6, we explore the sensitivity differences of IMI and FPF to Gammarus
pulex at different temperatures. In Chapter 5, we assess the effect of temperature on the
toxicokinetics and the chronic toxicity of IMI and FPF towards G. pulex. For both IMI and FPF,
the uptake and elimination rate constants increase with temperature but in different
magnitudes. In addition, temperature increases the biotransformation rate of IMI and thus
accelerates the formation of the toxic metabolite IMI-ole. Furthermore, we find that higher
temperatures increases the toxicity of IMI and FPF over time, where the increase is higher for
IMI than for FPF. In addition, the adverse effects of insecticides on sublethal endpoints (i.e.,
food consumption and dry weight) are exacerbated by elevated temperatures. In Chapter 6,
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DEB models are calibrated to understand the influence of temperature on the effect of IMI
and FPF on the growth and survival of Gammarus pulex. Our results show that for both IMI
and FPF, the dominant rate and threshold value tend to decrease with increasing temperature
for both lethal and sublethal effects, while the effect strength and background mortality tend
to increase with increasing temperature.
Chapter 5 and Chapter 6 reveal that temperature influences both the toxicokinetic and
toxicodynamic processes. For future studies, taking the temperature into consideration in the
risk assessment of chemicals is essential in order to better assess the risks of chemicals in a
world under global warming. In addition, the effect of temperature on the sensitivity of
organisms is also different between species and chemicals. Thus, more studies on the effect
of temperature on the toxicokinetics and toxicodynamics of chemicals are needed.
Finally, in Chapter 7, I discuss the findings of my thesis, especially the importance of
biotransformation in explaining the interspecies and intraspecies sensitivity differences,
emphasising the important need to consider the toxic metabolite as well as the temperature
in toxicity assessment. The final chapter also provides an outlook on the adverse-outcomepathway (AOP), which links the toxicokinetic-toxicodynamic models to a deeper biological
perspective, to gain more understanding of the intra- and inter-species sensitivity differences
in future studies.
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