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The fate of sediment associated compounds is the combined result of chemical properties and biological activ
ities. Yet, studies simultaneously addressing the effects of biota on the redistribution and bioaccumulation of
contaminants are scarce. Our aim was therefore to assess the effect of benthic invertebrate activities on organic
matter degradation and the redistribution of metals and Polycyclic Aromatic Hydrocarbons (PAHs) in contam
inated sediment. To this end, we introduced egg ropes of the non-biting midge Chironomus riparius into waste
water treatment plant sludge and allowed these to either develop until fourth instar larvae or to fully complete
their life cycle into terrestrial flying adults. Chironomid larvae enhanced sludge degradation, resulting in
increased metal concentrations in the sludge and in a flux of metals into the overlying water. Moreover, they
hampered PAH degradation in the sludge. Contaminant transport from aquatic to terrestrial ecosystems with
emerging invertebrates as a vector is widely acknowledged, but here we showed that biomanipulation prevailed
over bioaccumulation, since due to chironomid activity, the flux of metals from the sludge into the overlying
water was larger than into chironomid biomass. It is therefore concluded that contaminant-macroinvertebrate
interactions are bilateral relationships driven by the interplay between macroinvertebrate traits and contami
nant properties.

1. Introduction
One of the key topics in ecotoxicology concerns the adverse effects of
contaminants on organisms. Yet, the opposite, the influence of organ
isms on the fate of contaminants in the environment tends to be over
looked. Most macroinvertebrates are, however, continuously active:
they breath, eat, defecate, move and create biogenic structures, thus
breaking down organic matter (OM) and altering the environmental
conditions of their surroundings (Covich et al., 1999). This way, inver
tebrate activities can influence the distribution of sediment associated
contaminants between the various environmental compartments, which
in turn affects their exposure to these contaminants (van der Meer et al.,
2017) and that of the organisms surrounding them (Pang et al., 2012).
The effects of macroinvertebrates on the fate of contaminants in the
environment are diverse, and species and trait specific. Specific mac
roinvertebrate traits may either enhance the flux of contaminants from

the sediment to the water column or the other way around, enhance the
sedimentation of contaminants. Both shredding and grazing by macro
invertebrates on course particulate organic matter (CPOM) increases the
fraction of fine particulate organic matter (FPOM), which creates
additional binding sites for metals, resulting in an increased fixation of
those metals in organic matter (Schaller & Brackhage, 2015; Schaller
et al., 2010). Biodeposition by filter feeders also results in the fixation of
contaminants in the sediment, as particle-associated contaminants are
filtered from the water column and subsequently deposited as (pseudo)
faeces (Gossiaux et al., 1998). Bioturbation and bioirrigation by mac
roinvertebrates have the opposite effect on the fate of contaminants in
the environment, as these promote a flux of contaminants from the
sediment into the overlying water. Furthermore, bioturbation and bio
irrigation may cause an increase in the oxygenation of the sediment,
which can enhance the remobilization of metals (Bartsch et al., 1999;
Ciutat & Boudou, 2003; Colombo et al., 2016; Schaller, 2014), and
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increase the microbial degradation of organic contaminants, lowering
contaminant concentrations in the sediment (Goedkoop & Peterson,
2003; Pang et al., 2012). Moreover, depending on the type of bio
turbation and the formation of biogenic structures, other sediment
characteristics, such as porosity and the surface area of the
sediment-water interface can be altered (Mermillod-Blondin et al.,
2002), resulting in a redistribution of contaminants (Colombo et al.,
2016). This redistribution of contaminants can result in adverse effects
on surrounding organisms if this redistribution leads to exposure to
higher contaminant concentrations. For example, bioturbation by Lum
briculus variegatus resulted in a flux of Polycyclic Aromatic Hydrocar
bons (PAHs) into the overlying water, causing increased mortality of the
epibenthic amphipod Hyalella azteca (Pang et al., 2012). Moreover,
bioturbation activity by Hexagenia sp. resulted in higher-than-expected
mortality of these organisms, due to an increased oxygenation of the
sediment and thus lower acid volatile sulphides concentration, which in
turn made Ni more bioavailable. The effect of contaminant redistribu
tion is likely also depending on the exposure pathway. If exposure occurs
mainly through ingestion of contaminated particles, changes in
contaminant concentrations in pore or surface water might be less
important (Besser et al., 2013). Contaminant redistribution can, how
ever, also result in positive effects on macroinvertebrates in the envi
ronment, as for example bioturbation by L. variegatus resulted in lower
pore water concentrations of zinc, leading to a higher survival of the
co-occurring endobenthic Chironomus tepperi larvae (Colombo et al.,
2016). Moreover, a single macroinvertebrate species can have multiple
traits that act antagonistically on contaminant distribution. For instance,
filter feeding bivalves can remove contaminated particles from the water
column and deposit these on the sediment, but at the same time their
bioturbation can stimulate a flux of contaminants from the sediment to
the water column (Vaughn & Hakenkamp, 2001).
On top of species behavioural and feeding traits, also the chemical
properties of the contaminants may strongly affect their environmental
fate. For organic compounds, their hydrophobicity is most influential
(Karickhoff, 1980; Pignatello & Xing, 1995), while metals may respond
to sediment biogeochemical parameters such as organic matter content,
pH and redox state (Goedkoop & Peterson, 2003; Schaller &
Planer-Friedrich, 2017). Hence, the fate of sediment associated com
pounds is the combined result of chemical properties and biological
activities. Yet, studies that simultaneously address the effects of biota on
the binding, redistribution, availability, and bioaccumulation of con
taminants in the environment are limited. The aim of the present study
was therefore to experimentally assess the effect of benthic invertebrate
feeding and behaviour on organic matter degradation and the redistri
bution of metals andPAHs in contaminated organically rich sediment. To
this end, we added egg ropes of the non-biting midge Chironomus riparius
into an experimental setup with contaminated organic sediment and
water originating from a wastewater treatment plant (WWTP), and
allowed these egg ropes to either develop until fourth instar larvae or to
fully complete their life cycle into terrestrial flying adults. At the
beginning and the end of the experiment we determined the concen
tration of multiple metals and PAHs in the sediment and the overlying
water, and in the larvae, exuviae and adult specimens.
Larvae of the non-biting midge Chironomus riparius were selected as
test organisms, because they are bioturbating benthic invertebrates, and
as burrowing detritivores they can reach very high abundances in
organically enriched and contaminated water bodies (De Haas et al.,
2005). Due to their high abundance, high feeding rate and burrowing
and irrigation activity, chironomid larvae alter sediment characteristics
and nutrient dynamics (Gautreau et al., 2020). This, in turn, may affect
the bioavailability and redistribution of sediment associated contami
nants over the various environmental compartments. As the aquatic
chironomid larvae develop into terrestrial adults, C. riparius can also
play a role in the aquatic-terrestrial transport of nutrients and contam
inants. Aquatic larvae that feed on contaminated organic matter may
accumulate these contaminants. During emergence into adults, these

larvae expel their pupal exuviae, in which they can deposit some of these
contaminants, while those that are not deposited in the exuviae will
remain in the adult, and can thus be transported into the terrestrial
ecosystem (Groenendijk et al., 1999), as the adult midges can serve as
food for terrestrial species, such as birds and bats. The ratio between
adult and larval contaminants may thus affect the distribution of con
taminants between aquatic and terrestrial food webs. Concerns have
been raised on these trophic pathways of contaminants, as birds and bats
that feed on macroinvertebrates from contaminated aquatic origin
might be adversely affected (Bundschuh et al., 2019; Hill et al., 2018).
We hypothesized that the foraging, bioturbation, and irrigation ac
tivities of the chironomid larvae will enhance degradation of organic
matter and induce a flux of contaminants from the sediment into the
overlying water. Given the low weight of the adult chironomids and the
extremely low weight of the exuviae compared to the weight of the
sludge, we also expected that the contribution of the contaminants
accumulated by the larvae, exuviae and adults would play a minor role
in the redistribution of contaminants over the various environmental
compartments and thus of the associated food webs.
2. Materials and methods
2.1. Contaminated sediment
The sediment used in this experiment consisted of contaminated
sludge taken from the aeration tank of the WWTP Rhenen (46,000
population equivalents, Remmerden, The Netherlands, (51◦ 58′ 27.6′′ N
5◦ 31′ 55.6′′ E)). The WWTP sludge (approximately 3.4 g L− 1 total sus
pend solids) was collected in polypropylene containers and stored for 2
days at 4 ◦ C under constant aeration until the start of the experiment.
2.2. Test organisms
Chironomus riparius egg ropes originated from the same strain of inhouse cultures of Wageningen Environmental Research and the Uni
versity of Amsterdam. Egg ropes from two cultures were used to obtain a
sufficient number of eggs. Both cultures were kept at 20 ± 2 ◦ C with a
16:8 h light:dark cycle. Chironomids were cultured in tanks with Dutch
Standard Water (DSW; deionized water 200 mg L− 1 CaCl2•2H2O, 180
mg L− 1 MgSO4•7H2O, 100 mg L− 1 NaHCO3, and 20 mg L− 1 KHCO3), and
a sediment layer of commercially available sand (mean grain size 0.2
mm ± 0.1 mm). Chironomids were fed three times a week with a 9:1
mixture of Tetramin (Tetrawerke, Melle, Germany) and Tetraphyll
(Tetrawerke, Melle, Germany). In an experimental setup following
OECD guideline 218 (OECD, 2004) survival and emergence of the chi
ronomids on reference sediment was at least 90%, demonstrating that
the culture was in good condition (De Baat et al., 2019). Egg ropes were
collected and stored in batches of 8 in 20 mL borosilicate vials with DSW
and no substrate at 4 ◦ C for a maximum of three days prior to the start of
the experiment. Four hours before addition to the experiment, the egg
ropes were moved from the fridge into the experimental room to accli
matize to ambient temperature. A subsample (n = 5) of egg ropes was
manually counted from pictures taken with binoculars using the
image-analysing software ImageJ (version 1.52), containing an average
of 338 (SD = 15.1) eggs per rope. To determine the background metal
content of these egg ropes, 97 egg ropes from the cultures were
collected, freeze dried and stored at − 20 ◦ C in a borosilicate glass vial
until further analysis.
2.3. Experimental design
To assess the effects of the chironomid larvae on organic matter
degradation and on the redistribution of sediment associated contami
nants, C. riparius were grown in borosilicate glass trays (27 × 23 × 9
cm), on settled sludge from a WWTP aeration tank, from egg to either
last instar (14 days) (n = 8), or terrestrial adults (22 days) (n = 8).
2
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Control sludge trays were also included and analysed after either 14 (n
= 4) or 22 days (n = 4), resulting in a total of 24 experimental trays. At
day 0, day 14 and day 22, sludge degradation was determined, and
contaminant concentrations were measured in the sludge solids, over
lying water, and when present, in chironomid larvae, exuviae and
adults.
To each tray, 2.25 L of homogenized sludge was added, and while
sludge solids were still in suspension, a 250 mL homogenized subsample
was collected from each tray in a 500 mL borosilicate bottle. This sub
sample was used to determine the initial sludge dry weight (DW) and the
contaminant concentrations in the sludge and the overlying water. To
minimize the effect of microbial sludge degradation on the dry weight
determination, the solids in the subsample bottles were allowed to settle
for approximately 2 h, after which a 50 mL sample of filtered water was
collected from each subsample bottle using a syringe with a 0.45 μm
cellulose acetate filter. After these 2 h, no solids were visible in the
overlying water, and excess water in the 500 mL bottles was then
siphoned and the remaining sludge was poured through a sieve (0.5 mm
mesh size). We expected that this method did not result in the loss of
solids. The sludge was frozen and freeze dried, and both the dried sludge
and the water samples were stored at − 20 ◦ C until further analyses. To
determine the initial sludge DW/L of each tray, the dry sludge of each
250 mL subsample was weighed and multiplied by 4.
At the start of the experiment, each tray contained 2 L of sludge,
corresponding to a dry weight of approximate 6.9 g, as the 250 mL
subsamples contained on average 3.45 g DW solids per litre. Before the
addition of chironomid egg ropes, the solids in the 24 experimental trays
were also allowed to settle for approximately 2 h. This resulted in the
formation of a ±2 cm sediment layer consisting of solid sludge particles,
and with ±4 cm of overlying water. After the settling of the solids, the
trays were randomly assigned to either the chironomid (n = 16) or the
control treatment (n = 8). All trays were gently aerated using a glass
pipette. A total of three chironomid egg ropes, two from the Wageningen
culture and one from the Amsterdam culture, were added to each
replicate chironomid treatment tray. To prevent evaporation, the trays
were closed with punctured plastic lids, which were replaced by a gauze
(0.6 mm mesh size) in the chironomid treatment after 14 days. The
gauze offered emerged adults a suitable surface to cling to, preventing
drowning, meanwhile preventing the adult chironomids to escape from
the experimental set-up. Temperature, pH, dissolved oxygen and con
ductivity were measured twice a week directly in the trays using a Hach
HQ40 portable multiprobe with the appropriate probes (PHC101,
LDO101, CDC401). Probes were rinsed between each measurement. The
PHC101 probe was calibrated with 3 appropriate Hach pH calibration
solutions. Other probes were factory calibrated. During these measure
ments, demineralized water was added to compensate for evaporation
losses. The air temperature of the climate-controlled room was set at
19 ◦ C (±1 ◦ C).
After 14 days, half of the chironomid treatment replicates (n = 8) and
half of the control replicates (n = 4) were terminated, when most larvae
in the chironomid treatment had reached the 4th instar stadium, while
the remaining replicates were terminated after 22 days, when most
larvae had emerged as flying adults. Between day 15 and day 22,
emerged adults were collected daily with an insect aspirator, and
exuviae were collected with a pair of tweezers and briefly rinsed with
DSW. Insect aspirators with adults were placed at − 20 ◦ C for 24 h to
euthanize the adults, which were subsequently transferred into glass
vials.
From each tray that was terminated after 14 days or 22 days, a 50 mL
filtered water sample was collected, excess water was discarded, and the
remaining sludge was poured on a sieve (0.5 mm mesh size), and larvae
were manually collected with tweezers and transferred into a beaker
with DSW. A subsample of the larvae free sludge (on average 2.3 g DW
sludge) and the water sample were then stored at − 20 ◦ C in borosilicate
glass bottles. The chironomid larvae were transferred to a second beaker
with DSW and rinsed to remove attached sludge particles. To allow for

gut purging, the larvae were subsequently transferred into a poly
ethylene container (25 × 15 × 15 cm) containing a horizontally placed
gauze (0.6 mm mesh size) and DSW for 24 h. This construction mini
mized feeding on faeces, because C. riparius larvae are known for being
coprophagous, as the produced faeces would fall through the gauze,
while the larvae would remain on top of the gauze. After gut purging, the
larvae from each tray were transferred into an individual glass vial.
Chironomid samples (larvae, exuviae and adults) were stored at − 20 ◦ C
until further analyses.
2.4. Chemical analyses
The dry weight of the sludge and the biomass of the chironomid life
stages were determined, as well as the concentration of the metals Cu,
Zn, Pb and Ni, and the PAHs pyrene and phenanthrene in the sludge,
overlying water, and chironomid larvae, exuviae and adults.
2.4.1. Metal analysis
All chironomid and sludge samples were freeze dried, weighed, and
ground. Due to their low weight, all 97 egg ropes were pooled in one
sample. For the digestion of the samples, the EPA 3051 A protocol (U.S.
EPA, 2007) was followed, in accordance with digestion equipment
manufacturer (Anton Paar) guidelines. To dissolve the chironomid tis
sue, about 15 mg of DW sample was transferred into a 4.6 mL glass vial,
after which 250 μL 30% H2O2 and 500 μL 65% HNO3 were added, and
the vials were left overnight to allow for a slow dissolution. Samples
were subsequently placed in a microwave (Multiwave Pro, Anton Paar)
which ran a program of 350 W for 20 min with a 10 min ramp and 450 W
for 30 min with a 5 min ramp. As a control, two blank vials were added
per microwave run. The following day, an internal standard (230 μL 20
mg/L yttrium and 230 μL 40 g/L caesium chloride) was added to the
sample vial to allow correction for recovery, followed by the addition of
Ultrapure water (MilliQ) to reach a total volume of 4.6 mL. The samples
were then stored at 4 ◦ C until further analysis.
Sludge samples were digested by transferring 300 mg of each sludge
sample into a Teflon bomb to which 10 mL of 65% HNO3 was added.
Vials were set aside for 2 h to react. Samples were subsequently placed in
the microwave (Multiwave Pro, Anton Paar), heated to 175 ◦ C in 5.5 min
and maintained for 4.5 min and set aside for 1 h to cool down. As a
control, two blank vials were added per microwave run. The content of
the Teflon bomb was transferred into a 25 mL volumetric flask. Ultra
pure water (MilliQ) was added to reach a total volume of 25 mL and
thoroughly mixed. This solution was transferred into a 30 mL poly
propylene bottle and stored at 4 ◦ C overnight. The next day, 9 mL of the
solution was transferred into 15 mL polypropylene ICP vials and an
internal standard (500 μL 20 mg/L yttrium and 500 μL 40 g/L caesium
chloride) was added. The samples were stored at 4 ◦ C until further
analysis.
Water samples were thawed, and 9 mL of each water sample was
transferred into a 15 mL polypropylene ICP vial to which 500 μL yttrium
and 500 μL caesium chloride was added. The samples were stored at 4 ◦ C
prior further analysis. As a control, two blanc vials containing MilliQ
water and the same amount of yttrium and caesium chloride were
included.
The concentrations of the metals Cu, Zn, Ni and Pb in the samples
were determined using an inductively coupled plasma mass spectrom
eter (Optima 8300; PerkinElmer). See supplementary materials for
detection and quantification limits and manufacturer digestion recovery
rates (Table S1).
2.4.2. Organic contaminant analysis
Pyrene and phenanthrene were selected as model PAHs, since they
are representative of the presence of complex PAH mixtures (Arp et al.,
2011). These were only measured in the sludge and chironomid samples,
as PAH concentrations in the overlying water were expected to be
negligible (De Baat et al., 2019). The extraction methods and PAH
3
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analyses were based on the methods described in Ter Laak et al. (2009).
For the extraction of the organic contaminants from the chironomid
samples, either 40 mg DW larval tissue, 5 mg DW exuviae or 30 mg DW
of adult tissue was transferred into glass tubes to which 4 mL hexane was
added. The tubes were shaken for 1 h, after which 2 mL of ultrapure
water (MilliQ) and 1 mL of 0.5 M KOH were added. The tubes were
vortexed for approximately 20 s (Speed setting 6; Vortex Genie, Winn)
and stored overnight at 4 ◦ C. The organic layer was removed, and the
water layer was washed with an additional volume of 2 mL hexane. The
organic layers were combined and passed through a column filled with
anhydrous sodium sulphate. From the extracts 1.5 mL was placed into an
HPLC vial, evaporated to dryness, and reconstituted to 50 μL of 1:1 (v:v
%) of MilliQ – acetonitrile (0.1% of acetic acid) and filtered using a 0.22
μm PP filter.
To extract the organic contaminants from the sludge we used an
Accelerated Solvent Extractor 350 (ASE; Thermo Fisher Scientific,
Massachusetts, USA). The columns of the ASE cells (11 mL) were con
structed by placing 2 g of silicon dioxide and 2 g of Florisil in the cells,
after which 200–500 mg of sludge DW was added. For the ASE method,
the cells were heated at 140 ◦ C for 5 min, 2 static cycles of 5 min were
set, whereafter the cells were flushed for 1 min with a cell volume of
60% using acetone: dichloromethane 1:1 (v:v%) as extraction solvent.
The extracts were collected into 60 mL glass vials and evaporated to
dryness under a stream of nitrogen and reconstituted to 6 mL of hexane.
From these extracts 1.5 mL was placed into an HPLC vial, evaporated to
dryness, and reconstituted to 500 μL of 1:1 (v:v%) MilliQ – acetonitrile
(0.1% of acetic acid) and filtered using a 0.22 μm PP filter.
The samples were analysed using a Shimadzu Prominence HPLC
coupled to a RF-10 AXL Fluorescence detector at λem 385 nm and λex 250
nm. Depending on the concentration of the samples 1–20 μL of the
sample was injected into the system with an isocratic mobile phase
composition of acetonitrile - MilliQ (55:45, v/v%) and a flow of 0.5 mL,
with a runtime of 10 min. The separation was performed on an XB-C18
column (3 × 100 mm, 1.8 μm, Kinetex, Phenomenex). Quantification of
the PAHs was performed using external standards and processed with
LabSolution LC-solution software (Shimadzu). The linearity of the PAH
measurements was calculated with a 7-point calibration curve. Sludge
sample concentrations of both pyrene and phenanthrene were within
this concentration range. Because of the limited extraction material of
the chironomid samples a higher volume (20 μL) of the extracts were
injected. The chironomid pyrene concentrations were within the cali
bration curve, but phenanthrene concentrations were below the lowest
used standard. The LOQ of phenanthrene was based on blank mea
surements, approximated to 10 times the standard deviation of the
blank. The signal of samples lower than this LOQ was not reported. A
quality control was included based on repeated measurements of stan
dards and samples. Possible suppression of the signal was corrected for
with an internal standard. LOQ of sludge and chironomid samples was
based on the extraction volume of the analytical solution and the dry
weight of the sludge or chironomid samples (Table S2).

To check the assumption that the total metal content (μmol) for each
metal did not change during the experiment, we collected, dried and
weighed the complete sludge of three of the eight control samples
without chironomids at the end of the experiment instead of taking only
a subsample. This allowed us to determine the total metal content of
these three trays at the end of the experiment using equation 1. Subse
quently, we could compare the hypothetical metal content of the sludge
at the end of the experiment (as total metal content at the start minus the
metal content of the water at the end), with the actual measured values
of the metal content of the sub-sampled control sludge. For Cu and Zn,
3.0% (SD: 2.6) and 1.7% (SD:2.1) of metals were unaccounted for in the
calculation, when compared to the measured sludge metal content. The
calculated Ni and Pb content was an overestimation, as for Ni an excess
of 9.4% (SD:22.7) and for Pb an excess of 6.4% (SD: 14.7) were found
relative to the measured metal content, but the deviations for the dif
ferences in Ni and Pb were high.
As the calculated and measured Zn content deviated the least, we
used the Zn content to calculate the sludge dry weight of each tray at the
end of the experiment. For the samples collected at day 14, we sub
tracted the Zn content of the water and that of the chironomid larval
biomass at day 14, from the total Zn content at the start of the experi
ment, while for the samples collected at day 22, we subtracted the Zn
content of the water and the sum of remaining larvae, adults and exuviae
at day 22 from the total Zn content at the start of the experiment.
Subsequently we divided this calculated sediment Zn content by the
measured Zn concentration in the sludge (Eq. 2).
DWsed1 =

Zntot0 − (Znchir1 + Znwat1)
[Znsed1]

In which DWsed1 is the dry weight (g) of the sludge at the end of the
experiment, Zntot0 the total Zn content in a tray at the start of the
experiment, Znchir1 and Znwat1 are the Zn content of the chironomids
(μmol) and water (μmol), and [Znsed1] the Zn concentration of the sludge
(μmol•g− 1) at the end of the experiment, respectively. The total sludge
content of Cu, Ni, Pb, pyrene and phenanthrene could thus be calculated
by multiplying the measured sludge concentration with the calculated
sludge dry weight at the end of the experiment.
2.6. Data analyses
Two-way ANOVA (tw-AOV) tests were used to assess the effects of
chironomid activity over time on the total solids DW and the contami
nant concentrations in the sludge and the water. When an effect of
treatment or time was significant, these were followed by a Tukey post
hoc test. Although assumptions of normality were not met, we still
decided to use tw-AOVs, as they are robust against deviations from
normality, and the results are clearer to interpret than results of trans
formed data. To compare contaminant concentrations between the life
stages of the chironomids, a one-way ANOVA (AOV) or Kruskal-Wallis
(KW) was used, depending on whether assumptions of normality (Sha
piro-Wilk test) and homogeneity (Fligner’s test) were met. If life stage
had a significant effect on contaminant concentrations, either a Tukey or
Dunn’s post-hoc test was performed to determine which life stages
differed significantly in metal concentration. To test if the Cu, Zn and Pb
allocated to the overlying water at the end of the experiment differed
between the chironomid treatment and the control, a Kruskal-Wallis test
was used, due to the differing variances between treatments. Statistical
tests were performed in core R 3.6.1 (R Core Team, 2020). Figures were
produced using the ggplot2 (Wickham, 2016) and ggpubr (Kassambara,
2020) packages.

2.5. Mass balance calculation
The total metal content of each tray at the start of the experiment was
expressed as the sum of the metal content of the sediment and the metal
content of the water, which in turn was calculated by multiplying the
metal concentration in the sediment and in the water by the initial dry
weight of the sediment and the initial volume of the water respectively
(Eq. 1).
HMtot0 = ([HMsed0] × DWsed0) + ([HMwat0] × Volwat0)

3. Results

In which HMtot0 is the total content of a metal in a tray (μmol),
[HMsed0] and [HMwat0] are the metal concentrations in the sediment
(μmol•g− 1) and water (μmol•L− 1), respectively, and DWsed0 and
Volwat0 are the sediment dry weight (g) and water volume (L) at the
start of the experiment.

3.1. Experimental conditions
During the experiment, the water temperature ranged between
4
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17.5 ◦ C and 19.4 ◦ C (mean: 18.4 ◦ C) (Supporting Information: Fig. S1a),
while the pH ranged between 7.8 and 7.4 (Fig. S1b). The conductivity
over all treatments and days ranged between 562 and 867 μS/cm, with
an average of 695 μS/cm (Fig. S1c). Oxygen concentration ranged be
tween 7 and 8 mg/L, apart from three trays in which the aeration system
malfunctioned. These trays were assigned to the chironomid treatment,
of which one was measured at day 14, and the other 2 at day 22. In these
trays the oxygen concentration dropped to 3–4 mg/L O2, but as the
aeration systems were checked daily, these oxygen drops lasted for only
a short period of time (Fig S1d), and did not negatively affect the final
chironomid weight per tray at the end of the experiment. In one tray
with chironomid egg ropes, assigned to be harvested at day 14, larval
development did not occur, and this replicate was excluded from further
analyses. Furthermore, sludge samples from two replicates of the
chironomid treatment, and one from the control, were lost during pro
cessing. This resulted in n = 8, n = 4, and n = 3 for the sludge control at
day 0, day 14 and day 22; and an n = 14, n = 6, and n = 7 for the sludge
from the chironomid treatment at day 0, day 14 and day 22 respectively.

in the sludge after 22 days in the chironomid treatment compared to the
control (Tukey: all p < 0.0128).
The concentrations of Cu and Zn in the water over time were also
affected differently by the chironomid treatment compared to the con
trol, as indicated by the significant interactive effect (tw-AOV: df = 2,40,
both F > 8.0, both p < 0.0012). Whereas the concentrations of Cu and Zn
in the overlaying water increased in the chironomid treatment (Tukey:
both p < 0.0001) over time, they did not differ for the control. This
resulted in a 3 times higher Cu and 12 times higher Zn concentration in
the overlaying water after 22 days in the chironomid treatment (Tukey:
both p < 0.0004) compared to the control (Fig. 2 e-f). For Pb this pattern
was less pronounced (Fig. 2g), while the Ni concentrations in the
overlying water were below the detection limit (0.044 μmol/L). It must
be noted that the measured Zn concentrations at the start of the exper
iment, and for the control also at the other days, were just above the
detection limit (0.080 μmol/L), and under quantification limit (0.260
μmol/L). For Pb, most measured concentrations in the water were be
tween the detection (0.050 μmol/L) and quantification limit (0.166
μmol/L) Thus, these values should be interpreted with caution.

3.2. Sludge degradation

3.4. PAH degradation

The mean initial sludge dry weight per tray was 6.9 g (SD:0.1).
Sludge dry weight decreased over time (tw-AOV: df = 2,37; F = 54.6; p
< 0.0001) in both treatments, with a significant interaction between
time and treatment (tw-AOV: df = 2,37; F = 7.9, p = 0.0014), which
resulted in a significant lower dry weight remaining in the chironomid
treatment (mean: 4.7 g; SD:0.6) than in the control (mean: 5.9 g; SD:0.2)
after 22 days (Tukey: p = 0.0048) (Fig. 1). Hence, the sludge degrada
tion was 2.2 times higher in the chironomid treatment (2.21 g–32%
initial DW) than in the control (1.01 g–14.8% of initial DW).

In contrast to the metals, the pyrene (tw-AOV: df = 2,36; F: 98.7, p <
0.00001) and phenanthrene (tw-AOV: df = 2,36; F = 34.5, p < 0.00001)
content of the sludge decreased over time in both treatments, with a
significant interaction between time and treatment for both pyrene (twAOV: df = 2,36; F:6.4, p = 0.004) and phenanthrene (tw-AOV: df = 2,36;
F:4.6 p = 0.016). After 14 days, the pyrene (Tukey: p = 0.012) and
phenanthrene (Tukey: p = 0.049) content of the sludge were higher in
the chironomid treatment than in the control, but this difference had
disappeared after 22 days (Fig. 3a–b).
The same was observed for the concentrations of both PAHs in the
sludge, as time significantly affected the pyrene concentration (LOQ:
0.32 nmol * g− 1)(tw-AOV: df = 2,36; F = 57.3, p < 0.0001) as well as the
phenanthrene concentration (LOQ: 0.27 nmol * g− 1) (tw-AOV: df =
2,36; F = 11.8, p = 0.0001). Moreover, the interaction between time and
treatment was also significant for both the pyrene concentration (twAOV: df = 2,36; F = 9.2, p = 0.0006) and the phenanthrene concen
tration in the sludge (tw-AOV: df = 2,36; F = 6.9, p = 0.0028). This
interaction was prominent at day 14, when both the pyrene concentra
tion (Tueky: p = 0.0011) and phenanthrene concentration in the sludge
(Tukey (p = 0.013) were higher in the chironomid treatment compared
to the control treatment. Furthermore, whereas the phenanthrene con
centration in the sludge decreased over time in the control, there was no
difference between the time points for the chironomid treatment
(Fig. 3c–d). Pyrene concentration on the other hand did differ between
time the start and end of the experiment for both the control (Tukey: p <
0.0001) and chironomid treatment (Tukey: p < 0.0001).

3.3. Redistribution of metals
All metal concentrations in the sludge increased over time, as indi
cated by the two-way ANOVA’s (tw-AOV: df = 2,36; all F > 13.6, all p <
0.00001) (Fig. 2 a-d). The significant interaction effects of treatment and
time for Cu, Zn and Pb (tw-AOV: df = 2,36, all F > 5.6, all p < 0.0075)
indicated that this process was enhanced in the chironomid treatment.
This resulted in 24, 24 and 30% higher concentrations of Cu, Zn and Pb

3.5. Bioaccumulation of metals and PAHs in chironomids
The mean total chironomid biomass collected after 14 and 22 days
was 260 mg DW (SD: 82) and 586 mg DW (SD: 120), respectively.
Although the three egg ropes did contain metals, 0.68, 0.11, 0.14 and
18.3 μmol/g for Cu, Ni, Pb and Zn, respectively, the total weight of three
egg ropes was only 0.65 mg. Thus, the maximum percentage of metals
present in the chironomid biomass at the end of the experiment that
could have originated from the egg ropes was limited to 0.2%, 0.6%,
0.5% and 1.5% for Cu, Ni, Pb and Zn respectively. The concentration of
the essential metals Cu and Zn were either significantly lower in the
exuviae for Cu (Fig. 4a) (KW-χ2 = 13.1, df = 2, p < 0.05, Dunn’s = both
p < 0.0046), or did not differ between life stages for Zn (Fig. 4b).
Concentrations of the non-essential metals Ni and Pb also differed be
tween life stages (both KW-χ2>13.9, df = 2, p < 0.05), but for these
metals, the concentration in the adults was lower than in the exuviae
and larvae (all Dunn’s p < 0.05) (Fig. 4 c, d). Moreover, the Ni

Fig. 1. Average sludge dry weight (g) after 14 and 22 days in the control and
the chironomid treatment (n = 8, 4, 4 and n = 13, 6, 7 for the control and
chironomid treatment at day 0, day 14 and day 12 respectively). Error bars
represent 95% confidence limits without normality assumption. A * denotes a
significant difference (Tukey post-hoc: p < 0.05) between treatments at day 22.
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Fig. 2. Average Cu, Zn, Pb and Ni concentrations in
the sludge (μmol/g DW) (a–d) (n = 8, 4, 3 and n = 13,
6, 7 for the control and chironomid treatment at day
0, day 14 and day 12 respectively), and in the over
lying water (e–g) over 14 and 22 days in the control
and the chironomid treatment (n = 8, 4, 4 and n = 15,
7, 8 for the control and chironomid treatment
respectively). Error bars represent 95% confidence
limits without normality assumption. A * denotes a
significant difference (Tukey: p < 0.05) between
treatments at day 22..

concentration in the exuviae was higher than that of the larvae (Dunn’s
p < 0.05). It must be noted though that the measured concentrations of
Ni and Pb were at or below detection limit (0.012 and 0.013 μmol/g
respectively) for multiple adult samples, and around quantification limit
(0.039 and 0.044 μmol/g respectively) for multiple larval samples. The
pyrene concentrations also differed between life stages (KW-χ213.4, p <
0.05), and were again highest in the exuviae (Fig. 4 c), but did not differ
between the adults and the larvae. The phenanthrene concentrations did
only marginally differ between life stages (KW-χ2 = 3.5, df = 2, p =
0.08), but this was due to an outlier in the exuviae data, as excluding this
outlier would result in an effect of life stage on phenanthrene concen
tration (KW-χ2 = 10.9, df = 2 p < 0.05), being again highest in the
exuviae (Fig. 4 f). It must be noted that phenanthrene concentrations
were below the lowest used calibration concentration, and therefore less
accurate (Table S2).

percentages of metals that were released into the overlying water due to
increased sludge degradation and chironomid bioturbation were rather
low, the actual metal concentrations that were reached in the water
were substantial (Fig. 2).
4. Discussion
4.1. Chironomids redistribute sediment associated contaminants
In accordance with our hypothesis, chironomid activity enhanced
sludge degradation, which resulted in increased concentrations of
metals in the sludge, as the same amount of metals remained associated
with a decreasing amount of sludge. Moreover, in the presence of the
chironomids, a small portion of the metals had partitioned into the
overlying water at the end of the 22-day experiment. This contrasts with
the effect of Chironomus plumosus on the Cu (Schaller, 2014) and the Zn
(He et al., 2017) concentration in the overlying water, either having no
effect (Cu), or reducing the Zn concentration relative to the control. This
might be due to differences in chironomid feeding strategies (Martin
et al., 2008), lower OM content of the sediment used by He et al. (2017)
or a shorter exposure time used by Schaller (2014). The metal flux into
the overlying water observed in the present study might be due to both
chironomid feeding and bioturbation activity. Although the number of
chironomids in the sludge decreased from day 14 to day 22 due to pu
pation and emergence, the bioturbation and feeding activity continued,
as the remaining larvae kept growing to 4th instars, likely increasing the
per capita bioturbation and feeding activity. Chironomid feeding
resulted in a lower amount of sludge, which limited the availability of
binding sites for the metals, possibly increasing the flux into the over
lying water. The effect of the chironomids on the fate of the metals is

3.6. Metal mass balances
At the start of the experiment, the majority (98.7, 92.3, 99.7%) of the
Cu, Pb and Zn was bound to the sludge and remained associated with the
sludge during the experiment (96.0, 91.8, 97.1%), while after 22 days,
only a small proportion (1.0, 0.6, 0.9%) ended up in chironomid larvae,
exuviae and adult biomass (Fig. 5a-f). Chironomid activity resulted in a
release of 3.0, 7.2, and 2.0% of Cu, Pb and Zn into the water phase,
which was significantly more than in the control for Cu (1.1%) (KW-χ2
= 5.8, df = 1, p = 0.02), and Zn (0.2%) KW-χ2 = 5.8, df = 1, p = 0.02)
respectively, whereas this distribution did not differ for Pb (6.5%).
Moreover, the amount of metals released into the water due to chiron
omid activity was nearly twice as high for Cu and Zn (1.9 and 1.8%) as
the amount accumulated in chironomid biomass. Although the
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et al., 2019), Zn: 7.8 μg/L (Vos & Janssen, 2008), and Pb: 7.2 μg/L (EU,
2008), which could have detrimental effects on pelagic organisms.
However, for the chironomids themselves, the increased contaminant
concentrations in the sediment as well as in the overlying water might
offer them a competitive advantage over other, less tolerant, species in
their surrounding environment (Fleeger, 2020; Sánchez-Bayo, 2021).
Chironomid activity hampered the degradation of PAHs in the
sludge, which did not conform to our expectations, since increased PAH
degradation is generally associated with aerobic conditions (Boyd et al.,
2005; Cuny et al., 2011), which the bioturbation and bioirrigation by the
chironomids would have provided (Gautreau et al., 2020). It is possible
that the chironomids altered the microbial community, since the
degradation of PAHs is largely dependent on this (Duran &
Cravo-Laureau, 2016). As the PAH influx into WWTPs is likely to be
constant, the microbial communities of WWTP sludge are most likely
well capable to degrade PAHs (Poursat et al., 2020). However, when
chironomids are present in the system, they might exert grazing pres
sure, or change the sludge micro-climate (Poulsen et al., 2014; Samui
loviene et al., 2019). This grazing pressure or change in micro-climate
may alter the microbial community composition (Hunting et al., 2012;
Poulsen et al., 2014; Samuiloviene et al., 2019) present in the sludge,
which could reduce its capacity to degrade PAHs, although this remains
to be proven (Gonzalez et al., 2019). Such effects of benthic in
vertebrates on the environmental fate of PAHs may be species specific,
as in contrast to the chironomids, tubificid activity did not affect the
concentration of pyrene and phenanthrene in stormwater sediments
(Mermillod-Blondin et al., 2008). Nonetheless, based on the results of
the present study, it is concluded that activity of chironomid larvae
resulted in higher concentrations of metals and PAHs in the sediment,
albeit caused by different processes.
4.2. Biomanipulation prevails over bioaccumulation
Fig. 3. Average pyrene (a) and phenanthrene (b) content (nmol), and pyrene
(c) and phenanthrene (d) concentration (nmol/g DW) in the sludge over 14 and
22 days (n = 8, 4, 3 and n = 14, 6, 7 for the control and chironomid treatment
at day 0, day 14 and day 12 respectively). Error bars represent 95% confidence
limits without normality assumption. A * denotes a significant difference be
tween treatments at day 14 (Tukey: p < 0.05).

The chironomids altered the distribution of metals in the experi
mental system, and in line with our hypothesis, their feeding, bio
turbation and bioirrigation affected the distribution of metals to a larger
extend than their bioaccumulation. The flux of metals from the sludge
into the overlying water was larger than the metal flux from the sludge
into chironomid biomass. Interestingly, the concentrations of the nonessential metals and PAHs in the chironomid exuviae were higher than
in the adults. This indicated that the chironomid larvae were able to
dispose a significant part of the contaminants that they had accumulated
in their exuviae and emerged as adults with lowered Ni and Pb con
centrations, as previously observed for Cd (Groenendijk et al., 1999).
This process was efficient for metals, as the concentrations in the adults
were lower than in the larvae. For the PAHs on the other hand, the
increased concentrations in the exuviae were insufficient to lower the
concentrations in the emerged adults. This might be due to the relative
low weight of the exuviae, and the possible concentration of contami
nants that occurs when the larvae pupate and emerge. During pupation,
the chironomids do not feed, but do respire, which likely results in a
weight loss, as adults weigh less than larvae. Currently there is sub
stantial interest in contaminant transport from aquatic to terrestrial
ecosystems with emerging invertebrates as a vector, which indeed can
impact the terrestrial food web and predatory species (Schulz & Bund
schuh, 2020). This is highlighted by our results, as concentrations of Cu,
Zn and pyrene in the chironomid adults exceeded the allowable levels
for feed or foodstuff (EU, 2006; EFSA, 2016, 2017), indicating these
WWTP sludge cultured chironomids pose a risk for insectivores such as
bats and birds. However, our results also indicated that macro
invertebrate activity can result in greater fluxes between environmental
(benthic-pelagic) compartments than bioaccumulation. Nonetheless, the
way how different macroinvertebrate traits affect these processes is not
well understood yet, hence more studies should focus on determining
bioaccumulation as well as on the effect of macroinvertebrates on the
redistribution of contaminants in these ecosystems.

therewith opposite to that of shredders, which create more FPOM and
thus more binding sites and fixation of metals (Schaller et al., 2010).
Although the effect of chironomids on the oxygen content might be less
pronounced than other macroinvertebrates with a biodifussive mode of
bioturbation (Hunting et al., 2012; van der Meer et al., 2017), the
chironomid bioturbation likely facilitated the oxygen transport into the
lower layers of the sludge, which are likely to be anoxic (Heinis et al.,
1994). Increased oxygen concentrations can lead to a reduction in Acid
Volatile Sulphides (AVS) which bind metals under anoxic conditions (De
Jonge et al., 2012; Simpson et al., 2012). Thus, chironomid bioturbation
and irrigation can lead to a reduction of AVS, which in turn can enhance
the bioavailability of these metals, promoting a flux from the sludge into
the overlying water. In this experiment, both feeding and bioturbation
activity thus likely enhanced the flux of metals from the sludge into the
overlying water. Although the portion of metals present in the water
might still be small compared to that remaining associated to the sludge,
this flux increased the concentration of the metals in the water almost
12-fold in the case of Zn. Thus, benthic macroinvertebrate activity can
increase the concentration of metals in the water overlying contami
nated sediments, which could severely impact organisms in the water
column. This is worrisome, as contaminated sediments are presently
often the most contaminated compartment of aquatic ecosystems
(Taylor & Owens, 2009). More specifically, the measured concentrations
of Cu (21 μg/L), Zn (89 μg/L) and Pb (32 μg/L) in the overlying water of
the chironomid treatment at the end of the experiment exceeded the
environmental quality standards for surface waters (Cu: 4.6 μg/L (Peters
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Fig. 4. Bioaccumulation of the contaminants Cu (a),
Zn (b), Ni (c) Pb (d) (n = 6 for larvae and n = 7 for
exuviae and adults), pyrene (Pyr) (e), and phenan
threne (Phen) (f) (n = 7 for larvae, n = 5 for exuviae
and n = 8 for adults) in three chironomid life stadia
(μmol/g or nmol/g DW chironomid): Larvae, Exuviae
and Adults. Boxes show interquartile range, bold lines
represent the median, whiskers indicate the lowest
and highest values within 1.5x interquartile range
from the box, dots represent outliers. Different letters
denote a significant (Dunn’s: p < 0.05) difference
between chironomid life stages.

4.3. Treating sludge with benthic macroinvertebrates

conditions, their variability in traits is limited, most worms being gallery
diffusors preferably feeding on very fine particles (Rodriguez et al.,
2001). However, different macroinvertebrates exert different modes of
bioturbation that have varying impacts on the physicochemical condi
tions of the sediment (Hunting et al., 2012; Mermillod-Blondin &
Rosenberg, 2006), while different modes of feeding, food preference and
size may affect which parts of the OM are handled and digested (Tonin
et al., 2018). Therefore, the effects of benthic invertebrates on sludge
degradation and the redistribution of sediment associated contaminants
would be strongly species specific, although this remains to be studied.
Hence, although the development of macroinvertebrate-based treatment
systems has several challenges, such as managing changes in concen
tration, temperature, and sufficient O2-concentrations over time, mac
roinvertebrates possess the traits to aid the treatment of our wastewater,
as the presently studied chironomid larvae have shown.

As the chironomids more than doubled the sludge degradation in our
experimental setup, the treatment of sludge using chironomids may be
beneficial for WWTP operators, as sludge disposal can make up to 60%
of a WWTP operational costs (Buys et al., 2008). Lesser amounts of
sludge would thus result in lower handling costs. However, through
their bioturbation and feeding activity, the chironomids also enhanced
the flux of metals into the overlying water, which may be considered as a
disadvantage of the present approach, as the overlying water is dis
charged as effluent in surface waters. A solution to the enhanced release
of contaminants into the overlying water may be to introduce filter
feeding bivalves (Magni et al., 2015) or sponges (Záková & Kockova,
1999), as they could remove these contaminants from the water column
by their high filtering capacity, subsequently accumulating or bio
depositing them. Currently, experiments employing macroinvertebrates
as WWTP purification steps are mostly focused on oligochaetes (Cai
et al., 2017; de Valk et al., 2017; Li et al., 2019; Schuijt et al., 2021) (e.g.
Tubifex spp.), and while these taxa tend to thrive under WWTP

5. Conclusions
Macroinvertebrates are increasingly recognized as actors influencing
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Fig. 5. Distribution of Cu (a,b), Pb (c,d) and Zn (e,f) (%) in the treatments at the start and the end of the 22 day experiment. Metals in the sediment are given in
brown, in the overlying water in blue, and in chironomid biomass in red. (For interpretation of the references to colour in this figure legend, the reader is referred to
the Web version of this article.)

the fate of contaminants. Here we have emphasized that chironomids
can play a significant role in OM degradation and contaminant redis
tribution, rather by their feeding and bioturbation activity than by
bioaccumulation. It is therefore concluded that contaminantmacroinvertebrate interactions are bilateral relationships driven by
the interplay between macroinvertebrate traits and contaminant
properties.
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