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Abstract
1.	 Amazonian floodplain forests are particularly vulnerable to wildfires that spread 

during extreme droughts, causing large-scale forest dieback. After a second wild-
fire, these forests persist trapped with low tree cover and empty seed banks, yet 
the mechanisms that could explain this arrested succession remain unknown.

2.	 Here we use a 4-year field experiment to test whether tree recruitment failures in 
burnt floodplain forests are caused by environmental filtering, limiting early seed-
ling emergence and establishment. We sowed seeds and planted seedlings of six 
floodplain trees with contrasting life strategies, and tested the roles of environ-
mental filters by comparing tree seedling performances under different habitats 
(i.e. unburned forest, forest edge with burnt site, forest burnt once and forest 
burnt twice), and by manipulating soil root mats and herbaceous cover.

3.	 Our results show that seedling emergence was around 15% across all habitats. In 
general, seedlings performed best in burnt forests. Seedling growth was highest 
in forests burnt once, possibly because of high nutrient availability after fire. In 
forests burnt twice, tree seedlings grew relatively less, as nutrients become limit-
ing due to flood erosion; yet, seedlings survived longer, possibly because of lower 
competition with sparse, naturally recruiting trees. We found similar patterns for 
seedlings that emerged in the field from sowed seeds.

4.	 Synthesis. Our experimental evidence suggests that environmental filtering related 
to soil nutrient limitations may slow down forest recovery after repeated wildfires. 
Yet, our findings showing that floodplain trees are able to germinate from seeds 
and establish successfully in twice burnt forests suggest that seed limitation may 
be the reason why forest recovery fails persistently. A corollary to the problem is 
that repeatedly burnt forests seem to be trapped by a self-reinforcing feedback, 
in which low tree cover reduces seed dispersal and consequently seed availability, 
keeping tree cover low. Overall, our findings indicate that active restoration initia-
tives based on seeding native tree species may help accelerating the recovery of 
degraded floodplain forests after repeated wildfires.
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1  | INTRODUC TION

The persistence of tropical forests depends on their ability to re-
cover from disturbances (Barlow et  al.,  2018; Cole et  al.,  2014). 
Climate change has intensified extreme drought events, hurricanes 
and wildfires, exposing tropical forests to unprecedented distur-
bance regimes that may compromise forest functioning and resil-
ience (Barlow et al., 2018; Silvério et al., 2019). Wildfires in particular 
are serious threats to wet tropical forests because these ecosystems 
have been rarely exposed to fire in evolutionary and historical times 
(Cochrane,  2003). When tropical forests burn, tree mortality can 
be high (23%–44%, or up to 90% in floodplain forests), allowing the 
spread of flammable herbaceous plants that increase the vulnera-
bility to repeated fires (Brando et al., 2014; Cochrane, 2003; Flores 
et al., 2014; Silvério et al., 2013).

After large-scale disturbances, forest recovery may fail due 
to several processes that limit tree recruitment, including tree 
survival and resprouting, seed bank mortality, seed production, 
seed dispersal, as well as seedling emergence, survival and estab-
lishment as adult trees (Chazdon, 2003; Connell & Slatyer, 1977). 
Overall, forest recovery depends on the capacity of surviving trees 
to resprout and new trees to recruit. The success of new trees 
to recruit depends on two main processes; seed limitation and 
establishment limitation. Seed limitation is the reduction of tree 
recruitment caused by the lack of seeds (Turnbull et  al.,  2000), 
whereas establishment limitation is the reduction of recruitment 
caused by environmental filtering and mortality agents, such as 
predation or herbivory acting on young tree seedlings and sap-
lings (Nathan & Muller-Landau, 2000). For instance in forests re-
cently disturbed by severe, large-scale events, tree recruitment 
often depends on long-distance seed dispersal, which may even-
tually result in seed limitations (Nathan & Muller-Landau, 2000; 
Turnbull et al., 2000). Once tree seeds arrive in these burnt for-
ests, they still need to overcome new local environmental condi-
tions that can act as filters for the growth and survival of young 
seedlings and saplings (Chazdon, 2003; Connell & Slatyer, 1977). 
The relative importance of these different stages of tree recruit-
ment varies across ecosystems. However, in some cases, multiple 
recruitment limitations can slow down forest recovery, maintain-
ing a persistently open vegetation state of arrested succession 
(Acácio et  al.,  2007; Flores et  al.,  2016; Holmgren et  al.,  2000; 
Veldman & Putz, 2011).

In the Amazon region, wildfires have become more frequent 
and intense during extreme drought events (Alencar et al., 2015; 

Brando et  al.,  2014). Recently, wildfires have penetrated closed-
canopy forests throughout the Amazon basin (Alencar et al., 2015; 
Aragão et  al.,  2007), causing the most severe impacts on flood-
plain forests, where field and satellite evidence have revealed mas-
sive tree mortality and tree cover loss (Flores et al., 2014, 2017; 
Nogueira et al., 2019; Resende et al., 2014). In particular, nutrient-
poor black water floodplain forests of the Amazon can be surpris-
ingly flammable because they have a root mat that, once dried, 
can easily burn (dos Santos & Nelson,  2013). Their forest struc-
ture is slightly more open, compared to upland (terra firme) forests, 
allowing this material to desiccate faster (Almeida et  al.,  2016). 
Root mats are a forest adaptation to the seasonal flooding that 
protects the organic soil layer of these floodplain forests by ef-
fectively recycling nutrients and preventing water erosion (Stark 
& Jordan,  1978), but they can also spread human-ignited wild-
fires during extreme drought events (Flores et al., 2014; Goulding 
et al., 1988).

In floodplain forests of the central Amazon, one single wild-
fire can kill up to 90% of all trees (Flores et  al.,  2014; Resende 
et al., 2014). Because these forests recover slowly after the first fire, 
they may spend 10–20 years in an open state with high herbaceous 
cover, vulnerable to reburning (Flores et al., 2016, 2017). As the for-
est recovers, herbaceous cover eventually disappears, but below-
ground, fuel slowly builds up as root mats accumulate again, keeping 
the forest vulnerable to drought-driven fires (Flores et  al.,  2016). 
After a second wildfire, floodplain forests may persist in an open 
vegetation state, with low tree cover, depleted seed banks, high her-
baceous cover and eroded soils (Figures 1 and 2; Flores et al., 2016; 
Flores & Holmgren, 2021a).

Although previous observational evidence suggests that low 
nutrient availability and competition with herbaceous plants may 
contribute to tree recruitment failures in repeatedly burnt flood-
plain forests (Flores et  al.,  2016; Flores & Holmgren,  2021a), the 
actual mechanisms that explain the lack of tree establishment re-
main poorly understood. Soil erosion reduces nutrient availability 
potentially reducing tree growth rates (Flores et al., 2020), whereas 
herbaceous plants may reduce tree growth especially in the early 
phases of tree establishment by limiting seedling emergence and 
by competing with young seedlings (Hoffmann et al., 2004). Both 
drivers, nutrient availability and herbaceous cover, ultimately 
limit forest recovery and therefore increase the risk of reburn-
ing (Cochrane, 2003). Moreover, the fact that seed banks remain 
empty for at least a decade in twice burnt floodplain forests 
(Figure 2; Flores et  al.,  2016) may be an indication that dispersal 
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interactions with frugivores have been disrupted (Hawes et al., 
2020), which may also contribute to limit forest recovery. In such 
cases, forest recovery may depend upon the arrival of tree seeds 
from distant sources (Chazdon, 2003; Guevara et al., 1986; Nathan 
& Muller-Landau, 2000; Turner et al., 1998), often dispersed by an-
imals that can be very sensitive to open disturbed areas (Barlow 
& Peres,  2004; Barlow et  al.,  2016; Hawes et al., 2020; Ritter 
et al., 2012).

Here we experimentally tested whether environmental filter-
ing contributes to slow down tree establishment in burnt flood-
plain forests of the Rio Negro, in the Central Amazon region. More 
specifically, we test the hypothesis that repeatedly burnt forests 
persist in an open state under arrested succession because tree 
seeds that arrive are not able to emerge and establish due to en-
vironmental conditions (specifically, the absence of a canopy and 
root mat layers, nutrient limitations and competition with herba-
ceous plants). Supported by previous findings showing that seed 
banks remain empty in repeatedly burnt forests, and that these 
forests fail to recover persistently (Figure  2; Flores et  al.,  2016; 
Flores & Holmgren, 2021a), we further discuss the potential role of 
different processes that might limit tree recruitment. We studied 
different habitats of this floodplain landscape (Figure 1; Figure S1), 

including unburnt forest, forest edge with burnt sites, forest burnt 
once and forest burnt twice. In each habitat, we added seeds and 
planted seedlings of six floodplain tree species with contrasting 
life strategies, and monitored seedling emergence, growth and 
survival for 4 years. We also manipulated environmental condi-
tions, to assess the relative importance of resource availability and 
competition with herbaceous plants. Based on the experimental 
evidence, we discuss the most promising restoration strategies for 
fostering the regeneration of Amazonian floodplain forests de-
graded by wildfires.

2  | MATERIAL S AND METHODS

2.1 | Study system

We studied the floodplain forests of the middle Rio Negro, Central 
Amazonia (Figure  1; Figure  S1). In this region, floodplains cover 
4,100 km2 (Latrubesse & Franzinelli, 2005), and due to their biologi-
cal value, the whole area was recently incorporated into the Ramsar 
Convention (Rio Negro site, https://rsis.ramsar.org/ris/2335). In ad-
dition to forests, patches of white-sand savanna are found scattered 

F I G U R E  1   Amazonian floodplain 
forests of the Rio Negro degraded by 
wildfires. (A) Front view of the unburnt 
forest from the river channel. (B) Unburnt 
forest from inside. (C) Forest burnt once 3 
years earlier, with no signs of recovery. (D) 
Same forest as in (C), burnt once 7 years 
before the picture, now with massive tree 
recruitment. (E) Forest burnt a second 
time 3 years earlier, with no signs of 
recovery. (F) Same forest as in (E), burnt 
for the second time 7 years before the 
picture, still with no signs of recovery. 
Note how the different habitats (B–F) 
changed from the start to the end of the 
experiment. Credits: (A, C, E) Bernardo 
M. Flores, and (B, D, F) Peter van der 
Sleen

(A) (B)

(C) (D)

(E) (F)

https://rsis.ramsar.org/ris/2335
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across the floodplain landscape, with distinct flora and fauna 
(Adeney et al., 2016). In this region, flooding is associated with the 
acid (pH 3.5–4.0) and nutrient-poor black water rivers that expand 
laterally during the rainy season, forming ecosystems known locally 
as igapó (Junk et al., 2015). The annual flood-pulse of 5.5 m in am-
plitude inundates the floodplain landscape from 5 to 11 months an-
nually (lowest in January and highest in July). In the region, mean 
annual precipitation is 2,400 mm and well distributed, with montlhy 
rainfall over 100 mm throughout the year (based on daily measures 
since 1967, Agência Nacional de Águas—https://www.ana.gov.br/). 
Although the soil of these floodplains is naturally poor in nutrients, 
forests can grow up to 30 m tall, and attain 300 Mg/ha of biomass 
(Junk et al., 2015).

2.2 | Experimental design

We selected two experimental sites based on the fire history of the 
middle Rio Negro floodplain landscape from 1973 through 2013 
(Flores et al., 2016). One site had burnt once (0.8218°S, 63.0062°W, 
Figure S2), and the other site had burnt twice (0.8157°S, 63.2726°W, 
Figure S3). Both sites had 3 years since the last burn, and had similar 
flooding regimes (172 days/year for the once burnt, 165 days/year 
for the twice burnt). In the field, we experimentally tested whether 
environmental filtering could help explain the persistent recruitment 

failure of forest tree species reported for burnt floodplain forests 
(Flores & Holmgren,  2021a; Flores et  al.,  2016). We manipulated 
seed arrival and emergence by sowing seeds and planting seedlings 
of floodplain trees and assessing whether they could establish. We 
assessed environmental filters by comparing seedling emergence 
(germination), growth and survival across contrasting forest habitats 
(i.e. unburnt forest, forest edge with once burnt forest, forest burnt 
once and forest burnt twice) and manipulated resource conditions 
(with/without root mat) and competition with herbaceous plants 
(with/without herbs).

Forest habitats have distinct seed banks (Figure  2, Flores 
et  al.,  2016). Unburnt forests have intact seed banks with plenty 
seeds of many species (Flores et al., 2016). We do not have informa-
tion for seed banks in the forest edge, but even if they were reduced 
during the fire, the presence of trees probably contributed to their 
fast recovery (Guevara et al., 1986). When these forests are burnt 
for the first time, they lose most of their seed banks, but with time, 
seed banks are able to recover. In contrast, when they are burnt a 
second time, seed banks become persistently empty, with no signs 
of recovery for at least 9 years.

Forest habitats have also distinct environmental filters that 
could reduce tree recruitment (Table 1). In the unburnt forest, closed 
canopies block solar irradiance shading the understory, and root 
mats contribute to retain nutrients in the superficial soil (Figure 1B; 
Table 1). In the forest edge near once burnt sites, solar irradiance is 
higher than inside the forest, while root mats are still present. In the 
forest burnt once, at the start of the experiment, 100% of the trees 
had been killed and most of the root mats were consumed by the 
wildfire, herbaceous plants covered ~72% of the area, and topsoils 
were enriched by nutrients released during combustion (Figure 1C; 
Table 1). However, conditions in the forest burnt once changed dras-
tically during the course of the experiment, as young trees were re-
cruited densely (Figure 1D). In the forest burnt twice, at the start of 
the experiment, trees were practically absent, as well as root mats, 
herbaceous plants covered 100% of the area, and soil nutrients 
were limiting, compared to the other habitats (Figure 1E; Table 1). 
These harsh conditions in the forest burnt twice persisted during the 
course of the experiment (Figure 1F).

For Experiment 1, we used a split-plot factorial design to as-
sess the effects of forest canopy and root mats on seedling perfor-
mances. In the unburnt forest, we established 10 blocks separated at 
least 30 m from each other, with two paired plots each (of 4 × 4 m); 
one pair in the forest interior and another in the forest edge, at the 
border with the forest burnt once (Figures S1a and S2). For each pair 
of plots, we randomized which plot would have the root mat (and 
litter layer) removed, and which would retain it, as our controls. We 
removed the root mat with a hoe, a manipulation that was still visible 
after 4 years. In this experimental set up, we tested how contrasting 
root mat conditions affect seedling emergence and establishment 
under the closed canopy and edge of the forest.

For Experiment 2, we used a second split-plot factorial design to 
assess the effects of herbaceous cover on tree seedling recruitment 
in forests burned once and twice. We established 10 pairs of plots 

F I G U R E  2   Density of tree seeds in the seed banks of floodplain 
forests in the study region, before and after wildfires. Compared 
to unburnt forests, forests burnt once have less seeds, but with 
time, they are able to recover their seed banks (see increase from 
3 to 15 years after fire). In contrast, forests burnt twice remain 
with empty seed banks for at least 9 years after fire. Density of 
tree seeds in these different habitats were collected in cores of 
10 × 15 × 5 cm (length × width × depth), including the surface litter 
and root mat, from three distinct sites representing each habitat 
(adapted from Flores et al., 2016)

https://www.ana.gov.br/
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(4 × 4 m) in the forest burnt once with at least 30 m distance from 
each other and randomized which plot would have the herbaceous 
cover removed, and which one would retain it (Figures S1b and S2). 
We established 10 comparable experimental pairs of plots in the 
forest burnt twice, with and without herbaceous cover (Figure S3). 
Herbaceous cover (including herbs and graminoid vegetation) was 
present in all plots, and we removed it with a hoe in the treatment 
plots at the start of the experiment. Although herbaceous cover re-
grew sparsely over time, treatment plots with removed herbaceous 
covered were still distinct from control plots after 4 years.

Overall, in these two field experiments, we established 80 plots, 
with 20 plots in each habitat, of which 10 were under manipulation 
treatment and 10 were controls. Each plot of 4 × 4 m was divided 
into nine equal quadrants (Figure S1). In six of those quadrants, we 
planted tree seedlings, with each species per quadrant in randomized 
positions. The other quadrants were used for inserting tree seeds, 
with species in the same order in which we planted the tree seed-
lings. Seedling and seed quadrants of each species were mapped to 
be precisely monitored in the next years.

2.3 | Tree species: Selection, seed collection and 
seedling preparation

We selected six tree species with distinctive functional traits that 
occur in our study system (Table 2). In our previous study (Flores & 
Holmgren,  2021a), we inventoried multiple sites including forests, 
burnt sites and white-sand savannas. Based on information about 
the relative abundances of 172 tree species, we identified these six 
that were relatively common in at least one of these habitats (see 
Figure  S4). Hevea spruceana is typical of unburnt forest habitats. 
Handroanthus serratifolius is typical of white-sand savanna habitats, 
but it may also occur in the burnt forest. Macrolobium acaciifolium 
and Eschweilera tenuifolia are common in burnt forests, but also 
occur in unburnt forests. Duroia eriopila and Buchenavia oxycarpa 
are generalist species that occur in all habitats. Species Macrolobium 
acaciifolium and Eschweilera tenuifolia are long living pioneers that 
require abundant light conditions to recruit, but once they reach the 
canopy they can live up to 500 years or more (Resende et al., 2020; 
Schöngart et al., 2005).

We collected tree seeds during the high water season of 
2013 (between May and July), when most floodplain trees repro-
duce (Kubitzki & Ziburski, 1994; Parolin et  al., 2004) and approxi-
mately 6 months before establishing the field experiments. Seeds 
were collected from at least five different individuals of each spe-
cies in floodplain forests of the study landscape. For the species 
Macrolobium acaciifolium, Buchenavia oxycarpa, Eschweilera tenuifolia 
and Handroanthus serratifolius, seeds were removed directly from the 
canopy. For species Hevea spruceana and Duroia eriopila, seeds were 
collected floating in the water below their mother trees. For each 
species, we collected around 1,000 seeds and maintained them in-
side mesh bags, under shallow water and beneath the floodplain for-
est canopy. This method protects seeds from predators and breaks TA
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their dormancy, allowing seeds to germinate when floodwaters re-
cede (Kubitzki & Ziburski, 1994; Parolin et al., 2004). In September 
2013, we sowed 500 seeds of each species in individual seedling 
bags of 15  ×  23  cm that were kept watered in a shade-house, so 
that seedlings could germinate and grow until the start of the next 
dry season. The shade-house had 70% of the natural irradiance and 
seedlings were irrigated at the end of each day. The remaining seeds 
were maintained below water to be sowed at the start of the exper-
iment, together with the seedlings produced.

In the shade-house, all species had seedling emergence rates 
above 64% (320 out of 500 planted seeds), except for Hevea spruce-
ana with only 40% of seedling emergence. Eschweilera tenuifolia had 
the highest seedling emergence rate of 96%. Seedling emergence is 
the combined result of both germination success and early growth 
of the seedlings above the soil surface. In January 2014, we planted 
four seedlings and five seeds of each species in each plot, for a total 
of 320 seedlings and 400 seeds per species, or 4,320 individuals. 
For Hevea spruceana, we planted 196 seedlings in a lower number of 
field plots because this species had a lower germination rate. At the 
time of planting, we measured the height of each individual seedling. 
After 1 month, 1 year, and 4 years, we monitored all individuals to 
assess seedling emergence, growth and survival. We also measured 
growth and survival of the individuals that emerged from seeds in-
serted in the field.

Before implementing the field experiments in January 2014, 
we randomly selected 20 seeds and 10 seedlings of each species to 
measure their traits (Table 2). All seedlings had the exact same age 
of 3.5 months. We dried all seeds and seedlings, and then measured 
seed mass, above and below-ground biomass of seedlings, root 
and shoot length of seedlings, as well as leaf mass. We also calcu-
lated root:shoot ratios as below-ground biomass divided by above-
ground biomass (including wood and leaf). These traits are known 
to correlate with plant resource acquisition and performance under 

various environmental conditions (Hoffmann & Franco, 2003; Howe 
& Smallwood,  1982; Leishman et  al.,  2000; Mokany et  al.,  2006; 
Moles & Westoby, 2006).

2.4 | Statistical analyses

We monitored the field experiments 1 month, 1 year and 4 years 
after planting. For each monitoring period, we estimated seedling 
emergence, growth and survival for each species. Seedling emer-
gence was calculated as the percentage of the five sowed seeds of 
each species that emerged aboveground in each plot (0%–100%). 
Seedling growth between monitoring periods was calculated as the 
mean stem vertical growth among the four planted seedlings of each 
species in each plot. Seedling survival was calculated as the percent-
age of the four planted seedlings of each species that had survived 
in each plot (0%–100%). For seedlings that emerged in the field from 
sowed seeds, we calculated growth and survival in the same way. 
Over the four experimental years, we lost some of our plots due to 
disturbances, such as strong currents during the high water season, 
or large tree falls. As a result, the numbers of plots representing 
‘unburnt forest’ and ‘forest edge’ habitats were 16 after 1 month, 
14 after 1 year and 13 after 4 years. For ‘burnt once’ habitats, the 
numbers of plots were 12 after 1 month, 12 after 1 year and 7 after 
4 years. For ‘burnt twice’ habitats, we maintained 20 plots during the 
entire 4 years of monitoring.

We did all analyses using R v.3.6.1 (R Core Team, 2019), and pre-
pared our figures using R software base plots, and the ‘ggplot2’ pack-
age (Wickham, 2016). We used linear mixed models (LMM) from the 
r package ‘lme4’ (Bates et al., 2015), using the function ‘lmer’ with 
‘Gaussian’ error distribution for seedling growth, and the function 
‘glmer’ with ‘binomial’ error distribution for seedling emergence and 
survival, due to the binary nature of these variables.

TA B L E  2   List of tree species used in the experiment, with their main habitats and traits

Local name Species name Family Main habitat

Species traits (mean ± CI)

AG height 
(cm)

BG depth 
(cm)

Root:shoot 
ratio

Seed mass 
(g)

Seringueira Hevea spruceana (Benth.) 
Müll. Arg.

Euphorbiaceae Forest 77.5 ± 3.2 28 ± 4.6 0.44 ± 0.07 2.6 ± 0.3

Cuãium Duroia eriopila L. f. Rubiaceae Burnt 6.1 ± 1.5 9.1 ± 1.9 0.35 ± 0.09 0.02 ± 0.004

Arapari Macrolobium acaciifolium 
(Benth.) Benth.

Fabaceae Burnt 56.7 ± 12.3 36.8 ± 3.6 0.51 ± 0.06 3.1 ± 0.4

Tanimbuca Buchenavia oxycarpa 
(Mart.) Eichler

Combretaceae Generalist 12.9 ± 3.7 15.8 ± 2.8 0.45 ± 0.08 0.3 ± 0.04

Macacarecuia Eschweilera tenuifolia  
(O. Berg) Miers

Lecythidaceae Burnt 32.6 ± 6.5 25.6 ± 3.0 0.34 ± 0.04 2.1 ± 0.3

Capitari (ipê) Handroanthus 
serratifolius (Vahl) 
S.O. Grose

Bignoniaceae Savanna 13.8 ± 2.4 31.7 ± 3.8 1.77 ± 0.24 0.03 ± 0.007

Note: Traits were measured in a randomized selection of seeds (N = 20) and seedlings (N = 10) at the start of experiment (3 months after germinating 
in the shade-house). Species names according to Flora do Brasil 2020. Main habitat according to species natural relative abundances in the study 
system (Figure S4; Flores & Holmgren, 2021a). AG and BG refer to above- and below-ground plant structures.
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First, we compared seedling performances across the four for-
est habitats (i.e. unburnt forest, edge, burnt once and burnt twice) 
considering only control plots, where we did not manipulate local 
environmental conditions, and with all six species together. For each 
response variable (i.e emergence, growth, survival), we used mod-
els with ‘habitat’ as fixed factor, and ‘species’ and ‘block’ as random 
factors (e.g. lmer(y ~ habitat + (1|block) + (1|species)). We included 
‘species’ as a random factor to test for a general effect of the predic-
tors and assess differences among the four habitats, without mak-
ing distinctions among species. We assessed the residual plots from 
each model to control for normality.

We then used the same approach to analyse the effects of root 
mat and herbaceous cover (in Experiments 1 and 2 respectively), 
but with separate models for each species, so that we could as-
sess more subtle differences in species responses to environmen-
tal filters. By testing species separately, we were able to explore 
how their responses differed across environmental conditions. For 
Experiment 1, to assess seedling performances under contrasting 
irradiance conditions (unburnt forest vs. forest edge habitats) and 
root mat (removed vs. present), we used models with ‘habitat’ and 
‘rootmat’ as fixed factors with interaction, and included as a random 
factor the pair of ‘plots’ nested within ‘blocks’ (e.g. lmer(y  ~  habi-
tat ×  rootmat +  (1|block/plots)). For Experiment 2, to assess seed-
ling performances in burnt once and twice forest habitats, and with 
contrasting herbaceous cover (removed vs. present), we used mod-
els with ‘habitat’ and ‘herb’ as fixed factors with interaction, and in-
cluded as a random factor the pair of ‘plots’ nested within ‘blocks’ 
(e.g. lmer(y  ~  habitat  ×  herb  +  (1|block/plots)). We also assessed 
the residual plots from each model to control for normality; we log 
transformed seedling growth for D. eriopila and H. serratifolius. To 
estimate chi-square and p-values for fixed effects from our LMMs 
(via lme4::glmer), we used the ‘ANOVA’ function (R Core Team, 2019) 
that provides deviance tables for comparing nested models with a 
likelihood-ratio test.

In addition, we tested whether the species traits ‘seed mass’ and 
‘root:shoot ratio’ (Table  2) were good predictors of seedling per-
formance (i.e. emergence, growth, survival) in control plots across 
the four forest habitats (i.e. unburnt forest, edge, burnt once and 
burnt twice). For this, we used simple Pearson correlation analyses 
with the mean trait and performance values for each species in each 
habitat.

3  | RESULTS

3.1 | Tree seedling emergence, growth and survival 
across habitats

We found that, considering the six species together across habitats, 
15%–20% of all seeds emerged (Figure 3A), mostly within the first 
year (Figure  S5). Seedling emergence rates did not vary between 
habitats, but they did vary between species (p < 0.001; Figure 4A; 
Table  S1), with the long-living pioneer species Eschweilera tenuifo-
lia and Macrolobium acaciifolium showing the highest mean seed-
ling emergences of 58% and 24% respectively. Duroia eriopila and 
Buchenavia oxycarpa had lower emergences of 13% and 9% respec-
tively. Hevea spruceana (forest species) and Handroanthus serratifo-
lius (white-sand savanna species) practically did not germinate in the 
field.

Average seedling growth, considering the six species together, 
varied between habitats (p < 0.001; Figure 3B). Growth was high-
est in the forest burnt once, followed by forest burnt twice, forest 
edge and unburnt forest with the lowest growth rates. The same 
pattern was found for seedlings that emerged from seeds sowed in 
the field (Figure  S6a). Growth in the unburnt forest was very low 
and sometimes negative when individuals lost part of their stems 
and resprouted from the base. On average, all species grew well in 
burnt forests. The long-living pioneer Macrolobium acaciifolium had 

F I G U R E  3   Performances of seeds and seedlings planted in the four forest habitats: forest (unburnt), edge (of forest with burnt once), 
burnt once and burnt twice. (A) Percentage of seedling emergence from inserted seeds. (B) Growth of planted seedlings during the 4 years. 
(C) Survival of planted seedlings during the 4 years. Values represent estimated means and standard errors, including all six species together. 
Small letters indicate significant differences based on LMM, with p < 0.05. Growth and survival patterns were remarkably similar for the 
seedlings that emerged from seeds sowed in the field (Figure S6)

(A) (B) (C)
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the highest mean growth of 121 cm in 4 years (p < 0.001; Figure 4B; 
Table S1), reaching up to 3 m tall in one plot.

Seedling survival after 4 years was high in all four habitats, 
considering the six species together (Figure  3C). Survival was 
highest in the forest burnt twice with 80% survival (p < 0.001), 
followed by forest burnt once, edge and unburnt forest with 
the lowest values of 40% survival. The same pattern was 
found for seedlings that emerged from seeds sowed in the field 
(Figure  S6b). Survival varied more between species than be-
tween habitats (Figure  4C), with the pioneers typical of burnt 
sites Eschweilera tenuifolia (62% survival) and Macrolobium acacii-
folium (63% survival), as well as the generalist species Buchenavia 
oxycarpa (73% survival) having the highest mean survival rates 
(Table  S1). The white-sand savanna species Handroanthus ser-
ratifolius had the highest survival in the unburnt forest but did 
not survive in the forest burnt once. In contrast, the long-living 
pioneers Macrolobium acaciifolium and Eschweilera tenuifolia had 
their lowest survival values in the unburnt forest and highest 
in burnt forests. A similar pattern was observed for the forest 

species Hevea spruceana, which survived better in the forest 
burnt twice than in the unburnt forest.

3.2 | Experiment 1: Assessing the effects of root 
mats in the unburnt forest

Root mat removal in the unburnt forest and forest edge habitats had 
no effect on seedling emergence of most species, with the excep-
tion of Duroia eriopila that emerged less in the forest (Figure  4A; 
Table S1). Root mat removal influenced seedling growth differently 
across species (Figure 4B; Table S1). Although most species did not 
change their growth rates with root mat removal, Hevea spruceana 
grew slightly more when root mat was removed in the unburnt for-
est, but much less when it was removed at the edge. Duroia eriopila 
grew slightly less in the unburnt forest when root mat was removed, 
but this manipulation had no effect at the edge. Eschweilera tenuifolia 
grew slightly less in both the unburnt forest and forest edge when 
root mat was removed. Root mat removal had no effects on seedling 

F I G U R E  4   Effects of root mat and herbaceous cover manipulation on the performances of planted tree seeds and seedlings in the 
four habitats: forest, forest edge, forest burnt once and forest burnt twice. (A) Percentage of seedling emergence. (B) Seedling growth in 
4 years since planting in experimental sites. (C) Seedling survival up to 4 years since planting. Circles (●) indicate control plots and squares 
(■) indicate manipulated plots. Values represent estimated means and standard errors. Positive and negative symbols on top of each panel 
indicate significant manipulation effects based on LMM (Table S1). Colours indicate the species identities (legend at the bottom)

(A)

(B)

(C)
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survival of most species (Table S1; Figure 4C), with the exceptions 
of Handroanthus serratifolius that survived much less and Hevea 
spruceana that survived much more when root mat was removed in 
the unburnt forest.

3.3 | Experiment 2: Assessing the effects of 
herbaceous cover in burnt forests

Herbaceous cover removal in forests burnt once and twice had no 
effect on seedling emergence, growth or survival of any species 
(Table S1; Figure 4A,B). One single exception was Hevea spruceana 
that grew more in the forest burnt once when herbaceous cover was 
removed.

3.4 | Correlating seedling performances to their 
morphological traits

Differences in seedling emergence between species were not cor-
related to their seed masses (Figure  S7a) and root:shoot ratios 
(Figure  S8a). Nonetheless, the two species with highest seedling 
emergence rates (i.e. M. acaciifolium and E. tenuifolia) have the first 
and third highest seed masses. Seedlings initial growth investments 
on biomass (both above and below ground) during their first 3 
months of life in the shade-house were positively correlated with 
their seed masses (Figure S9). In the field, after 4 years, species dif-
ferences in seedling growth were also positively correlated with their 
seed masses, but only in the forest edge (r = 0.87, p = 0.02) and in the 
forest burnt twice (r = 0.81, p = 0.05; Figure S7b). We found no cor-
relations between species growth rates and their root:shoot ratios; 
neither during their initial growth in the shade-house (Figure S9), nor 
after 4 years in any of the habitats or experimental conditions in the 
field (Figure S8b). Species differences in seedling survival were neg-
atively correlated with their seed masses in unburnt forest habitats 
only (r = 0.81, p = 0.05; Figure S7c). Again, we found no correlations 
between species survival rates and their root:shoot ratios in any of 
the habitats or experimental conditions in the field (Figure S8c).

4  | DISCUSSION

Our experimental results assessing tree seedling emergence, 
growth and survival provide strong evidence that the causes ex-
plaining why Amazonian floodplain forests fail to recover after re-
peated wildfires (Flores et al., 2016; Flores & Holmgren, 2021a) are 
not related to changes in environmental conditions. Overall, seeds 
and seedlings that we planted in burnt sites, germinated as well as 
they did in the unburnt forest. In fact, most seedlings grew and sur-
vived better in burnt forests than they did in the unburnt forest. In 
forest burnt once, seedlings benefited from abundant light and soil 
nutrients (Table 1), which allowed them to grow faster than seed-
lings in the unburned forest, forest edge and forest burned twice. 

This finding reveals why floodplain forests are still capable of re-
covering after a single wildfire (Flores et al., 2016, see Figure 1D). 
In forest burnt twice, seedlings grew relatively less than in forest 
burnt once, probably because of the nutrient-limited soil (Table 1), 
but survived relatively more, suggesting a higher chance of estab-
lishing as adults.

4.1 | The role of soil root mats

Although the presence of a root mat is very important for nutrient 
retention in these floodplains forests (dos Santos & Nelson, 2013; 
Stark & Jordan, 1978), in most cases, root mat removal had not ef-
fects on tree seedling establishment (Figure 4; Table S1). For a few 
species, however, root mat removal had negative effects, particularly 
on seedling growth (Figure 4B). Hevea spruceana was a surprising ex-
ception because it survived more when root mat was removed in the 
unburnt forest, its preferred habitat (Figure S4). These unexpected 
results could be explained by a combination of reasons. Perhaps 
early seedling establishment does not depend too strongly on soil 
nutrient availability, but more on seed reserves and irradiance (Howe 
& Smallwood, 1982; Leishman et al., 2000; Moles & Westoby, 2006). 
There could be also confounding effects of experimental manipula-
tions. When we removed the root mats and the litter layer, we may 
have affected seedling performance in ways unrelated to nutrient 
acquisition. For instance, in tropical secondary forests of Panamá, 
a field experiment found that litter removal reduced the survival of 
fast-growing tree species by exposing them to herbivores (Dalling 
& Hubbell, 2002). This was perhaps the reason why, when root mat 
was removed in our experiment, Hevea spruceana grew much less in 
the forest edge.

4.2 | The role of herbaceous plants

When tree seeds arrive in burnt sites, they need to overcome local 
environmental filters to germinate and establish. In sites burnt twice, 
where soil erosion had already reduced nutrient availability (Table 1), 
potentially increasing plant competition for nutrients, we expected 
that the removal of herbaceous plants would allow seedlings to grow 
more and survive longer, as demonstrated for other tropical forests 
(Hoffmann et al., 2004). Yet, contrary to our expectations, the re-
moval of herbaceous plants did not affect seedling performances, 
with the exception of Hevea spruceana that grew better when herba-
ceous cover was removed in the forest burnt once. Although the ef-
fect of removing herbaceous cover slowly fades away with time, the 
legacy effect was still clearly visible after 4 years in the manipulated 
plots, where herbaceous cover was lower, compared to the controls 
(see Figure  S10). A plausible explanation is that the native herba-
ceous plants in those Amazonian floodplains are not as competitive 
as the invasive grasses that often dominate other burnt tropical 
forests with high biomass (D'Antonio & Vitousek, 1992; Hoffmann 
et al., 2004; Silvério et al., 2013; Veldman & Putz, 2011).
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4.3 | The potential role of seed limitation

Our experiments have shown that tree seeds are perfectly capable 
of germinating and establishing new seedlings in the twice burnt 
forest (Figure 3). Although our experiment did not include control 
treatments, in which no seeds were added (as suggested by Turnbull 
et  al.,  2000), previous observational data have shown that twice 
burnt floodplain forests persist with empty seed banks and open 
vegetation (Flores et  al.,  2016). These two lines of evidence sug-
gest that seed limitation is likely the most important mechanism 
explaining the arrested succession of repeatedly burnt floodplain 
forests; probably as a result of insufficient seed production due to 
high tree mortality, coupled with lack of seed dispersal from un-
burned forests.

Usually, disturbed forests of the Amazon are swiftly covered by 
a high density of young recruiting trees that attract animal dispers-
ers, such as birds and bats (Hawes et al., 2020). In our floodplain 
study system, however, repeatedly burnt forests often persist with 
very low tree cover; consequently with limited perches for bats and 
birds, and a hostile habitat for many animals. Floodplain trees are 
known for having various dispersal agents, including water currents 
during the inundation season, birds, mammals and fish (Kubitzki 
& Ziburski, 1994; Parolin et al., 2013). The open vegetation struc-
ture of twice burnt forests, however, may influence these inter-
actions. For example the speed of water currents is larger when 
trees are absent reducing the probability of floating seeds to be 
trapped in the canopy and sink (Antunes et al., 2019). Also, in other 
tropical forests, open burned sites are usually unattractive for im-
portant animal dispersers that search for fruits, seeds and shelter, 
which may also be the case in the burnt floodplain forest (Barlow 
et al., 2016; Barlow & Peres, 2004; Ritter et al., 2012). Large ani-
mals, such as tapirs, may travel long distances and disperse seeds 
across open habitats, but they are more likely to drop those seeds in 
a distant forest habitat (Fragoso et al., 2003). Many frugivore birds 
are also capable of moving across open burnt floodplain forests 
(Ritter et al., 2012), such as the generalist species Amazona amazo-
nica (Psittacidae) and Patagioena cayennensis (Columbidae), yet the 
absence of trees in those habitats does not offer them much food. 
Another possibility is that seeds do arrive in the open burnt forest, 
but they are quickly predated. Yet, with scarce food and shelter, 
it seems unlikely that seed predation is causing seed limitation in 
repeatedly burnt forests.

4.4 | The role of functional traits: Seed mass and 
root:shoot ratio

In Amazonian floodplains, tree seedlings often grow fast to avoid 
having their canopies submerged during the high water sea-
son (Parolin,  2000). Particularly in the nutrient-poor blackwa-
ter floodplains, species with high seed mass have an advantage 
during their initial growth (Parolin,  2000, see also Figure  S9). 
Indeed, we found that in sites burnt twice, where nutrients are 

scarce, species with higher seed mass grew significantly faster 
(Figure S7b), whereas in sites burnt once, all species seem to be 
taking advantage of abundant light and soil nutrients to grow 
fast. Interestingly, although seed mass is known to enhance seed-
ling survival in shaded habitats (Leishman et  al.,  2000; Moles & 
Westoby, 2006), we found that it reduced survival in the unburnt 
forest, possibly due to indirect effects of seed predators (Barnett 
et  al.,  2012; Kubitzki & Ziburski,  1994). For instance, M. acacii-
folium and H. spruceana seeds are often eaten by frugivore fish 
when they swim in the flooded forest during the high water season 
(Kubitzki & Ziburski, 1994; Parolin et al., 2013). In the low water 
season, terrestrial vertebrates such as monkeys feed on E. tenui-
folia seedlings within forest habitats (Barnett et al., 2012). Hence, 
herbivory, together with shaded conditions, may have been the 
reasons for why both tree species had their lowest survival in the 
forest (Figure S7c). Although root:shoot ratio did not affect over-
all seedling performances, the typical white-sand savanna tree 
H. serratifolius was the second best survivor in twice burnt sites, 
possibly because of its high root:shoot ratio, allowing seedlings to 
obtain more resources from the nutrient-limited soil (Hoffmann & 
Franco, 2003; Mokany et al., 2006).

4.5 | Feedbacks in burnt floodplain forests

When wildfires destroy a tropical forest, they disrupt important 
feedbacks in the ecosystem and create opportunities for new ones 
to emerge, pushing the ecosystem into an entirely different way 
of functioning (Cochrane, 2003; Flores & Holmgren, 2021a; Flores 
et al., 2020; Scheffer et al., 2001; van Nes et al., 2016). The exist-
ing evidence combined for these floodplain forests suggests that a 
positive feedback between tree cover and seed availability may con-
tribute to trap burnt forests in an open vegetation state (Figure 5). 

F I G U R E  5   Positive feedbacks between tree cover and seed 
availability may influence the dynamics of Amazonian floodplain 
forests. Normally, tree cover attracts frugivore animals (fish, birds, 
mammals) and increases canopy trapping of floating seeds in the 
high water season. As a result, seeds arrive continuously. (A) When 
wildfires reduce tree cover severely, seed arrival may be disrupted, 
reducing seed availability and causing tree recruitment to fail 
persistently. (B) Active seeding of native tree species in repeatedly 
burnt sites should increase tree cover, triggering a self-reinforced 
recovery of the tree-seed feedback that restores the forest
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Usually forest trees attract animal dispersers and their canopies trap 
floating seeds in the high water season, increasing the arrival of tree 
seeds that can germinate and establish (Antunes et al., 2019; Hawes 
et al., 2020; Parolin et  al., 2013). However, when wildfires reduce 
tree cover repeatedly, these interactions are lost, thus reducing seed 
availability and limiting tree recruitment (Figure 5A).

In addition, other positive feedbacks may contribute to arrest 
forest recovery in these floodplains. For instance low tree cover in 
burnt sites is expected to accelerate flood erosion, reducing soil fer-
tility and tree growth rates; hence contributing to maintain a low 
tree cover state (Flores et al., 2020). The classical fire feedback may 
also play a role here, as low tree cover increases herbaceous cover 
(Flores et  al.,  2016), increasing ecosystem flammability and the 
probability that repeated fires will maintain tree cover low (Grady 
& Hoffmann,  2012; Murphy & Bowman,  2012). Combined, these 
mechanisms seem to be the reason why floodplain forests are so 
fragile, compared to other Amazonian forests (Flores et al., 2017).

4.6 | Managing feedbacks to restore burnt 
floodplain forests

Forest wetlands are critical for biodiversity conservation and climate 
mitigation (Strassburg et  al.,  2020), and restoring these degraded 
floodplain forests in the Amazon should be a top priority. Managing 
wildfires is certainly an important measure, as we have shown that 
after a second burn, floodplain forests fail to recover persistently 
(Flores et al., 2016; Flores & Holmgren, 2021a). Hence, forests burnt 
once in the floodplain landscape need to be well protected from 
wildfires, to prevent recurrent fires and allow their natural recovery 
through passive restoration pathways. In contrast, reburnt forests 
will likely depend on active restoration to recover forest structure, 
diversity and functioning. Seed limitation seems to be the main 
mechanism limiting tree recruitment after recurrent fires, implying 
that massive seeding initiatives with native tree species should help 
contribute to restore these degraded forests (Figure 5B).

Although the six tree species used in our experiments do not 
represent the diversity of this study system (Junk et  al.,  2015), 
they represent an important subset of the dominant species and 
functional groups (Flores & Holmgren, 2021a). In particular, two of 
those species featured as promising candidates for restoration ini-
tiatives, Macrolobium acaciifolium (Fabaceae) and Eschweilera tenuifo-
lia (Lecythidaceae); both with high emergence, growth and survival 
in twice burnt sites. In our study, E. tenuifolia was the species with 
highest emergence success, with 58% emergence across all habitats 
in the field, and 96% emergence in the shade-house. Both species 
also have high seed masses, a trait that increased seedling growth 
rates and hence could accelerate forest recovery (Figure  S7b); as 
previously shown in upland forests of the central Amazon degraded 
by pasture (Camargo et  al.,  2002). Both species are long-living pi-
oneers well adapted to burnt sites (Figure  S4), implying that their 
roles in ecosystem functioning may last for centuries. For instance 
M. acaciifolium can live up to 500 years (Schöngart et al., 2005) and 

E. tenuifolia up to 820  years (Resende et  al.,  2020). Nonetheless, 
precisely because of their longevities and dominance, these spe-
cies must not be used alone in seeding initiatives; but instead, they 
should be combined with other native tree species, to restore di-
verse forest communities that sustain the biodiversity, functioning 
and resilience of floodplain ecosystems.

Restoration experiences have been unequally distributed 
across Brazilian biomes and practically inexistent in floodplain for-
ests of the Amazon and Pantanal (Guerra et al., 2020), apart from 
small-scale planting efforts conducted by local farmers (McGrath 
et al., 2005). Our findings from two burnt forests in this Amazonian 
landscape provide experimental evidence of the main mechanisms 
likely arresting floodplain forest succession. Our results suggest that 
seeding could be a successful active restoration strategy and is likely 
less costly and more effective than planting, but it should be done 
responsibly, by engaging local communities to capitalize from their 
ancient ecological knowledge of these systems. It should be com-
bined with the protection of floodplain ecosystems from overfishing 
(Anderson et al., 2011) and overhunting (Peres et al., 2016) to main-
tain critical seed dispersers, as well as from the construction of river 
dams to preserve the hydrological conditions that shaped floodplain 
biodiversity (Castello & Macedo, 2016; Resende et al., 2020). Hence, 
the restoration of degraded Amazonian floodplain forests must be 
integrated with other conservation actions to keep the ecosystem 
within a safe boundary in the face of current and future perturba-
tions (Scheffer et al., 2015).

5  | CONCLUSIONS

Previous observational evidence of natural recovery in these 
Amazonian floodplain forests shows that after a second wildfire, 
burned forests persist in an open state with low tree cover and 
empty seed banks (Flores et al., 2016), that slowly transitions to-
wards a white-sand savanna state (Flores & Holmgren, 2021a). Our 
field experiments have now confirmed that when forests are re-
peatedly burnt, tree growth rates slow down due to soil nutrient 
limitations. Yet, the fact that our experimental seeds and seedlings 
germinated and survived well in these burnt sites suggests that the 
main bottleneck for forest recovery seems to be seed limitation. 
Our findings indicate that active seeding of native forest species 
could help boost the restoration of floodplain forests degraded by 
wildfires.

ACKNOWLEDG EMENTS
We thank Adimo B. Carneiro, Mario C. X. Flores, Peter van der 
Sleen and Arie Staal for field assistance, Guilherme G Mazzochini 
for statistical assistance and José L. Attayde, Raquel Fagoaga, Carlos 
Fonseca, Carolina Levis, Bruce Nelson, Marten Scheffer and Eduardo 
Venticinque for exciting discussions. This work was partly financed 
by FAPEAM (Amazonas Research Support Foundation), CNPq 
(Brazilian National Research Council), CAPES (Coordination for 
the Improvement of Higher Education Personnel) and Wageningen 



3484  |    Journal of Ecology FLORES and HOLMGREN

University. The fourth-year monitoring was financed by The 
Navjot Sodhi Conservation Research Award given to B.M.F. by the 
Association for Tropical Biology and Conservation. IDAM-AM pro-
vided logistical support at Barcelos, Amazonas.

CONFLIC T OF INTERE S T
The authors declare that they have no conflicts of interest.

AUTHORS'  CONTRIBUTIONS
B.M.F. and M.H. conceived and designed the experiment; B.M.F. 
monitored the experiment and conducted the statistical analyses; 
B.M.F. and M.H. interpreted the results; B.M.F. wrote the manu-
script and M.H. contributed substantially to revise the whole text.

PEER RE VIE W
The peer review history for this article is available at https://publo​
ns.com/publo​n/10.1111/1365-2745.13769.

DATA AVAIL ABILIT Y S TATEMENT
Data available from the Dryad Digital Repository https://doi.
org/10.5061/dryad.nk98s​f7tx (Flores & Holmgren, 2021b).

ORCID
Bernardo M. Flores   https://orcid.org/0000-0003-4555-5598 
Milena Holmgren   https://orcid.org/0000-0001-5963-5527 

R E FE R E N C E S
Acácio, V., Holmgren, M., Jansen, P. A., & Schrotter, O. (2007). Multiple 

recruitment limitation causes arrested succession in Mediterranean 
cork oak systems. Ecosystems, 10, 1220–1230. https://doi.
org/10.1007/s1002​1-007-9089-9

Adeney, J. M., Christensen, N. L., Vicentini, A., & Cohn-Haft, M. (2016). 
White-sand ecosystems in Amazonia. Biotropica, 48(1), 7–23. 
https://doi.org/10.1111/btp.12293

Alencar, A. A., Brando, P. M., Asner, G. P., & Putz, F. E. (2015). Landscape 
fragmentation, severe drought, and the new Amazon forest 
fire regime. Ecological Applications, 25, 1493–1505. https://doi.
org/10.1890/14-1528.1

Almeida, D. R. A., Nelson, B. W., Schietti, J., Gorgens, E. B., Resende, A. F., 
Stark, S. C., & Valbuena, R. (2016). Contrasting fire damage and fire 
susceptibility between seasonally flooded forest and upland for-
est in the Central Amazon using portable profiling LiDAR. Remote 
Sensing of Environment, 184, 153–160. https://doi.org/10.1016/j.
rse.2016.06.017

Anderson, J. T., Nuttle, T., Saldaña Rojas, J. S., Pendergast, T. H., & 
Flecker, A. S. (2011). Extremely long-distance seed dispersal by an 
overfished Amazonian frugivore. Proceedings of the Royal Society B: 
Biological Sciences, 278(1723), 3329–3335.

Antunes, A. C., Baccaro, F., Caetano Andrade, V. L., Ramos, J. F., Da Silva 
Moreira, R., & Barnett, A. A. (2019). Igapó seed patches: A poten-
tially key resource for terrestrial vertebrates in a seasonally flooded 
forest of central Amazonia. Biological Journal of the Linnean Society, 
128(2), 460–472. https://doi.org/10.1093/bioli​nnean/​blz101

Aragao, L. E. O., Malhi, Y., Roman-Cuesta, R. M., Saatchi, S., Anderson, L. 
O., & Shimabukuro, Y. E. (2007). Spatial patterns and fire response 
of recent Amazonian droughts. Geophysical Research Letters, 34, 
L07701. https://doi.org/10.1029/2006G​L028946

Barlow, J., França, F., Gardner, T. A., Hicks, C. C., Lennox, G. D., Berenguer, 
E., Castello, L., Economo, E. P., Ferreira, J., Guénard, B., Leal, C. G., 
Isaac, V., Lees, A. C., Parr, C. L., Wilson, S. K., Young, P. J., & Graham, 
N. A. J., & Graham, N. A. (2018). The future of hyperdiverse tropical 
ecosystems. Nature, 559(7715), 517–526.

Barlow, J., Lennox, G. D., Ferreira, J., Berenguer, E., Lees, A. C., Mac Nally, 
R., Thomson, J. R., de Barros Ferraz, S. F., Louzada, J., Oliveira, V. 
H. F., Parry, L., de Castro Solar, R. R., Vieira, I. C. G., Aragão, L. E. O. 
C., Begotti, R. A., Braga, R. F., Cardoso, T. M., de Oliveira Jr, R. C., 
Souza Jr, C. M., … Gardner, T. A. (2016). Anthropogenic disturbance 
in tropical forests can double biodiversity loss from deforestation. 
Nature, 535(7610), 144–147.

Barlow, J., & Peres, C. A. (2004). Avifaunal responses to single and re-
current wildfires in Amazonian forests. Ecological Applications, 14, 
1358–1373. https://doi.org/10.1890/03-5077

Barnett, A. A., Almeida, T., Spironello, W. R., Silva, W. S., MacLarnon, A., 
& Ross, C. (2012). Terrestrial foraging by Cacajao melanocephalus 
ouakary (Primates) in Amazonian Brazil: Is choice of seed patch size 
and position related to predation risk? Folia Primatologica, 83(2), 
126–139. https://doi.org/10.1159/00034​3591

Bates, D., Maechler, M., Bolker, B., & Walker, S. (2015). Fitting linear 
mixed-effects models using lme4. Journal of Statistical Software, 67, 
1–48.

Brando, P. M., Balch, J. K., Nepstad, D. C., Morton, D. C., Putz, F. E., 
Coe, M. T., Silverio, D., Macedo, M. N., Davidson, E. A., Nobrega, 
C. C., Alencar, A., & Soares-Filho, B. S. (2014). Abrupt increases 
in Amazonian tree mortality due to drought–fire interactions. 
Proceedings of the National Academy of Sciences of the United 
States of America, 111(17), 6347–6352. https://doi.org/10.1073/
pnas.13054​99111

Camargo, J. L. C., Ferraz, I. D. K., & Imakawa, A. M. (2002). Rehabilitation 
of degraded areas of central Amazonia using direct sowing of for-
est tree seeds. Restoration Ecology, 10(4), 636–644. https://doi.
org/10.1046/j.1526-100X.2002.01044.x

Castello, L., & Macedo, M. N. (2016). Large-scale degradation of 
Amazonian freshwater ecosystems. Global Change Biology, 22(3), 
990–1007. https://doi.org/10.1111/gcb.13173

Chazdon, R. L. (2003). Tropical forest recovery: Legacies of 
human impact and natural disturbances. Perspectives in Plant 
Ecology, Evolution and Systematics, 6(1–2), 51–71. https://doi.
org/10.1078/1433-8319-00042

Cochrane, M. A. (2003). Fire science for rainforests. Nature, 421(6926), 
913–919.

Cole, L. E., Bhagwat, S. A., & Willis, K. J. (2014). Recovery and resilience 
of tropical forests after disturbance. Nature Communications, 5, 1–7. 
https://doi.org/10.1038/ncomm​s4906

Connell, J. H., & Slatyer, R. O. (1977). Mechanisms of succession in nat-
ural communities and their role in community stability and orga-
nization. The American Naturalist, 111, 1119–1144. https://doi.
org/10.1086/283241

Dalling, J. W., & Hubbell, S. P. (2002). Seed size, growth rate and gap 
microsite conditions as determinants of recruitment success for 
pioneer species. Journal of Ecology, 90(3), 557–568. https://doi.
org/10.1046/j.1365-2745.2002.00695.x

D'Antonio, C. M., & Vitousek, P. M. (1992). Biological invasions by ex-
otic grasses, the grass/fire cycle, and global change. Annual Review 
of Ecology and Systematic, 23(1), 63–87. https://doi.org/10.1146/
annur​ev.es.23.110192.000431

dos Santos, A. R., & Nelson, B. W. (2013). Leaf decomposition and fine 
fuels in floodplain forests of the Rio Negro in the Brazilian Amazon. 
Journal of Tropical Ecology, 29(5), 455–458. https://doi.org/10.1017/
S0266​46741​3000485

Flores, B. M., Fagoaga, R., Nelson, B. W., & Holmgren, M. (2016). 
Repeated fires trap Amazonian blackwater floodplains in an open 

https://publons.com/publon/10.1111/1365-2745.13769
https://publons.com/publon/10.1111/1365-2745.13769
https://doi.org/10.5061/dryad.nk98sf7tx
https://doi.org/10.5061/dryad.nk98sf7tx
https://orcid.org/0000-0003-4555-5598
https://orcid.org/0000-0003-4555-5598
https://orcid.org/0000-0001-5963-5527
https://orcid.org/0000-0001-5963-5527
https://doi.org/10.1007/s10021-007-9089-9
https://doi.org/10.1007/s10021-007-9089-9
https://doi.org/10.1111/btp.12293
https://doi.org/10.1890/14-1528.1
https://doi.org/10.1890/14-1528.1
https://doi.org/10.1016/j.rse.2016.06.017
https://doi.org/10.1016/j.rse.2016.06.017
https://doi.org/10.1093/biolinnean/blz101
https://doi.org/10.1029/2006GL028946
https://doi.org/10.1890/03-5077
https://doi.org/10.1159/000343591
https://doi.org/10.1073/pnas.1305499111
https://doi.org/10.1073/pnas.1305499111
https://doi.org/10.1046/j.1526-100X.2002.01044.x
https://doi.org/10.1046/j.1526-100X.2002.01044.x
https://doi.org/10.1111/gcb.13173
https://doi.org/10.1078/1433-8319-00042
https://doi.org/10.1078/1433-8319-00042
https://doi.org/10.1038/ncomms4906
https://doi.org/10.1086/283241
https://doi.org/10.1086/283241
https://doi.org/10.1046/j.1365-2745.2002.00695.x
https://doi.org/10.1046/j.1365-2745.2002.00695.x
https://doi.org/10.1146/annurev.es.23.110192.000431
https://doi.org/10.1146/annurev.es.23.110192.000431
https://doi.org/10.1017/S0266467413000485
https://doi.org/10.1017/S0266467413000485


     |  3485Journal of EcologyFLORES and HOLMGREN

vegetation state. Journal of Applied Ecology, 53(5), 1597–1603. 
https://doi.org/10.1111/1365-2664.12687

Flores, B. M., & Holmgren, M. (2021a). White-sand savannas expand at 
the core of the Amazon after forest wildfires. Ecosystems, https://
doi.org/10.1007/s1002​1-021-00607​-x

Flores, B. M., & Holmgren, M. (2021b). Data from: Why forest fails 
to recover after repeated wildfires in Amazonian floodplains? 
Experimental evidence on tree recruitment limitation. Dryad Digital 
Repository, https://doi.org/10.5061/dryad.nk98s​f7tx

Flores, B. M., Holmgren, M., Xu, C., Van Nes, E. H., Jakovac, C. C., 
Mesquita, R. C., & Scheffer, M. (2017). Floodplains as an Achilles' 
heel of Amazonian forest resilience. Proceedings of the National 
Academy of Sciences of the United States of America, 114(17), 4442–
4446. https://doi.org/10.1073/pnas.16179​88114

Flores, B. M., Piedade, M. T. F., & Nelson, B. W. (2014). Fire disturbance in 
Amazonian blackwater floodplain forests. Plant Ecology & Diversity, 
7(1–2), 319–327. https://doi.org/10.1080/17550​874.2012.716086

Flores, B. M., Staal, A., Jakovac, C. C., Hirota, M., Holmgren, M., & 
Oliveira, R. S. (2020). Soil erosion as a resilience drain in disturbed 
tropical forests. Plant and Soil, 450, 11–25. https://doi.org/10.1007/
s1110​4-019-04097​-8

Fragoso, J. M., Silvius, K. M., & Correa, J. A. (2003). Long-distance seed 
dispersal by tapirs increases seed survival and aggregates tropical 
trees. Ecology, 84(8), 1998–2006. https://doi.org/10.1890/01-0621

Goulding, M., Carvalho, M. L., & Ferreira, E. G. (1988). Rio Negro, rich 
life in poor water. Amazonian diversity and foodchain ecology as seen 
through fish communities. SBP Academic Publishing.

Grady, J. M., & Hoffmann, W. A. (2012). Caught in a fire trap: Recurring 
fire creates stable size equilibria in woody resprouters. Ecology, 93, 
2052–2060. https://doi.org/10.1890/12-0354.1

Guerra, A., Reis, L. K., Borges, F. L. G., Ojeda, P. T. A., Pineda, D. A. M., 
Miranda, C. O., Maidana, D. P. F. D. L., Santos, T. M. R. D., Shibuya, 
P. S., Marques, M. C. M., Laurance, S. G. W., & Garcia, L. C. (2020). 
Ecological restoration in Brazilian biomes: Identifying advances and 
gaps. Forest Ecology and Management, 458, 117802. https://doi.
org/10.1016/j.foreco.2019.117802

Guevara, S., Purata, S. E., & Van der Maarel, E. (1986). The role of remnant 
forest trees in tropical secondary succession. Vegetatio, 66, 77–84.

Hawes, J. E., Vieira, I. C., Magnago, L. F., Berenguer, E., Ferreira, J., 
Aragão, L. E., Cardoso, A., Lees, A. C., Lennox, G. D., Tobias, J. 
A., & Waldron, A. (2020). A large-scale assessment of plant dis-
persal mode and seed traits across human-modified Amazonian 
forests. Journal of Ecology, 108(4), 1373–1385. https://doi.
org/10.1111/1365-2745.13358

Hoffmann, W. A., & Franco, A. C. (2003). Comparative growth analysis 
of tropical forest and savanna woody plants using phylogenetically 
independent contrasts. Journal of Ecology, 91, 475–484. https://doi.
org/10.1046/j.1365-2745.2003.00777.x

Hoffmann, W. A., Orthen, B., & Franco, A. C. (2004). Constraints to seed-
ling success of savanna and forest trees across the savanna-forest 
boundary. Oecologia, 140, 252–260. https://doi.org/10.1007/s0044​
2-004-1595-2

Holmgren, M., Segura, A. M., & Fuentes, E. R. (2000). Limiting mecha-
nisms in the regeneration of the Chilean matorral–Experiments 
on seedling establishment in burned and cleared mesic sites. Plant 
Ecology, 147(1), 49–57.

Howe, H. F., & Smallwood, J. (1982). Ecology of seed dispersal. Annual 
Review of Ecology and Systematics, 13, 201–228. https://doi.
org/10.1146/annur​ev.es.13.110182.001221

Junk, W. J., Wittmann, F., Schöngart, J., & Piedade, M. T. (2015). A clas-
sification of the major habitats of Amazonian black-water river 
floodplains and a comparison with their white-water counterparts. 
Wetlands Ecology and Management, 23(4), 677–693. https://doi.
org/10.1007/s1127​3-015-9412-8

Kubitzki, K., & Ziburski, A. (1994). Seed dispersal in flood plain 
forests of Amazonia. Biotropica, 26(1), 30–43. https://doi.
org/10.2307/2389108

Latrubesse, E. M., & Franzinelli, E. (2005). The late Quaternary evolu-
tion of the Negro River, Amazon, Brazil: Implications for island 
and floodplain formation in large anabranching tropical systems. 
Geomorphology, 70(3–4), 372–397. https://doi.org/10.1016/j.
geomo​rph.2005.02.014

Leishman, M. R., Wright, I. J., Moles, A. T., & Westoby, M. (2000). The 
evolutionary ecology of seed size. In M. Fenner (Ed.), Seeds: The 
ecology of regeneration in plant communities (Vol. 2, pp. 31–57). Cabi.

McGrath, D. G., Almeida, O. T., Crossa, M., Cardoso, A., & Cunha, M. 
(2005). Working towards community-based ecosystem manage-
ment of the Lower Amazon floodplain. PLEC News and Views, 6, 
3–10.

Mokany, K., Raison, R. J., & Prokushkin, A. S. (2006). Critical analysis of 
root: Shoot ratios in terrestrial biomes. Global Change Biology, 12(1), 
84–96.

Moles, A. T., & Westoby, M. (2006). Seed size and plant strategy 
across the whole life cycle. Oikos, 113, 91–105. https://doi.
org/10.1111/j.0030-1299.2006.14194.x

Murphy, B. P., & Bowman, D. M. (2012). What controls the distribution 
of tropical forest and savanna? Ecology Letters, 15(7), 748–758. 
https://doi.org/10.1111/j.1461-0248.2012.01771.x

Nathan, R., & Muller-Landau, H. C. (2000). Spatial patterns of seed disper-
sal, their determinants and consequences for recruitment. Trends in 
Ecology & Evolution, 15(7), 278–285. https://doi.org/10.1016/S0169​
-5347(00)01874​-7

Nogueira, D. S., Marimon, B. S., Marimon-Junior, B. H., Oliveira, E. A., 
Morandi, P., Reis, S. M., Elias, F., Neves, E. C., Feldpausch, T. R., 
Lloyd, J., & Phillips, O. L. (2019). Impacts of fire on forest biomass 
dynamics at the southern amazon edge. Environmental Conservation, 
46(4), 285–292. https://doi.org/10.1017/S0376​89291​9000110

Parolin, P. (2000). Seed mass in Amazonian floodplain forests with con-
trasting nutrient supplies. Journal of Tropical Ecology, 16, 417–428. 
https://doi.org/10.1017/S0266​46740​0001486

Parolin, P., De Simone, O., Haase, K., Waldhoff, D., Rottenberger, S., 
Kuhn, U., Kesselmeier, J., Kleiss, B., Schmidt, W., Piedade, M. T. F., 
& Junk, W. J. (2004). Central Amazonian floodplain forests: Tree 
adaptations in a pulsing system. The Botanical Review, 70(3), 357–
380. https://doi.org/10.1663/0006-8101(2004)070[0357:CAFFT​
A]2.0.CO;2

Parolin, P., Wittmann, F., & Ferreira, L. V. (2013). Fruit and seed disper-
sal in Amazonian floodplain trees – A review. Ecotropica, 19(1/2), 
15–32.

Peres, C. A., Emilio, T., Schietti, J., Desmoulière, S. J., & Levi, T. (2016). 
Dispersal limitation induces long-term biomass collapse in over-
hunted Amazonian forests. Proceedings of the National Academy of 
Sciences of the United States of America, 113(4), 892–897. https://doi.
org/10.1073/pnas.15165​25113

R Core Team. (2019). R: A language and environment for statistical comput-
ing. R Foundation for Statistical Computing. Retrieved from https://
www.R-proje​ct.org/

Resende, A. F., Nelson, B. W., Flores, B. M., & Almeida, D. R. (2014). 
Fire damage in seasonally flooded and upland forests of the cen-
tral Amazon. Biotropica, 46(6), 643–646. https://doi.org/10.1111/
btp.12153

Resende, A. F., Piedade, M. T. F., Feitosa, Y. O., Andrade, V. H. F., 
Trumbore, S. E., Durgante, F. M., Macedo, M. O., & Schöngart, 
J. (2020). Flood-pulse disturbances as a threat for long-living 
Amazonian trees. New Phytologist, 227(6), 1790–1803. https://doi.
org/10.1111/nph.16665

Ritter, C. D., Andretti, C. B., & Nelson, B. W. (2012). Impact of past for-
est fires on bird populations in flooded forests of the Cuini River 

https://doi.org/10.1111/1365-2664.12687
https://doi.org/10.1007/s10021-021-00607-x
https://doi.org/10.1007/s10021-021-00607-x
https://doi.org/10.5061/dryad.nk98sf7tx
https://doi.org/10.1073/pnas.1617988114
https://doi.org/10.1080/17550874.2012.716086
https://doi.org/10.1007/s11104-019-04097-8
https://doi.org/10.1007/s11104-019-04097-8
https://doi.org/10.1890/01-0621
https://doi.org/10.1890/12-0354.1
https://doi.org/10.1016/j.foreco.2019.117802
https://doi.org/10.1016/j.foreco.2019.117802
https://doi.org/10.1111/1365-2745.13358
https://doi.org/10.1111/1365-2745.13358
https://doi.org/10.1046/j.1365-2745.2003.00777.x
https://doi.org/10.1046/j.1365-2745.2003.00777.x
https://doi.org/10.1007/s00442-004-1595-2
https://doi.org/10.1007/s00442-004-1595-2
https://doi.org/10.1146/annurev.es.13.110182.001221
https://doi.org/10.1146/annurev.es.13.110182.001221
https://doi.org/10.1007/s11273-015-9412-8
https://doi.org/10.1007/s11273-015-9412-8
https://doi.org/10.2307/2389108
https://doi.org/10.2307/2389108
https://doi.org/10.1016/j.geomorph.2005.02.014
https://doi.org/10.1016/j.geomorph.2005.02.014
https://doi.org/10.1111/j.0030-1299.2006.14194.x
https://doi.org/10.1111/j.0030-1299.2006.14194.x
https://doi.org/10.1111/j.1461-0248.2012.01771.x
https://doi.org/10.1016/S0169-5347(00)01874-7
https://doi.org/10.1016/S0169-5347(00)01874-7
https://doi.org/10.1017/S0376892919000110
https://doi.org/10.1017/S0266467400001486
https://doi.org/10.1663/0006-8101(2004)070%5B0357:CAFFTA%5D2.0.CO;2
https://doi.org/10.1663/0006-8101(2004)070%5B0357:CAFFTA%5D2.0.CO;2
https://doi.org/10.1073/pnas.1516525113
https://doi.org/10.1073/pnas.1516525113
https://www.R-project.org/
https://www.R-project.org/
https://doi.org/10.1111/btp.12153
https://doi.org/10.1111/btp.12153
https://doi.org/10.1111/nph.16665
https://doi.org/10.1111/nph.16665


3486  |    Journal of Ecology FLORES and HOLMGREN

in the Lowland Amazon. Biotropica, 44, 449–453. https://doi.
org/10.1111/j.1744-7429.2012.00892.x

Scheffer, M., Barrett, S., Carpenter, S. R., Folke, C., Green, A. J., Holmgren, M., 
Hughes, T. P., Kosten, S., van de Leemput, I. A., Nepstad, D. C., van Nes, 
E. H., & Peeters, E. T. H. M., & Walker, B. (2015). Creating a safe op-
erating space for iconic ecosystems. Science, 347(6228), 1317–1319.

Scheffer, M., Carpenter, S., Foley, J. A., Folke, C., & Walker, B. (2001). 
Catastrophic shifts in ecosystems. Nature, 413, 591–596. https://
doi.org/10.1038/35098000

Schöngart, J., Piedade, M. T. F., Wittmann, F., Junk, W. J., & Worbes, 
M. (2005). Wood growth patterns of Macrolobium acaciifolium 
(Benth.) Benth. (Fabaceae) in Amazonian black-water and white-
water floodplain forests. Oecologia, 145, 454–461. https://doi.
org/10.1007/s0044​2-005-0147-8

Silvério, D. V., Brando, P. M., Balch, J. K., Putz, F. E., Nepstad, D. C., 
Oliveira-Santos, C., & Bustamante, M. M. (2013). Testing the 
Amazon savannization hypothesis: Fire effects on invasion of a 
neotropical forest by native cerrado and exotic pasture grasses. 
Philosophical Transactions of the Royal Society B: Biological Sciences, 
368(1619), 20120427.

Silvério, D. V., Brando, P. M., Bustamante, M. M., Putz, F. E., Marra, D. M., 
Levick, S. R., & Trumbore, S. E. (2019). Fire, fragmentation, and wind-
storms: A recipe for tropical forest degradation. Journal of Ecology, 
107(2), 656–667. https://doi.org/10.1111/1365-2745.13076

Stark, N. M., & Jordan, C. F. (1978). Nutrient retention by the root mat 
of an Amazonian rain forest. Ecology, 59(3), 434–437. https://doi.
org/10.2307/1936571

Strassburg, B. B., Iribarrem, A., Beyer, H. L., Cordeiro, C. L., Crouzeilles, 
R., Jakovac, C. C., Junqueira, A. B., Lacerda, E., Latawiec, A. E., 
Balmford, A., Brooks, T. M., Butchart, S. H. M., Chazdon, R. L., Erb, 
K. H., Brancalion, P., Buchanan, G., Cooper, D., Díaz, S., Donald, P. 
F., … Visconti, P. (2020). Global priority areas for ecosystem resto-
ration. Nature, 586(7831), 724–729.

Turnbull, L. A., Crawley, M. J., & Rees, M. (2000). Are plant populations 
seed-limited? A review of seed sowing experiments. Oikos, 88(2), 
225–238. https://doi.org/10.1034/j.1600-0706.2000.880201.x

Turner, M. G., Baker, W. L., Peterson, C. J., & Peet, R. K. (1998). Factors 
influencing succession: Lessons from large, infrequent natural dis-
turbances. Ecosystems, 1, 511–523. https://doi.org/10.1007/s1002​
19900047

van Nes, E. H., Arani, B. M., Staal, A., van der Bolt, B., Flores, B. M., 
Bathiany, S., & Scheffer, M. (2016). What do you mean, ‘tipping 
point’? Trends in Ecology & Evolution, 31(12), 902–904. https://doi.
org/10.1016/j.tree.2016.09.011

Veldman, J. W., & Putz, F. E. (2011). Grass-dominated vegetation, not 
species-diverse natural savanna, replaces degraded tropical forests 
on the southern edge of the Amazon Basin. Biological Conservation, 
144, 1419–1429. https://doi.org/10.1016/j.biocon.2011.01.011

Wickham, H. (2016). ggplot2: Elegant graphics for data analysis. Springer 
Verlag. Retrieved from https://ggplo​t2.tidyv​erse.org/

SUPPORTING INFORMATION
Additional supporting information may be found online in the 
Supporting Information section.

How to cite this article: Flores, B. M., & Holmgren, M. (2021). 
Why forest fails to recover after repeated wildfires in 
Amazonian floodplains? Experimental evidence on tree 
recruitment limitation. Journal of Ecology, 109, 3473–3486. 
https://doi.org/10.1111/1365-2745.13769

https://doi.org/10.1111/j.1744-7429.2012.00892.x
https://doi.org/10.1111/j.1744-7429.2012.00892.x
https://doi.org/10.1038/35098000
https://doi.org/10.1038/35098000
https://doi.org/10.1007/s00442-005-0147-8
https://doi.org/10.1007/s00442-005-0147-8
https://doi.org/10.1111/1365-2745.13076
https://doi.org/10.2307/1936571
https://doi.org/10.2307/1936571
https://doi.org/10.1034/j.1600-0706.2000.880201.x
https://doi.org/10.1007/s100219900047
https://doi.org/10.1007/s100219900047
https://doi.org/10.1016/j.tree.2016.09.011
https://doi.org/10.1016/j.tree.2016.09.011
https://doi.org/10.1016/j.biocon.2011.01.011
https://ggplot2.tidyverse.org/
https://doi.org/10.1111/1365-2745.13769

