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Chapter 1
Introduction
Microplastic pollution
The word “microplastic” is commonly seen and heard in the news in the past decade.
Concerns about this pollutant have been increasing since it was first identified by a team of
researchers along the coastlines around Plymouth, United Kingdom.1 As the word suggests,
“microplastics” are plastic particles that are micro-sized. A commonly accepted size range
definition for these particles is still lacking. In this thesis, microplastic is defined as plastic
particles with size ranging between 1 and 5000 µm to align with the size definition used by
most recent major expert group reports and reviews.2–4 These small plastic particles are
ubiquitous in the environment and can be found in every compartment, from air to
groundwater to human food products.2 Microplastic particles either originate from industrial
sources in the form of pellets (Figure 1.1) or microbeads or form by the fragmentation and
weathering of bigger plastic items in the environment.2,5

Figure 1.1. Black microplastic pellets found on the Scheveningen beach in the Netherlands
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Due to its formation from an array of sources, this pollutant is unique in its characteristics
from other presently known environmental contaminants, such as persistent organic
pollutants and nanoparticles. Microplastics comprise a heterogenous mixture of particles
with different sizes, shapes, and polymer types. To further add on to this complexity, they
also contain different mixtures of chemicals, which are either due to adsorption from the
environment or native to the material. The huge diversity of microplastic particles has made
the pollutant a complex one to study. Pioneering microplastic studies typically categorized
the identified microplastics into discrete classes of sizes, shapes and polymer types. However,
such categorization techniques are not sufficient to fully understand the characteristics of
microplastics in ecosystems and its associated risks.6
As these microplastic particles are omnipresent, there is a high likelihood for a large range of
species to ingest them, including humans. To date, there have been many studies focusing
on the occurrence of microplastics in the marine organisms since it was first identified in the
marine environment.7 Until more recently, interest of its occurrence has shifted towards
freshwater8 and terrestrial9 biota. In addition, there has been an increasing concern about
microplastic exposure and effects in humans, since the pollutant was found in several
seafood species,10 drinking water11 and is also airborne.12 The first evidence proving that
microplastics are indeed involuntarily ingested by humans was the detection of microplastics
in human stool samples of eight adult volunteers from Europe and Asia.13 Besides the
empirical evidence, several preliminary exposure assessments have been performed to
estimate the level of exposure of microplastics in humans from presently known sources.14,15
These studies have reported estimates of microplastic exposure reaching up to 10,000,000
particles per person per year.15 However, the reported particle numbers do not reflect the
full spectrum of microplastics that we are actually exposed to. Furthermore, the implications
of these particles for human health are still unknown as there is very little information on the
effects of these particles and its associated chemicals.
Two main potential effects of microplastics have been identified for biota: particle and
chemical toxicity. In addition, these small particles can reduce feeding efficiency when they
accumulate or block the digestive tracts of the organisms. The particle effects of microplastics
have been mainly investigated in aquatic organisms in the laboratory16 and have yet to be
explored in larger species such as humans. Knowledge on its speculated toxic effects for
human health mostly come from adjacent disciplines such as nanoparticle and airborne
particulate matter.17 On the other hand, the chemical toxicity of microplastics (also
commonly referred to as the chemical vector effect) has been highly debated in the scientific
community.18 Few studies have interpreted their outcomes on the chemical vector effect in
light of environmentally relevant conditions. Additionally, the extent of the chemical vector
effect is especially unknown for humans. This is because information such as the realistic
human intake of microplastics and amount of chemicals released from ingested microplastics
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are still unknown. These knowledge gaps are of primary interest in the society and scientific
community and hence, initiated the necessity of this thesis.

The chemical vector effect controversy
Microplastics are vectors for a mixture of chemicals, which may either be intentionally or
unintentionally added. Additives such as plasticizers, stabilizers, and flame retardants are
intentionally added to plastics during the manufacturing process to achieve the appropriate
structure for the designated application.2 The most common plastic additives include
bisphenol A (BPA), nonylphenols, and polybrominated diphenyl ethers (PBDEs).19 Other
chemicals may also be unintentionally added to plastics by sorption onto the surface of the
plastic during its entire lifecycle, such as hydrophobic organic compounds (HOCs).
HOCs are widely discussed as one of the major chemical class of concern with regards to
microplastics risks. Due to the hydrophobic nature of most polymer types, microplastics have
a high sorption capacity for HOCs. Some of the HOCs that have been detected on
environmental microplastics include polychlorinated biphenyls (PCBs), polycyclic aromatic
hydrocarbons (PAHs), organochlorine pesticides, BPA, nonylphenols and PBDEs.19–24 The
ingestion of microplastics with these sorbed chemicals may contribute to the
bioaccumulation of HOCs in biota (“carrier”) (Figure 1.2).25,26 However, it has been debated
that the relevance of these microplastics to chemical bioaccumulation compared to other
chemical intake media such as food and water is small or even negligible under natural
conditions.27 For example, aquatic organisms take up these chemicals also through other
pathways such as dermal uptake and absorption from food. Therefore, the ingested
microplastics may be relatively cleaner than the organisms’ body burden. The microplastics
would then absorb chemicals from the organism’s tissues or gut as it passes through the gut,
decreasing bioavailability and bioaccumulation of chemicals (“cleaning”) following
subsequent egestion of the microplastics (Figure 1.2).25 Whether these microplastics will act
as a source or sink of HOCs to organisms when ingested depend on several factors, which is
the focus of this thesis.

Chemical dynamics of microplastics in biota
Chemical dynamics of microplastics in the biota mainly depends on sorption and desorption
processes. These processes are largely governed by physico-chemical characteristics, which
can be categorized into three main factors (Figure 1.3): (1) plastic properties, (2) chemical
characteristics, and (3) gut characteristics.
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Figure 1.2. Schematic diagram illustrating the “carrier” and “cleaning” effect of microplastics.
In the “carrier” effect, ingested microplastics releases its associated chemicals in the gut and
increases the chemical body burden of the organism. In the “cleaning” effect, ingested
microplastics absorbs chemicals from the gut and decreases the chemical body burden of the
organism.
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Figure 1.3. Overview of factors involved in the chemical dynamics of microplastics in the gut of biota
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Besides the hydrophobicity of a polymer, other plastic properties such as the polymer matrix
structure and surface characteristics due to weathering and biofilm formation, also influence
the chemical dynamics on microplastics.28–30 Transport of the HOCs within the polymer matrix
structure depends on several factors such as the porosity within the polymer and the
segmental mobility of the polymer chains, defined by the glass transition temperature (Tg).
Tg of a polymer determines if it is in a rubbery or glassy state. The state of the polymer
depends on the crystalline (ordered) and amorphous (random) regions. For any polymer type,
the degree of crystallinity can vary considerably since it highly depends on the polymer
production process. The sorption of chemicals typically occurs in the amorphous regions of
the polymer, which are more capable of segmental chain movements. On the other hand,
sorption on the surface of the plastic, depends on factors such as, surface area and oxygen
groups.28 When microplastics are subject to weathering, micro-cracks would develop on the
surface, increasing surface roughness and area to allow more sorption of chemicals.31
Additionally, natural weathering also increases the abundance of oxygen containing groups
that will result in a reduction in the hydrophobicity of the polymer.29,31
Chemical dynamics of microplastics depend on the characteristics of the chemicals in the
biota, which include, among many others, chemical structure, hydrophobicity and fugacity
gradients. While chemical structures and hydrophobicity of the chemicals are commonly
discussed in the microplastic scientific community, there is a lack of focus on the chemical
fugacity gradients between microplastics and biota. When microplastics enter the biota via
ingestion or inhalation, the microplastic-associated chemicals interact with chemicals in the
other components of the biota. The net direction of transfer of the chemicals on the
microplastics are partly governed by fugacity gradients between microplastics and other
components of the biota.
Finally, as the focus of this thesis is on microplastics that are ingested and pass through the
gut, the gut characteristics of the biota also plays an important role in the chemical dynamics
on the ingested microplastics. Gut retention times vary considerably across species, ranging
from hours to days. If microplastics are retained in the gut for a longer period of time, the
associated chemicals have more time to transfer in and out of the microplastics. Other gut
characteristics such as the sorptive capacities of the micelles and food, and food digestion
are also important factors which may influence the chemical dynamics and also the relative
chemical contribution of microplastics compared to other intake media.

Knowledge gaps
The level of microplastic exposure and the extent of the role of microplastic as a vector for
chemical bioaccumulation is especially unknown for humans around the world. The
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uncertainty on the microplastic vector effect stems from the lack of clarity on the chemical
exchange dynamics of HOCs on microplastics under realistic gut conditions in biota.
Gap 1: Most chemical vector studies on microplastics have investigated the vector effect by
only considering the desorption of chemicals from microplastics. They demonstrated that
microplastics can enhance chemical bioavailability in the gut. However, reversibility of the
sorption process has been largely neglected. This may reduce the chemical bioavailability and
bioaccumulation in the organism.
Gap 2: Previous studies did not fully mimic environmentally realistic conditions in which
chemicals are also present in the water, food, or in the organism. But in reality, chemical
fluxes from these pathways need to be considered.
Gap 3: Another unanswered aspect of the chemical vector effect is if it is influenced by
digestion kinetics. So far, only inert food compartment has been considered in previous
studies whereas in fact, food is constantly being broken down in the gut and would logically
release sorbed chemicals. Whether microplastics can act as a sorbent to clean the released
chemicals is unexplored.
Gap 4: The lack of standard approaches in microplastics research has led to data
incomparability in the microplastic concentration reported for food items and beverages
consumed by humans and also in the air. This non-alignment of data has limited the ability
of present human exposure assessments to provide a more accurate estimate of the full
microplastic continuum.
Gap 5: Presently, singular estimates for human microplastic intake do not provide a
comprehensive overview of the distribution of microplastic intake and exposure around the
world. A more realistic exposure assessment framework that describes the variability of the
magnitude of exposure to the full continuum of microplastics, along with the variability of
the populations exposed, is lacking. Furthermore, it is unclear to what extent ingested
microplastics are actually absorbed and accumulated in the human body over a lifetime.
Gap 6: The chemical vector effect of microplastics for humans has been evaluated by several
expert group reviews based on the worst case scenario. Their assessments have preliminarily
concluded that at present microplastic intake concentrations and maximum chemical
leaching levels, the role of microplastics in chemical bioaccumulation is negligible and will not
exceed unsafe levels. However, a comprehensive model framework and toolset that can
provide a more accurate and realistic assessment, including uncertainties, of the chemical
vector effect of microplastic in humans under natural conditions is lacking.
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Understanding the problem: A mechanistic approach
There is an urgent need for more sophisticated experimental methods, chemical exchange
models, and modeling toolsets, which can be applied to understand microplastic exposure in
humans and the extent of the vector effect of different chemicals associated with the
heterogenous mixture of microplastic particles. Such approaches are common in adjacent
disciplines such as environmental chemistry and, sediment and soil science. However, these
existing approaches have not been adequately assimilated in the field of microplastic
research. It is necessary to recognize that to move the microplastic research forward,
methods and theories from adjacent disciplines can be borrowed.
To set the stage in understanding the role of microplastics as a vector for chemical
bioaccumulation in humans and other biota, the sorption behavior and rate kinetics of
microplastic particles in the gut environment needs to be elucidated first. Different scenarios
should be assessed since microplastics are not equally contaminated with chemicals and
there are other chemical uptake routes such as absorption from food. An in vitro simulated
gut fluid method would allow the understanding of the aforementioned scenarios in a stepwise manner to include different configurations of possibilities (i.e., different
hydrophobicities of chemicals, polymer types, sizes). Furthermore, it helps to reduce the
complexity of the chemical processes in the gut when microplastics are ingested and focus
specifically on the sorption mechanisms in the microplastics. Such an approach allows the
determination of more accurate sorption parameters than in whole organism studies, which
can be applied to compare the chemical bioavailabilities from microplastics in different biota.
These chemical kinetic parameters and dynamic models can then be integrated in larger
modeling frameworks, such as food web models32 and physiologically based pharmacokinetic
(PBPK) models for ecological and human risk assessments.33
To address the knowledge gaps 4 to 6, a large modeling framework needs to be developed
that can address the current limitations in microplastics research to provide probabilistic
estimates of the microplastic intake and exposure in humans around the world. Such
probabilistic exposure assessments are typically performed for chemicals. However, the
application of the approach is not very straightforward for microplastics due to its
heterogeneity. Therefore, new correction tools need to be developed to account for the
diversity of microplastics.
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Aims of this thesis
This thesis aims to address the aforementioned knowledge gaps on the human exposure of
microplastics and its role as a vector for chemical bioaccumulation:


How do the chemicals interact with the microplastic particles (glassy/rubbery) in
the gut environment of biota under different feeding scenarios ‒ equilibrium and
kinetics?



What are the sorption affinities of the chemicals for gut components such as
micelles and food lipids, information that is required to fully understand chemical
dynamics in the gut?



How does food digestion influence chemical transfer kinetics in microplastics and
affect the overall chemical bioavailability to biota?



What are the variabilities of microplastic concentrations in food types, beverages
and air; intake media relevant for humans?



How much microplastics from known sources are people exposed to throughout
their lives?



To what extent do microplastics contribute to the overall chemical bioaccumulation
in humans?

Thesis outline
This thesis comprises 3 main chapters (Chapter 2 ‒ 4) which addresses the aforementioned
knowledge gaps in 3 separate studies. These studies grow in sophistication to understand the
sorption behavior and the underlying mechanisms for a range of chemicals with different
hydrophobicities. The final main chapter comprises of three subchapters that delves into the
lifetime exposure of microplastics in humans, and the chemical vector effect of microplastics
using the developed chemical exchange models in Chapters 2 and 3, in the human gut. In the
final chapter (Chapter 5), the weight of evidence for the microplastic chemical vector effect
is discussed based on Chapters 2 ‒ 4 and also other microplastic vector studies, specifically,
in vitro gut fluid studies.
Chapter 2 addresses the sorption behavior and dynamics of HOCs with microplastics in a
simulated gut environment. This is done in conjunction with the development of a dynamic
multicompartment model describing the chemical exchange kinetics on microplastics. Three
scenarios are investigated. In the first scenario, an organism ingests contaminated
microplastics only. The second scenario; an organism ingests contaminated microplastics and
contaminated food (prey). The third scenario; an organism ingests clean microplastics and
contaminated food. Additionally, the chemical dynamics are investigated for two polymer
types to compare a rubbery (low density polyethylene (LDPE)) and glassy (polyvinyl chloride
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(PVC)) polymer. Kinetic parameters fitted to empirical data can be used to further compare
across different biota with varying gut retention times.
Chapter 3 expounds on the sorption behavior and dynamics of HOCs with microplastics by
including food digestion, which adds another new aspect of environmental realism. In this
chapter, the gut fluid conditions of humans and physiologically similar biota were simulated.
Olive oil is used as a proxy for food lipids (triglycerides) and LDPE plastics were used to
represent ingested microplastic particles. Both food and plastics are pre-equilibrated with
the gut fluid. Food digestion is initiated with the lipase enzyme which breaks down the olive
oil triglycerides. The earlier dynamic multicompartment model developed in Chapter 2 is
expanded to include the food digestion process. The effect of food digestion kinetics on the
chemical dynamics with microplastics is then elucidated.
Chapter 4 uses the insights from Chapter 2 and 3 to understand the contribution of
microplastics to chemical bioaccumulation in humans. The chapter comprises three major
components (subchapters): (a) characterizing microplastics in food, beverages, and air using
novel quality assurance and quality criteria standards and probabilistic alignment methods,
(b) first probabilistic human exposure modeling for microplastics, (c) first probabilistic
assessment of the role of microplastic as vectors for chemical bioaccumulation in humans. A
model framework for estimating the microplastics exposure from different food types and
air is developed. This framework accounts for non-alignment of methods used to assess
microplastic occurrence data, and also the full microplastic continuum (1‒5000 µm). A
lifetime microplastic exposure model for children and adults, here implemented for intake
via eight food types and inhalation, intestinal absorption and biliary excretion, is developed.
This can estimate the microplastics accumulated in the body tissue, gut and excreted in the
stools. The amount of chemical bioavailable from microplastics under realistic feeding
conditions is then calculated using the dynamic biphasic model developed in Chapter 2 and
microplastic exposure amounts in the gut from the probabilistic microplastic exposure
modeling.
Finally, in Chapter 5, the weight of evidence for the microplastic chemical vector effect is
evaluated based on the products from Chapters 2‒4, and evidences from other in vitro gut
fluid studies are also reviewed. Some recommendations are made to ensure quality
assurance for such studies to be relevant with respect to understanding the chemical vector
effect of microplastics. The usefulness of the multicompartment dynamic models developed
in this thesis are compared to other sorption models that have been widely used in other
studies to describe chemical sorption dynamics on microplastics. Finally, an outlook on
further improvements on the exposure and risk assessment for microplastic and its
associated chemicals, is provided.
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Chapter 2
Transfer of PCBs from microplastics under
simulated gut fluid conditions is biphasic and
reversible
Nur Hazimah Mohamed Nor, Albert A. Koelmans

This chapter is published as: Mohamed Nor, N.H. and Koelmans, A.A., 2019. Transfer of
PCBs from microplastics under simulated gut fluid conditions is biphasic and
reversible. Environmental Science & Technology, 53(4), pp.1874-1883.

Abstract
The role of plastic as a vector for bioaccumulation of toxic chemicals is central to the risk
assessment of microplastic for human health and the environment. However, transfer
kinetics of sorbed contaminants from ingested microplastics are poorly understood. We
develop and parameterize a chemical exchange model on microplastics in a gut fluid mimic
of aquatic biota, and also included food to provide a better representation of contaminant
dynamics when plastic and food are ingested, as would occur in nature. The transfer kinetics
of 14 polychlorinated biphenyls (PCBs) were measured in gut fluid mimic systems under three
environmentally relevant exposure scenarios of plastic ingestion by organisms, for lowdensity polyethylene (LDPE) and polyvinyl chloride (PVC), and were evaluated with the
model. Chemical transfer was demonstrated to be biphasic and fully reversible, with fast
exchange within hours followed by a slow transfer lasting for weeks to months. In clean gut
systems, the bioavailability of plastic-associated PCBs for lugworms and cod ranged from 14‒
42% and 45‒83% respectively. However, in contaminated gut systems, clean microplastic was
capable of rapidly extracting (“cleaning”) PCBs from food inside the gut, thus demonstrating
that the effect of microplastic is context dependent. Therefore, chemical contamination and
cleaning are likely to occur simultaneously due to the ingestion of microplastic.
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Introduction
Plastics found in the environment have been reported to contain hydrophobic organic
chemicals (HOCs), such as polychlorinated biphenyls (PCBs), polycyclic aromatic
hydrocarbons (PAHs), bisphenol-A and nonylphenol at ppb concentrations.24,34–38 This has led
to the hypothesis that ingested microplastics (particles smaller than 5 mm) could act as a
carrier, i.e., a “vector” of HOCs to organisms, increasing their exposure to HOCs and thereby
increasing chemical risks.24,26,38–41 The vector effect is one of the major concerns in the field
of plastic pollution, and is heavily debated in the research community.26,42–44 Transfer of HOCs
from ingested plastics to biota has been investigated either with models accounting for a
variety

of

exposure

experiments

38,41,48–51

conditions

using

or in in vitro studies,

52–54

scenario

analysis,25–27,32,45–47

in

feeding

which mimic the organism’s gastrointestinal

(GI) system.
While data from in vivo feeding experiments better represent the ultimate reality of nature
and are essential for effects assessment, in vitro experiments provide significant advantages
when determining chemical exchange rates between microplastics and gut fluid mimic. By
using in vitro set-ups as a proxy for the gut, the level of control and accuracy can be higher
than when using whole organisms studies. Pioneering in vitro studies have demonstrated
that the desorption of plastic associated chemicals was rapid and enhanced under gut
conditions compared to desorption to water only.52–54 However, these previous studies have
interpreted data on the desorption of chemicals in the gut fluid as a one-compartment
unidirectional process.52–54 In contrast, the reversibility of chemical sorption is acknowledged
and taken into account for many sorbents of environmental interest, e.g., for soils and
sediments55 and for the widely used passive samplers, composed of polymers like
polyethylene (PE)56, polyoxymethylene (POM)57 or polydimethylsiloxane (PDMS).58 In the
field of microplastic research however, quantifying the resorption of chemicals from the gut
fluid content to plastic has been largely neglected thus far. Accounting for the reversibility of
sorption would lead to different values for the chemical desorption rate parameters than
those derived in the aforementioned literature on in vitro experiments.52,53 It would also
demonstrate and quantify the potential of ingested microplastics to decrease the chemical
bioaccumulation in organisms once the particles are egested.25,32,45,46 This depuration effect
whereby bioaccumulation decreases with the ingestion of clean plastic, has not been
addressed in these experimental studies. To date, only modeling studies have accounted for
reversibility of the chemical transfer.25,26,32,45,46,59 However, parameterization was largely
based on first principles, that is, polymer diffusivities found in other studies, leaving
considerable uncertainty with respect to the actual values. Hence, uncertainties still surround
the extent to which plastics affect bioaccumulation of HOCs. Furthermore, the previous in
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vitro as well as several in vivo studies did not fully mimic environmentally realistic exposure
conditions in which chemicals would be present in the water or in food, outside the organism
and/or in the gut fluid.26 Contaminant fluxes via the common natural pathways, for example,
contaminated food, besides via plastic ingestion alone, need to be considered for a realistic
assessment of the bioavailability of contaminants from ingested plastics in gut fluids under
gut conditions.26,60 To date, rate kinetics and time scales of chemical transfer to/from plastics
in the gut are not known. Knowledge of such kinetic parameters would allow for more
rigorous risk assessments of plastics associated chemicals using food web bioaccumulation
models.32 Finally, earlier studies assumed microplastic to behave as one homogeneous
compartment with respect to its chemical kinetics,25,46,52,53 an assumption that needs to be
verified.
The aim of this study is to verify and quantify the reversibility and kinetic rates of chemical
transfer from microplastics under simulated gut fluid condition of aquatic biota, and to assess
the homogeneity of the sorption domains in the polymer. To this end, a dynamic multicompartment model is developed that describes the chemical exchange kinetics on plastics.
The rate constants for chemical transfer of polychlorinated biphenyls (PCBs) spanning a wide
range of hydrophobicities, to and from low-density polyethylene (LDPE) and polyvinyl
chloride (PVC), and the characteristic time scales are determined with the model. We
examine the effect of simultaneously ingested contaminated food on the chemical exchange
between plastic and gut fluid. To address the implications of the above for environmentally
realistic settings, gut fluid studies were carried out for three scenarios. The first scenario; an
aquatic organism ingests contaminated plastics, is included for comparison purposes with
previous studies, represents cases where for instance additives still leach from ingested
plastics, and was designed to result in the most accurate determination of parameters as it
has a large gradient between plastic and gut fluid chemical concentrations. The second
scenario; an aquatic organism ingests contaminated plastics and contaminated food (prey),
is considered relevant for cases where chemicals have reached (near-)equilibrium in the
environment. The third scenario; an organism ingests clean plastics and contaminated food
(prey), represents the case where relatively freshly emitted microplastics would not have
equilibrated yet so that they are “cleaner” than natural prey that has already bioaccumulated
the chemicals from the ambient water. Following earlier studies,52–54 sodium taurocholate, a
vertebrate bile salt,61–63 was used to simulate the micelles produced in the gut as a result of
bile salts and fatty acids. These micelles act as fourth medium for the HOCs, besides plastic,
water and organic matter (representative of natural food).
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Materials and methods
2.2.1. Materials
Materials used were 14 PCB congeners (log Kow: 5.24 to 7.42), LDPE and PVC strips of
thickness 30 and 250 µm respectively to allow for similar intrapolymer diffusion path lengths
as those in 30‒250 µm spherical or irregularly shaped environmentally relevant microplastics,
and dried Gammarus used as natural food representation. Details are provided in the
Supporting Information (SI).

2.2.2. Experimental design
Three different set-ups were used to simulate three environmentally relevant scenarios of
microplastic ingestion by organisms: (S1) Contaminated plastic strips; (S2) Contaminated
plastic strips and contaminated Gammarus; (S3) Clean plastic strips and contaminated
Gammarus.
The plastic strips and Gammarus were preloaded with PCBs by spiking 100 µL of PCB mixture
stock (SI Table S2.1) per 350 mL MQ-water and shaken on a horizontal shaker at 100 rpm in
the dark at room temperature (20°C) over 28 days. A longer loading time assures chemicals
are more deeply absorbed by the polymeric phase, which can be considered as more
environmentally relevant than the short equilibration times (24‒48 h) used previously.52,53
Subsequently, the plastic strips were removed with a sieve and air-dried in the chemical fume
hood overnight. Gammarus was sieved then freeze-dried overnight and grinded to powder
prior to use in the gut fluid experiments. The gut fluid mixture consisted of 10 mM of sodium
taurocholate and 5.0 g/L of bovine serum albumin (BSA), constituted in 35 ppt artificial
seawater.52–54,62 To limit biodegradation of the food component, sodium azide (NaN3) was
added as a biocide to a final concentration of 25 mg/L. The pH was adjusted by drop-wise
addition of 1 M HCl to pH 4.04 to mimic the acidic environment of the gut. The final measured
salinity of the gut fluid was 34.1 ppt.
In S1, 14 contaminated plastic strips were transferred to 70 mL gut fluid in a 100 mL amber
jar. For S2, 14 contaminated plastic strips were added to gut fluid containing ~0.9 g dry
weight contaminated Gammarus (note that the plastic and Gammarus do not necessarily
need to be at equilibrium). Conversely, in the S3 setup, 14 precleaned plastic strips were

added to gut fluid containing ~0.9 g dry weight contaminated Gammarus. The solid-to-gut

fluid ratio achieved in setup S1 is 0.005 g dry wt/mL, 3.8 times lower than the ratio in setups
S2 and S3 (0.019 g dry wt/mL). This was to ensure that there was an adequate volume of fluid
in S1 for the plastic strips to mix in. The initial plastic to food ratio in S2 and S3 was ~0.33 to

represent systems where organic matter dominates over microplastic, which is most likely to
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occur in nature.26,49 All three setups were applied to LDPE and PVC and conducted in
triplicate. The gut fluid kinetics experiment was carried out over 28 days with continuous
shaking on a horizontal platform shaker incubator at 100 rpm at 26.9±0.6 °C, to obtain
kinetics for the average temperature of cold- and warm-blooded organisms. Two plastic
strips were removed after 672, 674, 680, 696, 840, 1008 and 1344 h (exposure to gut fluid
starts from t = 672h) with tweezers, and subsequently sprayed with MQ water and wiped
with a tissue to ensure there are no particles on the surface. The strips were kept in
precleaned aluminum foils and stored at -20°C until chemical extraction. The method for
chemical analysis of the plastic strips is provided as SI.

2.2.3. Model design, description and implementation
To describe sorption to soils, sediments or polymer particles, two schools of modeling exist,
one using diffusion models and the other using first-order multiple compartment models.64,65
Whereas diffusion models are better equipped to relate parameters to actual physical
properties of sorbents and adsorbates, including microplastics,66 first order models have
remained popular as they are much easier to apply in larger modeling frameworks, such as
fate models or plastic-inclusive bioaccumulation models.25,26,32,46 Furthermore, biphasic or
triphasic multiple component first order models have a long history in understanding and
describing HOC sorption to sediments and soils.67–70 We used a model simulating the
exchange of chemicals between plastics, water, micelles and food components, dependent
on initial conditions and kinetic rate parameters, while fully accounting for sorption
reversibility and possible biphasic sorption behavior. A schematic overview of the model is
provided in SI Figure S2.1. Contaminants enter our gut fluid mimic, either sorbed onto
microplastics (S1 and S2) or to organic matter (S2 and S3) and subsequently partition into the
different gut compartments. Due to the chemical mass conservation, the sum of the
concentrations residing in water, micelles, organic matter and plastic remains equal to the
initial concentration at all times:
𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 = 𝐶𝐶𝑊𝑊 + 𝐶𝐶𝑀𝑀 + 𝐶𝐶𝑂𝑂𝑂𝑂 + 𝐶𝐶𝑃𝑃 ∗ [𝑃𝑃]

(2.1)

where 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 (µg/L) is the initial concentration of contaminants sorbed either on microplastics
(S1 and S2) and/or organic matter (S2 and S3). 𝐶𝐶𝑊𝑊 , 𝐶𝐶𝑀𝑀 , 𝐶𝐶𝑂𝑂𝑂𝑂 are concentrations normalized

to water volume (µg/L) in water, micelles (i.e. aggregates of sodium taurocholate) and

organic matter, respectively. 𝐶𝐶𝑃𝑃 ∗ (µg/kg) is the concentration of contaminants in the

microplastics and [𝑃𝑃] (kg/L) is the mass concentration of microplastics in the gut fluid. PCB

concentration in BSA is assumed to be negligible due to its hydrophilic properties.71

Intraparticle diffusivities are much higher in amorphous organic matter and in the fluidic
micelles than in the plastics, as the ground organic matter particles and nanometer-sized
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micelles72 are much smaller than the plastics used. Therefore, based on earlier studies,55,73
the exchange kinetics of contaminants to the bulk solid polymer was assumed to be rate
limiting, such that the chemical partitioning to micelles and organic matter could be assumed
to be fast and at (pseudo)equilibrium. These equilibria were parameterized using logKd‒
logKOW relationships from the aforementioned studies (equations are provided in SI Table
S2.2).55,73
To represent the possibly biphasic transfer kinetics of the contaminants to/from
microplastics, two sorption domains are defined (SI Figure S2.1). The outer domain is the fastsorbing compartment which uptakes and releases contaminants from the water component
and the interior mass of the polymer. The interior domain represents the slow-sorbing
compartment which uptakes and releases contaminants from the outer domain, dependent
on intrapolymer transport kinetics. The exchange of contaminants between the fast and slow
reservoir is modeled as
𝑑𝑑𝐶𝐶1 ∗
𝑑𝑑𝑑𝑑

𝑑𝑑𝐶𝐶2 ∗
𝑑𝑑𝑑𝑑

=

𝑘𝑘1

𝑓𝑓1 [𝑃𝑃]

𝐶𝐶𝑊𝑊 − 𝑘𝑘2 𝐶𝐶1 ∗ − 𝑘𝑘3 𝐶𝐶1 ∗ + 𝑘𝑘3 𝐶𝐶2 ∗

= 𝑘𝑘3 𝐶𝐶1 ∗ − 𝑘𝑘3 𝐶𝐶2 ∗

(2.2)
(2.3)

where 𝐶𝐶1 ∗ and 𝐶𝐶2 ∗ are concentrations of contaminants in the fast and slow reservoirs of the

polymer (µg/kg) respectively, 𝑓𝑓1 is the fast reservoir fraction of the total bound mass of

chemical (dimensionless), 𝑘𝑘1 is the sorption rate constant (d-1), 𝑘𝑘2 is the desorption rate

constant (d-1) and 𝑘𝑘3 is the intrapolymer rate constant (d-1).

The total concentration of contaminants on the microplastic, 𝐶𝐶𝑃𝑃 ∗ , is then computed from 𝐶𝐶1 ∗
and 𝐶𝐶2 ∗ according to the following equation:
𝐶𝐶𝑃𝑃 ∗ = 𝑓𝑓1 𝐶𝐶1 ∗ + (1 − 𝑓𝑓1 )𝐶𝐶2 ∗

(2.4)

For all scenarios, the boundary condition for 𝐶𝐶𝑊𝑊 when plastics were added to the gut fluid
mimic (t=672 h) was calculated by assuming a fast pseudoequilibrium redistribution of the

PCBs bound to food organic matter, micelles and water. This is based on the same arguments
of polymer diffusion being rate limiting as mentioned above. Hence, these effectively
represent systems with contaminated food entering equally contaminated gut systems as
would occur for sorbing chemicals in nature.26,44
The PCB concentration in plastic (𝐶𝐶𝑃𝑃 ∗ ) over time was modeled by fitting the aforementioned

mass balance and ordinary differential equations, where 𝑘𝑘1 , 𝑘𝑘2 , 𝑘𝑘3 and 𝑓𝑓1 are fitted

parameters, using the minpack.lm package74 and deSolve75 in R.76 The Levenberg-Marquardt

algorithm was used to estimate the set of parameters based on the least residual sum squares
of the modeled versus measured values. We also allowed the model to parameterize the
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𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 in Scenarios 1 and 3. The information from these scenarios was then used to predict

the total PCB concentration in Scenario 2 during the exposure in gut fluid mimic (from t=672
h). Because a fraction of the plastic and its associated PCBs was removed from the systems
at each time point, this was accounted for in the modeling.
As the steady state solution of the biphasic differential equations results in equal chemical

concentrations in the fast and slow reservoir fractions (𝐶𝐶1 ∗ = 𝐶𝐶2 ∗ ), the equilibrium partition
coefficient of the polymer with water was calculated as

𝐾𝐾𝑃𝑃 =

𝑘𝑘1

𝑘𝑘2 𝑓𝑓1 [𝑃𝑃]

(2.5)

2.2.4. Statistical analysis
The Shapiro-Wilk test was used to check for normality and Levene’s test (found in car77 R
package) for homogeneity of variance before carrying out multiple comparisons of means
across groups. Log transformations were performed accordingly when data were not
normally distributed. In S2, differences in the total concentration of PCBs on plastic strips
over time were evaluated using one-way ANOVA.76 Tukey’s Honest Significance Difference
(HSD) was implemented when variance between groups were significantly different (p<0.05).
Multcomp package was used to demonstrate the differences between groups.78 KruskalWallis test was used when data were not normally distributed or homogenous.

Results and discussion
2.3.1. Scenario 1: Desorption from contaminated plastic in the
gut
Kinetics for PE microplastics. This scenario was meant to mimic chemical transfer upon
ingestion of contaminated microplastic by organisms. The two compartment model was
applied to the sorption as well as the desorption phase in one go, where the concentrations
after 672 h were used as boundary condition for the desorption stage from 672 to 1344 h.
This implies that any non-equilibrium after 672 h of sorption is accounted for and thus no
assumption on sorption equilibrium is required. Fits to the data were excellent and indeed
revealed that after 672 h, full equilibrium was not achieved in the polymer phase, especially
for PVC, and that (de)sorption was biphasic (Figure 2.1; individual plots for other PCBs are
presented in SI Figure S2.2). That desorption was biphasic is formally proven by the fact that
the parameters 𝑓𝑓1 and 𝑘𝑘3 were statistically significant for all (𝑓𝑓1 ) and part (𝑘𝑘3 ) of the
congeners (SI Table S2.3‒2.4), implying a relatively fast release of contaminants from the

outer reservoir of the plastic (𝑓𝑓1 ) followed by a slower release, governed by intrapolymer

transport (𝑘𝑘3 ). Our other hypothesis, that is, that (de)sorption is reversible, was also
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confirmed. After all, most values for 𝑘𝑘1 , which is the rate parameter for backward sorption,
were statistically significant especially for the PCBs at the lower end of the hydrophobicity

range (SI Table S2.3‒2.4). For these less hydrophobic PCB congeners the ratio of desorption

(𝑘𝑘2 ) to sorption (𝑘𝑘1 ) rates is lower, leading to relatively high 𝐶𝐶𝑊𝑊 , rendering backward sorption
more relevant and therefore statistically significant. In any case, this implies that backward
sorption cannot just be neglected.

Figure 2.1. Total concentration (µg/kg) of PCB 77 on plastics measured (symbols) and
modelled (curves) over time in Scenario 1, 2 and 3 (from top to bottom). Plastics were
exposed to contaminants in the aqueous phase from t=0 to 672 h followed by exposure in
gut fluids from t=672 to 1344 h. The moment of simulated ingestion is indicated by blue
arrows. Each symbol represents a replicate system.
The 𝑘𝑘2 values for LDPE ranged from 0.21 to 0.67 h-1 (SI Table S2.3), translating into desorption

half-lives of 1.03 to 3.36 h. This rate constant k2 only applies to the fast reservoir fraction of
the plastic-bound chemicals. The range of 𝑘𝑘2 values for the lower PCBs (5 to 11.89 d-1) is

consistent with the desorption rate constants between 1 and 10 d-1 provided by Koelmans et

al. 2013,25 which was based on first-principles regarding polymer diffusion. The 𝑘𝑘3 values for

LDPE ranged from 0.09 to 0.22×10-2 h-1 (SI Table S2.3), translating into 2 orders of magnitude
longer desorption half-lives than 𝑘𝑘2 ; ranging from 13.12 to 31.76 days. This rate constant 𝑘𝑘3
26

applies to only the slow reservoir fraction of the plastic-bound chemicals. Consequently, the
outer and inner fractions of the polymer did not reach equilibrium over the experimental
period, with the concentration in the outer sorption domain being higher than in the inner
domain, when desorption started. As mentioned, our dynamic model however fully
accounted for this nonequilibrium. For LDPE, 𝑓𝑓1 values ranged from 0.17 to 0.60 (SI Table

S2.3), which means that both kinetic domains need to be taken into account when assessing
the amount of chemicals solubilized from the plastic into the gut fluid.

Among PCB congeners, the (de)sorption behavior from LDPE differed as a function of their
hydrophobicity. As shown in SI Figure S2.3, 𝐾𝐾𝑃𝑃 values derived from the fitted parameters 𝑘𝑘1 ,
𝑘𝑘2 and 𝑓𝑓1 (eq. 2.5) correlated positively with 𝐾𝐾𝑂𝑂𝑂𝑂 (log 𝐾𝐾𝑃𝑃 = 0.51 (±0.11) × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 +
1.45 (±0.70), 𝑟𝑟 2 = 0.65, 𝑛𝑛 = 14), complying to previous studies.56,79 However, the

regression had a smaller slope than other studies, which for instance were developed for PE

passive samplers. The difference can be attributed to the differences in the plastics used. The
partition coefficient of a polymer does not only depend on polymer type but other
characteristics such as plasticizers may also influence the ability of the polymer to uptake the
compounds.80,81 The change in 𝐾𝐾𝑃𝑃 with 𝐾𝐾𝑂𝑂𝑂𝑂 for LDPE is mainly governed by the variation in
𝑘𝑘1 which significantly increases with KOW (𝑙𝑙𝑙𝑙𝑙𝑙𝑘𝑘1 = 0.86 (±0.08) × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 −
4.08 (±0.54), 𝑟𝑟 2 = 0.90, 𝑛𝑛 = 14).

Kinetics for PVC microplastics. Like for PE, reversibility and biphasic behavior of chemical

exchange between PVC and gut fluid are demonstrated based on the good fits of the
observations with the proposed model (Figure 2.1; see also SI Figure S2.2) and significance
levels of parameter values (SI Table S2.4). The kinetic rate constants, 𝑘𝑘1 , 𝑘𝑘2 and 𝑘𝑘3 ranged

from 0.010 to 0.067 h-1, 0.021 to 0.302 h-1 and 0.084 to 0.642x10-2 h-1, respectively (Figure
2.2, SI Table S2.4). Significant positive correlations (p<0.05) were observed for both 𝑘𝑘1 and
with
𝐾𝐾𝑂𝑂𝑂𝑂
(𝑙𝑙𝑙𝑙𝑙𝑙𝑘𝑘1 = 0.17 (±0.07) × log 𝐾𝐾𝑂𝑂𝑂𝑂 − 2.65 (±0.47), 𝑟𝑟 2 = 0.32, 𝑛𝑛 =
𝑘𝑘2
14; 𝑙𝑙𝑙𝑙𝑙𝑙𝑘𝑘2 = 0.43 (±0.11) × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 − 3.80 (±0.69), 𝑟𝑟 2 = 0.57, 𝑛𝑛 = 14).

The

intra-

polymer transport, 𝑘𝑘3 , also positively correlated with 𝐾𝐾𝑂𝑂𝑂𝑂 (𝑙𝑙𝑙𝑙𝑙𝑙𝑘𝑘3 = 0.33 (±0.09) ×
𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 − 4.79 (±0.58), 𝑟𝑟 2 = 0.53, 𝑛𝑛 = 14). The positive correlations of the fast and slow

kinetic parameters with 𝐾𝐾𝑂𝑂𝑂𝑂 suggest that sorption processes in PVC are somehow influenced

by hydrophobicity of the compounds. In addition, the fast fraction reservoir 𝑓𝑓1 increased
linearly with 𝐾𝐾𝑂𝑂𝑂𝑂 (𝑓𝑓1 = 0.08 (±0.04) × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 − 0.10 (±0.23), 𝑟𝑟 2 = 0.30, 𝑛𝑛 = 14). This
increase in the apparent fast fraction might be explained from nonequilibrium when

desorption starts. Very slow and incomplete absorption into the slow domain would cause
the chemical fraction in the fast domain to be relatively large, leading to larger apparent fast
fractions for more hydrophobic chemicals. At the same time, the effective diffusion path

lengths in the smaller slow fractions are shorter, thus accelerating the transport of the
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chemicals from the slow domain to the fast domain during desorption, which explains 𝑘𝑘3 to

be higher for these more hydrophobic chemicals. The apparent affinity of chemicals with PVC
also decreases as KOW increases (SI Figure S2.3), quantified as 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑃𝑃 = −0.35 (±0.06) ×
𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 4.49 (±0.42)(𝑟𝑟 2 = 0.71, 𝑛𝑛 = 14).

Figure 2.2. Log values of kinetic parameters vs log 𝐾𝐾𝑂𝑂𝑂𝑂 relationships for LDPE (left) and PVC
(right).
The trends observed for PVC are contrasting to those found for LDPE. Overall kinetics was
slower for PVC than for PE (Figure 2.1), with desorption rate constants 𝑘𝑘2 being about five
times lower on average. This difference may be attributed to the polymer characteristics of

LDPE and PVC, the latter being classified as more glassy than LDPE.82 Due to the higher glass
transition temperature of PVC than LDPE, the mobility of the segments within the PVC chains
is lower. Consequently, it has a more condensed structure and lower free volume. Pascall et
al. (2005)83 observed that larger PCB congeners had a lower partitioning potential in PVC
possibly due to this lower free volume. It was suggested that the increasing molar attraction
of the molecules would result in an increasing resistance to the diffusion of the molecules
through the polymer. Hence, the lower diffusivities of the molecules coupled with the limited
free volume may have resulted in lower affinity of the larger congeners in PVC.
Comparison with earlier published data from gut fluid studies. Bakir et al. 201453 had
previously reported rates ranging from 0.27 to 12.10 d-1 for release of sorbed phenanthrene
(Phe), 4,4’-DDT and di-2-ethylhexyl phthalate from PE and PVC particles (200‒250 µm) under
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varying gut conditions. However, desorption rates in their study were determined from the
slopes of ln (Ci/Ci,0) vs. time, thus assuming an irreversible, desorption-only one compartment
first order rate kinetics model. Inspection of their release data (SI Fig S10‒S15 in Bakir et al.
201453) actually suggests biphasic behavior with fast release in the first 15‒30 mins followed
by a slower release kinetics, similar to what we observed here. Similarly, an earlier study
investigating desorption of Phe in artificial gut fluids reported first order desorption rate
constants from 2.29 ± 1.40 to 9.70 ± 2.10 d-1 in PE, PP and PVC.52 Both studies reported
desorption rate constants obtained from a first order rate kinetics model that averaged out
the fast and slow transport of chemicals from the plastic. The aforementioned model thus is
likely to underestimate the initial transport rates of chemicals and hence, exposure when
chemicals desorb in the gut. On the other hand, release at longer time scales would be
overestimated. To illustrate the differences between the two modeling approaches, we also
fitted our data with the desorption-only one compartment first order rate kinetics model.
The one-compartment first order desorption rate constants obtained based on our data in
the first 4 h ranged from 0.034 to 0.154 h-1 for LDPE and 0.016 to 0.108 h-1, which are 2 to 6
times lower than the k2 values obtained with our present model, implying that previously
reported desorption rate constants in the aforementioned studies may have also been
underestimated. In addition, we demonstrated slow equilibration times, with more than 50
days required to acquire equilibrium for PCBs at the higher end of the hydrophobicity range.
These time scales agree to earlier findings,84–86 and also illustrate that the short equilibration
times in earlier gut fluid studies may have been too short, leading to overestimation of
desorption rate constants.

2.3.2. Scenario 2: Mimicking the simultaneous ingestion of
contaminated plastic and contaminated food
We investigated the environmentally realistic scenario in which an organism ingests plastic
and food (prey) that are both contaminated, at the same time. Since both the plastic and
food which an organism ingests come from the same environment, the contaminants that
the plastic and food are exposed to would be the same.26,27,60 The relative amount of
contaminant desorbed from plastic in the gut fluid will then also depend on the amount
desorbed from the food within the organism’s gut. Based on simple principles of chemical
partitioning, we hypothesize that food organic matter will compete for the chemicals with
the plastic in the gut, and thus when compared to S1, less of the chemicals will be desorbed.32
For this scenario LDPE was used, which can be assumed to have 𝐾𝐾𝑃𝑃 values of similar

magnitude as organic matter and micelles in the gut.55,73
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Indeed, little or no significant desorption of PCBs occurred from LDPE when introduced into
gut fluid at the same time as contaminated natural prey items. We show concentrations of
PCB 77 on LDPE strips over time, showing no significant changes (p>0.05; ANOVA; Figure 2.1).
The behavior of this compound represents that of most of the PCBs except for the lower
congeners (i.e., PCB18, 28, 31 and 52) where we observed a slight decrease at the end of the
desorption phase (SI Figure S2.4). For most of the higher PCB congeners, the observations
agree with our hypothesis in which the contaminated LDPE competes with food organic
matter and micelles for the PCBs in the system. Given the higher relative abundance of food
compared to LDPE and micelles, and the fact that the equilibrium partition coefficient of
organic matter (𝐾𝐾𝑂𝑂𝑂𝑂 )55 was similar to 𝐾𝐾𝑃𝑃 for LDPE (our study), a larger fraction of chemicals

resided in the food and thus a lower desorption from LDPE was observed. Due to the lack of
concentration change and the higher number of model parameters in this system, a
quantitative assessment of model parameters was not possible for this system.
The PVC case was meant as a control to the aforementioned LDPE scenario by using same
PCB concentrations, however with a lower 𝐾𝐾𝑃𝑃 for PVC than for LDPE by about 2 orders of

magnitude and even lower than 𝐾𝐾𝑂𝑂𝑂𝑂 . Compared to LDPE, PVC thus has a low apparent affinity

for PCBs, leading to more desorption from the plastic. Indeed, we observed a significant
decreasing trend in the PCB concentrations on PVC over time (p<0.001; ANOVA, Figure 2.1
and SI S2.5). For PVC, the desorption data could be fitted with the model for PCB 18, 28, 31,
66, 77, 126 and 169 as the chemicals were measurable in the plastic over time (SI Figure S2.6).
The fast sorption rate constant (𝑘𝑘1 ) ranged from 0.04 to 0.08 h-1, desorption rate constant
(𝑘𝑘2 ) ranged from 0.06 to 0.34 h-1 and the slow kinetic rate constant (𝑘𝑘3 ) ranged from 0.002

to 0.141 (× 10-2) h-1 (SI Table S2.5). The kinetic rate constants observed here which were
significant (p<0.05) falls within the ranges found for PVC in S1.

2.3.3. Scenario 3: Mimicking ingestion of clean plastic with
contaminated food
There are two reasons why microplastics could take up chemicals from aquatic organisms
rather than the other way round. First, part of the plastics that are recently introduced in the
environment will not have equilibrated with environmental contaminants. Hence, for these
relatively “clean” plastics, there is a possibility that the concentration of contaminants sorbed
would be lower than that of the food (prey). Second, aquatic organisms biomagnify chemicals
to higher than equilibrium concentrations, which implies that plastic may uptake chemicals
from organisms even if the chemical-bound plastic would be at equilibrium with the ambient
water.26,45,87 The capacity of microplastics to take up chemicals from food in gut fluids has
however not been demonstrated, because no earlier studies included this scenario.
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Therefore, in S3 we assessed potential transfer from contaminated food to precleaned
plastic, under artificial gut fluid conditions. Data show a fast uptake of PCBs by LDPE with a
half-life ranging from 0.003 to 0.113 mins, followed by a slower uptake with a half-life ranging
from 5.65 h up to 44.9 weeks (Figure 2.1 and SI Figure S2.7; SI Table S2.6). Here, the ingested
plastic thus rapidly “cleans” the gut since LDPE has a high sorption capacity and fast uptake
kinetics (𝑘𝑘1 ) for hydrophobic compounds.56 That chemical transfer is reversible was already
demonstrated indirectly in S1, because parameters driving backward sorption were
statistically significant. Here, the reversibility of the process is also demonstrated directly:
clean microplastic accumulates chemicals from food components under conditions
simulating an organism’s gut. Like the biphasic desorption observed in S1, uptake is
demonstrated to be biphasic. A strong positive correlation between 𝑘𝑘1 and 𝐾𝐾𝑂𝑂𝑂𝑂 is also shown

here as is evident from S1 (log 𝑘𝑘1 = 0.73 (±0.04) × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 − 1.34 (±0.25), 𝑟𝑟 2 =

0.97, 𝑛𝑛 = 14). The range of 𝑘𝑘1 values estimated in S3 is higher by about 2 orders of

magnitude than in S1, whereas the rate constant 𝑘𝑘2 is lower than the values observed in S1.

We assume that these differences are caused by the presence of organic matter in S3, which
has been shown to affect sorption and transport kinetics for hydrophobic chemicals, for
example, by colloid facilitated transport.66,88–90 For 𝑘𝑘3 , only the values for PCB28, 52 and 180

were statistically significant in both scenarios and the values differed by a factor of 2. The
very slow sorption to the interior domain implies that concentration changes in the longer
term were small, which explains the lower number of significant values for 𝑘𝑘3 . The fact that

we find considerable “cleaning” by plastics (i.e., decreased bioavailability) may be perceived

as contradictory to some earlier studies. For instance, Rummel et al. 201691 claimed that
microplastics did not depurate chemicals in rainbow trout as they did not observe significant
differences between the control (without microplastics) and treatment (40% microplastics)
groups. However, given the wide confidence intervals in their data, this evidence may not
have been sufficient to make the assumption that the cleaning effect was not present. In
another study, chemical bioaccumulation was assumed to have occurred in rainbow fish
through ingestion of microbeads.92 This is however contentious as the contaminants bound
on the microbeads may have been released into the water and taken up by the fish through
uptake from water instead.
In contrast to PE, PVC did not take up measurable quantities of PCBs from the food in 28 days.
This is explained from the low partition coefficient for PVC compared to those for the food
organic matter and for the micelles. Calculation showed that at equilibrium 0.001 to 0.24 %
of the chemical mass would have been taken up by PVC, which is well below the detection
limits (~1 ppb) in our study. The scenario with PVC however illustrates that the microplastic
and micelles in this scenario compete for the PCBs originally residing in the organic matter,

31

Chapter 2. Transfer of PCBs from microplastics

and that measurable uptake occurs only if the microplastic has sufficient abundance and
affinity for the chemicals.

General discussion and implications
We demonstrated chemical exchange between microplastics and gut components closely
mimicking those in aquatic biota to be biphasic and reversible. Whereas earlier models
assumed either irreversible, monophasic38,53 or reversible, monophasic25,26,32,59 exchange, the
revised and fully parameterized model tool allows for a more accurate and realistic dynamic
assessment of bioavailability of plastic-associated contaminants. We assessed differences in
behavior among chemicals, polymers, and exposure scenarios, whereas the presence of
organic matter also appeared to be relevant. Mechanistic explanations for the latter could
not be unambiguously provided and further studies are warranted to address this.
The model parameters from this study can be used to extrapolate the chemical behavior in
the gut of animals and humans in general, because the main components of gut fluids of
organisms (bile salts and protein) are similar to the gut fluid mimic used, even though they
differ to some extent across species, their ages and diets. Here, we use the model parameters
from S1 to simulate the percentage bioavailability of PCBs from ingested plastic as a function
of gut retention times of different organisms, for the hypothetical case that the organism
would be cleaner than the plastic with respect to the chemical in question (SI Figure S2.8). As
the gut retention time for most organism ranges between a couple of hours to days, all or
most of the fast fraction will be available if a gradient for transfer would exist like in S1. For
instance, a small marine organism such as lugworm (Arenicola marina), would have a gut
retention time between 2.4 and 6h.25 As shown in the present study, only the fast fraction
reservoir in the plastic is relevant as it is the most bioavailable fraction, with desorption halflives within the first 4 h. Hence, in a lugworm, 14 to 42% of sorbed contaminants on LDPE
would be solubilized in the gut fluid, depending on the kinetic parameters of the
contaminants with the polymer. On the other hand, the gut retention time of plastic particles
in an Atlantic cod ranges from 10 to 20 days.93 During this time period, it is estimated that 45
to 76% of the sorbed contaminants would solubilize. Since its retention time spans across the
slow desorption step, the increment in the amount solubilized is lesser as the rate is limited
by intrapolymer transport. For PVC, the percentages may reach up to 41% in lugworms and
almost 83% in Atlantic cod due to the aforementioned differences of kinetic parameters
between LDPE and PVC. At times, ingested plastic may get lodged in the gut due to its size
relative to the GI tract and may reside in the biota for longer periods of time.94–97 For such
particles, the early peak exposure from the outer sorption domain as well as the slower
leaching of chemical governed by intrapolymer transport from the slow sorption domain are
relevant for bioavailability over such longer timescales. Therefore, over longer time scales of
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28 days, the chemical mass in the slow domain also leaches out, increasing the percentage
bioavailable to 53‒82% for LDPE and 73‒89% for PVC. We would like to emphasize though
that the bioavailability percentages presented here are only applicable for conditions similar
to S1. The percentages may differ when gut characteristics, such as solid to liquid ratios and
pH, vary, or when the gut contents are constantly renewed, scenarios which however still
could be covered by the model.
On the other hand, it is also possible for ingested MP to clean the gut content of biota, like in
the case for S3. Using the model parameters from S3, we simulated the percentage of
chemicals remaining in the gut fluicd upon addition of clean microplastic. When the LDPE to
food organic matter mass ratio is 0.33, like in our experiment, the decrease in the percentage
of PCB remaining in the gut content ranges from 2 (PCB28) to 9% (PCB138), dependent on
chemical hydrophobicity (Figure 2.3). However, higher plastic to food ratios may be relevant
on hot spot locations or in the future. When performing scenario calculations for slightly
higher plastic to food ratios (0.35‒0.38), it appears that all of the initially present chemical
concentration can be removed from the gut, further indicating the cleaning effect by LDPE
(Figure 2.3).

Figure 2.3. Percentage of the initial concentrations of PCB 28, 138 and 169 remaining in the
gut fluid over time, due to the presence of clean LDPE. The percentages decrease over time,
which thus demonstrates “cleaning” of the gut of a contaminated organism by microplastic
ingestion. Black curves are based on experimental conditions (plastic:food = 0.33) and
demonstrate cleaning up to 98%. Blue lines are based on higher plastic concentrations with
higher plastic:food ratios of 0.35, 0.38 and 0.37 for PCB 28, PCB 138 and PCB 169,
respectively, and demonstrate cleaning up to 100% of the initial concentration.
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With the model, we can also predict the exposure of humans to chemicals from ingested
microplastics in detail. After all, the concentration of sodium taurocholate used in the present
study is similar to the recommended concentration for fed-state simulated intestinal fluid in
humans.61 Furthermore, micelles are responsible for most of the solubilization of
HOCs62,63,98,99 and digestive enzymes have shown little effect on bioavailability.62 Human
exposure to microplastics upon ingestion is likely and relevant as microplastics have been
detected in mussels,100–104 seafood,105,106 beer,107,108 honey,109 sea salt107,110,111 and most
importantly drinking water.107,112 Since absorption takes place mainly in the small intestine
for humans (where micelles are present), gut retention times of 3‒4 h113 would be plausible
depending on the age, leading to 12–40 % and 6-33% of released individual chemical for LDPE
and PVC respectively, if the ingested plastic is the only source of the chemical such that S1
would apply.
There is a common misconception that ingestion of microplastics would always increase the
chemical load of an organism and act as a vector of hydrophobic contaminants. Here, we
have empirically demonstrated that plastics can make no difference (S2) or can also uptake
contaminants from the gut contents of an organism (S3), thus decreasing the bioavailability
of chemicals present in the gut. This “cleaning” effect is trivial from an environmental
chemistry perspective and therefore has been accounted for in theoretical models.4,13,16,20
However, the direct evidence presented here reconfirms the principle empirically in the
context of microplastic research and allows for refinement of earlier model scenario
calculations32 by implementing biphasic kinetics and congener specific rate constants. The
scenarios we presented illustrate that whether ingested plastics act as a source or sink of
HOCs depend on the fugacity gradients between the organism’s gut contents and the
ingested microplastics and thus is context dependent.25
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Supporting Information for Chapter 2
Table S2.1. Details of PCB congeners and respective concentrations in stock mixture used for
spiking in experiment setup.

a

Congener

Chlorine

Molecular
formula

Molecular
weight

PCB 18

Tri

C12H7Cl3

257.538

PCB 28

Tri

C12H7Cl3

257.538

PCB 31

Tri

C12H7Cl3

257.538

PCB 52

Tetra

C12H6Cl4

291.98

PCB 66

Tetra

C12H6Cl4

291.98

PCB 77

Tetra

C12H6Cl4

291.98

PCB 101

Penta

C12H5Cl5

326.422

PCB 118

Penta

C12H5Cl5

326.422

PCB 126

Penta

C12H5Cl5

326.422

PCB 138

Hexa

C12H4Cl6

360.864

PCB 153

Hexa

C12H4Cl6

360.864

PCB 156

Hexa

C12H4Cl6

360.864

PCB 169

Hexa

C12H4Cl6

360.864

Planar

7.42

PCB 180

Hepta

C12H3Cl7

395.306

Nonplanar

7.36

Planarity
Nonplanar
Nonplanar
Nonplanar
Nonplanar
Nonplanar

Planar
Nonplanar
Nonplanar

Planar
Nonplanar
Nonplanar
Nonplanar

Log
𝑲𝑲𝑶𝑶𝑶𝑶 a

5.24
5.67
5.67
5.84
6.2

6.36
6.38
6.74
6.89
6.83
6.92
7.18

Concentration
(µg/L)

22630.21
24368.48
28329.43
23992.15
24333.64
21952.15
25584.65
23712.2
26402.43
24761.73
29445.97
27176.08
26833.81
26037.08

from Hawker et al.114
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Materials
We used 14 PCB congeners with log 𝐾𝐾𝑂𝑂𝑂𝑂 values spanning from 5.24 to 7.42. Details of the
PCB congeners are listed in Table S2.1. All PCB stock solutions were prepared in acetone
(HPLC grade) at ~500 mg/L. To represent environmentally relevant microplastics that would

also be manageable, thin polymer strips were used in the gut fluid experiments. LDPE strips

were cut from zipper bags found in the supermarket. PVC strips were cut from sheets
obtained from Vink Kunststoffen (Article no.: 104702, Didam, Netherlands). The strips were
cut to different sizes to achieve a final mass of about 0.0227 and 0.0236 g per strip
respectively. They had thickness of 30 and 250 µm respectively to allow for intrapolymer
diffusion paths being of similar length as those in 30-250 µm spherical or irregularly shaped

microplastic particles occurring in nature. The selection of the sizes of microplastics in this
study are relevant to ingestion by fish and marine organisms based on their dietary habits.
The polymer strips were cleaned in methanol for 2 h and kept in acetone-rinsed aluminum
foils prior to tests. In two of the scenario setups, the gut fluid solubilization tests included a
natural food component which was represented by dried Gammarus from JBL (Neuhofen,
Germany). Gut fluid solution was prepared with sodium taurocholate hydrate (97%, Alfa
Aesar) and bovine serum albumin (fraction V, ≥96%, Sigma-Aldrich) in 0.45 µm pre-filtered
artificial seawater made with sea salt (Jozo, Netherlands). Sodium azide (99%) was obtained
from Aldrich. All solvents and HCl used were of analytical HPLC grades.

Chemical analysis of plastic strips
One of the strips from each time point was transferred into a 7 mL glass centrifuge tube and
100 µL of internal standard, PCB 72 was added on the strip and left to evaporate. Extraction
was conducted by sonication for 30 minutes with 5 mL of hexane:acetone, 5:1 by volume.
Sonication was repeated twice with a cooling off period of 5 minutes in between. Solvent
extracts were then pooled in a clean glass centrifuge tube. Extraction was repeated on the
same plastic strip with another 5 mL of the solvent mixture. The pooled extracts from the
two extractions were concentrated to ~2 mL by evaporating under a gentle stream of N2. The
concentrate was solvent exchanged with 5 mL of hexane twice to ensure there is little or no
acetone left in the extract for PCB quantification. 100 µL of internal standard, PCB 143 was

added to the final extract (~0.9 mL) before quantification. PCB 72 and 143 was used to
account for method recovery and instrument fluctuations respectively. Extractions were
analyzed by gas chromatography with electron capture detection following previously
published procedures48,115 (Agilent 7890B equipped with an Agilent 7693 autosampler with
two capillary fused silica columns: CP Sil 5 CB and CP-Sil 8 CB). The temperature at the
injection port was 50°C, the column temperature was 50°C and temperature of the detector
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was 300°C. The limit of detection (LOD) was set at half of the signal of the lowest
concentration of the calibration standards (~1 ppb).

CM

COM
KOM

KM
Cw
k2

k1

k3

CP,1
k3

CP,2

Figure S2.1. Schematic diagram of two-compartment plastic with a fast (CP,1) and slow (CP,2)
reservoir and chemical interactions between plastic, water, micelles and food in the
simulated gut fluid experiments
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Model equations
Table S2.2. Equations to quantify the sorption of PCBs to organic matter and micelles with
equilibrium partition coefficients and the percentage bioavailable to the organism when
contaminated plastic is ingested by a clean organism and the percentage remaining (that is
available to the organism) when clean plastic is present in a contaminated gut.
Description
Equilibrium partition ratio between
PCB concentration in organic matter
(µg/kg) and water (µg/L).

Equation
∗
(1) 𝐶𝐶𝑂𝑂𝑂𝑂
= 𝐾𝐾𝑂𝑂𝑂𝑂 𝐶𝐶𝑊𝑊

Equilibrium partition ratio between
PCB concentration in micelles
(µg/kg) and water (µg/L).

∗
(2) 𝐶𝐶𝑀𝑀
= 𝐾𝐾𝑀𝑀 𝐶𝐶𝑊𝑊

Relationship between KOM and KOWa.

(3) 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 = 0.82 × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 0.14

Relationship between KM and KOWb.
PCB concentration in water
calculated
from
system
characteristics. Mass concentrations
of organic matter and micelles are in
kg/L.
Percentage bioavailable.
Percentage remaining in the gut.
a
b

from Schwarzenbach et al., 200555
from Schacht et al., 201673
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(4) 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑀𝑀 = 0.76 × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 0.88

(5) 𝐶𝐶𝑊𝑊 =

𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 −[𝑃𝑃]{𝑓𝑓1 𝐶𝐶1 +(1−𝑓𝑓1 )𝐶𝐶2 }

𝐾𝐾𝑀𝑀 [𝑀𝑀]+𝐾𝐾𝑂𝑂𝑂𝑂 [𝑂𝑂𝑂𝑂]+1

(6) %𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵 = (1 −
(7) % Remaining = (1 −

𝐶𝐶𝑃𝑃∗ (𝑡𝑡)

𝐶𝐶𝑃𝑃∗ (𝑡𝑡=0ℎ)
𝐶𝐶𝑃𝑃∗ [𝑃𝑃]

) × 100

∗ (𝑡𝑡=0ℎ)×[𝑂𝑂𝑂𝑂]
𝐶𝐶𝑂𝑂𝑂𝑂

) × 100

Chemical kinetics on plastic in Scenario 1

LDPE,
PCB18

PVC,
PCB18

LDPE,
PCB31

PVC,
PCB31

LDPE,
PCB28

PVC,
PCB28

LDPE,
PCB52

PVC,
PCB52

LDPE,
PCB66

PVC,
PCB66
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LDPE,
PCB101

PVC,
PCB101

LDPE,
PCB118

PVC,
PCB118

LDPE,
PCB138

PVC,
PCB138

LDPE,
PCB126

PCB126

LDPE,
PCB153

PVC,
PCB153

PVC,

LDPE,
PCB156

PCB156

PVC,

LDPE,
PCB180

PVC,
PCB180

LDPE,
PCB169

PVC,
PCB169

Figure S2.2. Total concentration on plastic strips (µg/kg) measured over time in Scenario 1
(Left panel-LDPE; Right panel-PVC). Plastic strips were preloaded with spiked PCBs in MQwater from t=0 to 672 h and subsequently exposed to gut fluid conditions from t=672 to 1344
h, which triggered rapid desorption. Each symbol represents a replicate system. Line
represents modeled expected values over time.
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5.24

5.67

5.67

5.84

6.2

6.36

6.38

6.74

6.83

6.89

6.92

7.18

7.36

7.42

31

28

52

66

77

101

118

138

126

153

156

180

169

Log
𝑲𝑲𝑶𝑶𝑶𝑶

18

PCB

402.80

94.96

111.60***

106.10**

108.50

42.43

46.29*

24.29**

12.23**

11.04***

13.47***

4.17***

5.85**

4.21***

k1 (h-1)

250.30

80.10

16.78

27.93

212.90

116.50

16.39

6.92

3.84

0.03

0.97

0.91

1.99

0.65

SE

0.640

0.669

0.605***

0.524

0.484

0.670***

0.290

0.295***

0.207

0.237*

0.496***

0.237***

0.233***

0.274***

k2 (h-1)

0.382

0.799

0.083

0.359

0.850

0.136

0.143

0.037

0.126

0.102

0.037

0.059

0.015

0.067

SE

0.220

0.157**

0.155*

0.179

0.192

0.156

0.146**

0.164***

0.168***

0.151***

0.161***

0.091***

0.116***

0.156***

k3 (10-2 h-1)

0.184

0.048

0.071

0.089

0.104

0.133

0.040

0.022

0.025

0.030

0.018

0.013

0.025

0.038

SE

0.423*

0.599***

0.434***

0.300***

0.352***

0.440**

0.225**

0.228*

0.226*

0.223***

0.412***

0.166***

0.190***

0.347***

f1

0.193

0.075

0.078

0.016

0.070

0.136

0.060

0.092

0.097

0.053

0.026

0.016

0.021

0.032

SE

3.28E+05

5.22E+04

9.36E+04

1.49E+05

1.40E+05

3.17E+04

1.56E+05

7.95E+04

5.77E+04

4.61E+04

1.45E+04

2.33E+04

2.91E+04

9.77E+03

KP (L/kg)

5.52

4.72

4.97

5.17

5.15

4.50

5.19

4.90

4.76

4.66

4.16

4.37

4.46

3.99

Log KP

Table S2.3. Kinetic rate constants and fast reservoir fraction of LDPE in Scenario 1 with standard errors (SE) obtained from parameter
estimation using the Levenberg-Marquardt algorithm (minpack.lm). (* p<0.05; ** p<0.01; *** p<0.001)
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5.67

5.67

5.84

6.2

6.36

6.38

6.74

6.83

6.89

6.92

7.18

7.36

7.42

28

52

66

77

101

118

138

126

153

156

180

169

Log
𝑲𝑲𝑶𝑶𝑶𝑶
5.24

31

18

PCB

3.89

3.27

4.28

6.67

4.79

3.92

2.13

2.40**

2.07

1.03***

1.82***

2.87***

2.47***

2.22***

k1 (10-2 h-1)

1.87

5.09

4.09

4.96

4.40

2.81

1.29

0.65

1.49

0.30

0.20

0.23

0.38

0.37

SE

23.78**

30.23

24.99

21.71

18.77

20.53

3.21

5.64**

6.51

2.13***

6.39***

5.34***

5.10***

4.17***

k2 (10-2 h-1)

7.66

31.14

16.34

11.09

12.10

10.95

1.79

1.53

5.56

0.55

0.44

0.48

0.64

0.29

SE

0.216***

0.642**

0.520***

0.491***

0.280*

0.546***

0.117

0.094

0.251***

0.130**

0.115**

0.146***

0.154***

0.084***

k3 (10-2 h-1)

0.035

0.192

0.109

0.089

0.100

0.130

0.146

0.101

0.051

0.034

0.037

0.016

0.016

0.016

SE

0.485***

0.409**

0.439***

0.448***

0.520***

0.465***

0.574***

0.529**

0.298**

0.448***

0.513***

0.263***

0.291***

0.296***

f1

0.043

0.133

0.083

0.063

0.082

0.066

0.123

0.143

0.091

0.058

0.030

0.018

0.028

0.021

SE

7.15E+01

5.59E+01

8.24E+01

1.45E+02

1.04E+02

8.69E+01

2.45E+02

1.70E+02

2.25E+02

2.28E+02

1.18E+02

4.33E+02

3.51E+02

3.80E+02

KP (L/kg)

1.85

1.75

1.92

2.16

2.02

1.94

2.39

2.23

2.35

2.36

2.07

2.64

2.55

2.58

Log KP

Table S2.4. Kinetic rate constants and fast reservoir fraction of PVC in Scenario 1 with standard errors (SE) obtained from parameter estimation
using the Levenberg-Marquardt algorithm (minpack.lm). (* p<0.05; ** p<0.01; *** p<0.001)
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Figure S2.3. Log 𝐾𝐾𝑂𝑂𝑂𝑂 vs log 𝐾𝐾𝑃𝑃 relationships for LDPE (above) and PVC (below). Shaded
regions represent 95% confidence interval of the linear relationships.
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Chemical kinetics on LDPE in Scenario 2

PCB18

PCB31

PCB28

PCB52

Figure S2.4. Total concentration on LDPE (µg/kg) over time in Scenario 2 for PCBs that have
significant differences (see Figure S5) in concentrations between timepoints.

Figure S2.5. Box plots representing total concentration on LDPE (µg/kg) over time in Scenario
2. The line that divides the box into 2 parts represents the median of the data, the end of the
box shows the upper and lower quartiles, and the extreme lines shows the highest and lowest
value excluding outliers. Same letters above the boxes indicate that the differences between
timepoints were not statistically significant.
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Chemical kinetics on PVC in Scenario 2

PCB18

PCB31

PCB28

PCB66

PCB126

PCB169

Figure S2.6. Total concentration on plastic strips (µg/kg) measured over time in Scenario 2
for PVC. Plastic strips were exposed to gut fluid conditions from t=672 to 1344 h. Each symbol
represents a replicate system. Line represents modeled expected values over time.
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PCB
18
31
28
66
77
126
169

Log 𝑲𝑲𝑶𝑶𝑶𝑶
5.24
5.67
5.67
6.2
6.36
6.89
7.42

k1 (10-2 h-1)
17.62
4.99***
5.98***
4.47*
3.80***
6.23
7.81

SE
9.72
0.92
1.09
1.78
0.99
4.88
5.96

k2 (10-2 h-1)
22.33**
6.17***
6.44***
7.62*
5.67***
23.08*
34.33*

SE
6.45
0.93
0.82
2.69
1.07
10.72
14.14

k3 (10-2 h-1)
0.092***
0.116*
0.115**
0.141
0.017***
0.002
0.128

SE
0.016
0.045
0.031
0.097
0.001
0.105
0.074

f1
0.375***
0.541***
0.479***
0.677***
0.382***
0.210
0.689***

SE
0.038
0.038
0.028
0.059
0.074
4.697
0.074

Table S2.5. Kinetic rate constants and fast reservoir fraction of PVC in Scenario 2 with standard errors (SE) obtained from parameter estimation
using the Levenberg-Marquardt algorithm (minpack.lm). (* p<0.05; ** p<0.01; *** p<0.001)
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Chemical kinetics on plastic in Scenario 3
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PCB18

PCB31

PCB28

PCB52

PCB66

PCB101

PCB118

PCB138

PCB126

PCB153

PCB156

PCB180

PCB169

Figure S2.7. Total concentration on plastic strips (µg/kg) measured over time in Scenario 3
for LDPE. Plastic strips were exposed to contaminated gut fluid conditions from t=672 to 1344
h, after which rapid uptake of PCBs by microplastic occurred. Each symbol represents a
replicate system. Line represents modeled expected values over time.
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5.24

5.67

5.67

5.84

6.2

6.36

6.38

6.74

6.83

6.89

6.92

7.18

7.36

7.42

31

28

52

66

77

101

118

138

126

153

156

180

169

Log

𝑲𝑲𝑶𝑶𝑶𝑶

18

PCB

COM
(µg/kg)
77.72
***
114.10
***
99.97
***
80.98
***
108.20
***
122.10
***
95.30
***
96.84
***
89.16
***
109.20
***
108.80
***
96.24
***
91.43
***
109.50
***

4.51

3.02

3.76

3.85

4.89

5922
**
5512
**
6316
***
9599
**
11860
***
14170
***

2579

3.93

2.68

405.10

2836
***

3.06

3051.00

1299.00

2498.00

1610.00

1622.00

1524.00

2322.66

5205.00

1657

4.34

7181.00

862.00

127.20

172.80

77.52

SE

1268

1066

k1
(h-1)
367.20
***
785.30
***
580.60
***

3.71

2.61

8.58

0.16

2.46

SE

0.030
***
0.080
***

0.050

0.003

0.067

0.046

0.245

0.003

0.000

0.691

0.075

0.067

0.064

574.919

0.817

0.002

0.121
***
0.072

1.165

0.000

0.020
***
0.206

0.037

0.055

0.045

SE

0.010

0.073

0.052

k2
(h-1)

0.832

0.622
***

0.325

0.173

0.009

1.925
***

12.260

1.204

10.720

8.624

0.103
***
0.010
***

0.046

0.232

k3
(10-2h-1)

1.955

0.147

2.346

3.576

0.008

0.077
***
0.346
***

0.061

0.062

0.035

0.154

0.124

28766.5
10
0.007

0.099

0.168

0.115

0.162
***

0.658

0.185

0.416

f1

14.090

41.930

22.720

0.000

0.000

0.782

0.791

SE

0.002

0.003

1.108

0.866

0.061

0.179

289.869

1.582

0.658

1.229

0.000

18.920

2.388

0.361

SE

1.13E+08

1.14E+09

6.99E+08

7.44E+09

5.14E+08

1.83E+08

1.88E+07

8.82E+07

1.79E+07

1.17E+07

7.39E+07

1.95E+07

1.27E+07

3.74E+06

KP (L/kg)

8.05

9.06

8.84

9.87

8.71

8.26

7.27

7.95

7.25

7.07

7.87

7.29

7.10

6.57

Log KP

Table S2.6. Kinetic rate constants and fast reservoir fraction of LDPE in Scenario 3 with standard errors (SE) obtained from LevenbergMarquardt algorithm (minpack.lm). ). (* p<0.05; ** p<0.01; *** p<0.001)
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Figure S2.8. Percentage chemical bioavailability from LDPE (top) and PVC (bottom) for PCB
28, 118 and 169 over time when contaminated plastics are ingested by clean biota. Curves
are compared with gut retention times of lugworm (2.4 – 6 h), human (3 – 4 h) and cod (10 –
20 h) via coloured bands. Inset plots show percentage bioavailable in the gut up till 10 h.
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Abstract
The bioavailability of plastic-associated chemicals represents a significant knowledge gap in
understanding the human health effects of microplastic. However, the dynamics and
bioavailability of plastic-associated chemicals during food digestion is unknown. We assessed
if food digestion affects chemical exchange kinetics on microplastics, using an in vitro gut
fluid digestive model mimicking the human upper intestinal tract. Chemical exchange kinetics
of microplastics were measured for 10 polychlorinated biphenyls (PCBs) under high and low
digestion kinetics of olive oil lipids representative of food. The partition coefficients of
micelles and oil were determined to evaluate the relative contribution of each gut
compartment to sorb PCBs. A new biphasic and reversible chemical exchange model, which
included the digestion process, fitted well to empirical data. Under chemical equilibrium
conditions in the upper gastrointestinal tract, microplastics can sorb chemicals from
contaminated olive oil during digestion reducing chemical bioavailability, resulting in 75%
higher concentrations in plastic. However, lipid digestion kinetics is rate-limiting and has little
influence in the dynamics and bioavailability of plastic-associated chemicals in the scenario
studied. Our chemical exchange kinetic parameter estimates for microplastics under
simulated gut conditions with lipid digestion allow us to study important exposure scenarios
and human health implications when dietary microplastic concentrations increase.
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Introduction
The microplastic vector effect has been widely discussed in literature and is still one of the
major concerns of microplastic pollution.60 When ingested, microplastics have the potential
to act as vectors and transfer chemicals to organisms under certain conditions.18 These plastic
particles contain a mixture of chemicals, which may either be intentionally or unintentionally
added. During the manufacturing process, monomers, plasticizers, and additives are usually
added to plastics to achieve the appropriate structure for the designated application.2,116 In
addition, during the manufacturing process or product conversion, other unintentionally
added chemicals may also sorb onto the material.117 Another possible source of chemicals in
plastics is from ambient water via absorption when the plastics are released into the
environment indiscriminately.118,119
All biota, including humans, are exposed to microplastics (< 5mm).2 For animals, plastic
consumption can happen when the plastic particles are mistaken for food due to their
appearance, or by accidental ingestion due to their feeding method (e.g., filter and deposit
feeding), or from the predation of plastic-contaminated organisms.2 For humans,
microplastics may accidentally be consumed from food and beverages contaminated with
microplastics. They may also be inhaled from air due to their prevalence in the environment.
Human interaction with microplastics is inevitable as we depend on plastic materials in
almost every part of our lives (e.g., clothes, food packaging, furniture). Over an average
human lifetime of 70 years, it is estimated that an adult can be exposed up to 20 million
particles (1‒5000 µm), which is equivalent to 12 mg.120 These estimations were based on nine
intake media that were known to have microplastics and comprise 20% of the human diet.
Microplastics ingested by humans either come from abrasion and wear-and-tear of plastic
products used in our daily lives to process, transport and store food and beverages, or from
bioaccumulation in the food chain (e.g., seafood).121
As a carrier for a mixture of chemicals, these plastic particles may release chemicals in the
organisms’ digestive tracts when ingested, potentially increasing exposure and risks.18,43 An
established approach to investigate the chemical vector effect of microplastics when
ingested is by performing in vitro gut fluid experiments. This type of experiment has been
widely used to investigate chemical bioavailability from indigestible particles such as
sediment, asphalt and soot in human and animal digestive tracts.122–127 Such studies have
been increasingly favored to understand the microplastic vector effect in seabirds, aquatic
organisms and invertebrates for a variety of chemicals.128–136 Bioaccessibilities of both organic
compounds and heavy metals have also been investigated in different types of in vitro setups
mimicking the human digestive tract.137–139 However, due to the nature of the experiments,
these studies can only elucidate the key physicochemical properties of the physiological fluids
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and polymers that may have affected the chemical bioaccessibility from microplastics in each
compartment of the digestive tract.
Besides measuring the chemical bioaccessibility, in vitro studies are also useful to estimate
chemical exchange kinetics.53,135,136 Using chemical kinetic rate constants and other sorption
parameters, the chemical behavior has been simulated for different gut retention times to
estimate the chemical bioaccessibilities from ingested plastic in different species.136 Yet,
although the aforementioned study had included food when investigating the chemical
exchange inn microplastics, the food component was an inert pool.136 In reality, this is not
the case since food is digested and it is uncertain if the digestion dynamics will affect the
chemical exchange kinetics in microplastics. It has also been demonstrated that ingestion of
plastic can either increase or decrease the chemical bioaccumulation in organisms depending
on whether the ingested plastic releases or uptakes chemicals to/from the surrounding gut
components.136 This depends on the chemical fugacity gradients between plastic and gut
components (i.e., micelles and food). During food digestion, the chemical gradients between
different gut components will change, but it is unknown to what extent. We hypothesize that
as food is digested, the contaminants associated with food will be released, and microplastics
may act as a sink for the released chemicals, potentially attenuating chemical
bioaccumulation in the biota. To evaluate if microplastics act as a major sink for the
chemicals, the chemical behaviour needs to be assessed across all gut components as food is
digested. This includes quantifying the sorptive capacities of the other gut components such
as food and micelles, which are either produced in the gut or formed from the breakdown of
food.
Therefore, in the present study, an environmentally realistic scenario was mimicked whereby
an organism ingests contaminated microplastics and contaminated food, followed by food
digestion. The aim was to quantify the kinetic rates of chemical transfer from microplastics
and elucidate the influence of food digestion dynamics on overall chemical bioavailability
under simulated gut fluid conditions. To this end, batch setups of simulated gut fluids
mimicking the human gastrointestinal (GI) tract conditions containing olive oil as food
lipids140 and low density polyethylene (LDPE) strips representing ingested microplastic
particles were pre-equilibrated with a range of polychlorinated biphenyls (PCBs) to achieve
realistic gut chemical conditions. LDPE was chosen here as it is one of the highly produced
and used polymer types141, and is thus a good proxy for microplastics in general. PCBs were
used as model hydrophobic organic compounds (HOCs) as they are commonly found in
environmental plastics20,142,143 and in food144,145, and can represent the general chemical
behavior of HOCs. The chemical dynamics in the LDPE were then examined upon lipid
digestion as initiated by the addition of lipase, under high and low enzyme kinetics,
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respectively. Polyoxymethylene (POM) passive samplers were used to determine the aquatic
phase measurements without separating the gut fluid components.57,81,146 A dynamic
multicompartment model136 was redesigned to include the lipid digestion process. The
enzyme kinetic parameters were then explored to elucidate how they affect the chemical
exchange kinetics of the PCBs to and from LDPE. Finally, the chemical kinetic parameters
during food digestion are discussed in the context of chemical bioavailability and rigorous risk
assessments of plastic-associated chemicals for humans120 and other physiologically similar
biota.

Materials and methods
3.2.1. Materials
All chemicals used were of analytical grade or higher purity and solvents were HPLC grade.
Twelve PCB congeners (IUPAC no. 18, 28, 52, 77, 101, 118, 138, 153, 156, 169, 180 and 209)
with log octanol-water partition coefficients (KOW) ranging from 5.24 to 8.18114 were prepared
in individual stock solutions in either acetone or isooctane at ~20 to 100 mg/L. The
concentrations of each PCB congener in the spike mixture and final experimental setup are

provided in the Supporting Information (SI). LDPE strips of thickness 30 µm were cut from
zipper bags found in the supermarket, which were also used in our previous experiment.136
They were cut to a final size of 5.1 × 5.1 cm. As the thickness and thus the intrapolymer

diffusion path length of the strip was 30 µm, this represents the intrapolymer diffusion path
length of 30 µm spherical or irregularly shaped environmentally relevant microplastics. POM
strips of thickness 76 µm were obtained from CS Hyde Co. (Lake Villa, IL) and cut to strips
with a size of 3.2 × 3.2 cm to be used as passive samplers to assess the aqueous phase
concentrations.146,147 Both LDPE and POM strips were cleaned in methanol (MeOH) for 24 h
under constant shaking on a horizontal shaker at 150 rpm, then shaken with milli-Q water for
another 24 h to remove any residual MeOH and air-died before use. Olive oil was purchased
from the supermarket (Extra virgin, Carbonell, Spain). Reagents used for preparing the
simulated digestive fluids include sodium taurocholate (NaTC) (97%, Alfa Aesar), bovine
serum albumin (BSA) (fraction V, ≥96%, Sigma-Aldrich), sodium chloride (Merck Milllipore)
and sodium azide (99%, Sigma Aldrich). Lipase FE-01 was obtained from ASA Specialenzyme
GmbH, Germany.

3.2.2. Experimental design
Simulated gut fluid digestion assay. The experiment was carried out sequentially in two
phases, whereby the systems containing the LDPE and olive oil in simulated gut fluid were
first equilibrated for 28 days with PCBs followed by addition of lipase (time= 0 h), which
initiated lipid digestion. Three treatments were set up to simulate high (lipase in its original
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form) and low (heat inactivated lipase) enzyme reactions, and a control treatment to account
for any background PCBs from gut fluid constituents (heat inactivated lipase with no PCBs
spike). The high and low enzyme treatments are used to compare between high and low
metabolic digestive systems, respectively, since all humans have different metabolic rates.
All experiments were performed in 100 mL transparent glass bottles with glass stoppers in
quadruplicates. The simulated gut fluid mixture was prepared to achieve final (i.e., second
phase) concentrations of 10 mM of NaTC and 5 g/L of BSA, constituted in 150 mM sodium
chloride solution.61,148 7 g of olive oil, 10 LDPE strips and a POM passive sampler were added
to each bottle filled with 69.85 mL of gut fluid. To limit biodegradation of the olive oil, sodium
azide was added to a final concentration of 25 mg/L. Final pH of the mixture was 6.08. Each
bottle from the high and low enzyme treatments was spiked with 100 µL of PCB stock mixture
(SI Table S3.1) and shaken on a horizontal shaker at 150 rpm at 37°C for 28 days to allow the
chemicals to partition to the different components in the gut fluid mixture. This is to mimic
an environmentally relevant scenario of chemical intake by humans via both food and
microplastic ingestion. It also mimics an already contaminated human gut due to chemical
bioaccumulation in the body over the years. Final PCB concentrations in each system ranged
from 30 to 124 µg/L (Table S3.1) to ensure that equilibrium concentrations in plastic and food
after 28 days were environmentally realistic.149
After 28 days, the POM passive sampler and one LDPE strip were collected from each bottle
using metal forceps. Since partition coefficients for POM passive samplers are accurately
known57,81,146, it is used to determine the PCB concentrations in the aqueous phase. In
addition, 200 µL of the gut fluid mixture was sampled for lipid analysis. For the high enzyme
treatment, 10 mL of lipase was added to the bottles in its original form based on the enzyme
activity concentration from Minekus et al., 2014150. On the other hand, for the low enzyme
treatment, 10 mL of lipase was heat inactivated in a 14 mL glass centrifuge tube by heating it
to 100°C in a water bath for 10 minutes. The heat inactivated enzyme was then added to the
bottles. This was similarly done for the control set-ups. The final food (olive oil and LDPE) to
gut fluid ratio was 1:10 (v/v)148,150 in the systems, with a 1:10 (v/v) ratio for plastic to olive oil.
This ratio was chosen to represent digestive systems with a higher lipid content than the
amount of ingested plastic. The contents of the bottles were mixed by swirling with hands
for 5 minutes before removing one LDPE strip. Subsequently, the gut fluid kinetics
experiment was carried out over 72 h with continuous shaking on a horizontal platform
shaker incubator at 150 rpm at 37°C. The experiment was performed for a longer time scale
than realistic digestion times. This causes higher chemical concentration gradients, which
implies chemical transfer kinetic rates can be assessed more accurately. Furthermore, this
way we also consider possible scenarios whereby particles are retained in the gut longer than
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food. Although there is a lack of empirical evidence on the gut retention times for
microplastics in humans, other studies have shown that particle retention time in animals’
guts, such as fish and lobsters, differ from food.151–153 One LDPE strip was removed after 2, 4,
6, 8, 10, 24, 48 and 72 h of exposure to lipase, then cleaned with lint-free tissue before storing
in acetone-cleaned aluminum foils at ‒20 °C until chemical extraction. Two hundred
microlitres of liquid emulsion was collected at 2, 4, 6, 10, 72 h of exposure to lipase and
immediately transferred into a glass centrifuge tube filled with 2 mL of ternary solvent
prepared with dichloromethane, methanol and MQ-water in a ratio of 1:2:0.8 (v/v/v) for
solvent lipid extraction. Chemical analysis of the plastic strips was carried out based on a
previously published method.136 The methods for lipid extraction and analysis are provided
in SI. The rates of hydrolysis in the high and low enzyme treatments were also measured by
pH to calculate the amount of liberated free fatty acids (FFA) by lipase.154,155
Partition coefficient of micelles and olive oil. In addition to the main experiment design, two
separate experiments were designed to determine the partition coefficients of micelles and
olive oil across the range of KOW under varying amounts of micelles and olive oil. Liberated
free fatty acids from olive oil can form micelles due to their amphiphilic structure. Therefore,
for the micelles experiment, mixed micellar solution was made with NaTC and additional oleic
acid to obtain final micelle-forming surfactant concentrations of 5.7, 6.9, 11.6 and 64.5 g/L in
8 mL of gut fluid mixture in glass centrifuge tubes containing one POM strip each. For the
olive oil experiment, three levels of olive oil concentrations: 1.3, 6.3, 12.6 g/L in 8 mL of gut
fluid mixture were prepared in glass centrifuge tubes also containing one POM strip each.
Each system was spiked with 10 µL of the PCB stock mix and shaken at 250 rpm at 37°C for
28 days and all experiments were run in quadruplicates. After 28 days, the POM strip was
removed from each tube and analyzed for PCBs. The PCB concentrations were then used to
calculate the aqueous phase concentrations in the system to estimate the partition
coefficients of micelles and lipids using chemical partitioning theories (see SI for detailed
calculation).57,81,146,147,156

3.2.3. Model design, description and implementation
The partitioning of the PCBs in the first 28 days is described with a chemical mass balance
equation whereby the initial spiked PCBs, 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 (µg/L) is equal to the sum of the
concentrations residing in water (𝐶𝐶𝑤𝑤 ), micelles (𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 ), oil (𝐶𝐶𝑜𝑜𝑜𝑜𝑜𝑜 ) and plastic (𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 and

𝐶𝐶𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿 ), all in µg/L:

𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡 = 𝐶𝐶𝑤𝑤 + 𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 + 𝐶𝐶𝑜𝑜𝑜𝑜𝑜𝑜 + 𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 + 𝐶𝐶𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿

(3.1)

Based on partitioning principles, 𝐶𝐶𝑊𝑊 can be determined from the measured 𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗ (µg/kg)
and 𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 57,146,147:
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𝐶𝐶𝑊𝑊 =

𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗

(3.2)

𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃

Where 𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 (L/kg) is obtained from the relationship with 𝐾𝐾𝑂𝑂𝑂𝑂 .146

It has been demonstrated that 76 µm POM samplers approach equilibrium within 14 days at
room temperature.146 Due to the much higher intraparticle diffusivities in both micelles72 and
oil157 as compared to the condensed crystalline POM matrix, and the higher temperature, we
can safely assume that the concentrations in micelle and oil also reached equilibrium after
28 days. The concentrations in micelle and oil, 𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 ∗ (µg/kg) and 𝐶𝐶𝑜𝑜𝑜𝑜𝑜𝑜 ∗ (µg/kg), can then be

calculated with 𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 (L/kg) and 𝐾𝐾𝑜𝑜𝑜𝑜𝑜𝑜 (L/kg) established from the micelle and oil side

experiments, respectively (equations provided in SI) with 𝐶𝐶𝑊𝑊 derived from eq. 3.2:

𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚/𝑜𝑜𝑜𝑜𝑜𝑜 ∗ = 𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚/𝑜𝑜𝑜𝑜𝑜𝑜 × 𝐶𝐶𝑊𝑊

(3.3)

In the second phase of the experimental setup, the previously described biphasic kinetic

model simulating the exchange of chemicals between plastics, water, micelles and food
components136 was further developed to include the digestion process. During the hydrolysis
of the olive oil triglycerides, FFAs are liberated, which were quantified from the change in pH
over time (Figure 3.2). For each FFA liberated, one proton (H+) is released.154,155 FFA
concentrations display an exponential behavior over time with a limit at infinity (Figure 3.2).
Therefore, the molar concentration of liberated FFA, [𝐹𝐹𝐹𝐹𝐹𝐹] (µM) over time (h), is fitted with

a first-order kinetic rate model158,159:
𝑑𝑑[𝐹𝐹𝐹𝐹𝐹𝐹]
𝑑𝑑𝑑𝑑

= −𝑘𝑘𝐹𝐹𝐹𝐹𝐹𝐹 ∙ ([𝐹𝐹𝐹𝐹𝐹𝐹] − [𝐹𝐹𝐹𝐹𝐴𝐴𝑚𝑚𝑚𝑚𝑚𝑚 ] )

(3.4)

where 𝑘𝑘𝐹𝐹𝐹𝐹𝐹𝐹 is the first order rate constant (h-1) and [𝐹𝐹𝐹𝐹𝐴𝐴𝑚𝑚𝑚𝑚𝑚𝑚 ] (µM) is the maximum

concentration of FFA that can be liberated. FFA molecules have a tendency to form micelles

due to their amphiphilic structure160 and this thus increases the micellar compartment of the
system. The total mixed micelles (kg/L) as a result of the aggregated FFA and NaTC over time
is:
𝑀𝑀𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 (𝑡𝑡) = 𝑀𝑀𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 + [𝐹𝐹𝐹𝐹𝐹𝐹](𝑡𝑡) × 𝑀𝑀𝑀𝑀𝐹𝐹𝐹𝐹𝐹𝐹 × 10−9

(3.5)

where 𝑀𝑀𝑀𝑀𝐹𝐹𝐹𝐹𝐹𝐹 (g/mol) is the average molecular weight of the FFA based on the fatty acid

composition measured (Table S3.3). On the other hand, while FFA is being liberated, the
concentration of oil (triglycerides), 𝑀𝑀𝑜𝑜𝑜𝑜𝑜𝑜 (kg/L) decreases over time. This was calculated as:
𝑀𝑀𝑜𝑜𝑜𝑜𝑜𝑜 (𝑡𝑡) = 𝑀𝑀𝑜𝑜𝑜𝑜𝑜𝑜(𝑡𝑡=0) −

[𝐹𝐹𝐹𝐹𝐹𝐹](𝑡𝑡)
3

× 𝑀𝑀𝑀𝑀𝑜𝑜𝑜𝑜𝑜𝑜 × 10−9

(3.6)

where 𝑀𝑀𝑀𝑀𝑜𝑜𝑜𝑜𝑜𝑜 (g/mol) is the molecular weight of olive oil triglycerides which was calculated

from the 𝑀𝑀𝑀𝑀𝐹𝐹𝐹𝐹𝐹𝐹 (see eq. S3.12 in SI). The molar concentration of oil triglycerides is
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equivalent to the one third of the molar concentration of FFA since a triglyceride (lipid) is
made up of three fatty acids.
Following our previous study, for all systems, the boundary condition for 𝐶𝐶𝑊𝑊 in the second

phase of the experiment was calculated by assuming a fast equilibrium redistribution to the

mixed micelles, oil and water with much slower exchange in microplastic and thus,

microplastic-water chemical exchange being the overall rate-determining process.136 The PCB
concentration in plastic (𝐶𝐶𝑃𝑃 ∗ ) was modeled by fitting the equations (2) and (3) from Mohamed

Nor and Koelmans (2019) (SI eq. S3.8 and 3.9) with the additional aforementioned digestion

kinetics, that is, eq. 3.4‒3.6. Due to the short timescale of the present experiment (72 h),
slow intrapolymer diffusion has little influence, given that the kinetic rate constant, k3 (h-1)
had a half-life of 13 to 32 days based on the previous study.136 Therefore, only 𝑘𝑘1 and 𝑘𝑘2 were
fitted using the minpack.lm74 package and deSolve75 in R. The parameters 𝑓𝑓1 and 𝑘𝑘3 were

fixed according to obtained values from the aforementioned study since the same LDPE strip
was used for both experiments. The fast compartment fraction, 𝑓𝑓1 and the intrapolymer

diffusion rate constant, 𝑘𝑘3 were both fixed based on the established relationship with 𝐾𝐾𝑂𝑂𝑂𝑂 .136

The boundary conditions for the PCB concentrations in LDPE was based on the concentration
measured at t=0 h whereby the slow and fast compartments were assumed to be in

equilibrium. The removal of LDPE strips at each time point affects the solid to liquid ratio,
which was accounted for in the modeling. However, the extraction of the emulsion was not
accounted for, since the total amount extracted only comprised ~1% of the total volume of
the system.

3.2.4. Statistical analysis
The Shapiro-Wilk test was used to check for normality and Levene’s test for homogeneity of
variance before carrying out one-way ANOVA to compare between the low and high enzyme
treatment group and across different oil concentration levels in the side experiment. Tukey’s
multiple comparison test was performed when there was significant difference between
treatments. Kruskal-Wallis was used as a non-parametric test for the micelle side experiment
since the data did not follow a normal distribution. Pairwise comparisons using Wilcoxon rank
sum test was performed when there was significant difference among treatments.
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Results and discussion
3.3.1. Sorptive capacities of olive oil triglycerides and micelles
Due to the dynamic nature of the human digestive system, the concentrations of lipids and
micelles change over time as lipids break down. Since the FFA molecules produced during the
hydrolysis process would form micelles in the gut fluid,161,162 the effect of increasing
concentration of micelle-forming surfactants (NaTC and FFA) on the micelle-water
distribution coefficients of the combined mixture of micelles was investigated. The lowest
micelle concentration (5.7 g/L) was the baseline of the gut fluid system whereby only NaTC
formed micelles. Oleic acid was added into the other three treatments to achieve the
respective micelle-forming surfactant concentrations. This mimics the dynamic behavior of
the main experiment in which more fatty acids were produced over time as lipid digestion
occurred. The highest micelle concentration had significantly higher sorptive capacity than
the two lower micelle concentrations (5.7 g/L and 6.9 g/L) (p<0.05; Wilcoxon rank sum test)
(Figure 3.1A). The differences were generally less than 1 order of magnitude and were highest
for the very hydrophobic PCB 209 (log 𝐾𝐾𝑂𝑂𝑂𝑂 = 8.18). Since the variability of the log 𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚

was less than 1 log unit, an average linear relationship between log 𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 and log 𝐾𝐾𝑂𝑂𝑂𝑂
across all mixed micelle concentrations was determined (𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 = 0.99 (±0.03) ×

𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 0.61 (±0.22); 𝑟𝑟 2 = 0.86). Our linear regression was significantly different from

the relationship established by Schacht et al., 201673, as shown by the solid green line in

Figure 3.1A. This implies that the mixture of micelle-forming surfactants from NaTC and FFA

and even the NaTC alone behave differently from sodium dodecyl sulphate (NaDS) which was
used in the aforementioned study. Due to its aggregation properties and physical
characteristics, NaTC form smaller aggregates and can solubilize chemical molecules from the
aqueous phase more easily than NaDS.163
The effect of oil concentrations on the oil-water distribution coefficients across the range of
PCBs in the present study was also investigated (Figure 3.1B). The lowest oil concentration
level (1.3 g/L) was significantly different from the highest oil concentration level (12.6 g/L)
(p=0.03; Tukey’s test) which is attributed to one of the replicates having slightly higher oilwater distribution coefficients than the others, possibly due to experimental artefacts. The
limited differences in the sorptive capacities for all the olive oil concentrations suggest that
the olive oil sorbent phase did not reach its maximum capacity even at the lowest oil
concentration. For all three olive oil concentration levels, log 𝐾𝐾𝑜𝑜𝑜𝑜𝑜𝑜 increased linearly with log
𝐾𝐾𝑂𝑂𝑂𝑂 (𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑜𝑜𝑜𝑜𝑜𝑜 = 0.85 (±0.04) × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 2.21 (±0.24); 𝑟𝑟 2 = 0.84) and the 𝐾𝐾𝑜𝑜𝑜𝑜𝑜𝑜 values

were significantly higher than 𝐾𝐾𝑂𝑂𝑂𝑂 values by an average factor of 16 (Figure 3.1B). The results
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shown corroborated an earlier study on sorption of PCBs to gas oil and crude oil, which found
𝐾𝐾𝑜𝑜𝑜𝑜𝑜𝑜 values 7 times higher than 𝐾𝐾𝑂𝑂𝑂𝑂 values.157

The mixed micelles have lower partition distribution coefficients than olive oil. Furthermore,
the micelles compartment only took up ~6% of the gut fluid system and were 15 times lower

than olive oil in terms of mass concentration. Yet, the micelle-water distribution coefficients

are higher than the LDPE-water distribution coefficients which are determined from the
transfer rate kinetics in this study (SI Table S3.4 and Figure S3.4). Therefore, the micelle

compartment has a higher sorption capacity than LDPE, but lower than the olive oil
(𝐾𝐾𝑜𝑜𝑜𝑜𝑜𝑜 >𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 >𝐾𝐾𝐿𝐿𝐿𝐿𝐿𝐿𝐿𝐿 ).

Figure 3.1. (A) Log micelle-water distribution coefficients (𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 ) vs log 𝐾𝐾𝑂𝑂𝑂𝑂 for 4
concentration levels of micelle-forming surfactant concentrations (NaTC and FFA). Red line is
the linear regression fitted for the highest concentration (64.5 g/L), blue line is the linear
regression fitted for the other concentration levels (5.7, 6.9, 11.6 g/L) and black line is the
linear regression fitted for all concentrations with the 95% confidence interval indicated by
the grey band. Regression equations are reported in SI Table S3.2. Solid green line is the linear
relationship obtained by Schacht et al., 2016.73 (B) Log oil-water distribution coefficients
(𝐾𝐾𝑜𝑜𝑜𝑜𝑜𝑜 ) vs log KOW for 3 oil concentrations (1.3, 6.3, 12.6 g/L). Solid black line is the linear
regression fitted for all concentrations with 95% confidence interval.

3.3.2. Microplastic traps PCBs released from food digestion
Lipid digestion was demonstrated by the increase in hydrogen protons liberated over time
with the release of FFA (Figure 3.2). Measurement of FFA released based on pH154 was
deemed to provide an adequate representation of the lipid digestion process as this method
is direct and not influenced by the possibility of continued hydrolysis after the emulsion is
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extracted. Based on Tan et al., 2020140, lipid digestion occurs rapidly during the first 2 h of
the digestion process. Therefore, analysis of lipid digestion via lipid extraction is less accurate
when measuring the enzyme reaction kinetics over time. Nevertheless, the triglycerides
concentration measured via lipid extraction and gas-chromatography analysis showed a
general decreasing trend over time (SI Figure S3.2) though the trends were indistinguishable
for the high enzyme treatment and the denatured enzyme treatments (i.e., low enzyme and
control). This supports our earlier suggestion that hydrolysis may have continued to happen
after the emulsion samples were extracted since the lipase was still present in the emulsion.
The release of FFA in the high enzyme treatment differed significantly from the low enzyme
treatment (Figure 3.2). Both demonstrated an exponential behavior approaching a limit
within the 72 h experimental time period. The liberated protons over time were fitted with
eq. 3.4 and the first order rate constants, 𝑘𝑘𝐹𝐹𝐹𝐹𝐹𝐹 , and maximum FFA limit, [𝐹𝐹𝐹𝐹𝐴𝐴𝑚𝑚𝑚𝑚𝑚𝑚 ], are
shown in Table 3.1.

Figure 3.2. FFA concentration (µM) liberated with time (h) for high and low enzyme
treatment based on pH change during lipid digestion.
Table 3.1. Parameter estimates for high and low enzymatic activity based on pH
measurements over time. Standard errors are in parentheses.
High enzyme

[FFAmax] (µM)
10.53 (0.32)***

Low enzyme

1.18 (0.09)***

𝒌𝒌𝑭𝑭𝑭𝑭𝑭𝑭 (h-1)
0.079 (0.007)***

1.22 (0.52)*

***significant at p<0.001; **significant at p<0.01; *significant at p<0.05
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In the first 2 h of the digestion process, the initial rates of FFA released were not
distinguishable between the high and low enzyme treatments. However, both showed a rapid
increase, which agrees with an earlier study.140 The first order rate constant in the low
enzyme treatment is about 15 times higher than the rate constant fitted for the high enzyme
treatment, despite the lower amount of enzymes due to the denaturing process. This is
contrary to the generally conformed theory that rate of enzyme kinetics would increase with
increasing enzyme concentration. We speculate that the fitted rate constant for the low
enzymatic activity does not well represent the actual enzyme kinetics due to the lack of data
within the first 2 h of the reaction. This is also further supported by the less statistically
significant 𝑘𝑘𝐹𝐹𝐹𝐹𝐹𝐹 for the low enzyme activity (p=0.029). As for the [𝐹𝐹𝐹𝐹𝐴𝐴𝑚𝑚𝑚𝑚𝑚𝑚 ] parameter, it was
9 times higher for the high enzyme treatment than for the low enzyme treatment. This
significant difference implies that 9 times more FFAs were liberated for the high enzyme

treatment. It is also important to note that the lipid digestion process may be affected by the
concentration of microplastics in the gut fluid. A recent study observed that lipid digestion
decreased with increasing polystyrene microplastic concentration as the particles heteroaggregated with lipid droplets and also act as a sorbent for lipase, altering its secondary
structure.140 Therefore, the enzyme digestion parameters fitted here only apply to the
digestive conditions of the present study.
The hydrolysis of olive oil triglycerides leads to two major implications for the human
digestive system. Firstly, during the hydrolysis process, sorbed PCBs in the ‘food’ olive oil are
released into the aqueous phase to repartition in the other gut compartments. Secondly, the
FFA molecules produced from the hydrolysis process would form micelles in the gut fluid and
thus, increase the total micelles concentration for solubilization of PCBs.161,162 We observed
an increase in the PCB concentrations in LDPE over time during the lipid digestion process
(Figure 3.3 and SI Figure S3.3). This indicates that PCBs sorbed in our food proxy, that is, the
olive oil triglycerides fraction, were released during lipid digestion and repartitioned in the
gut fluid system, partially sorbing onto the LDPE strips. In other words, this demonstrates
microplastic particles can sorb chemicals from contaminated food during digestion. Here, the
percentage increase in the PCBs bounded to the LDPE was not significantly different between
the high and low enzyme treatments within 72h. This is because LDPE represented less than
10% of the gut fluid components in terms of mass concentration, whereas olive oil made up
80% of the system. Furthermore, as discussed earlier, the LDPE in this study has a lower
sorptive capacity than micelles and olive oil. As the oil breaks down and releases the sorbed
contaminants, the micelles are competing with LDPE for the uptake of PCBs. Hence, we
observed only a small difference in the amount of PCBs taken up by the polymer between
the high and low enzyme treatments.
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Figure 3.3. Total PCB concentrations in the plastic compartment (µg/kg) over time (h) for high
and low enzyme treatment and control (no PCBs spiked) of one replicate system. PCB
concentrations were below detection limit in the control systems. Solid lines represent the
fitted models for the high enzyme treatment whereas the dashed lines represent the fitted
models for the low enzyme treatment.

3.3.3. PCBs transfer kinetics during hydrolysis of triglycerides
We investigated a realistic human digestive tract scenario in which a human has
bioaccumulated contaminants from other uptake routes (ingestion, inhalation and dermal
uptake) and, ingests food and plastic which are contaminated. This was mimicked by preequilibrating the contaminants in the gut fluid before the system is exposed to enzymes that
can alter the composition of the gut fluid. Lipase is then added to break down the olive oil
triglycerides, which would release the lipid-bound PCBs into the gut fluids. We hypothesized
that these released PCBs would repartition into the other gut compartments, including LDPE,
thereby increasing the PCBs associated with LDPE. The chemical transfer rate kinetics in the
LDPE may be affected by the enzyme digestion process, depending on which process is ratelimiting (plastic sorption vs enzyme kinetics).
As motivated above, the experiment was performed for a longer period than a standard
upper gastrointestinal tract retention time. The PCB concentrations increased rapidly for the
first 10 h and then approached a pseudo-equilibrium state within 72 h. Previously, we
observed biphasic chemical transfer kinetics during a 28 days exposure period.136 However,
in the present study, this biphasic behavior was not apparent due to the shorter time scale
(Figure 3.3). Therefore, only the fast sorption and desorption kinetic rate constants of the
biphasic reversible model (see section 3.2.3, and SI for more details) were fitted to the high
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and low enzyme treatments (Table S3.4). For the control treatment, only PCB 52 and PCB 101
showed a slight increase in concentration in the LDPE over time. The levels of contamination
were close to the minimum detection limit and similar to the extraction method blank.
Therefore, this contamination was not accounted for in the respective high and low enzyme
treatments as the level of contamination was low and the data still fitted well with the model
and initial boundary conditions set by the measured PCB concentrations in the POM strip
(𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗ ).

The fast sorption rate constants (𝑘𝑘1 ) were statistically significant for all PCBs in both enzyme

treatments except PCB 209 (Table S3.4). They ranged from 236 to 1.37 × 107 h-1 and 138 to
3.77 × 104 h-1 for high and low enzyme treatments respectively. The fitted 𝑘𝑘1 values for some

congeners here were about 2 to 8 times higher than those from a similar chemical exchange
kinetics experiment involving microplastic and food but without food digestion kinetics, in

which LDPE strips from the same source were used.136 The differences between this study
and the aforementioned study were higher for the high enzyme treatment than the low
enzyme treatment, since 𝑘𝑘1 values were generally higher in the high enzyme treatment. The
olive oil triglycerides may be behaving similarly to the organic matter in the aforementioned

study, which facilitates chemical sorption onto the LDPE.88,89,164,165 Furthermore, the presence

of NaTC in the gut fluid also act as an oil dispersant which facilitates formation of oilsurfactant aggregates. These dispersed aggregates can promote the uptake of oil-associated
contaminants.166 However, the variability of 𝑘𝑘1 values did not differ significantly between the
treatments (p=0.50 ; one-way ANOVA). This may be due to the small difference in the bulk

oil compartment between the two treatments, even after digestion. The log 𝑘𝑘1 values were

positively correlated with log 𝐾𝐾𝑂𝑂𝑂𝑂 in both high (𝑙𝑙𝑙𝑙𝑙𝑙𝑘𝑘1 = 1.40 (±0.18) × log 𝐾𝐾𝑂𝑂𝑂𝑂 −
and
low
(log 𝑘𝑘1 = 1.21 (±0.08) × log 𝐾𝐾𝑂𝑂𝑂𝑂 −
5.17 (±1.18), 𝑟𝑟 2 = 0.87, 𝑛𝑛 = 10)
2
4.28 (±0.51), 𝑟𝑟 = 0.96; 𝑛𝑛 = 10) enzyme treatments (Figure 3.4). The positive correlations

are in agreement with the earlier study in the presence of organic matter.136 The 𝑘𝑘1 rate

constants estimated here were lower in the less hydrophobic PCBs, but as hydrophobicity

increased, the estimates were higher than the aforementioned study. This implies that
contaminant transport to the polymer is highly dependent on facilitated transport and may

differ depending on the substrates available in the gut fluid. Although the theory of facilitated
adsorption for oil and organic matter is well-established in the field of environmental
pollution, little is known about the effects of vegetable oil or other food matrices in the cotransport of contaminants on indigestible materials such as plastic particles in the human gut
fluid.
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Figure 3.4. Log values of kinetic parameters (𝑘𝑘1 and 𝑘𝑘2 ) vs log 𝐾𝐾𝑂𝑂𝑂𝑂 for low and high enzyme
treatments.
The reverse transfer kinetic (desorption) was also included in our model since chemical
transfer occurs in both directions simultaneously as demonstrated earlier.136 The desorption
rate constants (𝑘𝑘2 ) of the fast fraction were statistically significant for all PCBs in both

treatments except PCB 209 in the high treatment (SI Table S3.4). In the high enzyme
treatment, 𝑘𝑘2 ranged from 0.283 to 4.36 h-1, translating to desorption half-lives of 0.16 to

2.45 h. On the other hand, fitted 𝑘𝑘2 values in the low enzyme treatment were significantly

lower (p=0.0068; one-way ANOVA), ranging from 0.087 to 0.289 h-1, translating to desorption
half-lives of 2.40 to 7.97 h. Furthermore, they were in the similar range with the estimated

𝑘𝑘2 values from our aforementioned study which investigated chemical kinetics on plastic with

an inert food component.136 The difference observed between the high and low enzyme

kinetics implies that for desorption, the lipid digestion process has a more significant role.

We speculate that this may be a result of the formation of more FFA molecules in the high
enzyme treatment which may be driving the desorption process, as the PCB release is likely
controlled by the aqueous boundary layer resistance.167 Unlike the sorption rate constants
(𝑘𝑘1 ), the desorption rate constants (𝑘𝑘2 ) for the high and low treatments had weak positive

correlations with hydrophobicity, suggesting that the desorption process was not influenced
by the bulk size or hydrophobicity of the PCB congeners.
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LDPE distribution coefficients (𝐾𝐾𝑃𝑃 ) were derived from the fitted 𝑘𝑘1 and 𝑘𝑘2 estimates (Figure
S3.4). The log 𝐾𝐾𝑃𝑃 positively correlated with log 𝐾𝐾𝑂𝑂𝑂𝑂 (𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑃𝑃 = 1.04 (±0.03) × 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 +

0.05 (±0.23), 𝑟𝑟 2 = 0.98, 𝑛𝑛 = 20) corroborating previous studies.56,79,136,168 However, the

relationship observed here indicates that the 𝐾𝐾𝑃𝑃 values were almost equivalent to 𝐾𝐾𝑂𝑂𝑂𝑂 and

generally higher than previously established 𝐾𝐾𝑃𝑃 values for LDPE. As discussed previously, the

oil may have sorbed onto the plastic surface and promoted the uptake of PCBs, evidenced by
the high sorption rate constants.

3.3.4. Percentage reduction in chemical bioavailability
The chemical concentrations bound to LDPE after the pre-equilibration period and before the
lipid digestion process was initiated, comprised 0.2 to 4% of the total concentrations in the
system. These percentages depended on the hydrophobicity of the compound, with more
hydrophobic compounds having higher percentages. This was largely due to the higher slope
coefficient of the log 𝐾𝐾𝑃𝑃 ‒ log 𝐾𝐾𝑂𝑂𝑂𝑂 regression for LDPE than NaTC, implying a larger increase

in sorptive capacity as log 𝐾𝐾𝑂𝑂𝑂𝑂 increases for LDPE. Hence, more hydrophobic PCBs tended to

have a higher affinity to LDPE than micelles.

After the lipid digestion was initiated for 72 h, LDPE took up part of the PCBs released from
the digested olive oil triglycerides, resulting in up to 75% increase in PCB concentrations in
the LDPE (Figure 3.3 and SI Figure S3.3). This implies MP particles leaving the body would
have substantially higher chemical concentrations than when entering the body, which may
seem counterintuitive yet logical based on the processes at play. This increase, however, still
only implies a decrease in chemical bioavailability by about 0.11 to 0.87% (SI Figure S3.5) of
the total chemical amount present in the gut. We also observed a noticeable increase in the
percentage reduction in the chemical bioavailability for more hydrophobic compounds (SI
Figure S3.5). The reduction in chemical bioavailability is limited by the digestion rate kinetics
which is slower than the uptake kinetics (𝑘𝑘1 ). Furthermore, LDPE is competing with micelles

which have 10 times stronger binding affinity than LDPE. Although the percentage reduction
in chemical bioavailability demonstrated in the present study is low, the amount of chemical
uptake is also driven by the chemical fugacity of the LDPE prior to the digestion process. Our
earlier study simulating gut fluid conditions with clean plastic and contaminated organic
matter as food, demonstrated that it is possible for MPs to clean the gut up to almost 90%
without digestion.136

Additionally, despite the difference in the exchange kinetics, the overall change in chemical
bioavailability did not differ significantly between the high and low enzyme treatments. This
implies that the digestion dynamics will not result in significant differences in the chemical
bioavailability when the plastic to food ratio in the gut is similar to the present study and also
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equally contaminated. Therefore, here we show that a contaminated LDPE is still capable of
further taking up part of the released PCBs from food during digestion but with little effect
from the digestion dynamics. Furthermore, the speculated facilitated transport attributed to
the surrounding oil enhances the sorptive capacity of LDPE, potentially making it a relevant
chemical “cleaning” agent for ingested contaminated food.

General discussion
We provided an in vitro experimental design and a chemical kinetic model to elucidate the
chemical dynamics on microplastics under realistic simulated gut conditions inclusive of
digestion dynamics. The improved gut model presented here allows for the accurate
parameterization of kinetic parameters to describe the chemical transfer with microplastics
and digestion dynamics. These are urgently needed since concerns with respect to health
effects of microplastics are high. Most importantly, our kinetic parameters can be used to
model the chemical behavior in other gut scenarios (e.g., different chemical concentrations
or gut transit times) and extrapolate the results for exposure and risk assessments of plasticassociated chemicals.27,120 Mechanistically, we found that the biphasic and reversible
chemical exchange model fitted well to empirical data, describing the digestion process,
changes in the different gut compartments and chemical exchange on LDPE. We also
demonstrated that for short gut transit times (< 72 h), the biphasic sorption is not visible in
the chemical dynamics, and the fast chemical uptake into the outer reservoir of the LDPE
becomes more relevant.
Under similar gut conditions as in the present study, we conclude that the food digestion
dynamics have a small influence on the chemical exchange kinetics on microplastics (Figure
3.3). Uptake kinetics (𝑘𝑘1 ) were not significantly affected while the desorption kinetics (𝑘𝑘2 ) for

the high enzyme treatment was 10 times higher than the low enzyme treatment. We
speculate that chemical exchange on the LDPE may be facilitated by other molecules present
in the gut fluid such as the food digestion product (in this case, FFA). On the other hand, other
food types and enzymes such as protein and pepsin may instead inhibit the facilitated
transport of chemicals into the LDPE as they may compete for adsorption sites (Liu et al.,
2020).
Here, we demonstrated that LDPE can reduce the chemical bioavailability as it takes up the
contaminants released from food during the digestion process, although it is equally
contaminated (Figure S3.5). The amount of chemical bioavailability is however limited by the
digestion kinetics which have a half-life that is 200 times longer than the uptake kinetics. A
reduction in chemical bioavailability due to the chemical uptake by microplastics is still
considered counterintuitive by many, yet, is in fact what thermodynamics predicts and has
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been shown now by several studies that chemical bioavailability can decrease depending on
the conditions.136,170,171 Although the sorptive capacity of LDPE was lower than micelles, LDPE
was still a significant sink for the released PCBs from the digested olive oil triglycerides since
the mass concentration of LDPE was two times higher than micelles in the scenario studied.
Also, this substantially increases the chemical concentration on LDPE that are egested. This
suggests that if there is a higher load of LDPE, there would be an even greater reduction in
the amount of bioavailable chemicals once the plastic is egested.
As microplastic levels are expected to rise due to the increasing use of plastic in our daily lives
and its omnipresence in the environment, microplastic exposures in biota would also
increase. The calibrated model presented here allowed us to understand the chemical vector
effect in the gut when lipid digestion is taking place. Our present study has specifically
addressed lipids from olive oil as a proxy for food, at a certain concentration. More studies
are warranted for other food types and also at varying ratios of microplastic to food
concentrations since it has been shown that microplastic can also inhibit digestion.140 This
would then allow us to better understand the effects of microplastic under realistic gut
conditions in terms of the chemical vector effect and digestion dynamics.
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Lipid extraction and separation
The method for lipid extraction was adapted from Paik et al., 2009.172 Two hundred µL of
sample lipid emulsion was vortexed with 2 mL ternary solvent (DCM:MeOH:H2O=1:2:0.8;
v/v/v) briefly. Additional dichloromethane (DCM) and MQ-water were added to the extracts
to adjust the ratio of DCM:MeOH:H2O to 1:1:0.9 (v/v/v). The extracts were then separated by
centrifugation at 2500 ×g for 15 mins. The upper layer was pipetted out and the remaining
DCM layer was dried over anhydrous Na2SO4 and then evaporated to dryness with a gentle
stream of nitrogen. The extracts were then diluted in 12 mL hexane and then stored in -80°C
until further extraction was carried out.
Lipid extracts were thawed to room temperature and concentrated to 1 mL with a speed
vacuum for 15 mins. The triglycerides and free fatty acids were separated based on an
adapted method from Richardson et al., 2017.173 Briefly, 1 mL of cold distilled water was
added to the concentrated lipid extracts (1 mL) and vortexed. Then 1 mL of 0.4 M NaOH in
MeOH was added and vortexed for 10s. This would allow the NaOH to react with the free
fatty acids to form salts. Three mL of hexane were added immediately after vortexing to
separate esterified fatty acids then vortexed again. The emulsion was then left to separate
for 3 min before the hexane upper phase (contains esterified triglycerides) is transferred into
a clean centrifuge glass tube and dried under a gentle stream of nitrogen to 20 µL. The
esterified triglycerides were then derivatized to obtain fatty acid methylated esters
(FAMEs).173 Briefly, 20 µL of esterified triglycerides extract was mixed with 400 µL toluene, 3
mL MeOH and 600 µL of 8% HCl solution in methanol and incubated for 1.5h at 90°C. Samples
were cooled down for 10 min before adding 1 mL of hexane and 1 mL of water. After phase
separation, 600 µL of the hexane upper layer containing FAMEs was used for further analysis.
A double internal standard spike was applied during the esterification process. Firstly, 1.6 mg
of methyl pentadecanoate (C15:0) was added before the samples were heated at 90 °C. Then,
1.6 mg of methyl tridecanoate (C13:0) was added during the hexane extraction step. FAMEs
were quantified by GC-FID using a Nukol column.174,175 The GC was calibrated using TraceCERT
FAME standards purchased from Supelco.
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Figure S3.1. Schematic diagram of two-compartment low density polyethylene (LDPE) with a
fast (CP,1) and slow (CP,2) reservoir and chemical interactions between LDP, water, oil and
micelles (formed from sodium taurocholate (NaTC) and free fatty acids (FFA)) in the
simulated gut fluid digestion assay.
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Determination of distribution coefficients 𝑲𝑲𝒎𝒎𝒎𝒎𝒎𝒎𝒎𝒎𝒎𝒎𝒎𝒎𝒎𝒎 and 𝑲𝑲𝒐𝒐𝒐𝒐𝒐𝒐
Based on chemical mass balance:

(S3.1)

𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 = 𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 + 𝐶𝐶𝑊𝑊 + 𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚

where 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 is the total PCB cocentration in the system, 𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 is the chemical concentration

on the POM passive sampler, 𝐶𝐶𝑊𝑊 is the chemical concentration in the water phase and
𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 is the chemical concentration in the micelle compartment. All concentrations are in
µg/L.

The partition equilibrium constant 𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 is:

(S3.2)

where 𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗ is the PCB concentration in POM in µg/kg and KPOM is in L/kg.

(S3.3)

𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 =

𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗
𝐶𝐶𝑊𝑊

𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 = 𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗ ∙ [𝑃𝑃𝑃𝑃𝑃𝑃]

where [POM] is the mass concentration of POM in the system in kg/L.
Similarly, 𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 is:

𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 = 𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 ∗ [𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚] = 𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 ∙ 𝐶𝐶𝑊𝑊 ∙ [𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚]

(S3.4)

Where [micelle] is the mass concentration of micelle in the system in kg/L, 𝐶𝐶𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 ∗ (µg/kg) is
the PCB concentration in the micelles, 𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 (L/kg) is the partition coefficint of micelle with
water.

Therefore, substituting eq. (S3.3) and (S3.4) into (S3.1):
𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 = 𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 ∙ 𝐶𝐶𝑊𝑊 ∙ [𝑃𝑃𝑃𝑃𝑃𝑃] + 𝐶𝐶𝑊𝑊 + 𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 ∙ 𝐶𝐶𝑊𝑊 ∙ [𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚]

Rearranging and substituting 𝐶𝐶𝑊𝑊 =
𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 =
Similarly,
𝐾𝐾𝑜𝑜𝑜𝑜𝑜𝑜 =
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𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗
𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃

𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 −𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗ (𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 [𝑃𝑃𝑃𝑃𝑃𝑃]+1)
𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗ [𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚]

𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 −𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗ (𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 [𝑃𝑃𝑃𝑃𝑃𝑃]+1)
𝐶𝐶𝑃𝑃𝑃𝑃𝑃𝑃 ∗ [𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚]

(S3.5)

,

(S3.6)

(S3.7)

Biphasic sorption on microplastic model (based on Chapter 2)
The exchange of chemicals between the fast and slow reservoir of the plastic is modelled as:
𝑑𝑑𝐶𝐶1 ∗
𝑑𝑑𝑑𝑑

𝑑𝑑𝐶𝐶2 ∗
𝑑𝑑𝑑𝑑

=

𝑘𝑘1

𝑓𝑓1 [𝑃𝑃]

𝐶𝐶𝑊𝑊 − 𝑘𝑘2 𝐶𝐶1 ∗ − 𝑘𝑘3 𝐶𝐶1 ∗ + 𝑘𝑘3 𝐶𝐶2 ∗

= 𝑘𝑘3 𝐶𝐶1 ∗ − 𝑘𝑘3 𝐶𝐶2 ∗

(S3.8)
(S3.9)

where 𝐶𝐶1 ∗ and 𝐶𝐶2 ∗ are concentrations of contaminants in the fast and slow reservoirs of the

polymer (µg/kg) respectively, 𝑓𝑓1 is the fast reservoir fraction of the total bound mass of

chemical (dimensionless), 𝑘𝑘1 is the sorption rate constant (d-1), 𝑘𝑘2 is the desorption rate

constant (d-1) and 𝑘𝑘3 is the intra-polymer rate constant (d-1), [P] is the plastic mass

concentration (kg/L).

Auxiliary equations
Relationship between log 𝑲𝑲𝑷𝑷𝑷𝑷𝑷𝑷 and log 𝑲𝑲𝑶𝑶𝑶𝑶 146:
log 𝐾𝐾𝑃𝑃𝑃𝑃𝑃𝑃 = 0.791 ∙ log 𝐾𝐾𝑂𝑂𝑂𝑂 + 1.018

(S3.10)

Percentage reduction in chemical bioavailability:
% 𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟𝑟 𝑖𝑖𝑖𝑖 𝑐𝑐ℎ𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒 𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏𝑏 (𝑡𝑡) =
(𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 (0)−𝐶𝐶𝑃𝑃 ∗ (0)∙[𝑃𝑃])−(𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 (𝑡𝑡)−𝐶𝐶𝑃𝑃 ∗ (𝑡𝑡)∙[𝑃𝑃])
(𝐶𝐶𝑡𝑡𝑜𝑜𝑜𝑜 (0)−𝐶𝐶𝑃𝑃 ∗ (0)∙[𝑃𝑃])

× 100

(S3.11)

Where 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 (0) and 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 (𝑡𝑡) is the total concentration in the system (µg/L) at time 0h or t,
𝐶𝐶𝑃𝑃 ∗ (0) and 𝐶𝐶𝑃𝑃∗ (𝑡𝑡) is the PCB concentration in LDPE (µg/kg) at time 0h or t, and [P] is the LDPE
mass concentration in the system (kg/L).

Molecular weight of olive oil:
𝑀𝑀𝑀𝑀𝑜𝑜𝑜𝑜𝑜𝑜 = 3 × 𝐴𝐴𝐴𝐴. 𝑀𝑀𝑀𝑀𝐹𝐹𝐹𝐹𝐹𝐹 + 38.049

(S3.12)

Where 38.049 g/mol is the the weight of the glycerol backbone and the average MWFFA is

279.33 g/mol based on the percentage of fatty acids shown in Table S2.

Partition coeffcient of LDPE with water136:
𝐾𝐾𝑃𝑃 =

𝑘𝑘1

𝑘𝑘2 𝑓𝑓1 [𝑃𝑃]

(S3.13)

For units, please refer to previous section.
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Table S3.2. Linear regressions between log 𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 and log𝐾𝐾𝑂𝑂𝑂𝑂 for different concentrations
of micelles
Experiment
Micelle
Micelle
Micelle
Micelle

Treatment
5.7, 6.9, 11.6 mg/L
64.5 mg/L
All levels
Only NaTC (5.7 mg/L)

Regression
𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚
𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚
𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚
𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚

= 0.97 ∙ 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 0.63
= 1.06 ∙ 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 0.54
= 0.99 ∙ 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 0.61
= 0.88 ∙ 𝑙𝑙𝑙𝑙𝑙𝑙𝐾𝐾𝑂𝑂𝑂𝑂 + 1.09

R2
0.89
0.97
0.86
0.94

Figure S3.2. Concentration of triglycerides in the emulsion over time in each setup (high
enzyme, low enzyme and control).
Table S3.3. Average percentages of major fatty acids found in olive oil across samples.
Fatty acid
C14:0
C16:0
C18:0
C18:1
C18:2
C18:3
C20:0
C22:0
C22:1
C24:0

76

Average % of fatty acid
0.03
11.58
2.68
76.81
7.69
0.36
0.65
0.11
0.02
0.07

Figure S3.3. Total PCB concentrations in the LDPE compartment (µg/kg) over time (h) for
high and low enzyme treatment and control (no PCBs spiked) of one replicate system. Solid
lines represent the fitted models for the high enzyme treatment whereas the dashed lines
represent the fitted models for the low enzyme treatment. Each colour represents a
different replicate system.
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Figure S3.3. (Continued)
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PCB
18
28
52
101
118
138
153
156
180
209
18
28
52
101
118
138
153
156
180
209

Enzyme treatment

High
High
High
High
High
High
High
High
High
High
Low
Low
Low
Low
Low
Low
Low
Low
Low
Low

5.24
5.67
5.84
6.38
6.74
6.83
6.92
7.18
7.36
8.18
5.24
5.67
5.84
6.38
6.74
6.83
6.92
7.18
7.36
8.18

Log 𝑲𝑲𝑶𝑶𝑶𝑶
2.36E+02**
1.61E+03**
9.79E+02**
5.59E+03*
9.01E+03**
1.40E+04*
2.42E+04*
1.33E+04***
9.87E+04*
1.37E+07
1.38E+02***
6.04E+02***
3.33E+02***
3.13E+03***
5.92E+03***
1.00E+04***
1.58E+04***
1.03E+04***
4.22E+04***
6.32E+05**

𝒌𝒌𝟏𝟏 (h-1)
7.36E+01
4.50E+02
2.85E+02
2.39E+03
2.58E+03
5.88E+03
1.09E+04
3.38E+03
4.37E+04
1.35E+07
2.09E+01
8.40E+01
5.43E+01
4.15E+02
1.08E+03
1.77E+03
2.81E+03
1.75E+03
7.04E+03
2.14E+05

SE
0.345**
0.554**
0.283**
0.418*
0.322**
0.390*
0.477*
0.159**
0.550*
4.355
0.193***
0.229***
0.087***
0.197***
0.218***
0.262***
0.289***
0.124***
0.210***
0.191*

𝒌𝒌𝟐𝟐 (h-1)
0.116
0.163
0.090
0.190
0.099
0.173
0.224
0.045
0.254
4.316
0.033
0.036
0.017
0.030
0.044
0.051
0.056
0.024
0.039
0.071

SE
3.28E+05
1.21E+06
1.37E+06
4.44E+06
8.28E+06
1.03E+07
1.42E+07
2.15E+07
4.35E+07
5.85E+08
3.42E+05
1.10E+06
1.51E+06
5.28E+06
8.04E+06
1.10E+07
1.53E+07
2.13E+07
4.87E+07
6.16E+08

𝑲𝑲𝑷𝑷 (L/kg)
5.52
6.08
6.14
6.65
6.92
7.01
7.15
7.33
7.64
8.77
5.53
6.04
6.18
6.72
6.91
7.04
7.18
7.33
7.69
8.79

log 𝑲𝑲𝑷𝑷

Table S3.4. Kinetic rate constants of LDPE for high and low enzyme treatment with standard errors (SE). (***significant at p<0.001;
**significant at p<0.01; *significant at p<0.05)
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9.00
8.50
8.00
log KP

7.50
7.00
6.50
log KP = 1.036 log KOW + 0.057
R² = 0.981

6.00
5.50
5.00

5

5.5

6

6.5

7

7.5

8

8.5

log KOW
Figure S3.4. Relationship between log 𝐾𝐾𝑃𝑃 of LDPE and log 𝐾𝐾𝑂𝑂𝑂𝑂 based on 𝑘𝑘1 and 𝑘𝑘2
estimates.

Figure S3.5. Percentage reduction in bioavailability of each PCB congener in high and low
enzyme treatments respectively.
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Technology, 55(8), pp.5084-5096.

Abstract
Human exposure to microplastic is recognized as a global problem, but the uncertainty,
variability and lifetime accumulation is unresolved. We provide a probabilistic lifetime
exposure model for children and adults, which accounts for intake via eight food types and
inhalation, intestinal absorption, biliary excretion and plastic-associated chemical exposure
via a physiologically based pharmacokinetic submodel. The model probabilistically simulates
microplastic concentrations in the gut, body tissue, and stool, the latter allowing validation
against empirical data. Rescaling methods were used to ensure comparability between
microplastic abundance data. Microplastic (1–5000 µm) median intake rates are 553
particles/capita/day (184 ng/capita/day) and 883 particles/capita/day (583 ng/capita/day)
for children and adults, respectively. This intake can irreversibly accumulate to 8.32×103 (90%
CI, 7.08×102–1.91×106) particles/capita or 6.4 (90% CI, 0.1–2.31×103) ng/capita for children
until age 18, and up to 5.01×104 (90% CI, 5.25×103–9.33×106) particles/capita or 40.7 (90% CI,
0.8–9.85×103) ng/capita for adults until age 70 in the body tissue for 1–10 µm particles.
Simulated microplastic concentrations in stool agree with empirical data. Chemical
absorption from food and ingested microplastic of the nine intake media based on biphasic,
reversible, and size-specific sorption kinetics, reveals that the contribution of microplastics
to total chemical intake is small. The as-yet-unknown contributions of other food types are
discussed in light of future research needs.
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Introduction
Humans are exposed to microplastics (MPs) everyday.14,15 These small particles (1–5000 µm)
are omnipresent in our food, including water and beverages, and air.3,176–179 The first evidence
of MP in human stools proves that these particles are indeed ingested and can pass through
the gastrointestinal (GI) tract.13 This has raised concerns about the actual exposure and
impact on human health.3 While it is widely accepted that humans are exposed to MPs, the
magnitude, uncertainty, and variability of MP exposure concentrations and intake rates
globally remain unknown. These uncertainties have resulted in many controversies regarding
the potential risks that MPs may pose to human health.180,181
To date, only two studies have performed human exposure assessments for MP by estimating
total intake from different intake media, deterministically.14,15 A major limitation in the
aforementioned studies is that there are discrepancies in the databases used, due to the
differences in MP definitions and analytical techniques. Zhang et al.15 acknowledged these
discrepancies and thus made a conscientious effort to use more comparable data. However,
such methods would fail to estimate MPs from other size ranges, inaccurately representing
the full MP continuum (1–5000 µm).4,182 Furthermore, single exposure estimates based on
average exposure rates may not well represent the distribution of global MP intake rates.
Besides exposure, the fate and transport of ingested MPs in the human body, which include
intestinal absorption and biliary excretion, have not been addressed in earlier studies and
remained largely unknown.180 Accumulation of MPs in the body tissues could cause physical
stress and damage, inflammation, oxidative stress, and immune responses.17 To date, effect
studies examining MPs on human cells found little evidence of impact on cell viability.183–186
However, it is uncertain if the range of exposure concentrations used in such studies is truly
representative of the MP accumulated in body tissues.
Another speculated hazard from exposure to MPs is chemical toxicity. Plastics contain a huge
variety of added and non-intentionally added chemicals.187 Furthermore, MPs found in food
types such as seafood and salt may have adsorbed chemicals from the environment it
originated from.26 The importance of MPs to influence chemical exposure in humans has
been highly debated.177,180 Past studies have only considered 100% leaching of the chemicals
from the particles.3,176,188 Although legitimate as a worst case scenario, this is not realistic
since only a part of the chemicals in the particles is bioavailable due to kinetic constraints and
limited gut residence time. The body also accumulates these chemical compounds through
other routes of exposure, such as direct ingestion of food and inhalation.189 Some of these
compounds would cause risk if total concentrations are higher than their threshold effect
concentrations, whereas carcinogenic compounds do not have a dose threshold level.33 To
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evaluate the actual risk and relative importance of MP as a chemical carrier, the actual MP
intake amount from known food types and fraction of chemical leached as well as its
associated uncertainties need to be quantified for the full MP continuum and chemicals
residing in the particles.
The aims of the present study are to estimate the MP exposure in children and adults via
eight food types and inhalation, and to assess the chemical contribution of MPs in relation to
total chemical intake. Furthermore, we aim to compare the variability of MP abundance in
the known eight food types and air. To this end, a probabilistic lifetime MP exposure model
for children and adults is developed that accounts for the full variability of MP across different
known intake media and global intake rates. The accumulation of MP in the body tissue and
the amount egested in the stool are also determined and quantified in terms of particle
number and mass distributions. To understand the potential risk of MP due to plasticassociated chemicals, the transfer of a relevant suite of chemicals from ingested MPs was
simulated via kinetic modelling under realistic conditions whereby a human is also exposed
to chemicals from dietary intake. Four representative chemicals that are commonly detected
in plastic190,191 were investigated: (1) benzo(a)pyrene (BaP), (2) di(2-ethylhexyl)-phthalate
(DEHP), (3) 3,3',4,4',5-pentachlorobiphenyl (PCB126), and (4) lead. These chemicals were
selected as they are widely known as main environmental pollutants due to the high
carcinogenic potencies of the organic compounds,192–194 while lead toxicity can lead to blood
disorders and damage to the nervous system.195

Materials and methods
The probabilistic exposure assessment toolkit, Human Exposure Assessment for Small
mIcroplastics (HEASI), comprises of two separate components (Figure 4.1): (A) The “Plastic
Model”, which calculates MP abundance in gut, tissue, and stool with kinetic mass balance
equations describing transport processes in the GI tract; and (B) the “Chemical Model” which
uses the calculated MP intake from (A) to quantify chemical transfer from MP to the human
body under realistic feeding conditions. Below, we provide the main features and equations
of the assessment. A full description and list of fitted distribution parameters are provided in
the Supporting Information (SI). Compiled databases from literature (Data S1–S6) are
accessible in the following data depository: https://github.com/nhazimah/heasi. Because
microplastic is a diverse material and input data show considerable uncertainty, the
assessment was done probabilistically via Monte Carlo (MC) simulations, with n=10,000
iterations for each of the calculation steps. Ranges presented subsequently relate to the 90%
confidence interval.
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Figure 4.1. Schematic overview of workflow for (A) the plastic model and (B) chemical model. (A) Green
boxes and arrows indicate MP from food; blue boxes and arrows indicate MP from air. Yellow boxes
represent the parameter inputs. Grey boxes and arrows represent the outputs: the MP amount
accumulated in gut and tissue and amount egested. (B) Total MP intake calculated from the plastic
model (shown at the inlet of stomach) was used to calculate total chemical leached from MP in the
chemical model. Cm is the chemical concentration in gut fluid micelles, CW is the chemical concentration
in water in the gut, C1 and C2 are the chemical concentrations in the outer and inner phases of MP,
respectively; k1 and k2 are the sorption and desorption rate constants, respectively; k3 is the
intrapolymer rate constant. Orange boxes represent the inputs for the chemical model and orangeoutlined ovals represent the models used to calculate the chemical distributions and leaching from MP.
Histogram symbols represent inputs with distributions. Green histogram: child (1‒18 years); pink
histogram: adults (19‒70 years).

4.2.1. Plastic model
The lifetime exposure to MPs for humans is modeled as a mass balance of intake (i.e., dietary
and inhalation) and loss processes in the human body (via the GI tract).32,87 The amount of
MP in the GI tract per person, 𝐶𝐶𝑀𝑀𝑀𝑀 (particles/capita), per day is calculated as

MP in GI tract (t) = (A) intake from food types + (B) intake from air + (C) transfer of
accumulated MP in the body back to the GI tract – (D) loss from egestion.
In a mathematical form with terms A, B, C and D in the same order

𝑑𝑑𝐶𝐶𝑀𝑀𝑀𝑀
𝑑𝑑𝑑𝑑

= �1−𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 ∙ 𝑓𝑓𝑎𝑎,𝑛𝑛 � ∑𝑛𝑛𝑖𝑖=1(𝐼𝐼𝐼𝐼𝑖𝑖 ∙ 𝐶𝐶𝑖𝑖 ) + (1 − 𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 )�𝑓𝑓𝑑𝑑𝑑𝑑𝑑𝑑 ∙ 𝐼𝐼𝐼𝐼𝐼𝐼 ∙ 𝐶𝐶𝑎𝑎 � + 𝑘𝑘𝑡𝑡𝑡𝑡𝑡𝑡 ∙ 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 − 𝑘𝑘𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙 ∙ 𝐶𝐶𝑀𝑀𝑀𝑀

(4.1)

= 𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 ∙ 𝑓𝑓𝑎𝑎,𝑛𝑛 ∑𝑛𝑛𝑖𝑖=1(𝐼𝐼𝐼𝐼𝑖𝑖 ∙ 𝐶𝐶𝑖𝑖 ) + 𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 ∙ (𝑓𝑓𝑑𝑑𝑑𝑑𝑑𝑑 ∙ 𝐼𝐼𝐼𝐼𝐼𝐼 ∙ 𝐶𝐶𝑎𝑎 ) − 𝑘𝑘𝑡𝑡𝑡𝑡𝑡𝑡 ∙ 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡

(4.2)

The amount of MPs accumulated in the whole body tissue can then be calculated as
𝑑𝑑𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡
𝑑𝑑𝑑𝑑

For intake from food (eq 4.1, term A), index i refers to the n food types assessed in the present
study (here, n=8, i.e., fish, mollusc, crustacean, tap water, bottled water, salt, beer and milk),
𝐶𝐶𝑖𝑖 is the MP concentration per media in terms of number concentrations (particles/g) and 𝐼𝐼𝐼𝐼𝑖𝑖

is the associated daily ingestion rate (g/capita/day). We also accounted for intestinal
absorption (𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 ) as phagocytosis, endocytosis and persorption have been identified as

mechanisms explaining uptake of particles <10 µm.17,180,196–199 The fraction of particles that is
taken up by the human GI tract is relatively unexplored. Most literature sources claim that
intestinal absorption is low, reaching up to 0.3% for particles with sizes up to ~2 to 3 µm
based on rodent and ex vivo models.183,200–202 Here, we assumed a fraction of particles, 𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎

of 0.3% of all 1–10 µm particles, is absorbed in the intestines. This is a conservative average

estimate based on the range of absorbed fractions (0.2–0.45%) measured in vitro using
human colon tissue.203 The number of particles in the 1–10 µm size range is based on the

fraction, 𝑓𝑓𝑎𝑎,𝑛𝑛 , of the total number of ingested particles, complying to the 1–5000 µm power87
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law size distribution, which is explained in the next section (eq 4.4). This bioavailable fraction
of particles is represented as an uptake process in the first term of eq 4.2.
MP intake from the air compartment (eq 4.1, term B) is calculated with MP concentration (1–
10 µm) in air, 𝐶𝐶𝑎𝑎 (particles/m3) and the inhalation rate, 𝐼𝐼𝐼𝐼𝐼𝐼 (m3/capita/day). A fraction of
inhaled particles is assumed to be deposited in the nasopharyngeal cavity (𝑓𝑓𝑑𝑑𝑑𝑑𝑑𝑑 ) and then
swallowed in the GI tract. This fraction is assumed as a constant of 0.83.204 Swallowed

particles from the air intake are also subjected to intestinal absorption (second term in eq

4.2) and hence, 𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 is also included in this term.

Removal of MP from the tissue, 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡 (particles/capita), is modeled as biliary excretion through

the GI tract (term C in eq 4.1 and the third term in eq 4.2). Because the biliary excretion rate
constant, 𝑘𝑘𝑡𝑡𝑡𝑡𝑡𝑡 (day-1), is unknown for humans and microplastics, this was addressed using a

scenario-based approach to describe zero, minimum, median and maximum biliary excretion

kinetic rate values based on three rat and mouse studies on nanoparticles (<1 µm205) (SI Table
S4.1).206–208 Therefore, we assumed that the transfer rate of this pathway is similar for both
MPs and nanoparticles, which are able to access organs and penetrate cell membranes.
Loss via egestion (eq 4.1, term D) is modeled with a loss rate constant based on stool
frequencies,209–214 𝑘𝑘𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙 (day-1), assuming that MP particles are not trapped in the GI tract.13

The amount of MP egested per stool mass per capita, 𝐶𝐶𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠 (particles/g stool/capita), can be

further calculated based on the gut steady state concentrations (𝐶𝐶𝑀𝑀𝑀𝑀,𝑆𝑆𝑆𝑆 ) and stool mass
excreted per capita per day, 𝑀𝑀𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠 (g stool) (eqs S4.1 and S4.2).214–218

Plastic model inputs and parameterization. A literature review was performed to identify
studies that reported plastic concentrations in media relevant for human intake. Search
strings included were: microplastic, plastic, fish, seafood, salt, human, air, food. Searches
were performed until March 2020 using search engines Scopus and Google Scholar, and only
studies reporting original concentration data were reviewed. Targeted searching was also
conducted for databases or reviews published by nongovernmental organizations and
governmental agencies. A total of 134 studies was identified reporting MP concentrations in
nine media: (1) fish, (2) mollusc, (3) crustacean, (4) tap water, (5) bottled water, (6) beer, (7)
milk, (8) salt, and (9) air (Data S1). For each source, a set of criteria and assumptions was
made to ensure the quality and utility of data for subsequent model analysis (see SI).
Food consumption data were collected from FOSCOLLAB,219 a database collated by the World
Health Organization (WHO) and Food and Agricultural Organization (FAO) on chronic
individual

food

consumption

in

different

countries

for

different

age

classes

(https://apps.who.int/foscollab). The list of search terms is provided in the SI (Table S4.2).
Total mean ingestion rates were used to represent the whole population (i.e., including non88

consumers of the food) and the data were recategorized into two age groups: children (1–18
years) and adult (19–70 years). Inhalation rates were based on two studies220,221 and
redefined according to the aforementioned age groups (SI Table S4.3).
As most studies on MP occurrence in media associated with human intake are still limited to
pioneering research, some of the methodologies that have been implemented thus far are
not yet fully adequate.11 To account for these inadequacies, we have applied a series of
calculations to allow for better comparability among data with varying qualities, hence
improving data utility. The model parameterization comprises the following three corrections
(Figure 4.1A), which are explained hereafter and in full detail in the SI.
Correction 1: False positives. Out of the 871 datasets acquired for the exposure assessment,
203 datasets did not conduct further spectroscopic identification to confirm if the particles
are indeed polymer-based.7,11 Among these 203 datasets, 35% of them reported that their
size detection limit was below 100 µm. As these studies may have overestimated the MP
concentrations, we applied a correction factor to account for potential false positives. False
positive rates for MP visual identification have been reported by Lenz et al.,222 and the success
rates for <50 and 50–100 µm are 63 and 67% respectively. Therefore, we assumed 65% (i.e.,
median success rates of <50 and 50–100 µm) of the particles had been correctly identified as
MPs when the lower size limit detected by the study was below 100 µm. For particles above
100 µm, it is assumed that one can correctly identify MP through the particle texture and
shapes.
Correction 2: Realignment of the size range. To allow for comparison of MP concentration
data from studies targeting different size ranges, we used the size realignment method of
Koelmans et al.4 supported by studies6,223 that have shown that fragmented plastic particles
in the environment generally conform to a power-law size distribution. To realign the MP
concentrations from different size ranges, particle size distributions (PSDs) for the different
media in the present study are required. We assumed the PSDs for food to be different from
that for air. The detailed approach for extracting this information is explained in the SI. We
fitted the PSDs for 29 datasets from our literature review with the power-law function (SI
Figure S4.1 and Table S4.4) according to Koelmans et al.4 (see SI).
Using the obtained power-law exponent, α, the MP concentrations found within any size
range can then be translated into the expected MP concentrations for the default size range
by using a correction factor (𝐶𝐶𝐶𝐶𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠 ), which scales the integral of eq S4.3 for the measured

(M) size range against the default (D) range:4
𝐶𝐶𝐶𝐶𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠 =

𝑥𝑥
0𝑀𝑀
𝑥𝑥
∫𝑥𝑥 1𝐷𝐷 𝐶𝐶𝑥𝑥 −𝛼𝛼
0𝐷𝐷

∫𝑥𝑥 1𝑀𝑀 𝐶𝐶𝑥𝑥 −𝛼𝛼

=

𝑥𝑥1𝑀𝑀 1−𝛼𝛼 −𝑥𝑥0𝑀𝑀 1−𝛼𝛼
𝑥𝑥1𝐷𝐷 1−𝛼𝛼 −𝑥𝑥0𝐷𝐷 1−𝛼𝛼

(4.3)
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For the food types, we adjusted the measured MP concentrations to a default MP size range
of 1–5000 µm.4 For air, the datasets were adjusted to a default range of 1–10 µm because it
has been demonstrated that only particles in this size range are filtered in the nose and may
be swallowed via the nasopharyngeal pathway.180,204 Based on the available PSDs from the
aforementioned 29 datasets, two power-law exponents were defined, one for food (αfood)
and one for air (αair). The extrapolation of the MP concentrations to the default size range
was carried out using eq 4.3 with α values selected from the probability density functions
(PDFs) defined for αfood or αair, via MC simulation in R.76 Convergence of the PDFs for the
realigned MP concentrations was obtained with 1000 iterations.
The parameter 𝑓𝑓𝑎𝑎,𝑛𝑛 can be calculated following the same principle as in eq 4.3, as a ratio of

the integral between the interval 1–10 µm to the integral between the interval 1–5000 µm:
𝑓𝑓𝑎𝑎,𝑛𝑛 =

10

∫1 𝐶𝐶𝑥𝑥

−𝛼𝛼𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓

5000
−𝛼𝛼
𝐶𝐶𝑥𝑥 𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓
∫1

=

10

1−𝛼𝛼𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓
1−𝛼𝛼𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓
−1

5000

1−𝛼𝛼𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓
1−𝛼𝛼𝑓𝑓𝑓𝑓𝑓𝑓𝑓𝑓
−1

(4.4)

Correction 3: Translation of gut to muscle MP concentration in fish. The MP concentrations
in the GI tract or stomach of fish, which were often reported in studies, were used to estimate
the MP concentrations in the edible muscle tissue of the fish. Most studies investigating MP
occurrence in fish were conducted to understand if plastic was ingested by the species. The
direct application of these MP concentrations is not useful for human dietary intake in our
exposure assessment as only a small fraction of the world population eats the fish stomach.
Therefore, to estimate the MP concentration in the muscle tissue, we calculated the ratio
between the plastic concentrations in the muscle and gut of the fish (CFmg) based on empirical
data for seven fish species.224,225 The derivation of CFmg and its distribution is detailed in the
SI (Table S4.5).
Distributions were fitted to the MP concentrations in different intake media and physiological
data with packages from R.226–229 Datasets with zero observations were omitted for the
distribution fitting; however, the probability of zero observations was accounted for by
assigning a fraction of the generated random values from the MC simulations to zero
observation. Table S4.6 provides an overview of the inputs used for the MP exposure model
and the most appropriate distribution functions selected based on goodness-of-fit analyses
(see SI for details and Data S2). Some distributions were represented as triangular
distributions when few data were available.
Plastic model simulations and validation. The MP amount per capita (𝐶𝐶𝑀𝑀𝑀𝑀 ) was calculated

numerically with the deSolve package75 in R. We modelled two age group scenarios: a child
scenario where exposure starts at 1 year and continues up to 18 years, and an adult scenario
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where exposure continues from 18 years and goes on to the age of 70 years (UN average
global life expectancy in 2019).
Number concentrations and mass concentrations are both relevant metrics for exposure and
toxicological assessments. The plastic model was first applied to number concentrations of
MP particles. Then, particle numbers were converted to mass concentrations based on size,
shape, and density distributions of the particles (see SI). These properties were defined from
the literature survey in the present study (Data S3 and S4). PDFs were fitted to the data for
each property, and the mass per particle was calculated for food and air, respectively (SI
Figure S4.2 and Table S4.7).
The amount of MP egested per stool mass was used as an endpoint to validate against
empirical data for the MP amount in stool.13

4.2.2. Chemical model
The chemical transfer from MP under realistic feeding conditions is assessed via a two-step
approach using two sub-models (Figure 4.1B). First, we used an established physiologicallybased pharmacokinetic (PBPK) model in MERLIN Expo V3.0 (Man model),230 which predicts
the distribution of chemicals in the human body. A full description of the chemical intake data
and literature used to obtain PBPK parameters are provided in the SI.
The second step consists of two separate approaches to predict the amount of hydrophobic
organic chemicals (HOCs) and lead leached from MPs in the gut. For HOCs, the chemical
exchange is quantified based on kinetic parameters and the concentration gradient between
MPs and gut, using a previously published biphasic kinetic model for organic chemicals
sorbed on MPs.136 The chemical exchange in the fast and slow sorbing compartments is
modeled as:
𝑑𝑑𝐶𝐶1
𝑑𝑑𝑑𝑑

𝑑𝑑𝐶𝐶2
𝑑𝑑𝑑𝑑

=

𝑘𝑘1

𝑓𝑓1 ∙(𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼∙𝑚𝑚𝑖𝑖 /𝑉𝑉𝑔𝑔𝑔𝑔𝑔𝑔 )

= 𝑘𝑘3 𝐶𝐶1 − 𝑘𝑘3 𝐶𝐶2

∙ 𝐶𝐶𝑤𝑤 − (𝑘𝑘2 + 𝑘𝑘3 ) ∙ 𝐶𝐶1 + 𝑘𝑘3 𝐶𝐶2

(4.5)
(4.6)

where 𝐶𝐶1 and 𝐶𝐶2 are chemical concentrations in the fast and slow reservoirs of the MP

(µg/kg); 𝑘𝑘1 is the fast sorption rate constant (d-1), 𝑘𝑘2 is the desorption rate constant (d-1), and
𝑘𝑘3 is the intrapolymer rate constant (d-1); and 𝑓𝑓1 is the fast reservoir fraction (dimensionless).

The rate constants for desorption into gut fluids were quantified in earlier research136 and

were rescaled to account for the diversity of particle sizes based on Fick’s law of diffusion

(see SI). Intake is the number of MP taken in per media category per capita (particles/capita),
𝑉𝑉𝑔𝑔𝑔𝑔𝑔𝑔 is the volume of the gut, which we assumed to be 0.6 L61 (note that this choice is arbitrary

because the total amount of chemical leached (µg) is used in subsequent calculations), 𝐶𝐶𝑤𝑤 is
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the chemical concentration in the water of the gut calculated based on the concentration in
the gut lipids (𝐶𝐶𝑔𝑔𝑔𝑔𝑔𝑔 ) simulated from the aforementioned PBPK model at a specific age

assuming the fraction of lipids in gut (𝑓𝑓𝑙𝑙𝑙𝑙𝑙𝑙.𝑔𝑔𝑔𝑔𝑔𝑔 ) is 0.05:231
𝐶𝐶𝑤𝑤 =

𝐶𝐶𝑔𝑔𝑔𝑔𝑔𝑔

𝑓𝑓𝑙𝑙𝑙𝑙𝑙𝑙.𝑔𝑔𝑔𝑔𝑔𝑔

/𝐾𝐾𝑜𝑜𝑜𝑜

(4.7)

with Log 𝐾𝐾𝑜𝑜𝑜𝑜 = 6.13 (BaP), 7.6 (DEHP), and 6.89 (PCB126).114,232,233 At the time of intake (t=0),

the chemical concentrations in the plastic compartments 𝐶𝐶1 and 𝐶𝐶2 are assumed to be in

equilibrium (𝐶𝐶1 = 𝐶𝐶2 ) and the concentration values are based on chemical concentrations in
MPs found in intake media, which is discussed in the next section.

As for lead, empirical data was used based on Godoy et al.137 (i.e., 23.2% leaching during the
intestinal absorption phase) to estimate the contribution of lead intake from MP to total
dietary lead exposure using the PBPK model.
Chemical model inputs. For the chemical model, four representative chemicals were
investigated: (1) BaP, (2) DEHP, (3) PCB126, and (4) lead. Literature survey on concentrations
of these chemicals in organisms from the pelagic or littoral zone and atmospheric particulate
matter chemical concentrations was performed (Data S5). These concentrations were used
as proxies for plastic found in seafood and air, respectively. Additionally, the literature was
reviewed for chemical concentrations on plastic from food packaging or manufacturing
processes, which were used as proxy for the beverages in the present study. Further
explanation for using these proxies is provided in the SI.
Simulation of chemical distributions in the human body. The distribution of chemicals in the
tissues and organs of the human body was simulated with the Man model in MERLIN-Expo
V3.0 from 0 to 70 years. Daily chemical intake of the four representative chemicals was based
on selected literature: BaP,234,235 DEHP,236–238 PCB126,144 and lead239 (Data S6). For PCB126
and lead, intake through inhalation was not considered as atmospheric concentrations are
negligible compared to intake through food.240,241
Chemical leaching from plastic in gut. We parameterized the chemical exchange of HOCs in
the present study for the case of low density polyethylene (LDPE) as it is a common polymer
type11 and has the best available information thus far.136 The amount of chemical leached
from LDPE in the gut was calculated using the MC approach and the aforementioned biphasic
reversible (de-) sorption model. First, we generated 10,000 particles (i) with different sizes
for MP in food and air, respectively, based on the aforementioned power-law exponents (i.e.,
αfood and αair). The mass per particle (mi) was calculated for each ith particle using the density
range of LDPE (Data S4) and shape distributions (see SI).
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The MP intake amount calculated with the plastic model for the different media was
redefined into four categories: (1) pelagic zone (fish and salt), (2) littoral zone (mollusc and
crustacean), (3) packaging or manufacturing (tap water, bottled water, beer and milk), and
(4) atmosphere. Finally, the chemical concentrations on MP for each category were also
simulated probabilistically (Table S4.8).
The chemical concentrations in the fast (𝐶𝐶1 ) and slow (𝐶𝐶2 ) reservoirs of the ith particle for

each media category were then solved numerically for a duration of 5 h per iteration (i.e., the
average transit time through the stomach and small intestine150). Boundary conditions at gut
transit time zero were the initial chemical concentrations in MP and the background chemical
concentration in the gut from food only, as obtained from the MERLIN-Expo Man model.
Calculations were performed in R using the deSolve package75 and iterated 10,000 times for
each individual particle size. The amount of chemicals (µg) released from MPs of each media
category after the gut transit time was then calculated based on the plastic intake mass of
that media (i.e., 𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼𝐼 × 𝑚𝑚𝑖𝑖 ). The entire model simulation was then repeated for selected

timepoints (n = 20) between 1 and 70 years of age having different chemical concentrations
in the gut, based on the Man model simulation. The 50th and 97.5th percentiles of the
distributions of total chemical leached from all MP intake media for these 20 timepoints were
then interpolated with a cubic spline function to estimate the chemical intake from MPs in
all years. Subsequently, we resimulated the chemical biodistribution using the Man model
with the added intake of chemical exposure via MPs and calculated the percentage change
of chemical concentrations in the adipose tissue (HOCs) and in blood (lead). A positive change
reflects an increased chemical concentration in the tissue due to chemical desorption from
ingested MPs, whereas a negative change reflects a reduced concentration due to absorption
of chemical from the GI tract by ingested MPs.25,32,45,136

Results and discussion
4.3.1. Distributions of MP occurrence in food and air
The power-law exponent for food (αfood) was defined as a truncated normal distribution with
a mean of 1.60 ± 0.51 (n=13) (Table S4.4), and for air (αair), it was defined as a triangular
distribution with minimum of 1.89, maximum of 2.24 and mode of 2.06 following two air
studies.242,243 Based on the fitted mean PSD for food, 75.3% of the full MP continuum (1–5000
µm) consists of small particles (1‒10 µm), in terms of number concentrations. For air, these
particles account for 91.4% and thus represent a significant proportion of the full MP size
range. However, only 22.7% of the datasets used in the present study were able to account
for these particles. Rescaling the MP concentrations to the full MP size continuum was thus
necessary to not underestimate the concentrations.4 Furthermore, in doing so, we accounted
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for the smallest particles that are more relevant for accumulation in the body and potential
toxicity.17,180 The estimated power-law exponent for food in the present study is in excellent
agreement with the exponents reported previously for PSDs of MPs in marine and freshwater
environments.6 Other studies have also reported power-law exponents between 1.2 and 2.93
for plastic fragmentation through impaction244 or natural processes in the ocean.223 The
variations in the exponents may be a result of other processes at play, such as size selective
emissions.
MP occurrence in eight food types and air were compiled as data were available in sufficient
detail and quality for these intake media at the point of our analysis. The concentrations in
food were rescaled to the full MP continuum and corrected for potential false positives
accordingly (Figure 4.2A, SI Figure S4.3). We found that among seafood, molluscs had the
highest MP concentration distribution with 50th and 95th percentiles of 8.07 particles/g TWW
and 428.4 particles/g TWW, respectively (SI Table S4.6). These percentiles are about four
times higher than the concentrations found for crustaceans and up to 40 times higher than
fish. Furthermore, fish had a higher non-occurrence than the other seafood types. This may
be partly attributed to the feeding ecology of the organisms and distribution of MPs in
different environmental compartments. Molluscs and crustaceans are mainly filter feeders
and feed on suspended materials, which may increase the likelihood of MP ingestion.245
Moreover, molluscs are usually located at the bottom of the water bodies within the
sediments, where there may be a high abundance of MPs deposited.246
Remarkably, the distributions of MP concentrations in the liquids analyzed in the present
study have a similar order of magnitude, with 50th percentiles ranging from 125 to 337
particles/L (SI Table S4.6). Nevertheless, bottled water has 2.5 times higher median
concentrations than the other packaged beverages (i.e., beer and milk). This suggests that
the MPs mainly come from the polymer packaging material,247 since beer and milk are
packaged in glass, aluminum cans,107,108 or tetrapak cartons.248
Salt has a wide distribution of MP concentrations based on 162 datasets from 65 locations,
ranging across more than three orders of magnitude. The 50th and 95th percentiles are
1.29×103 and 1.19×105 particles/kg respectively (Table S4.6). Zhang et al.15 recently reviewed
the MP abundances in table salt globally and found that the abundances varied widely, with
the highest concentration at 2.0 × 104 particles/kg. However, the authors acknowledged that
the reviewed datasets could not be compared with each other due to differences in analytical
methods used. Therefore, the present study has addressed this non-alignment of datasets
using a novel approach so that they represent the full MP continuum and can be better
compared.
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Figure 4.2. Violin plots of MP concentration in food (1–5000 µm) and air (1–10 µm).
Concentrations are presented as per gram of body wet weight (BWW) for fish and crustacean,
per gram of tissue wet weight (TWW) for mollusc, per litre for all liquids, per gram for salt,
per m3 for air. The box plot is showing the median (middle line), interquartile range (box
length). Note that data are only realistic within the 95 % confidence interval (horizontal line
on the whiskers of boxplot).
The concentration of inhalable MPs (1–10 µm) in air is 36.3 particles/m3 and 19,000
particles/m3 at the 50th and 95th percentiles, respectively. Standards for particulate matter
smaller than 10 µm (PM10) exist and according to the WHO, the annual mean of PM10 in
ambient outdoor air should be below 20 µg/m3.249 For comparison, we converted the MP
particle number concentrations to mass concentrations based on the mass per particle PDF
for air and found that the 95th percentile of the distribution is about 0.011 µg/m3. Based on
the WHO’s air quality database from 2018, the average global PM10 level is 72 µg/m3 and the
lowest level by region is in the high-income countries in Europe with a concentration of 22
µg/m3.250 Therefore, the MP concentration in the air has a negligible contribution to the PM10
levels, even at the 95th percentile.

4.3.2. Lifetime exposure to microplastic
Number of MP intake per capita. We estimated the global MP intake per capita per day from
each of the nine media probabilistically (Figure 4.3). The medians of the total MP number
intake rates found in this study are 553 (52.5–1.37×105) particles/capita/day for children, and
883 (86.4–1.68×105) particles/capita/day for adults, and the distributions were highly right
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skewed. Mean exposure amounts for the American population estimated by Cox et al.14 fall
in the lower 10th percentile of the ranges estimated in the present study. This is because the
aforementioned study did not rescale particle number concentrations to the full MP size
continuum. This is corroborated by our earlier finding that small particles (1–10 µm) make up
about 75 to 90% of the overall particle distribution and neglecting them results in a huge
underestimation. Furthermore, single point estimates of consumption rates for the American
population may not be representative of the global consumption rate distribution. In a later
review by Zhang et al.15, MP intake ranges in salt, drinking water, and inhalation were
estimated. The median and maximum values of the range reported for salt and air are close
to the upper 90th percentile range of MP intake in our study. However, the range reported
for drinking water was lower than the 50th percentile of our distribution range for tap water.
Although previous studies have estimated MP intakes within the 95% confidence interval of
our distribution, their single point estimates and ranges did not account for the full variability
of MP from different known intake media and the global consumption rates, which is done
here for the first time.

Figure 4.3. Violin plots of MP number intakes (particles/capita/day) and total MP number
intake from food and air for adult and child. The box plot is showing the median (middle line),
interquartile range (box length). Note that data are only realistic within the 95 % confidence
interval (horizontal line on the whiskers of boxplot).
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Mass of MP intake per capita. Several past studies and reviews have converted particle
number concentrations using conversion factors with a constant mass per particle
factor3,188,202,247 to evaluate the chemical risks of MP. Particle mass was calculated
simplistically assuming spherical particles with a specific density and diameter. However,
these estimations do not account for the full MP continuum, which comprises different
particle sizes, shapes, and densities.4,6 The single estimates used so far in simple risk
assessment calculations ranged from 0.007 to 4 µg/particle.3,188,202 These estimates are above
the 85th percentile of the mass distributions reported in the present study (SI Figures S4.2G
and S4.2H). Our estimates show that the mean values are 5.65×10-6 and 3.97×10-7 µg/particle
for food and air, respectively. This shows that previous studies have overestimated the MP
exposure and potential risks.
Among the nine media, the highest median contribution of MP intake rate in terms of mass
is from air, at 1.07×10-7 mg/capita/day. Despite the smaller size (1–10 µm), the intake rates
and MP abundance in air are much higher than other media (Figure 4.4). At the 95th
percentile, MP mass intake distribution from bottled water is the highest among all media,
with intake rates of 1.96×10-2 mg/capita/day. Some countries are still very reliant on bottled
water as their main source of drinking water since their piped water supplies may be
contaminated and unsafe for consumption. Therefore, this source is an important route for
MP exposure in these countries. The lowest median intake rate is from fish (3.7×10-10
mg/capita/day). As mentioned earlier, this can be explained by the highest non-occurrence
for fish and from the fact that the median number concentration of MP in fish muscle is only
0.18 particles/g BWW. This suggests that its relevance for MP intake is low relative to other
known media.
The total daily median MP mass intakes from the nine media for children and adults are
1.84×10-4 (1.28×10-7–7.5) and 5.83×10-4 (3.28×10-7–17) mg/capita/day, respectively. A recent
report by the World Wildlife Fund (WWF) claimed that humans consume up to 5 g of plastic
(one credit card) every week (~700 mg/capita/day) from a subset of our intake media (Figure
4.4).251 Their estimation is above the 99th percentile of our distribution and hence, does not
represent the intake of an average person. Other types of nano- and microparticles are also
widely present in our diet, such as titanium dioxide and silicates. It is estimated that the
dietary intake of these particles is about 40 mg/capita/day in the U.K.252 Comparing our
findings with the intake of other particles, MP mass intake rates are insignificant, as they
make up for only 0.001% of these particles. However, this comparison does not imply that
the toxicological profiles of these particles are similar.
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Figure 4.4. Violin plots of MP mass intakes (mg/capita/day), and the total MP mass intake
from food and air for adult and child. Black dashed lines and shaded grey region (14–714
mg/capita/day) indicates the range of mass intake estimation by WWF251 and blue dashed
line (40 mg/capita/day) indicates the mass intake of inorganic particles.252 The box plot is
showing the median (middle line), interquartile range (box length). Note that data are only
realistic within the 95 % confidence interval (horizontal line on the whiskers of boxplot).
Distribution of MP in the gut and tissue. MP accumulation in the gut, tissue and stool was
simulated over the average human lifetime (70 years) using the MP kinetic model under four
scenarios (Figure 4.5). Previous studies have revealed that microsized particles between 1
and 20 µm can be absorbed by the body through oral ingestion.17,180,183,196–199,253 Given this
range of values, we assumed that MPs smaller than 10 µm (i.e., midpoint of the range) are
absorbed and distributed in the body then returned to the GI tract via biliary excretion,
parameterized with a biliary excretion rate constant. Note that the cutoff at 10 µm to some
extent is arbitrary, as the model output obtained for a cutoff at 10 µm can be easily converted
to any other cutoff value using eq 4.4. For the biliary excretion rate constant, four scenarios
were used: no biliary excretion (ktis = 0 day-1), minimum (ktis = 0.067 day-1), median (ktis = 0.61
d-1), and maximum (ktis = 8.30 d-1) (SI Table S4.1). We observe that the MP steady-state
abundance in the GI tract (i.e., at the end of the simulation for each age group) is not sensitive
to this parameter (p>0.05; Kruskal-Wallis), whereas the accumulation of MP (1‒10 µm) in the
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tissue is significantly affected (p<0.05; Kruskal-Wallis) (Figures 4.5A and 4.5B). This difference
is due to the small contribution of accumulated particles in the tissues (𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 ∙ 𝑓𝑓𝑎𝑎,𝑛𝑛 and 𝑓𝑓𝑎𝑎𝑏𝑏𝑠𝑠 ∙

𝑓𝑓𝑑𝑑𝑑𝑑𝑑𝑑 ≈ 20% of total ingested MPs), which are excreted via the biliary pathway, to the number
of particles already in the gut. In the worst case scenario where accumulated particles remain
in the body throughout the lifetime (i.e., zero biliary excretion), the median concentration in
the tissue is 5.01×104 (5.25×103 – 9.33×106) particles/capita or 0.041 (8.15×10-4 – 9.85)
µg/capita at the end of 70 years (SI Table S4.9 and S4.10). The parameterization of this
pathway is thus necessary to determine the extent of the MP exposure in the tissues and
could be relevant for future effect studies. Note that biodistribution of the MPs among
different organs of the body was not explicitly modeled, so this concentration relates to the
whole body. In reality, the particles will accumulate in certain tissues and organs, potentially
reaching much higher concentrations, locally.253–255

Figure 4.5. Distribution of MP amounts in the gut and tissue compartment at the end of the
simulation for (A) child (1-18 years) and (B) adult (1-70 years). Scenarios: no biliary excretion
(ktis = 0 d-1); minimum (ktis = 0.067 d-1), median (ktis = 0.61 d-1); maximum (ktis = 8.30 d-1).
Distribution of the amount egested in stools at the end of the simulation for (C) child and (D)
adult. Blue violin plots represent the full MP continuum and yellow violin plots are scaled to
the size range 50-500 µm to compare with MP concentrations in stool from Schwabl et al.13
(black dashed line). Note that data are only realistic within the 95% confidence interval
(horizontal line on the whiskers of boxplot).

99

Chapter 4. Lifetime accumulation of MPs in children and adults

The MP abundances in the gut and tissue compartments were two to six times higher in
adults than in children. Steady-state abundance was reached after ~40 days for each age
group since the minimum biliary excretion rate (which is the rate-limiting process) is

equivalent to a maximum half-life of 10 days. Therefore, even if a person lives beyond 70

years (i.e., past the model simulation time period), the abundance will not increase in both
compartments, unless particles trapped in the body do not get eliminated as in the case for
no biliary excretion. The median steady-state MP abundances in the gut are about 300 and
500 particles/capita for children and adults, respectively, which translate to mass
abundances ranging from 7.98×10-4 to 1.59×10-3 µg/capita (SI Tables S4.9 and S4.10). We
then estimated the MP abundance in stool based on gut steady-state abundances (Figures
4.5C,D). This endpoint was chosen as it is comparable to the only MP occurrence study in
humans to date.13 The median MP level (50–500 µm) found in stools of adults aged between
33 and 65 years in the aforementioned study is 2 particles/g stool.13 This lies within the 80th
percentile of our distribution for particles within the same size range. Comparing the median
levels, our model estimates about 7% of the MP abundance found in the stool samples. This
suggests that MP intake exposure may be higher than the intake amounts we estimate here
based on known media. This is reasonable since the food types considered in the present
study compose of 20% of the global average diet.256

4.3.3. Weight of evidence for the role of MP as chemical vectors
The chemical contribution from MP to total chemical intake was evaluated by
probabilistically accounting for the full variability of ingested MP and chemical
concentrations on the MP particles. Chemical leaching from MP was modeled assuming
biphasic reversibility, where the direction of transfer is determined by the concentration
gradients between MP and gut tissue, with kinetics determined by particle and chemical
properties. In contrast, previous reports by the European Food Safety Authority (EFSA)202 and
WHO3 were based on conservative calculations with highest chemical concentration detected
in beached pellets and single MP intake measurements based on molluscs.103 The estimation
was based on an average particle diameter and density and thus, not accounting for possibly
slower kinetics from much larger particles.
With our integrated and more realistic chemical modeling approach, we demonstrate that at
the 50th percentile of the chemical concentrations leached, the change in the tissue
concentrations for the four chemicals is negligible (Figure 4.6 and SI Figure S4.5). This also
confirms our model assumption that chemical leaching from MP would not substantially
affect the background chemical concentration in the gut originating from food. In the more
extreme cases (i.e., at the 97.5th percentile of concentration leached from MPs), BaP showed
the highest percentage change in the adipose tissue concentrations with a maximum of
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17.4% increase (Figure 4.6A). PCB126 recorded the highest contribution from MP exposure
to dietary intake (~0.12% at the 97.5th percentile) among the analyzed chemicals (Data S6).
However, it only resulted in a small change of 2% in the adipose tissues with additional
exposure via MP. These results illustrate that the proportion of chemical exposure from MP
intake to total dietary intake, which has usually been used to evaluate the role of the vector
effect,3,188,202 is insufficient to inform us about the eventual chemical change in the body, due
to the differences in biodistribution processes for different chemicals.
The percentage change of tissue concentrations appears to be erratic over the lifetime
(Figure 4.6). Due to the processes simulated in the Man model, the chemicals in the body do
not steadily increase over time (Figure 4.6). When there are higher concentrations in the
adipose tissue, the gradient for transfer from the ingested MPs to the tissue is reduced and
vice versa. Therefore, maxima in the adipose concentrations caused by dietary intake (lower
panel A, yellow band), coincide with minima of the leaching rate of chemical from MPs (see
the inset in Figure 4.6A). Interestingly, when the chemical leaching rate from MPs is at a
minimum turning point, the additional chemical exposure via MPs results in a decrease in
tissue concentrations (i.e., negative percentage change) compared to the zero plastic
scenario (upper panel A, yellow band). Conversely, the additional chemical exposure from
MPs results in an increase in tissue concentrations when the initial adipose concentrations
are at a minimum (Figure 4.6B).
We simulated the percentage change of lead in blood assuming a constant percentage
leaching from MPs over the lifetime, as the aforementioned biphasic kinetic model is not
applicable for metals due to differences in chemical behaviour.137 In addition, unlike the other
compounds, lead is usually measured in the blood for human exposure. The percentage
contribution of lead from MP exposure to dietary intake is three to five orders of magnitude
lower than the aforementioned organic compounds, at the 97.5th percentile. This resulted in
a decreasing percentage change in the blood over time due to the increased proportion of
the chemical body burden originating from dietary and inhalation intake (Figure S4.5). Before
the age of 10 years, the percentage increase is greater than 5% and can reach up to almost
20%. Lead is used widely in plastic as a stabilizer and also as a component of paint.257 It has
also been detected in plastic pellets and fragments in the marine environment.258–261 Because
the contribution of MP in lead intake is not negligible, more studies are warranted to
understand the transfer kinetics of lead in plastic under realistic gut conditions.
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Figure 4.6. Percentage change of chemicals in adipose tissues as a result of additional chemical exposure via MPs (top panel) and the initial
adipose tissue concentrations from dietary intake of compounds (bottom panel). (A) BaP; (B) DEHP; (C) PCB126. The yellow highlighted parts
show how the percentage change varies depending on the change in adipose tissue concentrations. Inset in panel A, shows the rate of change
of chemical leaching from MPs for ages between 43 and 52 years, to demonstrate that the maxima adipose tissue concentrations coincide
with the minima of the leaching rate of chemicals from MPs.
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Outlook and general implications
An MP human exposure assessment toolkit (HEASI) is presented, which applies innovative
concepts and tools accounting for the uncertainty and variability of MPs. Previous human
exposure assessments14,15 have neglected the complexity of MP mixtures and did not take
into account the discrepancies in the size ranges and methodologies of the studies used in
the assessments. The HEASI toolkit also includes novel methods of translating MP number
concentrations to mass concentrations using probabilistic calculations for the full MP
continuum. We performed the assessment based on nine intake media that were available
during the predefined period of our literature review. We found that the total MP intake
rates from these nine media are negligible when compared to inorganic particles in terms of
mass. Of the ingested MPs, the smaller-sized fraction (1–10 µm) may be absorbed in the
intestinal region and become trapped in the human body throughout the lifetime. In the case
when there is limited biliary excretion, the trapped particles would reach higher mass
concentrations in the whole body tissue than in the gut despite the small particle sizes. Our
methodology also allows us to estimate the MP abundance in stools, an endpoint that can be
used for future calibration of the model.
Previous risk assessments that evaluate the role of MPs as chemical vectors in humans have
so far assumed worst case scenarios in their calculations, with 100% instantaneous leaching
of chemicals.3,188,202 In the present study, we performed a probabilistic assessment to
evaluate the actual chemical exposure via MPs in relation to dietary and inhalation intake of
compounds using the simulated MP intake rates and also accounting for the full variability of
the MP continuum. Our methodology also includes quantifying the actual percentage change
in the body tissue concentrations with the added chemicals from MP intake. We conclude
that the contribution of the MPs to chemical intake is small to negligible for the four
representative chemicals investigated in this study and yet still not substantial for BaP
(~17%) and lead (~20%) at the 97.5th percentile of the amount of chemicals leached.
As the biodistribution of MPs is still unknown to date, simulated concentrations of 1‒10 µm
MP in tissue relate to the whole body. However, if these MPs do get trapped, they may
accumulate in specific tissues. In the research field of engineered nanoparticles, studies have
identified the liver and spleen as main target organs for silver nanoparticles.262,263 Assuming
that MPs behave similarly and accumulate mainly in the liver, we estimate that local
concentration could reach up to ~0.025 µg/L at the end of a human lifetime if there is no

biliary excretion. Since there is no data on MP occurrence in human tissue specimens to date,
our model can provide the best estimate of local tissue concentrations, which can be useful
for future human effect studies.
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At present, due to the paucity of data in other foods, our estimates of the MP intake rates
account for approximately 20% by mass of the total food consumed daily on average (i.e.,
across different food cluster diets).256 As publications in the field of MPs increase
exponentially, a few new studies reported MP occurrence in fruits and vegetables,264 and
packaged meat265 after our analysis date. However, these are only single datasets for each
food category and thus do not fulfil our criteria for the present assessment. Between these
food categories, the estimated daily intakes of particles from fruits and vegetables were
higher, averaging at 1.50×107 particles/capita/day (in adults with average body weight of 70
kg) with median sizes of about 2 µm.264 Based on our particle mass distribution in food, the
mass of these small-sized particles would be less than 1×10-7 µg/particle. It is plausible that if
these food categories are considered, our model would predict much higher MP mass
concentrations accumulated in the body than our earlier predictions. However, even if this
would increase up to 7 orders of magnitude, this is still only 0.004% of the mass of inorganic
particles ingested per day.252
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Supporting Information for Chapter 4
Materials and methods
In this section, we provide further information on the plastic model (SM4.1) and the chemical
model (SM4.2). Section SM4.1 comprises seven subsections: auxiliary model equations
(SM4.1.1), data collection on MP concentrations in media relevant to human intake
(SM4.1.2), data collection for physiological characteristics (SM4.1.3), realignment of size
ranges of plastic concentrations (SM4.1.4), translation of gut to muscle MP concentration in
fish (SM4.1.5), goodness-of-fit tests for selection of PDFs (SM4.1.6), conversion of MP particle
number to mass concentrations (SM4.1.7). Section SM4.2 comprises three subsections:
physiologically based pharmacokinetic (PBPK) modelling with MERLIN Expo 3.0 (SM4.2.1),
detailed description of the chemical leaching model (SM4.2.2) and chemical concentrations
in plastic (SM4.2.3)

SM4.1. Plastic Model
SM4.1.1. Auxiliary model equations
The steady-state solution to eq (4.1) from the main text, results in the steady-state MP
amount per capita:
𝐶𝐶𝑀𝑀𝑀𝑀,𝑆𝑆𝑆𝑆 =

(1−𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 ∙𝑓𝑓𝑎𝑎,𝑛𝑛 ) ∑8
𝑖𝑖=1(𝐼𝐼𝐼𝐼𝑖𝑖 ∙𝐶𝐶𝑖𝑖 )+(1−𝑓𝑓𝑎𝑎𝑎𝑎𝑎𝑎 )∙�𝑓𝑓𝑑𝑑𝑑𝑑𝑑𝑑 ∙𝐼𝐼𝐼𝐼𝐼𝐼∙𝐶𝐶𝑎𝑎 �+𝑘𝑘𝑡𝑡𝑡𝑡𝑡𝑡∙ 𝐶𝐶𝑡𝑡𝑡𝑡𝑡𝑡
𝑘𝑘𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙

(S4.1)

The MP amount egested per gram of stool per capita can be calculated based on the gut
steady-state concentrations:
𝐶𝐶𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠 =

𝑘𝑘𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙 ∙𝐶𝐶𝑀𝑀𝑀𝑀,𝑆𝑆𝑆𝑆
𝑀𝑀𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠

(S4.2)

SM4.1.2. Data collection on MP concentrations in media relevant to human intake
For all studies, information such as the type of analytical method used, size range of the
particles identified, the percentage of positive occurrence, particle size distribution, particle
shape and polymer type was collected.
If a food category is to be included in the assessment, there should at least be more than
three datasets available. Each study should at least have substantial evidence that the
particles are indeed MP. Secondly, consumption pattern data for the food type should be
available and its relative contribution to the overall human diet of the general world
population should be substantial enough (i.e., consumed in some regions). Some studies,
however, do not meet these criteria for data quality and availability. For example, there is a
lack of evidence for MP presence in honey as Mühlschlegel et al.109 managed to positively
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identify only one particle as PET despite their initial findings of 8 to 108 #/kg of honey through
visual identification. Other food types such as seaweed nori,266 dried fish,267 and chicken
gizzards268 have been investigated for MP presence. However, these food types are not major
components of the global human diet and their consumption pattern data are also not widely
available. Additionally, in the case of chicken gizzards, the data quality is poor due to lack of
spectroscopic identification.7 Furthermore, based on a simple estimation, the contribution of
the MPs from these food types is insignificant even on the local level. For example, the
highest possible daily intake of MP from seaweed nori, which had the highest MP
concentration among the food types above (max: 3000 #/kg DW), is estimated at 30
#/capita/day if it is calculated according to the average annual consumption per capita in
Japan (4 kg/capita/yr).269 This only represents ~3% and ~0.018% of the 50th and 95th
percentiles of the total MP intake from other known media (Figure 4.3).

Criteria for each media. Seafood species were selected based on the “use and trade”
information reported in the IUCN (https://www.iucnredlist.org) or “human uses” information
from Fishbase. The species has to be at least used for local or national human consumption,
or is commercially produced to ensure its relevance for the world population. To ensure that
the reported MP concentrations in the studies are at least statistically representative of the
sampled species, we set a minimum number of individuals per study sample (n=5). This
criterium applied to fish, molluscs, and crustaceans. One could argue that n=5 may not be
representative of the species especially if there was zero occurrence of plastic in the samples.
However, since we considered each food type as one category, the uncertainties from a single
dataset (one species) have already been accounted for by the uncertainty of the entire
dataset for that category.
As for drinking water, the data quality of the studies has recently been assessed in a review
by Koelmans et al.11 Most of the studies associated to drinking water were evaluated to be
above average with respect to the quality of sampling methodology and data reporting.
Therefore, the reviewed drinking water studies (i.e., tap and bottled water) were included in
our literature review. In addition, three more recent studies270–272 were included after
evaluating their sampling methodology and data reporting with the same criteria table from
Koelmans et al.11 The datasets from Kutralam-Muniasamy et al.248 for MP occurrence in eight
brands of milk were also evaluated against the same set of criteria as drinking water. Two
studies had investigated ‘potential’ plastic particles in beer from North America and
Europe.107,108 Both did not implement any spectroscopic methods to confirm the identity of
the particles found and may even include particles of glass material. However, since beer is
widely consumed, we considered the reported concentrations from these studies noting that
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this is a conservative estimate for MP concentrations in beer and the outcome is not very
sensitive to this assumption.
There was a limited number of studies for MP occurrence in salt and air. Therefore, we did
not set any criteria for the number of replicates per sample size so that we could include as
many datasets as possible. Increasing the number of datasets would improve the distribution
of the MP concentrations in these media and otherwise, the uncertainty would have been
accounted for in the probabilistic assessment. The selection of studies for MP intake from air
was targeted on suspended atmospheric MP. Fallout or deposition studies were not
considered as the size for these particulates is generally in the larger end of the range and
they have a lower likelihood to be inhaled.273
Conversion of MP concentration per individual to per body wet weight. Plastic
concentrations in fish and crustaceans were often reported on an individual basis. To allow
for comparison of data from different species, the reported individual concentrations were
converted to particle number per body wet weight (particles/g BWW). The weight of the
sample is used for conversion if available. For studies where the weight of the samples was
not reported and the length of the organisms was reported instead, the BWW was estimated
from the linear correlations between log-transformed length and weight published in
Fishbase274 for that particular species. If both weight and length of the samples were not
reported, the average length at first maturity (Lm) obtained from Fishbase was used to
estimate the BWW. This assumption is justifiable as most studies sampled adult fish and
would otherwise mention that they sampled juvenile fish. In the case of juveniles, a median
size of juveniles of the species from literature is used. Detailed calculations for these MP
concentration conversions are available upon request.
Determination of size ranges for each study. Microplastics have been widely defined as
polymer particles of less than 5 mm. However, many studies also considered mesoplastics
which are larger than 5 mm. While the upper size limits have been inconsistent for all the
literature reviewed, the lower size limits of the studies have also depended largely on the
analytical techniques used. To allow for comparison between studies, the size ranges for each
study needs to be defined. Most studies clearly defined the size ranges of the particles which
they aimed to identify or reported the size detection limits of their methodology or size range
of particles which they actually found. One of these categories of information, when
available, was used to set the size range for the study. However, some studies did not report
any of the above in which case we assumed that the size range complied with the generally
accepted definition of “microplastics” as particles less than 5 mm2,4,182 and the minimum size
limit is dependent on the methodology (i.e., sieves/filter used during sample processing,
microscope magnification, and sorting). For studies that carried out visual sorting under a
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stereomicroscope, we used their reported maximum magnification to compare against other
studies with similar magnification and reported a minimum size limit. If the magnification
was also not reported, we based the minimum limit as the scale bars length on the
microscope images. If the study did not have any of the above, the minimum limit was set as
300 µm which was recommended by Mintenig et al.275 as the minimum size feasible for
manual sorting with forceps and 100 µm if manual sorting was not carried out but the sample
was only observed and counted under a stereomicroscope, based on Lenz et al.222

SM4.1.3. Data collection for physiological characteristics
Food consumption data. To perform our MP human dietary exposure assessment, we used
the food consumption data from FOSCOLLAB which is based on household surveys collated
by the Food and Agriculture Organization (FAO) and World Health Organization (WHO). Some
of the surveys from this database only represented a small number of consumers. Therefore,
a criterium for sample size (n>5) was set for the dataset to be deemed as acceptable.
Separate statistics were available for different age groups for: all, infants and toddlers,
children and adolescents, adults and elderly. As the evaluation of the MP exposure
assessment in this study is over a lifetime, we classified the data into two age groups: children
(1-18 years) and adult (19-70 years).
Inhalation data. The probability density functions (PDFs) defined for each age class as
reported in Allan and Richardson221 were used. The data from the categories: toddlers,
children and teenagers were combined for the ‘child’ group, whereas the adult and senior
categories were combined for the ‘adult’ group. The infant category was not considered in
the child category as the food database in this study does not apply to infants. Subsequently,
we defined the possible minimum and maximum inhalation rates of each age group and these
values were either based on Stifelman220 or on the 2.5 and 97.5 percentiles of the
distributions defined by Allan and Richardson221 (Table S4.3). The resulting distributions were
then fitted either with normal or lognormal distributions as these are commonly used for air
inhalation rates in probabilistic human health risk assessments.276

SM4.1.4. Realignment of size ranges of plastic concentrations
From our literature review, we collected 29 datasets with particle size distributions (PSDs)
from 18 studies that met our minimum criterium of ≥ 5 size class bins for meaningful data
fitting. When the PSDs were presented in histograms or bar graph formats, the data was
extracted with WebPlotDigitizer (https://automeris.io/WebPlotDigitizer/). Size ranges >5
mm were also considered here to account for concentrations that included larger sized
particles.
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According to the law of fragmentation, we would expect a decreasing trend in particle
abundance with increase in particle size. However, not all of the datasets assumed this trend.
We speculate that this may be either due to poor recovery of smaller particles or analytical
bias during visual inspection. Therefore, to avoid underestimation of particle abundances in
the lower size range, we followed a similar approach as Kooi and Koelmans6 for determining
the size limits of the particle size distributions:
All observations with 0 abundance were excluded since it may be just an artefact of a small
sample size.
The minimum size limit corresponded to the maximum relative abundance, following the
same justification as Kooi and Koelmans.6
The maximum size limit for which the dataset is valid is determined by the size before which
0 abundances is observed.
The relative abundances for each size bin were then recalculated according to the newly
defined size limits for that study based on the above criteria. For datasets which had more
than 5 size class bins, the following power-law function was fitted to the PSDs (Figure S4.1):
𝑦𝑦 = 𝐶𝐶𝑥𝑥 −𝛼𝛼

for 𝑥𝑥 ∈ [𝑥𝑥0 , 𝑥𝑥1 ]

(S4.3)

where 𝑥𝑥 is the particle size (µm), 𝑦𝑦 is the relative abundance for each size, α is the power-law
exponent and 𝐶𝐶 is defined as a parameter depending on the limits of the distribution (min:

𝑥𝑥0 ; max: 𝑥𝑥1 ) and the power-law exponent:
𝐶𝐶 =

1−𝛼𝛼

𝑥𝑥11−𝛼𝛼 −𝑥𝑥01−𝛼𝛼

for 𝑥𝑥 ∈ [𝑥𝑥0 , 𝑥𝑥1 ].

(S4.4)

Studies which demonstrated negative regressions for log 𝑦𝑦 vs log 𝑥𝑥, weak regressions based
on the adjusted R2 (<0.6) and alpha values that were less than 1, were omitted. Secondary

MPs are speculated to form as a result of fragmentation of larger particles. To conform to
this theory, alpha values should be greater than 1 to explain that after fragmentation of a

particle, it forms more than 1 particle.223 The fitted parameters and regression statistics of 15
datasets from 12 studies are shown in Table S4.4.

SM4.1.5. Translation of gut to muscle MP concentrations in fish
It has been demonstrated that small MPs may likely be absorbed from the gut.202 This
absorption process may occur through several processes and may be unique for different
species. To date, MP concentrations in the muscle and gut compartments of fish per unit
body wet weight are available for seven fish species (Table S4.5).224,225
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The muscle to gut concentration ratio ranges from 0.27 to 3.53. While Abbasi et al.224 had
ratios greater than 1 for 3 out of 4 species (i.e., indicating that there is higher MP
concentrations in the muscle tissue than gut), the calculated ratios from Barboza et al.225
were less than 1. This suggests that for some species, MPs are not easily absorbed and do not
accumulate in the muscle tissue. Therefore, to account for these variations and physiological
differences of other fish species, we captured the variability by implementing a normal
distribution for the muscle (m) to gut (g) ratio (CFmg) with mean of 1.28 ± 1.13 and the
assumed MP concentrations in the muscle tissue are calculated as:
𝐶𝐶𝑃𝑃𝑃𝑃 �

#𝑀𝑀𝑀𝑀

𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔

𝑖𝑖𝑖𝑖 𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚𝑚 𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡𝑡� = 𝐶𝐶𝐶𝐶𝑚𝑚𝑚𝑚 ∙ 𝐶𝐶𝑃𝑃𝑃𝑃 (

SM4.1.6. Goodness-of-fit analysis

#𝑀𝑀𝑀𝑀

𝑔𝑔𝑔𝑔𝑔𝑔𝑔𝑔

𝑖𝑖𝑖𝑖 𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠𝑠ℎ/𝑔𝑔𝑔𝑔𝑔𝑔)

(S4.5)

To select the best probability density function (PDF) for the MP exposure from food and air,
and the ingestion rates, the Kolmogorov-Smirnov test (KS-test) and Akaike’s Information
Criterion (AIC) were used simultaneously. The KS-test is generally used to check if a sample
comes from a population with a specified distribution (null hypothesis). The null hypothesis
is rejected if the p-value is less than the significance level (p<0.05).
The AIC is another statistical test which provides an index to compare between different
fitted models. It considers the log-likelihood of the model fit (based on the standard
maximum likelihood method) and the number of model parameters, penalizing when the
model is overparameterized. The AIC score is calculated according to the formula:
𝐴𝐴𝐴𝐴𝐴𝐴 = −2 ∙ log 𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙ℎ𝑜𝑜𝑜𝑜𝑜𝑜 + 𝑘𝑘 ∙ 𝑛𝑛𝑝𝑝𝑝𝑝𝑝𝑝

(S4.6)

where 𝑛𝑛𝑝𝑝𝑝𝑝𝑝𝑝 represents the number of parameters in the fitted model and k=2 (scale
parameter of the model) for the usual AIC.

The KS-test was performed for the distribution functions when fitted to the observed values
and the D values and p-values are summarized in the data depository: Data S2. Several
density functions were fitted to each dataset and the AIC values are compared between
models to derive the optimal density function that fits the observations.
Selection of the best distribution function to describe the observations was based on a
standard procedure. Firstly, models which showed insignificant p-values (p>0.05), were
selected as this imply that the observations are similar to the specified distribution. The D
test statistic was then used to narrow down the selection of the best function to describe the
distribution. This was also done simultaneously with the evaluation of the AIC values to avoid
complex distribution functions.
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For the selection of the distribution function to describe MP concentrations in the media, the
p-values could not be considered as the data was produced after an MC simulation which
adjusted for the size realignment and was hence very large (n>50,000). It is well-discussed in
literature that very large samples would produce statistically significant lack of fit as the KStest is sensitive to detecting small deviations.277,278 However, this does not imply that the
specified distribution and the observations do not come from the same distribution.
Therefore, to evaluate which model describes the dataset, the model with the lowest value
of the D test statistic followed by the lowest AIC value, was selected. During the selection
process, simple models were preferred over complex ones such as the bimodal distributions.
Test statistics for MP concentration in air were omitted here as there were too little data to
verify goodness of fit of the specified distribution.

SM4.1.7. Conversion of MP particle numbers to mass concentrations
To convert the calculated particle numbers of MP to mass, we first collected data on extrinsic
properties of the particles such as size, shape and density. The approach for PSD was
discussed in the earlier section SM4.1.4, where we defined two power-law exponents αfood
and αair. As for shape, we identified 49 studies containing 104 datasets for food and 3 studies
for air that reported particle shape distributions. The collated dataset can be found in the
data depository (Data S3). Five shape categories are defined for this study: (1) fragment, (2)
filament/fibre, (3) spherules/pellets, (4) film/sheet, and (5) foam. When a study reports other
shape categories or paint chips, we omitted them and recalculated the proportions. The
overall average proportions of each shape category (𝑓𝑓𝑠𝑠ℎ𝑎𝑎𝑎𝑎𝑎𝑎,𝑎𝑎𝑎𝑎𝑎𝑎 ) for all datasets were then

determined by adding all the fractions from each dataset, i (𝑓𝑓𝑠𝑠ℎ𝑎𝑎𝑎𝑎𝑎𝑎,𝑖𝑖 ) and dividing by the
number of datasets for that category (n).
𝑓𝑓𝑠𝑠ℎ𝑎𝑎𝑎𝑎𝑎𝑎,𝑎𝑎𝑎𝑎𝑎𝑎 =

∑𝑛𝑛
𝑖𝑖=1 𝑓𝑓𝑠𝑠ℎ𝑎𝑎𝑎𝑎𝑎𝑎,𝑖𝑖
𝑛𝑛

(S4.7)

Distributions of the width:length (W:L) and height:length (H:L) were then determined
following the method by Kooi and Koelmans,6 where the lower and upper limits for width
and height of each shape category were defined and triangular distributions were assumed.
A Monte Carlo (MC) simulation of 1,000,000 iterations was performed to determine the
overall respective distributions for food and air, and bimodal distribution functions were
fitted using the ‘mixtools’ package229 in R (Figure S4.2).
To obtain the polymer density distribution of the MPs found in the food and air, we collated
30 studies (i.e., 27 studies for food and 3 studies for air) which reported polymer types
through spectroscopic identification (Data S4). We omitted polymer types that were not
reported by more than two studies and natural polymers such as rayon and cellulose. In total,
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there were 15 polymer types for food and 5 polymer types for air. The lower and upper limits
of the densities for these polymer types279–282 were defined with some assumptions:
For polyacrylate we included: poly(2-cyanoenthyl acrylate), poly(acrylic acid),

•

poly(butyl acrylate), poly(methyl acrylate). The -methacrylates were not included.280
•

We applied the density range of polyamide (PA) to Nylon 6.

•

Polystyrene

acrylonitrile

methyl

methacrylate

(Poly(styrene-co-methyl

methacrylate) was assumed to have the same density as styrene methyl
methacrylate, with a density ranging from 1.050 to 1.130.282
For PE:PP co-polymer, only 1 density was found,281 but since this polymer accounted

•

for less than 0.1% of the total, this was deemed as acceptable.
Density of PU obtained from Prospector.283

•

Similarly, the overall proportions of each polymer type were calculated for each media.
Triangular distributions were assumed for each polymer type and MC simulation of 1,000,000
iterations was performed to determine the overall density distributions for food and air
respectively, and fitted with 4-modal distributions with the ‘mixtools’ package in R.229 The
parameters of the fitted distribution functions for the shape characteristics and densities of
MP in food and air are shown in Table S4.7.
The PDFs of the above MP characteristics were then simulated 10,000 times. The volume per
MP particle was calculated assuming an ellipsoid shape (i.e., best ‘one shape fits all’
approximation for MP particles)4:
𝜋𝜋

𝑉𝑉𝑒𝑒𝑒𝑒 = ∙ (𝐿𝐿) ∙ (𝑊𝑊) ∙ (𝐻𝐻)
6

(S4.8)

where L was estimated from the PSD, and W and H were estimated from the W:L and H:L
ratio distributions respectively. The mass per MP particle was then calculated by multiplying
the volume with the density values generated from the MC simulation. The distributions of
the log-transformed mass per particle for food and air were fitted with mixture models using
the ‘mixtools’ package in R (Figure S4.2 and Table S4.7) and evaluated with KolmogorovSmirnov tests (p=0.82 for food and p=0.83 for air).
The MP mass distributions in the gut were then calculated after the numerical solution of eq
4.1 with a two-step approach. Since the mass per particle distributions differ for food and air,
we needed to distinguish how many particles came from each media. First, we simulated the
MP number concentrations from dietary intake only. The MP number concentrations (food)
were then converted to mass concentrations by multiplying with the mass per particle (food).
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The same procedure was performed for intake through air only. The mass concentrations
were then added up to provide the total MP mass. The MP mass distributions in the gut for
child and adult for each scenario of biliary excretion rates are shown in Table S4.10.

SM4.2. Chemical Model
SM4.2.1. PBPK model with MERLIN Expo 3.0
Chemical intake data. There are no chemical intake data for 3,3',4,4',5-pentachlorobiphenyl
(PCB126), lead, di(2-ethylhexyl)phthalate (DEHP) and benzo(a)pyrene (BaP) on a world
population level. Therefore, we had to use data for specific regions or countries, assuming
relevance on a global level. We acquired intake data from Llobet et al.144 for PCB126 which
represents the intake from foods in Catalonia Spain. The study reported that PCB126
contributed 50.56% to total toxic equivalent (TEQ) intake. We calculated the actual daily
intake of PCB126 by multiplying the estimated WHO-TEQ intake per day with the fraction
contributed by PCB126 and then divided by the WHO toxicity equivalent factor (TEF) for
PCB126 (TEF=0.1). We did not distinguish between genders in the present study. Therefore,
we also averaged over the genders for each age group.
Lead intake data of the Italian population was used in our PBPK simulation.239 Since the data
was reported as per kilogram body weight, we used polynomial least squares regression as
described by Buonanno et al.284 to estimate the average body weight of the Italian population
and subsequently calculated the daily intake per person (averaged over the genders).
For DEHP, we used the dietary intake in the German population236 and inhalation exposure
was estimated from indoor237 and outdoor238 air concentrations by assuming time spent
indoors:outdoors is 50:50. The body weights for children and adult of the German
population285,286 were obtained to convert the chemical intake per unit body weight to per
capita.
Finally, the dietary and inhalation exposure of BaP234,235 were based on data for the Korean
population. As for the average body weight, no literature was available for the Korean
population. Therefore, we had to estimate using the polynomial regression of body weight
vs age which was reported for Chinese individuals.287
PBPK parameters. The PBPK parameters used for lead and PCB126 were already pre-set in
MERLIN Expo.230 We used the PBPK parameters as reported by Chiang et al.288 for BaP and
Gentry et al.289 for DEHP. Except for DEHP, we simulated the ingestion of chemicals as a direct
input in the liver. This is because the absorption rate constants of DEHP in the stomach lumen
and gut lumen were defined.
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SM4.2.2. Description of chemical leaching model
Calculation of parameters for biphasic transfer kinetic model. Ad- and desorption to
microplastic can be adequately described using a two compartment model with separate
compartments and kinetic parameters for slow and fast desorption136 (eq. 4.5 and 4.6 in the
main text). Based on Mohamed Nor and Koelmans,136 the fast-desorption compartment of a
thin film of MP with a thickness (t) of 30 µm comprised 32% of the total sorption reservoir
(sum of slow and fast sorption compartments) across 14 PCBs (log KOW ranging from 5.24 to
7.42). For such a film, the minimum diffusion path length of the fast-sorbing fraction (df) can
be estimated as:
𝑑𝑑𝑓𝑓 = 0.32 × 30 = 9.6 𝜇𝜇𝜇𝜇

(S4.9)

Consequently, if the minimum dimension of the particle (dmin) is <9.6 µm, only fast sorption
kinetics occur for that particle. However, if the minimum dimension exceeds 9.6 µm, the
effective radius of the fast fraction (rf) was set at a constant value of 4.8 µm and the slowsorbing fraction is calculated as:
𝑟𝑟𝑠𝑠 =

𝑑𝑑𝑚𝑚𝑚𝑚𝑚𝑚
2

− 4.8

(S4.10)

The slow sorption kinetic rate constant, k3 for the particle was then rescaled based on this
effective radius of the slow-sorbing compartment (rs) according to Fick’s law of diffusion,
using the average k3 values from Mohamed Nor and Koelmans136:
𝑘𝑘3 =

𝑘𝑘3,𝑙𝑙𝑙𝑙𝑙𝑙 ×𝑟𝑟𝑠𝑠,𝑙𝑙𝑙𝑙𝑙𝑙 2
𝑟𝑟𝑠𝑠 2

(S4.11)

where k3,lit is 0.002 day-1 and rs,lit is 10.2 µm (t/2 –rf).
The fast sorption kinetic rate constant, k1 was based on the relationship with log KOW136:
𝑙𝑙𝑙𝑙𝑙𝑙𝑘𝑘1 = 0.86 × 𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑙𝑂𝑂𝑂𝑂 − 4.08

(S4.12)

The desorption kinetic rate constant, k2 was then estimated from the steady-state solution136:

𝑘𝑘2 =

𝑘𝑘1

(S4.13)

𝐾𝐾𝑃𝑃 𝑓𝑓1 [𝑃𝑃]

where Kp was estimated based on the relationship136:
log 𝐾𝐾𝑃𝑃 = 0.51 × log 𝐾𝐾𝑂𝑂𝑂𝑂 + 1.45

(S4.14)

and f1 can be estimated as:
𝑑𝑑𝑚𝑚𝑚𝑚𝑚𝑚

𝑟𝑟 /(
𝑓𝑓1 = � 𝑓𝑓
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2

), 𝑑𝑑𝑚𝑚𝑚𝑚𝑚𝑚 > 9.6 𝜇𝜇𝜇𝜇

1, 𝑑𝑑𝑚𝑚𝑚𝑚𝑚𝑚 ≤ 9.6 𝜇𝜇𝜇𝜇

(S4.15)

SM4.2.3. Chemical concentrations in plastic
Based on thermodynamic principles, chemical concentrations of the plastic ingested by
seafood were assumed to be equivalent to the concentrations in their lipids. To some extent,
this approach represents a worst case scenario because in reality, plastic has a somewhat
lower fugacity than biota lipids.26,45 Chemical concentration data in lipids of fish and
molluscs/crustaceans were thus used as proxy concentrations in plastic. We categorized the
seafood into two categories; organisms found in the pelagic zone (fish) and organisms found
in the littoral zone (mollusc and crustaceans). In addition, since salt mainly comes from the
sea, we assumed the concentrations for the pelagic zone also apply to MP in salt.
For the MPs found in air, we acquired concentration data on particulate matter (i.e., total
suspended particulates, PM2.5, PM10) to use as proxies for the chemical concentrations on
plastic. This is a fair representation as suspended MPs are part of particulate matter and
equilibration between the various components of airborne particulate matter can be
assumed.
Finally, as for the MPs in drinking water, beer and milk, we assumed that the chemical
concentrations in the MPs are equivalent to that in the plastic packaging. This is partly
because MP found in these media can be attributed to the packaging and also the
manufacturing process.107,248 While some chemicals are added as additives such as DEHP,
plastic packaging can also contain residues from substances used during the manufacturing
process (non-intentionally added substances). Therefore, it is not surprising that plastic
packaging may contain traces of PCBs, PAHs and heavy metals such as lead.187 An exception
is for higher molecular weight PAHs such as BaP, which has not yet been detected in polymer
packaging. Li et al.290 suggested that this may be due to the more complex reaction pathway
for such PAHs. Therefore, for BaP, we assumed that the concentration is negligible in the MPs
from packaging.
The collected data used for this part of the study and other additional notes on assumptions
are accessible in the data depository (Data S5). Fitted or assumed distribution functions for
the chemical concentrations are also shown in Table S4.8.
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Supplementary text
Comparison of particle characteristics between food and air
The mass per particle distribution in food is significantly different from that found in air
(p<0.01; Kruskal-Wallis). MP particles found in air had a narrower mass distribution varying
across 5 orders of magnitude while in food, the mass per particle ranged across more than
10 orders of magnitude. Our results also show that the shape distributions (defined by the
height:length and width:length ratios; Figures S4.2A-D) differ for food and air. In the
atmosphere, the particles mainly consisted of fibre, fragment and bead shapes which may be
a result of textiles or wear-and-tear and UV-degradation of plastic products,291 whereas for
food, there was more variation in the particle shapes, including sheet and foam. Unlike the
particles found in food which had 15 different polymer types, there were only 5 polymer
types found in atmospheric suspension which are commonly used for textiles (Figures S4.2E
and S4.2F). This verifies that the source of MP in the air is mainly textile-based.

Figure S4.1. Relative abundance of microplastics vs particle sizes. The fitted trend lines
𝑙𝑙𝑙𝑙𝑙𝑙(𝑦𝑦) = −𝛼𝛼 ∙ 𝑙𝑙𝑙𝑙𝑙𝑙(𝑥𝑥) + 𝐶𝐶 for each dataset are displayed.
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Figure S4.2. Distributions of particle characteristics from MC simulations (1,000,000
iterations). (A) and (B) Width to length ratios for food and air. (C) and (D) Height to length
ratios for food and air. (E) and (F) Density for particles in food and air. (G) and (H) Mass per
particle distributions for food (1-5000 µm) and air (1-10 µm).
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Figure S4.3. MP exposure number concentrations (logarithmic) in different media and fitted
distributions (solid lines). Blue barfills are based on size realigned data (1-5000 µm for food
and 1-10 µm for air). Grey barfills are based on the non-size realigned data with the density
curve (dotted lines).
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Figure S4.4. Ingestion rates of food and inhalation rates for adult (green) and child (orange).
Ingestion rates for bottled water are on the logarithmic scale. Ingestion rates for beer only
applies to adult (blue). The solid lines are the fitted distributions.
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Figure S4.4. (continued)
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Figure S4.5. Chemical bioaccumulation of lead in different organs from dietary intake and
inhalation in humans over 70 years with PBPK modelling in MERLIN Expo V3.0 (left).
Percentage change of lead in adipose tissues as a result of additional chemical exposure via
MP (right).
Table S4.1. Biliary excretion rates (ktis) for human. The rate constants for rat and mouse from
Ogawara et al.206 and Li et al.208 were rescaled for human with a correction factor of 2.5 which
is based on the ratio from the biliary excretion rates of rat:human from Bachler et al.207
Material

Size
(nm)

Route of
exposure

Organism

Polystyrene

50

Intravenous

Rat

Polystyrene

500

Intravenous

Rat

Silver NP

15-150

Dermal, oral,
inhalation

Human

133.5

Intravenous

Mouse

114.8

Intravenous

Mouse

97.4

Intravenous

Mouse

79

Intravenous

Mouse

67

Intravenous

Mouse

57.5

Intravenous

Mouse

Poly(lactic-coglycolic) acid
Poly(lactic-coglycolic) acid
Poly(lactic-coglycolic) acid
Poly(lactic-coglycolic) acid
Poly(lactic-coglycolic) acid
Poly(lactic-coglycolic) acid

No
excretion
Minimum
Median
Maximum

ktis (min-1)
8.301
8.001
5.098
0.0672
0.672
0.144
0.557
0.614
0.394

Reference
Ogawara et al.
206

Ogawara et al.
206

Bachler et al. 207
Li et al. 208
Li et al. 208
Li et al. 208
Li et al. 208
Li et al. 208
Li et al. 208

0

day-1

0.0672
0.614
8.30

day-1
day-1
day-1
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Table S4.2. Search terms/strings for each food type in FOSCOLLAB.
Food type
Fish

Search Strings
Fish (meat); Freshwater fish; Marine fish; Miscellaneous (misc.)
coastal marine fishes; Misc. demersal marine fishes; Misc.
freshwater fishes; Misc. pelagic marine fishes

Mollusc

Molluscs; Freshwater molluscs; Misc. marine molluscs

Crustacean

Crustaceans; Freshwater shrimps or prawns; Shrimps and prawns;
Shrimps; common, White shrimp; Freshwater crayfishes

Tap Water

Tap water; Filtered tap water

Bottled Water

Bottled drinking water; Bottled water; Carbonated bottled drinking
water; Flavoured bottled water; Fortified bottled water; Still bottled
drinking water

Salt

Salt; Salt, flavoured; Salt, iodised; Salt, iodised and fluoridated; Salt,
low Sodium; Sea salt

Beer

Beer; Beer and beer-like beverage; Ale beer; Lager beer; Beer,
strong; Beer, regular; Beer, light; Beer, alcohol-free; Pale ale beer;
Dark ale beer; Stout beer; Wheat beer; Beer-like beverages; Low
malt beers

Milk

Milk; cow milk; cow milk, natural high fat; cow milk, semi skimmed
(half fat); cow milk, skimmed (low fat); cow milk, whole

Table S4.3. Minimum and maximum inhalation rates defined for this study based on Allan
and Richardson221 and Stifelman.220
Age category
Toddlers (7 months–4 years)
Children (5 – 11 years)
Teenagers (12 – 19 years)
Adults (20 – 59 years)
Seniors (>60 years)
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Min inhalation rate
(m3/day)
4.9
8.8
9.5
9.7
8.6

Max inhalation rate
(m3/day)
16.1
23.3
27.9
26.7
24.1

Table S4.4. Coefficients of fitted linear regressions of log (relative abundance) against log
(size). C is the intercept and α is the slope of the regression. SE is the standard error of the
parameters and model.
Study
Food compartment

C

SE

α

SE

R2

Adj. R2

SE

Beer et al., 2018

3.47

0.91

1.33

0.28

0.89

0.85

0.2

Cho et al., 2019
(Manila clam
fragment)

3.85

0.74

1.89

0.29

0.93

0.91

0.13

Cho et al., 2019
(Mussel fragment)

5.36

0.69

2.56

0.27

0.97

0.96

0.12

Cho et al., 2019
(Scallop fragment)

5.25

1.53

2.34

0.57

0.81

0.76

0.23

Feng et al., 2019

3.86

0.69

1.61

0.21

0.88

0.87

0.25

Kim et al., 2018 (Lake
salt)

5.19

0.89

2.11

0.28

0.92

0.9

0.3

Kim et al., 2018 (Sea
salt)

2.72

0.68

1.22

0.22

0.86

0.84

0.23

Lusher et al., 2013

4.02

0.85

1.52

0.23

0.82

0.8

0.3

Muniasamy et al., 2020

2.48

0.97

1.09

0.31

0.8

0.74

0.27

Murphy et al., 2017

2.47

1.00

1.01

0.29

0.74

0.68

0.25

Tanaka and Takada,
2016

2.06

0.69

1.22

0.24

0.63

0.61

0.29

Teng et al., 2019

4.55

1.41

1.85

0.43

0.72

0.68

0.49

Wu et al., 2019 (K.
punctatus)

2.34

1.16

1.06

0.38

0.72

0.62

0.27

Li et al., 2020 (Air)

1.24

0.42

1.89

0.28

0.82

0.8

0.28

Vianello et al., 2019
(Air)

3.22

0.27

2.24

0.13

0.97

0.97

0.13

Air compartment
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Table S4.5. MP concentrations in muscle and gut per g BWW (body wet weight) and the ratio
between muscle and gut concentrations (CFmg). Data adapted from Abbasi et al.224 and
Barboza et al.225
Species

N

Total
weight of
N species
(g)

MP conc
in muscle
(#/g
BWW)

MP
conc in
gut (#/g
BWW)

Ratio
(muscle:gut)

Sillago sihama

17

972.4

0.055

0.015

3.533

Abbasi et al.,
2018

Platycephalus
indicus

12

441.6

0.109

0.057

1.921

Abbasi et al.,
2018

Saurida tumbil

4

144.4

0.083

0.069

1.200

Abbasi et al.,
2018

Cynoglossus
abbreviatus

11

833.8

0.031

0.037

0.838

Abbasi et al.,
2018

Dicentrarchus
labrax

50

17150

0.001

0.004

0.269

Barboza et
al., 2020

Trachurus
trachurus

50

11400

0.003

0.004

0.673

Barboza et
al., 2020

Scomber colias

50

17200

0.002

0.003

0.508

Barboza et
al., 2020

Average (±SD)
Minimum
Maximum
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1.28 (±1.13)
0.27
3.53

Reference

Table S4.6. Probability density functions for exposure parameters used to perform
probabilistic exposure assessment to MPs through dietary and inhalation intake
Parameter
Variable
Distribution
Units
Exposure media (logarithmic concentrations)
Fish
Cf
Bimodal§
#/g
BWW

Parameters

Percentile#

µ1 = -0.94
σ1 = 1.06
λ1 = 0.71
µ2 = 0.09
σ2 = 1.69
λ2 = 0.29

50th = -0.73
95th = 1.79

Mollusc

Cm

Skew-t^

#/g
TWW

xi = 0.12
ω = 1.19
α = 2.03

50th = 0.91
95th = 2.63

Crustacean

Ccr

Bimodal§

#/g
BWW

µ1 = -1.76
σ1 = 0.40
λ1 = 0.11
µ2 = 0.52
σ2 = 0.99
λ2 = 0.89

50th = 0.38
95th = 2.11

Tap water

Ctw

Bimodal§

#/L

µ1 = 1.44
σ1 = 0.99
λ1 = 0.68
µ2 = 2.66
σ2 = 0.13
λ2 = 0.32

50th = 2.10
95th = 3.02

Bottled water

Cbw

Bimodal§

#/L

50th = 2.53
95th = 3.97

Salt

Cs

Bimodal§

#/kg

µ1 = 1.83
σ1 = 0.78
λ1 = 0.59
µ2 = 3.34
σ2 = 0.53
λ2 = 0.41
µ1 = 2.84
σ1 = 0.85
λ1 = 0.80
µ2 = 4.62
σ2 = 0.68
λ2 = 0.20

50th = 3.11
95th = 5.08
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Table S4.6. (continued)
Parameter

Variable

Distribution

Units

Parameters

Percentile#

Beer

Cb

Bimodal§

#/L

µ1=1.19
σ1=0.42
λ1=0.23
µ2=2.41
σ2=0.73
λ2=0.77

50th = 2.12
95th = 3.55

Milk

Cmk

Skewnormal^

#/L

xi =1.23
ω = 1.22
α = 5.06

50th = 2.12
95th = 3.51

Air

Ca

Skewnormal^

#/m3

xi = -0.25
ω = 2.20
α = 67.8

50th = 1.56
95th = 4.28

Weibull*

g/capita/day

k = 1.02
λ = 5.89

50th = 4.33
95th = 16.41

meanlog =
0.61
sdlog = 1.15
µ = 0.945
σ = 0.632

50th = 2.08
95th = 9.94

Physiological data
Ingestion rate, Irfadult
fish, adult
Ingestion rate,
fish, child

Irfchild

Lognormal

g/capita/day

Ingestion rate,
mollusc, adult

Irmadult

Normal

g/capita/day

Ingestion rate,
mollusc, child

Irmchild

Log-log‡

g/capita/day

β = 2.014
α = 0.333

50th = 0.31
95th = 1.76

Ingestion rate,
crustacean,
adult
Ingestion rate,
crustacean,
child
Ingestion rate,
tapwater,
adult
Ingestion rate,
tapwater,
child
Ingestion rate,
botwater,
adult
(logarithmic)

Ircadult

Weibull*

g/capita/day

k = 1.02
λ = 1.52

50th = 1.16
95th = 4.13

Ircchild

Exponential†

g/capita/day

λ = 1.22

50th = 0.58
95th = 1.85

Irtwadult

Weibull*

g/capita/day

k = 1.54
λ = 598.8

Irtwchild

Skewnormal^

g/capita/day

Irbwadult

Normal

g/capita/day

xi = 0.104
ω = 321.5
α = 183.4
µ =1.51
σ = 0.864

50th = 502.1
95th =
1255.2
50th = 241.5
95th = 619.7

126

50th = 0.86
95th = 1.85

50th = 1.57
95th = 2.64

Table S4.6. (continued)
Parameter

Variable

Distribution

Units

Parameters

Percentile#

Ingestion rate,
botwater,
child
(logarithmic)
Ingestion rate,
salt, adult

Irbwchild

Normal

g/capita/day

µ = 1.39
σ = 0.626

50th = 1.41
95th = 2.28

Irsadult

Gamma#

g/capita/day

k = 0.429
θ = 0.217

50th = 0.57
95th = 7.25

Ingestion rate,
salt, child

Irschild

Weibull*

g/capita/day

k = 0.526
λ = 0.660

50th = 0.24
95th = 5.69

Ingestion rate,
beer

Irb

Lognormal

g/capita/day

50th = 16.6
95th = 161.7

Ingestion rate,
milk, adult

Irmkadult

Gamma#

g/capita/day

meanlog =
2.71
sdlog = 1.49
k = 0.605
θ = 0.014

Ingestion rate,
milk, child

Irmkchild

Weibull*

g/capita/day

k = 0.688
λ = 51.2

50th = 27.9
95th = 236.4

meanlog =
2.70
sdlog = 0.22
µ = 13.23
σ = 4.07

50th = 14.8
95th = 21.6

Inhalation
rate, adult

InRadult

Lognormal

m3/capita/day

Inhalation
rate, child

InRchild

Normal

m3/capita/day

Stool
frequency,
adult
Stool
frequency,
child
Stool mass,
adult

kloss, adult

Triangular

day-1

min = 0.4
max = 3

kloss, child

Triangular

day-1

min = 0.8
max = 3

Mstool,

Triangular

g/capita/day

min = 51
max = 796

Stool mass,
child

Mstool, child

Triangular

g/capita/day

min = 51
max = 699

adult

50th = 26.5
95th = 129.6

50th = 13.1
95th = 20.4

µ is the mean, σ is the standard deviation and λ is the probability of the bimodal distribution functions
xi is the location parameter, ω is the scale parameter, α is the shape parameter for skew-normal, skew-t and skewcauchy distribution.
*
k is the shape parameter and λ is the scale parameter for a Weibull distribution.
#
k is the shape parameter and θ is the rate parameter for a gamma distribution.
†
λ is the rate constant for an exponential distribution.
‡
β is the shape parameter and α is the scale parameter for a log-logistic distribution.
BWW: Body wet weight
TWW: Tissue wet weight
§
^
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Table S4.7. Parameters of fitted distributions for shape, density and mass of MP particles for
number to mass concentrations conversion.
Media

Property

Food

Height:Length

Fitted
distribution
Bimodal

Food

Width:Length

Bimodal

Air

Height:Length

Bimodal

Width:Length

Bimodal

Food

Density

4-modal

Air

Density

4-modal

Food

Mass

3-modal

Air

Mass

Bimodal
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Probability

µ

σ

0.749
0.251
0.728
0.272
0.528
0.472
0.533
0.467
0.031
0.234
0.237
0.498
0.024
0.124
0.151
0.700
0.45
0.43
0.12
0.75
0.25

0.255
0.632
0.271
0.690
0.256
0.577
0.272
0.626
1.687
1.105
1.268
0.898
1.726
1.140
0.915
1.209
-8.17
-9.77
-3.04
-9.26
-9.82

0.116
0.153
0.113
0.140
0.107
0.173
0.110
0.161
0.564
0.045
0.104
0.031
0.144
0.016
0.027
0.101
1.71
0.68
1.96
1.01
0.45

Table S4.8. Probability density functions for chemical concentrations on plastic of each media
category. Goodness-of-fit analysis was not carried out for these datasets due to low sample
size. Distributions with the best fit were evaluated visually.
Chemical
PCB126

Lead

DEHP

BaP

Media category
Pelagic
Littoral
Packaging

Distribution
Exponential†
Exponential†
Triangle

Units
ng/g lipid
ng/g lipid
µg/kg

Air

Log-logistic‡

pg/m3

Pelagic

Lognormal

mg/kg ww

Littoral

Lognormal

mg/kg ww

Packaging

Lognormal

mg/kg

Air

Lognormal

ng/m3

Pelagic

Lognormal

ng/g lipid

Littoral

Triangle

ng/g lipid

Packaging

Log-logistic‡

µg/kg

Air

Log-logistic‡

pg/m3

Pelagic

Lognormal

ng/g lipid

Littoral
Air

Exponential
Log-logistic‡

ng/g lipid†
pg/m3

Parameters
λ=0.225
λ=17.48
min=0
max=7.9
β=1.12
α=0.155
meanlog=-2.17
sdlog=2.12
meanlog=-1.78
sdlog=1.32
meanlog=4.00
sdlog=4.00
meanlog=4.22
sdlog=1.88
meanlog=8.83
sdlog=1.60
min=0
max=5284
β=0.59
α=89261.05
β=1.42
α=35594.55
meanlog=6.09
sdlog=3.55
λ=0.023
β=1.55
α=146.09

†λ is the rate constant for an exponential distribution.
‡β is the shape parameter and α is the scale parameter for a log-logistic distribution.
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Table S4.9. Percentiles of MP number concentration in gut, tissue and stools for each
scenario of biliary excretion. Scenarios: no biliary excretion (ktis = 0 d-1); minimum (ktis =
0.067 d-1), median (ktis = 0.61 d-1); maximum (ktis = 8.30 d-1).
Percentile
Zero
Minimum
Median
Maximum
(%)
Concentration in gut (log #/capita); p<0.05 between children & adults (KruskalWallis)
Child
1.27
1.27
1.29
1.29
2.50
1.42
1.43
1.44
1.44
5
2.00
2.00
2.02
2.02
25
2.48
2.48
2.50
2.50
50
3.16
3.16
3.21
3.21
75
4.77
4.78
4.93
4.93
95
97.5
5.45
5.46
5.55
5.55
Adult
1.53
1.54
1.56
1.56
2.50
1.70
1.70
1.71
1.71
5
2.28
2.28
2.29
2.29
25
2.74
2.74
2.74
2.74
50
3.38
3.38
3.41
3.41
75
4.93
4.93
5.05
5.05
95
97.5
5.55
5.55
5.69
5.69
Concentration in tissue (log #/capita); p<0.05 between children & adults
(Kruskal-Wallis)
Child
2.72
0.12
-0.83
-1.96
2.50
2.85
0.26
-0.68
-1.81
5
3.42
0.83
-0.11
-1.24
25
3.92
1.32
0.37
-0.76
50
4.64
2.04
1.14
0.00
75
6.28
3.68
2.86
1.73
95
97.5
6.92
4.33
3.49
2.36
Adult
3.56
0.33
-0.63
-1.76
2.50
3.72
0.48
-0.46
-1.59
5
4.25
1.05
0.09
-1.04
25
4.70
1.51
0.55
-0.58
50
5.37
2.17
1.25
0.12
75
95
6.97
3.75
2.92
1.79
97.5
7.61
4.41
3.57
2.44
Age category
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Table S4.9. (continued)
Age
Percentile
Zero
Minimum
Median
Maximum
category
(%)
Concentration in stool (#/g stool/capita); p<0.05 between children & adults
(Kruskal-Wallis)
Child
0.084
0.083
0.084
0.087
2.50
0.124
0.124
0.128
0.127
5
0.510
0.513
0.530
0.517
25
1.657
1.634
1.715
1.731
50
8.188
8.197
9.166
8.935
75
328.56
343.5
479.4
482.0
95
97.5
1578.3
1599.1
1935.6
2032.7
Adult
0.12
0.12
0.12
0.12
2.50
0.17
0.18
0.18
0.18
5
0.74
0.73
0.75
0.77
25
2.31
2.36
2.38
2.39
50
10.5
10.4
12.2
11.6
75
372.1
363.0
490.7
487.2
95
97.5
1617.3
1627.1
2140.2
2138.4
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Table S4.10. Percentiles of MP mass concentration in gut and tissue for each scenario of
biliary excretion. Scenarios: no biliary excretion (ktis = 0 d-1); minimum (ktis = 0.067 d-1), median
(ktis = 0.61 d-1); maximum (ktis = 8.30 d-1).
Age
category

Percentile
(%)

Zero

Minimum

Median

Maximum

Concentration in gut (mg MP/capita); p<0.05 between children & adults (KruskalWallis)
Child
3.14E-09
3.13E-09
3.13E-09
3.13E-09
2.50
6.38E-09
6.15E-09
6.44E-09
6.25E-09
5
7.05E-08
7.31E-08
7.24E-08
7.11E-08
25
8.05E-07
7.98E-07
8.77E-07
8.52E-07
50
2.69E-05
2.72E-05
2.58E-05
2.88E-05
75
3.12E-01
1.96E-01
1.86E-01
2.18E-01
95
97.5
4.67
2.68
3.26
2.97
Adult
5.32E-09
5.67E-09
5.38E-09
5.25E-09
2.50
9.76E-09
1.07E-08
1.11E-08
1.04E-08
5
1.28E-07
1.26E-07
1.33E-07
1.34E-07
25
1.42E-06
1.41E-06
1.55E-06
1.59E-06
50
5.01E-05
4.64E-05
5.97E-05
4.89E-05
75
5.79E-01
3.45E-01
4.62E-01
5.88E-01
95
97.5
7.29
5.17
8.21
7.21
Concentration in tissue (mg MP/capita); p<0.05 between children & adults (KruskalWallis)
Child
6.21E-08
1.72E-10
1.85E-11
1.33E-12
2.50
1.17E-07
3.07E-10
3.47E-11
2.65E-12
5
9.99E-07
2.82E-09
3.15E-10
2.24E-11
25
6.36E-06
1.73E-08
1.95E-09
1.43E-10
50
5.05E-05
1.38E-07
1.55E-08
1.17E-09
75
2.31E-03
5.55E-06
7.02E-07
5.41E-08
95
97.5
8.87E-03
2.15E-05
3.70E-06
2.48E-07
Adult
4.47E-07
2.61E-10
2.69E-11
2.24E-12
2.50
8.15E-07
4.66E-10
5.23E-11
4.16E-12
5
7.08E-06
4.26E-09
4.71E-10
3.70E-11
25
4.07E-05
2.53E-08
2.89E-09
2.22E-10
50
2.82E-04
1.95E-07
2.32E-08
1.76E-09
75
9.85E-03
6.22E-06
9.00E-07
6.89E-08
95
97.5
4.81E-02
2.61E-05
3.62E-06
2.85E-07

132

Chapter 5
Synthesis
Objectives and main findings of the thesis
The main objective of this thesis was to improve our knowledge on the level of microplastic
exposure to humans worldwide and the role of microplastic as a vector for chemical
bioaccumulation. This objective has been divided into six sub-objectives that are formulated
as:


Objective 1: To investigate the chemical dynamics of hydrophobic organic chemicals
(HOCs) with microplastics of different polymer matrix structure (glassy/rubbery)
under simulated gut fluid conditions. (Chapter 2)



Objective 2: To compare the sorption affinities of the HOCs with microplastics and
other gut components such as micelles and food lipids to fully understand the
chemical dynamics in the gut. (Chapter 3)



Objective 3: To investigate the influence of food digestion on the chemical transfer
kinetics in microplastics and thus overall chemical bioavailability to biota. (Chapter
3)



Objective 4: To collate published data on prevalence of microplastics in intake
media relevant for humans, and to analyse their distributions. (Chapter 4)



Objective 5: To quantify the lifetime exposure of humans to microplastics from
presently known sources of microplastics by age group (adult vs children). (Chapter
4)



Objective 6: To assess the extent of microplastics contribution to overall chemical
bioaccumulation in humans. (Chapter 4)

These objectives have been addressed in three scientific studies, presented in Chapters 2 to
4. First, the chemical dynamics of HOCs between microplastics and gut components was
found to be biphasic and reversible in an in vitro gut fluid experiment (Chapter 2). This was
demonstrated in three exposure scenarios, which were relevant for microplastic-associated
chemicals in biota. This finding led to the development and parameterization of a chemical
exchange model, which became the basis of this thesis as it was used in the following
chapters. Using the model, scenario studies could be performed to evaluate when
microplastics act as a “carrier” or “cleaner” for a biota when ingested.
Following the establishment of an experimental method (in vitro gut fluid setup) and
chemical exchange models to investigate the chemical dynamics of HOCs on microplastics in
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the gut, a second study was performed wherein another aspect of environmental realism was
added by mimicking a human gut with food digestion (Chapter 3). In this chapter, it was
demonstrated that microplastics can potentially trap HOCs from contaminated food as the
food is digested. Since the microplastics absorb HOCs from the gut environment, this reduces
the chemical bioavailability once they are egested. However, the role of this mechanism on
total chemical exposure may remain limited. Furthermore, digestion rate kinetics was ratelimiting and did not influence the chemical transfer kinetics in the microplastics.
A major part of this thesis investigated the lifetime human exposure to microplastics and its
associated chemicals. It included the first quantitative probabilistic exposure assessment and
also a chemical model toolset to evaluate the role of microplastics as vectors for chemical
bioaccumulation in humans. This thesis is the first to collate all microplastic studies relevant
to human intake and provide novel methods to account for the non-alignment of methods
and reporting units of microplastics studies. It also provided a distribution model that
describes pathways for ingested and inhaled microplastics as it passes through the human
gut. Based on 20% of the average human diet (presently known sources of microplastic),
microplastics mass intakes are low relative to other types of anthropogenic inorganic
particles. In the chemical model toolset, the previously established biphasic and reversible
chemical model for microplastics (Chapter 2) was implemented in conjunction with a
physiologically based pharmacokinetic model (PBPK) model to probabilistically evaluate the
extent of the chemical contribution from microplastics under realistic feeding conditions. This
thesis concluded that at presently known levels of microplastic intake, the contribution of
microplastics to total chemical intake in humans is small to negligible.
In this synthesis chapter, a reflection on the application of in vitro gut fluid studies to
investigate the microplastic vector effect (the chosen experimental method used for this
thesis) is presented. Then, the weight of evidence for the microplastic vector effect is
evaluated based on similar in vitro gut fluid studies. This includes some recommendations for
future studies to be relevant in natural conditions. In the following subsection, different
models that have been used to describe the chemical dynamics on microplastics in the gut,
are discussed. Finally, an outlook on further model development for microplastic exposure in
humans and applications in risk assessments is then discussed.

Reflections on in vitro gut fluid studies
In vitro gut fluid studies mimic gut conditions of organisms with surfactants which is the main
component responsible for chemical solubilization. These surfactants aggregate to form
micelles when it is above the critical micelle concentration,62 which solubilizes HOCs which
are sorbed in the intake media, for example food and microplastics. Some studies include
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other non-micellar components such as proteins and lipids in the setups. An example of an
in vitro gut fluid study is shown in Figure 5.1.

Figure 5.1. In vitro gut fluid setup using surfactants, proteins and the enzyme lipase from
Chapter 3.
In vitro gut fluid studies are regarded as a more accurate method to investigate the detailed
chemical exchange kinetics under different possible exposure scenarios when the
microplastic particles pass through the gut. The level of control and accuracy of in vitro gut
fluid studies are higher than whole organism studies since each individual has different
digestive environments and health state. Most in vitro gut fluid studies investigating the
microplastic vector effect measure the amount or percentage of chemicals solubilized in the
gut fluid. This only reflects the chemical released or bioavailable from the microplastics in the
scenario studied. Furthermore, it does not reflect the realistic natural conditions whereby
other gut components may also be contaminated.
However, this thesis unraveled a more accurate way to understand the chemical vector effect
of microplastics in the gut environment by measuring the chemical kinetic parameters in the
microplastics itself and pairing it with an appropriate chemical dynamics model. Such an
approach allows for the simulation of all possible scenarios and extrapolation to the actual
environment.
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Quality criteria and weight of evidence for chemical
vector effect
Chemical transfer kinetics between plastic particles and gut fluids have been investigated in
many in vitro studies, including those from this thesis (e.g., Teuten et al. (2007); Bakir,
Rowland and Thompson (2014); Beckingham and Ghosh (2017); Lee et al. (2019); Martin and
Turner (2019); Mohamed Nor and Koelmans (2019)). Besides the typical quality assurance
(QA) criteria that apply to any study that needs the analysis of chemical concentrations on
plastic, there are several criteria that need to be fulfilled in order to make a study relevant
with respect to risks caused by the microplastic vector effect.
Chemical desorption kinetics in artificial gut fluids have been assessed in order to show the
microplastic vector effect. Such studies should either use long term adsorption prior to
desorption in order to not overestimate the desorption rates, or the level of non-equilibrium
should be accounted for in the desorption kinetic parameter estimation.136 The sorption
process is a dynamic reversible process that needs to be accounted for in the experimental
setups and data analysis. Kinetic modelling to acquire the rate constants may need to take
mechanistic principles such as, intra-polymer diffusive mass transfer and/or bimodal
behavior into account.66,131,292,293 Kinetic parameters should be provided with significance
levels and/or error estimates, preferably using multiple time points in the desorption curve
and multiple replicates allowing for a rigorous estimation of parameter values.136
Furthermore, besides exchange fluxes between microplastic and gut fluid, the fluxes from
food should be assessed to assure that kinetic data is in the context of all relevant processes
that govern the uptake and elimination of the chemicals of interest. Models have been
developed that allow for such a context dependent evaluation using the kinetic parameters
obtained from in vitro desorption studies.25,26 Studies that account for all the aforementioned
aspects would be most relevant for assessing the relevance of the microplastic vector effect
in the context of chemical risks assessment.
Twenty in vitro studies reported on the chemical release kinetics from microplastic in the
context of the chemical vector effect (Table 5.1). In general, most in vitro studies only
reported the amount bioavailable or leached from plastic after exposure in the simulated gut
fluid. These bioaccessibility percentages that are generally reported, are not relevant in
nature as they also depend on external factors such as fugacities in other compartments,
which would be different in nature. Exchange fluxes with other components in the gut, like
food organic matter or micelles, are also usually neglected. Generally, analysis of experiment
results with models that describe the experimental data are lacking. This limits the
applicability of the findings as they cannot be extrapolated to the actual gut environment. All
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studies except two (Chapter 2 and 3) had used a clean gut system, which is unrealistic. This
may result in an overestimation of the amount leached from plastic. Only few studies relate
experimental observations with the chemical and sorbent characteristics. Most studies did
not provide error estimates or significance levels for their parameter estimations. Due to
these limitations, 17 out of 20 studies were evaluated as inconclusive. The first study which
provided conclusive evidence, demonstrated that the occurrence of a vector effect was
context-dependent (Chapter 2).136 We showed that the boundary conditions (i.e., where
either the microplastic or the food was initially contaminated, or both) determined whether
transfer occurred and in which direction. Later on, Liu et al., 2020169 also concluded that
microplastic-associated pharmaceuticals posed low risks as the daily chemical intake from
microplastics was significantly lower than the acceptable risk level. In Chapter 3, it was also
shown that microplastics may not enhance the bioaccumulation of microplastic-associated
chemicals in the human upper intestinal tract during food digestion. Microplastics instead
reduce bioavailability of chemicals as food breaks down and releases chemicals in the gut
fluid.

Sorption models to evaluate the chemical vector effect
Many models exist to describe sorption kinetics of chemicals to soils, sediments and other
natural organic matter. Some of these models have been applied to analyze the sorption
kinetics of microplastic-associated chemicals in the in vitro gut fluid studies reviewed in the
previous section (Section 5.3). Models range from simple first order-rate kinetics to more
complex diffusion models.66,293 As the saying goes, “Models are lies, but they make us tell the
truth”, some of these sorption models lack the complexities, which are present in reality but
may still be good enough to provide a useful approximation to reality. A model should be as
simple as possible and not overparameterized. Overparameterization of a model would yield
less meaningful and significant parameters. There are two common approaches in fitting
models to the chemical dynamic data from in vitro studies. The first approach is by fitting a
sorption kinetic model to the chemical concentration in the microplastic over time. The other
approach is to fit a model to describe the chemical concentration in the gut fluid over time.
Both would explain the mechanisms in the microplastic; the former approach being more
direct, while the latter approach is indirect. An overview of the sorption kinetic models which
have been applied so far in in vitro gut fluid studies to evaluate the chemical vector effect of
microplastics is provided here (Table 5.2).
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X

X

Bakir et al.,
201453

Turner and
Lau, 2016294

Demonstrated

X

Inconclusive

Teuten et al.,
200752

Study

Evaluated bioaccessibility of elements indicative of halogenated flame retardants in a
simulated digestion fluid of seabirds. Model analysis was limited and obtained rate constants
using a diffusion-controlled and parabolic model. Assessment with maximum concentration
gradient is not relevant in nature. Evaluation of the results in the context of the actual
environment was based on total percentage leached from plastic which may be less relevant
as the gut of the seabirds are already contaminated from other sources.

Investigated the desorption rates of chemicals from PVC and PE under simulated gut
conditions. Model analysis was limited as only first order rate kinetics was considered,
neglecting backward sorption and bimodal behaviour. Chemicals were sorbed for a short time
but non-equilibrium desorption kinetics were not considered. Assessment with maximum
concentration gradient is not relevant in nature. Other pathways in the gut were neglected.

Compared desorption rates of sorbed phenanthrene from plastic and sediment in seawater
and sodium taurocholate that simulated the gut fluid of Arenicola marina. Model analysis was
limited to pseudo first order rate analysis to determine initial desorption. Considered
theoretical calculations using equilibrium partitioning method with different compartments to
understand their respective relative contributions. This analysis overestimated the amount
bioaccessible to benthic organisms as the environment was more dynamic and it also
neglected other pathways.

Comments

Table 5.1. Overview of laboratory in vitro studies supporting the role of microplastic (MP) ingestion by organisms on bioaccumulation of
plastic associated chemicals. General approach, type of evidence, and environmental realism are summarized.
Chapter 5. Synthesis

Not supported
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X

X

X

X

X

Beckingham
and Ghosh,
201754

Massos and
Turner,
2017260

Turner,
2018133

Lee et al.,
2019131

Coffin et al.,
2019128

Evaluated leaching of plastic-additives from commonly ingested plastic items in gut mimic
models for fish and seabirds. Used virgin plastic items, maximizing the concentration gradient
between plastic and gut fluid, which is not relevant in nature. Single timepoint statistical
analysis of the concentration leaching out from plastic and its effects on estrogenicity only

Evaluated relevance of ingested microplastics to overall transfer of chemicals into fish using
simulated intestinal fluid and model analysis. Model analysis did not include error estimates
and did not reflect experimental results as it was not calibrated. Did not evaluate the results
in the context of the actual environment.

Evaluated bioaccessibility of hazardous elements in simulated digestion fluid of northern
fulmar. Model analysis was limited and did not consider accounting for individual exchange
fluxes as it uses the pseudo first order diffusion model. Did not consider the scenario in which
the elements have bioaccumulated in the fulmar. Maximum concentration gradients and
evaluation of bioaccessibility percentage based on maximum leached (equilibrium
concentrations) as in the experiment, are not relevant in nature.

Evaluated bioaccessibility of Cd, Pb and Br from beached microplastics in a physiologicallybased extraction test. Considered only percentage bioaccessible (over total available in the
plastic) that does not reflect what happens in nature as the results are only applicable for the
case when the organism do not have any accumulated elements. Compared bioaccessibility of
the elements from plastic against dietary concentrations and did not consider that the
bioaccessible percentages may change in the presence of food.

Compared gut fluid solubilization between polypropylene and other natural and
anthropogenic organic particles. Model limited and data was analyzed assuming equilibrium
was reached for all congeners in system after 4h. Maximum concentration gradient between
contaminated particles and gut fluid is not environmentally relevant.
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Heinrich and
Braunbeck,
2020130

X

X

Martin and
Turner,
2019132

Mohamed Nor
and Koelmans,
2019a,136

X

Guo et al.,
2019129

X

Studied the effect of PE MP addition to RTL-W1 cells dosed with 7-ethoxyresoruﬁn-Odeethylase (EROD) inducers by addition. The addition of MP reduced EROD activity. The
authors concluded that the presence of MP can reduce the amount of bioavailable pollutants
in situ (‘cleaning’ effect), but that it remains unclear to what extent this mechanism occurs
under natural conditions.

Evaluated chemicals exchange of PCBs in gut fluid mimic systems considering different
scenarios representing different fugacity levels between plastic and organism. Considered all
exchange fluxes in the system and bimodal behaviour in model analysis, showing error
estimates for parameters. Considered exchange fluxes with other components in the gut such
as food. Discussed bioavailability from ingested plastic to organisms under different scenarios.

Evaluated the mobilization of cadmium under simulated digestive conditions over 6h. Model
was limited and did not consider the other phases and exchange fluxes. Applicability of the
rate constants obtained by fitting a second order diffusion model to the experimental data
was not discussed. Evaluation of environmental implication is not relevant in nature as there
is no clean sediment in nature. Sediment used in experiment was collected from a protected
and unpolluted location which is not representative of other areas.

Investigated leaching of flame retardants from acrylonitrile-butadiene-styrene (ABS) in
simulated avian digestive systems and the effect of co-ingesting sediment. Did not consider
further evaluation of results with models or calculations with chemical characteristics (KOW).
Results indicated chemicals transferred from plastic to sediment. However, study did not
consider sorption capacities of the components in the system and its exchange fluxes.

reflects the vector effect under such experimental conditions and did not evaluate results in
the context of other relevant processes.

Chapter 5. Synthesis

143

Liu et al.,
2020b138

Liu et al.,
2020a169

Liao and Yang,
2020139

Godoy et al.,
2020137

X

X

X

X

Assessed bioaccessibilities of pyrene and 4-nonylphenol for 18 MPs of different polymer types
and degrees of aging with an in vitro human digestive model. A neural network and sensitivity
analysis was performed to determine the contribution of each MP property to the chemical
bioaccessibility. Analysed reversibility of the sorption process by calculating the hysteresis
index. Maximum concentrations gradients in the gut were considered which is not realistic in
nature.

Assessed the desorption mechanisms of atorvastatin and amlodipine from pristine and aged
polystyrene MPs under simulated gastric and intestinal conditions of marine organisms at two
temperatures to mimic cold- and warm-blooded organisms. Desorption kinetics fitted with
first-order two-compartment kinetic model, with error estimates. Estimated bioaccessibilities
in different gut compartments under different gut conditions. Compared daily chemical intake
from MPs with acceptable risk levels and concluded that MP-associated pharmaceuticals
posed low risks.

Estimated the oral bioaccessibilities of sorbed Cr on MPs in a whole human simulated digestive
system for five polymer types after each digestive phase. An extreme case scenario with
maximum concentration gradient was simulated with MPs which were pre-exposed to the
maximum contaminant level for total Cr in drinking water. Exchange fluxes from food and the
gut itself were not considered. Evaluation of results in the context of human health risk
assessment may not be relevant since it is based on total percentage released from MPs in an
empty and uncontaminated gut.

Investigated the percentage bioaccessibility and bioavailability of Cr and Pb from polyethylene
and polypropylene MPs in the presence of skimmed milk by using a dynamic in vitro simulator
of the human gastrointestinal tract. Results are only applicable for the scenario studied and
may not reflect reality whereby the gut has accumulated metals from other pathways.
Considered the presence of food but metal concentrations in the milk were not analysed.
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b

a

X

X

X

Study written as Chapter 2 in this thesis.
Study written as Chapter 3 in this thesis.

Mohamed Nor
et al., 2021b

Fan et al.,
2021296

Wu et al.,
2020295

Shan et al.,
2020135

X

Evaluated the effects of food digestion on chemical exchange kinetics of PCBs on microplastics
with an in vitro model of the human upper intestinal tract. Both food and MPs were
contaminated in the system, emulating an environmentally realistic scenario. A multicompartment model describing the food digestion kinetic and sorption process in MPs was
developed to analyse the transfer kinetics of chemicals.

Assessed the adsorption/desorption behaviours of tetracycline and ciprofloxacin by pristine
and aged polylactic acid and polyvinyl chloride in simulated intestinal fluid. Analysis of data
was limited to amount desorbed and percentage desorption rate, which are not relevant in
nature. Did not consider further evaluation of results with models and other chemical
pathways in the intestine.

Evaluated desorption kinetics of BPA from PVC MPs in simulated intestinal fluids. A first order
model with three stages of desorption was fitted to describe the desorption kinetics of BPA
from PVC MPs. Analysed reversibility of the sorption process by calculating the hysteresis
index. Bioaccessibilities were reported but do not reflect environmental realism since the
study assumed that the gut environment is clean and there are no other intake media for BPA.

Investigated the sorption and desorption behaviours of crude oil on PE MPs in simulated fish
intestinal tract. Determined the rate limiting steps and mechanisms of oil sorption on PE MPs
by fitting sorption kinetics data with three nonlinear sorption models and sorption isotherms
with three isotherm models. Did not consider other chemical uptake pathways and maximum
concentration gradients were not environmentally realistic.
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Table 5.2. Sorption kinetic models used in in vitro gut fluid studies.
Sorption kinetic models
Pseudo first-order ratea
Pseudo second-orderb

Mathematical equation
𝑞𝑞𝑡𝑡
𝑙𝑙𝑙𝑙 = −𝑘𝑘𝑘𝑘
𝑞𝑞𝑒𝑒
𝑡𝑡
1
𝑡𝑡
=
+
2
𝑞𝑞𝑡𝑡 𝑘𝑘2 𝑞𝑞𝑒𝑒
𝑞𝑞𝑒𝑒

References

52,53,135
135

135

First-order twocompartment irreversible
desorptiond

𝑞𝑞𝑡𝑡 = 𝐾𝐾𝑖𝑖𝑖𝑖 𝑡𝑡 1/2 + 𝐶𝐶

qt
= Ffast ∙e-kfast t + Fslow ∙e-kslow t
q0

First order twocompartment reversible
sorptione

𝑑𝑑𝐶𝐶1 ∗
𝑘𝑘1
=
𝐶𝐶 − 𝑘𝑘2 𝐶𝐶1 ∗ − 𝑘𝑘3 𝐶𝐶1 ∗ + 𝑘𝑘3 𝐶𝐶2 ∗
𝑑𝑑𝑑𝑑
𝑓𝑓1 [𝑃𝑃] 𝑊𝑊

136

Intraparticle diffusionc

169

𝑑𝑑𝐶𝐶2 ∗
= 𝑘𝑘3 𝐶𝐶1 ∗ − 𝑘𝑘3 𝐶𝐶2 ∗
𝑑𝑑𝑑𝑑

𝑞𝑞𝑡𝑡 is the amount of chemical sorbed at time t. 𝑞𝑞𝑒𝑒 is the amount of chemical sorbed at equilibrium. 𝑞𝑞𝑒𝑒 is the amount of chemical
sorbed at time 0h.
a 𝑘𝑘 is the first order rate constant.
b 𝑘𝑘 is the second order rate constant.
2
c 𝐾𝐾 is the internal diffusion rate constant. 𝐶𝐶 is a constant related to liquid film thickness and boundary layer.
𝑖𝑖𝑖𝑖
dF
fast and Fslow are the fractions of chemicals in the fast and slow desorption compartments. kfast and kslow are the rate constants in
the fast and slow desorption compartments.
e Refer to Chapter 2 for the explanation of the parameters.

The pseudo first-order kinetic model principally describes a second-order reaction that is
approximated to be first order due to the large excess of one of the components involved. In
the case for the occurrence of microplastics in the simulated gut fluid, the microplastic
sorbent is in large excess and therefore its sorption domains do not change as sorption
proceeds. All of the studies which have applied the pseudo first-order kinetic model to their
chemical dynamic data, simulated the scenario whereby contaminated microplastics reside
in a clean gut environment.52,53,135 Due to the maximum concentration gradient, the studies
assumed that the chemical transfer only occurred in one direction; from polymer to gut fluid.
In reality, sorption of most hydrophobic organic chemicals are reversible because it is mainly
driven by the transfer across the aqueous boundary layer and intrapolymer diffusion; both
processes are dynamic and reversible.29 Therefore, these studies have neglected the
reversibility of the sorption process and may be underestimating the transfer kinetic
parameters. Similarly, the pseudo second-order sorption can either describe the transfer of
the chemical molecule across the aqueous boundary layer or the intraparticle diffusion of the
molecule through the pores of the polymer.297 It also neglects the reversibility of the sorption
process of the chemical molecules in the polymer. On the other hand, the intraparticle
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diffusion model quantifies an additional parameter, which is the thickness/radius of the
film/sphere particle.
The last two models in Table 5.2 both describe that sorption occurs in two phases in the
sorbent: a fast and a slow compartment. Both studies that had applied the biphasic models
observed a rapid sorption process followed by a slow sorption process in the chemical
dynamics of the microplastics.136,169 In the first-order two compartment model used by Liu et
al., 2020,169 only a unidirectional transfer was described and hence, neglecting the
reversibility of the sorption process. On the other hand, the other first-order two
compartment model that this thesis has presented in Chapter 2,136 accounts for an apparent
biphasic sorption behavior in the experimental data and reversibility. Furthermore, it can be
implemented in the context of any system since the model is parameterized by also
considering the other components in the simulated gut fluid system if their kinetic
parameters or distribution coefficients are known. An example of how this can be performed
is demonstrated in Chapter 3, where the model was used in conjunction with a food digestion
kinetic model. The applicability of the biphasic reversible model was also demonstrated in
Chapter 4 to simulate the scenario of microplastic-associated chemicals as it passes through
the human gut which is also “contaminated” due to chemical bioaccumulation from other
pathways. Since the model contains both the sorption and desorption kinetic parameters,
the net transfer of chemicals in any scenario can be predicted given the concentrations in
each compartment of the gut. Therefore, as demonstrated by the results of the chemical
model in Chapter 4, the microplastic chemical vector effect can either be positive (increasing
chemical bioavailability) or negative (decreasing chemical bioavailability).
The selection of an appropriate model should be based on good fits with the experimental
data and not be too simple or complex so that they are much easier to apply in larger
modelling frameworks. Although simple models are preferred by many authors, it should be
noted that the models should still have good fits with their experimental data.53 This is to
ensure that they actually prove their accuracy and reliability for understanding the sorption
kinetics.

Conclusion and outlook on further model development
for risk assessment frameworks
This thesis has developed two biphasic reversible models for microplastic-associated
chemicals, which fitted well to the empirical observations for a range of PCBs in low density
polyethylene (LDPE) and polyvinyl chloride (PVC) from two in vitro gut fluid studies. Many
studies investigating sorption kinetics for microplastic-associated chemicals fitted their data
with models that do not describe the sorption behavior well. One example that was discussed
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in Chapter 2 is that from Bakir et al., 2014.53 An irreversible, desorption-only one
compartment first order rate kinetics model was fitted to the experimental data, which, on
the contrary, suggested a biphasic sorption behavior. Furthermore, the study had neglected
reversibility in the sorption of chemicals on microplastic. Reversibility of the sorption process
has been confirmed in two chapters from this thesis (Chapters 2 and 3). The sorption
parameter, k1, was statistically significant for most of the datasets. Therefore, including this
rate parameter did not result in overparameterization of the model and is actually crucial.
Additionally, the models have considered contaminated food as one of the compartments in
the in vitro gut fluid experiments; a pathway that has been largely neglected by other in vitro
gut fluid studies on microplastic-associated chemicals. To date, the percentage of chemical
bioavailable from microplastics predicted by many studies may not be relevant in nature as
these studies have only considered one chemical uptake pathway (via microplastics) and
maximum chemical gradient in the gut fluid (Table 5.2). This thesis has addressed this concern
by performing scenario studies and including other chemical intake pathways in all of its main
chapters (Chapters 2 to 4). Findings also show that the sorption kinetics may be dependent
on the facilitated transfer by other components in the gut such as organic matter (Chapter
2) and food lipids (Chapter 3) across the aqueous boundary layer surrounding the
microplastic. These components may reduce the thickness of the aqueous boundary layer
and hence increase the sorption rate kinetics.
Static in vitro gut fluid experimental setups were preferred and implemented in Chapters 2
and 3, where the focus had been mainly on the upper intestinal tract since micelles formed
in this section is the main compartment responsible for the solubilization of chemicals. Food
digestion kinetics had also been included in Chapter 3, which showed that microplastics can
take up more chemicals and reduce chemical bioavailability during food digestion. In Chapter
4, intestinal uptake of the chemicals into the human body was also accounted for via PBPK
modeling in MERLIN Expo V4.0.
Overall, evidence from this thesis indicates that the microplastic vector effect may have a
small to negligible contribution to total chemical intake in humans, based on presently known
microplastic intakes (Chapter 4). However, current microplastic occurrence data only
comprise 20% of an average human diet. Furthermore, to date, data on the mixture of
chemicals and actual concentrations in plastic or microplastics present in intake media are
unknown. The vector effect may be relevant when chemical concentrations occurring in the
microplastic are higher than other intake media (absorption from food or air) or when there
is more knowledge on the microplastic concentrations from the other as yet unknown 80%
of the diet. Nevertheless, the presented models in Chapter 4 still represent an adequate
toolset to address new scenarios and other chemicals.
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In the earlier microplastic exposure studies in humans, Cox et al., 201914 and Zhang et al.,
202015 have provided single exposure estimates compiled from different intake media based
on average values. These studies also did not consider data incomparability and the full
microplastic continuum. The above limitations result in less accurate representations of the
actual microplastic exposure to humans globally. Chapter 4 takes these factors into
consideration by providing a probabilistic microplastic exposure assessment for children and
adults, which accounts for the full microplastic continuum (1‒5000 µm) across different
intake media and the variabilities in intake rates globally.
This thesis had also probabilistically estimated the amount of microplastic accumulated in
the body and amount egested in Chapter 4 through a simple gut passage and absorption
model based on the best available information to date. However, there are still some
uncertainties in the plastic model parameters such as the size fraction of the particle that can
translocate across the intestinal membrane, and the percentage that is actually being
absorbed. These uncertainties are due to the lack of experimental data available for the
translocation of microplastic particles with different shapes and sizes across the intestinal
wall. Furthermore, in the aforementioned study, we had assumed the body as a homogenous
component. This is because the transport of microplastic particles in the body and the
distribution among organs are still unknown to this date. Therefore, further studies on the
translocation of microplastics across membranes and distribution among organs are
warranted. This can lead to improved parameterization of future models, which also need
to be validated with more experimental data such as from post-mortem studies.
The lifetime human exposure model for microplastics presented in Chapter 4 estimates
microplastic exposure, accumulation over a lifetime, and the chemical vector effect due to
microplastic intake. Such a model can be used in the future to further develop risk assessment
frameworks, which can provide advice to expert panels on whether microplastic exposures
surpass toxicity thresholds in humans (particle and chemical toxicity) and which microplastic
sources need to be addressed to reduce exposure levels. In this thesis, we had used the
biphasic reversible model (Chapter 2) in the chemical model as a separate component. In
reality, the chemical dynamics occur concurrently and future work should integrate the
biphasic reversible chemical exchange model for microplastics in a PBPK model to obtain a
more accurate estimate of the amount of chemicals accumulated from all intake pathways.
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Summary

Summary
Microplastics are small plastic particles (1‒5000 µm), which are omnipresent in the
environment and may likely be ingested by biota, especially humans. There has been an
increasing concern on how much microplastics humans are actually exposed to in the world
and if the levels can actually cause any effect in us. One of the potential effects of
microplastics that have been identified is its ability to transport chemicals into the organism
(commonly referred to as the vector effect) when the particles are ingested. Therefore, the
fundamental aim of this thesis was to unravel the lifetime exposure of microplastics in
humans around the world and the extent of the role of microplastics as a vector for chemical
bioaccumulation in humans and other biota. To accomplish these aims, a mechanistic
approach was needed that involved developing sophisticated experimental methods,
mechanistic models, and modeling tools. The primary focus of this thesis was the transport
of microplastics through the gastrointestinal tract and the extent of the chemical vector
effect during the gut retention time.
This thesis started with understanding the chemical dynamics of microplastics in a simulated
gut environment using an in vitro experimental approach. A series of experimental setups to
represent three different environmentally relevant scenarios was examined. First, an
organism ingests contaminated (i.e., associated with chemicals) microplastics. Second, an
organism ingests contaminated microplastics and contaminated food. Third, an organism
ingests clean microplastics and contaminated food. Chemical transfer was demonstrated to
be biphasic and fully reversible on the microplastics, with fast exchange within hours
followed by a slow transfer lasting for weeks to months. Therefore, a biphasic reversible
chemical exchange model was constructed and parameterized for organic chemicals on
microplastics with the in vitro experimental data. Low density polyethylene (LDPE) showed
faster sorption kinetics than polyvinyl chloride (PVC). Additionally, the apparent affinity of
chemicals with PVC decreases as chemical hydrophobicity increases, which is contrasting to
that found for LDPE. Model parameters from this first study was also later used in a later part
of this thesis to understand the chemical vector effect in humans. Overall, this study
demonstrated that whether microplastics increase or decrease the chemical body burden of
an organism is context dependent.
Although the first study in this thesis had provided a fundamental understanding on the
chemical dynamics of microplastic-associated organic chemicals in the gut fluid systems, the
food component in the experimental setup was an inert pool. In reality, food is constantly
digested in the gastrointestinal tract of the biota, which would affect the chemical dynamics.
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Therefore, a follow-up in vitro gut fluid study was designed to include the food digestion
kinetics and further develop the earlier biphasic reversible chemical exchange model. At the
same time, the chemical affinities for different gut components (olive oil lipids and micelles)
were investigated to evaluate the relative chemical distribution for each component. Our
findings showed that as the olive oil lipids were digested by the enzyme, lipase, foodassociated chemicals were released and taken up by microplastics. This process would
decrease the amount of chemicals available for uptake by the organism when the
microplastics are egested. Additionally, the lipid digestion kinetics was rate-limiting and had
a small influence in the overall chemicals dynamics on microplastics. Kinetic parameter
estimates from the new model in this study can be used to extrapolate chemical behaviour
in realistic human gut conditions to evaluate the human health implications of microplastics.
Finally, this thesis unravelled the lifetime exposure of microplastics to humans in the final
main chapter in which a probabilistic lifetime exposure model toolkit was constructed for
children and adults, accounting for intake via eight food types and inhalation (presently
known microplastic sources at the point of the thesis). This included the accumulation of
microplastics in the body via a gut distribution model which accounted for intestinal
absorption, biliary and intestinal excretion. This exposure assessment stands out from
previous ones as not only does it quantify the uncertainties surrounding microplastic
exposure in humans, it also accounts for the non-alignment of methods used in microplastic
research, the heterogeneity of microplastics and the distribution of global intake rates in the
world. Therefore, the exposure estimates were reported probabilistically and presented as
distributions, accounting for the aforementioned uncertainties and variabilities. The toolkit
also included a chemical model, which helps us to understand the potential risk of
microplastic due to microplastic-associated chemicals. The previously developed biphasic
and reversible chemical exchange model was integrated in the chemical model here. The
transfer of four representative chemicals, which are widely known environmental pollutants,
from ingested microplastics was simulated under realistic conditions whereby the gut was
also exposed to chemicals from dietary intake. Our findings suggest that the chemical
contribution from ingested microplastics from the known nine intake media is small.
However, our estimates in this study only account for approximately 20% by mass of the total
food consumed daily on average. There is still a lack thereof data in other food types such as
grains, vegetables, meats and processed food. It is plausible that when these food clusters
are included in the future as more studies report microplastic occurrence, the distribution of
actual microplastics exposure and intake in humans would widen. This may then result in
different implications for the chemical vector effect of microplastics in humans.
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Summary

This thesis was concluded with an evaluation of the weight of evidence for the microplastic
chemical vector effect from in vitro gut fluid studies. Recommendations for future in vitro gut
fluid studies that aim to elucidate the chemical vector effect are also included. An evaluation
of the current developments on models for exposure assessments of microplastic and its
associated chemicals was also discussed. In conclusion, the chemical exchange models and
probabilistic microplastic human exposure toolkit developed in this thesis can be used in
bigger model frameworks in the future such as for ecological and human risk assessments.
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