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Summary
Estuaries and tidal marshes are highly productive and biodiverse ecosystems that provide many important
ecosystem services (ESs). The Haringvliet estuary was closed off from the North Sea after the floods of 1953.
This turned it into a freshwater lagoon with detrimental effects for tidal marshes and biodiversity. Restoring
the estuarine characteristics of the Haringvliet estuary through (partial) reopening of the sluice gates during
flood tide could improve biodiversity and ESs. This thesis analyses the potential change in ES supply in the
Haringvliet estuary for five scenarios of sluice management and hydrological conditions: Base, Ajar, 80cm,
Storm surge and Climate. Reopening of the sluices is absent in Base, minor in Ajar and larger in 80cm. In Storm
surge sluices are fully opened. Sluices are also fully opened in Climate, but the hydrological conditions are
adjusted based on climate change predictions for 2050. The study’s aim is to assess the changes in biodiversity
and the supply of selected ESs in the Haringvliet for different sluice management and Climate scenarios.
The spatial distribution of ecotopes is modelled for the five scenarios. The spatial changes and changes in
ecosystem characteristics are analysed. Based on these changes and a literature review, biodiversity impacts
are analysed. For each ecotope, ES supply is estimated using values from the literature review. By combining
ecotope distribution data and the ES supply values for each ecotope, the total ES supply is calculated and
mapped for each scenario.
Large amounts of ESs are already supplied in the base scenario and nearly all ESs increase with larger sluice
opening. As sluice opening during flood tide increases, salt intrusion increases to 18% in Ajar, 33% in 80 cm,
44% in Storm surge and 57% in the Climate scenario. Intertidal ecotopes also increase from 27% in Base and
Ajar up to 35% in the Storm surge scenario. These changes in ecotope composition, especially larger areas of
(brackish) intertidal ecotopes cause most ESs to increase. Changes in ESs are generally positive but minor in
Ajar. The largest change in Ajar is a 7% increase in carbon sequestration. Larger increases occur in the 80 cm
scenario, where carbon sequestration increases most (35%), followed by phosphorus removal (15%). Increases
are largest in the Storm surge scenario, where yearly carbon sequestration grows by 44%. This compensates
the carbon emissions of over 3000 Dutch citizens. Nitrogen removal increases by 11% and this allows the
desirable nitrogen concentration to be reached most of the year. Phosphorus removal (26%), water quantity
regulation (15%), regulation of extreme events (9%) and sedimentation (8%) improve as well. In Climate, higher
average water levels reduce the surface of intertidal ecotopes compared to Storm surge. Consequently, carbon
sequestration (-5%) and PM10 capture (-12%) decrease compared to Storm surge. However, more permanent
intertidal ecotopes instead of marsh ecotopes slightly increase Nitrogen (4%) and Phosphorus removal (7%).
Biodiversity strongly benefits from increased sluice opening. Fish benefit from strongly improved access,
including several endangered and target migratory species. Valuable habitat is also created for estuarine and
marine species. This increases biodiversity. In addition to fish, benthic life, seals and many bird species benefit
from increased sluice opening. The results indicate that further restoration of estuarine conditions through
increased sluice opening should be considered if increased biodiversity and ESs are desired.
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1

Introduction

1.1

Background

Estuaries and tidal marshes are highly productive ecosystems providing many important provisioning,
regulating, habitat and cultural services, especially considering their small area (Barbier et al., 2011; Costanza
et al., 2014). Estimating the provision of these services is important for making well-informed management
decisions (De Groot et al., 2010).
Research on terrestrial ecosystem services (ESs) has received more attention than ESs of coastal and marine
ecosystems (Martinez et al., 2007). Despite its major importance, research on coastal ESs has been relatively
limited, focusing mostly on fisheries, coastal defence, water purification, recreation and tourism (Liquete et
al., 2013).
The high value of estuaries comes with high usage, but also high rates of degradation. Estuarine ecosystems
are still being degraded, leading to a loss of ESs and biodiversity (Costanza et al., 2014; Liquete et al., 2013). A
common cause of this degradation is the damming of the estuary, which is also the case for the Haringvliet.
The Haringvliet was a natural estuary system but was effectively transformed into a coastal lagoon with the
construction of the Haringvlietdam in 1970 as part of the ‘Delta Works’, in reaction to the disastrous floods of
1953 (Hees & van Peters, 1998b). The closure of the Haringvliet had severe consequences for the ecosystem,
with tidal differences dissipating, the disappearance of the salt gradient and blocking the migration of aquatic
species (Paalvast et al., 1998). Effects include total loss of the brackish ecotopes and a 95% reduction of
intertidal ecotopes, including biodiverse intertidal marshes.
The environmental degradation has led to the ‘Kierbesluit’, or ‘sluices ajar’ where the Haringvlietdam is opened
Ajar starting fall 2018. Its main aim is to improve fish migration for the Rhine. In addition, ‘Kierbesluit’ will
partially reverse the situation and restore some of the original estuarine characteristics (Paalvast et al., 1998;
Wijsman et al., 2018). Under ‘lerend implementeren’, roughly translated to adaptive management, there will
be trials with different configurations for the 17 sluices (Griffioen et al., 2017), allowing for seawater intrusion
into the Haringvliet, a minor increase in tides, and several other changes impacting the ecosystem. With this
change to the natural system, also ESs are expected to be strongly affected (Böhnke & De Groot, 2010).
The return of the Haringvliet estuary to a more natural state, with estuary ecotopes, migrating fish and birds is
the goal of the “Droomfonds” project, supported by major funding from de Nationale Postcode Loterij. This
research is part of larger research for WNF, aiming to assess the societal benefits of the “Droomfondsproject”
Haringvliet and how this can be increased by future development of nature and recreation of the area. The
societal aspects are researched by partners at the VU IVM and Blue economy (IVM, 2016).

Box 1: Functioning of the Haringvlietdam its sluices
he Haringvlietdam has 17 sluice gates, referred to as ‘sluices’ in this thesis. These sluices regulate the flow rate,
so freshwater can leave the Haringvliet during low tide and salt water does not enter the Haringvliet during
high tide (Hees & van Peters, 1998a). Furthermore, by reducing the flow rate at the Haringvlietdam, ca. 30% of
the water is diverted to the Nieuwe Waterweg. There is also a lock in the Haringvlietdam, called the Goereese
sluis (Rijkswaterstaat, 2019), which is not used to regulate the flow rate and thus not considered in this thesis.

1.2

Study area description

The study area (shown in Figure 1) comprises of the Haringvliet, Hollands Diep, Biesbosch and the Spui and
Dortsche Kil that connect the system to the Oude Maas. Figure 1 also shows the island Tiengemeten and the
6

tidal flats Slijkplaat and Ventejagersplaten. Water flows mainly from the river Waal and the Amer into the
system and exits through the Haringvlietdam into the Voordelta, which is part of the North Sea (Hees & van
Peters, 1998b).
The study area used to be a natural estuary until altered by the building of the Haringvlietdam in reaction to
the floods of 1953 (Wolff, 1973). The Haringvlietdam management greatly reduced the tidal range, flow speeds
and blocked saltwater from entering the system, transforming a dynamic estuary into a freshwater lagoon.
Furthermore, less water from upstream exits through the Haringvliet, with much water being diverted to exit
through the Nieuwe Maas.
The system is of major importance for shipping, with the Hollands Diep connecting the Western Scheldt, Rhine
and Meuse and housing the seaport of Moerdijk. Additionally, it is important for fishing, recreation and it
functions as a freshwater reservoir, mainly for agricultural in the area (Hees & van Peters, 1998b).
The term ‘Haringvliet system’ is used to refer to the whole study area, including the Haringvliet, Hollands Diep,
Biesbosch, Dordtsche Kil and Spui. The term ‘Haringvliet’ refers to the largest section of the ‘Haringvliet
system’, stretching from the Haringvlietdam in the west until just past the Ventejagersplaten. The Noordwaard
polder is excluded from the study area due to the absence of data.

Figure 1: Map of the study area with all major parts (Wijsman et al., 2018)

1.3

Problem statement

To make informed decisions on the Haringvliet sluice management options, quantifying the ESs and biodiversity
is important. Quantification of ESs should be based upon biophysical changes in the ecosystem (Cowling et al.,
2008; de Groot et al., 2010).
Presently, much is unknown about how the Haringvlietdam management regimes will affect ESs and
biodiversity. Several studies have calculated the change of the Haringvliet ecosystem under scenarios ranging
from Ajar to complete dam removal, assessing ecotope change (Wijsman et al., 2018), fish stocks (Griffioen et
al., 2017), bird populations (Kleunen et al., 2018) and ESs based on spatial analysis (Kopa, 2018; Böhnke & de
Groot, 2010).
However, the complexity of ecosystems complicates quantifying ecosystem functioning. The variability of
ecosystems is both spatial (Dobson et al., 2006) and temporal (Koch et al., 2009; Briske et al., 2017). The
changes in the ES supply are dynamic and often non-linear (Koch et al., 2009) due to shifting equilibria (Briske,
2017; MA 2005). This is especially relevant for the Haringvliet since several management scenarios are
considered to incrementally increase the area of certain ecotopes. If these changes are either above or below
7

certain thresholds, this could determine the presence or absence of certain species, which may be essential for
certain ESs. However, empirical research on these thresholds is lacking and predictions remain inaccurate and
impractical (De Groot et al., 2010). Moreover, little is known about the dynamics behind ecosystem functioning
and its relation to other ESs (de Groot et al., 2010). Furthermore, many ESs have only been considered once by
Böhnke & de Groot (2010) and only six regulating services in Kopa (2018). Wijsman et al. (2018) limit their
analysis to the ecotope area and only describe certain nature values but do not quantify them. Between the
studies assessing changes in biodiversity, there is also conflict between the studies focusing on fish, birds and
intertidal ecotopes. To conclude, the knowledge gap on how ESs and biodiversity will change under different
sluice management scenarios is considerable.

1.4

Research objective

My study aims to assess the changes in biodiversity and the supply of selected ecosystem services in the
Haringvliet for different sluice management and Climate scenarios. This objective is detailed in five research
questions (RQs):
RQ1 What are the definitions and typologies of the main ecotopes in the Haringvliet system and how can
they be harmonized?
RQ2 What are the changes in ecotopes’ spatial distribution and their characteristics in the Haringvliet system
per sluice management scenario?
RQ3 What is the supply of ecosystem services per ecotope in the Haringvliet system?
RQ4 What are the changes in ecosystem services per scenario?
RQ5 What are the changes in biodiversity per scenario?

1.5

Outline

This thesis is a sub-study of the ‘Planet’ chapter in a larger report called ‘De Dynamische Delta’ (van Beukering
et al., 2019). Chapter 2 presents the approaches for scenario analysis, spatial analysis, ecosystem-service
analysis and biodiversity-impact assessment. Several ecotope definitions and typologies are reviewed in
Chapter 3 and harmonized to compare different studies. The effects of sluice management and climate change
on the spatial distribution of ecotopes and the characteristics of the Haringvliet estuary are examined in
Chapter 4. For each ecotope, the ES supply is analyzed, revealing what ecotopes are most valuable for ES
supply. Ecotope ES supply values are based on extensive literature review and expert opinion and presented
in Chapter 5. In Chapter 6, the ecotope ES values and spatial distribution data are combined to determine the
total change in ES supply and discover how increased sluice opening affects ESs and which scenario provides
the highest total ES supply. Additionally, a sensitivity analysis is performed and data from the literature review
and expert opinion are compared to verify the results. Biodiversity changes are presented in Chapter 7, to
determine which species benefit and which species suffer in alternative sluice management scenarios. The key
results used in ‘De Dynamische Delta’ are synthesized in Chapter 8. The main challenges and possible
improvements are discussed in Chapter 9. The conclusions are provided in Chapter 10, to determine whether
increased sluice opening will improve ESs and biodiversity.
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2

Methodology

2.1

Research Framework

The biophysical aspect is at the basis of ecosystem assessment, upon which further analysis can be built (De
Groot et al., 2010). It includes several fundamental processes, such as primary production, food-chain
dynamics, the formation of soil, cycling of nutrients and decomposition (Virginia & Wall, 2000). Part of this
ecological basis is biodiversity, which not only an aspect of the system itself but also essential to the delivery
of ESs. Besides extensive literature on terrestrial systems (Isbell et al., 2011), biodiversity is also related to
increased productivity in marine systems (Worm et al., 2006). Change in biodiversity, especially in higher
trophic levels, can have strong cascading effects through the food web affecting ecosystem functioning
(Heithause et al., 2008). This adds to the general agreement on the importance of biodiversity for sustaining
ecosystem services (ESs).
The research framework is shown in Figure 2. Scenario analysis (M1) is used to explore the changes in the
Haringvliet system, with sluice management and climate change as major factors. Using spatial data analysis
(M2), ecotope data for each scenario from Wijsman et al. (2018) and similar studies are analysed. Changes in
the ecotope composition and characteristics (RQ2), together with their respective ES supply (RQ3), affect
biodiversity and ecosystem functioning. The ES supply (RQ4) is estimated by way of ES analysis (M3). Through
a biodiversity-impact assessment (M4), the biodiversity changes for each scenario are estimated (RQ5).

Figure 2: The research framework, showing the methods (numbered arrows) in relation to the research
questions and major factors.
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Box 2: Terminology
Sluices
‘Sluices’ refers to the 17 sluice gates in the Haringvlietdam which are used to regulate flow rate.
Ecotopes
Ecotopes are a spatially defined ecological unit, whose composition and development are determined by
interacting abiotic, biotic and anthropogenic aspects (Wolfert, 1996).
Physiotopes
A 'physiotope' is an area discernible by abiotic characteristics with added ecologically relevant boundaries (De
Jong, 1999).
Typology keys
Typology keys in my study refer to tables connecting different typologies for spatial units, including ecotopes.
Permanent intertidal zone / intertidal flats / tidal flats
The permanent intertidal zone ecotope slightly differs in its delineations compared to tidal flats and intertidal
flats, terms which are commonly used in literature. If ‘permanent intertidal zone’ is used, this refers to the
ecotope as delineated in Wijsman et al. (2018). The terms tidal flats or intertidal flat are used depending on
the term and its delineation in the cited article.

2.2

Research approaches

2.2.1

Scenario analysis

A scenario is defined by Carter et al. (2001) as “a coherent, internally consistent, and plausible description of a
possible future state of the world”. The environmental degradation caused by the Haringvlietdam is such that
different sluice management is required (Wijsman et al., 2018; van Beukering et al., 2019). I use scenario
analysis to explore how the Haringvliet system will change under alternative sluice management and climate
change scenarios. Based on climate, wind and bathymetry conditions, the possible spatial composition of the
Haringvliet system is modelled for the five scenarios in Wijsman et al. (2018). The selected scenarios are based
on past management, the proposed management and a few more extreme sluice-management alternatives to
analyse potential ESs and biodiversity. These scenarios are similar to the four scenarios in Hees & van Peters
(1998b), who first explored alternative sluice-management scenarios in response to the environmental
degradation caused by the Haringvlietdam. To explore how these management options will perform under
changing water levels and discharged, a climate change scenario is included. The scenarios are:
1. Current management (Base): a small tidal range exists and the Haringvliet is kept salt-free.
2. Sluices Ajar (Ajar): The partial opening of the sluices except during dry conditions, resulting in no change
in tides. Salt intrusion is restricted through an iterative approach and reaches until Middelharnis.
3. 80 cm tide (80 cm): The sluices are continuously opened enough to create a tidal range of around 80
cm and a dynamic salt gradient, and only closed in extreme conditions.
4. Storm surge barrier (Storm): Sluices are fully opened, except when water levels reach +2m NAP at Hoek
van Holland.
5. Climate change (Climate): Storm surge barrier management with the hydrological conditions based on
the KMNI ‘Warm’ variant scenario for climate change in 2050.
10

The ecotope composition for each scenario is calculated by Wijsman et al. (2018). Considering factors affecting
ecosystem quality, spatial analysis data on the ecotope area for each scenario is then used to assess ecosystem
functioning and biodiversity.

2.2.2

Spatial analysis of changes in Ecotopes

Ecotopes are discrete spatial units used to describe the ecological change in the Haringvliet system under
different scenarios (Bouma et al., 2005). Ecotopes are part of the larger ecosystem, providing certain ESs. The
boundaries of ecotopes depend on the definitions, classification systems and/or typology that is used (De Jong,
1999). The definition used in this study is based on Bouma et al. (2005), who define ecotopes as spatially bound
ecological units, whose composition and development are determined by abiotic, biotic and anthropogenic
local factors. It is a recognizable, mostly homogenous landscape unit.
The method is based on previous studies spatially analysing the ecology of the Haringvliet system, including
Wijsman et al. (2018), Kopa (2018) and Bureau Stroming in Böhnke & de Groot (2010). Each of these studies
uses different typologies and/or classification systems. Through a literature review, the nature of the spatial
units used to describe the ecological change in the Haringvliet system is determined. The studies spatially
analysing the Haringvliet system are then compared to verify them and ascertain the uncertainties. Of the
studies on ecotope change in the Haringvliet, the report by Wijsman et al. (2018) is the most recent,
incorporating the building and removal of certain dikes. Moreover, it is the only one to include the ‘Ajar’
scenario, which is currently the official policy (Rijkswaterstaat, 2019). For these reasons, the spatial analysis in
this thesis is based on Wijsman et al. (2018), who kindly provided the data. The units in Wijsman et al. (2018)
are described as ecotopes but based solely on the abiotic factors. These are bathymetry, average water level,
tidal range and dynamics, and salinity. Factors affecting the quality of the ecotopes, such as management and
morphodynamical processes are not considered. The ecotopes at the basis of this study thus describe the
possible nature that could occur under these abiotic factors.
Data on ESs is found for a large variety of spatial ecological units, differing from the spatial units used in studies
of the Haringvliet system. ES data from studies using a variety of spatial units with different definitions,
typology and/or classification systems than Wijsman et al. (2018) are harmonized based on their biotic and
abiotic description. Based on ES values per ecotope, the change in the ES supply is calculated and the
distribution is spatially analysed.

2.2.3

Ecosystem-Services Analysis

ESs are “the direct and indirect contributions of ecosystems to human well-being”, as defined in TEEB (de Groot
et al., 2010). Central to this is the ecosystem concept, which describes the interdependence of all organisms
and abiotic environmental factors. It allows for holistically analysing an ecosystem, connecting its functioning
to human wellbeing and identifying the trade-offs between services under different management options (De
Groot et al., 2010). Considering these benefits and possible trade-offs in policymaking is important for the
conservation of ecosystems (Costanza et al., 1997). Figure 2 shows how major factors, including sluice
management affects the ecosystem and biodiversity. This alteration then cascades, affecting ecosystem
functioning, which determines the possible services the system can provide. Consequently, ESs are affected,
cascading into a change in human wellbeing.
The ES analysis in this thesis will use the TEEB framework, with a total of 22 ESs subdivided into provisioning,
regulating, habitat and cultural services categories (de Groot et al., 2010). Research by Böhnke & de Groot
(2010) serves as a guide on what ecosystem (sub)services are relevant in the Haringvliet and to which ecotopes
they are related. For the regulating services, this research builds on the analysis by Kopa (2018).
Due to limited time, a selected number of ESs is researched, based on data availability and the importance as
assessed in previous studies. The TIDE (Jacobs et al., 2013) study uses an expert panel to select the 20 most
11

important ESs out of 44 identified in Northern European estuaries and providing qualitative data on these ES.
The literature synthesized by Kopa (2018) and Henkens & Geertsema (2013) provides quantitative and more
detailed data on regulating services water quality, air quality, carbon sequestration, and sediment fixation.
Sediment fixation is also assigned high importance in Wijsman et al. (2018). Valuation by Böhnke & de Groot
(2010) gives an indication of the highest valued ES for the Haringvliet, with transportation, recreation and
drinking water as most valuable respectively, which is in congruence with TIDE. The water storage function is
also described as a high priority in the initial environmental impact assessment (MER), especially for combating
saline seep (Hees & van Peters, 1998b). Costs and measures to compensate for reduced water storage function
are already researched in detail by Hees & van Peters. (1998b), so this ES will not also be analysed in detail in
this rapport. The expert opinion data for 20 selected ES in Jacobs et al. (2013) is supplemented with quantitative
data found in the literature on five selected regulating ES.
To estimate the ES supply, ES data found for spatial units are harmonized to the ecotope data for the
Haringvliet. By identifying the ES supply for each ecotope and multiplying the total surface of different ecotopes
for each scenario, the change in ES supply is calculated for each sluice management scenario.

Selection of ES-data framework
For quantitative ES data, many conflicting studies exist, which are comparable in varying degrees, depending
on what criteria are deemed to be important. Thus, an evidence-based framework to consistently select the
study with the most representative result is necessary. The criteria for selection is mainly based on the most
important attributes for ES supply found in the literature by Smith et al. (2017). Through a literature review,
they provide information on what attribute groups are most important, which differs depending on what ES is
considered. The 13 ESs considered are air quality, atmospheric, water flow, water quality, mass flow regulation,
freshwater fishing, food production crops, water supply, recreation & aesthetic landscapes.
Their ES typology has considerable overlap with the adapted TEEB framework found in Böhnke & de Groot et
al. (2010) and is shown in Table 12 (Appendix I). The exceptions are the grouping of both water quantity
regulation and extreme events regulation underwater flow regulation and the creation of the category
‘species-based recreation’.
Smith et al. (2017) synthesize the five main factors that determine the capacity of ES supply by natural capital
in general, which are:
1. The physical amount of vegetation cover;
2. Presence of suitable habitat to support species or functional groups that provide a service;
3. Presence of a particular species, functional group or trait;
4. Physical and biological diversity; and
5. abiotic factors that interact with the biotic factors in groups A–D.
Similarity for these factors are used to assess the comparability of literature with ES data to the ecotopes. The
importance of these factors differs per type of ES and is discussed by Smith et al. (2017). Based on the
information found on the studied systems in literature for these criteria, comparability of the studies is
assessed.
The area is the biotic attribute most often found to positively influence the supply of ESs. This factor is included
in the calculation in 4.4, where ecotope ES values are be multiplied by ecotope surfaces in order to compare
the scenarios. The main factor with negative impacts on ESs is the mortality rate, affecting atmospheric
regulation, freshwater fishing, and species-based recreation.
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Factor 2, the presence of suitable habitat to support species or functional groups, is mostly related to ES that
requires certain animal species to be present: species-based recreation and provisioning services. Since these
ES will not be quantitatively analysed, this factor is not of importance for selection.
Factor 3 requires certain assumptions to be made, since this study is based on ecotopes, describing possible
nature. The actual nature that will develop can vary widely depending on several factors, such as management,
time scale, previously present vegetation, interaction with animal species and quality factors (Bouma et al.,
2005). To achieve this, field observation data from a similar system by Van Braeckel et al. (2008) is used, in
combination with the ZES1 framework by Bouma et al. (2005), which describes the possible species
composition of the ecotopes. Additionally, descriptions by Wijsman et al. (2018) on what nature will most likely
develop within the ecotopes are used. Similar to factor 3, physical and biological diversity (factor 4) requires
assumptions to be made about biodiversity. In addition to the reports by Wijsman et al. (2018), Van Braeckel
et al. (2008) and Bouma et al. (2005), reports on the effect of sluice management on biodiversity are used,
which are discussed in chapter 7.
The abiotic factors (factor 5) affect the delivery of all ES in context-specific ways, for which limited information
is available in Smith et al. (2017). In the case of water quality regulation, they note that abiotic factors are rarely
mentioned. This contrasts with other studies, such as Henkens & Geertsema (2013), where it is named the
most important factor. To fill this gap, literature is used to connect ES delivery in the Haringvliet and similar
systems to abiotic factors.
Another criterion for selecting data is whether the data was based on reliable experimental results since certain
studies quantified ESs using expert opinion or limited data. Additionally, due to difficulties harmonizing
typologies, preference is given to spatial units that can be properly harmonized with the ecotopes used in this
thesis.
Correction factors, such as methane emissions by marshes, are important and can strongly influence the
calculated ES supply. If corrections are relevant, these are also applied to both saltwater and freshwater
ecotopes, to keep the comparison accurate.
Certain ESs can also be an important determinant for the supply of several other ESs (Barbier et al., 2011).
Sedimentation, for example, is an important factor for the quantification of other ESs, since sedimentation
affects burial rates for N, P and C (Craft, 2012). Thus, sedimentation is discussed first.

2.2.4

Biodiversity-impact assessment

Improved biodiversity, especially fish diversity, is the main driver for restoring estuarine characteristics in the
Haringvliet (Griffioen et al., 2017). Thus, changes in biodiversity are analysed separately using a biodiversityimpact assessment based on literature.
A biodiversity-impact assessment is a method for “integrating biodiversity issues into the early stages of
planning processes” (Bagri et al., 1998). Assessing biodiversity change is related to the ES analysis since
increased biodiversity is positively correlated with ESs (Barral et al., 2015). It is also related to an environmental
impact assessment, but more inclusive, considering genetic and ecosystem-level diversity, non-threatened
species, within-species diversity and functional diversity in addition to threatened species (Byron & Annandale,
2001). Due to limited data available on biodiversity change in the Haringvliet system, and no resources to
gather additional data, the assessment will focus on species diversity and abundance.
Closure of the Haringvliet by the Haringvlietdam decreased biodiversity in several ways, such as by removing
brackish nature, reducing intertidal habitat area and blocking migratory aquatic species (Giffioen et al. 2017).
Restoring estuarine characteristics would increase the surface of brackish and intertidal ecotopes, providing
habitat to species that struggle to survive in the base scenario, while other ecotopes will decrease. The change
in habitat composition could increase the number of species in the Haringvliet system and positively or
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negatively affect the species already present. Restoring the corridor function of the Haringvliet by opening the
sluices will improve the migration of aquatic species and foraging and reproduction of species that rely on
estuaries. The degree to which scenarios with increased dam opening can restore biodiversity is explored based
on literature research. Fish, bird, benthic macrofauna and seal species are considered. This choice is mainly
motivated by data availability for the species.
The report by Troost et al. (2012) provides information on the change in biodiversity, for benthic macrofauna,
birds, fish, seals, and seagrass meadows, comparing the current situation to the open situation in the past for
the Haringvliet and other parts affected by the Delta Works.
The effects of the Haringvlietdam scenarios for opening on fish species are based on Griffioen et al. (2017). This
report provides data on 16 fish species, selected by Droomfonds’ partners. It includes species found on the red
lists of the IUCN and the Dutch Ministry of Agriculture, Nature and Food Quality (LNV), such as the critically
endangered Sturgeon Acipenser sturio (Gesner et al., 2010). For birds, the basis is the report by Kleunen et al.
(2018) on the 43 species distinctive for the area, including 6 red list species. This report considers conditions
for foraging and breeding for both fish-eating species and those eating plants or Mollusca. Information on seals
will use Schop et al. (2018) as a basis, which considered the effects of dam opening for two seal species.
Species also depend on the availability of certain habitats, which can be researched through spatial analysis
(Schipper et al., 2011). Changes in ecotope areas are used to estimate the effects on biodiversity for the
scenarios not covered in the above-mentioned literature.

2.3

Data collection

Data is collected through literature research and spatial analysis. Literature research will build on previous
theses, scientific, governmental and NGO reports. ES data was collected with google scholar using the ecotope
names and ecosystem service names or synonyms as key words. Key words for searching biodiversity data
include ‘Haringvliet’, ‘Kier’, ‘Ajar’, ‘estuary’ and ‘biodiversity’. The focus is on changes that take hold rapidly
and for which data is not readily available. In addition, major factors about which there is high uncertainty, and
which are central to a valid estimate of change in ESs. Examples are measuring salt intrusion and the effect of
increased tides on the total surface of different ecotopes.
Expected changes in ecotope areas are based on previous research by Wijsman et al. (2018), which are
compared with the different projections of Kopa (2018) and Böhnke & de Groot (2010). Changes in biodiversity
are based on reports by Griffioen et al. (2017), Kleunen et al. (2018) and Schop et al. (2018). Additionally, google
scholar was searched with ‘estuary’ and ‘biodiversity change’ as key words.

2.4

Data analysis and management

The literature is saved on both a personal google drive and WUR account drive. Long-term storage will use the
same structure and be uploaded to a data repository. This long-term storage would be useful if for future
research trying to assess the accuracy of ES calculations. A sensitivity analysis is performed using excel and R,
by calculating total ES supply change using higher or lower ecotope ES values. The selection of the highest and
lowest ecotope ES values was done in several steps based on comparability scores. If other average estimates
were available with the same comparability tier, the highest and lowest of these were picked first, followed by
high and low ranges within studies. If none are available, the same is done for one comparability tier lower,
and so on. When there are no higher or lower alternatives, the highest or lowest estimated and the initially
selected estimate are the same (for more detail, see Chapter 6.6).
ArcGIS 10.6 and R 3.3.1 are used for spatial analysis and mapping of ecotopes and ESs. The model to calculate
spatial data was made available by Wijsman et al. (2018). Spatial data (raster) on the hydrological
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characteristics were exported from R to ArcGIS and converted to integers. In ArcGIS, the raster is transformed
into polygon data, to split fields along salt intrusion lines and create seven additional ecotope classes for
ecotopes affected by salt intrusion using the field calculator. Tables were joined to link quantitative ES values
from this thesis to the ecotope data. For each scenario, a raster was created for five quantitatively assessed
ES. Using math, the ES values from the base scenario were subtracted from the ES values in Ajar, 80 cm, Storm
and Climate scenarios to calculate the difference. To allow for the visual comparison of maps showing the
difference between scenarios for each ES, the symbology was made similar across scenarios. In the symbology,
values are stretched minimum-maximum with a background value of 0 and high and low values based on the
largest difference found across scenarios.
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3

Ecotope definitions and typology

3.1

Ecotope definitions and typologies

Several studies have analysed the patterns of ecosystem change and its effect on ESs and biodiversity, but they
have used a variety of definitions, typologies and/or classification systems. Comparing these spatial analyses
and using ES data from different studies requires the ability to relate the different typologies. This chapter
firstly explores the definitions found for ecotopes and similar concepts, identifying synonyms. Secondly,
different typologies are listed and compared. Thirdly, different typologies are related to the typology that is
used by Wijsman et al. (2018). This typology forms the basis for spatial ecotope change in this study.

Box 2: Classification systems and Typology
The terms classification and typology are sometimes used interchangeably across studies (e.g. Haines‐Young &
Potschin (2014)), so the definitions for this thesis are clarified here. A classification system relates to the
hierarchical structure according to which attributes are arranged. These are the ecotopes in this thesis. In some
cases, the hierarchical structure or the labels overlap or are the same in different studies, but the boundaries
which divide the types can be different. Thus, a classification system refers to the structure that determines a
typology.
Typology refers to the specific types in this thesis. Harmonizing typologies that use the same classification
system is often simpler, since these often share certain boundaries for hydrological characteristics and salinity
(e.g. Wijsman et al. (2018), Kopa (2018) and Jacobs et al. (2013). For example, the mean high-water line is an
important boundary for ecotopes in both Jacobs et al. (2013) and Kopa (2018), which increases comparability.
Several definitions of ecotopes can be found in studies on the spatial analysis of ecosystems. The term
originates from Sørensen (1936), who defines the ecotope as “the field delimited as an object of investigation
within a given ecosystem". An important methodical aspect of ecotopes is that they are discrete units, so they
do not overlap. Discrete units are problematic, since ecological transitions are gradual. However, mapping
requires discrete units with clear boundaries.
With the creation of an ecotope classification by Rijkswaterstaat, the ecotope was redefined by Wolfert (1996)
as “a spatially defined ecological unit, whose composition and development are determined by abiotic, biotic
and anthropogenic aspects in conjunction”. The definition given by Wolfert (1996) is the same as used in ZES1
ecotope classification by Bouma et al. (2005), who paraphrases it as follows: “ecotopes are more or less
homogenous units on a landscape scale, which are recognizable due to their similarities and differences in
geomorphological and hydrological characteristics, vegetation structure and land use”. This thesis will use the
ecotope definition based on Bouma et al. (2005), the same as used by Wijsman et al. (2018) and Kopa (2018).
An important difference is that Wijsman et al. (2018) and to a lesser degree, Kopa (2018) only consider abiotic
aspects.
Several near-synonyms or concepts similar to ecotopes have been found in studies on spatial analysis of
ecosystem change and ESs, including biotope, physiotope, habitat, nature types, management types,
vegetation types, ecosystem, and eco-elements. In this section, these terms are described and related to each
other. De Jong (1999) first noted the issue of the many different terms and definitions and simplified it by
dividing these terms into two main groups, habitat and ecotope. For De Jong (1999), a 'habitat' is an area in
which a certain species lives. This means one species can have several habitats during its life course. The
difference between habitats and ecotopes is that habitat is usually used for the area individual species live,
whilst ecotopes designate the area where a community lives (De Jong, 1999). In this definition habitat is not a
discrete unit and overlap can exist, in contrast to an ecotope.
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In many studies, such as Kopa (2018), habitat is used as a synonym for ecotope and the term does describe a
discrete unit. In addition to habitat, the term ‘ecosystem’ is used. Another often used landscape unit named
habitat, mostly mentioned in the context of biodiversity are Natura 2000 habitats. Natura 2000 habitats usually
cover communities as well, describing habitats as a mosaic of marine and brackish ecotopes in the case of the
estuary habitat (H1130). The Natura 2000 habitat is defined as an “ecosystem type on land or in water with
distinctive geographic, abiotic and biotic characteristics, which can be both natural and semi-natural” (Natura
2000-dictionary). These units are not discrete, with habitat H1130 containing several smaller habitats within
its boundaries.
A 'physiotope' is described by De Jong (1999) as an area discernible by abiotic characteristics, with ecologically
relevant boundaries added. More precisely it is defined as follows: “A physiotope is a unit with homogeneous
abiotic circumstances that are important to biologic aspects. In the case of the same management, the same
stage of development and without extreme circumstances in the recent past (e.g. storm or break-up of ice) a
physiotope and an ecotope consist of the same spatial unit.”
The borders for physiotopes are as close as possible to the abiotic conditions in which different vegetation or
ecotopes occur (Van Braeckel et al., 2008). Physiotopes exclude vegetation structure and land use, which can
be similar despite different abiotic variables. The result in a mosaic-like map, shown in Figure 3. The ‘habitats’
used in the TIDE study (Jacobs et al., 2013) were defined as physiotopes. Similarly, the ‘ecotopes’ used in
Wijsman et al. (2018) are based on abiotic factors, namely tidal characteristics, bathymetry, and salinity. Thus,
they can also be considered physiotopes. Literature, such as Bouma et al. (2005) and Van Braeckel et al. (2008)
provide information on the possible vegetation that can develop in these physiotopes.

Vegetation types
Many different vegetation typologies exist. These are related to other spatial units in varying degrees (Allee et
al., 2000). Vegetation-based typologies usually describe observed vegetation, while ecotopes as used by
Wijsman et al. (2018) describe possible nature. When mapping the ecosystem, these differences in definition
lead to different results.
Rijkswaterstaat (2015) provides spatial data on vegetation observed through remote sensing in combination
with some abiotic factors, shown in Figure 4. Compared to the physiotope map based on modelling in Figure
3, the vegetation structure map in Figure 4 has larger and more continuous polygons. Besides cosmetic
differences due to Figure 3 being a raster map and Figure 4 being a polygon map, the comparison shows that
while there is a strong link between certain abiotic factors and what vegetation develops, there are several
other factors influencing what vegetation develops. Find hard boundaries is difficult, since species composition
change along a gradient is often gradual (Ellis et al., 2006). These factors cause major overlap between the
vegetation that develops in ecotopes with different abiotic conditions, explaining differences between
modelled vegetations and observed vegetations (Van Braeckel et al., 2008).

Biotopes
‘Biotopes’ are another landscape unit term used in spatial analysis of ecosystems. Wilson (2005) defines it as
follows: “A biotope is the combination of the physical habitat (a place where animals and/or plants live) and
its community of animals and plants.” Ecotopes is a term more used in Dutch policymaking, whilst biotope is a
near-synonym that is used more internationally (De Jong, 1999). The term ‘ecotopes’ was also adopted by
researchers (Jacobs et al., 2013). That the terms habitat and biotope are used for both community and species
level, makes these terms more ambiguous than ecotope.
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Figure 3: Ecotope map based on Wijsman et al. (2018) showing a mosaic of ecotopes for the current
management or the base scenario, based on modelled hydrological characteristics and salinity
estimates.

Figure 4: Ecotope map based on an aerial survey by Rijkswaterstaat (2015). It shows the ecotopes for the base
scenario, with ecotopes classified based on observed land cover, including vegetation types, builtup area, and abiotic factors, separating flowing from stagnant water.
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Ecotone
Ecotones are the zone of transition between adjacent ecological systems (Holland, 1988). Depending on the
study area of the research, ecotones range in size from reed beds (Janauer, 1997) to entire estuaries (Atrill &
Rundle, 2002). Salt marshes are also described as ecotones (Holland et al., 1990). Thus, an ecotone can both
contain several ecotopes or be very similar to an ecotope that describes a transition zone, such as summer dry
ecotopes. The ecotopes in Wijsman et al. (2018) describe both the transition zones, such as summer dry
ecotopes, and other areas, such as dry terrestrial ecotopes.

Eco-elements
Eco-elements are smaller areas that can occur within ecotopes in which “typical, ecological communities with
structuring characteristics are present, deviating from the ecological communities that are present elsewhere
in the ecotope involved” (De Jong, 1999). While certain eco-elements occur only under certain abiotic
conditions, their occurrence is in part due to chance. Examples of the eco-element include shipwrecks, creeks,
and seagrass meadows (Bouma et al., 2005). These eco-elements can be inherent to certain ecotopes, e.g.
creeks are almost always present in Dutch middle-high and high brackish salt marshes (Bouma et al., 2005).

Management type and Nature types
Management type, translated from the Dutch ‘beheertype’ is roughly defined as a landscape unit with its
boundaries based on vegetation structure, abiotic conditions and prevalence in geographical regions, with
different management types having as little overlap as possible (Schipper & Siebel, 2013). ‘Management type’
is the landscape unit found in the Dutch Index for Nature and Landscape and was created by combining several
other spatial units. Management types can contain several ‘nature types’, one of the units that were combined
to create it. An estimate for the ratio of nature types that a management type contains is found in Henkens &
Geertsema (2013). Management types are linked to the Natura 2000 habitats, with larger-scale management
types containing several habitats.

Landscape types
The study by Böhnke & De Groot (2010) uses the term ‘landscape types’, noting that “the terms Landscape
type and Ecosystems are used ‘loosely’ to describe distinct ‘functional units’ in the landscape which by their
‘nature’ (i.e. structure, processes, and functioning) provide a different mix of ESs.” These landscape types are
not exactly defined in the study, but appear to be discrete units with certain abiotic, biotic and anthropogenic
conditions and are thus comparable to ecotopes.

Conclusion
Many spatial units with often similar definitions are used to study the Haringvliet. Their relationship to
ecotopes and whether they are modelled or based on observation data (see Figure 5). In addition to being less
ambiguous to alternatives, ‘ecotope’ is used by the main reports this research is based on. Thus, this report
will also use the term ‘ecotope’, using the Bouma et al. (2005) definition. The definitions of the spatial units
found in the literature strongly diverge, making it very difficult to harmonize the units of some studies to those
used in Wijsman et al. (2018). In these cases, several assumptions need to be made about factors such as nature
management and vegetation composition.
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Figure 5: Diagram showing the definitions of spatial units in relation to the term ecotope and observed cover.

3.2

Inventory of ecotope typologies

Besides varying definitions for ecotopes and similar spatial units, a large variety of classification systems and
typologies exists. This is the case even for studies with similar study areas, using the same landscape unit
definitions. Creating a typology of discrete units is troublesome in ecology since ecological transitions are
gradual. However, mapping requires discrete units with clear boundaries. Due to the absence of clear
boundaries, many different typologies can exist for the same system. To compare studies using different
typologies and connect ES data per ecotope to those used in Wijsman et al. (2018), they are examined and
linked in this section.
The ecotope typology ZES1 is at the basis of the ecotope typology used by Wijsman et al. (2018). ZES1 (partly
shown in Figure 6) classifies ecotopes based on abiotic factors such as salinity zones and hydrological
characteristics (Bouma et al., 2005). Originally, ZES1 also considers substrate and flow velocity, but the
classification systems at the basis of those in Wijsman et al. (2018), Kopa (2018) and TIDE (Jacobs et al., 2013)
exclude these factors due to their absence in the system and/or a lack of data. These factors are all abiotic,
meaning that the typology for these ecotopes is generally the same as physiotopes.

Figure 6: Part of the classification system ZES1 for ecotopes on soft substrates (Bouma et al., 2005).
Within the same classification systems, different typologies can exist, depending on the boundaries chosen.
For example, Kopa (2018), Wijsman et al (2018) and Jacobs et al. (2013) use similar classification systems, but
chose different inundation frequency boundaries between ecotopes, as shown in Table 1. Wijsman et al. (2018)
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add ‘dry terrestrial’ starting above the maximum waterline. Furthermore, they differentiate between summer
and winter water lines, in contrast to Kopa (2018) and Jacobs et al. (2013). Due to Kopa (2018) considering
some anthropogenic factors, the study subdivides the terrestrial (>MHWS) physiotope into three ecotopes
(Grassland, crop field, and built-up/bare area), whilst Wijsman et al. (2018) do not make this distinction.
Salt is a primary factor in all hierarchical ecotope systems, but the concentration(s) that form the boundaries
and the number of boundaries between ecotopes differ between studies. Paalvast et al. (1998) and Wijsman
et al. (2018) use 300 mg Cl-/l. Kopa (2018) uses 0.5 PSU, which according to Bouma et al. (2005) roughly equates
to 300 mg Cl-/l. Both Kopa (2018) and Wijsman et al. (2018) have only two salt zones. The more detailed ZES1
system by Bouma et al. (2005) has 3 groups, using 5.4 ppt or mesohaline as a boundary. Oligohaline and
freshwater systems are discussed in RWES-aquatisch and RWES-oevers. In contrast to the low number of salt
zones in the Haringvliet ecotope system, Scheldt estuary ecotope studies have more salt zones. For instance,
the TIDE study uses 4 salinity zones (Jacobs et al. 2013) and the study by Van Braeckel et al. (2008) has 7 salinity
zones based on significant differences of the vegetation compositions between zones (Van Braeckel et al.,
2008).

3.3

Harmonizing ecotopes and similar units used in different studies

Harmonizing between different ecotope typologies and spatial units is necessary because ES supply data is only
available from studies using other spatial units or other typologies. In this chapter, spatial units from different
typologies and classification systems are harmonized with those used in Wijsman et al. (2018).

Harmonizing typologies
To use data on ES supply from Jacobs et al. (2013), the typology needs to be linked with the one in Wijsman et
al. (2018) (see Table 1). The report by Jacobs et al. (2013) is referred to as TIDE and the study by Wijsman et al.
(2018) as Wijsman in this section where the harmonizing is described.
TIDE has 6 physiotopes per salinity zone, whilst Wijsman et al. (2018) have 7. TIDE is more detailed at the level
of tidal flats, which it divides into two categories depending on morphology, with the boundary at a slope of
2.5%. TIDE also has an additional shallow water subcategory. Wijsman has more detail at elevation levels above
MHWN and makes a distinction between summer and winter water-level averages, in contrast to TIDE’s yearly
averages. Furthermore, TIDE does not separately consider dry terrestrial and wet terrestrial ecotopes as
defined by Wijsman. These ecotopes are considered relatively important by Kopa (2018) for air quality
regulating services. In total, they have a relatively minor surface area ranging from 7,5% in the base scenario
and 5% in the Storm surge scenario. Because the studies have different levels of detail at different points,
translating TIDE habitats into Wijsman ecotopes reduces the number of ecotopes to 4.
The studies also differ in the number salinity zones considered, with 2 salinity zones in Wijsman compared to
4 in TIDE: Freshwater, oligohaline, mesohaline, polyhaline. Only oligohaline and mesohaline conditions will
occur in the Haringvliet under sluice opening (Wijsman et al., 2018). The differences between supply levels for
the mesohaline and oligohaline zone are small in TIDE (Jacobs et al. 2013). Due to the small difference and the
need to simplify to 2 salinity zones, it is assumed that oligohaline and mesohaline zones occur in a ratio of 1:1,
and the average score is used for calculations.
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Table 1: Typology key for the studies by Wijsman et al. (2018), Kopa (2018) & Ysebaert et al. (2013b) and the
TIDE study (Jacobs et al., 2013), who use a similar classification system but have different
typologies.
Wijsman

Kopa/Ysebaert

TIDE

Dry terrestrial
Max waterline
Wet terrestrial
MHWS winter

(Grassland, crop field
or built-up/bare area)

Terrestrial
MHWS
High intertidal

MHWN winter

Tidal marshes

Marsh

Summer dry

MHWN

MHWN summer

Perm. intertidal

Tidal flats

MLWN

Intertidal
flat
(steep & flat)
Shallow

MLWN
> -2 m

Shallow water

Shallow water

Medium
water

> -5 m

deep-

> -5 m
Deep-water

Deep-water

Deep-water
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Management types
Harmonizing abiotically defined ecotopes from Wijsman et al. (2018) with fundamentally different
classification systems requires assumptions on for example vegetation composition and management. While
ecotope typologies are based on abiotic factors identifiable in a classification system, management types are
the result of combining several units similar to management types out of practical considerations to create a
new typology. Ecotopes have discrete boundaries based on abiotic aspects, making a distinction between areas
below and above the water level. Management types’ boundaries overlap and are sometimes perforce set
arbitrarily, e.g. including both water and land within the same unit (Bij12, 2017), complicating comparisons.
The management types are identifiable by a range of different criteria, which includes ratios of certain green
structural elements, such as reed or pioneer vegetation cover. These are harmonized with the possible
vegetation development for ecotopes. Since there are many possible species compositions that can develop in
ecotopes, harmonizing requires assumptions to be made about what vegetation will develop. Furthermore,
assumptions need to be made about the exact ratio of green structural elements. This is done by Henkens &
Geertsema (2013), who provide data for several regulating ES provided by management types. To deal with
the mosaic nature of many management types, they assume certain specific surface distributions of smaller
units, which they call both ‘natuurtypen’ (not to be confused with the main categories of management types,
which bear the same name) and vegetation types. Similarly, for this study, data from studies with different
vegetation typologies are harmonized to possible vegetation development. The aim is to use the data from
vegetation cover that is as similar as possible in terms of species composition and major abiotic factors such as
salt and climate.

Vegetation
Observed vegetation structure is a commonly used spatial unit to describe ecosystems and ESs. For the abiotic
factors demarking different ecotopes, a certain vegetation structure is expected to develop based on
succession models and conditions, demonstrated by Bouma et al. (2005) and Paalvast & van der Velde (2014).
Using the expected vegetation structure, ecotopes could be linked to studies using observed vegetation
structure as spatial units.
To estimate the vegetation composition of ecotopes in this study, two types of studies were used: those
predicting vegetation structure based on literature, using a basic classification system in combination with
species occurrence tables from Ysebaert et al. (2013a) and the ‘nature values’ of ecotopes in Wijsman et al.
(2018), and Van Braeckel et al. (2008), who analysed observed vegetation structure to identify ecotope
boundaries.
Several discrepancies were found between the observation data in Van Braeckel et al. (2008) and literaturebased predictions by Ysebaert et al. (2013a), Paalvast & van der Velde (2014) and Wijsman et al (2018), which
use a simplified classification system based abiotic factors and a simple succession model to estimate what
vegetation develops under these conditions. Ysebaert et al. (2013a) and Wijsman et al. (2018) are both loosely
based on the ZES typology by Bouma et al. (2005), which does not perform well for the mesohaline and
oligohaline zones when compared to observations (Van Braeckel et al., 2008). Because salt intrusion in the
Haringvliet will mostly be at the mesohaline and oligohaline levels, vegetation composition estimates are
largely based on Van Braeckel et al. (2008). The main discrepancies between literature-based predictions and
observation data are:
1. More salinity zones are discerned in the observation-based study compared to a very limited number of
zones in literature-based studies.
2. Different inundation frequency boundaries depending for each salinity zone in the observation-based
study, compared to universal boundaries in literature-based studies.
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3. Much more overlap in the species composition of ecotopes with lower inundation frequencies (above
mean high water level) and in oligohaline and freshwater conditions.
4. A major presence of tidal marsh species in the higher pioneer zone, where far more reed is expected
based on observation data than literature-based studies.
5. The presence of pioneer species just above mean low water level in Van Braeckel et al. (2008) and
Verschelling et al. (2018), instead of only at the upper boundary of tidal flats as predicted in Wijsman
et al. (2018) and similar studies.
The ecotope typologies by Van Braeckel et al. (2008) is connected to that of Wijsman et al. (2018) based on
salinity and inundation frequency to estimate ecotope vegetation composition. To harmonize the 19 salinity
zones in Van Braeckel et al. (2008) with two zones in Wijsman et al. (2018), it is assumed that the salt gradient
is similar. Thus, vegetation compositions of the mesohaline and oligohaline zones (zone 6 to 14) and freshwater
zones (zone 15 to 18) are averaged with equal weight. Harmonizing inundation is similar but imperfect because
the boundaries of ecotopes in Van Braeckel et al. (2008) are not always set at certain inundation frequencies,
as is the case in Wijsman et al. (2018).
Observed vegetation data deviates from the vegetation that is assumed to occur in ecotopes in all major
reports on the Haringvliet system and delta area, including Wijsman et al. (2018), Ysebaert et al. (2013) and
Kopa (2018) (see Table 13 in Appendix II). In contrast to succession and zonation patterns in literature,
observation data show that certain species cannot properly be classified. Particularly willows (Salix spp.) and
reed (Phragmatis australis), which dominate the vegetation cover for freshwater and brackish zones are
difficult to classify by factors such as inundation frequency (Van Braeckel et al., 2008). Consequently, the
boundaries between ecotopes above water level hardly translate into differences in the dominant vegetation.
Another major difference between observed vegetation boundaries and expected vegetation is the boundary
of the pioneer zone. Whereas Wijsman et al. (2018), Bouma et al. (2005) and Temmerman et al. (2003) describe
the permanent intertidal zone as mostly unvegetated, Van Braeckel et al. (2008) do observe vegetation here,
including perennial vegetation, such as salix. The presence of vegetation is in congruence with Verschelling et
al. (2018) in research on tidal flats in the Biesbosch, who also consider vegetation surveys. The discrepancy
could be explained by management differences, with grazing by cows reducing vegetation. Similar to
Verschelling et al. (2018), it is assumed no grazing by cows takes place. Consequently, mudflats (intertidal zone)
are considered to be mostly vegetated in this research, with a composition based on the vegetation survey by
Van Braeckel et al. (2008).
To conclude, this inventorisation of definitions and typologies of ecotope and similar units shows that a large
variety of similarly functioning terms exists. The differences between different reports and their respective
definitions and typologies make comparison difficult. Two solutions can be found in literature: combining the
slightly different units into one, as done with the ‘management types’ (Schipper & Siebel, 2013) or creating
keys that show the boundaries of different typologies in relation to each other, exemplified by Henkens &
Geertsema (2013). Ecotopes have hard boundaries as a necessity, although this conflicts with the gradual
boundaries found in ecosystems. The number of boundaries and where they lay can strongly differ per study,
its purpose and practical considerations. Studies on the vegetation that develops in ecotopes using observation
differ strongly from studies using simplified succession models or species occurrence tables based on literature.
Because the literature-based predictions do not harmonize observation, the observation and inundation
frequency data by Van Braeckel et al. (2008) is used to estimate functional vegetation cover.
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4

Effect of sluice management on the spatial distribution and
characteristics of the Haringvliet system

4.1

Change in the spatial distribution of ecotopes

Ecotope surface change per scenario in this study is based on Wijsman et al. (2018), shown in Table 2. Their
results are briefly compared to similar studies on ecotope surface change in the Haringvliet in this chapter. The
results found in studies by Wijsman et al. (2018), Kopa (2018), who uses data based on Ysebaert et al. (2013b),
and Hees & van Peters (1998b) are model-based, with inputs being tidal characteristics, elevation and a salt
gradient. Their study areas differ slightly, with total surfaces of 24206 ha in Wijsman et al. (2018), 23213 ha in
Kopa (2018) and around 20650 ha in Hees & van Peters (1998b). Based on visual inspection, the Wijsman et
al.’s study area is slightly larger because a larger part of Tiengemeten is included, as well as the entirety of the
Spui and the Dordtsche Kil. Furthermore, Wijsman et al. (2018) include more terrestrial ecotopes in the
industrial port of Moerdijk. Besides this, they seem quite comparable with similar shortcomings, such as the
exclusion of the Noordwaard and considering the Sassenplaat toxic sediment storage as nature.
Böhnke & de Groot et al.’s (2010) results are based on a study by Bureau Stroming. The methodology is not
discussed, but from the results in can be deduced that it is not mainly based expert opinion since the average
water level does not decrease as is predicted in studies using hydrological monitoring (i.e. Hees & van Peters,
1998b; Wijsman et al., 2018). Comparison is complicated further because the study area is around 82000 ha,
several times larger than the other studies. For these reasons, this study excluded from the comparison.
Table 2: Ecotope surface area in hectares for all scenarios (Wijsman et al., 2018).
Salinity

Ecotope

Base

Ajar

80cm

Storm

Climate

Fresh

Dry terrestrial

944

752

610

486

419

Fresh

Wet terrestrial

881

770

417

332

131

Fresh

High intertidal zone

1677

1506

775

545

133

Fresh

Summer dry

2314

2162

1812

1011

202

Fresh

Permanent intertidal zone

2522

2263

3126

3695

4175

Fresh

Shallow water

7546

6264

5224

4159

3421

Fresh

Deep-water

8303

6062

4209

3325

2010

Fresh

SUM freshwater

24187

19779

16173

13553

10491

Brackish

Dry terrestrial

1

193

223

165

264

Brackish

Wet terrestrial

0

112

258

210

118

Brackish

High intertidal zone

0

171

658

541

141

Brackish

Summer dry

0

152

592

583

195

Brackish

Permanent intertidal zone

0

260

810

1980

3100

Brackish

Shallow water

2

1284

1966

2943

3898

Brackish

Deep-water

15

2257

3526

4232

5999

Brackish

SUM brackish water

18

4429

8033

10654

13715

Total

24205

24208

24206

24207

24206
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4.1.1

The effects of changing tidal range and water levels on ecotope surface

Increased dam opening outside of high tide will increase the tidal range, increasing the surface area of intertidal
ecotopes. The Ajar scenario leads to a very minor increase in tidal amplitude, leading to no change. For the 80
cm tide and Storm surge scenarios, tidally influenced ecotope area increases. This decreases in the Climate
scenario, where higher water levels mostly manifest in more permanent intertidal and permanently inundated
ecotopes, with a strong decrease in drier ecotopes (Wijsman et al., 2018).
Surfaces of Summer dry and high intertidal ecotopes are highest for the Base and Ajar scenario, slightly lower
in the 80cm tide and ca. 30% less for Storm surge and 83% less for the Climate scenario. In the case of the
Storm surge scenario, summer dry and high intertidal as well as shallow water ecotopes are replaced by the
permanent intertidal ecotopes.
Average water levels in Hellevoetsluis will drop by about 15 cm in 80cm and 20 cm Storm surge scenarios
compared to the base, creating relatively more ecotopes above mean low water level. In the Climate scenario,
sea-level rise will increase water levels at Hellevoetsluis by 15 cm, decreasing the ecotope surface above mean
low water level. Due to lower water levels and larger tidal range, subtidal ecotopes decrease by 6% for 80cm
and 8% for the Storm surge scenario, in favour of valuable intertidal ecotopes. These changes are not
considered in estimates by Böhnke & de Groot (2010) or Kopa (2018).

4.1.2

Comparison of changes in salt intrusion

In this section, the salt to freshwater ratios of modelled ecotope surfaces of the different studies are compared.
Salt is a major abiotic factor, with salt influenced ecotopes having very different species compositions
compared to freshwater ecotopes. However, current models are insufficient for accurately estimating the salt
intrusion into the Haringvliet (Wijsman et al., 2018). Thus, the salt intrusion is based on expert opinion and
uncertainties are high (Ysebaert et al., 2013a. This is not the case for the ‘Ajar’ scenario, where adaptive sluice
management is used to keep salt intrusion limited to the area before the Spui (Wijsman et al., 2018).
Wolff (1973) shows that the horizontal salt boundary was dynamic before the close of the Haringvliet,
depending on tides and river flow. The range of salinity also differs throughout the estuary, with larger
differences near the sea. Furthermore, the saltwater is heavier and will have fresher water floating on top,
causing a vertical salinity gradient. Although estuaries are usually well-mixed, they occur when there is a
pronounced horizontal salt gradient, which is the case in the Haringvliet (Wolff, 1973). However, in the later
ecotope studies, the salt gradient is assumed to be a static vertical line for mapping purposes, excluding
dynamism and differences in salinity between the top and bottom layers. Wijsman et al. (2018) do not specify
whether the salinity gradient is based on top or bottom levels. However, the historical data on which they base
their expert judgment measures bottom level salinity. This discrepancy is considered for the estimation of ESs.
Typologies differ slightly, with the anthropogenic ecotopes only found in the study by Kopa (2018). Since it is
classified neither as salt nor freshwater ecotope, the anthropogenic ecotopes are excluded from this
comparison.
The main differences are determined based on the ecotope surface data from the studies and the provided
ecotope maps. The Storm surge scenario is used for comparison, because this scenario is most similarly defined
across studies, besides the base scenario. The ecotope maps and ecotope surface data (Table 3) show a minor
presence of salt influenced ecotopes in the base scenario of Wijsman et al. (2018), in contrast to Kopa (2018),
which shows none. This salt intrusion takes place at the ship sluices connecting the Haringvliet to the North
Sea. The difference is relatively minor when compared to Storm surge scenarios, where the ratio differs more
strongly.
The estimated extent of salt intrusion in Wijsman et al. (2018) Kopa (2018) and Hees & van Peters (1998a) is
shown in Figure 7 and Table 3. In Wijsman et al. (2018) the salt intrusion is estimated to stop at the
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Haringvlietbrug, while in Kopa (2018) the intrusion goes into Hollands Diep, until Noordschans. It stops at the
same point in Kopa (2018) as the Climate change scenario in Wijsman. This difference can be explained by
differences in scenario definition, with the Storm surge scenario used in Kopa (2018) including infrastructural
changes in other dams. In contrast, the Storm surge scenario in Wijsman et al. (2018) focuses solely on the
opening of the Haringvlietdam. Furthermore, both Wijsman et al. (2018) and Hees & van Peters (1998a) specify
that this boundary is in case of high tide and normal flow, while this is not specified in Kopa (2018). In the case
of low flow and high tide, the salt boundary is estimated to reach the Lage Zwaluwe (Wijsman et al., 2018).
Table 3: Relative occurrence of salt influenced ecotope area in Wijsman et al. (2018), Kopa (2018) and Hees &
van Peters, 1998a).
Base (Kopa)

Storm surge
(Kopa)

Base
(Wijsman)

Storm surge
(Wijsman)

Base (Hees &
van Peters)

Storm surge (Hees &
van Peters)

Fresh

100%

44%

96%

54%

100%

77%

Salt

0%

56%

4%

46%

0%

23%

Because of the larger salt intrusion in Kopa (2018), there is more salt influenced ecotope area (56%) than in
Wijsman et al. (2018) (46%), as shown in Table 3. If all anthropogenic surfaces from Kopa (2018) are assumed
to become salt influence ecotopes, this proportion increases from 56% to 61%. Hees & van Peters (1998a) give
a range of 18 - 35 km for salt intrusion, which translates to the area starting at the west point of Tiengemeten
for average conditions to the Noordschans in extreme conditions. Differences also exist in the salinity in the
western part of the Haringvliet. The study by Wiersma et al. (2014) claims there will be a polyhaline zone ending
on the east side of the Slijkplaat. This is not only in conflict with Kopa (2018) and Wijsman et al. (2018) who
estimate the highest level of intrusion is mesohaline water, but also the source it claims to reproduce. The
cause is probably be a misinterpretation of the original image (Figure 10 in Wolff, 1973) that estimates a much
larger oligohaline zone and a polyhaline zone that lies further west. To conclude, important differences in
estimated salt influence exist between past studies.

Figure 7: The maximum extent of salt intrusion for the Storm surge scenario, with the lines used by Kopa (2018)
in red, by Wijsman et al. (2018) in orange, and in green for Hees & van Peters (1998a). The line
represents the boundary of freshwater and oligohaline water at 300 mg Cl l-1 or 0.5 ppt, drawn in
the centre of any uncertainty range. Adapted from Wijsman et al. (2018).
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4.2

Change in the characteristics of the Haringvliet system

The increased sluice opening will have several effects on the characteristics of the ecosystem, which are
difficult to relate to the spatial analysis of ecotopes. The major abiotic changes relevant for regulating ESs that
are covered by ecotopes, including salt, oxygen contents, nutrient availability, erosion and sedimentation and
past pollution present in the soil, are discussed in this chapter.

4.2.1

Changes in salinity

Salt intrusion, often in combination with other factors, has extensive effects on the characteristics of the
Haringvliet system. Firstly, salt intrusion itself is expanded upon, followed by the influence on other
characteristics, including turbidity.
The salt influenced area will consist of both mesohaline and oligohaline zones (Wijsman et al., 2018). The lower
boundary for salt influence in Wijsman et al. (2018), Paalvast et al. (1998), Kopa (2018) is set at 300 mg Cl l-1 or
0.5 ppt, and the upper boundary is expected to mostly remain below 18 ppt under full dam opening (Wijsman
et al., 2018).
For the Ajar scenario, salinity will mostly be relatively low, with a boundary of 0.5 ppt at the mouth of the Spui,
close the Haringvlietdam. In contrast to the other scenarios, the salt intrusion is kept to this line, and not
allowed to fluctuate depending on river flow. Consequently, the system is flushed with freshwater if the
upstream river flow is sufficiently low, which is estimated to happen yearly for up to three months (Wijsman
et al., 2018). For scenarios with larger sluice opening, the boundary between fresh and brackish water can
fluctuate. Salt intrusion is represented as a hard boundary in the spatial analysis, but it differs with elevation
and fluctuates depending on sluice management, tides, upstream river flow, and other factors. Bottom water
salinity ranged from 0 to 10 g/l or 18 ppt when the Haringvliet was completely open (see Figure 8) (Wolff,
1973). The maximum difference between the highest and lowest salt concentration is an important factor since
this range must correspond with the osmoregulatory capacity of species. If estuarine characteristics are
partially restored, as in the Storm surge scenario, such fluctuations in salinity are expected to return.

Figure 8: Map of the South-west delta area showing the maximum difference in salinity of bottom waters in
one year (Wolff, 1973)
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While the ecotope data does not allow for the lower influence of salt at a higher elevation, this is implicit in
the vegetation composition data from Van Braeckel et al. (2008) that are used to estimate changes in
vegetation cover (see Appendix II).
At the boundary of brackish and freshwater is the estuarine turbidity maximum (ETM). This is a chemically
active zone with high turbidity due to two processes: The salt wedge that moves upstream during flood tide
whirls up sediment and the flocculation of particles dissolved in the freshwater upon meeting brackish water
(Altenburg et al., 2012). The reduced transparency of the ETM affects primary production, benthic biomass and
birds relying on sight for fishing. Reduced transparency reduces phytoplankton productivity and the algae
bloom in the brackish zones will only occur in summer (Altenburg et al., 2012). Lower primary production and
more inedible particles cause reduced filter feeder biomass in the ETM. Consequently, the ETM will mostly
consist of deposit feeders, Alitta virens, and Corophium volutator. Birds using sight for hunting are less able to
find fish in the ETM (Kleunen et al., 2018).

4.2.2

Changes in oxygen saturation

Due to the higher density of saltwater, a saltwater wedge forms, with little exchange between the bottom
saltwater and the upper freshwater layers. This stratification becomes strong when tidal dynamics and other
factors causing mixing are limited. Stratification causes low bottom oxygen saturation, which is detrimental to
biodiversity (Maes et al., 1998). In the base scenario, low oxygen saturation does not occur due to shallow
water depth and short residence time of the Haringvliet’s water (Smit et al., 1997). The salt intrusion combined
with a low tidal range in the Ajar scenario will increase stratification and lower bottom water oxygen saturation.
However, chances of anoxic conditions are estimated to only occur in 1/100 years (Paalvast et al., 1998). In the
Storm surge scenarios, oxygen saturation may be similar to conditions before the Haringvlietdam, with medium
oxygen saturation in the mesohaline zone and low saturation in the oligohaline zone (Wolff, 1973).

4.2.3

Changes in water quality

Different tidal characteristics, salt intrusion, and discharge will alter nutrient concentrations and pH. Higher
salinity will increase the pH, from a 6 in freshwater to a 7.5 in brackish water (Paalvast & van der Velde, 2014).
The increased tidal range will increase aeration of the soil, increasing oxygen supply the roots is beneficial to
marsh vegetation. Occasional drying of the soil also improves the germination of marsh species such as reed.
Furthermore, soil aeration allows the iron to oxidize and bind to phosphate, decreasing phosphorus
concentration in the water, which benefits marsh vegetation (Loeb et al., 2016). However, salt intrusion may
lower the ability of the soil to retain phosphorus, increasing nutrient concentrations (Canavan, 2006).
The most important factor for nutrient removal is the input of nutrients (Henkens & Geertsema, 2013), which
depends on the residual flow and its nutrient concentration. Policy measures have reduced the concentrations
of nitrogen and phosphorus in the Haringvliet over the past decades. Nitrogen concentrations have decreased
since the 90’s to a 15-year monthly average concentration of 757 mg/l in the Haringvliet, lower than for
instance the nearby Scheldt estuary at 2749 mg/l (Rijkswaterstaat, 2019). Targets for nitrogen reduction have
not yet been met, but the reduction in phosphorus has been more successful (Burson et al. 2016). Usually
freshwater is phosphorus limited, while nitrogen is limiting in saltwater (Prins et al., 2012). The excess nitrogen
leads to harmful algal blooms in the North Sea (Dulière et al., 2017).
The residual flow will increase with altered sluice management, increasing the total nutrient load in the
Haringvliet. In the base scenario, more water is diverted to the Nieuwe Waterweg than the Haringvliet. The
residual flow, being the extra water that exits the Haringvlietdam, will increase from 640 m3/s in the base
scenario to 1130 m3/s and 1110 m3/s in 80 cm and Storm surge scenarios respectively (Hees & van Peters,
1998a). Consequently, the nutrient load in the Haringvliet will increase by around 75%.
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4.2.4

Changes in erosion and sedimentation

The Haringvlietdam reduced the tidal range, causing sand starvation and shore erosion. Sand starvation occurs
when the sedimentation rate is outpaced by sea-level rise (Wiersma et al., 2014). Sand starvation depends on
several factors, including the tidal prism (O’Brien, 1969), morphological factors (van Oevelen & van den Bergh
et al., 2000), the availability of sediment, presence of vegetation and the pace of sea-level rise. Restoration of
estuarian characteristics will reduce sand starvation, but it will still take over 100 years before an equilibrium
is reached even in the Storm surge scenario (Wijsman et al., 2018). Considering the high costs of the sand
supplementations that are needed to combat sand starvation, mitigating its negative effects is more costeffective.
The Haringvlietdam reduced flow speeds, which increases sedimentation but also causes tidal flats to erode.
At low flow speeds, there is not enough energy to transport sediment from gullies onto tidal flats, causing tidal
flats to erode while gullies silt up. In scenarios with increased flow speeds erosion of tidal flats decreases and
the erosion of gullies increases, but the estimated flow speed of 0.8 m/s in Storm surge scenario, falls short of
the 1 m/s required for the growth of tidal flats (Wijsman et al., 2018). The higher flow speeds in the Storm
surge and 80 cm scenarios will lead to less fine sediment sinking and thus decrease sedimentation in the system
(Mudd et al., 2009). Due to the presence of a lock sill, less sediment from the Voordelta will enter the
Haringvliet during flood tide, as is the case in the Eastern Scheldt (Ma et al., 2014). This issue will remain in all
scenarios considered in this study since the sluices are not removed.
If tidal range and thus flow speeds increase, morphological features important for sedimentation such as
creeks, ponds and steep slopes will change (Olde Venterink et al., 2006; Temmerman et al., 2007). The effects
of such morphological changes in the Haringvliet would require further study. The reduced tidal range also
concentrates the erosive power of waves on a small area, leading to shore erosion. This has led to nearly
complete coverage of the Haringvliet system’s shores by bank protection. If the tidal range is restored, the
shore protection could also facilitate fine sediment catchment, which increased sedimentation (Scarton et al.,
2000), thereby restoring tidal flats, shores and covering more polluted sediment layers. A possible risk of the
increased tidal range is that embankments may become unstable (Wijsman et al., 2018).

4.2.5

Exposure of pollution in the sediment

Major pollution affecting the Haringvliet system consists of excess nutrients from farming and toxins that have
accumulated in soil due to past pollution (Hees & van Peters et al., 1998b). High levels of PCB-153 and cadmium
are present in the soil and are especially hazardous for top predators through bioaccumulation. With salt
intrusion, salt can bind to the PCB, reducing their biological availability. This effect will only be relevant for
Storm surge and to a lesser degree 80 cm tide scenarios. Furthermore, the salt will change the species
composition causing a shift in the diet for top predators that is expected to lead to less accumulation of these
pollutants.
Erosion patterns are expected to change due to higher tidal amplitude and flow velocity, which can expose
contaminated sludge. For Storm surge and possibly the 80 cm tide scenarios, it should be assessed whether
the removal of these polluted sediments is necessary (Hees & van Peters et al., 1998b).
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5

Ecosystem services provided by ecotopes

5.1

Linking ecosystem services to Ecotopes: Introduction

The ES supply is estimated for each ecotope based on various literature sources. Firstly, ES supply scores for 20
ESs based on expert opinion are discussed, referred to as qualitative data. Secondly, an extensive amount of
field and modelling data is gathered from literature for five regulating ESs, referred to as quantitative data.
Typology harmonizing is applied to relate the spatial units used in studies to those used by Wijsman et al.
(2018) (see Harmonizing ecotopes and similar units used in different studies). Important factors for
comparability are identified and the data found are scored to select the most relevant sources. Definitions of
certain ESs differ slightly between qualitative (Jacobs et al., 2013) and quantitative studies, and are compared
(see Appendix I).

5.2

Qualitative ecosystem service data

The results from the TIDE study by Jacobs et al. (2013), which qualitatively assessed ES supply per ecotope, are
used to provide ES supply scores for 20 ES in the Haringvliet. These 20 ES are selected from a total number of
46 ES based on importance by users and stakeholders from four ecologically and socio-economically similar
estuaries: The Elbe, Weser, Humber, and Scheldt. 12 experts from these estuaries then attributed ‘ES supply
scores’ to each ecotope based on how important they thought the ecotopes were for the delivery of a certain
ES. The selected estuaries are quite similar to the Haringvliet, with the Scheldt and Haringvliet both being part
of the South-west delta (Ysebaert et al., 2013). Furthermore, the estuaries are similar in climate and vegetation.
A major difference is that all considered estuaries do not have a dam at its opening, retaining their estuarine
characteristics, in contrast to the Haringvliet in the base scenario. Consequently, the ES values are more
relevant for scenarios with larger dam opening and likely overestimate ESs in others, especially the base
scenario. Thus, the base scenario estimate is likely on the higher side, causing relative gains for scenarios with
increased dam opening to be a conservative estimate.
The ecotope typology in Jacobs et al. (2013) differs from Wijsman et al. (2018) and is connected through the
ecotope typology key (see Table 1). ‘Summer dry’, which falls both under ‘Marsh’ and intertidal’ is considered
to be solely a marsh habitat, because vegetation development is similar to other marsh habitats (Van Braeckel
et al., 2008). ES supply scores for the intertidal ecotope are solely based on scores for intertidal flats, due to
“minor relative surface importance” of the intertidal steep ecotope (Jacobs et al. 2013). The shallow water
ecotope ES supply value is the average of the values for the moderately deep and shallow ecotopes in TIDE. ES
supply scores for brackish ecotopes are calculated by averaging the scores for mesohaline and oligohaline
zones, assuming a 1:1 ratio. The resulting ES scores per ecotope are shown in Table 4.
On average, differences between ES supply scores for ecotopes with different elevation and salinity are small.
When comparing all values for ecotopes that may replace each other in case of increased tidal range and salt
intrusion, 39% show no difference at all, with the cultural values “information for cognitive development” and
“inspiration for culture, art and design” have equal values for each ecotope (see Table 14 in Appendix III). Less
than 24% percent of ES supply scores differ more than 1 point, with no differences larger than 1 point occurring
between salinity groups. Brackish ecotopes have higher scores on average, with 42.5% of brackish values being
higher than freshwater values, although in 50% of cases they show no difference. Differences between salinity
categories do not exceed one point but can be up to four points when comparing ecotopes. The largest
differences between ecotopes are for the ES ‘water for navigation’, where deep-water ecotopes score much
higher than for marsh and intertidal ecotopes, while marsh ecotopes score much higher than deep-water
ecotopes for carbon sequestration.
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Table 4: ES supply scores for a simplified ecotope typology based on values from Jacobs et al. (2013). Supporting
ES are in green, regulating in blue, provision in red and cultural ES in yellow.
Freshwater ecotopes
Ecosystem services

Brackish ecotopes

Shallow DeepShallow Deep
water water Marsh Intertidal water water

Marsh

Intertidal

Water for industrial use

5.0

5.0

3.5

3.0

5.0

5.0

4.0

4.0

Water for navigation

4.0

3.0

2.5

1.0

4.5

4.0

2.5

1.0

Food: Animals

4.0

4.0

2.0

1.0

4.0

3.0

2.5

2.0

Climate regulation: Carbon sequestration and
burial

3.0

3.0

2.5

1.0

3.5

3.0

2.5

2.0

Erosion and sedimentation regulation by
biological mediation

4.0

3.0

2.0

1.0

4.0

3.0

2.0

2.0

Regulation extreme events or disturbance:
Water current reduction

3.0

3.0

1.5

1.0

3.5

3.0

1.5

1.0

Regulation extreme events or disturbance:
Flood water storage

5.0

3.0

2.5

2.0

4.0

3.0

2.5

2.0

Regulation extreme events or disturbance:
Wave reduction

2.0

2.0

3.0

4.0

2.0

2.0

3.5

5.0

Water quality regulation: reduction of excess
loads coming from the catchment

2.0

3.0

3.0

1.0

3.0

4.0

3.5

2.0

Water quality regulation: transport of
pollutants and excess nutrients

2.0

3.0

2.0

2.0

2.0

2.0

3.0

3.0

Water quantity regulation: dissipation of
tidal and river energy

4.0

3.0

2.5

1.0

4.0

4.0

3.5

2.0

Water quantity regulation: drainage of river
water

1.0

1.0

2.0

5.0

2.0

2.0

2.5

5.0

Water quantity regulation: landscape
maintenance

4.0

5.0

4.5

4.0

4.5

4.0

4.3

4.0

Water quantity regulation: transportation

2.0

1.0

2.5

3.0

2.0

2.0

2.5

4.0

Erosion and sedimentation regulation by water
bodies

1.0

1.0

2.0

4.0

1.0

1.5

2.3

5.0

Supporting & Habitat services

3.0

2.0

2.0

2.0

2.5

2.0

3.0

2.0

Information for cognitive development

4.0

4.0

4.0

4.0

4.0

4.0

4.0

4.0

Inspiration for culture, art and design

4.0

4.0

4.0

4.0

4.0

4.0

4.0

4.0

Aesthetic information

4.0

4.0

3.0

3.0

4.0

4.0

3.0

3.0

Opportunities for recreation & tourism

3.0

3.0

3.5

4.0

4.0

3.5

3.8

4.0
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Box: Transportation
Transportation was found to be the most valuable ES in the Haringvliet system (Böhnke & de Groot, 2010). For
Base and ‘Kier’ scenarios, changes in ecosystem characteristics are relatively minor and not expected to affect
transportation. Under 80 cm tide and Storm surge scenarios, the average low water level decreases by ca. 0.16
m, reducing the surface of deep-water ecotopes that provide transportation-related ESs. To ensure the
accessibility of ports at lower tides, dredging is needed initially, in addition to some other costs relating to
higher flow speeds (van Sprundel & van Dijke, 1998). However, these higher flow speeds will also reduce the
silting up of waterways (Wijsman et al., 2018). The consequent long-term reduction in dredging is beneficial
for ecosystem functioning and biodiversity, particularly for benthic species (Wilber & Clarke, 2001; Elliot et al.,
2016; Boerema & Meire, 2017). In Storm surge, there is no difference in between sea level and the Haringvliet,
so the lock ‘Goereese sluis’ can be opened permanently. This strongly benefits shipping (Böhnke & de Groot,
2010). Based on Jacobs et al. (2013), the ES ‘water for navigation’ and ‘water quantity regulation’ for
transportation marginally increase with increased sluice opening, because decreased deep-water ecotope area
is compensated by higher values are assigned to brackish ecotopes.

5.3

Quantitative ecosystem service data

Besides qualitative sources, quantitative data was found for five ES in literature, which is discussed in this
chapter. From 45 articles and reports, 107 data using various spatial units were harmonized to ecotopes using
typology keys or physiotopic and vegetation descriptions (see 3.3). To assess the comparability of data found
in the literature to the Haringvliet system, a selection procedure was developed (see 2.2.3). Based on five main
criteria and additional literature, the ES values were scored for comparability (see Appendix IV-VIII). The
selected values for each ecotope are shown in Table 5.
Most values are higher or equal in brackish ecotopes compared to freshwater ecotopes for sedimentation,
carbon sequestration, nitrogen, and phosphorus removal. For PM10 capture, all values are lower or equal in
brackish compared to freshwater ecotopes. Outliers are the high values for sedimentation in brackish summer
dry ecotopes and phosphorus removal in freshwater permanent intertidal ecotopes.
When comparing group averages of ecotopes, intertidal ecotopes (i.e. high intertidal, summer dry and
permanent intertidal ecotopes) provide the more ES per surface area than terrestrial (i.e. dry and wet
terrestrial ecotopes) and subtidal (i.e. shallow and deep-water ecotopes), except for PM10 capture. For
sedimentation, carbon sequestration and nitrogen removal, this difference is largest for brackish ecotopes. The
difference is especially large for intertidal compared to terrestrial ecotopes in case of sedimentation and
nitrogen removal, and intertidal compared to subtidal for carbon sequestration. For phosphorus removal, the
difference is the largest comparing freshwater intertidal to terrestrial and freshwater intertidal to subtidal
ecotopes. Contrastingly, PM10 capture barely differs between ecotope groups outside of salinity differences.

5.3.1

Sedimentation rates

To estimate sedimentation rates, 23 values were found and assessed for comparability (see Table 15 in
Appendix IV). Firstly, important factors for comparability and its difficulties are discussed. Secondly, the most
comparable rate is selected for each ecotope. Finally, the relation between sedimentation and other ESs, and
its effect on the selection of comparable studies are discussed.
The most important biotic, abiotic factors, methodologies and other factors important for comparability were
identified based on a literature review. Biotic factors mentioned in the literature are the presence of a specific
community/habitat, habitat area, and its structure (Smith et al., 2017). Vegetation succession further
complicates the calculation of long-term sedimentation rates (Boerema et al., 2016). The accumulation of
organic matter also occurs in vegetated ecotopes (Neubauer, 2009).
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Table 5: Selected values for quantitative ES values. Values are marked if several values share a source, with
Henkens & Geertsema (2013) in blue, Ruijgrok et al. (2006) underlined, and in red the values also
used in Kopa (2018).
Salinity

Ecotope

Sedimentation
cm ∙

Fresh

Brackish

yr-1

Carbon
sequestration

Nitrogen
removal

Phosphorus
removal

PM10

ha-1∙

ha-1∙

ha-1∙

kg ∙ ha-1∙ yr-1

kg ∙

yr-1

kg ∙

yr-1

kg ∙

yr-1

Dry terrestrial

0.0

1035

20

4

33

Wet terrestrial

0.2

930

28

4

32

High intertidal zone

1.2

1110

249

20

32

Summer dry

1.8

1110

277

20

31

Permanent intertidal zone

0.9

1695

301

76

33

Shallow water

0.9

468

248

13.5

0

Deep-water

0.9

468

248

13.5

0

Dry terrestrial

0.0

1035

20

4

24

Wet terrestrial

0.5

1940

28

4

22

High intertidal zone

1.0

4344

352

25

22

Summer dry

4.4

4344

289

25

21

Permanent intertidal zone

1.3

2340

506

30

18

Shallow water

0.9

468

231

16.3

0

Deep-water

0.9

468

231

16.3

0

There are many abiotic factors that have a strong influence on sedimentation, chiefly incoming sediment load,
flow speed, tidal range, flooding frequency, erosion factors, and eco-elements. Their relative importance
remains unclear. First is the sediment load coming from upstream. In addition, a dam sill is present in the
Haringvliet, which reduces sedimentation from the sea, but also decreases flow speeds, increasing
sedimentation (Wijsman et al., 2018). The tidal range is also related to sedimentation through flow speeds,
erosion by waves and the capture of sediment by embankments (see Change in the characteristics of the
Haringvliet system). Tidal range and elevation together with factors such as morphology also affect the flooding
frequency of different ecotopes, which is strongly related to sedimentation (Dyer et al., 2002; Dijkema et al.,
2010; Temmerman et al., 2003; Marion et al. 2009). Accretion rates were also found to depend on the distance
to the sediment source, such as creeks or the edge of the marsh, which changes as creeks are formed
(Temmerman et al., 2007).
Salinity is also an important factor in determining sedimentation (Weston et al., 2014). Higher sedimentation
rates occur in brackish compared to freshwater and saltwater zones (Butzeck et al., 2015; Weston et al., 2014),
which is caused explained by higher particle collision rates and flocculation in the mixing zone (Temmerman et
al., 2003). High salinity zones are usually near the estuary’s mouth and coincide with zones that have strong
wave erosion, which is an important factor (De Jonge & van Beusekom, 1995). However, data on wind speeds
and wave erosion is not always available and could not be included in this study.
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Eco-elements, such as seagrass meadows, mussel and oyster banks can also have a significant positive impact
on sedimentation rates (Widdows & Brinsley, 2002; Bouma et al., 2005; Wilkie, 2012). This may occur with
increased sluice opening, but since there is no data on the occurrence of these for the different scenarios, their
effects are excluded from this estimate.
Methodological differences also affect the accretion rates, ranging from sediment traps to modelling and
sediment cores. Sediment cores that are Pb can yield different results than 137Cs (Craft, 2012). The method
using 210Pb is more common and has a larger time scale, so this method is preferred. Sedimentation rates can
strongly vary per year (Dijkema et al., 2010) and may strongly depend on irregular storms (Ma et al., 2014),
making short term studies unreliable. For this reason, preference is given to long term field experiments.
Sedimentation in tidal marshes is a non-linear process, with rapid sedimentation occurring until an equilibrium
is reached that depends on the tidal characteristics (Temmerman et al., 2003), The equilibrium is reached in
about 15 (Temmerman et al., 2003) or 20 years (Henkens & Geertsema, 2013), after which sedimentation
generally depends on sea-level rise (Craft, 2012). This methodology does not account for changes in
sedimentation rates over time and should thus be treated as a rough short-term estimate. Improved estimates
would require a modelling approach, which was not possible in this study due to time constraints.

Sedimentation per Ecotope
Dry and wet terrestrial
The flooding frequency for dry terrestrial ecotopes is zero (Wijsman et al., 2018), thus sedimentation rates are
zero. Occasional flooding in wet terrestrial ecotopes, especially during storm events, can cause significant
sedimentation (Dijkema et al., 2010). A highly comparable rate was found for saline wet terrestrial ecotopes at
0.5 cm ∙ yr-1, based on high marshes in the Scheldt based on Boerema et al. (2016). The sediment accretion for
tidal forest there found to be 0.23 cm ∙ yr-1 based on sediment cores in the USA (Craft, 2012), which is the only
somewhat comparable figure found.

High intertidal zones
High intertidal ecotopes are estimated to accumulate 0.95 cm ∙ yr-1, based on an average of sedimentation in
brackish middle marshes in the Scheldt (Boerema et al., 2016). Sedimentation rates for freshwater marshes
are estimated to be 1.2 cm ∙ yr-1, based on a modelling study on freshwater marshes in the Scheldt
(Temmerman et al., 2003). That in this case sedimentation rates for freshwater marshes are higher than for
brackish marshes conflicts with literature, which generally shows higher sedimentation in the brackish zone in
studies comparing different zones (Butzeck et al., 2015; Weston et al., 2014). Higher values for salt marshes
are 1.5 cm ∙ yr-1 (Ma et al., 2015) and 1.65 cm ∙ yr-1 (Dijkema et al., 2011), but these studies score lower on
comparability, mainly because these do not receive upstream river flow.

Summer Dry
Young marshes grow fast for a period of around 15 years, after which sedimentation decreases (Temmerman
et al., 2003). Boerema et al. (2016) estimate sedimentation to be 3.4-5.3 cm ∙ yr-1 in brackish pioneer zones,
which is averaged to 4.35 cm ∙ yr-1. High rates for young brackish marshes compared to other ecotopes are also
found in other studies, although rates are lower. For young freshwater marshes sedimentation rates of 1.8 cm
∙ yr-1 were found (Temmerman et al., 2003).

Permanent Intertidal zone
For brackish tidal flats, the results of two different tidal flats in the Scheldt is used, averaged to 1.25 cm ∙ yr-1.
Tidal flats are mobile with different tidal flats eroding and accruing in the same system, making an ecotope
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level estimate difficult (de Vriend et al., 2011). Furthermore, depending on their location, flow rates, and
erosive pressures may differ. A high sedimentation rate is found by Widdows et al. (2004) at ca. 2 cm ∙ yr-1 on
the insular Molenplaat tidal flat in the middle of the Scheldt estuary. Boerema et al. (2016) find lower
sedimentation of 0.5 cm ∙ yr-1 for a nearby tidal flat that is attached shore. No data for tidal flat sedimentation
rates were found for freshwater estuaries, so the general average sedimentation rate from Wijsman et al.
(2018) is used, at 0.9 cm ∙ yr-1.

Deep & Shallow water
Low flow speeds caused by the Haringvlietdam, lead to high sedimentation rates in deep and shallow water
ecotopes, estimated at 0.9 cm ∙ yr-1 for both freshwater and brackish ecotopes. This is the weighted average
of a range of 0.2-1 cm ∙ yr-1 in the Haringvliet and 1-2 cm ∙ yr-1 in the Hollands Diep (Becker, 2015 in Wijsman et
al., 2018). No data is available for different salinity zones. Because of flocculation, the estimate for the brackish
zone is conservative (Baeyens et al., 1998). More sedimentation is also expected in shallow water regions since
currents here are weaker, allowing more sediment to settle (Boehlich & Strotmann, 2008). For 80 cm and Storm
surge scenarios, the higher flow rates would decrease the sedimentation rates, although this is partly
compensated by sand supply from the sea (Wijsman et al., 2018).

The effect of sedimentation on other ecosystem services
Sedimentation is the main factor for burial processes, which are important for carbon sequestration, N removal
and P removal (Ruijgrok et al., 2006). The sedimentation rates found are thus an important comparability
factor. Besides differences in sedimentation rates between systems, some studies also make assumptions on
sedimentation that produce conflicting values for many ESs. Henkens & Geertsema (2013) assume that burial
stops after tidal flats and pioneer marshes reach maturity, and therefore rates for carbon, N & P burial in these
ecotopes are near zero. However, most literature indicates that due to sea-level rise intertidal zones will
continue to grow, thus removing the issue of maturity (Boerema et al., 2016). Consequently, the ES values are
given by Henkens & Geertsema (2013) for tidal flats and pioneer marshes are considered incomparable to the
permanent intertidal zone and summer dry ecotopes in this study.
Similarly, the literature on whether burial occurs in subtidal zones of estuaries is conflicting, and difficult to
compare to the Haringvliet system. Shallow waters are a productive zone where carbon sequestration, N and
P removal can occur, especially if certain eco-elements occur, such as seagrass meadows (Kennedy et al., 2010).
Both Acreman et al. (2011) and Henkens & Geertsema (2013) note that freshwater rivers do not sequester
carbon. However, the Haringvliet system is a particular case because the Haringvlietdam causes lower flow
speeds, causing higher sedimentation occurs. Thus, it behaves similar to a lake, which does accumulate carbon
and nutrients (Cole et al., 2007). In what way the sedimentation rate will change under different scenarios
require further analysis (see 5.3.3). Because sedimentation rates were found to be similar in fresh and brackish
subtidal ecotopes, burial is assumed to comparable unless literature was found supplying values that differ.

5.3.2

Net Carbon sequestration

A total of 30 values for carbon sequestration were considered and assessed for comparability (see Table 16, in
Appendix V). In this section, important factors for comparability are discussed, followed by a discussion of the
most comparable carbon sequestration rates found in the literature.
Net carbon sequestration in estuaries is the sum of removal processes, mostly carbon burial, minus the
emissions of greenhouse gasses (GHG), notably N2O and CH4 (Beaulieu et al., 2011; Adams et al., 2012). Fluxes
of other GHG are particularly relevant for marshes and polders (Witte & Giani, 2016), with net carbon
sequestration rates being much smaller (Adams et al., 2006) or even negative due to emissions of other GHG
(Boerema et al., 2016). Consequently, studies are preferred that provide data on the net carbon sequestration,
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particularly for marsh ecotopes. Net carbon sequestration data was not found for most ecotopes, except for
most marsh ecotopes. Most data are solely based on carbon burial.
One of the main factors influencing the burial of carbon is the sedimentation rate (Mcleod et al., 2011), making
it an important factor for comparability. Carbon burial is often assumed to be linearly related to sedimentation
rates in several studies on ESs, which multiply the sedimentation rate with several other factors to calculate
carbon burial. This relationship is, in fact, non-linear (Mudd et al., 2009), so assumptions of a linear relationship
were avoided by using values from similar systems. Though the relationship is non-linear, sedimentation is an
important factor in determining burial and studies with similar sedimentation rates score higher for
comparability.
Vegetation cover is the strongest influencing factor for carbon sequestration according to Smith et al. (2017),
making it a relevant factor for the vegetated ecotopes. Vegetation is not only important for sequestering
carbon from the atmosphere, but also for trapping suspended matter deposited at high tide, which contains
organic carbon (Mcleod et al., 2011). Thus, studies were preferred with similar functional vegetation cover as
to what is expected for the Haringvliet ecotopes based on Wijsman et al. (2018) and Van Braeckel et al. (2008).
Another important factor is the inputs of organic carbon and nutrients, of which factions are either buried or
emitted as GHG (Middelburg et al., 1995; Watanabe & Kuwae, 2015). Organic carbon (OC) input strongly differs
between estuaries and over time (Abril et al., 2002). OC input in the Scheldt is nearly 23 times higher for POC
and over twice as high for DOC (Boerema et al., 2016; Rijkswaterstaat, 2019), making carbon sequestration
rates less comparable in practical terms for ecotopes exposed to flooding. The main abiotic factor for N2O
emissions is nitrogen input (Seitzinger & Kroeze, 1998). The effect of increased nitrogen input on N2O emissions
depends on water saturation (Witte & Giani, 2016).
All fluxes in estuaries seem to increase with higher temperatures, so the climate is also an important factor
(Kim, 2007). Additionally, seasonal salt intrusion affects the emissions of several GHGs (Bartlett et al., 1987;
Weston et al., 2014), with salt intrusion influencing methane emissions (Holm et al., 2016; Krauss et al., 2018).
Poffenbarger et al., (2011) and Weston et al. (2014) find higher methane emissions rates in freshwater and
oligohaline marshes, with lower values found in mesohaline and polyhaline areas. A reduction of methane
emissions can be explained by higher sulfate concentrations, which are often higher in the mesohaline zone
(Witte & Giani, 2016; Chmura et al., 2004). Magalhães et al. (2012) find both lower methane and N2O emissions
at higher salinity. The difference between oligohaline and mesohaline zones could not be incorporated due to
lacking data on the salt intrusion in Wijsman et al. (2018) and other literature on carbon sequestration.
Preference was given to studies with similar salinity conditions.
Long term studies are also preferred since GHG fluxes can strongly differ from year to year (Weston et al.,
2014). Major differences exist between marshes with flowing water compared to stagnant water (Witte &
Giani, 2016). It is assumed that all ecotopes are connected to the main water body and thus have flowing water
(Wijsman et al., 2018), so studies on wetlands with stagnant waters are excluded.
There is disagreement in the literature as to both the rate and mechanisms controlling sequestration in
estuaries, with some papers considering them to be GHG emitters, and others considering them to be a sink
based on location-specific conditions. Estuarine waters in Europe are often emitters of CO2 due to high
amounts of organic carbon coming from upstream, in part anthropogenic (Ciais et al., 2008). Most studies
concluded that intertidal areas are net carbon sinks, but research on the Scheldt estuary by Boerema et al.
(2011) finds marshes to be net emitters of GHGs, explained by the high nutrient content. Henkens & Geertsema
(2013) also note that management factors are important, with dried out marshes emitting a large amount of
carbon and reed harvesting increasing carbon sequestration. Thus, the carbon sequestration values given
should be considered as an estimate within a large range.
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Carbon sequestration per Ecotope
Dry terrestrial
Assuming the dry terrestrial ecotope is hardly affected by salinity due to its elevation and forest is present, the
average of the carbon sequestration rates in Ruijgrok et al. (2006) and (Henkens & Geertsema, 2013) are used
for both brackish and freshwater, at 1035 kg ∙ ha-1∙ yr-1. The value is used an order of magnitude higher than
the global average for temperate forests, which has a relatively modest upper estimate of 131 kg ∙ ha-1∙ yr-1
(Mcleod et al., 2011), but similar to the various rates for forests found in the literature review by Kopa (2018),
which were all above 1000 kg ∙ ha-1∙ yr-1. If the vegetation cover consisted of grassland, carbon sequestration
values range from “insignificant” (Henkens & Geertsema, 2013 to be 2000 kg ∙ ha-1∙ yr-1 (Boerema et al., 2016).
Averaging the two gives a figure similar to that found for forested ecotopes.

Wet terrestrial
Wet terrestrial, data from the high salt marshes in the Bay of Fundy were used, where C burial was found to
be 1940 kg ∙ ha-1∙ yr-1 (Connor et al., 2001). Craft (2012) provides a burial rate of 930 kg ∙ ha-1∙ yr-1 for freshwater
tidal forests. The systems score low on comparability to the Haringvliet due to differences in climate, area and
sediment rates but no alternatives were found.

Marsh: High intertidal & Summer dry
For brackish marsh ecotopes, the most comparable net carbon sequestration rate found is 4344 kg ∙ ha-1∙ yr-1
in Adams et al. (2006). This is based on salt tidal marshes in the Humber estuary, which scores high for
comparability because of the similar climate and area, only a slightly lower sedimentation rate and the most
comparable flow rate and nutrient concentration found. The rate is adjusted for both methane and N2O
emission, causing it to be much smaller than the gross carbon sequestration rate. A total of 16 average net
carbon sequestration values were found for tidal marshes, ranging from -240.5 kg ∙ ha-1∙ yr-1 to 8000 kg ∙ ha-1∙
yr-1. Most literature makes no distinction between high intertidal zone and summer dry ecotopes, and
functional vegetation is quite similar (Van Braeckel et al., 2008), so these are jointly considered.
For freshwater marsh ecotopes, the net carbon sequestration rates of 981 kg ∙ ha-1∙ yr-1 found Weston et al
(2014) and 1240 kg ∙ ha-1∙ yr-1 are averaged to 1110.5 kg ∙ ha-1∙ yr-1, based on tidal marshes in Delaware and
Georgia in de USA. These rates both score a ‘low’ value due to climate and area differences, and compensation
only for methane emissions. This rate is much lower than for instance gross rates in Ruijgrok et al. (2006),
explained by lower sedimentation rates, and correction for higher GHG emissions in freshwater marshes, which
are also emitted in high rates by marshes in the southern North Sea area (Witte & Giani, 2016). However, it is
very similar to the value of 1100 kg ∙ ha-1∙ yr-1 provided by Henkens & Geertsema (2013).

Permanent intertidal zone
Net carbon sequestration rates of 2340 kg ∙ ha-1∙ yr-1 for salt intertidal flats in the Blackwater estuary are found
to be most comparable, scoring ‘medium’ (Adams et al., 2012). Lower carbon sequestration rates for tidal flats
than marshes are expected based on literature, because the vegetation on tidal flats consists of a seasonal
microalgal mat mainly made up of diatoms (Widdows et al. 2004), compared to reed and seagrasses in tidal
marshes (Van Braeckel et al., 2008). However, due to high sedimentation and mixing rates, there is
considerable burial of organic matter (Adams et al., 2012). Longer inundation periods also contribute to less
oxygenation, increased burial of carbon (Savarese, 2013). Methane emissions rates are thought to be lower
due to sulfates produced by cyanobacteria, preventing methane production from decaying organic matter
(Chmura, 2009). Adams et al. (2012) however, found higher rates of methane emissions in tidal flats compared
to salt marshes.
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For freshwater tidal flats, the gross carbon sequestration rate in Morse et al. (2004) is corrected to 1695 kg ∙
ha-1∙ yr-1, assuming similar emissions of other GHG as found in Adams et al. (2012). This rates scores ‘low’ for
comparability, because it is short-term research in a system different from the Haringvliet. At 32%, the
correction for other GHG is conservative, because the factor used is based on saltwater tidal flats. Actual GHG
are expected to be higher for freshwater compared to saltwater systems (Barlett et al., 1987).

Shallow & Deep-water
A carbon sequestration rate of 468 kg ∙ ha-1∙ yr-1 was found to be most comparable for shallow and deep-water
ecotopes in all salinity zones. The figure is based on the average for carbon burial in the Chesapeake Bay (Kemp
et al., 1997) and scores a ‘low’ for comparability, because of climate and area differences. Kopa (2018) bases
his work on global estimates by Hope et al. (1994), providing an averaged figure of 450 kg ∙ ha-1∙ yr-1, based on
the export of carbon. This study does not consider the export of carbon to be carbon sequestration, because it
is unclear whether ecotope surface change will affect export and what will happen to the carbon after it leaves
the system.

5.3.3

Water quality: Nitrogen removal

Nitrogen removal is estimated based on a collection of 25 values, which are assessed for comparability (see
Table 17 in Appendix VI). Firstly, the main comparability factors are discussed, followed by a discussion of what
values are most comparable per ecotope.
Water quality can be improved by reducing the amount of bioavailable nitrogen (N), especially for coastal
waters where nitrogen is generally limiting (Prins et al., 2012). Increased nitrogen removal can reduce harmful
algae blooms (Burson et al., 2016). Currently, N concentrations exceed 2.0 mg/l in summer (Puijenbroek et al.,
2014) and somewhat higher values in spring (Radach & Pätsch, 2007). Increased removal could allow for the
1.8 mg/l target from Laane (2005) to be reached most of the year. Three main pathways for nitrogen removal
are identified by Ruijgrok et al. (2006): denitrification, burial, and management. Like denitrification, anammox
also removes nitrogen from the system by turning it into N2 (Silvennoinen et al., 2007; Crowe et al., 2012), but
this is excluded due to a lack of data.
Nutrients are added to ecotopes through upstream river flow, deposition of sediment, deposition from the
atmosphere, and to a very small degree N fixation from the atmosphere occurs (Loomis & Craft, 2010).
Consequently, N removal is high in ecotopes below the flood line (Olde Venterink et al., 2006) compared to
those above the flood line. Thus, for the ecotopes that are rarely or never flooded, only the denitrification
pathway is considered, and burial is excluded. N burial changes over a period of around 20 years, with burial
rates decreasing when the system matures (Eyre et al., 2016; Ma et al., 2014). For this assessment, long term
burial rates are preferable used, to reckon with maturation.
The abiotic factors for denitrification rates are N concentrations in tidal water, tidal range and inundation
period, and soil and bottom water oxygen content (Koch et al., 1992; Burgin & Hamilton, 2007). Denitrification
is also affected by the salinity gradient, with much higher rates in the brackish zone where the turbidity
maximum is than the saltwater zones and freshwater zones of the estuary (Beusekom & Brockman, 1998;
Barnes & Owens, 1999). Denitrification processes are expected to either be higher in intertidal areas due to
longer inundation periods and thus different oxygen conditions (Boerema et al., 2016) or lower (Koch et al.,
1992; Jickells et al. 2000) Due to a lack of clarity in literature for this criterion, the main abiotic factor considered
for comparability are N concentrations and salinity.
According to Smith et al. (2017), the main biotic factors for N removal besides area are the presence of a specific
community/habitat and the presence of a specific species. Reed beds for example, cause increased N removal
(Windham & Meyerson, 2003). Biotic factors or ‘eco-elements’, such as seagrass meadows, can strongly

39

increase N removal rates of subtidal ecotopes (Eyre et al., 2011). Due to no data on the possible occurrence,
eco-elements are excluded from this estimate.
Management factors are also of importance, particularly fertilization and harvesting (Ruijgrok et al. 2006;
Henkens & Geertsema, 2013). Systems in or adjacent to agricultural land capture the most N due to much
higher availability. The harvesting biomass can also remove large amounts of N from the system. This study
assumes that harvesting nor artificial fertilization will take place. Because temporal variability strongly affects
N-removal (Rysgaard et al., 1995), preference is given to long-term studies.

Dry terrestrial
Rarely flooded ecotopes would have less available N from water, with atmospheric deposition being the main
source. Henkens & Geertsema (2013) estimate nitrogen removal rates to be 20 kg ∙ ha-1∙ yr-1, for forest and
scrubs and 10 kg ∙ ha-1∙ yr-1 for grassland. Assuming that forest and scrubs develop in these ecotopes, the rate
of 20 kg ∙ ha-1∙ yr-1 is used for all dry terrestrial ecotopes.

Wet terrestrial
Wet terrestrial ecotopes are barely flooded, which is similar to upstream freshwater systems that do not
experience tidal flooding. Occasional flooding still has an impact on N removal by depositing soil containing N,
which can be buried or denitrified. The denitrification rate found for alluvial forest upriver is 28 kg ∙ ha-1∙ yr-1
(Olde Venterink et al., 2006). No data could be found for N burial in brackish ecotopes, so values are assumed
to be similar regardless of salinity.

High intertidal - Marshes
For brackish marshes, the sum of a 148 kg ∙ ha-1∙ yr-1 burial rate (Cox et al., 2004) in the Scheldt is added to
denitrification rates of 204.5 kg ∙ ha-1∙ yr-1 in brackish marshes of the Humber estuary (De Klein & van der Werf,
2014), for a total of 352.5 kg ∙ ha-1∙ yr-1. This value is close to the general N removal rate of 324 kg ∙ ha-1∙ yr-1 for
all marshes in the Netherlands (Ruijgrok et al., 2006). Reed is expected to develop in this ecotope under
brackish conditions (Van Braeckel et al., 2008), which is associated with high N removal (Klein & van der Werf,
2014). This explains why the value is higher than those for salt marshes in Henkens & Geertsema (2013), where
reed would be absent (Van Braeckel et al., 2008).
N removal in freshwater marshes is 249 kg ∙ ha-1∙ yr-1, based on reed beds upstream (Olde Venterink et al.,
2006). This figure is somewhat optimistic since reed beds form a minority of the functional vegetation in
freshwater marshes (Van Braeckel et al., 2008).

Summer dry
Boerema et al. (2016) find rates of 288.5 kg ∙ ha-1∙ yr-1 for brackish pioneer marshes in the Scheldt, scoring
‘medium’ for comparability. The value is close to the general value for Dutch marshes at 324 kg ∙ ha-1∙ yr-1
(Ruijgrok et al., 2006). Freshwater marshes are expected to develop reed and bush vegetation, which is
estimated to remove 277 kg ∙ ha-1∙ yr-1 (Ruijgrok et al., 2006).

Permanent intertidal zone
For brackish tidal flats, total N removal is 505.7 kg ∙ ha-1∙ yr-1, based on the sum of N burial and denitrification
rates. N burial rates for growing tidal flats are estimated to be 148 kg ∙ ha-1∙ yr-1 for the Netherlands in general
(Ruijgrok, 2006). Denitrification rates found are 301.7 kg ∙ ha-1∙ yr-1 for saltwater tidal flats near the Elbe estuary
(Deek et al., 2012) and 357.7 kg ∙ ha-1∙ yr-1 in the brackish part of the Humber estuary. The latter is chosen
because the salinity is more similar. Kopa provides rates of 214 kg ∙ ha-1∙ yr-1 for freshwater tidal flats in the
USA, based on burial rates in Morse et al. (2004). Denitrification in the freshwater section of the Humber
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estuary is 153 kg ∙ ha-1∙ yr-1 (Barnes & Owens, 1999). With the addition of general burial rates for tidal flats in
the Netherlands at 148 kg ∙ ha-1∙ yr-1 (Ruijgrok et al., 2006), total N removal for freshwater tidal flats is 301 kg ∙
ha-1∙ yr-1.

Shallow & Deep-water
Canavan (2006) finds a slight decrease in N removal as the consequence of salinization for subtidal sediments
in the Haringvliet estuary. Combined rates for burial and denitrification are 248 kg ∙ ha-1∙ yr-1 for freshwater
and 231 kg ∙ ha-1∙ yr-1 for brackish water subtidal ecotopes. A larger reduction in N removal will occur shortly
after salinization, followed by a return to the equilibrium. This article is most comparable because it is
conducted in the study area. No separate values were not found for shallow and deep-water ecotopes. While
N removal rates are found to decrease with decreasing water depth (Alexander et al., 2000), this effect may be
limited because the Haringvliet is generally shallow (Canavan, 2006).

5.3.4

Water quality: Phosphorus removal

Phosphorus removal data were collected and scored for comparability (see Table 18 in Appendix VII). The main
mechanisms for removing bioavailable P are burial and harvesting (Loomis & Craft, 2010; Henkens &
Geertsema, 2013). Burial depends strongly on the amount of P added upstream and sedimentation rates (Olde
Venterink et al., 2006). No harvesting is assumed to take place. Data from long term studies is preferred for P
burial since P can be returned to the system if the sediment is resuspended. Since nutrient input to the Rhine
and Meuse has strongly decreased in the past decades, more recent studies are preferred (Prins et al., 2012).
Based on the literature, higher P burial rates are expected in freshwater zones compared to brackish zones
(Hartzel et al., 2010; Merril & Cornwell, 2002). Soil P retention is expected to decrease because of salt intrusion
(Canavan, 2006). However, this may be counteracted by the higher general burial rates expected for brackish
ecotopes (see 5.3.3).

Dry & Wet terrestrial zone
For the dry and wet terrestrial zone, the value of 4 kg ∙ ha-1∙ yr-1 for a forest in Henkens & Geertsema (2013) is
used, due to the small expected role of burial.

High intertidal zone & Pioneer zone
For brackish marshes, P burial was found to be 25 kg ∙ ha-1∙ yr-1 based on general values for Dutch marshes
(Ruijgrok et al. 2006). The same figure is found by Broekx et al. (2011) for the Scheldt, and the same order of
magnitude as those found in estuaries of the US east coast, where P burial rates range from 8.6 to 47.2 kg ∙ ha1
∙ yr-1 (Merril & Cornwell, 2002; Boynton et al., 2008; Loomis & Craft, 2010; Craft, 2012; Weston et al., 2014).
For freshwater marshes, these US east coast studies find rates from 4.8 to 22.3 kg ∙ ha-1∙ yr-1. General values in
Ruijgrok (2006) for P burial in freshwater marsh ecotopes are 20 kg ∙ ha-1∙ yr-1. High values in the same order
of magnitude are provided by Olde Venterink et al. (2006).

Permanent intertidal zone
Boerema et al. (2016) provide a range of 4 to 56 kg ∙ ha-1∙ yr-1 based on burial for brackish mudflats and marsh,
which gives an average rate of 30 kg ∙ ha-1∙ yr-1. For freshwater mudflats, the only found rate of is 76 kg ∙ ha-1∙
yr-1, based on freshwater mudflats in a tidal river on the US east coast (Morse et al. 2004).

Shallow & Deep-water
Palinkas & Cornwell (2012) find P burial rates of 16.3 kg ∙ ha-1∙ yr-1 for brackish and 13.5 kg ∙ ha-1∙ yr-1 in subtidal
sediments of a subestuary of the Chesapeake Bay. A slightly higher figure was found for another subestuary in
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the Chesapeake Bay, average subtidal P burial is found to be 38 kg ∙ ha-1∙ yr-1, exceeding marsh P burial (Hartzell
et al., 2010). The former values were used because due to its orientation, this subestuary is shielded from highenergy events, similar to Haringvliet system which is shielded by a dam, and the fact that sub estuaries of the
Chesapeake Bay generally have high P burial rates (Prins et al., 2010), making the lower figure preferable. No
data was found discerning shallow and deep-water zones, so these are assumed to be equal.

5.3.5

Air Quality

PM10 capture is estimated by using values found for functional vegetation cover in combination with observed
vegetation cover in ecotopes since no PM10 capture data for relevant spatial units were available in the
literature.
The presence of vegetation is essential for air quality regulation services, thus only vegetated ecotopes are
considered for PM10 capture. The presence of certain functional groups, specific species, and species size are
important biotic factors, besides habitat area (Smith et al., 2017). Certain tree species with particular structure
capture up to 16 times more PM10 than others, and forests capturing about 10 times more than open fields
(Hoffman, 2009). Important abiotic factors are average PM10 concentrations in the air, vegetation structure
(Oosterbaan et al., 2006), wind conditions (Nowak et al., 2006) and temperature (Alonso et al., 2011). Another
important factor is the mechanisms included, such as lateral capture, which has a major influence on total
PM10 capture (Oosterbaan et al., 2006). Known mechanisms are accumulation on vegetation surfaces and
increased deposition due to air turbulence in tree crowns. Tall vegetation and rough or sticky surfaces are
better at accumulating PM10 (Mo et al., 2015).
Because ecotopes only describe possible plant development, vegetation survey data by Van Braeckel et al.
(2008) are used to estimate composition. Since data was only available for general functional groups, these
were linked to the functional groups found in the Haringvliet. The ratio of different functional groups per
ecotope is then used to estimate PM10 capture (for the composition values, see Table 13 in Appendix II).
PM10 capture values are based on general values for forest, reed, and grassland in the Netherlands in
Oosterbaan et al. (2006) and Henkens & Geertsema (2013). These studies assume a PM10 concentration of 35
µg/m3. Because PM10 concentrations for large sections of the study area are below 18 µg/m3 (RIVM, 2019), all
values are correct by dividing them by two. Originally, PM10 capture is estimated to be 72.85 kg ∙ ha-1∙ yr-1 for
forests; 49.67 kg ∙ ha-1∙ yr-1 for reed and 36.42 kg ∙ ha-1∙ yr-1 for grassland (Henkens & Geertsema, 2013). It is
assumed the ecotopes are not managed as cropland, which has a much lower estimated PM10 capture at 12.25
kg ∙ ha-1∙ yr-1. For Rubus and Salicornia, data was not available. PM10 capture for the shrub Rubus is estimated
to be the average of forest and grass at 54.64 kg ∙ ha-1∙ yr-1. For Salicornia, small and the only annual plant with
significant cover (Van Braeckel et al., 2008), PM10 capture is estimated to be half that of grass at 18.21 kg ∙ ha1
∙ yr-1.

PM10 capture per Ecotope
Dry terrestrial
Trees, mostly Salix species, make up most of the freshwater dry terrestrial ecotopes above the maximum
waterline, followed by reed, giving a rate of 33 kg ∙ ha-1∙ yr-1. In brackish ecotopes, reed and grass dominate,
leading to lower PM10 capture at 24 kg ∙ ha-1∙ yr-1.

High intertidal and wet terrestrial
High intertidal and wet terrestrial ecotopes are slightly more covered by reed rather than trees in freshwater
ecotopes and grass rather than reed in salt influenced ecotopes. Estimated PM10 capture is only slightly lower
at 22 kg ∙ ha-1∙ yr-1 for brackish and 32 kg ∙ ha-1∙ yr-1 for freshwater ecotopes.
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Summer dry
Freshwater summer dry ecotopes have relatively larger reed cover leading to PM capture of 31 kg ∙ ha-1∙ yr-1.
In brackish ecotopes, annual plant species such as Salicornia become significant, but Salix and reed remain
present, slightly decreasing PM10 capture to 21 kg ∙ ha-1∙ yr-1.

Permanent intertidal zone
Intertidal ecotopes are frequently inundated, during which grass vegetation is submerged, reducing the surface
for PM10 capture. Thus, PM capture by grass vegetation is assumed to be 50% lower. This does not affect
freshwater tidal flats, which have similar vegetation cover to other freshwater ecotopes, capturing 33 kg ∙ ha1
∙ yr-1. PM10 capture rate for brackish marshes is reduced to 18 kg ∙ ha-1∙ yr-1.

Deep & shallow water
Although theoretically possible, no data exists on PM10 capture by water elements (Oosterbaan et al., 2006).
Non-vegetated ecotopes would have relatively much smaller surfaces and none of the other mechanisms
mentioned by Mo et al. (2015) that facilitate PM10 capture. Thus, the capture is assumed to be negligible for
shallow and deep-water ecotopes.
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6

Effect of scenarios on ecosystem services

In this chapter, changes in ES supply per scenario is discussed. To calculate the total ES supply per scenario, the
specific values per ecotope are multiplied with the relative surface area of the different ecotopes. Total values
for quantitatively assessed ES per scenario are shown in Table 6, with differences compared to the base
scenario shown in Figure 9. Qualitatively assessed ES are grouped for brevity, based on Table 12, and changes
are shown in Table 7. Finally, the two approaches are compared, and a sensitivity analysis is performed.
Table 6: Total values for five quantitatively assessed per scenario ES totals per scenario, based on the values
per ecotope multiplied with ecotope surfaces.
Ecosystem Services Quantitative

Base

Ajar

80cm

Storm

Climate

Sedimentation (105∙m3∙yr-1)

23

23

25

25

23

C-sequestration (106 kg∙ha-1∙yr-1)

18

19

24

26

24

N removal (105 kg∙ha-1∙yr-1)

58

58

61

64

67

P removal (104 kg∙ha-1∙yr-1)

49

49

57

62

66

PM10 capture (104 kg∙ha-1∙yr-1)

27

26

27

27

24

50%
40%
30%
20%

Kier
80cm

10%

Storm
Climate

0%
-10%
-20%

Sedimentation

C-sequestration

N removal

P removal

PM10 afvang

Figure 9: Relative change in the provision of the five quantitatively assessed ESs compared to the base scenario.
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Table 7: Relative change compared to the base scenario for qualitatively ESs, with the values of 20 specific
ecosystem services averaged into 8 more general ESs based on Table 12 (see Appendix I).

6.1

Qualitative ES grouped

Ajar

80 cm

Storm

Climate

Provisioning services

4%

3%

3%

6%

Water quantity regulation

6%

11%

15%

20%

Habitat services

3%

7%

8%

10%

Erosion and sedimentation regulation

2%

6%

7%

6%

Regulation of extreme events

3%

8%

9%

7%

Water quality regulation

2%

1%

0%

-1%

Climate regulation (C-sequestration)

1%

4%

4%

0%

Cultural services

0%

0%

0%

0%

Effect of Base scenario

Based on expert opinion in Jacobs et al. (2013), the ecotopes in the base scenario already have high ES supply
importance. The supply importance values of all ecotopes combined are generally lower than the other
scenarios. The exception is cultural services, which is because almost all ecotopes have equal values for these
ES. The relatively low value for provisioning, regulating and habitat services is due to the absence of brackish
water ecotopes, which on average have higher ES supply importance than freshwater ecotopes.
For the quantitatively assessed ES, there is already a sizable provision in the base scenario (see Table 6). Every
year, nearly 2300 cubic tons of sediment is captured in the Haringvliet and the outflow of excess nutrients is
reduced by the removal of approximately 5800 tons of nitrogen and nearly 500 tons of phosphorus. Air quality
is improved by the capture of nearly 540 tons of particulate matter PM10. Around 17928 tons of carbon is
sequestered, which translates to 65736 tons of CO2/year. Considering that average Dutch citizen emits slightly
less than 10 tons of CO2 emissions (World bank, 2019), the Haringvliet system compensates the CO2 emissions
of circa 6900 Dutch citizens or over 3000 thousand households (CBS, 2018).

6.2

Effect of Ajar scenario

Changes in the ES supply in the Ajar scenario compared to the base scenario are minor. Based on qualitative
assessment, there is a minor increase in most ES and no change in cultural ES. At 6%, water quantity regulation
increases most out of all ES, followed by provisioning services (4%) and habitat services (3%). Quantitatively
assessed ES similarly shows only minor changes in the Ajar scenario. Due to more brackish intertidal ecotopes,
carbon sequestration (c-seq) increases with 7% and PM10 capture decreases with 4%. The carbon
sequestration is higher in brackish ecotopes, of which the surface increases due to the saltwater intrusion. The
higher carbon sequestration compensates for the CO2 emission of over 500 Dutch citizens. Sedimentation
barely increases (2%) and N and P removal remain the same. Changes in ES supply are minor because the
composition of ecotopes remains largely the same, with relatively minor salt intrusion and almost no change
in the tidal range.
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6.3

Effect of 80 cm tide scenario

ES supply increases more compared to the base scenario in the 80 cm than in for the Ajar scenario, especially
for quantitively assessed ES. Qualitatively, the largest increase is 11% for water quantity regulation, 8% for the
regulation of extreme events, followed by habitat services at 7% and erosion and sedimentation regulation
increasing 6% compared to the base scenario.
Large increases are found for quantitively assessed ES, with carbon sequestration increasing 35%, mostly in the
western part, where salt intrusion and increased tidal range lead to the formation of valuable brackish intertidal
ecotopes (see Figure 10). P removal increases 15% compared to base, sedimentation with 8%, N removal 5%
and PM10 capture with 1%. The minor increase in PM10 capture despite increased salt intrusion is caused by
a relative increase in vegetated ecotopes caused by a drop in the average water level in this scenario. The
increased carbon sequestration compensates the CO2 emissions of over 2400 Dutch citizens. This large increase
is caused by a sizable increase in tidal range and larger salt intrusion, creating more brackish marshes, which
capture much more carbon.

Figure 10: Map of the study area comparing carbon sequestration in the base scenario to the 80 cm scenario.

6.4

Effect of Storm surge barrier scenario

The Storm surge scenario, with the largest degree of sluice opening, has generally the highest ES supply of all
scenarios. Based on the qualitative values in Jacobs et al. (2013), water quantity regulation increases by 15%,
the regulation of extreme events by 9%, habitat services by 8% and erosion and sedimentation regulation by
7%. Other ES show smaller increases or remain stable.
Based on the quantitative assessment, there is a major increase in carbon sequestration at 44%. The additional
28700 tons of carbon O2 compensates for over 3000 Dutch citizens, which contributes to the achievement of
local climate goals. Most of the study area is outside of municipalities, except for Korendijk, where the
additional carbon sequestration achieves ca. 13% of its 2030 carbon reduction goal (Coenen et al., 2018;
Rijkswaterstaat, 2016).
Water quality will improve due to 26% higher phosphorus removal and 11% higher nitrogen removal, reducing
harmful algal blooms (Burson et al., 2016). Currently, the catchment’s nitrogen inputs are extremely high (Billen
et al., 2011), with nitrogen concentrations exceeding 2 mg/l in summer (Puijenbroek et al., 2014) and spring
(Radach & Pätsch, 2007). The increased N removal in the Storm surge scenario allows the 1.8 mg/l target from
Laane (2005) to be reached most of the year. Sedimentation increases by 8%, while PM10 capture slightly
decreases by 1%. Similar to the 80 cm scenario, the PM10 capture decreases in the western half of the
Haringvliet system due to increased salt intrusion but is compensated by more vegetated ecotopes due to a
lower average water level (see Figure 11).
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Figure 11: Map showing the change in PM10 capture in the Storm surge scenario compared to the base
scenario.

6.5

Effect of Climate scenario

The ES supply changes compared to the base scenario are quite like the Storm surge scenario. This similarity is
because the Climate scenario has the same sluice management as the Storm surge scenario, but the average
water level is 35 cm higher and river discharges are different. Thus, the Climate scenario is compared to both
storm and base scenarios.
Compared to the base scenario, water quantity regulation (20%), habitat services (10%) show the largest
increases among the qualitatively assessed ES. Smaller increases are found for the regulation of extreme events
at 7%, provisioning services at 6% and erosion and sedimentation regulation at 6%, while other ES remain
almost the same. Compared to the storm scenario, differences are minor, with most ES decreasing a few
percent, carbon sequestration decreasing most at 4% and provisioning services increasing most at 3%.
Quantitatively assessed ES show larger changes, with carbon sequestration increasing by 36%, P removal by
35% and N removal 15%. Sedimentation remains the same, while PM10 capture decreases by 12%, caused by
the major salt intrusion. PM10 capture is much less than in the storm scenario due to relatively more salt
intrusion and unvegetated ecotopes caused by higher average water levels. Sedimentation (-7%) and carbon
sequestration (-5%) also decrease compared to storm, while N (4%) and P removal (7%) increase.

Figure 12: Visualization of the increase in nitrogen removal for the Climate scenario compared to the base
scenario.
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6.6

Sensitivity analysis

The selection of ES values based on other literature was complicated because comparable values were not
always available (see Chapter 5.3). Of the selected values for quantitative ES, 25% of values score ‘high’ and
‘very high’ for comparability, while 50% of values score ‘medium’ and 25% scored ‘low’. Furthermore, a large
range of values are found for some ecotopes and the selected values are not always in the centre of this range
(see Figure 14). Assessing the validity of the estimate requires determining which ecotope ES values have the
largest influence on the total ES supply estimates and whether these main determinants are based on values
with high comparability.
A

B

Figure 13: Boxplot of nitrogen removal rates (A) and carbon sequestration (B) found for each ecotope across
salinity groups. The selected values are marked with a star. Subtidal ecotopes are both shallow
and deep-water ecotopes, while marsh consists relates to high intertidal and summer dry
ecotopes.
The influence of certain ecotope ES values is assessed by multiplying ecotope ES values with factor 2, which is
within the range of ES values found for most ecotopes. The importance of ES ecotope values is firstly assessed
for every scenario and for each salinity group, per group of ecotopes, being subtidal (shallow and deep-water),
intertidal (permanent intertidal, summer dry and high intertidal) and terrestrial (dry and wet terrestrial).
Freshwater ecotopes are most important across ES for Base, Ajar and 80 cm scenarios (see Table 20 in Appendix
IX). For the Storm surge scenario, brackish ecotopes are only barely more important at 52% for carbon
sequestration. In the Climate scenario, brackish ecotopes are most important for carbon sequestration,
nitrogen removal, and sedimentation. Across salinity, intertidal ecotopes are the most important for carbon
sequestration, phosphorus removal, and PM10 capture, while subtidal ecotopes are most important for
nitrogen removal and sedimentation (see Table 21 in Appendix IX). Dry and wet terrestrial values are far less
important since they rarely contribute more than 1% to the total. Even in the case of PM10 capture, intertidal
ecotopes remain three times as important.
For each salinity and ecotope group, the relative importance of ecotope groups is calculated (see Figure 19 in
Appendix IX). The most important factors (see Table 8) and their ES values and comparability scores are
identified (see Table 9). Freshwater intertidal ecotopes are most important for PM10 capture and phosphorus
(P) removal across scenarios and for carbon sequestration in the base, Ajar and 80cm scenarios. Brackish
intertidal ecotopes are despite their high ES values only most important for storm and Climate scenarios. Fresh
subtidal values are most important for sedimentation and nitrogen (N) removal for all scenarios except for the
Climate scenario, where brackish subtidal ecotopes are most important. Comparability scores are very high for
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sedimentation and nitrogen removal, since data for the Haringvliet itself was found in Canavan (2006) and
Wijsman et al. (2018). Scores are lower for carbon sequestration and P removal in freshwater ecotopes, which
had to be based on rivers in the USA in absence of more comparable studies. PM10 capture is based on general
values for the Netherlands (Oosterbaan et al., 2006) and vegetation observations in the Scheldt (Van Braeckel
et al., 2008) and scores ‘medium’.
Table 8: The highest relative importance of ecotope groups found per ES for each scenario.
Ecosystem Service

Base

Ajar

80cm

Storm

Climate

Legend

Sedimentation

62%

47%

34%

27%

39%

Fresh intertidal

C-sequestration

49%

41%

34%

37%

36%

Brackish intertidal

N-removal

31%

28%

27%

24%

34%

Fresh subtidal

P-removal

55%

50%

51%

50%

49%

Brackish subtidal

PM10

78%

73%

68%

64%

62%

Table 9: The values and comparability scores for the values with the highest relative importance.
Ecosystem service

Base

Ajar

80cm

Storm

Climate

Legend

Sedimentation

0.9

0.9

0.9

0.9

0.9

Very High

C-sequestration

1111

1111

1111

4344

4344

High

C-sequestration

1695

1695

1695

2340

2340

Medium

N-removal

248

248

248

248

231

Low

P-removal

20

20

20

20

20

P-removal

76

76

76

76

76

PM10

32

32

32

32

32

PM10

31

31

31

31

31

PM10

33

33

33

33

33

Because of their reliance on low comparability scores, the totals for carbon sequestration and phosphorus
removal are also shown based on alternative data points for intertidal ecotopes (see Figure 15). The results
show that carbon sequestration can be much higher or slightly lower and that the 80cm scenario may have the
highest total carbon sequestration. The increase remains similar for phosphorus removal regardless of
alternative values, but total ES supply may be slightly higher a much lower. The same method is applied to all
ecosystem services with additional treatments, such as using the average values for each ecotope and applying
higher or lower alternatives to every ecotope group and all ecotopes (see Figure 19 in Appendix IX).

49

80

450

Phosphor-removal (104 kg∙ha-1∙yr-1)

C-sequestration (105 kg∙ha-1∙yr-1)

500

70

400

60

350

50

300
250

40

200

30

150

20

100
50
0

Base

Kier

80cm

Storm Climate

10

Scenarios

0

Base

Kier

80cm Storm Climate

Scenarios

Figure 14: Total carbon sequestration and phosphorus removal, showing alternative totals based on lower and
higher values for intertidal ecotopes as the upper and lower end of the error bars.
For qualitative analysis, expert opinion data was only available for a limited number of ecotopes. In the absence
of expert opinion data for terrestrial ecotopes, marsh values are applied. However, when comparing
quantitative values, there is an order of magnitude difference between (dry and wet) terrestrial ecotopes, and
marsh ecotopes, such as summer dry and high intertidal ecotopes for many ES. Thus, the effect of using
different qualitative ES values for terrestrial ecotopes is explored for selected ES. The highest and lowest
possible ES supply importance values are used to show the largest possible difference. The selected ES may
likely change depending on hydrological characteristics and include water quantity regulation, the regulation
of extreme events and habitat services. The results show that the range increases with larger tidal range, which
is expected since increased tidal range causes terrestrial ecotopes to be replaced by marsh ecotopes (see Figure
16). The larger ranges for storm and Climate scenarios indicate that for these scenarios, separate values for
terrestrial ecotopes are important.

Change compared to base scenario

25%

20%

15%
Water quantity
regulation
Regulation of
extreme events
Habitat services

10%

5%

0%

Kier

80cm Scenarios Storm

Climate

Figure 15: Qualitative ES supply increases compared to the base scenario, with error bars showing the change
if terrestrial ecotopes have the lowest or highest possible ES supply values.
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6.7

Comparing quantitative and qualitative approaches

This study uses both quantitative data for certain regulating ESs, and qualitative data for a wider range of ESs.
For certain ESs, qualitative data based on expert opinion in Jacobs et al. (2013) and quantitative data based on
a literature review of experimental studies is available that is similarly defined, allowing for comparison (see
Table 12). The ESs that can be compared are carbon sequestration, sedimentation, and nutrient removal and
are shown in Table 10.
Table 10: Change in ES supply compared to the base scenario, comparing ES that are both quantitatively and
qualitatively (highlighted in yellow) assessed.
Quantitative compared to qualitative ESs

Ajar

80cm

Storm

Climate

Sedimentation quantitative (cm/y)

2%

8%

8%

0%

Sedimentation and erosion regulation qualitative

5%

11%

12%

11%

Carbon sequestration quantitative (kg ∙ ha-1∙ yr-1)

7%

35%

44%

36%

Carbon sequestration qualitative

1%

4%

4%

0%

Water quality: N removal quantitative (kg ∙ ha-1∙ yr-1)

0%

5%

11%

15%

Water quality: P removal quantitative (kg ∙ ha-1∙ yr-1)

0%

15%

26%

35%

Water quality: reduction of catchment nutrients load

-1%

-3%

-6%

-12%

Sedimentation
Quantitative and qualitative values for sedimentation generally show similar results, with a small increase in
for Ajar, and larger increases in 80cm and Storm scenarios. The prediction for the Climate scenario does differ,
with sedimentation increasing similarly to Storm and 80 cm based on qualitative values, while quantitative
values show no increase. The difference is caused by a reduction of summer dry and high intertidal ecotopes,
with high sedimentation rates, in favour of permanent intertidal and subtidal ecotopes with relatively lower
sedimentation rates.

Carbon sequestration
The ES importance values provided by Jacobs et al. (2013) are somewhat congruent with those found in the
literature review in this study, with higher values for brackish marshes and lower values for permanently
submerged ecotopes. Notable is that higher carbon sequestration values are found for brackish marshes in this
study, whereas Jacobs et al. (2013) considers freshwater and mesohaline marshes to have similar carbon
sequestration, leading to a very limited increase. No explanation is given for values in Jacobs et al. (2013), so it
remains unclear why a figure is chosen that conflicts with most literature.

Water quality
The removal of nitrogen and phosphorus are also encompassed by the “reduction of excess loads coming from
the catchment” in Jacobs et al. (2013). The reduction according to TIDE can in part be explained by lower values
found for brackish compared to freshwater marsh ecotopes and lower values for intertidal ecotopes compared
to marsh ecotopes. More important is that no distinction could be made between different kinds of marsh
ecotopes for qualitative values. Dry and wet terrestrial ecotopes, which have very low N and P removal values
in quantitative assessment, are grouped together with high intertidal and summer dry ecotopes, which have
high qualitative values. The inability to make this distinction for qualitative values causes water quality
regulation to be overestimated.
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7

Effects of sluice management on biodiversity

Different sluice management will have several effects on biodiversity in the system, changing the species
abundance and composition of birds, fish, seals, benthic life, vegetation, and other species. Biodiversity is
important for ecosystem functioning and often found to be important for the delivery of ESs (Smith et al.,
2017). Biodiversity change can be related to ecotope change and changes in system characteristics. Change
with system-wide effects include increased dam opening improving the connectivity of the system, and quality
factors such as salt intrusion and increased turbidity affecting biodiversity. The changes in biodiversity are
discussed per group of species.

7.1

Changing environmental conditions affecting biodiversity

The salt gradient will decrease the number of species in the brackish zone but increase the number of species
of the entire system in most scenarios (Wijsman et al., 2018; De Leeuw & Backx, 2000). This is because few
species can tolerate a strong fluctuation of salinity, but estuarine species who are not yet present in the system.
These estuarine zones and estuarine species have become relatively rare in the Netherlands (Tangelder et al.,
2017).

Figure 16: The revised Remane diagram by Whitfield et al. (2012) showing the number of certain groups of
species along a salt gradient.
Salt is a major abiotic factor, with many species being unable to tolerate changing conditions. The relation
between a salt gradient and the number of species is shown in Figure 16, with the Haringvliet containing
oligohaline, mesohaline and freshwater zones. The transition to euhaline takes place in the Voordelta area
outside of the Haringvlietdam. Figure 16 shows how the total number of species is lower for the brackish zones,
but how it will also contain several groups of species that are not yet present in the system, such as marine and
estuarine species.
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The salt gradient and thus the biodiversity of the system is different for each scenario, with the Ajar scenario
being a special case because here the salt intrusion is not dynamic but limited to a certain point. When
upstream river flow decreases under the Ajar scenario, the sluices can be closed to limit salt intrusion, for up
to three months. This would flush the system from saltwater turning it fresh, with the new conditions likely to
be unliveable for saltwater species. Such a situation is especially dangerous for organisms that are less mobile,
such as weak swimmers, benthic species and vegetation (Wijsman et al, 2018; Griffioen et al., 2017). The
structure of this chapter is modelled after the food web (see Figure 17), starting with the lower trophic levels
(besides those mentioned in chapter 5.3 on quality) and finishing with the highest trophic level.

Figure 17: An example of the tidal flat food web with primary producers and decomposers being consumed by
crabs and shrimps, fish and waders (Tangelder et al., 2017). It excludes the consumption of crabs
and shrimps by birds, and fish by seals.

7.2

Vegetation

The introduction of a salt gradient and more dynamism will lead to a larger diversity of habitats (Wijsman et
al., 2018). Thus, a natural or restored estuary is a biodiverse system, even though fewer species can tolerate
these conditions (De Leeuw & Backx, 2000). The increase in habitats may be larger than the increase in
ecotopes since habitats also exist within the gradual transitions between ecotopes.
Predicting the vegetation composition that will develop within these ecotopes is difficult, with data on possible
species occurrence in Bouma et al. (2005) conflicting with field studies, such as Van Braeckel et al. (2008). Even
salinity differences are not always adequate, because key species such as Phragmates Australis and
Bolboschoenus maritimus occur across a large salinity gradient (Kaijser et al., 2019). An estimate was made
based on vegetation surveys by Van Braeckel et al. (2008), but this study also shows large inconsistencies
between ecotopes. New species that could occur include several Dutch red list species such as Common Scurvy
Grass Cochlearia officinalis, which grows brackish marshes; (Bouma et al. 2005).
Seagrasses including Zostera marina and Zostera noltii, grow in the permanent intertidal zone and are
important for several other species (Bouma et al., 2005). The return of estuarine characteristics improves the
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habitat suitability for such seagrass meadows (Van Katwijk et al., 2000). Similarly, Ruppia associations (R.
maritima and R. cirrhosa), which are better able to tolerate variability in salinity compared to other species,
may establish in parts of salt marshes (Schaminée et al., 1995). They are considered to be eco-elements and
have important habitat functions, providing shelter to benthic species and food for birds such as Wigeons (Anas
penelope), Brent geese (Branta bernicla) and swans (Cygnus sp.). The succession of vegetation can lead to more
monotonous species compositions, but to what degree this happens strongly depends on factors such as
management (Wijsman et al., 2018).
In conclusion, the diversity of habitats will increase, allowing for the growth of rare plants and the
establishment of eco-elements such as seagrass meadows.

7.3

Benthic fauna

Benthic species perform important functions within the estuary, such as filtering and providing food to species
such as birds. Benthic species diversity strongly depends on water quality factors and can be used as indicators
for disturbances such as organic enrichment, physical disturbance and toxic pollution (Salas et al., 2006).
Consequently, if buried toxic pollution is exposed due to changing erosion patterns in the Storm surge scenario,
benthic life could decrease. Benthos are less mobile and thus strongly influenced by salinity. Figure 18 shows
the Remane diagram found in Whitfield et al. (2012), with the total number of benthic species decreasing in
the brackish zone.

Figure 18: Redrawn Remane diagram showing the number of benthic species along a salt gradient (Whitfield et
al., 2012). The dashed line, representing around 50% seawater, roughly corresponds with the
highest salinity (18) in expected in the Haringvliet (Wijsman et al., 2018).
The diagram (see Figure 18) corresponds with results from field research on the benthic species composition
before the closure of the Haringvliet from the sea. Wolff (1973) found only 34 macrobenthos species in brackish
areas, compared to 157 species in marine conditions. A temporary return to freshwater conditions under the
Ajar scenario is especially problematic for benthic species. Some species could survive freshwater conditions
for a short period of time (5-6 days) by retreating in their shells, but this is far shorter than the prolonged
closure of the Haringvliet sluices that are expected under the Ajar scenario.
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When considering the biodiversity of the entire Haringvliet system with salt intrusion, an increase is expected
due to the concurrent occurrence of marine, brackish and freshwater species. A decrease in abundance is
expected for three benthic invasive species that have established in the Haringvliet: The Zebra mussel
Dreissena polymorpha, which was followed by the Quagga mussel Dreissena rostriformis bugensis in 2005 and
Zwartbekgrondel since ca. 2012. (Schonenberg et al., 2008; Griffioen et al., 2017). Habitats of the more salttolerant sandworm Alitta virens, tidal snail Mercuria anatina, and common shrimp Crangon crangon are
expected to greatly increase with more salt intrusion. Also, a small increase in total benthos habitat is expected
for the Storm surge scenario (Paalvast et al., 1998). Salinity will remain too low for mussels, cockles, and
lugworms, who are important prey for waders. It is important to note that although the number of species in
the brackish zone is lower, the abundance of the species that do occur is much higher (Wijsman et al., 2018).
Climate change can be detrimental to benthic biodiversity, with altered conditions possible affecting dispersal
mechanisms and native species threatened by increased pressure from invasive alien species (OcchipintiAmbrogi, 2007). Additionally, stratification will increase, which can cause low oxygen zones and consequently
decreased benthic life (Elliot et al., 2015). Although more data is needed, low oxygen zones are deemed unlikely
for other scenarios (Paalvast et al., 1998).

7.4

Fish

Increased sluice opening of the Haringvlietdam is expected to have positive effects on fish species diversity and
abundance. Before closure, it provided important functions as entrance and exit for migratory fish and as a
nursery for estuarine and migratory fish (Quak, 2016). Following the closure of the Haringvliet, fish populations
strongly decreased (Hop, 2016). The reopening of the Haringvliet will partially restore those functions,
improving conditions for many fish species (see Table 22 in Appendix X). Firstly, the effects of improved
connectivity are discussed, followed by the nursery and habitat functions and finally the effect of quality
factors.

Improved connectivity
Sluice opening is essential to restore international fish migration between the Rhine, Meuse, and the North
Sea and thus all scenarios aside from base will improve conditions for fish (Van Leeuwen et al., 2004; Griffioen
et al., 2017). In the case of a closed Haringvlietdam, entry is difficult whilst fish are still attracted due to the
freshwater outflow. Removal of the barrier means fewer fish are obstructed from entering the Haringvliet and
forced to take a large and unnatural detour. With a larger degree of sluice opening, it is easier for fish to find
the entrance and access the system. Whereas currently, only strong swimmers can defy the current of the
outflow, weaker swimmers can enter the Haringvliet as well if it is opened during flood tide (Griffioen et al.,
2017).
The degree to which previous functionality is restored depends in large part on the degree of sluice opening.
The benefits are largest in the Storm surge scenario and slightly less in the 80 cm scenario, where sluice opening
is larger, and closure is rare and of short duration. Benefits compared to the base scenario are smallest in case
of the Ajar scenario, since sluices can be closed for an expected period of up to 3 months and sluice opening is
smaller (Wijsman et al., 2018). The closure is most likely to occur during September and October, coinciding
with the fall migration season, which has a negative impact on Salmon Salmo salar and River lamprey Lampetra
fluviatilis particularly (Griffioen et al., 2017).
The report by Griffioen et al. (2017) concludes that the Ajar scenario will improve the ability of diadromous fish
to enter the Haringvliet. Thus, the population of these species will increase in the Haringvliet. The degree to
which sluice opening will lead to total population recovery of diadromous fish is dependent on several other
factors, such as fishing, water quality, pathogens in the system, and the recovery of nursery habitat further
upstream. Table X shows fish species expected to benefit from the opening of the Haringvliet. This includes the
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critically endangered European eel Anguilla Anguilla, European sea sturgeon Acipenser sturio and the
vulnerable Whitefish Coregonus maraena, which replaced the extinct original migratory population (Freyhof,
2011).

Change in habitat area
How the increased tidal range will affect habitat area for fish is unclear. Most fish live in the shallow zones close
to the shores of the Haringvliet, with fewer fish living in open water, especially the deeper water (Hop, 2016).
Even though the surface area of the shore zone is relatively small, this zone houses most individuals and fish
biomass. With increased tidal range, the surface of permanently inundated ecotopes are replaced by
permanent intertidal ecotopes. These tidal flats house many benthos, making them valuable foraging habitat
for fish during high water (Wijsman et al., 2018).

Quality factors and fish population
Salinity, its covariates, and low oxygen concentrations are important factors of determining species
compositions and abundance in an estuary (Martino & Able, 2003; Maes et al., 1998). Since the occurrence of
low oxygen concentrations is deemed unlikely (Paalvast et al., 1998), the focus is on the effects of salinity on
fish populations. The effects of the various quality factors are highly species-specific, depending on changing
factors and processes, such as river flow (Quak et al., 2016).
With the introduction of a salt gradient, habitat area will increase for salt-tolerant species and decrease for salt
intolerant species, with area depending on tide and river flow (Quak, 2016). Certain fish species can endure
lesser than ideal salinity conditions, but these sublethal conditions are associated with high energy use.
Consequently, the conditions of these fish decreases (Komoroske et al. 2016). Depending on their
osmoregulatory abilities, freshwater fish will avoid saline areas. Examples of freshwater fish species expected
to experience a decrease in habitat are Zander Sander lucioperca, European perch Perca fluviatilis, and
Common roach Rutilus rutilus (Quak, 2016).
Before closure, the Haringvliet performed an important function as a nursery for many species, including
estuarine (European smelt, European flounder, eel, herring) and migratory fish species (salmon, Allis shad,
Twait shad, river lamprey). Relatively the low salt intrusion compared to the conditions before close will not
result in a major recovery of the nursery function. Benefits are limited to salt-tolerant species (herring,
European sprat), especially if sluices are temporarily closed in case of low river flow (Quak, 2016). Saltwater
fish are able to enter the Haringvliet, increasing their total habitat. However, if prolonged dam closure occurs
in the Ajar scenario, there is a good chance that salt-water fish are trapped. A similar problem occurs at the
Afsluitdijk sluices, where it is assumed large numbers of saltwater fish perish when they are not able to return
to saltwater conditions (Griffioen et al., 2014)
The saltwater poses a risk to freshwater fish if they are unable to return to freshwater in time. In the base
scenario, the salt gradient is outside of the Haringvliet system and freshwater is flushed. Because of this
flushing, thousands of kilos of freshwater fish are estimated to be flushed out daily (Kemper, 1997). There is
only limited evidence for the Zander that fish can return after being flushed out (Vis, 2017). If the sluices are
opened during flood tide, these fish are better able to return to the Haringvliet. Having a salt gradient present
within the Haringvliet system would help freshwater fish to avoid coming to close to the Haringvlietdam and
being flushed out. This would benefit freshwater fish such as Zander, Roach and European perch. Under the
Ajar scenario, it is unclear whether the flushing of freshwater fish will decrease since the salt gradient will still
be at the Haringvlietdam at average flow rates (Quak, 2016). For 80 cm tide and Storm surge scenarios, the salt
gradient lies further within the Haringvliet system and passing through the dam is easier, thus the risk of
flushing out will likely be lower.
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7.5

Birds

The effect of dam opening on bird populations is positive for nearly all bird species, with benefits increasing
with increased dam opening (Wijsman et al., 2018). This is a result of several factors, including the increased
provision of certain foods and the restoration of important ecotopes for bird species. The effects of the Ajar
and other restorative measures on 41 area-specific bird species were studied in detail by Kleunen et al. (2018),
and the effects of other scenarios are discussed by Wijsman et al. (2018). In this chapter, a short synthesis of
the literature of bird biodiversity in different scenarios is given.

Bird habitat
Changing tidal range and salinity alters the habitat composition of the estuary, which can have specific effects
for each functional group. Tidal flats are important for waders and water birds, who can forage on the benthos
at low water. These include the Dunlin, Common redshank, Spotted redshank, Common greenshank, Grey
plover, Eurasian teal, Gadwall, Eurasian wigeon, and Common shelduck. Increasing the foraging area for the
waders and water birds would require larger sluice opening than is the case with the Ajar scenario (Kleunen et
al., 2018). The surface of tidal flats that form their foraging area increases in the 80 cm and Storm surge
scenarios and is largest in the Climate scenario (Wijsman et al., 2018).
The vegetation of summer dry, high intertidal ecotopes and the permanent intertidal zone consists in large part
of reed (Van Braeckel et al., 2008), which is beneficial to birds depending on this type of habitat. The increase
in extensive reed beds will benefit marsh birds such as the Western marsh harrier, bluethroat, sedge warbler,
marsh warbler, common reed bunting, Cetti's warbler and bearded reedling. The area of summer dry, high
intertidal and permanent intertidal ecotopes is 19% higher in the 80 cm and 28% higher in the Storm surge
scenario.
Ecotope surface suitable for marsh birds would decrease, but the quality of freshwater marsh in the east is
expected to improve if estuarine characteristics are restored (Wijsman et al., 2018). This would mean a net
improvement of breeding and foraging area for these birds, as well as improvement for birds who depend on
pioneer vegetation for foraging and breeding.
Increasing salt levels will slow down the succession of vegetation, which is expected to increase bird breeding
habitat. Existing breeding habitat that is affected by salt will be a suitable habitat for longer periods. Suitable
habitat can further be increased by occasional management, removing vegetation (Wijsman et al., 2018).

Food provision
With increased sluice opening more fish are able to enter the Haringvliet (Griffioen et al., 2017), leading to an
increased amount of prey for fish-eating birds close to their breeding habitats (Kleunen et al, 2018). The
benefits for fish-eating birds increase with a higher degree and frequency of sluice opening, and a larger mixing
zone within the Haringvliet. The foraging area for benthos consuming birds will increase, but due to salt
intrusion, the composition of available food changes. The overall effect is expected to be positive for waders
and water birds. However, the decreased abundance of freshwater benthos, the invasive zebra and quagga
mussels, could negatively affect diving ducks. Diving ducks, such as the tufted duck, Gadwall and vulnerable
common pochard feed intensely on these mussels (BirdLife International, 2017; Hamilton et al., 1994). Food
provision for fish-eating birds (Kleunen et al., 2018) and benthos eating birds, could be negatively affected in
case of a prolonged closure of the sluices under the Ajar scenario.

Population changes
The recovery of most bird species is positively related to increased sluice opening. In the case of the Ajar
scenario, a small improvement is expected for 21 species out of 41 area-specific species considered, which
includes 6 Dutch red list species (ringed plover, Kentish plover,
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little tern, Sandwich tern, and common tern) (Kleunen et al., 2018). Diving ducks could be negatively affected
by the Ajar. The effects of nature development and restorative measures are expected to be positive for 27
species, including 6 red lists and to have no effect on the Tufted duck and Gadwall. Further recovery is expected
under the larger opening of the 80 cm tide and Storm surge scenarios.

7.6

Seals

In the base, scenario seals currently only occasionally enter the Haringvliet system but are expected to increase
with larger sluice opening (Schop et al., 2018). This improvement will largely stem from improved access,
increasing the likelihood of the grey seal Halichoerus grypus and common seal Phoca vitulina entering the
Haringvliet system. Increased sluice opening also has morphological effects that positively benefit seals,
especially the increase in tidal flats with little human disturbance. In the Haringvliet, prime resting places for
seals are the Slijkplaat and Ventejagersplaten. The surface of these tidal flats will increase in the 80 cm tide
and even more so in the Storm surge scenario but will decrease in the Climate scenario (Schop et al., 2018;
Wijsman et al., 2018). The salt intrusion may slow down vegetation development (Wijsman et al., 2018),
increasing the potential resting area for seals.
The expected increase in fish abundance (Griffioen et al., 2017), would also increase food provision for seals.
Not much is known about the diet of seals in similar freshwater bodies, but it is known that freshwater fish can
be part of their diet.
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8

Synthesis

The ecosystem characteristics, the supply of ecosystem services (ESs) and biodiversity in the Haringvliet system
are analysed for five scenarios. In this chapter, the results for each aspect are summarized for each scenario
(see Table 11). For brevity, qualitative ES are grouped based on Table 12 (see Appendix I) and only quantitative
values are shown in cases of overlap.
Table 11: The main changes in ecosystem characteristics, ESs (quantitatively and qualitatively assessed) and
biodiversity per scenario.
Indicator

Specification

Base Ajar 80 cm

Storm

Climate

Salt intrusion

Area with salinity > 0.3g Cl∙l-1

0%

18% 33%

44%

57%

Tidal range

At Hellevoetsluis (m)

0.42

0.42 0.8

1.3

1.3

Average water level

NAP at Hellevoetsluis (m)

0.46

0.46 0.30

0.30

0.65

Intertidal ecotopes

As % of total area

27%

27% 32%

35%

33%

Sedimentation

105 m3∙yr-1

23

2%

8%

8%

0%

Carbon sequestration

106 kg∙yr-1

18

7%

35%

44%

36%

N removal

105 kg∙yr-1
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0%

5%

11%

15%

P removal

104 kg∙yr-1

49

0%

15%

26%

35%

PM10 capture

104 kg∙yr-1

27

-4%

1%

-1%

-12%

Provisioning services

Expert opinion

-

4%

3%

3%

6%

Water quantity regulation

Expert opinion

-

6%

11%

15%

20%

Regulation of extreme events

Expert opinion

-

3%

8%

9%

7%

Habitat services

Expert opinion

-

3%

7%

8%

10%

Fish

Estimate based on literature

-

++

+++

++++

+++

Benthos

Estimate based on literature

-

+

+++

++++

+++

Birds

Estimate based on literature

-

+

++

+++

++

Seals

Estimate based on literature

-

-

++

+++

+++

Ecosystem Service quantitative

Ecosystem Service qualitative

Biodiversity

Base scenario
In the base scenario, the Haringvliet is a freshwater system with minimal tidal amplitude and low flow speeds.
The building of the Haringvlietdam greatly reduced the area of intertidal and brackish nature and greatly
increased sand hunger. Large amounts of ESs are already supplied by large areas of ecotopes with high
ecosystem supply importance. Almost 2.3 million m3 of sedimentation occurs and ca. 18000 tons of carbon is
sequestered. This translates to nearly 66000 tons of CO2, compensating the emissions of ca. 6900 Dutch citizens
(World bank, 2019). Water quality is improved by the removal of excess nutrients, with ca. 5800 tons of
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nitrogen and ca. 500 tons of phosphorus being captured. Air quality in the area is improved due to the capture
of almost 540 tons of particulate matter.
The Haringvlietdam forms a barrier that is detrimental for migratory fish and several estuarine and other fish
species. Consequently, fish species in the base scenario are mostly freshwater species. Freshwater fish,
especially weaker swimmers, are often unable to re-enter the Haringvliet system if they are flushed out, likely
causing mass fish death. The Haringvliet also houses freshwater benthos, consumed by many waders and water
birds. Additionally, many marsh birds reside in the Haringvliet.

Ajar scenario
The sluices are opened slightly during flood tide for circa 9 months a year in the Ajar scenario, allowing for
limited saltwater intrusion, but almost no change in the tidal range. About 18% of the area is transformed into
brackish ecotopes, leading to minor changes in the ES supply. Most ES increase slightly, at 7% for carbon
sequestration, 6% for water quantity regulation, 4% for provisioning services and 3% for both the regulation of
extreme events and habitat services. Other ES stay stable, while PM10 capture decreases with 4%.
The biggest biodiversity improvements are for fish, which will have better entry into the Haringvliet most of
the year. This improves conditions for some endangered migratory fish such as the critically endangered
European eel and European sea sturgeon. Fish that are flushed out can re-enter 9 months a year, reducing fish
death. The increased number of fishes is beneficial to fish-eating birds. The total number of benthic species
increases as the conditions allow for some estuarine species, although the expected closure of the Ajar 3
months a year and consequent absence of brackish water will kill most. Seals will likely remain unable to enter
the Haringvliet system.

80 cm tide scenario
The tidal characteristics are partly restored, with a tidal range of ca. 80 cm and a dynamic salt gradient. A third
of the area is influenced by saltwater and the area of intertidal ecotopes increases, leading to large changes in
the supply of some ES. Compared to the Ajar scenario, increases in quantitative ES are large, with
sedimentation increasing 8%, carbon sequestration 35%, N removal 5% and P removal 15%. Total PM10
capture remains stable, although its spatial distribution changes (see Figure 11). Increases in qualitative ES are
at 3% for provision services, 11% for water quantity regulation, 8% for the regulation of extreme events and
7% for habitat services.
Due to a large sluice opening that is nearly permanent, fish are better able to pass through the Haringvlietdam.
Besides improved access for migratory fish and more available habitat for other species, weaker swimmers are
no longer at risk from being flushed out. Benthic biodiversity increases as the permanent brackish conditions
allow estuarian species to establish in the Haringvliet. Fish-eating birds benefit from the increased fish supply,
while waders and water birds profit from increased foraging habitat in the intertidal zone. Marsh birds also
benefit from more areas with reed beds. Depending on the configuration, the opening may be large enough to
allow seals to enter the Haringvliet system.

Storm surge scenario
With the sluices fully opened except in extreme conditions, there is a large increase in brackish intertidal
ecotopes as the tidal range increases to 1.3 m and salt intrusion reaches 44%. The increased tidal range will
lead to less erosion of unprotected shores and possibly increased silt capture in protected shores (Wijsman et
al., 2018).
Quantitative ES supply generally increases more than in the Ajar and 80 cm scenarios, with sedimentation
estimated to increase 8%, carbon sequestration 44%, N removal 11%, P removal 26%. The total amount of
PM10 capture hardly changes, but the spatial distribution does, as lower PM10 capture due to salt intrusion is
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compensated by higher PM10 capture in areas where unvegetated shallow water ecotopes are replaced by the
vegetated permanent intertidal ecotopes. Changes in qualitative ES supply are similar to the 80 cm scenario,
albeit slightly higher for water quantity regulation (15%), regulation of extreme events (9%) and habitat
services (8%).
The Storm surge scenario has positive effects on biodiversity and populations of fish, benthic fauna, birds and
seals. The complete opening of the sluices during high tide makes it easier for fish to enter the Haringvliet
system, migrate, forage or reproduce. Seals will also be able to access the Haringvliet system. The diversity of
benthic fauna increases as the salinity gradient allows for estuarine species to settle. Invasive quagga and zebra
mussels suffer under higher salinity, affecting the food supply of some diving duck species. With the largest
percentage of intertidal ecotopes, this scenario provides the most foraging habitat for waders and water birds,
and sandbanks for seals to rest on. Fish-eating birds and seals profit from the larger fish supply.

Climate scenario
The full effects of climate change on biodiversity and ES are not calculated due to a lack of data and time
constraints, so results are only calculated based changes in ecotope surface area and sluice opening. Outside
of sea-level rise and river discharge changes, climate change will also affect temperature, the nutrient cycle,
stratification, wind and coastal storm activity, species composition and ecosystem functioning (Statham, 2012).
Potential threats for the Haringvliet include increased eutrophication, invasive alien species, and increased
extreme weather conditions.
Sluices are fully opened in the Climate scenario and the average water level is 35 cm higher. Consequently, salt
intrusion is the highest of all scenarios at 56%. Due to higher water levels in combination with a tidal range of
1.3 m, the permanent intertidal zone area is 30% of ecotopes, while other ecotopes above mean low water
level combined total at only 6%. Because brackish marsh ecotopes are replaced by permanent intertidal
ecotopes, carbon sequestration decreases by ca. 5% compared to the Storm surge scenario. Fewer ecotopes
above the water level, especially summer dry ecotopes, causes sedimentation to reduce by around 7%. High
salt intrusion and fewer vegetated ecotopes cause an 11% drop in PM10 capture compared to Storm surge.
However, more permanent intertidal ecotopes lead to increases of 4% for N removal and 7% for P removal.
Qualitative ES remains similar to Storm surge, with a 3% increase in provisioning services, a 4% increase in
water quantity regulation, a 1% increase in habitat services and a 2% decrease in the regulation of extreme
events.
Biodiversity due to ecotope change and improved accessibility to the Haringvliet system is expected to
improve. Fish benefit from better accessibility and benthic fauna will also include estuarine species, although
they might suffer from climate change effects, such as stratification. A large amount of permanent intertidal
ecotopes provides valuable habitat for waders, water birds and seals. Higher water levels will lead to a decrease
in marsh ecotopes with reed beds, reducing habitat for marsh birds.
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9

Discussion

9.1

Challenges in comparing ecotopes definitions and typologies

The large number of different ecotope definitions and typologies complicates the comparison of studies
assessing ecological change (De Jong, 1999). Typologies often have different numbers of ecotopes and the
boundaries between ecotopes are differently defined. However, the most important boundaries are generally
similar, such as fresh and brackish water, and mean low and mean high water. When boundaries are defined
differently, they are often still comparable. For example, the inundation frequency can be deduced from
elevation and tidal characteristics, allowing the typologies in Van Braeckel et al. (2008) and Wijsman et al.
(2018) to be harmonized. Recognizing comparable boundaries allowed most typologies to be harmonized. For
this purpose, typology keys are created. These show the boundaries in relation to those in other typologies and
to which degree they can be harmonized. The typology keys also demonstrate that harmonization was largely
successful for the most important boundaries. To prevent similar complications in the future, studies on
ecotopes should also provide typology keys, especially when new typologies are proposed.
Creating discrete units for ecosystems, which generally have gradual transitions, is inherently problematic
(Bouma et al., 2005). In ecology, ecotones are generally used to describe these transition zones (Holland, 1988).
However, this does not affect the results because there are several ecotopes that describe these transition
zones, such as summer dry ecotopes. Furthermore, the scale of ecotopes is such that ecotones found in
literature generally contain multiple ecotopes (Holland et al., 1990; Janauer, 1997; Atrill & Rundle, 2002).
Vegetation predictions based on various typologies that use abiotic boundaries, such as in Bouma et al. (2005),
often do not accurately reflect observed vegetation (Van Braeckel et al., 2008). This issue was addressed by
using observed vegetation data from Van Braeckel et al. (2008). The degree to which the ecotopes from
Wijsman et al. (2018) accurately describe the base scenario has not been tested in this thesis, due to limited
time and resources. However, Knotters et al. (2008) did verify similar ecotopes and concluded the ecotope
maps by Rijkswaterstaat for the areas above mean low water were 47.8% accurate. The typology validated by
Knotters et al. (2008) is far more detailed, with 42 different ecotopes, discerning for example over 15 closely
related types of freshwater swamps. Since the typology in Wijsman et al. (2018) makes far fewer distinctions,
the accuracy is probably higher. The effect of inaccuracies in vegetation predictions on the results is very
limited, since these are mostly used for the analysis of PM10 capture. Most ES data is matched using abiotic
boundaries on hydrological characteristics based on a model with low uncertainties (Wijsman et al., 2018).
Nonetheless, the ecotope typologies in Wijsman et al. (2018) and similar studies should be verified, to
determine what typology best reflects reality.

9.2

Challenges in the spatial analysis of ecosystem change

Ecotopes indicate how the Haringvliet will change under different scenarios but due to limited resources,
several factors are excluded, such as morphology, vegetation development, and modelling limitations. These
factors and their possible effects on the results are briefly discussed.
Firstly, the Noordwaard area, which would likely add over 4500 ha of valuable intertidal nature (Wijsman et
al., 2018) and several natural areas in connection to the Haringvliet, such as the Voordelta or areas upstream,
are excluded. These areas will also benefit from for instance improved access for migratory fish, increased
water quality and restored estuarine characteristics. Because these areas are excluded, the total ESs and
biodiversity increases are underestimated. Secondly, obstruction by dikes is not included in spatial analysis,
leading to an overestimate of the intertidal area. However, based on preliminary spatial analysis and estimates
by Kopa (2018), the area possibly protected by dikes is limited to ca. 6.5% or around 1500 ha and even less
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when subtracting areas for which restoration measures are proposed. Thirdly, modelling data considers a
period of 10 years (Wijsman et al., 2018). Consequently, the results are less relevant outside of this timeframe.
Fourthly, the dry terrestrial ecotopes that are part of the built environment are not excluded from the
estimates. However, because the built-up area covers less than 1% or ca. 150 ha (Kopa, 2018) and generally
have low ES values, the effect of considering the built-up area as dry terrestrial ecotopes is very limited. Since
any areas that are accidently included are dwarfed by the areas that are excluded, the benefits are
underestimated.
Fifthly, the effect of spatial variability of ecotopes with similar hydrological characteristics is excluded from the
analysis. For instance, ecotopes with lower elevation at the marsh edge will develop different vegetation than
those in the middle of a marsh (van Braeckel et al., 2008). The analysis can be refined based on modelling data
by Gyselings et al. (2011) and by including management factors. The effects on the results are limited, since
vegetation cover is only important for PM10 capture and differences between PM10 capture rates for relevant
functional vegetation groups are low. The location in relation to other ecotopes also affect sedimentation rates,
with higher sedimentation occurring near the marsh edge (Ma et al., 2014). However, the sensitivity analysis
shows that variation in sedimentation rates for intertidal ecotopes has a limited effect, since most
sedimentation occurs in subtidal ecotopes.
Currently, no reliable models for salt intrusion in the Haringvliet exist (Paalvast, 2016), but historical data
(Wolff, 1973), test data, modelling (Noordhuis, 2017) and expert opinion generally provide a good indication
(Wijsman et al., 2018). Preliminary analysis shows that the impact on the results is limited to carbon
sequestration in the 80 cm scenario and climate scenario, because only in these cases the uncertainty range
contains a sizable area with ecotopes that have higher carbon sequestration under salt intrusion. For the 80
cm scenario, carbon sequestration changes by 6% if the salt intrusion boundary is moved to the edge of the
uncertainty range. Effects are smaller for the Storm surge and larger for the Climate scenario.
Spatial analysis by Wijsman et al. (2018) represents the salt intrusion as a straight line, disregarding elevation.
However, Van Braeckel et al. (2008) shows that the occurrence of certain plant species within an estuary
depends on both salt gradient and height relative to MHW. Therefore, the salt gradient cannot be regarded as
a straight line that disregards elevation. The effect on the results is minimal because dry terrestrial ecotopes
form only a few percent of the total and ES values for freshwater and brackish dry terrestrial ecotopes are very
similar. Salt intrusion estimates also exclude the variability in salt intrusion that was present in the historical
situation (Wolff, 1973). This is irrelevant for the Base and Ajar scenario, where salt intrusion is not variable. For
the other scenarios, the salt intrusion boundary represents the largest average salt intrusion, which is
ecologically the most relevant boundary (Gyselings et al., 2011). The effect of occasional salt intrusion beyond
the salt intrusion boundary is included by using vegetation cover data for the freshwater zones adjacent to the
oligohaline zone, where occasional salt intrusion occurs.

9.3

Challenges in determining ecosystem-service supply per ecotopes

ES supply per ecotope was assessed based on two methods; expert opinion, referred to as ‘qualitative’, and
data from field and modelling studies, referred to as ‘quantitative’. Due to limited data, ES supply per ecotope
for both methods were largely based on studies outside of the Haringvliet. Finding data from comparable
systems was difficult due to the uniqueness of the Haringvliet, the complexity of sedimentation mechanics and
the difficulties with harmonizing ecotopes from different studies. A major difference is that most values are
not based on estuaries with a dam at their opening. In this regard, comparability also differs per scenario, being
higher for scenarios with larger dam opening and less for the base scenario.
The sensitivity analysis shows that the ecotope ES values which have the largest impact on the calculated totals
are mostly freshwater intertidal and subtidal ecotopes. While 75% of the selected quantitative ES per ecotope
values score high or medium for comparability, 25% score low. For sedimentation, nitrogen removal and PM10
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ES values scoring high or medium are available for the most relevant ecotopes. Comparable ES values are
lacking for phosphorus removal in freshwater intertidal ecotopes and carbon sequestration in freshwater and
brackish intertidal ecotopes. Although comparable values for carbon sequestration per ecotope are lacking,
the selected ES values are close to the average or within the first and third quantile (see Figure 14).
All qualitative values are based on ES supply importance values for four estuaries in North-Western Europe
that are similar to the Haringvliet (Jacobs et al., 2013). Because qualitative ES values for dry and wet terrestrial
ecotopes are absent, values for marsh ecotopes are used. The sensitivity analysis shows that alternate expert
opinion ES values for dry and wet terrestrial ecotopes have a very limited effect on Ajar and 80cm scenarios,
but slightly larger for Storm surge and Climate scenarios. Using alternative values has the largest effect on
water quantity regulation in the Climate scenario, which increases by 19% based on marsh ES values and 13%
when using the lowest possible value for terrestrial ecotopes.
Besides comparability to the study area, methodological differences can result in different ES values. In some
cases, comparability considerations conflicted with methodological differences, complicating the selection of
ES values. For instance, carbon sequestration values differ strongly depending on the inclusion of other
greenhouse gas fluxes, mainly CH4 and N2O (Weston et al., 2014; Witte & Giani, 2016). Despite being essential,
several studies do consider all mechanisms. Nitrogen removal also depends on several pathways, such as burial
and nitrification, but many studies consider only one pathway. For quantitative values, the selected values
generally include the most important mechanisms, especially for the ecotopes where most carbon
sequestration and nitrogen removal occur. In some cases, the selected value is the sum of two studies focusing
on different mechanisms (e.g. nitrification values added to burial for nitrogen removal in brackish tidal flats).
The mechanisms are also not specifically mentioned for the qualitative ESs. However, because the data is
provided by experts in the field of ES supply in estuaries, the most important mechanisms are likely included.

9.4

Challenges in analysing total ES supply

This thesis provides results on the supply of over 20 ESs, based on the most recent ecotope data. The analysis
of this many ESs required to make some simplifications which may affect total ES supply.
The total ES supply is a conservative estimate, because several connected areas are excluded that probably
benefit from alternative sluice management. For example, the Noordwaard is excluded, which contains over
4500 ha of additional ecotopes. Especially in the Storm surge scenario, this area is mostly intertidal ecotopes
(Wijsman et al., 2018). Thus, an estimated 7500 tons of carbon sequestration and over 1300 tons of nitrogen
removal are excluded from the total ES supply.
An important limitation is that ecotope ES values are assumed to be similar for all scenarios, so the total ES
supply only changes based on ecotope distribution. Data and resources were too limited to include the effects
of ES quality factors, such as flow rates, non-linearities and spatial variability that affect ES such as
sedimentation (Temmerman et al., 2003; Olde Venterink et al., 2006) and the moderation of extreme events
(Möller & Spencer, 2002). However, Böhnke & de Groot (2010) indicate that the changes in ES quality factors
positively affect the supply of most ES when restoring estuarine conditions. Thus, the presented increases in
total ES supply are cautious estimates.
Due to limited time and resources, my ES analysis ignores certain costs and benefits which can directly be
countered by certain measures. Expected benefits include the reduced erosion of unprotected shores and
reduced silting up of gullies (Wijsman et al., 2018). Ignored costs are chiefly the possible exposure of past
pollutants and reduced freshwater provision. Measures to negate these costs and benefits include building
shore protection, translocating freshwater inlets and dredging. For Ajar and Storm surge scenarios, the effects
on biodiversity, ESs and measures to address these issues are discussed in detail by Hees & van Peters (1998b).
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The results show almost no changes in cultural services supply, in contrast to Van Beukering et al. (2019) and
Böhnke & de Groot (2010), who expect cultural services to increase with increased dam opening. The limited
change in cultural services in my thesis is due to the exclusion of important ES quality factors, such as improved
accessibility and biodiversity. More extensive analysis and results on cultural services can be found in the main
report by Van Beukering et al. (2019).
The Climate scenario is simplified, with only hydrological factors being considered and excluding possible
sedimentation between now and 2050. Consequently, uncertainties are higher for the Climate scenario
compared to other scenarios. Since both sluice management and discharge factors are different for the Climate
scenario, comparison with the base scenario is difficult. Thus, the Climate scenario is also compared to the
storm scenario, as both sluices are fully opened. Future analyses would benefit from including more factors
that are affected by climate change. Important factors include the effects of increased in wind and wave energy
on erosion (Butzeck et al., 2015).
Total ES supply is based on ecotope ES values that were not always comparable, which is addressed in the
sensitivity analysis. First, the ecotope ES values that have the largest influence on total ES supply were
identified. Then, alternative ES supply totals was calculated, using lower and higher alternative values for
ecotope ES values with the largest influence (see Figure 19 in Appendix IX). The resulting uncertainty ranges
are limited for sedimentation, higher for phosphorus removal, PM10 capture and nitrogen removal, and largest
for carbon sequestration (see Table 22 in Appendix IX). While the uncertainty for carbon sequestration is
highest, the uncertainty comes largely from the upper end. For instance, if higher and lower ES values are used
for intertidal ecotopes in the Ajar scenario, carbon sequestration is either 119% higher or 11% lower than the
selected values. Considering that the selected ES values are on the lower end of the range shows that although
uncertainties are high, the ES supply estimate is conservative. Uncertainties are lowest for sedimentation,
which is either 9% higher or 5% lower if alternative ecotope ES values are used. Results for sedimentation
mostly relies on the model output data provided by Wijsman et al. (2018), since the underlying model by Becker
et al. (2015) was not available for use. Because a specific model already exists, uncertainties can probably be
reduced further if this model was shared.
The changes in ES supply in this thesis can be compared to Kopa (2018), who applies a comparable method for
several of the same ESs. Storm surge is most similar to Scenario 4 in Kopa (2018), although salt intrusion is
larger in Kopa (2018) and a small fraction consisting of built-up area and cropland is excluded. Furthermore,
the model used in Kopa (2018) ignores the effect of lower mean water levels in the Storm surge scenario, which
cause an 8% decrease in subtidal ecotopes. Since these are mostly replaced by intertidal ecotopes that have
high ES supply values, the model in Kopa (2018) underestimates the increase in total ES supply.
In this thesis, total sedimentation is estimated to be much higher than in Kopa (2018). This is because
Haringvliet specific sedimentation values are used for shallow and deep (subtidal) water ecotopes that consider
the presence of the Haringvlietdam, reducing flow speed and causing substantial sedimentation (Wijsman et
al. (2018). Kopa (2018) however, uses (near) zero values for deep and shallow water ecotopes. Furthermore,
the difference in sedimentation between freshwater and brackish ecotopes is much larger for most ecotopes
in Kopa (2018). Combined, this leads to larger changes between scenarios. Interestingly, Kopa (2018) assigns
the highest sedimentation rates in freshwater ecotopes to ecotopes with the lowest flooding frequency, in
contrast with most literature (Dyer et al., 2002; Dijkema et al., 2010; Temmerman et al., 2003; Marion et al.
2009). Kopa (2018) also considers nitrogen and phosphorus removal and freshwater carbon sequestration in
subtidal ecotopes to be (near) zero. This is unlikely because sedimentation occurs in these ecotopes and
consequently the burial of carbon, nitrogen, and phosphorus (Ruijgrok et al., 2006). This thesis estimates
changes in PM10 capture to be smaller because brackish marshes are considered as vegetated ecotopes which
capture PM10, while Kopa (2018) assumes PM10 capture rates of zero. Additionally, vegetation estimates on
which PM10 capture values are based are more detailed, with ecotopes consisting of mixed vegetation instead
of Kopa (2018), who for example considers all dry and wet terrestrial ecotopes to be forests.
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9.5

Challenges in analysing biodiversity change

The results show that improving biodiversity does not conflict with improving ES supply. While salt intrusion
will lead to a decrease in freshwater mussels that provide several ESs (Vaughn, 2018), these will probably be
replaced by other valuable eco-elements such as oyster beds (Böhnke & de Groot, 2010).
Biodiversity change was estimated based on a literature review, using four main reports that provide detailed
information specific to the Haringvliet. Since most research has focused on the effects of the Ajar scenario, the
uncertainties around biodiversity change are higher for the other scenarios. The analysis is founded on the
processes underlying biodiversity change found in literature and data for ecotopes and ecosystem
characteristics. The analysis can be improved by including spatial analysis of hotspots for fish density, which
was excluded due to limited time and resources. Spatial data in Wijsman et al. (2018) could be combined with
data on fish density hotspots, such as the shore zone (Hop, 2016). The effects of spatial changes on biodiversity
can be improved by considering minimum contingent area requirements for certain species, which was
excluded due to limited data.
While estimates can be improved upon, actual gains for biodiversity depend strongly on human interactions.
For fish species to benefit, fishing should be restricted, especially for endangered and target species, and
upstream habitat should be improved (Griffioen et al., 2017).
Additional research on sluice configuration could also be beneficial to decision-makers since the reports
conflict on this matter. For fish (Griffioen et al., 2017) a concentrated large opening is most beneficial, while a
wider arrangement is beneficial for birds (Kleunen et al., 2018). Coast bound fish-eating birds will benefit from
having the large opening near the coast but facilitating these predators will always be at odds with restoring
the fish population. Similarly, larger sluice opening allows for additional predation by seals (Schop et al., 2018).
Future research could consider the effects of these interactions, for which data is currently too limited. The
gradual restoration of estuarine characteristics in the Haringvliet provides a great opportunity to study such
changing interactions.
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10

Conclusion

What are the definitions and typologies of the main ecotopes in the Haringvliet system and how can
they be harmonized?
The main ecotopes used to describe the ecological change in the Haringvliet are based on hydrological
properties and salinity zones and found in Wijsman et al. (2018), Kopa (2018) and Ysebaert et al. (2013b). Many
ecotope definitions, typologies and/or classification systems exist, which are compared to use ecosystem
service (ES) data from different studies. Ecotope in this study is defined as “more or less homogenous units on
a landscape scale, which are recognizable due to their similarities and differences in geomorphological and
hydrological characteristics, vegetation structure and land use” (Bouma et al., 2005). Near synonyms or
concepts similar to the ecotope in other studies include biotope, physiotope, habitat, nature type,
management type, vegetation type, ecosystem, and eco-elements. The definitions of the spatial units found in
literature can strongly diverge, making it very difficult to harmonize the units of some studies to those used in
Wijsman et al. (2018). In these cases, several assumptions need to be made about factors such as nature
management and vegetation composition. The hard boundaries of ecotopes conflict with the gradual
boundaries in ecosystems. In the absence of real boundaries, the large number of ecotope definitions and
boundaries can be chosen, differing strongly per study.
The classification systems used in Wijsman et al. (2018), Kopa (2018) and TIDE (Jacobs et al., 2013) are based
on Bouma et al. (2005) but exclude certain factors due to their absence in the system and/or a lack of data,
and set different boundaries leading to different typologies. Although the definition in Bouma et al. (2005)
includes biotic factors, the factors on which the boundaries for estuarine ecotopes are based all abiotic, similar
to physiotopes.
Different ecotope typologies are harmonized using physiotopic descriptions, if necessary, in combination with
(expected) vegetation descriptions. Harmonizing is best possible for ecotopes that have similar classification
systems, where typologies are based on the same set of decisions and only adjustment for different boundaries
or merging is needed.
Harmonizing is more complicated for ecotopes using different definitions and classification systems. In such
cases, often more limited physiotopic information in combination with basic vegetation descriptions was
harmonized. Harmonizing based on vegetation descriptions was problematic because observational studies
differed from studies drawing on literature on simplified succession models or species occurrence tables. The
ecotopes in Wijsman et al. (2018) only describe expected vegetation, and its species composition was
estimated using observation data in Van Braeckel et al. (2008).

What are the changes in ecotopes’ spatial distribution and their characteristics in the Haringvliet
system per sluice management scenario?
Increased dam opening outside of high tide will increase tidal range and lower the average water level, leading
to more intertidal ecotopes in 80 cm, Storm surge compared to Base and Ajar scenarios. Compared to Storm
surge, the higher water levels in the Climate scenario decrease the intertidal ecotope area.
Salt intrusion is highly important as it affects the ecosystem in many ways, but it cannot yet be modelled
accurately for the Haringvliet and depend on historic data and expert opinion, leading to high uncertainties
(Ysebaert et al., 2013a) and differences between studies on the Haringvliet. Salt intrusion increases with larger
sluice opening and is highest in the Climate scenario due to higher water levels in addition to full sluice opening.
In the 80 cm, Storm and Climate scenarios, the salt gradient is dynamic, moving through the Haringvliet
depending on tides and upstream river flow. In the Ajar scenario, the salt intrusion is limited to 300 mg Cl l-1 at
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the mouth of the Spui. Consequently, the Haringvlietdam is closed and the Haringvliet becomes a freshwater
system if the upstream river flow is low, which is about 3 months per year (Wijsman et al., 2018).
The estuarine turbidity maximum (ETH), which occurs at the boundary of fresh and brackish water, will return
to the Haringvliet if there is a salt intrusion. The high turbidity reduces filter feed biomass, primary production,
delaying the phytoplankton bloom (Altenburg et al., 2012) and hampers birds using sight for hunting (Kleunen
et al., 2018). Increased stratification due to salt intrusion is unlikely to lead to anoxic conditions (Paalvast et
al., 1998), but oxygen saturation is lower in mesohaline and especially oligohaline zones where the ETH occurs
(Wolff, 1973).
The salt intrusion lowers the ability of the soil to retain phosphorous, increasing nutrient concentrations
(Canavan, 2006). This decrease in water quality is compensated by increased tidal range allowing for soil
aeration and more binding of phosphate (Loeb et al., 2016). Increased sluice opening causes higher residual
flow in the Haringvliet system, leading to ca. 75% higher nutrient load (Hees & van Peters, 1998a), which
reduces water quality but will also allow the system to remove more nutrients (Henkens & Geertsema, 2013).
Erosion and sedimentation processes will probably benefit from a return of estuarine characteristics, with
higher tidal range and flow speeds. Sand starvation is reduced but remains an issue for over a century even in
the Storm surge scenario. Erosion of tidal flats will decrease under the full opening of the Haringvlietdam
sluices, but estimated flow speeds are insufficient for the growth of tidal flats (Wijsman et al., 2018). For
scenarios with a larger tidal range, erosion of unprotected shores will decrease, while shore protection that is
already present can facilitate sediment catchment. Sedimentation will decrease at higher flow speeds (Mudd
et al., 2009), which is only partially compensated by increased sediment from the Voordelta since a lock sill is
present. Altered erosion patterns in the Storm surge and possibly the 80 cm tide scenario could expose
contaminated sludge, although increased salinity could reduce the biological availability of these pollutants
(Hees & van Peters et al., 1998b).

What is the supply of ecosystem services per ecotope in the Haringvliet system?
Provision for 20 ESs deemed to be most important was estimated using expert opinion in Jacobs et al. (2013),
with five regulating services estimated based on an extensive literature review. The values in Jacobs et al.
(2013) are referred to as ‘qualitative’ and were adjusted to harmonize the typology in Wijsman et al. (2018).
The values are generally similar, with 30% showing no difference and differences exceeding 1 point only
occurring in fewer than 24% when comparing all values, of which none between salinity groups. On average,
brackish ecotopes have higher ES supply scores. Transportation, the most highly valued ES in Böhnke & de
Groot (2010) would be affected only in 80 cm and Storm surge scenarios. Due to lower average water levels
and higher flow speeds, dredging is needed initially (van Sprundel & van Dijke, 1998), but higher flow speeds
reduce the need for future dredging (Wijsman et al., 2018).
Quantitative data based on supply values from field and modelling studies on ES supply per hectare was
collected for five regulating services. The ES supply values were selected based on comparability to the
Haringvliet system. For sedimentation, carbon sequestration and nitrogen removal, values are higher in
brackish ecotopes. For all ES except PM10 capture, ES supply is highest in intertidal ecotopes.

What are the changes in ecosystem services per scenario?
In the base scenario, major amounts of ESs are already supplied by large areas of ecotopes with high ecosystem
supply importance. For most ES, the supply increases with increased dam opening. Changes compared to the
base scenario are relatively limited for the Ajar scenario, with carbon sequestration increasing most at 8% and
PM10 capture decreasing most at -4%. In the 80 cm scenario, carbon sequestration increases 35%, followed by
15% for phosphorus removal, 11% for water quantity regulation, 8% for sedimentation, 8% for the regulation
of extreme events and 7% for habitat services, while the smallest change is a 1% increase in PM10 capture.
Large ES increases occur in the Storm surge scenario, at 44% for carbon sequestration, translating to 28700
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tons of additional CO2, equivalent to the emissions of over 3000 Dutch citizens. For the municipality of
Korendijk, the additional carbon sequestration achieves ca. 13% of its 2030 carbon reduction goal (Coenen et
al., 2018; Rijkswaterstaat, 2016). Furthermore, water quality improves due to 26% more phosphorous removal
and 11% more N removal. Especially increased in nitrogen removal will help to reduce harmful algal blooms in
the southern North Sea (Burson et al., 2016) and allow for the 1.8 mg/l target concentration set by Laane (2005)
to be reached. Additionally, there is 15% higher water quantity regulation, 9% higher regulation of extreme
events, an 8% increase in habitat and sedimentation, while PM10 capture and provision services barely change.
Compared to Storm surge, the Climate scenario has 5% lower carbon sequestration, 7% lower sedimentation
and 11% lower PM10 capture. However, nitrogen and phosphorous removal increase by 4% and 7%, while
qualitative ES remain similar.

What are the changes in biodiversity per scenario?
In general, the increased opening of the Haringvliet has a positive effect on biodiversity. The benefits are
expected to be larger for the 80 cm tide and Storm surge scenarios than the Ajar scenario. The reopening of
the Haringvliet has major benefits for biodiversity, especially fish which can again migrate, access foraging and
nursery habitat. Freshwater fish, particularly weaker swimmers, are no longer killed after being flushed out
when they can re-enter the Haringvliet. Fish-eating birds benefit from more available fish. A salt gradient in the
Haringvliet increases biodiversity by providing habitat for estuarine species. Turning the system back into a
freshwater system by temporarily closing the sluices during fall in the Ajar scenario can offset some gains made,
especially for benthic life. Increased intertidal ecotope area provides more foraging habitat for waders and
water birds. Seals may enter the Haringvliet at sluice opening exceeding that in the Ajar scenario and benefit
from more intertidal flats.

Conclusion
Generally, I conclude that both ES supply and biodiversity increase with increased dam opening. Except for
PM10 capture, provisioning services, and sedimentation, the ES supply is largest for the scenario with the
largest sluice opening. The estimated changes in ESs can contribute to reaching local climate goals and reduce
nutrient concentrations to desired levels. Furthermore, increased sluice opening will improve conditions for
several endangered and target species and biodiversity general.
However, uncertainties in the estimates are high due to uncertainties in ecotope change, the difficulty in
harmonizing ecotopes across studies and a lack of relevant data and appropriate models for estimating ESs and
biodiversity changes. Although there are many opportunities for improvement, this thesis does provide a
robust estimate of the direction of the changes in biodiversity and ESs for relevant scenarios. The results
indicate that further restoration of estuarine conditions through increased sluice opening should be considered
if increased biodiversity and ESs are desired.
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Appendices
Appendix I: Definitions of (sub) ecosystem services
Table 12: The different definitions of (sub) ecosystem services in the studies used paraphrased for brevity,
harmonizing comparable ES.
TEEB (De Groot et al., 2010)

Smith et al. 2017

ESS Qualitative (Jacobs et al., 2013)

Kopa (2018)

Unit

Capturing particulate
Air Quality regulation

Air Quality regulation Air Quality regulation

matter (PM)

Kg PM10*ha-1*yr-1

Capturing NOx

kg(N)*ha-1*yr-1

Atmospheric

Carbon sequestration

Climate regulation

regulation

and burial

t(C)*ha-1*yr-1

Erosion prevention

Mass flow regulation

Sediment fixation

m3*ha-1*yr-1

Nitrogen removal

kg(N)*ha-1*yr-1

Phosphate removal

kg(P)*ha-1*yr-1

Regulation by biological mediation
Regulation by water bodies

Waste treatment

Water Quality

Reduction of excess loads coming from the

regulation

catchment

Transport of pollutants and excess nutrients
Water quantity regulation: dissipation of tidal
Regulation of water flows

Water flow regulation and river energy
Drainage of river water
Landscape maintenance
Transportation

Moderation of extreme events

Water flow regulation Water current reduction
Floodwater storage
Wave reduction

Water

Water supply

Water for industrial use
Water for navigation

Food

Freshwater fishing

Habitat services

Food: Animals
Supporting & Habitat services

Information for cognitive
development

Information for cognitive development

Inspiration for culture, art, and design

Inspiration for culture, art, and design

Aesthetic information

Aesthetic landscapes

Opportunities for recreation &

Species based

tourism

recreation

Aesthetic information

Opportunities for recreation & tourism
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Appendix II: Functional vegetation per ecotope
Table 13: Relative cover of functional vegetation groups per ecotope, adapted from observed vegetation cover
data in Van Braeckel et al. (2008) and salinity tolerance data by Kaijser et al. (2019). The functional
groups are the sum of the more specific data found in Van Braeckel et al. (2008), where ‘forest’
consists mostly of Salix species with some Fraxinus spp.; reed is almost entirely Phragmites
Australis and a few percent Phalaris arundinacea and Convolvulo-Filipenduletea; grasses include
both species and grassland types. Species considered as grass are, in order of relative cover area,
Bolboschoenus maritimus, Agropyron pungens, saline grassland, Atriplex prostrata, Spartina spp.,
Epilobium hirsutum, Tripolium pannonicum Cyperaceae, Urtica, Glaux maritima.
Salinity

Ecotope typology

Functional group

Ecotopes in Wijsman et al.
(2018)

Van Braeckel et al.
(2008)

Salicornia

Grasses

Reed

Forest

Rubus

Brackish

Tidal flat

Low pioneer zone

11.8%

35.4%

43.3%

9.6%

0.0%

Brackish

Summer dry

High pioneer zone

11.9%

39.2%

39.8%

9.1%

0.0%

High intertidal +
Brackish

wet terrestrial

Marsh zone

0.0%

53.0%

37.8%

9.1%

0.0%

Brackish

Dry terrestrial

High marsh zone

0.0%

40.4%

45.2%

14.4%

0.0%

Fresh

Tidal flat

Low pioneer zone

0.0%

0.0%

33.3%

66.7%

0.0%

Fresh

Summer dry

High pioneer zone

0.0%

3.6%

37.5%

57.1%

1.8%

High intertidal +
Fresh

wet terrestrial

Marsh zone

0.0%

3.2%

25.8%

66.1%

4.8%

Fresh

Dry terrestrial

High marsh zone

0.0%

4.3%

15.7%

71.4%

8.6%
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Appendix III: Differences between qualitative ES supply scores
Table 14: Table comparing the ES supply scores, adjusted from Jacobs et al. (2013) to harmonize the typology in Wijsman et al. (2018). Differences are
calculated between salinity groups (brackish minus fresh) and within salinity groups (marsh minus intertidal, intertidal minus shallow, etc.).
Negative scores are highlighted in red, neutral scores in yellow and the positive scores in green.

-1

0

0

-0.5

Intertidalshallow

1

0.5

1.5

0.5

1

1.5

0.5

-1.5

-0.5

0

-0.5

-1.5

0.75

-1.5

Shallow-deep 0.5

1.5

1

1.5

1

0.5

0.5

-1

2

0

1.5

-3

0.5

Marshintertidal

0

0.5

1

0.5

1

0.5

1

0

-1

0

0

0

0.5

Intertidalshallow

1

1.5

0.5

0.5

1

1.5

0.5

-1.5

0.5

-1

0.5

-0.5

-0.25 -0.5

Shallow-deep 0

1.5

0.5

0.5

0

0.5

0.5

-1.5

1.5

0

1.5

-2.5

0.25

0.5

0

0.5

0

0.5

-1

0

1

0

0

1

Intertidal flat 0

1

-1

0

0

0

0

0

1

-1

1

Shallow

0.5

0

0.5

0

0

0

0

0.5

0.5

1

Deep

1

0

1

1

1

0

0

1

1

1

0

0

0

-0.5

0.0

0.0

0.0

0.0

0.0

0.050

-1.25 -1

0

0

1

-0.75 1.0

0.0

-1.5

0.0

0

-0.013

-0.5

-2

0

0

0

0

-0.5

0.5

0.5

-0.5

0.0

0

0.175

0

-0.5

0.5

0

0

0

0.5

0

0.5

0.0

0

0.5

0.225

-0.75 -1

0

0

1

-0.25 1

0.0

-0.5

0

0.0

0.138

-1.5

-2.75 1

0

0

0

-0.25 0

0

-1.5

0

0

-0.038

0.5

0

0

-0.5

0

0

0

1

0.0

0.5

0.0

0.0

0.5

0.175

1

-1

1

0.5

0

0

0

0

0.5

0.0

0.0

1.0

0.0

0.0

0.150

1

0.5

-0.25 0

0.25

1

0

0

0

0.25

0.5

0.5

0

0

0

0.288

1

0

0

1

0

0

0

0

0

1.0

1.0

1

0.0

0

0.500

1

1

The calculated average difference for all ES

0

All services

0

Cultural services

-2

Provisioning services

0

Regulating services

2

Supporting & Habitat services

Water quantity regulation: landscape
maintenance

0

Opportunities for recreation & tourism

Water quantity regulation: drainage of
river water

1

Aesthetic information

Water quantity regulation: dissipation of
tidal and river energy

0

Inspiration for culture, art, and design

Water quality regulation: transport of
pollutants and excess nutrients

1

Information for cognitive development

Water quality regulation: reduction of
excess loads coming from the catchment

0

Food: Animals

Regulation extreme events or disturbance:
Wave reduction

Water for navigation

Regulation extreme events or disturbance:
Floodwater storage

0

0

Water for industrial use

Regulation extreme events or disturbance:
Water current reduction

Marshintertidal

Brackish-Fresh Marsh

Erosion and sedimentation regulation by
water bodies

Erosion and sedimentation regulation by
biological mediation

Freshwater

Brackish

Water quantity regulation: transportation

TIDE Habitat

Climate regulation: Carbon sequestration
and burial

Supporting & Habitat services

Salinity
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Appendix IV: ES sedimentation comparability
Table 15: All sedimentation ES data found for spatial units, scored for comparability. The values selected for use in the study are in bold. The high and low
values show the upper and lower boundaries of the range given in the article.
Comparability

cm/year
ES

(average)

low

high

Salinity

Ecotope

Location

Method

Sources

Notes

the study area

Brackish

terrestrial

-

-

-

-

-

Sedimentation 0.23

Fresh

0.21

0.25

Fresh

of flooding
Assumed to be minimal due to absence

Dry
Sedimentation insignificant

Comparability notes
Assumed to be minimal due to absence

Dry
Sedimentation insignificant

to

terrestrial

-

-

Wet

Georgia,

terrestrial

Altamaha, and Satilla rivers)

USA

-

-

-

Craft, 2012

Referred to as tidal forest

Low

(Ogeechee, 210Pb and 137Cs
profiles

of flooding
Different

climate

and

area,

not

alternatives found
Similar climate and area, no sediment

Wet
Sedimentation 0.3

0.122

2.122 Salt

Sedimentation 0.5

Brackish

Sedimentation 0.95

0.8

1.1

Brackish

Sedimentation 1.2

1

1.4

Fresh

supply from upstream, short term

Average of several measurements for high

terrestrial

Oosterschelde

Wet

Scheldt estuary, Southern North

terrestrial

Sea

High

Scheldt estuary, Southern North

intertidal

Sea

High

Scheldt estuary, Southern North

intertidal

Sea

Measuring rod

Ma et al. (2014)

marshes.

Medium

measurements at 2 years

Referred to as high marshes in this study.
Modelling

Boerema et al. (2016)

Using the MARSED model

High

Similar climate and area, no barrier.

Modelling

Boerema et al. (2016)

Using the MARSED model

High

Similar climate and area, no barrier.

Referred to as old marsh in the article

High

Similar climate and area, no barrier

Temmerman
Modelling

(2003)

et

al.

Average of several measurements. A
sedimentation rate of 0.9 cm∙yr-1 from
High
Sedimentation 1.5

0.122

2.122 Salt

intertidal

Similar climate and area, no sediment

upstream waters is added to the final figure
Oosterschelde

Measuring rod

Ma et al. (2014)

for comparison

supply from upstream, short term
Medium

measurements at 2 years
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High
Sedimentation 0.11

0.09

0.13

Salt

Sedimentation 0.31

0.25

0.37

Fresh

Sedimentation 0.38

0.32

0.44

Brackish

Sedimentation 1.65

1.3

2

Salt

Sedimentation 0.99

0.985

0.995 Fresh

Sedimentation 0.58

0.43

0.73

Sedimentation 2.03

1.56

2.5

intertidal

Referred to as high marsh. Short term
monitoring at only 1 year

Similar climate and area, no barrier,

Elbe, Germany

Measuring rod

Butzeck et al. (2015)

Elbe, Germany

Measuring rod

Butzeck et al. (2015)

intertidal

Elbe, Germany

Measuring rod

Butzeck et al. (2015)

monitoring at only 1 year

Medium

short monitoring period at 1 year

High

Groningen,

intertidal

Netherlands

Measuring rod

Dijkema et al., 2011

Referred to as pioneer zones in the article

Low

Not an estuary, higher salinity

Summer dry Elbe, Germany

Measuring rod

Butzeck et al. (2015)

Salt

Summer dry Elbe, Germany

Measuring rod

Butzeck et al. (2015)

Brackish

Summer dry Elbe, Germany

Measuring rod

Butzeck et al. (2015)

monitoring at only 1 year.

High

short monitoring period at 1 year

Modelling

Boerema et al. (2016)

Using the MARSED model

High

Similar climate and area, no barrier

High
intertidal

Medium

Referred to as high marsh. Short term
monitoring at only 1 year

High

Similar climate and area, no barrier,
Medium

Referred to as high marsh. Short term

Friesland,

short monitoring period at 1 year

short monitoring period at 1 year
Similar climate and area, no barrier,

the

Referred to as low marsh. Short term
monitoring at only 1 year.

Similar climate and area, no barrier,
High

Referred to as low marsh. Short term
monitoring at only 1 year.

short monitoring period at 1 year
Similar climate and area, no barrier,

High

Referred to as low marsh. Short term

short monitoring period at 1 year
Similar climate and area, no barrier,

Scheldt estuary, Southern North
Sedimentation 4.35

3.4

5.3

Brackish

Summer dry Sea
Scheldt estuary, Southern North

Sedimentation 1.8

1.5

2.1

Fresh

Summer dry Sea
Groningen,

Sedimentation 1.55

0.7

2.4

Salt

Friesland,

Temmerman

et

al.

Modelling

(2003)

Referred to as young marsh in the article

High

Similar climate and area, no barrier

Measuring rod

Dijkema et al., 2010

Referred to as pioneer zones in the article

Low

Not an estuary, higher salinity

the

Summer dry Netherlands

Similar climate and area, no barrier:
Scheldt estuary, Southern North 210Pb and 137Cs
Sedimentation 2

2

2.4

Brackish

Tidal flats

Sea

profiles

Boerema et al. (2016) & Widdows et al.
Widdows et al. (2004)

(2004) are averaged to 1.25

Boerema et al. (2016) & Widdows et al.
High

(2004) are averaged to 1.25
Similar climate and area, no barrier:

Scheldt estuary, Southern North
Sedimentation 0.5

0.4

1

Brackish

Tidal flats

Sea

The MARSED model mentioned in the study
Modelling

Boerema et al. (2016)

is not used for unvegetated tidal flats

Boerema et al. (2016) & Widdows et al.
High

(2004) are averaged to 1.24
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Becker,
Sedimentation 0.9

0.2-3

1-4

Sedimentation 0.9

0.2-2

1-3

Sedimentation 0.9

0.2-1

1-2

Sedimentation 0.46

0.3

0.62

Fresh

Haringvliet system

Modelling

Haringvliet system

Modelling

Brackish

Deep-water Haringvliet system

Modelling

Fresh

Wetland

Fresh

Tidal flats
& Shallow

Brackish
Fresh

water

Becker,

&

2015

in Weighted average of rates for Haringvliet

Wijsman et al., 2018
2015

and Hollands Diep
in Weighted average of rates for Haringvliet

Wijsman et al., 2018
Becker,

2015

Same system, base scenario sluice
Very high

and Hollands Diep

Same system, base scenario sluice
Very high

in Weighted average of rates for Haringvliet

profiles

management
Same system, base scenario sluice

Wijsman et al., 2018

and Hollands Diep

Very high

Bernal & Mitsch, 2012

Derived from a inland wetland system

Very low

210Pb and 137Cs
Ohio, USA

management

management
Lack of tidal dynamics, different
climate and area excludes this study
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Appendix V: ES carbon sequestration comparability
Table 16: All data found on carbon sequestration for spatial units, scored for comparability. The values selected for use in the study are in bold. The high
and low values show the upper and lower boundaries of the range given in the article. Bold values outside of the ‘average’ column are the
result of averaging values from different sources.
Kg ∙ ha-1∙
yr-1

Comparability to

ES

(average)

low

high

Salinity

Carbon

insignifican

Fresh

sequestration

t

Brackish

Ecotope
&

Location

Method

Netherlands,
Dry terrestrial

Sources

Notes

Henkens

general

Literature review

the study area

& Assumes grassland is present, conflicts with Boerema

Geertsema, 2013

et al. 2016

Comparability notes
Similar climate and area,

Medium

general figure

Assumes a forest is present. Final value is the result
Carbon
sequestration

Fresh
700

1035

&

Brackish

Henkens

Netherlands,
Dry terrestrial

general

Literature review

& of averaging with figure from Henkens & Geertsema

Geertsema, 2013

(2013)

Similar climate and area,
Medium

general figure

Assumes a forest is present. Final value is the result
Carbon
sequestration

Fresh
1370

1035

Brackish

&

Netherlands,
Dry terrestrial

Scheldt
Carbon
sequestration

Ruijgrok

general

Literature review

et

2006

al., of averaging with figure from Henkens & Geertsema
(2013)

Similar climate and area,
Medium

estuary,

Southern

North

Boerema

et

al. Assumes grassland is present, conflicts with Henkens

2000

Brackish

Dry terrestrial

Sea

Literature review

(2016)

& Geertsema, 2013

131

Fresh

Dry terrestrial

Global average

Literature review

Mcleod et al., 2011 Assumes a forest is present

Similar climate and area, no
Medium

Carbon
sequestration

barrier.
Global figure, less comparable

Georgia,

Low

USA

Carbon

sedimentation

Altamaha,
930

Fresh

Wet terrestrial

than national figures
Different climate, area and

(Ogeechee,

sequestration

general figure

and

Satilla rivers)

alternatives
210Pb and 137Cs profiles Craft, 2012

Referred to as tidal forest

Low

rates,

found,

no

similar

figure to other rates found
Different climate, area and

Carbon
sequestration

Bay
1940

Salt

Wet terrestrial

of

Canada

Fundy,

sedimentation
210Pb and 137Cs profiles Connor et al., 2001 Referred to as high salt marshes

Low

rates,

not

alternatives found.
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Global figure with large range,
Carbon
sequestration

High intertidal &
1500

733

17300

Salt

Summer dry

Tamis & Foekema,
Global rates

Literature review

2015

less comparable than figures
Refers to all salt marshes

Low

of nearby estuaries

Net carbon sequestration corrected for CH4 and N2O
emissions. Figure for sedimentation rate of 6 mm/yr
is used, because this is more comparable to the

Carbon
sequestration

Blackwater

Haringvliet (see chapter on sedimentation). Figure in

estuary,

study is the average of pioneer marshes and older

Similar climate and area, no

marshes, which is assumed to be similar to high

barrier,

High intertidal & Southeast
3347

266

3347

Salt

Summer dry

England

Literature review

Luisetti et al., 2011 intertidal & summer dry ecotopes.

Medium

lower

flow

and

sedimentation.

Using figures for natural salt marshes. Net carbon
burial corrected for CH4 and N2O emissions. Figure
for sedimentation rate of 5.4 mm/yr is used, because
this is more comparable to the Haringvliet (see

Carbon
sequestration

4200

Salt

2180

Salt

Carbon
sequestration

Blackwater

Sediment samples for

chapter on sedimentation). Figure in study is the

estuary,

burial,

static

average of pioneer marshes and older marshes,

High intertidal & Southeast

chambers in the field for

vented

which is assumed to be similar to high intertidal &

Similar climate and area, no

Summer dry

England

other GHG fluxes

Adams et al. (2012) summer dry ecotopes.

Medium

Global average

Literature review

Mcleod et al., 2011 Ecotope is called marsh in article

Low

barrier,

High intertidal &
Summer dry

lower

flow

and

sedimentation.
Global figure, less comparable

Georgia,

than regional figures

USA

(Ogeechee,
Carbon
sequestration

High intertidal & Altamaha,
1240

Freshwater

Summer dry

and

Satilla rivers)
Georgia,

Loomis
137Cs profiles

&

Craft Ecotope is called tidal marsh in article. Averaged with

(2010)

Different climate and area,

Weston et al. 2014 value to get final value of 1110

Low

Ecotope is called tidal marsh in article

Low

other GHG emissions lacking

USA

(Ogeechee,
Carbon
sequestration

High intertidal & Altamaha,
930

Brackish

Summer dry

Satilla rivers)

and

Loomis
137Cs profiles

(2010)

&

Craft

Different climate and area,
other GHG emissions lacking

87

Net carbon sequestration rates used, which are a
Humber estuary,
Carbon
sequestration

High intertidal & North
4344

Salt

Summer dry

East

England

Literature review

third of the gross carbon burial (wihtout CH4 and

Similar climate and area, no

N2O emissions), caused by higher nutrient rates

barrier,

Adams et al. (2006) (Adams et al., 2012).

High

slightly

lower

sedimentation.
Similar climate and area,

Carbon
sequestration

Fresh
1100

200

2000

& High intertidal & Netherlands,

Brackish

Summer dry

general

Henkens
Literature review

& Carbon sequestration estimated at a higher 3800 if

Geertsema, 2013

reed is harvested

general figure, no other GHG
Medium

emissions
Similar climate and area, no
tidal marshes, no other GHG

Netherlands,
Carbon
sequestration

emissions,

High intertidal & general
6800

Freshwater

Summer dry

freshwater
Scheldt

Carbon

High intertidal & Southern

sequestration

1000

35000

Brackish

Summer dry

Ruijgrok

Sea

et

2006

Literature review

marshes, requires harvesting

Boerema
Literature review
and

et

(2016)

High intertidal & Delaware Estuary, field
Freshwater

Summer dry

USA

al. Ecotope in the study is called intertidal area and
somewhat broader

harvesting)

carbon
Low

concentrations,

similar climate and area

137Cs
flux

measurements and other

981

Low

Different nutrient and organic

North

profiles,

sequestration

unlikely

management conditions (reed

estuary,

210Pb

Carbon

al., Ecotope in the study is not tidal but general Dutch

Ecotope is called tidal marsh in article. Average for

measurements, Weston

modelling
210Pb

et

(2014)
and

profiles,

al values of 2007 and 2008. Averaged with Loomis &
Craft (2010) value to get final value of 1110

Different climate and area,
Low

N2O emissions lacking

137Cs
flux

measurements and other
Carbon
sequestration

-240.5

Brackish

High intertidal & Delaware Estuary, field

(Oligohaline)

Summer dry

USA

measurements, Weston

modelling
210Pb

and

profiles,

et

(2014)

al Ecotope is called tidal marsh in article. Average for
values of 2007 and 2008

Different climate and area,
Low

N2O emissions lacking

137Cs
flux

measurements and other
Carbon
sequestration

1433.5

Brackish

High intertidal & Delaware Estuary, field

(Mesohaline)

Summer dry

USA

measurements, Weston

modelling

(2014)

et

al Ecotope is called tidal marsh in article. Average for
values of 2007 and 2008

Different climate and area,
Low

N2O emissions lacking

88

Detailed on other GHGs, but
Ems
Carbon
sequestration

Brackish
8000

659.6

62771.97

& High intertidal & North-west

Salt
Fresh

Summer dry

sequestration

uses european and global

field measurements for Witte

Germany

other GHG fluxes

&

Giani

(2016)

Ecotope data is called tidal marshes

Waccamaw

and

3400

9000

Low

difficult to compare

Ecotope is called tidal marsh and tidal freshwater

(freshwater & High intertidal & Savannah rivers,
5257.5

averages for carbon, making it

&

Brackish
Carbon

estuary, Literature review and

oligohaline)

Summer dry

forested wetland in article. Averages of lower,

USA Atlantic coast

Krauss et al. (2018) middle, upper and marsh used

Different climate and area,
Low

other GHG emissions lacking

Using figures for natural salt marshes. Net carbon
burial corrected for CH4 and N2O emissions. Figure
for sedimentation rate of 5.4 mm/yr is used, because

Carbon
sequestration

2340

Salt

Blackwater

Sediment samples for

this is more comparable to the Haringvliet (see

estuary,

burial,

chapter on sedimentation). Mudflats are assumed to

vented

static

High intertidal & Southeast

chambers in the field for

Summer dry

other GHG fluxes

England

be similar to intertidal zones based on description in
Adams et al. (2012) study

Similar climate and area, no
Medium

barrier.
Similar climate and area,
general
reasoning

Fresh,
Carbon

insignifican

Brackish

sequestration

t

Salt

figure

based

from

on

limited

literature that conflicts with
&

Netherlands,
Tidal flats

general

Henkens
Literature review

& Through reasoning the same value is reached for

Geertsema, 2013

slikken, schorren and kwelders

most other literature, no
Low

other GHG emissions

Net carbon burial corrected for CH4 and N2O
emissions. Figure for sedimentation rate of 5.4

Carbon
sequestration

2340

Brackish

Tidal flats

Blackwater

Sediment samples for

mm/yr is used, because this is more comparable to

estuary,

burial,

the Haringvliet (see chapter on sedimentation).

Southeast

chambers in the field for

England

other GHG fluxes

vented

static

Mudflats are assumed to be similar to intertidal
Adams et al. (2012) zones based on description in study

Similar climate and area, no
Medium

barrier.

Low

Different climate and area

Morse et al. (2004)
Sampling of accumulated and Adams et al. Net carbon sequestration based on correction factor
Carbon
sequestration

Mattaponi River, sediment over one-year (2012)
1695

1277.04

2112.08

Freshwater

Tidal flats

Virginia, USA

period

correction

for in Adams et al. (2012), assuming 32% lower net Csequestration rates

89

Similar climate and area,
general

figure

reasoning

based

from

on

limited

literature that conflicts with
Carbon

insignifican

sequestration

t

Henkens

Shallow & deep- Netherlands,
Freshwater

water

general

Literature review

& Through reasoning the same value is reached for

Geertsema, 2013

slikken, schorren and kwelders

most other literature, no
Low

other GHG emissions
Tidal, but no major river flow
and

consequent

sedimentation, only seagrass
Carbon
sequestration

Shallow & deep- Pacific
108

29

396

Saltwater

water

Canada

coast,

Postlethwaite
Sediment cores
Several

Carbon
sequestration

468

-9.9

54.2

Brackish

et

al., 2018

fields
Subtidal areas with seagrass

Low

methods,

in

contrast

to

Haringvliet
Tidal, different climate and

including modelling and

Average for the bay is used, measured mostly below

area, no barrier, almost no

field

to

5 metres, with higher burial found in the lower bay

shallow water measurements,

Shallow & deep- Chesapeake Bay, calculate Net ecosystem

than upper regions. Net ecosystem metabolism from

Net ecosystem metabolism

water

USA

sampling

metabolism

Kemp et al. (2017)

balance approach

Low

instead of burial.
Mostly sites from different
climates

Carbon
sequestration

Shallow & deep535

410

660

Salt

water

Kennedy
Global

Literature review

(2010)

et

al. Only seagrass meadows. Average of upper and lower
value gives

and

areas,

with

limited tides and outside of
Low

estuaries

90

Appendix VI: ES water quality: Nitrogen comparability
Table 17: Nitrogen removal data found for spatial units are scored for comparability to the study area. The values selected for use in the study are in bold.
The high and low values show the upper and lower boundaries of the range given in the article.
Comparability to

Kg ∙ ha-1∙ yr-1
ES

(average)

low

high

Salinity

Ecotope

Location

Method

Sources

Notes

the study area

Comparability notes

Low

Different area, different climate

Freshwater figures taken from upper estuary and its subSediment
Nitrogen
removal

Shallow
142.3

Fresh

Nitrogen
removal

Fresh
20

Brackish

coring,

tidal sediments, 13 yr timeframe, moderately eutrophic

& Patuxent River Estuary, incubation and several Boynton

deep-water

Maryland

other methods

Dry terrestrial

Netherlands, general

Literature review

&

et

al. but less eutrophic than the Scheldt. Rates over twice as

(2008)

high found in nearby marshes.

Henkens

& Using the figure for (young) forests, shrubs and

Geertsema, 2013

brushwood

Same climate and area, general
Medium

figure

Sediment capture (field
Nitrogen
removal

mats) and vegetation Olde Venterink et Alluvial forest upstream of the estuary used for wet
28

Fresh

Wet terrestrial

Nitrogen
removal

Rhine, Netherlands

measurements (clipping) al., 2006

Humber estuary, North
195

Fresh

High intertidal

East England

Andrews
Sediment coring

terrestrial, both infrequently flooded
et

Same climate and river, upstream,
Low

al.

(2000)

short term (1 yr)
Same climate and area, Holocene

Figure for alder carr

Low

conditions (very long timeframe)

Sediment capture (field
Nitrogen
removal

mats) and vegetation Olde Venterink et Figure for reedbeds, without clear indication of flooding
249

229

269

Fresh

High intertidal

Rhine, Netherlands

measurements (clipping) al., 2006

frequency

Same climate and river, not tidal,
Low

short term (1 yr)
Same climate and area, general

Nitrogen
removal

High intertidal
107

Salt

500

Fresh

1000

Brackish

Nitrogen
removal

Henkens
Netherlands, general

Literature review

Netherlands, general

Literature review

Netherlands, general

Literature review

High intertidal

Nitrogen
removal

& Summer dry

& Summer dry

Henkens

High intertidal
& Summer dry

& Using the figure for coastal salt marshes, not necessarily

Geertsema, 2013

estuarian
&

Geertsema, 2013
Henkens
Geertsema, 2013

figure, only includes denitrification
Low

and excludes burial
Same climate and area, general

Using the figure for stagnant waters and general marshes Low
&

figure, stagnant waters
Same climate and area, general

Using the figure for reed and rush

Low

figure, stagnant waters
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Nitrogen
removal

324

Fresh,

High intertidal

brackish,

& Summer dry

Salt

& Tidal flats

Figure
Ruijgrok
Netherlands, general

Literature review

et

(2006)

removal

& Summer dry Humber estuary, North
204.54

176

233

Brackish

& Tidal flats

Nitrogen
removal

East England
Scheldt

288.5

Brackish

Summer dry

Sediment samples
estuary,

Southern North Sea

flats

and

salt

marshes

Low

Global figure

Figures for a constructed wetland. Assumes vegetation is

Similar climate and area, only

De Klein & van der present. Only denitrification. Finds much higher

denitrification, added to Cox et al.

Werf 2014
Boerema

Literature review

tidal

Constanza et al. (1997)

High intertidal
Nitrogen

for

al. (Slik/schor/kwelder/plaat). Based on global averages by

denitrification where vegetation is present
et

Medium

al. Pioneer vegetation is linked to summer dry based on

(2016)

ecotope descriptions

(2004) burial rate
Similar climate and area, higher

Medium

nutrient concentration
Assumption on sedimentation and

Nitrogen
removal

Henkens
Insignificant

Brackish

Summer dry

Netherlands, general

Literature review

Nitrogen
removal

Geertsema, 2013
Ruijgrok

277

Fresh

Summer dry

Netherlands, general

Literature review

& Based on reasoning on maturation which conflicts with

et

all other literature

exclusion
Low

al.

(2006)

of

other

N

removal

processes
Same climate and area, general

Figure for reed and rush

Medium

figure

Low

Different climate and area

Morse et al. (2004)
Sampling of accumulated and Adams et al. Net carbon sequestration based on correction factor in
Nitrogen
removal

Mattaponi
214

Fresh

Tidal flats

River, sediment over one year (2012)

Virginia, USA

period
Field

Nitrogen
removal

correction
measurements,

for Adams et al. (2012), assuming 32% lower net Csequestration rates
Study site was an intertidal mudflat, high in the intertidal

Similar climate and area, much

Scheldt estuary near including sediment cores Middelburg et al. sediments, exposed to air at least 14 hours a day. Sum of
370

Brackish

Tidal flats

Doel, Belgium

and flux measurements

(1995)

burial and denitrification

higher nutrient concentration, short
Low

term (1 yr)
Similar climate and area, only

Nitrogen
removal

Humber estuary, North Field measurements of Barnes & Owens, Figure for inter-tidal mudflats at extreme inner estuary
153

301

Freshwater

Tidal flats

East England

fluxes

(1999)

station

denitrification, added to Cox et al.
Medium

(2004) figure
Similar climate and area, only

Nitrogen
removal

Humber estuary, North Field measurements of Barnes & Owens, Figure for inter-tidal mudflats in the middle of the
357.7

505.7 Brackish

Tidal flats

Nitrogen
removal

East England
Scheldt

148

301

Brackish

Tidal flats

denitrification, added to Cox et al.

fluxes

(1999)

estuary (3.5 mol)

Medium

OMES model

Cox et al. (2004)

Modelled for mudflats

Medium

estuary,

Belgium/Netherlands

(2004) figure

Similar climate and area, only burial,
higher

nutrient

concentration,

92

added to Barnes & Owens (1999) and
De Klein & van der Werf 2014 figures
Only denitrification. Near coast sediments of the wadden
Nitrogen
removal

Sediment
301.7

214.8 388.6 Salt

Nitrogen
removal

Fresh
Insignificant

Brackish

Tidal flats
& Shallow

Wadden sea, Germany

coring,

sea, close to Elbe estuary. Large differences depending
Deek et al. (2012)

on sediment particle size. Short term (ca. 1 yr)

Medium

Literature review

Kopa (2018)

Ecotope linked in typology key

Low

subject

Low

non-estuarian wetlands

& Haringvliet,
Netherlands

deep-water

removal

365

removal

Using the figure for flowing waters and closed estuaries,

brackish,

Shallow

Salt

deep-water

Nitrogen

Shallow
394

138

650

Salt

(1 yr)
Contradicts all other literature on the

Fresh,
Nitrogen

Similar climate and area, short term

incubation

deep-water

&

Henkens
Netherlands, general

Literature review

& Hastings River Estuary, Sediment
Australia

& based on lower boundary for wetlands in general in

Geertsema, 2013

samples,

Pb210

Constanza et al. (1997)

Global figure, including non-tidal and

Different climate and area, lower

Ranging from mudflats to seagrass. Average of high and
Eyre et al. (2016)

low values shown.

Low

nutrient concentration

Brackish figures taken from lower estuary and its subSediment
Nitrogen
removal

Shallow
67.6

Brackish

231

Brackish

Nitrogen
removal

Shallow

Nitrogen
removal

deep-water

deep-water
Shallow

248

Fresh

deep-water

Nitrogen
removal

coring,

tidal sediments, 13 yr timeframe, moderately eutrophic

& Patuxent River Estuary, incubation and several Boynton
Maryland
& Haringvliet,
Netherlands
& Haringvliet,
Netherlands

other methods
Sediment

al. but less eutrophic than the Scheldt. Rates over twice as
high found in nearby marshes.

Low

Different area, different climate

Canavan (2006)

Salinity 18, sample depth 7.5 m

Very high

Same location

Canavan (2006)

Salinity 18, sample depth 7.5 m

Very high

Same location

coring,

incubation, modelling
Sediment

et

(2008)

coring,

incubation, modelling

St Lawrence estuary,
41

Salt

Deep-water

Canada

Different area, different climate,
Sediment cores

Crowe et al., 2012

Sampling at large depth

Low

much greater depth (>300m)
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Appendix VII: ES water quality: Phosphorus comparability
Table 18: Phosphorus removal data found for spatial units are scored for comparability to the study area. The values selected for use in the study are in
bold. In the columns labelled ‘high’ and ‘low’ the upper and lower boundaries of the range are given if these were found in the article.
Kg ∙ ha-1∙

Comparability

yr-1
ES

(average)

Phosphorus
removal

to
low

high Salinity
Fresh

4

Brackish

Ecotope
& Dry

&

Location

Method

wet Netherlands,

terrestrial

Sources
Henkens

general

Literature review

the

Notes

area

Using the figure for (young) forests, shrubs and brushwood

Medium

Figure for reedbeds

Low

&

Geertsema, 2013

study
Comparability notes
Same climate and area, general
figure

Sediment capture (field mats)
Phosphorus
removal

28

Fresh

High intertidal

Rhine,

and vegetation measurements Olde Venterink et

Netherlands

(clipping)

al. (2006)

Same

climate

and

river,

upstream, short term (1 yr)

High intertidal
Phosphorus
removal

zone & Pioneer Netherlands,
20

Fresh

zone

Ruijgrok

general

Literature review

et

al.

(2006)

Same climate and area, general
Figure for tidal flats and salt marshes (Slik/schor/kwelder/plaat)

Medium

figure

High intertidal
Phosphorus
removal

zone & Pioneer Netherlands,
25

Brackish

zone

Ruijgrok

general

et

al.

Same climate and area, general

Literature review

(2006)

Figure for tidal flats and salt marshes (Slik/schor/kwelder/plaat)

Medium

figure

210Pb and 137Cs profiles

Craft (2012)

Tidal marshes

Low

Different area, different climate

210Pb and 137Cs profiles

Craft (2012)

Tidal marshes

Low

Different area, different climate

Low

Different area, different climate

High intertidal
Phosphorus
removal

zone & Pioneer Delaware
4.8

Fresh

zone

river

estuary, USA

High intertidal
Phosphorus
removal

zone & Pioneer Delaware
9.5

Brackish

zone

estuary, USA

High intertidal
Phosphorus
removal

47.2

Salt

river

210Pb and 137Cs profiles, flux

zone & Pioneer Delaware

measurements and other field Weston

zone

measurements, modelling

Estuary, USA

(2014)

et

al. Ecotope is called tidal marsh in article. Average for values of 2007
and 2008

94

High intertidal
Phosphorus
removal

zone & Pioneer Chesapeake Bay, Field measurements, including Merrill & Cornwell
Brackish

8.6

zone

USA

sediment samples

(2002)

Low

Different area, different climate

Low

Different area, different climate

Ecotope is called tidal marsh in article

Low

Different area, different climate

Ecotope is called tidal marsh in article

Low

Different area, different climate

High intertidal
Phosphorus
removal

zone & Pioneer Chesapeake Bay, Field measurements, including Merrill & Cornwell
22.3

Fresh

zone

USA

sediment samples

Georgia, USA

137Cs profiles

Georgia, USA

137Cs profiles

(2002)

High intertidal
Phosphorus
removal

zone & Pioneer
10

Brackish

zone

Loomis

& Craft

(2010)

High intertidal
Phosphorus
removal

zone & Pioneer
7

Fresh

zone

Loomis

& Craft

(2010)

High intertidal
Phosphorus
removal

zone & Pioneer Scheldt
25

Brackish

zone

estuary,

Belgium

Broekx
Literature review

et

al. N burial based on MOSES model MOSES: Soetaert and Herman

(2011)

(1995). Much higher nutrient concentration during this period

Similar climate and area, higher
Medium

nutrient concentration

Low

Different area, different climate

Brackish figures taken from lower estuary and its sub-tidal
High intertidal Patuxent
Phosphorus
removal

22.4

Brackish

River

sediments, 13 yr timeframe, moderately eutrophic but less

zone & Pioneer Estuary,

Sediment coring, incubation Boynton

zone

and several other methods

Maryland

et

al. eutrophic than the Scheldt. Rates over twice as high found in

(2008)

nearby marshes.

High intertidal
Phosphorus
removal

zone & Pioneer Scheldt
30

4

56

Brackish

zone

estuary,

Belgium

Boerema
Literature review

et

al. Ecotope in the study is called intertidal area and somewhat

(2016)

broader

Similar climate and area, higher
Medium

nutrient concentration

Ruiz-Fernández et
Phosphorus
removal

Ohuira
40

Salt

Tidal flats

76

Fresh

Tidal flats

Phosphorus
removal

Lagoon,

Mexico

al. (2007) in Kopa Measurements over 100 years, during which the estuary was
Sediment cores

Mattaponi River, Sampling
Virginia, USA

of

Different area, different climate,

(2018)

altered

Very low

very low flow river

Morse et al. 2004

Figure taken from Kopa (2018)

Low

Different climate and area

accumulated

sediment over one-year period

95

Corsica
Phosphorus
removal

Shallow
16.3

Brackish

Deep-water

removal

Shallow
13.5

Fresh

Phosphorus
removal

Deep-water
Shallow

38

Brackish

Deep-water

Due to its orientation, this subestuary is shielded from highPalinkas

USA
Corsica

Phosphorus

river,

& Chesapeake Bay,

Cornwell (2012)
river,

& Chesapeake Bay,

Palinkas

USA

Cornwell (2012)

& Chesapeake Bay,
USA

Hartzell
Sediment cores

(2010)

Different area, different climate,

& energy events, making it more similar to Haringvliet system which

et

is shielded by a dam.

shielded from high energy events
Low

like Haringvliet

Due to its orientation, this subestuary is shielded from high-

Different area, different climate,

& energy events, making it more similar to Haringvliet system which

shielded from high energy events

is shielded by a dam.

Low

like Haringvliet

Low

Different area, different climate

al. Subestuaries of the Chesapeake Bay generally have high P burial
rates

96

Appendix VIII: ES air quality comparability
Table 19: Particulate matter (PM10) removal data found for spatial units are scored for comparability to the study area. PM10 capture data for functional
vegetation is linked to observed functional vegetation cover for ecotopes in the Scheldt, based on Van Braeckel et al. (2008), found in Table
13.
Comparability
Kg ∙ ha-1∙ yrES

1 (average)

to
Salinity

Ecotope

PM10
capture

Scheldt
66.08

Fresh

Dry terrestrial

47.65

Brackish

Dry terrestrial

64.81

Fresh

44.76

Brackish

wet terrestrial

62.53

Fresh

Summer dry

42.83

Brackish

Summer dry

65.12

Fresh

Tidal flats

43.48

Brackish

Tidal flats

PM10
capture

PM10
capture

capture

capture

capture

capture

capture

Fresh
Insignificant

Brackish

estuary,

estuary,

estuary,

survey

Braeckel et al. (2008)

to inland PM10 capture data

Medium

Similar climate and area

survey

Braeckel et al. (2008)

to inland PM10 capture data

Medium

Similar climate and area

survey

Braeckel et al. (2008)

to inland PM10 capture data

Medium

Similar climate and area

survey

Braeckel et al. (2008)

to inland PM10 capture data

Medium

Similar climate and area

Medium

Similar climate and area

Medium

Similar climate and area

Medium

Similar climate and area

Medium

Similar climate and area

-

-

Belgium; Capture experiments; field Oosterbaan et al. (2006) & Observed vegetation in the Scheldt is linked
survey

Braeckel et al. (2008)

to inland PM10 capture data

Belgium; Capture experiments; field Oosterbaan et al. (2006) & Observed vegetation in the Scheldt is linked
survey

Braeckel et al. (2008)

to inland PM10 capture data

Belgium; Capture experiments; field Oosterbaan et al. (2006) & Observed vegetation in the Scheldt is linked

Brabant, Netherlands
Scheldt

PM10
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Appendix IX: Sensitivity analysis
Table 20: The relative importance of ES ecotope values for each salinity group.
ES

Salinity

Base

Ajar

80cm

Storm

Climate

Cseq

Fresh

100%

79%

56%

48%

43%

Cseq

Brack

0%

21%

44%

52%

57%

Nrem

Fresh

100%

82%

66%

53%

41%

Nrem

Brack

0%

18%

34%

47%

59%

PM10

Fresh

100%

93%

80%

74%

70%

PM10

Brack

0%

7%

20%

26%

30%

Prem

Fresh

100%

85%

74%

67%

60%

Prem

Brack

0%

15%

26%

33%

40%

Sedi

Fresh

100%

81%

63%

51%

40%

Sedi

Brack

0%

19%

37%

49%

60%

Table 21: The relative importance of ES ecotope values for each ecotope group across salinities.
ES

Ecotope

Base

Ajar

80cm

Storm

Climate

Carbon sequestration

Terrestrial

10%

10%

7%

5%

4%

Carbon sequestration

Intertidal

49%

52%

64%

68%

66%

Carbon sequestration

Subtidal

41%

39%

29%

27%

29%

Nitrogen Removal

Terrestrial

1%

1%

1%

0%

0%

Nitrogen Removal

Intertidal

31%

33%

40%

45%

45%

Nitrogen Removal

Subtidal

68%

67%

59%

55%

54%

PM10 capture

Terrestrial

22%

22%

17%

13%

11%

PM10 capture

Intertidal

78%

78%

83%

87%

89%

PM10 capture

Subtidal

0%

0%

0%

0%

0%

Phosphorus removal

Terrestrial

1%

1%

1%

1%

1%

Phosphorus removal

Intertidal

55%

53%

61%

64%

64%

Phosphorus removal

Subtidal

43%

45%

38%

35%

35%

Sedimentation

Terrestrial

1%

1%

1%

1%

0%

Sedimentation

Intertidal

37%

38%

45%

46%

40%

Sedimentation

Subtidal

62%

61%

54%

53%

60%
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Table 22: Difference in total ES supply value for alternative ES ecotope values compared to selected values.

ES
Carbon sequestration
Carbon sequestration
Nitrogen removal
Nitrogen removal
Phosphorous removal
Phosphorous removal
PM10 capture
PM10 capture
Sedimentation
Sedimentation

Treatment
intertidal
high
intertidal
low
subtidal high
subtidal low
intertidal
high
intertidal
low
intertidal
high
intertidal
low
subtidal high
subtidal low

Base

Kier

80cm

Storm

Climate

133%

119%

85%

56%

20%

-9%
32%
-29%

-11%
35%
-32%

-17%
33%
-31%

-16%
32%
-31%

-10%
34%
-33%

6%

8%

10%

8%

2%

-41%

-38%

-42%

-41%

-37%

-11%

-11%

-8%

-7%

-6%

-58%
0%
0%

-58%
9%
-5%

-61%
13%
-7%

-65%
17%
-9%

-70%
26%
-13%
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Nitrogen removal
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20
0
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Options

all avg

Phosphorous removal

Phosphorous (10^3 kg/ha/yr)

100

90
80

Base
Kier

70

80cm

60

Storm

50
40

Climate

30
20
10
0
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all high all low ter high ter low sub high sub low int high int low

Options

all avg

100
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35
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30

Base
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25

80cm

20

Storm

15
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10
5
0
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PM10 capture
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all low
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Figure 19: These figures show total carbon sequestration, nitrogen removal, phosphorus removal,
sedimentation and PM10 capture for all scenario for all alternative ecotope ES supply values. The
options are the selected values (sel), higher (high) or lower (low) values for all ecotopes (all), only
terrestrial ecotopes (ter), only subtidal ecotopes (sub) and only intertidal ecotopes (int).
Additonally, totals are calculated when the average of all values found per ecotope is used for
each ecotope (all avg).
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Appendix X: Biodiversity
Table 23: Effects of the Ajar scenario on 16 selected fish species, adapted from Griffioen et al. (2017).
IUCN status

Fish

Effect

Significant?

European eel (Anguilla anguilla)

Better entry glass eel

yes

European flounder (Platichthys flesus)

Better entry

yes, for Haringvliet (HV)

Three-spined stickleback (Gasterosteus aculeatus)

Better entry

yes, for HV

Thinlip mullet (Liza ramada)

Better entry

limited, mostly lives offshore

Allis shad (Alosa alosa)

Better entry for adults

only in combination with other measures

Twait shad (Alosa fallax)

Better entry

only in combination with other measures

Atlantic herring (Clupea harengus)

Better entry

no, HV population is relatively too small

Allegedly extinct

Houting (Coregonus oxyrinchus)

Better entry

yes, for HV

Vulnerable

Danish Houting (Coregonus maraena)

Better entry

yes, for HV

European river lamprey (Lampetra fluviatilis)

Better entry

yes, higher usage of upstream habitat

Sea lamprey (Petromyzon marinus)

Better entry

yes, higher usage of upstream habitat

European smelt (Osmerus eperlanus)

Better entry

yes, for HV

European sea sturgeon (Acipenser sturio)

Better entry

only in combination with other measures

Atlantic salmon (Salmo salar)

Better entry

only in combination with other measures

European bass (Dicentrarchus labrax)

Better entry

yes, for brackish part of HV

Sea trout (Salmo trutta trutta)

Better entry

yes

Critically
endangered

Critically
endangered

Uncertain, possibly similar if similar to herring, then a local increase is
European sprat (Sprattus sprattus)

to herring

expected
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