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STELLINGEN

De rol van PCB’s bij het ontstaan van levertumoren bij de bot afkomstig uit
Nederlandse kustwateren, is verwaarloosbaar,
Dit proefschrift

Bij de bot is EROD activiteit geen bruikbare biomarker voor blootstelling aan
PHAK’s en evenmin voor PAK’s wanneer PHAK’s aanwezig zijn.
Dit proefschrift

PCB’s hebben bij de bot een overwegend remmende invloed op de activiteit van het
cytochroom P4501A, hetgeen tevens leidt tot een verminderde gevoeligheid voor
PAK’s en PHAKs.

Dit proefschrift

Palace & Brown gaan er ten onrechte van uit dat transthyretine betrokken is bij het
transport van retinol in het bloed van de schar.
(Palace, V.P. and Brown, 8.B., 1994. Environ. Toxicol, Chem., 13:473-476)

Bij het onderzoek naar de carcinogeniteit van complexe mengsels zoal toxafeen,
PCB’s en dioxines, wordt bij het dierexperimentele onderzoek dikwijls ten onrechte
gebruik gemaakt van technische mengsels.

Dat er steeds minder vissen met tumoren worden aangetroffen in de zee, moet eerder
worden toegeschreven aan overbevissing dan aan een vermindering van de
milieuverontreiniging.

Magnetische velden kunnen van invloed zijn op de toxische werking van bepaalde
chemicalién.
(Hurych, J. et al., 1996. Toxicol. Lett.,, 88:305-311)



8. Er zijn onvoldoende aanwijzingen dat chemicalign in het voedsel een bijdrage leveren
aan de waargenomen toename van atopische ziektes als astma, rhinitis en eczeem.

9. Een van de belangrijkste dingen in de wetenschap is niet zozeer het verzamelen van
nieuwe feiten als wel het ontdekken van nieuwe manieren om erover na te denken,
(natuurkundige William Lawrence Bragg, 1890-1971)

10. Strenge milieumaatregelen leiden niet tot stagnatie van de econotnie.
(Naar: Efrlich, P.R. and Ehrlich, A.H., 1996. Betrayal of science and reason.)

11. De doelstelling van de overheid om het universitair onderzoek meer te richten op
maatschappelijke prioriteiten door het overhevelen van gelden uit de rijksbijdrage
voor universiteiten naar de tweede geldstroom (NWO), getuigt van weinig vertrouwen
in het zelforganiserend vermogen van onderzoekers en universitaire bestuurders.
(persbericht KNAW, november 1997)

12. In het kader van het in dit proefschrift beschreven onderzoek, valt het vangen van bot
niet te vergelijken met botvangen.

Stellingen behorende bif het proefschrifi:
“Molecular and biochemical studies on the Ah receptor pathway in flounder (Platichthys

Hlesus)”
Harry Besselink, Wageningen, 16 januari 1998.




Voor mijn moeder en oma,
aan wie ik veel mooie herinneringen heb.
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Chapter 1
Introduction

Over the past decades, there has been special scientific interest in the occurrence of skin and
liver diseases in coastal and marine fish populations. Many scientists have argued that the
increased prevalence of some diseases (e.g. fin rot, skin ulcers and neoplasia} in contaminated
areas world wide are caused by high concentrations of environmental pollutants, such as
polyaromatic hydrocarbons (PAHs) and polyhalogenated aromatic hydrocarbons (PHAHs)
(Malins er al., 1988; Metcalfc et al., 1988; Vethaak, 1993). On the other hand, involvement of
natural stress factors in the aetiology of diseases could not be ruled out (Vethaak & ap Rheinallt,
1992; Vethaak & Jol, 1996; Vethaak & Wester, 1996). The flounder (Platichthys flesus) is a
commeon (flatfish) species on soft substrata in Dutch coastal and brackish waters including the
Wadden Sea. Individuals are commonly affected by the above-mentioned diseases (Vethaak &
Jol, 1996; Vethaak & Wester, 1996). The possible contribution of anthropogenic contaminants,
in particular polychlorinated biphenyls (PCBs), to the aetiology of disease in flounder is the
topic of interest in this thesis,

Envirenmental pollution: possible causal factors for fish diseases.

To address the aetiology of fish diseases, epidemiological surveys have been carried out
in an attempt to correlate fish diseases with the levels of pollution. The earliest field studies trying
to correlate fish diseases, such as skin and liver tumours and fin rot, to pollution were carried
out in the United states in the 1960s (Mahoney er af., 1973, Mearns & Sherwood, 1974). Many
of the earlier surveys suggested a relationship between pollution and disease, but no causal
relationship could be demonstrated. In order to investigate a relationship between prevalences
of hepatic neoplasms in bottom-dwelling fish and concentrations of toxic chemicals in the
marine environment, Malins and co-workers (1988) conducted field studies over a 5-year
period. They demonstrated statistically significant correlations between the occurrence of
hepatic neoplasms and levels of PAHs in sediment (Malins et al, 1985) and levels of
metabolites of aromatic compounds in the bile (Krahn et al., 1986). Other studies have
provided additional evidence for a causal relationship between poliution and the occurrence of
fish diseases. Varanasi er /. (1986) reported covalent binding of metabolites of benzo(a)pyrene
to hepatic DNA in English sole (Parophrys vetulus). Covalent binding of aromatic free radicals
was only observed in sole from contaminated areas and not in sole from a reference site.
Furthermore, PCBs and PAHs were found to be significant risk factors for the occurrence of
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neoplastic, preneoplastic, and specific degenerative/necrotic lesions in fish from chemically
contaminated urban sites by Myers ef al. (1987).

The occurrence of certain diseases in fish populations from the North Sea has been
related (in partial) to environmental pollutants. The main source of anthropogenic
contamination is through riverine outflows, primarily from the Rhine, Scheldt, Meuse, Elbe,
Weser, and Thames. As a consequence, coastal areas and estuaries are significantly poiluted
(Klamer et af., 1991; de Boer, 1995). In the North Sea, studies on fish diseases have focused
mainly on dab (Limanda limanda) and flounder (Dethlefsen e al., 1987; Vethaak et al., 1992).
High prevalences of serious pathological liver conditions, e.g. shrinkage of liver cells and
neoplastic liver nodules, in flounder, ruffe (Gymnocephalus cernua), and smelt (OQsmerus
eperlanus) from the Lower Elbe were observed by Peters er al. (1987) and addressed to high
concentrations of pollutants, e.g. PCBs. Using flounder as a local indicator species in Dutch
coastal areas and estuaries, a multidisciplinary survey between 1983 and 1987 recorded mainly
lymphocystis, skin ulcers and liver neoplasia (Vethaak, 1987). Again, it was suggested that the
high prevalences of some of these lesions was related to the presence of high concentrations of
environmental pollutant, particularly PAHs and PHAHSs. In a further study, the implication of
PHAHs or other chemicals in the aetiology of liver neoplasia and possibty lymphocystis was
further confirmed in a large-scale mesocosm study using flounder (Vethaak et al., 1996).

Toxic effects of PCBs in fish

The majority of toxicological studies with PCBs have been conducted in laboratory
animals such as rat and mice. The toxicity of PCBs depends on factors such as: 1) the degree of
chiorination; 2) the animal species and strain used for toxicity testing; 3) the sex and age of the
animals used; 4) the duration and route of exposure (Safe, 1994). In mammals, PCBs elicit a
broad range of adverse health effects (McConnell, 198%; DeVito & Birmbaum, 1994). The most
observed efifects of PCBs include loss of body weight (Allen er al. 1974; Baumann et af.,
1983), immunotoxicity {Tryphonas et af, 1991), neurotoxicity (Tilson et al., 1990), endocrine
effects (Brouwer et al., 1997), reproductive toxicity (Allen et al, 1979), dermal toxicity
{McConnell, 1989) as well as carcinogenicity (Kimbrough et al., 1975).

Many of the above mentioned pathological and biochemical changes have also been
observed in fish exposed to PCBs and related compounds. Long-term i.p. exposure of carp to
the commercial PCB mixture Delor 103 resulted in a lower weight gain as compared to control
fish (Svobodova er ai., 1994). A number of environmental pollutants are reported to affect
reproductivity (Colborn et al., 1993; Peterson ef al., 1993). In fish, PCBs have been shown to
interfere with steroid metabolism thus medulating reproductive success. Freeman & Idler
(1975) demonstrated 11B-hydroxylation of testosterone in brook trout (Safvelinus fontinalis)
after three weeks of exposure to Aroclor 1254, Alterations in hepatic steroid metabolism upon




chapter 1

1 6 5 6 ' 5
O
2 7
4 4
3 8
4 O 9 3 2 2 3
PCDD (75) PCB (209)
1 6 1 6
2 7 2 7
3 8 3 8
4 O 9 4 9
PCDF (135) PCN (75)
Figure 1.1 Molecular structure and ring positien of PHAHs (polyhalogenated aromatic

hydrocarbons): PCDD (polychlorinated dibenzo-p-dioxin), PCDF (polychlorinated dibenzofuran), PCB
(polychlorinated biphenyl), and PCN {polychlorinated naphthalene). The numbers between brackets
indicata the number of possible congeners.

PCB exposure were also observed in carp (Cyprinus carpio) by Yano & Matsuyama (1986).
Reports on effects of PHAHs on the immune system in fish are ambiguous. Modulation of the
immune response was observed in rainbow trout upon exposure towards TCDD (Spitsbergen ef
al., 1986). Suppression of B-cell mediated immunity in chinook salmon (Oncorhynchus
shawytscha) was reported by Arkoosh er al. (1994) upon exposure to PCBs. In contrast,
chronic exposure of Aroclor 1254 did not affect the humoral immune system in rainbow trout
(Cleland et al., 1988). Endocrine distuptive effects in fish were reported by Leatherland &
Sonstegard (1978). Coho salmon (Oncorhynchus kisutch) fed diets containing a PCB mixture
of Aroclor 142 and 1254 for 3 months showed reduced plasma levels of triiodothyronine.
Furthermore, changes in retinoid homeostasis were observed by Palace & Brown (1994) in
Lake char (Saivelinus Namaycush) eight weeks after a single oral administration of 3,3°,4,4°,5-
pentachlorobiphenyl. Finally, very little evidence based on experimental research was found for
the carcinogenicity of PCBs in fish. Nevertheless, considering the similarity between
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toxicological effects in mammals and fish, the presence of a common mechanism of action of
PCBs and related compounds is suggested.

Ah-receptor pathway, a common mechanism?

The molecular mechanism of action of PHAHs has been studied extensively in
mammals (fig. 1.2). It is initiated by binding of the xenobiotic to a soluble cytosolic receptor,
named the aryl hydrocarbon (Ah) receptor. The non-occupied Ah receptor is part of a multimeric
protein complex which contains two heat shock proteins (Hsp90) and another, not yet fully
characterised, protein of about 46 kDa (Hsp50) (Landers & Bunce, 1991; Okey et al., 1994).
Upon ligand binding, the AhR is transformed to a DNA- binding form and transported into the
nucleus. The transformation includes dissociation of the Ah receptor complex and subsequent
association with a protein. This protein, named Amt {(Ah receptor nuclear translocator protein),
was cloned by Hoffman er a/. (1991) and demonstrated to be a component of the DNA-binding
form of the ligand-AhR complex. The ligand-AhR-Amnt complex subsequently binds to a specific
DNA sequence, termed the dioxin responsive enhancer (DRE), feading to enhanced or inhibited
rates of transcription of genes associated with the Ah genetic complex (Okey et al., 1994;
Hankinson, 1995). Binding of TCDD to the Ah receptor has been described in mammalian
{Denison et af., 1986a,b) as well as some fish species (Lorenzen & Okey, 1990; Hahn et al.,
1994). In addition, induction of the cytochrome P4501 A enzyme system (the best studied response
mediated by the Ah receptor) in fish has been found to be comparable to mammalian indugtion of
CYPLA (Stegeman & Hahn, 1994). These observations underscore the presence of a common
mechanism of PHAH induced toxic effects in mammals and fish.

The first, most-studied, and best-understood response shown to be mediated by the Ah
receptor, is induction of hepatic cytochrome P450 (Whitlock, 1990). These enzyme-linked
cytochromes are involved in the oxidative metabolism of numerous lipophilic exogenous and
endogenous substrates, including drugs, PAHs, PHAHs, pesticides, fatty acids, and steroids. In
mammals the cytochrome P450 superfamily comprises a group of heme-containing enzymes,
which up till now have been classified in 36 subfamilies based on amino acid sequence (Nebert
et al., 1991; Nelson ef 2., 1993). Each subfamily has a distinct, but often overlapping, substrate
specificity and are under independent genetic control. The CYP1A subfamily is induced by
PAHs, planar PCBs, dioxins and related compounds (3-MC type inducers) (Okey, 1990; Poland &
Knutson, 1982; Safe, 1994). Non-planar PCB congeners are inducers of the CYP2B subfamily
and are called PB-type inducers. Commercial PCB mixtures exhibit both 3-MC and PB type
induction pattern and are often revered to as mixed-type inducers.

In fish, two P450 subfamilies (1A and 2B) have been identified (Stegeman, 1989;
Miranda et al., 1990). But unlike corresponding mammalian P450 isoforms, only fish CYP1A is
inducible by 3-MC-type inducers whereas the constitutive CYP2B appears to be not induced by
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Abbraviations: AhR. arylhydrocarbon receptor;, ARNT: Ah receptor nuclear translocator; DRE: dioxin
responsive enhancer, GST: glutathione S-transferase; Hsp: heat shock protein; P450: cytochrome P450;
PHAH: polyhalogenated aromatic hydrocarbons; UDPGT: uridine-5-diphesphate-glucuronyltransferase.

phenobarbital-type inducers (Gokseyr & Firlin, 1992; Stegeman & Hahn, 1994, Kleinow et al.,
1990). In fish, induction of CYPIA and associated 7-ethoxyresorufin-(>-decthylase (EROD)
activity have been shown to occur upon exposure to PCBs, PAHs, dioxins and related compounds
{Celander & Forlin, 1995; Eggens, 1996; Hahn & Stegeman, 1994; van der Weiden et al., 1994).
Since the induction of CYP1A and EROD activity is one of the earliest responses observed in fish
upon exposure to contaminants that exert their toxic effect via the Ah receptor pathway, the use of
EROD activity as biomarker in fish has been widely advocated (Bucheli & Kent, 1995; Gokseyr,



Introduction

1995). Payne & Penrose (1975) and Payne (1976) were among the first to use induction of the
cytochrome P450 enzyme as a biomarker. Since then, measurement of CYPLA activity has
frequently been used to monitor early responses of environmental contamination in fish (Narbonne
et al., 1991; Goksayr et al., 1991; Stegeman et af., 1987).

Objective and approach of the present study

Although to date, it is suggested that PHAHs and PAHs are involved in the aetiology
of fish diseases, the underlying mechanisms are still largely unknown. To establish a causal
relationship between the increased occurrence of fish diseases and an environmental pollutant,
an epidemiological approach should be accompanied with experimental work addressing the
molecular mechanism of action of the pollutant. Therefore, the research presented in this thesis
was undertaken to provide additional information on the mechanism of action of PCBs in the
flatfish flounder. The focus was on the mechanistic aspects of the toxic and biochemical effects
of PCBs and related compounds, with the aim to provide a sound scientific basis for possible
PCB induced effects in flounder, which may or may not correspond to the diseases observed in
the wild.

In order to investigate the mechanism of action of PCBs, flounder were caught from
the wild and exposed to PCBs and related compounds under controlled laboratory conditions.
In chapter 2, the procedures for catching, transporting, and disinfecting flounder are given. In
addition, the seawater aquarium in use at the Department of Toxicology is described. The
sensitivity of flounder towards PCB and TCDD exposure was assessed by measuring hepatic
CYP1A induction and possible associated alterations in vitamin A and thyroid hormone
homeostasis (chapter 3 and 4). In chapter 5, the possible interactions between PHAHs and their
effect on CYPLA content and activity in flounder was evaluated. Since most, if not all, of the toxic
and biochemical effects of PCBs are Ah receptor mediated, a study on the molecular
characterisation of the Ah receptor pathway for CYP1A induction, as well as on interference of
PCB congeners with the CYP1A catalytic activity in flounder was conducted (chapter 6).
Finally, the effects on retinoid levels in flounder after long-term exposure to contaminated harbour
sludge, are reported in chapter 7.




Chapter 2
Methodology: Salt Water Recirculation System

In order to investigate the Ah-receptor mediated effects of polyhalogenated aromatic
hydrocarbons (PHAHSs) in flounder under laboratory conditions, flounder were caught from the
wild and transported to the city of Wageningen and held in seawater aquaria at the Department
of Toxicology, Agricultural University Wageningen. Here the procedures for catching,
transporting, and disinfecting flounder are given. In addition, the seawater aquarium in use at
the Department of Toxicology is described.

Collecting fish

Flounder were caught in the Western Wadden Sea by beam-trawling. Special care was taken to
avoid damage to the fish during hauling. Therefore, the ship towed a 5 m beam-trawl for no
longer than 15 minutes. After hauling, the net was taken on board and opened. Visibly healthy
immature flounder in the length class between 18.0 and 22.0 cm (mainly 2 years of age) were
selected and placed in a reservoir filled with seawater. The water was constantly refreshed by
pumping in seawater. Flounder remained in these reservoirs until the ship docked and arranges
were made to transport the fish by car.

Transport

Upon arrival in port, flounder were divided over several 75 litres vessels which could be
hermetically closed. Crushed ice was placed on the bottom of the vessel after which a large
plastic bag was placed on top of the ice. The ice was added to prevent rising water temperatures
during transport of the fish. The plastic bag was filled for 1/3 with seawater. Each vessel was
loaded with a maximum of 30 fish (Fig. 2.1). To prevent fish dying from suffocation, the water
was aerated and the plastic bag filled with technical oxygen. After closing the bag and the
vessel airtight, the fish were transported by car.

Disinfection and acclimatisation

Flounder caught from the wild are potentially infected by parasites, bacteria, and viruses (e.g.
Trichodina, Dactylogyrus). To prevent an outbreak of parasites or bacterial and viral diseases,
flounder were disinfected. Two methods of disinfection were tried.
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Figure 2.1. Preparation of flounder for transport by car. A plastic bag was placed into a vesse! (75
litres) containing a layer of crushed ice, and filled with seawater (3}, A maximum of 30 flounder were
piaced into the vessel. The seawater was aerated and the bag filled with oxygen, after which the bag and
vessel were closed airtight.

Formaldehyde solutions are used as disinfectant because of their antibacterial, antiviral,
and antiparasitical properties. The antiparasitical action of formaldehyde is based on its
disinfecting properties, which are reducing and cause proteins to precipitate. In addition,
formaldehyde treatment results in irritation of the mucous membrane of fish, which stimulates the
antiparasitical action (Schéperclaus, 1990). Flounder were placed for 1%/, - 2 hrs in a well aerated
aquariurn filled with seawater in which a formaldehyde solution was added to a final concentration
of 200 ppnyl. Afier treatment, flounder were placed in seawater filled aquaria and acclimatised.
Although formaldehyde treatment gives good results ultimately, this procedure was not used for
disinfecting flounder eventially since the treatment appeared to be very stressful.

10
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The procedure used for disinfecting flounder takes advantage of the fact that flounder is a
euryhaline fish species, inhabiting salt as well as fresh waters. Upon arrival, the flounder are
placed in fresh water containing aquaria for 24 hrs after which they are transferred to salt water
containing aquaria. After 24 hrs flounder are placed again in fresh water aquaria for 1 day. Finally,
fish are transferred to salt water aquaria. This procedure is less stressful for the fish. In contrast to
flounder, most of the parasites can not cope with fluctuations in salt concentration. Using this
method we obtained very good results in disinfecting flounder, making it possible to maintain
flounder in our salt water aquaria facilities for more than 4 years without serious health problems.

Figure 2.2. Semi-synthetic seawater aquarium system as employed at the Department of
Toxicology, Agricultural University Wageningen. The aquaria shown (450 dm®) are used for acclimatisation
of flounder.
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Figure 2.3. Schematic representation of the recirculating semi-synthetic seawater aquarium design.
The system is composed of: A - aquarium (containing fish); B - deposition tank. The deposition tank is
divided into 3 compartments; b1- containing cotton-wool and a protein removal system; b2 - containing
porous hydrobeads used as substrate for bacteria; b3 - containing a coaling unit and a pump to recirculate
the water. Furthermore the aquarium design cansists of a UV-light installation and a coocler Using computer
software, water temperature, water flow, light regime, water oxygen level and salinity are monitored and
regulated continuously.

12
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Prior to in vivo experiments, flounder were acclimatised at 13°C for 4 weeks, in 450 dm’
glass tanks with recirculated (biologically filtered) and aerated semi-synthetic seawater under a 12
hr light ; 12 hr dark photoperiod regime (Fig. 2.2). Flounder were fed frozen mysis (Mysis relicta)
and cockles (Mollusca, Bivalvia, Cerastoderma edule) alternately at 1% of body weight daily.
Following acclimatisation, flounder were transferred to 225 dm® glass aquaria containing semi-
synthetic seawater and a small layer of sediment. Each aquarium was stocked with a maximum of
14 flounder.

Salt Water Recirculation System

For laboratory exposure studies with flounder, a recirculating semi-synthetic seawater aquariurm
design was employed. A recirculation design was used rather than a flow through system with
actual seawater because of logistic and financial reasons. Semi-synthetic seawater (HW
Marinemix + Bio-Elements, Wimex, Wiegandt, Krefeld, Germany) was prepared in heavily
aerated large basins at high salinity (+ 60 %). Prior to experiments, aquaria were filled with
concentrated semi-synthetic seawater and diluted to a salinity of 32 %. A disadvantage of a
recirculation system is the build up of contaminants in the recirculated water. Therefore, semi-
synthetic seawater was filtered and disinfected. Figure 2.3 shows a schematic representation of
the semi-synthetic seawater aquarium design used.

The aquarium design was composed of 2 aquaria: one aquarium which contained the
fish and a deposition tank. The deposition tank was used to remove contaminants from the
recirculated water. The tank was divided into three compartments, The first compartment
contained cotton-wool to filter large particles from the water, and a protein removal system.
Protein was skimmed by heavy aeration of seawater through a glass-tube. Foam formed was
collected outside the deposition tank. The second compartment contained porous hydrobeads
which acted as substrate for bacteria. Bacteria were used to biologically filter the semi-synthetic
seawater. After filtration, the water entered the third compartment. Here, the water was cooled
and pumped through a UV-installation, before returning to the aquarium. UV-irradiation of the
semi-synthetic seawater was used for disinfection, During an experiment in which flounder
were exposed to PHAHs, the seawater from the aquarium passed a charcoal filter before
entering the deposition tank. The charcoal was used to remove traces of PHAHs in the
recirculating seawater.

Water quality (ammonium, nitrite, and nitrate levels) was manually monitored daily,
whereas light regime, water temperature, water flow, water oxygen levels, and salinity were
monitored and regulated continuously using a computer software package (Technische Dient
“De Dreyen”, Agricultural University Wageningen, The Netherlands).

13



Chapter 3

Low Hepatic 7-Ethoxyresorufin-O-Deethylase (EROD)
Activity and Minor Alterations in Retinoid and Thyroid
Hormone Levels in Flounder (Platichthys flesus)
Exposed to the Polychiorinated Biphenyl (PCB)
Mixture, Clophen A50

Abstract

The effect of the polychlorinated biphenyl (PCB) mixture Clophen A50 on hepatic cytochrome
P4501 AL dependent ERQD (7-ethoxyresorufin-O-deethylase} activity, plasma thyroid hormone
levels and plasma, kidney, and liver retinoid concentrations of the euryhaline flatfish flounder
(Platichthys flesus) was determined 2 and 0 days after i.p. (intraperitoneal} injection with 20,
100, and 500 mg Clophen AS0/kg body weight. No effect of Clophen ASO on total cytochrome
P450 content in flounder liver was observed at both time points. A 6-fold, dose-dependent, sig-
nificant increase in ERQD activity was found at exposure day 10 in flounder receiving 100, or 500
mg Clophen A50/kg body weight. Plasma retinol concentrations were not altered at both time
points after Clophen A50 administration, whereas renat retinol levels showed a minor dose-related
increase at day 2 and day 10 of exposure. Significant alterations in hepatic retinoid concentrations
were observed, which were not dependent on the dose of PCB administered. In addition Clophen
AS0 administration did not result in a dose-related alteration of total T, concentrations in plasma.
Total T, concentrations in plasma were only significantly increased at day two after exposure,
whereas free T, concentrations were increased at both time points after Clophen AS50
administration. These data indicate that with regard to the parameters investigated and in contrast
to ather fish species studied, the flounder is not a sensitive species to PCB expaosure.

Harry T. Besselink, Sander van Beusckom, Erwin Roex, A, Dick Vethaak, Jan H. Koeman and Abraham Brouwer

Environ. Pollut. 92, 267-274 (1996)




The effect of Clophen A50 in flounder

Introduction

In general, many studies have shown that fish from highly contaminated coastal/estuarine waters
show increased prevalences of certain skin and liver diseases (including neoplasia) as compared to
relatively unpolluted waters (e.g. Peters ef al., 1987; McCain ef al., 1992; Vethaak & ap Rheinallt,
1992; Vogelbein et al, 1990). There is rapidly growing evidence that polycyclic aromatic
hydrocarbons (PAHs) and polyhalogenated aromatic hydrocarbons (PHAHs) may contribute to
the etiology of at least some of the diseases, especially liver tumours (Malins et al, 1988;
Gilbertson, 1989; Myers et al., 1994; Vethaak, 1994). In the Netherlands, intensive studies have
been focused on diseases in the flounder (Platichthys flesus) and their possible relationship to
chemical contarninants for more than 10 years. The flounder is an euryhaline flatfish species which
show relatively high prevalences of lymphocystis (a viral skin disease) and liver tumours in
polluted Dutch coastal waters (Vethaak & Jol, 1996; Vethaak & Wester, 1996), whereas locally
very high prevalences (up to 50%) of skin ulcers are reported near freshwater drainage sluices
(Vethaak, 1992). In addition to chemical contaminants, osmotic stress may play an important
contribution to the development of skin ulcers at these specific sites (Vethaak, 1992).

Polychlorinated biphenyls (PCBs) belong to a category of contaminants suggested to be
partially responsible for the etiology of at least some of the observed diseases of the flounder.
Some of the toxic effects of polychlorinated biphenyls (PCBs) reported in mammals, including
skin lesions and carcinogenicity (reviewed in Safe, 1994), show some resemblance with the
pathologicat effects observed in fish from polluted areas.

Most of the toxic effects of PCBs are mediated by the Aryl hydrocarbon (Ah) receptor
(Poland & Knutson, 1982; Landers & Bunce, 1991). There is a good structure-dependent
correlation between Ah-receptor binding and the potency to induce cytochrome P4501A (CYPLA)
{Poland & Glover, 1977, Denomme et al., 1986), the major form of cytochrome P450 induced by
PAHs and PHAHS in fish (Stegeman & Hahn, 1994), and associated ethoxyresorutin-O-deethylase
{EROD} activity (Stegeman, 1981; Stegeman et al., 1988).

Cytochrome P4501A is known to be directly involved in the oxidative biotransformation
of non-ortho-PCBs (Ishida er al, 1991), resulting in the formation of hydroxylated PCB
metabolites. Hydroxylated PCB metabolites have been found to interfere with the plasma transport
of both thyroid hormone and retinol, by binding to the plasma carrier protein transthyretin (TTR),
thus enhancing the elimination of thyroxine and retinol from the circulation (Brouwer, 1987; Lans
et al., 1993). In addition, AhR-mediated induction of enzymes like UDP-glucuronosyltransferase
(Morse et al., 1993) and acylCoA:retinol acy! transferase (Jensen er al., 1987) may result in a
disturbance of the thyroid hormone and retinoid homeostasis.

PHAHSs are known to affect retinoid homeostasis in mammals, as well as in fish (Zile,
1992). A possible role of retinoid metabolism in the toxicity of PHAHS is suggested because of the
striking resemblance between the pathological effects observed in mammals exposed to PHAHs
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and the symptoms associated with hypovitaminoses A, for example keratinisation of epithelia
{Chopra, 1983) and suppression of immune function (Safe, 1994; Mark et o/, 1983). In addition,
while PHAHs are well known tumour promotors (Silberhomn ez al, 1990), retinoids have been
shown to suppress the process of carcinogenesis in vivo (Sporn & Roberts, 1983) and to modulate
PHAH induced carcinogenesis (Flodstrdm et af,, 1991).

In teleost, the thyroid hormone is considered to be involved in the process of
smoltification (Folmar & Dickhoff, 1980; Prunet et al., 1989), metamorphosis (Inui et al., 1989)
and osmoregulation (Leloup & De Luze, 1985). Reported changes in plasma thyroid levels in fish
could be attributed to the interference of PHAHs with the thyroid homeostasis (Leatherland &
Sonstegard, 1978). Hence osmotic stress in combination with PHAH exposure can disturb various
physiological and biochemical processes in fish leading to observed pathological changes.

The present study was undertaken to investigate whether flounder are sensitive to PHAH
exposure by measuring hepatic CYP1A induction and possible associated alterations in vitamin A
and thyroid hormone homeostasis. Clophen A50, a mixture of PCB congeners, was chosen, rather
than an individual congener, to better mimic a more realistic wildlife exposure situation.

Materials and methods

Chemicals. Clophen A50 was a kind gift from Dr.J.P.Boon (Netherlands Institute for Sea
Research, Den Burg, Texel, the Netherlands). The following chemicals were purchased from
Merck, Darmstadt, Germany: tris(hydrexymethyl)aminomethane (Tris), diisopropylether,
hydrochloric acid, sodium chloride, dipotassium hydrogen phosphate, potassium dihydrogen
phosphate, glycerol, sucrose and 2,6-di-ter-butyl-4-methylphenol (BHT). Bovine Serum Albumin
(BSA) was purchased from Sigma Chemie, Bormem, Belgium. Methanol, HPLC grade, was
purchased from Janssen Chimica, Tilburg, the Netherlands. Retinol, retinyl palmitate, and retinyl
acetate were purchased from Fluka Chemie, Bornem, Belgium.

Sample collection. Flounder were collected by beam-trawling between the 13" and 17 of June
1992 in the Western Wadden Sea. To avoid damage to the fish, the ship towed a 5 m beam-trawl
for only 10 minutes. After hauling the net was opened and gonadally immature and overly healthy
fish in the size class between 18.0 and 22.0 cm (appr. 2 years of age) were selected. The fish were
kept in fresh water for 1 day, followed by 1 day in sea water and again 1 day in fresh water to free
the animals from parasites. The fish were acclimatized at 13°C for 4 weeks, in 450 dm’ glass tanks
with recirculated (biclogically filtered) and acrated semi-synthetic seawater (HW Marinemix +
Bio-Elements, Wimex, Wiegandt, Krefeld, Germany) under a 12 hr light : 12 hr dark photoperiod
regime. Flounder were fed frozen mysis (Mvsis reficta) and cockles (Mollusca, Bivalvia,
Cerastoderma edule) alternately 1% of body weight daily throughout the whole experiment.
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Treatment of fish. After the 4 week acclimatization period, flounder were divided into groups of
10 animals each and transferred to 225 dm’ glass tanks. Two groups received a single i.p. injection
of 5 ml comn oil’kg body weight (day 2 and day 10 contrel groups). Three groups (day 2 of
exposure) were i.p. injected without anaesthesia with respectively 20, 100, or 500 mg of Clophen
A50/kg body weight, dissolved in corn oil (5 ml’kg body weight). The remaining three groups
(day 10 of exposure) received the same doses of Clophen A30 dissolved in corn oil.

Dissection of fish. After two and ten days of exposure, one control group and three Clophen AS0
dosed groups were sturmed by a blow to the back of the head. Body weight and length were
determined and blood samples were taken from the caudal vein with a heparinized syringe. Plasma
was collected, after centrifugation of the blood at 500 g in a Eppendorf centrifuge and was stored
at -20°C until analysis. After collecting blood, fish were killed by cervical transection. Livers were
carefully dissected free from gall bladder, washed in ice-cold 0.9% NaCl, weighed and stored at
-80°C until preparation of microsomes. Also kidneys were dissected, washed in ice-cold 0.9%
NaCl, weighed and stored at -80°C until preparation of homogenates.

Preparation of homogenates and microsomes. Individual livers, and kidneys were homogenized in
1.5 ml 50 mM Tris-HCI buffer (pH 7.4) containing 0.25 M sucrose using 10 strokes with a motor-
driven Potter-Elvehjem glass and teflon homogenizer. An aliquot of the homogenate was stored at
-20°C for renal and hepatic retinoid analysis. The remaining hepatic homogenates were
centrifuged at 9,000 g for 30 min. The resulting supematants were centrifuged at 100,000 g for 90
minutes. The hepatic microsomal pellets obtained from each fish were resuspended in a 0.1 M
potassium phosphate buffer (pH 7.4} containing 20% (v/v) glycerol and stored at -80°C until
analysis. All operations were performed at 0-4°C.

Protein assays. Protein was measured by the Bio-Rad assay system, using crystalline bovine serum
albumin as standard.

Cytochrome P45 assays. Total cytochrome P450 content in the microsomal fraction of flounder
liver was determined using the method described by Omura and Sato (1964). Microsomal 7-
ethoxyresorufin-O-deethylation (EROD) activity was determined according to the methed of
Prough ef al. (1978). The assay was optimized for flounder and executed at 25°C on a Hitachi
fluorescence spectrophotometer F-2000.

Extraction and analysis of retinoids. Plasma, renal, and hepatic retinoids were analyzed using the

methed of Brouwer ef al. (1989a) with some minor modifications. Renal homogenate (100 mi),
plasma samples, or hepatic homogenate (50 mi) were vortexed with either 100 ml, or 50 ml
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methanol, containing retinyl acetate as internal standard and 0.1 % 26-di-fer-butyl-4-
methylphenol (BHT) (w/v) as an anti-oxidant. Plasma and liver retinoids were extracted ovemnight
at -20°C with 100 ml diisopropylether. Kidney retinoids were extracted with 200 ml
diisopropylether. After extraction the ether phase was removed and filtered over a 0.45 mm filter
(Millipore, Etten Leur, the Netherlands), evaporated under nitrogen and finally resuspended in
either 50 ml (plasma and kidney) or 100 ml methanol:ethylacetate (3:1) (0.1% BHT) (liver). All
extractions were carried out in duplicate and under dim light. Twenty ml aliquots of resuspended
extracts in methanol (0.1% BHT) were analyzed on a HPLC system employing a C,4 analytical
column (Pecosphere, 3.3 cm length and 4.6 mm internal diameter, 3 mm particle size, Perkin
Elmer). A Spectra-Physics Analytical HPLC system was used consisting of a P-2000 binary
gradient pump, AS-3000 autosampler, UV-1000 UV-VIS detector and a Merck Hitachi D-2500
chromato-integrator. For the detection of retinoids a wavelength of 326 nm was used. Plasma
extracts were analyzed using an isocratic system with 13% water and 85% methanol, a flow rate of
| mi/min and data collection for 7 minutes. Renal and hepatic retinoids were analyzed by 15%
water, 85% methanol for 1.5 minutes, followed by a gradient to 100% methanol for 2.5 minutes.
Retinyl esters were eluted by running at 100% methano!l for 9.5 minutes, Finally the column was
re-equilibrated at 15% water and 85% methanol for 1.5 minutes.

Thyroid hormone analysis. Plasma total T, (TTy), total T; (TT,), and free T, (FT,) were measured
using the Amerlite systern (Amersham, UK) and the protocol of the supplier with slight
modifications. The TT, assay reagent was diluted five times with demineralized water; the TT,
standard curve ranged from 0 to 30 nmol TT/liter; the standard curve for TT; ranged from 0 to 9
nmol TTy/liter, whereas the standard curve for FT, ranged from 0 to 100 pmol FT/liter,

Statistics. Statistical analysis was performed by using the software package SPSS/PC+™ (SPSS
In¢., Chicago, IL). Data were tested for normality and homogeneity of variance using the Chi-
square test and the Bartletts test, after which data were analyzed statistically by a 2-way ANOVA
with dose and time as independent variables. To find significant differences between the treatment
groups, data were analyzed by one-way analysis of variance, followed by a least significant
difference test. Data that did not pass the Chi-square test, or Bartletts test were analyzed for
difference to control using the Kruskall-Wallis test. The data are expressed as the means +
standard error of the mean (SEM).

Results

Body weights, condition factors and relative liver- and kidney- weights. Overall no significant
dose-, or time-dependent effects on body weights were observed following Clophen A50 treatment
of flounder. Significantly reduced body weight was only observed in the 20 mg Clophen A50/kg
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body weight group at 10 days after treatment compared to their initial body weight at day 0 (Table
3.1). In addition, a treatment-unrelated significant increase in body weight compared to the control
group was only observed 2 days after i.p. injection of 20 mg Clophen A50/kg body weight.

No Clophen A350 dose-, or time-related effects were observed on the condition factor of
flounder after 2 and 10 days of exposure (Table 3.1). The relative liver weights 10 days after i.p.
injection of 20, or 500 mg Clophen A50/kg body weight were slightly, though significantly higher
compared to the liver weight on day 2 in the same treatment groups. However, there was no clear
dose-dependent increase in liver weights compared to controls at either time point of exposure to
Clophen A50. Significantly lower liver weights compared to control values were only observed in
flounder receiving 20 mg Clophen AS0/kg body weight, at two days after exposure. The only
significant difference in relative kidney weights was observed on day 10 of exposure compared to
day 2 of the same exposure group (500 mg Clophen A50/kg body weight). However, again there
was no dose-dependent effect of Clophen A50 on kidney weights,

Monooxygenase induction. Total cytochrome P450 content in liver microsomes of flounder was
not altered after 2, or 10 days, foliowing exposure to the PCB mixture Clophen A50 (Figure 3.1).

Table 3.1. Body weight, condition factor, relative liver and kidney weight of flounder following i.p.
exposure to Clophen A50.
Dose of Clophen A50 (mg/kg)
(n} 0 20 100 500
Body weight day 0 (20) 1048 6.6 111.52 79 1193+ 7.3 121.5 5.9
() day 2 (10) 994 10.0 1314t 12.4° 12141 9.1 1134+ 8.7
day 10 (10) 1083 = 84 923+ 717" 1147 11.5 1253+ 76
Condition factor day 0 {20 1.54 + 0.04 1.51 0.03 1.53+ 0.03 1.54+ 002
(gem’¥ day 2 (10) 1,57+ 0.08 1.55+ 0.04 158+ 0.03 156 £ 0.03
day 10 (10) 1.52+ 0.04 146+ 0.03 150+ 0.04 1.53+ 0.03
Liver day 2 (10) 120+ 0.8 0.95 + 0.08* 1.02+ 0.06 1.00+ 0.05
(%a body weight) day 10 (10) 1.18+ 0.07 1.32 1 0.10° Lil+ 0.09 1.37 £ 0,100
Kidney day 2 (10) 021+ 0.03 023+ 0.04 0.22£ 0.02 020+ 0.01
(% body weight) day 10(10) 024 + 0.02 030+ 0.0 027+ 0.04 033 + 0.04°

Flounder were i.p. dosed with Clophen A50 on day 0. Number of animals in parentheses. Data are expressed
as mean = S.EM..

®Significant different from control, p<0.05.

bSignificant different from day 2 treatment group, p<0.05.

“Significant different from 100 mg Clophen A50/kg b.w. treatment group and day 2 treatment group, p<0.05.
dCondition factor: {(body weighty/(body lenght)*x100.
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Even a dose as high as 500 mg Clophen A50/kg body weight did not show any effect on the total
hepatic cytochrome P450 concentration. In contrast, a 6 fold dose-related increase (F=6.604
(df=3), p=0.001) in EROD activity was found in flounder receiving 100, or 500 mg Clophen
A50/kg body weight at 10 days after exposure (Figure 3.2a). At two days after exposure, a slight
but not significant induction of EROD activity was observed in flounder receiving 20, or 100 mg
Clophen A30/kg body weight. Although not time-related, a dose by time interaction was found
(F=3.281 (df=3), p=0.026). A similar paitern of changes was found when EROD activity was
expressed as the specific activity, e.g. the amount of resorufin formed per minute per nmol
cytochrome P450 (figure 3.2b). Again, a dose-dependent induction (F=2.938 (df=3), p=0.04) of
the specific activity was observed 10 days after exposure only whereas at day 2 after exposure a
slight but not significant increase was found in the low dose group only. In addition, a 2-way
ANOVA interaction (dose*time) was observed (F=6.711 {df=3), p=0.001).
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Figure 3.1. Effect of Clophen AS0 on total cytochrome P450 concentration in flounder hepatic

microsomes. Flounder were sacrificed after 2 (represented by black bars) and 10 {represented by white bars}
days. Data (n=9) are expressed as means £+ SEM..
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Figure 3.2. Hepatic microsomal 7-ethoxyresorufin-O-deethylase (EROD) activity (pmol RR/min/mg
protein) {A) and EROD specific activity (pmol RR/min/nmol cat.P450) (B} in flounder, following i.p. exposure to
Clophen AS0. Flounder were sacrificed at 2 {represented by black bars) and 10 (represented by white bars)
days after exposure. (a) indicates a significant increase (p<0.01) from cornoil treated groups, (b} indicates a
significant difference (p<0.01) between the dose group of 500 mg Clophen A50/ kg body weight and the group
that received 20 mg Clophen A50/kg body weight, (c) indicates an significant increase (p<0.01) compared to
the same treatment group at day 2. RR=resorufin formed. Data (n=9) are expressed as means + S E.M..
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Plasma, renal, and hepatic retinoid levels. The effect of Clophen AS50 on the plasma and renal
retinol concentrations are given in Table 3.2. The plasma retinol concentrations were not affected
by exposure to Clophen A50. Only a slight, though significant titne-, but no dose-effect on plasma
retinol concentrations was observed by 2-way ANOVA analysis (F=4.170 (df=1), p=0.045). A
dose-, but not time-related increase of renal retinol levels was observed in Clophen AS50 treated
flounder (F=4.012 (df=3), p=0.011). At day 2 of exposure, the retinol concentration in the kidney
of flounder dosed with 500 mg Clophen A50/kg body weight was significantly higher from
control, and 100 mg Clophen AS50/kg body weight dosed groups of flounder. At day 10 of
exposure, an increase in renal retinol concentrations in the highest dose group was still observed,
though the increase was not significantly different from control values.

Large individual differences were observed between individual hepatic retinol
concentrations within the same treatment groups (Table 3.3). A significant reduction in hepatic
retinol levels was observed between the corn oil {reated groups on day 2 and day 10. When
expressed as percentage of control, the hepatic retinol content was either decreased (day 2), or
increased (day 10) after dosing in the Clophen AS0 treated groups compared to controls. These
changes were not statistically significant different from controls (p>0.05). The individual
variability was also large for the retiny]l palmitate concentrations. Flounder treated with either 20,
or 100 mg Clophen A50/kg body weight showed significantly lower hepatic retinyl palmitate
concentrations from the control values on day 2 of exposure, however no changes were observed

Table 3.2. Retinoid content in plasma and kidney of flounder following i.p. exposure to Clophen A50.
Duose Plasma Kidney
Clophen AS0 retinol retinol
(mg/ke) (ng/ml) (ng'g)
day 2
0 22343 +£892(8) 313.85£27.57°(8)
20 203.86 £ £3.52 (10) 34436 +£36.98 (10)
100 202.14 £ 13.48 (9} 307.21 £30.03°(9)
500 188.4% + 14,61 (9) 47234 +£31.64 (8)
day 10
0 230.03 =20.96 (10} 306.26 £43.26 (9)
20 20698 = 14.54 (10) 378.85+£64.73 (8)
100 239.61 £23.63 (10) 305.84+50.13 (8)
500 24339 =21.70° (10) 424.71 £65.56 (10

Fiounder were i.p. dosed with Clophen A50 an day 0. Number of animals in parentheses. Data are expressed
asmean+ S.EM.

2. significantly different from day 2 treatment group.

i significantly different from flounder exposed to 500 mg Clophen AS0/kg b.w., p<0.05.
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Table 3.3. Hepatic retinoid content of flounder following i.p. exposure to Clophen A50.
Dose retinol retinyl palmitate retinol/retinyl palmitate
Clophen A5S0
(mg/ke) (mg/g) (mg/g) {ratio)
day 2
0 (n=10) 4742+ 988 18.67+3.18 249+ 0.51
20 (n=9) 1998 +£3.32 14.02 £ 3.04* 191+039
100 (n=10) 48,77 £ 16,70 926+ 259 207+0.64
500 {n=9) 2674+ 4.10 17.715£3.05 2.13£049
day 10
0 (n=9) 10.54 +2.46° 11.23£3.08 126£027°
20 (n=10) 2048+271 13.45x2.16 1.81+£0.28
100 (n=10) 1837+4.72 1420+ 2.60 1.24£0.32
500 (n=9) 1836 + 3,87 1564412 1.32+0.34

Flounder were i.p. dosed with Clophen A50 on day 0. Number of animals in parentheses. Data are expressed
as mean £ S.EM..

# significant different from control, p<0.05.

b. significant different from day 2 treatment group, p<0.05.

from the 500 mg Clophen A50/kg body weight dose group. A significant difference in the hepatic
ratio retinol/retinyl palmitate was observed between the com oil treated groups on day 2 and day
10. In addition, a time-, but not dose-related decrease in the ratio retinol/retinyl palmitate was
observed by 2-way ANOVA analysis (F=6.286 (df=1), p=0.015).

Plasma thyroid hormone levels. The results on plasma thyroid hormone measurements are given
in Table 3.4. Two days after exposure to Clophen A50 no significant differences in the total T,
levels were observed. At day 10, a significant lower level of plasma total T, was observed only in
flounder receiving 20 mg Clophen AS50/kg body weight compared to the control and 100 mg
Clophen A50/kg body weight treated groups. Significantly higher total T; levels in plasma as
compared to control values were only observed in fish dosed with 100 mg 'Clophen AS50/kg body
weight at day 2 of exposure (p<0.05). An overall dose-related effect was indicated in plasma total
T; levels by 2-way ANOVA analysis (F=5.578 (df=3), p=0.002). Plasma free T, levels were
increased in flounder exposed to 500 mg Clophen A50/kg body weight as compared to the other
dosed groups at day 2 of dissection. At day 10, flounder receiving 20 mg Clophen A50/kg body
weight had decrease free T, levels as compared to the control, 100, and 500 mg Clophen A50/kg
body weight dose groups. A 2-way interaction {dose*time) was found in plasma free T, levels by
ANOVA analysis (F=3.694 (d=3), p=0.016).
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Table 34. Thyroid hormone congentrations in plasma of flounder following i.p. exposure to Clophen
AS50,
Dose plasma plasma plasma
Clophen ASC total Tq total T3 free Ty
(mg/kg) {nmol/1} (nmol/1) {pmol1)
day 2
0 495+ 0.89 (10) 1.95+0.36 (8) 658+ 1.08 (9)
20 449+ 0.60 (10) 232+ 066 (9) 499+£0.75 (9)
100 561x0.77 (9) 5.34=090° (10y 6.67+1.54 (9)
500 5.76 £ (.87 (10) 2.89£0.43 (10} 11.43 £ 1.56° (10)
day 10
0 521+0.54 (1) 258053 (8) 7.00£0.57 (&)
20 262+ 033" (9) 1.83+0.55 (10) 3.68 £ 0.40° (9)
100 577057 (9) 319029 (9) 1094172 (9)
500 4.03 +0.52 (10} 3.16:041 () 9.01 + 0.85 (10)

Flounder were i.p. dosed with Clophen AS0 on day 0. Number of animals in parentheses. Data are expressed
as mean £ S.E.M..

2. significant different from control and 100 mg Clophen A50/kg b.w. treatment group, p<0.05.

P- significant different from ail other groups at day 2 of dissection, p<0.05.

“ significant different from all cther groups at day 10 of dissection, p<0.05.

Discussion

The results presented in this paper show no effects on total cytochrome P450 concentrations and
only a relatively slight induction in EROD activity, indicating that flounder (Platichthys flesus) is
not very sensitive to exposure to the technical PCB mixture Clophen A50. In addition, minor
effects on either plasma, renal, and hepatic retinoid levels and plasma thyroid levels were found,
which in most cases was independent of the dose of Clophen ASO.

These results are different from results reported on sensitivity of other fish species
towards PCB and TCDD treatment. Andersson ef of. (1985) observed an almost 50-fold increase
in EROD activity in rainbow trout (Salmo gairdneri) 3 days after a single 1.p. injection of 500 mg
Clophen A50/kg body weight. In rainbow trout (Oncorhynchus mykiss), Hektoen et al. (1994)
even found a 140-fold induction of EROD activity upon exposure to 2,3,7,8-tetrachloredibenzo-p-
dioxin (TCDD) whereas in carp (Cyprinus carpic), a 100 fold increase in EROD activity was
observed one week after a single i.p. exposure to 0.27 mg TCDD/kg body weight (van der Weiden
et al., 1994). The dose-dependent 6-fold EROD induction found in this study indicates therefore a
comparably low responsiveness of flounder (Platichthys flesus) towards Clophen A50.

A time-dependent increase of the catalytic activity of cytochrome P4501A was found in
rainbow trout (Safmo gairdneri) by Andersson et ol (1985). The EROD activity reached a
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maximum 7 days after i.p. administration of 500 mg Clophen A50/kg body weight, whereas at day
3 of exposure only a slight increase was observed. Our results showed a similar time-dependency.
In contrast administration of B-naphthoflavone, or 2,3,7,8-TCDF resulted in induced EROD
activities already after 1 day (Celander er al, 1994; Hahn & Stegeman, 1994; Andersson er al.,
1985). This indicates potential differences in toxicokinetics and in responsiveness of the various
fish species for PHAH/PAH-induced CYP1A induction.

Although a significant increase in EROD activity was found after {0 days, the 6-fold
induction was not as high as could be expected from the dose administered. The Clophen AS0
concentrations at which induction was observed (100, and 500 mg Clophen A50/kg body weight)
correspond to Dioxine Toxic Equivalences (TEQ) of respectively 0.06 and 0.012 mg TEQ/kg
body weight (Schulz ef of, 1989; Safe, 1994). Oral exposure of flounder to 10 mg 2,3,7,8-
TCDD/kg body weight (0.01 mg TEQ/kg body weight) resuited in a 40-fold increase of ERQD
activity 10 days after administration (Besselink et /., unpublished results). This may suggest that
antagonistic and or substrate inhibition effects may play a role in flounder dosed with Clophen
AS50, which will be reported on in full detail in another paper.

An alternative explanation of the relatively low responsiveness of flounder with respect
to Ah-receptor mediated effects, may be that the Ah-receptor levels in flounder are exceptionally
low, or that the Ah-receptor pathway is inefficient. Until now, not much data is available on the
presence and amount of the Ah-receptor in teleost. Using photoaffinity labelling Hahn ef ol
(1994) observed specific binding of the photoaffinity label 2 azido-3[?I)iodo-7,8-
dibromodibenzo-p-dioxin in hepatic cytosol of 7 species of teleost, including winter flounder
(Pleuronectes americanus) and rainbow trout (Grcorhynchus mykiss). From a study by Bank et al.
(1992), it could be concluded that rainbow trout contain only small amounts of Ah-receptor (~5
finol/mg cytosolic protein). Preliminary studies in our laboratory to determine the presence and the
amount of the Ah-receptor in flounder indicate the presence of low concentrations of Ah-receptor
in flounder hepatic cytosol (Besselink ef al., unpublished results).

It is has been shown that PHAHs can alter retinoid- (Brouwer & Van den Berg, 1984,
Brouwer et al., 1989a; Zile, 1992), and thyroid hormone (Brouwer, 1989; Lans ef 4/, 1993; Morse
et al, 1993} homeostasis in mammals. The results observed in the present study indicate that
interference of PCBs with the flounder retinoid- or thyroid hormone homeostasis if it occurs at all,
is affected at best only at a minor scale. However, it could be argued that the large individual
variability observed in retinoid- and thyroid hormone levels may have made it difficult to identify
PCB-related effects. Alternatively, it could be argued that an exposure time of 10 days is to short
to observe more pronounced alterations in both retinoid- thyroid hormone levels in fish. Palace &
Brown (1994) reported decreased hepatic retinol, dehydroretinol, and retiny! palmitate
concentrations and elevated kidney retinyl palmitate levels in lake char (Salvelinus namaycush)
eight weeks after a single oral dose of 3,3'4,4',5-pentachlorobiphenyl (CB-126). In a 3-year
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mesocosm study flounder were Kept under similar conditions either on polluted harbour sludge or
unpolluted sediment (Vethaak ef al., 1993). In this study we observed decreased levels of plasma
retinol, hepatic retinol, and the ratio hepatic retinolfretinyl palmitate in flounder kept on the
polluted sludge as compared to flounder kept on unpolluted sediment (Besselink et af,
unpublished results).

In conclusion, this study indicates that flounder is not a sensitive species to PCB
exposure in terms of Ah-receptor mediated induction of cytochrome P4501A activity, and
alterations in retinoid and thyroid homeostasis. No conclusions can be drawn from this short-term
exposure study towards the possible involvement of PCBs in the development of skin diseases and
fiver tumours in flounder from Dutch coastal areas, which involves life-time exposure to' these
chemicals.
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Chapter 4

High Induction of Cytochrome P4501A Activity
without Changes in Retinoid and Thyroid Hormone
Levels in Flounder (Platichthys flesus) Exposed to
2,3,7,8-Tetrachlorodibenzo-p-dioxin (TCDD)

Abstract

Oral doses of 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) were administered twice within 7 days
(total concentration (.01, 0.1, 1, 16, or 100 pg TCDD/Akg body weight) to flounder (Piatichthys
Sflesus). After 10 days of exposure, flounder were sacrificed and the effects of TCDD exposure on
hepatic microsomal total cytochrome P450 content, 7-ethoxyresorufin-O-decthylase (EROD)
activity and glutathione-S-transferase activity were examined. In addition, plasma and hepatic
retinoid and plasma thyroid hormone levels were analysed. Overall a good correlation existed
between the dose and liver concentrations of TCDD. However, only 0.75% of the total dose of
TCDD was retained in the flounder liver. TCDD caused a dose-related, statistically significant
induction of the hepatic microsomal total cytochrome P450 content (4.4 fold, p<0.001) and
associated EROD activity (27 fold; p<0.001), without obvious changes in body weight, liver
weight, and condition factor, Total glutathione-S-transferase activity was not induced in livers of
flounder exposed to TCDD. No TCDD induced changes in liver retinoid, plasma retinol, and
plasma thyreid hormone parameters were observed. These results indicate that the flounder is an
Ah receptor responsive species with respect to CYP1A induction, but not with respect to other
mammalian Ah receptor associated responses.

Harry T. Besselink, Erwin van Santen, Werner Vorstman, A Dick Vethaak, Jan H. Koeman and Abraham Brouwer

Environ. Toxicol. Chem., 16, 816-823 (1997)



The effects of TCDD in flounder

Introduction

In the Netherlands, a number of studies have focused on viral skin diseases and liver
tumours in flounder (Platichthys flesus) and their possible relationship to chemical contaminants
and natural stressors over the last decade (Vethaak & Jol, 1996; Vethaak & Wester, 1996). There
is evidence that polycyclic aromatic hydrocarbons (PAHs) and polyhalogenated aromatic
hydrocarbons (PHAHs) may contribute to the aetiology of at least some of the diseases, especially
neoplasia, observed in fish from highly polluted coastal/estuarine waters as compared to relatively
unpolluted waters (Malins ef al., 1988; Vethaak & ap Rheinallt, 1992; Vethaak, 1993).

Mammalian studies have indicated that most of the toxic effects of PAHs and PHAHs are
mediated by the Aryl hydrocarbon (Ah) receptor (Landers & Bunce, 1991). There is a good
structure-dependent correlation between Ah receptor binding and the potency to induce
cytochrome P4501A (CYPIA) and associated ethoxyresorufin-O-deethylase (EROD) activity
(Poland & Knutson, 1982; Goldstein & Safe, 1989). CYP1A is the major form of cytochrome
P450 induced by PHAH:s in fish as well (Stegeman & Hahn, 1994). Therefore, as a practical spin-
off, the induction of the cytochrome P4501A subfamily is commonly used as a biomarker for
exposure of aquatic organisms to PAHs, PCBs, dioxins and related compounds (Bucheli & Kent,
1995; Goksayr, 1995). In addition to CYP1A, the modulation of other biotransformation enzymes,
such as certain forms of glutathione-S-transferase (Andersson et al, 1985), UDP-
glucuronyliransferase (UGT) (Morse er al, 1993), and mammalian acylCoA:retinol acyl
transferase (ARAT) (Jensen er al., 1987) have been found or suggested to be under the control of
the Ah receptor signal transduction pathway.

Ah-mediated induction of these enzymes can result in depletion of essential components
of the intermediating metabolism, e.g., retinoid depletion by ARAT inhibition and thyroid
depletion by UGT induction. In addition, the AhR-mediated formation of hydroxy polychlorinated
biphenyl (PCB-OH) metabolites, that compete with T, for plasma protein binding in mammals,
adds considerably to the thyroid depleting effects of these compounds (Brouwer, 1989; Lans ef al.,
1993). In mammals it is hypothesised that the retinol and thyroid disrupting effects of e.g. PCBs
may play an essential role in the toxico-pathological effects like tumour promotion and skin
disorders (Brouwer, 1987).

In a previous study we observed a low responsiveness of flounder towards the
commercial PCB mixture Clophen A50 (Besselink et af, 1996). The aim of the present
investigation is to determine the responsivencess of flounder towards 2,3,7,8-tetrachlorodibenzo-p-
dioxin (TCDD), the most potent Ah receptor agonist and most toxic PHAH congener by
measuring hepatic CYP1A and other xenobiotic metabelising enzymes. We also investigated
whether TCDD exposure would result in endocrine disrupting effects with respect to retinoid and
thyroid hormones, similar to those observed in mammals. Flounder were orally dosed to mimic a
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more natural exposure. In addition, the liver retention of orally administered TCDD was studied
by adding a small amount of *H-labelled TCDD to the exposure solution.

Materials and methods

Chemicals. 2,3,7,8-Tetrachlorodibenzo-p-dioxin (99 % pure) was obtained from Promochem,
Wesel, Germany. [’H]-radiolabeled 2,3,7,8-tetrachlorodibenzo-p-dioxin (32 Ci/mmol) was a
generous gift of Dr. H. Poiger (Swiss Federal Institute of Technology, Ziirich, Switzerland). 1-
chloro-2,4-dinitrobenzene (CDNB) was obtained from Aldrich (Aldrich Chemical Compagny, inc,
Milwaukee, USA). Tris, Na;EDTA, diisopropylether, hydrochloric acid, sodium chloride,
dipotassium hydrogen phosphate, potassium dihydrogen phosphate, glycerol, sucrose, 2 6-di-fer-
butyl-4-methylphenol (BHT) and hydrogen peroxide (30% w/w) were obtained from Merck,
Darmstadt, Germany. Bovine Serum Albumin (BSA) was purchased from Sigma Chemie,
Bornem, Belgium. Glutathione (reduced) and methanol (HPLC grade) were obtained from Janssen
Chimica, Tilburg, the Netherlands. Retinol, retinyl palmitate and retinyl acetate were purchased
from Fluka Chemie, Bormem, Belgivm. TT,, TT; and FT, Amerlite kits were obtained from
Amersham (Amersham, Aylesbury, Buckinghamshire, United Kingdom).

Sample collection. Flounder were collected between day 3 and 6 of May 1994 in the Western
Wadden Sea. The ship towed a 5 m beam-trawl for only 10 minutes to avoid damage to the fish,
after which the net was hauled and opened. Immature fish in the length class between 18.0 and
22.0 om (mainly 2 years of age) were selected. To free captured fish from parasites (e.g.
Trichodina, Dactylogyrus), the animals were kept in fresh water for 1 day, followed by 1 day in
sea water and again 1 day in fresh water. The fish were acclimatised at 13°C for 4 weeks, in 450
dm’ glass tanks containing sediment with recirculated (biologically filtered) and aerated semi-
synthetic seawater (HW Marinemix + Bio-Elements, Wimex, Wiegandt, Krefeld, Germany) under
a 12 hr light : 12 hr dark photoperiod regime. Flounder were fed previously frozen mysis (Mysis
refictg) and cockles (Mollusca, Bivalvia, Cerastoderma edule) alternately, approximately 1% of
body weight daily throughout the whole experiment.

Treatment of fish. After the 4 week acclimatisation period, flounder were divided into 6 groups of
8 animals each and transferred to sediment containing 225 dm’ glass tanks. At day 1 and 7 of the
experiment gelatin capsules filled with 200 pl of a solution containing either 3.5%10", 3.5%10°7,
3.5%107%,3.5%10" or 3.5 pg TCDD dissolved in cornoil were orally injected into the stomach of 5
groups of fish. One group was injected with 200 pl com oil only (comtrel). The final
concentrations of TCDD administered were 0, 0.01, 0.1, 1, 10 or 100 pg TCDD/kg body weight.
In addition, the TCDD dosed flounder received a small amount of [3H] radiclabelled TCDD

31



The effects of TCDD in flounder

{60,000 dpm) by adding the [’H] labelled TCDD to the exposure solution. The gelatin capsules
were administered as described by Boon ez al. (1992).

Dissection of fish. Ten days after the first exposure, flounder were captured by neiting and stunned
by a blow to the back of the head. Body weight and length were determined and blood samples
were taken from the caudal vein with a heparinized syringe. Plasma was collected, after
centrifugation of the blood at 500 g in an Eppendorf centrifuge and was stored at -20°C until
analysis. After collecting blood, fish were killed by cervical transection. Livers were carefully
dissected free from the gall bladder, washed in ice-cold 0.9% NaCl, weighed and stored at -80°C
until preparation of homogenates and microsomes.

Preparation of homogenates and microsomes. Individual livers were homogenised in 2.5 ml 50
mM Tris-HCI buffer (pH 7.4) containing 0.25 M sucrose, using 10 strokes with a motor-driven
Potter-Elvehjem glass and teflon homogenizer. An aliquot of the homogenate was stored at -20°C
for hepatic retinoid analysis. To determine the amount of ["H]-TCDD present in the liver of
flounder, 1.3 ml aliquots of the homogenates were treated with 3.6 ml soluene (Packard, USA) and
200 pl 30% (w/w) hydrogen peroxide to dissolve and decolorize the homogenate, followed by
scintillation counting (15 ml Hionic Fluor, Packard, USA) in a 1600 TR Liquid Scintillation
Analyzer, Packard. The remaining amount of hepatic homogenates were centrifuged at 9,000 g for
30 min. The resulting supernatants were centrifuged at 100,000 g for 90 minutes. The hepatic
microsomal pellets obtained from each fish were resuspended in a 0.1 M potassium phosphate
buffer (pH 7.4) containing 20% (v/v) glycerol and stored at -80°C until analysis. All operations
were performed at 0-4°C.

Protein assays. Protein was measured by the Bio-Rad assay system, using crystalline bovine serum
albumin as standard.

Cytochrome P450 assays. Total cytochrome P450 content in the microsomal fraction of flounder
liver was determined using the method described by Omura & Sato (1964). Microsomal 7-
ethoxyresorufin-O-deethylation (EROD) activity was measured in hepatic microsomes according
to the method of Prough ef o/ (1978). The assay was adapted for use in 96 well plates and a
fluorospectrophotometric plate reader (Cytofluor 2350, Fluorescence Measurement System,
Milipor, USA). The reaction conditions (in a total volume of 200 ul) were 0.1 M Tris-HCI buffer,
pH 7.8, 1 mg B5A/ml, 0.1 mM NADPH, 0.6 pM ethoxyresorufin, and 100 pg microsomal
protein/ml. The reaction mixture was pre-incubated at 25°C for 5 minutes, the reaction was started
by adding NADPH, and the incubation was stopped after 5 minutes at 25°C by the addition of 50
ul 1 M NaOH. The resorufin formed was detected fluorimetrically and compared to a calibration
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curve (0-150 nM resorufin). All incubations were in duplicate and comrected for a blank without
NADPH.

Glutathione-S-transferase activity. Cytosolic glutathione-S-transferase activity (GST) activity was
measured in hepatic cytosol according to the method of Habig er al. (1974) using 1-chloro-2,4-
dinitrobenzene (CDNB) as substrate. The assay was adapted for use in 96 well plates and a
spectrophotometric plate reader (Thermo-max microplate reader, Molecular Devices).  The
reaction conditions (in a total volume of 250 ul) were 0.1 M potassiumphosphate buffer, pH 6.5, 1
mM EDTA, 1 mM glutathione (GSH), 1 mM CDNB and 200 pg microsomal protein/ml. After
pre-incubating for 2 minutes at 25°C, the reaction was started by adding CDNB. The formation of
the glutathione conjugate was measured for 1 minute with 6 second intervals at 340 nm.

Extraction and analysis of retinoids. Plasma and hepatic retinoids were analysed as described
previously (Besselink et @i., 1996). In short, plasma samples or hepatic homogenate (50 ul) were
exiracted overnight at -20°C with 50 pl methanol, containing retiny] acetate as internal standard
and 0.1 % 2,6-di-fer-butyl-4-methylphenol (BHT) (w/v) as an anti-oxidant, and 100 pl
diisopropylether. Afler extraction the ether phase was removed, filtered, evaporated under nitrogen
and finally resuspended in either 50 pl methanol (0.1% BHT) (plasma) or 100 pi
methanol:ethylacetate (3:1) (0.1% BHT) (liver). Twenty ] aliquots of resuspended extracts were
analysed on a HPLC system emp]oying a C; analytical column (Pecosphere, 3.3 cm length and
4.6 mm internal diameter, 3 pm particle size, Perkin Elmer). A Spectra-Physics Analytical HPLC
system was used consisting of a P-2000 binary gradient pump, AS-3000 autosampler, UV-1000
UV-VIS detector and a Merck Hitachi D-2500 chromato-integrator. For the detection of retinoids
a wavelength of 326 nm was used.

Thyroid hormone analysis. Plasma total T, (TT,), total T; (TT;) and free T, (FT4) were measured
using the Amerlite system (Amersham, UK) and the protocol of the supplier with slight
modifications. The TT, assay reagent was diluted five times with demineralized water; the TT,
standard curve ranged from 0 to 30 nmol TTy/liter; the standard curve for TT ranged from 0 to 9
nmol TT/liter; the standard curve for FT, ranged from 0 to 100 pmol FT,/liter.

Data treatment and statistics. Data were tested for normalify and homogeneity of variance using
the Chi-square test and the Bartletts test. Once they passed both tests, dose-dependent effects were
examined statistically by a 2-way ANOVA with TCDD as independent variable. Significant
differences between the treatment groups were analysed by one-way analysis of variance followed
by a least significant difference test. Data that did not pass the Chi-square test or Bartletts test were
analysed for differences from the control using the Kruskall-Wailis test. Correlation between the
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administered dose of TCDD and concentrations of TCDD in hepatic tissue were evaluated using
the software package SlideWrite Plus, Version 5.00 (Advanced Graphics Software, Inc., Carlsbad,
CA, USA) according to the following equation: y=ag+a, *x. Sigmoidal dose-response relationships
and Calculated No Effect Levels (CNELs) were derived by using either the log total concentration
TCDD/kg body weight administered or the log hepatic TCDD concentration. Calculations were
carried out using the software package SlideWrite Plus, Version 500 (Advanced Graphics
Software, Inc., Carlsbad, CA, USA) according to the following equation: y=ag+a,/(1+exp(-(x-
a;)/ay) ), where y is the effect at dose x; ag = average minimum; a, = (average maximum-ag); a; =
middle of transition (x at inflection point = log(EDs); a; = width of transition. Since it is
mathematically impossible to make a curve fit with the logarithm of zero, control values were set
at log dose -2 ng TCDD/kg b.w. (0.01 ng TCDD/kg b.w. administered) and log hepatic dose -1 pg
TCDDY/g liver (0.1 pg TCDD/g liver). To derive the CNELSs, the average control values plus twice
the standard deviation was calculated and projected to the sigmoidal dose-response curve fit. The
accompanying x-value corresponds with log(CNEL).

Results

Body weights, condition factors and relative liver weights. No TCDD-dose related effects were
observed on flounder total body weight, liver weight or condition factor throughout the experiment
(Table 4.1). In contrast, a minor time-dependent decrease in condition factor was found in fish
exposed to com oil as well as TCDD at day 10 of exposure when compared to their condition
factor at day 1 of exposure (F=4.806 (df=1), p=0.031).

Hepatic TCDD concentrations. The gelatin capsules used for dosing the fish with TCDD also
contained 60,000 dpm of [’H] labelled TCDD at both days of exposure. After correcting the
amount of the [*H]-activity in 1.3 ml hepatic homogenate for whole liver weights, the amount
of [3H]-TCDD retained in the liver as percentage of the total amount of [*H]-TCDD
administered, was calculated. Using this percentage, the actual hepatic TCDD cencentration
could be calculated. A good positive correlation was observed (Figure 4.1) between the total
dose administered and hepatic concentrations of TCDD (y=-0.26+1.03*x; r’=0.97; p<0.01).
However, only a maximum of 0.75% of the total dose of TCDD administered was retained in
the liver (data not shown).

Cytochrome P430 induction. The total cytochrome P450 content in hepatic microsomes of
flounder showed a dose-related induction (F=23.93 (df=5), p<0.001). The lowest dose of TCDD
at which a significant elevation of the total cytochrome P450 level was observed was 10 pg
TCDD/kg body weight (Figure 4.2). At the highest dose of TCDD administered, a 4.4 fold
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Table 4.1. Body weight, condition factor and relative liver weight of flounder 10 days afier initiation
of oral exposure to TCDD.
TCDD dose Body Weight Condition Factor Liver
{ugkg body weight) ® (gem’ (% body weight)
0 (8 592176 0.81£0.03 0.88 £0.07
001 (7) 80.1 £ 10.0 0.83 2003 1.06£0.10
)] 65.0+7.7 0.85 +0.03 127016
1 N 67.3+63 0.81 £0.04 0.831+0.08
10 (8) 69.5+42 0.84 £0.02 0.83 £ 0.05
100 (8) 709+9.3 0.81 £0.03 1.07£0.16

Flounder were exposed to TCDD on day 1 and 7. Number of animals in parentheses. Data are expressed
as mean + SE.

3. congition factor: ({body weight)/(body length)*}*100.

5. signicantly different from flounder exposed to corn oil, 1 or 10 ug TCDD/kg b.w., p<0.05.

log liver conc. (pg/g liver weight)

0 L L | L
0 1 2 3 4 5 6

log dose (ng/kg body weight)

Figure 4.1. Relationship between orally administered total TCDD (ng/kg body weight) and hepatic
TCDD concentrations (pg/g liver weight) (y=-0.26+1.03"x; #=0.97; p<0.01). Hepatic concentrations of TGCDD
were calculated from radioactivity found in 1.3 ml hepatic homogenate and radicactivity present in the
administered dose.
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induction of the total cytochrome P450 was observed compared to control levels. In addition, a
dose-related induction of the hepatic microsomal EROD activity {(F=18.09 (df=5), p<0.001) was
observed already at 1 pg TCDD kg body weight (Figure 4.3a). The most pronounced increase in
EROD activity (average 27 fold) was observed in flounder exposed to 10 pg TCDD/kg body
weight. In contrast to total cytochrome P450 levels, the highest dose of 100 ug TCDD/kg body
weight resulted in a slight but not significant decrease in EROD activity as compared to the 10 pg
TCDD/kg body weight exposure group. A similar dose-related induction of the EROD specific
activity, e.g. the amount of resorufin formed per minute per nmol cytochrome P450, was found
(F=10.49 (df=5), p<0.001) (Figure 4.3b). The highest increase in EROD specific activity was also
observed in flounder dosed with 10 ug TCDD/kg body weight. Again, the EROD specific activity
was lower (not statistically significant) in flounder exposed to 100 pg TCDD/kg body weight as
compared to the 10 ug TCDD/kg body weight exposure group.
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Figure 4.2, Total hepatic microsomal cytochrome P450 concentrations in flounder following oral
exposure to TCDD. Flounder were sacrificed 10 days after initial exposure. {*) indicates a statistically significant
increase (p<0.001) from control values. Data (n=8) are expressed as means + SE.
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Figure 4.3. Hepatic microsomal 7-ethoxyresorufin-O-deethylase (EROD) activity (a) and specific activity
{b) in flounder, following oral administration of TCDD. Flounder were sacrificed at day 10 of exposure. (%)
indicates a statistically significant increase {p<0.05) from control values, (**) indicates a statistically significant
difference (p<0.001) from control values. Data (n=8) are expressed as means = SE.
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In Figure 4.4a the Calculated No Effect Level (CNEL) is derived from the sigmoidal
dose-response relationship of the log total dose and EROD activity after TCDD administration,
according to the formula indicated in Material and Methods (y=32.91+520.10/(1 exp(-(x-
3.21)/0.14)); v'=0.74; F-statistics=37.02). Using sigmoidal curve fitting, a CNEL of 676.1 ng
TCDD/kg body weight was obtained. The EDs, for EROD activity induction was calculated to be
1.62 pg TCDD/kg body weight. The same procedure was followed for calculating a CNEL based
on the liver TCDD concentration. The dose-response relationship of the log liver TCDD
concentration and EROD activity is given in Figure 4.4b (y=29.50+529.25/1+exp(-(x-
3.11)/0.21)); r*=0.77; F-statistics=42.70). Sigmoidal curve fitting resulted in a CNEL of 363.1 Pg
TCDD/g liver and an EDs; of 1.29 ng TCDD/g liver. From Figure 4.4a and 4.4b it is clear that
large individual variations of ERQD activity were found. In the highest dose group, the ERQOD
activity varied from 109.08 to 938.61 pmol RR/min/mg protein.

Glutathione-S-transferase activity. The cytosolic glutathione-S-transferase activity was not
significantly altered in flounder upon exposure to TCDD. In flounder exposed to cornoil only, the
observed GST activity was 0.146 + 0.03 pumol/min/mg protein. The lowest GST activity was
observed in flounder exposed to 0.1 ug TCDD/kg body weight (0.105 £+ 0.002 umol/min‘ing
protein) whereas the highest dose of 100 pg TCDD/kg body weight resulted in the highest
observed GST activity (0.151 + (.02 pmol/min/mg protein}.

Plasma and hepatic retinoid levels, The plasma and hepatic retinoid levels in flounder at day 10

after initiation of exposure are shown in Table 4.2. Plasma retinol levels did not change upon
exposure to TCDD. In addition the hepatic retinol and retiny] palmitate concentrations in flounder

Table 4.2.Retinoid content in plasma and liver of flounder 10 days after initiation of oral exposure to TCDD.

Dose plasma hepatic hepatic hepatic
TCDD retinol retinol retinyl palmitate retinol/retinyl palmitate
(ug/kg body weight) (ng/ml plasma) (ug/e liver) (ug/g liver) (ratio)
0 8 217.1£238 2434106 153+37 1.82+0.54
001 () 231.7+ 248 184+6.0 10.0£34 333+1.02
ol N 271.7£373 182+54 10.2+4.0 283094
1 )] 2022+298 21561 9.0+32 276059
10 (8 2119+132 91+25 159t6.1 096+0.18°
100 (8) 2079+ 16.1 160+52 19.0+6.2 146 £0.58

Flounder were exposed to TCDD on day 1 and 7. Number of animals in parentheses. Data are expressed
as mean + SE.
& significantly different from 0.01 ng TCDD/kg b.w. treatment group, p<0.05.
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Figure 4.4. Sigmoidal dose-response relationship between ethoxyresorufin-O-geethytase (EROD)
activity and total dose of TCDD/kg body weight administered (y=32.91+520.10/(1+exp(-(x-3.21)/0.14)); ?=0.74;
F-statistics=37.02) (a) and hepatic TCDD concentrations {y=29.50+529.25/(1+exp(-(x-3.11)/0.21}); P#=0.77; F-
statistics=42.70) (b).
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were not altered dose dependently by TCDD, except for a slightly lower but not significant
decrease in hepatic retinol concentrations in flounder exposed to 10 g TCDD/kg body weight.
Flounder treated with 10 pg TCDD showed a significant lower hepatic ratio of retinol/retinyl
palmitate as compared to flounder treated with 0.01 pg TCDD. However no treatment-related
decrease in the hepatic retinol/retinyl palmitate ratio was found.

Plasma thyroid hormone levels. Table 4.3 shows the results of the thyroid hormone measurements
in plasma of flounder. No dose-dependent changes in either TT,, TT; or FT, concentrations were
observed. Only total T, levels in the 100 ng TCDD/kg body weight dosed group decreased
significantly (p<0.05) compared to the 1 pg TCDD/kg body weight group.

Discussion

The major finding of the present study is the observed high inducibility of cytochrome
P4501A activity in flounder exposed to TCDD, without changes in retinoid and thyroid
hormone levels. The high induction of EROD, the enzyme activity associated with CYP1A, is
in agreement with other reports. Fish species such as rainbow trout (Oncorhynchus mykiss),
mirror carp (Cyvprinus carpio), or cod (Gadus morhua) also have been shown to be sensitive
towards TCDD exposure with respect to cytochrome P4501A activity (van der Weiden et al.,
1992; van der Weiden et al,, 1994; Hektoen ef af., 1994),

In the present study a maximum 43 fold (average 27 fold) induction of the hepatic
EROD activity was observed in flounder orally exposed to 10 ug TCDD/kg body weight.
Other authors veport slightly higher cytochrome P4501A activity levels in fish exposed to
similar concentrations of TCDD (van der Weiden ef a/., 1992; Hektoen et al., 1994; Parrot et

Table 4.3. Thyroid hormone concentrations in plasma of flounder 10 days after initiation of oral
exposure to TCDD.
Dose TCDD total T4 total T free Ty
{pg/lkg body weight) (nmol/L) (nmol/L) (pmol/L)
Q 8) 2589062 2722082 5112085
0.01 (8) 260 £0.68 2.90£0.87 4.06 +0.77
01 (M 237+0.69 1.91 +£0.99 5331108
1M 3,83 £0.84 1.81 £0.70 685+ 127
e M 321+£0.64 1.75+ 045 6.00+1.12
100 (8) 1.87 +0,55% 2261066 444 +101

Number of animals in parentheses. Data are expressed as mean + SE.
8. significantly different from 1 ng TCDD/kg b.w. treatment group, p<0.05.
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al., 1995). In contrast to TCDD exposure, we showed that flounder is not sensitive towards
Clophen A50 with respect to CYP1A induction (Besselink et al., 1996). A similar low
responsiveness towards PCB exposure was observed in cod (Bernhoft et al., 1994), Preliminary
results from our laboratory indicate that ir vitro the microsomal EROD activity is inhibited by
the presence of PCB congeners in the reaction mixture (data not shown). Hence, this could
account for the observed low inducibility of CYP1A by PCBs.

The EROD activity and EROD specific activity decreased at the highest dose TCDD
administered. Similar observations have been found in a number of species and systems,
including fish, mammals, birds and cultured cells at high concentrations of halogenated
biphenyls (Hahn et al., 1993; Sawyer et al., 1984; Gooch et al., 1989). This phenomenon was
attributed to either cytotoxicity, a decrease in the amount of CYP1A protein, or direct inhibition
of CYP1A activity by residual PHAHs present in microsomes (Hahn et al., 1993). At least the
first two explanations do not seem likely in our situation since a decrease in EROD activity at
the highest concentration of TCDD administered occurred in the presence of high levels of total
cytochrome P450.

The relative sensitivity of flounder towards TCDD can be established by comparing
the flounder CNEL for EROD activity to Lowest Observed Adverse Effect Levels (LOAELs)
from other fish species and rat. From the sigmoidal dose-response relationship as found in our
study, the CNEL for flounder towards TCDD was calculated to be 0.68 pg TCDD/kg body
weight (0.36 ng TCDD/g liver). In the studies of van der Weiden et af. (1992, 1994} LOAELs
for rainbow trout and carp of 0.3 and 0.03 pg TCDD/kg body weight respectively, were
reported for EROD activity. The LOAEL in rats were observed to be as low as 0.002 pg
TCDD/kg body weight for hepatic AHH induction (Goldstein & Safe, 1989). Clearly flounder
is sensitive towards TCDI} exposure but not as sensitive as rainbow trout, carp, or rat. A similar
conclusion can be drawn when the flounder EDs; for EROD activity towards TCDD exposure
(1.61 pg/kg body weight, 1.29 ng TCDD/g liver} is compared to EDs5, values for EROD activity
reported in other fish species and rat, e.g. 0.91 ug TCDD/kg body weight in rainbow trout
(Newsted e al., 1995}, 0.048 pg TCDD/kg body weight in carp (van der Weiden et al., 1994),
and 0.97 pg TCDD/kg body weight in Wistar rat (Safe, 1994). A more accurate comparison
between the relative sensitivity of flounder towards TCDD exposure and the sensitivity of other
fish species can be obtained when actual liver concentrations of TCDD are used. Unfortunately,
not much data is available on hepatic TCDD concentrations in other fish species.

In the same treatment groups, large individual differences in response towards TCDD
exposure were observed in flounder. It could be argued that these large individual differences
are a result of individual variations in toxicokinetics. However, we clearly demonstrated that
the dosing procedure used, resulted in comparable amounts of TCDD in livers of flounder. In
fact, a good correlation between the administered dose and the hepatic TCDD concentration
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was found, based on the amount of [’H] radioactivity retained in the liver. An alternative
explanation for the observed large individual differences in CYP1A induction, is genetic
polymorphism in the flounder population used in this study.

In mammals it was postulated that the Ah receptor not only regulates the transcription
of phase I enzymes but also phase II enzymes (Nebert & Gonzales, 1987; Rushmore & Pickett,
1990). The AhR mediated responses elicited by PHAHs include induction of GST and the
alteration of thyroid hormone and retinoid levels (Safe, 1994). In the present study a lack of
retinoid and thyroid hormone depletion and an absence of GST induction were observed. This
is in contrast to results in other fish specics and mammals (Hektoen et af., 1994; Leatherland &
Sonstegard, 1978; Palace & Brown, 1994). While Boon er al. (1992) observed an increase in
GST activity in plaice (Plewronectes platessa), Hektoen er al (1994) reported a significant
decrease of GST activity in rainbow frout and no changes in cod. The response of GST activity
in fish to xenobiotics thus seems to be ambiguous. In addition a later onset of GST induction as
compared to induction of cytochrome P450 enzymes was observed by Andersson et al. (1985).
Thus the GST activity and cytochrome P4501A activity seems to be regulated differently in
fish.

With respect to retinoid and thyroid hormone homeostasis, no alterations were
observed in the present study. It is has been shown that PHAHs can alter retinoid (Brouwer et al.,
1989a), and thyroid hormone (Morse er al., 1993; Brouwer, 1989) homeostasis in mammals either
by modulation of retinoid and thyroid hormone metabolising enzymes (Morse ef al., 1993; Jensen
et al., 1987) or interference of hydroxy PCB metabolites with the plasma transport of retinol and
thyroid hormone {Lans et af., 1993; Brouwer & van den Berg, 1984). The latter mechanism was
put forward by Palace & Brown (1994) as a possible explanation for observed retinoid alterations
in PCB exposed lake char (Salvelinus namaycush). But since transthyretin is not involved in
plasma thyroid hormone or retinoid transport in fish (Babin, 1992; Berni er al., 1992), this is not
likely to oceur in fish. Altematively, it could be argued that the time of exposure in the present
study is too short fo observe more pronounced alterations in both retinoid and thyroid hormone
levels in fish. In a 3-year mesocosm study flounder were kept under similar conditions either on
polluted harbour sludge or unpolluted sediment (Vethaak, 1993). In this study we observed
decreased levels of plasma retinol, hepatic retinol, and the ratio hepatic retinol/retinyl palmitate in
flounder kept on the polluted sludge as compared to flounder kept on unpolluted sediment
(Besselink ef al., 1997¢).

In conclusion, our study showed that flounder is an Ah responsive species with respect to
CYPIA induction but not with respect to modulation of GST activity and alterations in retinoid
and thyroid homeostasis. The sensitivity of flounder towards TCDD exposure is slightly lower as
compared to other fish species, based on the nominal doses given. In addition, it can be concluded
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that oral exposure of flounder using gelatine capsules results in reproducible data as far as the
parameters measured in the present study are concerned.
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Chapter 5

Inhibitory Effects of Polychlorinated Biphenyls
(PCBs) on 2,3,7,8-Tetrachlorodibenzo-p-dioxin
(TCDD) Induced Cytochrome P450 1A and
Glutathione S-transferase Activities in Flounder
(Platichthys flesus)

Abstract

In the present study flounder (Platichthys flesus) were orally treated twice within 7 days with
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), Clophen A50, 3,3°,4,4°,5-pentachlorobiphenyl (CB-
126) or combinations of TCDI) with either Clophen A50 or CB-126. The total doses administered
were equipotent when expressed as TCDD toxic equivalents, using mammalian derived TEF
values (0.005 mg TCDD TEQ/kg body weight for TCDD, Clophen A50 and CB-126 and 0.01 mg
TCDD TEQ/kg body weight for both combination groups). Ten days after initial exposure,
flounder were sacrificed and the effects on hepatic microsomal CYPIA content, 7-
ethoxyresorufin-O-deethylase (EROD) activity and glutathione-S-transferase activity were
examined. EROD activity was increased 35.3-, 2.4-, and 13.2-fold in the TCDD, Clophen AS50,
and CB-126 dosed flounder respectively as compared to comoil treated flounder. In the
combination groups, hepatic EROD activity increased slightly in the TCDD/CB-126 dosed group,
whereas a 2.7-fold reduction was found in TCDD/Clophen A50 dosed flounder as compared to
TCDD dosed fish. Hepatic CYP1A content was significantly elevated in both combination groups
as compared to control levels. In addition, significantly higher CYPIA levels were found in
TCDD/Clophen A30 exposed fish as compared to Clophen A30 dosed flounder. The CYP1A
levels in the combination groups appeared to be increased in an additive way, as compared to the
single compound exposed groups. Total glutathione-S-transferase activity was significantly
reduced from control levels in both combination groups and the CB-126 treated group. These
results show that PCBs inhibits the effect of TCDD on hepatic EROD induction while additive
effects are observed for CYP1A protein. In addition, these data indicate a selective inhibition of
GST activity by PCBs in the combined exposure situation as it ocours in the wild.

Harry T. Besselink, Mark E. Hahn, John J. Stegeman, A, Dick Vethaak, Jan H. Koeman and Abraham Brouwer,

Environ. Toxicol. Pharmacel,, submitted
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Table 5.1. Exposure groups of flounder, which were dosed orally twice at day 1 and 7 to the
indicated doses of PHAHSs.
Exposure group
Dose TCDD TCDD
control TCDD Clophen A50  CB-126 + +
Clophen AS0 CB-126
0.005 0.005
mg PHAH/kg b.w. - 0.005 42 0.05 + +
42 0.05
mg TCDD TEQ/kg b.w. - 0.005 0.005 0.005 0.01 0.01

Each exposure group contained 14 flounder at day 1 of the experiment. Composition of Clophen A50 was
based on Schultz et af. (1989). TEQ! values were caiculated based on TEF values as reported by Safe (1994).

Treatment of fish. After 4 weeks of acclimatisation, flounder were divided into 6 groups of 13
animals each and were transferred to sediment containing 225 dm® glass tanks. At day 1 and 7 of
the experiment gelatine capsules filled with 200 pl of a solution containing either TCDD, CloAS0,
CB-126, a combination of TCDD and CloAS50, or a combination of TCDD and CB-126 dissolved
in cornoil were orally injected into the stomach of fish. One group was injected with 200 ul corn
oil only (control). The gelatine capsules were administered as described by Boon et al. (1992).
The concentrations of the different polyhalogenated aromatic hydrocarbons (PHAHSs)
administered are given in table 1.

Dissection of fish, At day 21 of the experiment, fish were captured by netting and stunned by a
blow to the back of the head. Body weight and length were determined and after collecting blood
from the caudal vein with a heparinized syringe, flounder were killed by cervical transection.
Livers were carefully dissected free from the gali bladder, washed in ice-cold 0.9% NaCl, weighed
and stored at -80°C until preparation of homogenates and microsomes.

Preparation of homogenates and microsomes. Individual livers were homogenised in 2.5 m! 50
mM Tris-HCI buffer (pH 7.4) containing 0.25 M sucrose, using 10 strokes with a motor-driven
Potter-Elvehjem glass and teflon homogenizer. The hepatic homogenates were centrifuged at
9,000 g for 30 min. The resulting supernatants were centrifuged at 100,000 g for 90 minutes. The
pellets was resuspended in a 0.1 M Tris-HC! buffer (pH 7.6) containing 20% (v/v) glycerol, 1 mM
EDTA and | mM DTT, and 80°C until analysis. All handlings were performed at 0-4°C.

Protein assays. Protein was measured by the Bio-Rad assay system according to the specifications
of the supplier, using crystalline bovine serum atbumin as standard.
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Cytochrome P450 assqys. Total cytochrome P450 content in the microsomal fraction of flounder
liver was determined using a dithionite difference spectrum based on the method described by
Omura & Sato (1964). Hepatic CYP1A protein content (3 samples per group) and standards were
analysed by denaturing gel electrophoresis on a 6-15% acrylamide gradient gel basically as
described earlier (Hahn er al., 1993; Kloepper-Sams, 1987). Scup P450E was used as a reference,
which was originally purified from liver of the marine fish scup (Steroromus chrysops) by Klotz et
al. (1983) and has now been confirmed as a CYP1A by ¢cDNA cloning and sequencing (Morrison
et al., 1995). The primary antibody used was MAb 1-12-3 (Park et al., 1986) raised against scup
CYP1A. MADb 1-12-3 was kindly provided by J.J. Stegeman (WHOI) and H.V. Gelboin (NCI).
After denaturing gel electrophoresis, proteins were ftransferred onto nylon membranes
nitrocellulose and incubated with MAb 1-12-3 (10 pg/ml). As a second antibody alkaline
phosphatase conjugated goat anti-mouse IgG (Schleicher and Schuell; 1/5,000 dilution) was used.
After visualising flounder CYPIA and standards on Kodak X-AR film using enhanced
chemiluminescence (Schleicher and Schuell Rad-Free Chemiluminescence Detection Kit), bands
were digitised (Kodak DCS200 digital camera; Adobe Photoshop) and quantified by video
imaging densitometry, using NIH Image software. Microsomal 7-ethoxyresorufin-O-deethylation
(ERQOD} activity was measured in hepatic microsomes according to the method of Prough et af.
(1978). The assay was adapted for use in 96 well plates and a fluorospectrophotometric plate
reader (Cytofluor 2350, Fluorescence Measurement System, Millipore, USA) as described by
Besselink ef al. (1997b}.

Glutathione-S-transferase activity. Cytosolic glutathione-S-transferase activity (GST) activity was
measuted in hepatic cytosol according to the method of Habig ef af. (1974} using 1-chloro-2.4-
dinitrobenzene (CDNB) as substrate. The assay was adapted for use in 96 well plates and a
spectrophotometric plate reader (Thermo-max microplate reader, Molecular Devices} and
performed as described by Besselink ez al. (1997b).

Data treatment and statistics. Statistical analysis was performed by using the software packages
SPSS/PC+™ (SPSS Inc., Chicago, IL, USA) and TOXSTAT 3.2 (University of Wyoming,
Laramie, WY, USA). Data were tested for normality and homogeneity of variance using the Chi-
square test and the Bartletts test. Data that passed both tests were subjected to one-way analysis of
variance followed by a least significant difference test to evaluate significant differences between
treatment groups. Data that did not pass the Chi-square test or Bartletts test were analysed for
differences from the control using the Kruskall-Wallis test. Data are expressed as the means +
standard error of the mean (S.E.M.).
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Results

Body weighis, condition factors and relative liver weights. The effects of PHAH exposure on
body weight, condition factor and relative liver weight are given in table 2. Qverall no effect was
found on body weight following oral exposure of flounder to either TCDD, CloAS50, CB-126, a
combination of TCDD and CloAS50 or, TCDD and CB-126 as compared to control values. A
slight but not significant decrease in body weight was observed between day 0 and day 21 of
exposure for all treatment groups. Condition factors were not altered as well upon exposure to the
various PHAHs as compared to control fish. In addition, slightly lower condition factors were
observed at day 21 of exposure as compared to day 0 of exposure. Administration of either one of
the PHAHs or combinations of PHAHs used in the present experiment did not result in
significantly altered relative liver weights in flounder as compared to control levels.

0.45
040 o}
0.35
030}
0257
0.20
0.15
0.10

0.05

total cyt.P450 (nmol/mg protein)

0.00

TCDD TCDD
control TCDD CloAS0 CB-126 +

+
CloA50  CB-126

Figura 5.1. Total hepatic microsomal cytochrome P450 concentrations (nmol/mg protein) in flounder,
following oral exposure to indicated PHAHs. Doses of the various PHAHs are given in Table 1. Flounder were
dosed twice at day 1 and 7 and sacrificed at day 21 after initial exposure. (o} indicates a statistically significant
increase (p<0.05) from control values, () indicates a statistically significant difference {p<0.05) from the TCDD
exposure group. Data {(n=13) are expressed as means + S.E.M..
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scup CYP1A standards flounder hepatic microsomes

i

14 15 16 17 18 19 20 21 22 23 24

scup CYP1A standards flounder hepatic microsomes
Figure 5.2a. immunoblot of flounder hepatic microsomes using MAb 1-12-3. Hepatic microsomal

proteins from individual flounder from the various exposure groups are given in the individual lanes: com oil
(lanes 5-7), TCDD (lanes 8-10), Clophen A50 (lanes11-13), CB-126 (lanes 18-20), TCDD/Clophen A50 (lanes
21-23) or TCDD/CB-126 (lanes 24-26). Faur micrograms of microsomal protein per well was loaded on gel.
Lanes 1-4 and 14-17 containe purified scup CYP1A1 at 0.1, 0.2, 0.5 and 1.0 pmol per lane.
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Figure 5.2b. Hepatic CYP1A protein concentrations (pmolimg protein; CYP1A concentrations are
expressed as pmol scup CYP1A-equivalents) in flounder, following ¢ral exposure to the indicated PHAHSs.
Flounder were dosed twice at day 1 and 7 and sacrificed at day 21 afler initial exposure. (o) indicates a
statistically significant increase (p<0.05) from control values, (y) indicates a statistically significant difference
{p<0.05) from the CloAS5C exposure group. Hepatic CYP 1A protein concentration are the means + S.E.M. of the
in Fig 2A shown samples (n=3).
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Cytochrome P450 induction. Total hepatic cytochrome P450 levels were increased significantly in
all treatment groups as compared to control levels, except for flounder exposed to CloAS0 (fig. 1).
Largest increases in tota] cytochrome P450 levels were observed in flounder treated with TCDD,
or TCDD in combination with CB-126 (2.6 and 2.3 fold respectively). Both combination
groups(TCDD/CloA50 and TCDD/CB-126) showed slightly lower total hepatic cytochrome P450
levels as compared to the TCDD only dosed group, despite the fact that both combination groups
received twice as much TCDD-TEQs. Flounder exposed to CloAS50, or CB-126 doses equipotent
to TCDD also showed significantly lower cytochrome P450 jevels as compared to TCDD treated
flounder.

1200
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200
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S,p,m

EROD activity (pmol RR/min/mg protein)

TCDD TCDD
control TCDD CloA50 CB-126 + +
CloAS0 CB-126

Figure 5.3. Hepatic microsomal 7-ethoxyresorufin-O-deethylase (EROD) activity {pmol RR/min/mg
protein). in flounder liver, following oral exposure to PHAHs. Doses of the various PHAHs are given in Table 1.
Flounder were dosed twice at day 1 and 7 and sacrificed at day 21 after initial exposure. (o} indicates a
statistically significant increase {p<0.05) from control values, (y) indicates a statistically significant difference
{p<0.01) from the TCDD exposure group, (p) indicates a statistically significant difference (p<0.01) from the
CB-126 exposure group, and (r) indicates a statistically significant difference (p<0.01} from the TCOD/CloAS0
exposure group. Data (n=13} are expressed as means + S.EM..
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Liver microsomes of the various treatment groups were loaded on a denaturating gel and
separated by electrophoresis. The separated proteins were blotted onto a nitrocellulose filter and
incubated with anti-CYP1A antibody (MAb 1-12-3) and a second antibody linked to alkaline
phosphatase. Fig. 2A shows the western blots of the various treatment groups. One band was
visible which was co-localized to purified scup CYP1A, which was run as a reference in lines 1-4
and 14-17. The staining of the bands was quantified by image analysis and in fig. 2B the relative
CYPIA content of the microsomal fractions is given for the various dose groups.

As obvious from the bands, there are large inter-individual differences in the amount of
CYP1A protein induced by PHAHs within the treatment groups. For example, TCDD exposed
flounder, lanes 8, 9 and 10}, showed two (lane 8 and 9) highly induced and one (lane 10) hardly
induced individuals. This is also true for CloA5S0 (lanes 11-13), and CB-126 (lanes 18-20),
Surprisingly, in the combined exposure groups there appears to be less individual variation. This

= 2000
@ * +  control
o
a *
£
L *
= © 0 CloA50
2 1000
a < CB-126
Q O
= B TCDD/CloA50
8 500 B
a < |
o) 0 > *  TCDD/CB-126
o
Lu 0 L D | i |
0 100 200 300 400 500
CYP1A (pmol/mg protein)
Figure 5.4. Relationships between hepatic microsomal relative CYP1A content (pmol/mg protein} and

hepatic microsomal EROD activity {(pmol/min/mg protein) in flounder following oral exposure to PHAHs. Doses
of the various PHAHSs are given in Table 1. Flounder were dosed twice at day 1 and 7 and sacrificed at day 21
after initial exposure.
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Figure 5.5. Hepatic cytosolic glutathicne-S-transferase (GST} activity (umol/min/mg), as measured

using 1-chloro-2 4-dinitrobenzene (CDNB) as a substrate in flounder following oral exposure to the indicated
PHAHs. Doses of the various PHAHs are given in Table 1. Flounder were dosed twice at day 1 and 7 and
sacrificed at day 21 after initial exposure. (o) indicates a statistically significant decrease (p<0.01) from control
values, (v} indicates a statistically significant difference (p<0.01) from the TCDD exposure group, {p) indicates
a statistically significant difference (p<0.01) from the CloA50 exposure group, and (x) indicates a statistically
significant difference (p<0.01) from the CB-126 exposure group. Data (n=13) are expressed as means t
S.EM.

large individual variation within exposure groups is the cause of the low statistical difference
between controls and exposure groups, i.e. only in the combined exposure groups the levels of
CYPIA protein were significantly different from control levels. Significant differences in CYP1A
levels among treatment groups were only observed between TCDD/CloA50 and CloA50 and
CB-126 treated fish (Fig 2B). A positive correlation was observed between total cytochrome P450
levels and cytochrome P450 LA concentrations in flounder livers (y = -84.77 + 746.52%x; Y=
0.71; F-statistics = 29.82) (data not shown).

Hepatic ERQD activity was significantly increased only in the TCDD, CB-126 and
TCDD/CB-126 exposed groups as compared to the control group (Fig. 3). In contrast to total
cytochrome P450 (Fig. 1) and CYPIA levels (Fig 2B), the hepatic EROD activity level was not
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elevated significantly in the TCDD/CloAS50 dosed group as compared to control levels (Fig. 3). In
addition, administration of TCDD in combination with CloA50 (total dose; 0.01 mg TCDD-
TEQ/kg body weight) brought about a significantly lower EROD activity than administration of
TCDD only (0.005 mg TCDD-TEQ/kg body weight). Finally, a significant difference in EROD
activity was also observed between TCDD/CloAS0 and TCDD/CB-126 treated group, although
they both received an equipotent dose of 0.01 mg TCDD-TEQs/kg body weight.

In table 3 the EROD activity (pmol/min/mg protein) as well as the specific activity
(EROD activity per pmol cytochrome P450) and turnover number (EROD per pmol CYP1A) are
given. With respect to the specific activity, all treatment groups showed higher activity compared
to the control group, except for the CloA50 exposure group. The specific activity in both the
CloAS50 and CB-126 exposure groups was significantly lower than in the TCDD dosed group,
whereas only CloAS0 dosed flounder showed a significant lower activity in combination with
TCDD as compared to TCDD exposed fish, despite the fact that the concentration of TCDD-
TEQs in the latter group was half of that administered to the combined group. In contrast,
combination of TCDD and CB-126 seemed to be additive. With respect to the turnover number,
only the combination group TCDD/CloAS0 appeared to be significant decreased as compared to
the control, TCDD, and CloAS50 exposure groups.

When the relationship between hepatic CYP1A content and hepatic EROD activity was
studied (fig. 4), a higher EROD activity with increasing CYP1A content was observed in the
TCDD and TCDD/CB-126 exposed groups. Such a relationship was also found in the
TCDD/CloASC exposed group though the slope was much lower when compared to the slopes
observed with the TCDD and TCDD/CB-126 exposed groups. In contrast, an initial increase
followed by a reduction of EROD activity with increasing CYPI1A levels in flounder hepatic
microsomes was observed in the CloA50 and CB-126 dosed fish.

Ghutathione-S-transferase activity. The cytosolic glutathione-S-transferase activity appeared to be
significantly reduced in flounder exposed to CB-126 and in particular in the combined exposure
groups: TCDD/CloA50 and TCDD/CB-126 (fig. 5). Reductions in GST activity up to 29.2%,
47.8%, and 62.2% were found respectively in CB-126, TCDD/CloA50, and TCDD/CB-126
exposed groups as compared to controls and TCDD, or CloA50 treated groups. No reduction in
GST activity was observed when flounder were exposed to TCDD, or CloAS50 alone.

Discussion

The data presented in this paper demonstrate that TCDD, as well as CB-126 and their
combinations, are capable of hepatic EROD induction in flounder. However, there may be large
differences in outcome of results, when comparing EROD activity and CYP1A specific protein
levels in liver microsomes of PHAH administered flounder. The differences are particularly
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striking when the results for TCDD and CloA50 alone or the combined TCDD/CloAS( exposure
are compared. CloA50 alone hardly shows any EROD induction and significantly inhibited the
TCDD induced ERCD activity in the combined exposure group. However, when data are
expressed as CYPLA protein, no antagonism of TCDD induced CYP1A protein is observed, but
instead there is an additive response. These data indicate that EROD activity may be a poor
indicator of PHAH exposure in complex exposure situations such as occur in the wild. CYP1A on
the other hand, seemed to be a much more reliable indicator of the total exposure to PHAHs.

Induction of hepatic EROD activity as a result of TCDD exposure has been reported in
many fish species (Besselink et af., 1997b; van der Weiden et al., 1994; Hektoen ef al., 1994). In
contrast, induction of EROD activity by PCBs seemed to be dependent on the PCB congener
administered and on the fish species studied. A study by Gooch et al. (1989) showed that the non-
ortho-substituted 3,3°,4,4’-tetrachlorobiphenyl was an inducer of hepatic EROD activity in scup
(Stenotomus chrysops) whereas administration of ortho-substituted PCB congeners failed as
inducers of EROD activity in the same fish species. Elevated hepatic EROD activities upon
administration of CloA50 were reported in rainbow trout by Andersson et /. (1985) and Celander
& Forlin (1995). In flounder, we observed only a minor 2-fold induction of hepatic EROD-activity
and a maximum 4-fold increase in EROD activity upon administration of 20 and 100 mg
CloAS0/kg body weight respectively (Besselink ef al., 1996). Our present study indicates that part
of this discrepancy has to do with inhibitory interactive effects of PCB mixtures with TCDD and
related Ah receptor agonists. Also, from mammalian studies it is known that the biochemical
response of mixtures of PHAHs can be different from the sum of the individual PHAHs because of
interactions among the individual compounds in the mixture. For example, synergistic effects on
hepatic monooxygenase activities were observed in mice after co-treatment with 2,2° 4,4° 5,5°-
hexachlorobiphenyl (CB-153) and TCDD (Bamnister & Safe, 1987). In contrast, antagonistic
effects on aryl hydroxyiase activity were found in mice co-treated with Aroclor 1254, or CB-153
and TCDD (Bannister ef ai., 1987).

To evaluate the potency of the PCB mixture CloA S0 and the most potent PCB congener
CB-126 to induce cytochrome P450 1A enzyme system with TCDD, flounder were orally exposed
to PHAH doses (0.005 mg TCDD TEQ/kg body weight) that should result in equipotent induction
of CYPIA activity. The TEF values used to calculate TEQs for CloA50 and CB-126 were based
on mammalian TEF vaiues as reported by Safe (1994). CB-126 induced hepatic EROD activity
but not to the same extent as TCDD whereas a slight but not significant induction of EROD
activity was observed in flounder dosed with CloAS0. Furthermore, CYP1A and total cytochrome
P450 content in flounder livers were higher in TCDD exposed fish than in equipotently dosed
animals with CloAS0 or CB-126. Hence, this suggests that using mammalian derived TEF values
the toxic response of both the PCB mixture and CB-126 are overestimated in flounder based on
hepatic EROD activities and CYP1A protein levels. In an attempt to compare trout derived TEFs

58




Chapter 5

with mammalian derived TEFs, Newsted et al. (1995) reported for the PCB congeners CB-77,
CB-105, CB-118, CB-126 and CB-169 trout EROD-TEF values (calculated from the ED50s) that
were 0.54-, 0.05-, 0.6-, 1.3- and 0.18-fold the marnmalian derived TEFs (Safe, 1990) respectively.
Therefore, mammalian TEFs for CB-77, CB-105, CB-118 and CB-169 would overestimate the
potency of these PCBs in trout, whereas the mammalian derived TEF value for CB-126 would
slightly underestimate its potency in trout. In contrast, our study shows that the use of the
mammalian derived TEF value for CB-126 overestimates its potency to induce EROD activity in
flounder. This is in agreement with Walker & Peterson (1991) and Janz & Metcalfe (1991) who
both reported a rainbow trout derived TEF value for CB-126 based on either early-life-stage
mortality or AHH activity, that was 0.05-fold lower than the mammalian derived TEF value for
CB-126.

Decreased EROD activity have sometimes been attributed to either cytotoxicity or a
reduction of CYP1A protein synthesis. In our experiment, both explanations for the lower then
expected EROD activity in combined exposure experiments seem unlikely since no indications for
cytotoxicity were observed (no effects on condition factor or liver somatic index) and additive
concentrations of CYP1A were observed in co-treatment with TCDD/CloAS0 compared to
CloAS0 and TCDD only dosed flounder. A more plausible hypothesis is a direct inhibition of
CYPI1A catalytic activity by residual PCBs present in the microsomal suspension (Hahn et al.,
1993; Gooch er af., 1989). In the present study this hypothesis is supported by the observation
that the turnover number is reduced dramatically in the TCDD/CloAS50 combination group as
compared to the TCDD and CloA50 exposure groups. In addition, we observed that with
increasing hepatic CYPL1A content, the associated EROD activity, after an initial increase,
decreased in both the CloA50 and CB-126 exposed groups. This phenomena is more clear for
the CloA50 dosed flounder than the CB-126 exposed fish. [n vitro inhibition of EROD activity
by CB-77 and CB-126 in the presence of increasing CYP1A protein levels were also reported
by Hahn et a/l. (1993, 1996) in the fish hepatoma cell line PLHC-1. Direct inhibition of CYP1A
catalytic activity by PCBs in flounder hepatic microsomal suspension is under further
investigation at our laboratory (Besselink et al., 1997d). In vitro inhibition of hepatic EROD
activity in scup microsomes by CB-77 has been reported by Gooch er al. (1989).

In contrast to CloAS0, co-treatment of flounder with TCDD and CB-126 did not result in
a lower CYP1A activity as compared to treatment with TCDD only. In fact, the EROD activity
was slightly higher than TCDD only. In addition, CYP1A levels were also slightly higher in the
combination group. But both CYP1A activity and CYP1A concentrations in the TCDD/CB-126
treated fish were less than expected on the basis of additivity since the dose administered was 0.01
mg TCDD TEQ/kg body weight. Again, the calculated and administered TEFs overestimated to
some extent the observed response. A less-than additive response based on EROD activity was
also observed in trout with mixtures of TCDDVCB-126 and TCDD/CB-156 by Newsted et al.
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{1995). The reasons for this less than additive response are not fully clear but may involve both
toxicokinetic as well as saturation of response phenomena in flounder.

Anocther interesting observation of this study was the strong inhibition of glutathione-
S-transferase activity (GST), a phase II enzyme system postulated also to be regulated by the
Ah-receptor (Nebert & Gonzales, 1987; Rushmore & Pickett, 1990). The strong inhibition of
GST activity was observed only in flounder orally exposed to combinations of TCDD with
CloA30 or CB-126, while no effect on GST was observed in the single compound treatment
groups except for CB-126 dosed flounder. In a previous study an absence of GST induction was
also observed in flounder exposed to a concentration range of TCDD (Besselink ef al., 1997b).
These results however are in contrast to observation in plaice (Pleuronectes plaressa) where
Clophen A40 caused an increase in GST activity (Boon er al., 1992). Hektoen et al. (1994} on
the other hand reported a significant decrease of GST activity in rainbow trout and no changes
in cod. The reason for the strongly inhibited GST activity in both co-treated groups of flounder
is unclear. A possible explanation for these observations might be PCB-metabolite residues
present in the cytosol of flounder, thus causing GST substrate inhibition. The presence of PCB-
metabolites in flounder have not been established yet. In fact, in vitro metabolism of CB-77 in
flounder hepatic microsomes was not detected (Murk er af, 1994), however, it must be
mentioned that the microsomes used in that experiment originated from CloAS0 dosed
flounder, which may have had little induced CYP1A to produce metabolites.

In conclusion, our study indicates that both the CYPLA dependent EROD activity and
the total GST activity were strongly reduced in flounder exposed to a combinations of TCDD
with the PCB mixture CloA50. The physiological and toxicological consequences of these
observations for fish in the wild exposed to complex mixtures of PHAHs are not clear, but may
be important with respect to CYP1A and GST dependent conversions of other xenobiotics,
such as benzo(a)pyrene and other polycyclic aromatics. Furthermore, since the concentration
Clophen AS50 to which flounder were orally exposed results in liver concentrations of CB-153
which are in the same order of magnitude as observed in the wild, the use and validity of EROD
activity as biomarker for exposure of this species of flounder to environmental pollutants is
questionable.
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Chapter 6

Low Inducibility of CYP1A Activity by Polychlorinated
Biphenyls (PCBs) in Flounder (Platichthys flesus):
Characterization of the Ah Receptor and the Role of
CYP1A Inhibition.

Abstract

Several studies have reported a low inducibility of hepatic (CYP1A) activity in European flounder
{Platichthys flesus) following exposure to mixtures of polychlorinated biphenyls (PCBs). Here we
report on mechanistic studies towards understanding this low CYP1A inducibility of flounder,
involving molecular characterisation of the Ah receptor (AhR) pathway as well as inhibition of the
CYPILA catalytic activity by PCB congeners.

Hepatic cytosolic AhR levels in flounder were determined using hydroxylapatite,
protamine sulphate adsorption analysis, or velocity sedimentation on sucrose gradients. AhR levels
in flounder (~2-7 fmol/mg protein} were lower than observed generally in rodents (~50-300
fmol/mg protein). Molecular characterisation of the flounder AhR was provided by first-strand
¢DNA synthesis and amplification of flounder hepatic polyA+ RNA using RT-PCR. A 690 bp
product was found, similar in size to a Fundulus AhR cDNA. The specificity of the 690 bp band
was established by Southern blotting and hybridisation with a degenerate AhR oligonucleotide.
The deduced amino acid sequence of the flounder AhR fragment was 59-60% identical to
mammalian AhR sequences. Although the AhR is present in flounder cytosol, we were unable to
demonstrate detectable amounts of inducible TCDD-AhR-DRE complex in gel-retardation assays.

We further characterised the inhibitory potential of PCB congeners on CYP1A activity in
flounder and compared this with inhibitory effects of PCB congeners on rat CYPIA activity.
Analysis in vitro demonstrated that 3,3°,4,4°-tetraCB, 3,3’,4,4°,5-peniaCB, 2,2°,4,4° 5,5’-hexaCB,
3,3°,4,4",5,5"-hexaCB and the commercial PCB mixture Clophen AS0 are potent competitive
inhibitors of hepatic microsomal CYP1A catalytic activity in flounder and rat. The K, for
ethoxyresorufin (0.095 uM) in flounder is strikingly close to K;’s found for the tested PCB’s. This
emphasises the possible involvement of PCB congeners in inhibition of EROD activity in PHAH
exposed fish.

Harry T. Besselink, Michael S. Denison, Mark E. Hahn, A. Dick Vethaak, Jan H. Kceman and Abraham Brouwer

Fund. Appl, Toxicol., submitted
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Introduction

In the aquatic environment, induction of cytochrome P4501A (CYP1A) and associated
ethoxyresorufin-O-deethylase (EROD) activity is commonly used as a biomarker for monitoring
exposure of fish to environmental pollutants such as polyhalogenated aromatic hydrocarbons
(PHAHs) and polyaromatic hydrocarbons (PAHs) {Bucheli and Kent, 1995; Gokseyr, 1995;
Stegeman et al, 1988; Addison ef a/., 1994; Monosson and Stegeman, 1994, Eggens ef al., 1995).
However, fluctuations in CYP1A content and activity have been observed in fish undergoing
gonadal recrudescence, suggesting that CYPLA expression may also be regulated by endogenous
pathways (Elskus er al., 1992). Morcover, Besselink er al. (1996) demonstrated low hepatic
CYPIA activity in European flounder (Platichthys flesus) upon exposure to the commercial PCB
mixture Clophen AS50. Decreased responsiveness of CYP1A system in rainbow trout after
prolonged exposure to a complex PCB mixture was reported by Celander and Farlin (1995).
These observations on low responsiveness and variable results on CYP1A levels and associated
EROD activity seriously hamper the firther development and use of EROD activity as a reliable
biomarker for exposure of fish to PHAHs and related compounds. The reasons for this fow
responsiveness are not fully understood and may either be a consequence of an “inefficient” Ah
receptor pathway for induction of CYP1A activity by PCBs, or may be a consequence of
interference of PCB congeners with the catalytic activity of CYP1A in flounder.

The induction of CYP1A is initiated by binding of PAHs, PHAHs, halogenated dioxins
or related compounds to the cytosolic aryl hydrocarbon receptor (AhR) (Poland et al., 1976).
After ligand binding, two molecules of hsp90 dissociate from the ligand:AhR complex, the
receptor translocates into the nucleus where it dimerizes with the Ah receptor nuclear translocator
{Amt) protein and is subsequently converted into its high affinity DNA binding form (Hoffman et
al., 1991; Hankinson, 1995). The binding of the ligand:AhR:Amt complex to its specific DNA
recognition site, the dioxin responsive clement (DRE), in the promotor region of the CYP1Al
gene leads to enhanced transcription of the CYP1A1 gene (Okey ef al., 1994; Hankinson, 1995).
Ligand binding 1o the Ah receptor has been described in mammalian (Denison et al., 1986ab) as
well as some fish species (Lorenzen and Okey, 1990; Hahn et af., 1994). Interactions between
ligand-AhR to synthetic DRE have been found in mammals and chicken (Denison er al., 1991;
Bank et al., 1992). In fish, Roy et al. (1996) showed interactions with DRE in tomcod CYPIA.

In a number of fish species, interference of PCB congeners with the catalytic activity of
CYPI1A has been suggested. Gooch er al. (1989) showed direct inhibition of CYPI1A activity by
PCB-77 in scup hepatic microsomes. Qur own observations showed that Clophen A30 inhibits
the effect of TCDD on hepatic EROD activity in flounder with increasing hepatic CYPLA
content (Besselink ef al., 1997a). These results suggest direct inhibition of hepatic CYPIA
catalytic activity by PCBs residues in hepatic microsomal suspensions. Inhibitory or
suppressive effects of PCBs on CYPIA activity may therefore interfere with the interpretations
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of exposure of fish to environmental contaminants, e.g. PCBs, based on hepatic EROD activity.

In this study we report on the molecular characterisation of the Ah receptor pathway
for CYP1A induction, as well as on interference of PCB congeners with the CYP1A catalytic
activity in flounder. The occurrence and amount of the Ah receptor in flounder hepatic cytosol
was studied. In addition, the ability of the Ah receptor to transform after ligand binding and
subsequently bind to its DNA recognition site (DRE) was assessed. We also studied and
compared the apparent ir vitro inhibition of hepatic microsomal CYP1A activity by four PCB
congeners and by the commercial PCB mixture Clophen A50 in flounder and, as a comparison,
in rat,

Material and methods

Chemicals. Aroclor 1254 was kindly donated by Dr. M. van den Berg of the Research Institute
for Toxicology, University of Utrecht, the Netherlands. Clophen A50 was a kind gift from Dr. J.
P. Boon (Netherlands Institute for Sea Research, Den Burg, Texel, the Netherlands). [’H}-2,3,7,8-
tetrachlorodibenzo-p-dioxin (PH]-TCDD) (35 Ci/mmol) was obtained from Chemsyn Science
Laboratories (Lenexa, Kansas, USA). It was 98% pure as analysed by HPLC (method of
Gasiewicz and Neal, 1979). Unlabeled TCDD was a kind gift from Dr. 8. Safe. 2,3,7.8-
tetrachlorodibenzofuran {TCDF) was purchased from Ultra Scientific (Hope, Rhode Island,
USA). Methylated [methyl-'*C]-ovalbumine was purchased from New England Nuclear
Corporation (Boston, Massachusetts, USA). 3,3",4,4’-tetrachlorobiphenyl (PCB-77),
3,3’,4,4’,5-pentachlorobiphenyl (PCB-126), 3,3°,4,4°,5,5"-hexachlorobiphenyl (PCB-169) and
2,2’ 4,4’ 5,5 -hexachlorobiphenyl (PCB153) (Ballschmitter et al., 1992) were obtained from
CN Schmidt B.V. (Amsterdam, The Netherlands). Tween 80 was obtained from Fisher Scientific
(Toronto, Ontario). Hydroxylapatite (DNA grade, bio-gel HTP} was purchased from Bio-Rad
{Richmond, California, USA). Dimethyl sulfoxide {(DMSQ) was obtained from Aldrich (Aldrich
Chemical Company, Inc, Milwaukee, USA). Tris, HCI, KCl, Na,EDTA, NaCl, NaOH, NaN,,
Na;MoQy,, glycerol, and sucrose were obtained from Merck, Darmstadt, Germany. Bovine Serumn
Albumin (BSA), dithiothreitol (DTT), HEPES, MOPS, aprotinin, leupeptin, pepstatin A,
phenylmethylsulfony] fluoride (PMSF), tosyl-L-lysine chloromethyl ketone (TLCK), and
protamine sulphate (Grade X, from salmon) were purchased from Sigma Chemie, Bornem,
Belgium. NADPH was obtained from Boehringer Mannheim, Almere, the Netherlands.

Animals and Cells. European flounder (Platichthys flesus) were caught by beam-trawl in the
Western Wadden Sea, the Netherlands (18.0-22.0 cm length class, average age 2 years),
disinfected and acclimatised as described earlier (Besselink et al. 1997b). Wistar rats (10 weeks
old) were obtained from the Laboratory Animal Centre (Wageningen Agricultural University,
Wageningen, the Netherlands). Male Hartley guinea pigs (250-300 g) and male Sprague-Dawley
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rats (200 g} were obtained from Charles River Breeding Laboratories, Wilmington, DE, USA, and
were exposed to 12 h of light and 12 h of dark daily and were allowed free access to food and
water. Animals were killed using carbon dioxide and livers were obtained for preparation of
cytosol as described below. Killifish (Fundulus heteroclitus) were obtained as described in Hahn
and Karchner (1995). Mouse hepatoma (Hepalcle7) cells (HEPA-1) were a gift of Dr. T.A.
Gasiewicz (University of Rochester, New York, USA).

Flounder (n=12) were orally injected twice at day 1 and 7 with 200 pl gelatin capsules
filled with TCDD dissolved in cornoil. The final concentrations of TCDD administered was 10 pg
TCDD/kg body weight. Ten days after the first exposure, flounder were killed by cervical
transection. Livers were carefully dissected free from the gall bladder, washed in ice-cold 0.9%
NaCl, weighed and stored at -80°C until preparation of microsomes. Male Wistar rat (n=3) were
dosed i.p. twice at day 1 and 2 with 100 mg Aroclor 1254/kg b.w. in corn oil (0.5 ml), At day 3 of
exposure rats were killed. Livers were dissected free from the gall bladder, washed in ice-cold
0.9% NaCl, weighed and stored at -80°C until preparation of microsomes.

Buffers. The buffers used for experiments reported in this paper were TS buffer (50 mM Tris-
HCI buffer (pH 7.4) containing 0.25 M sucrose}, TEGD buffer (0.1 M Tris-HCI buffer (pH 7.6)
containing T mM EDTA, 1 mM DTT and 20% (v/v) glycerol), HEDG buffer (25 mM HEPES
{pH 7.5) containing 1 mM EDTA, 1 mM DTT and 10% (v/v) glycerol), HEDGK buffer
(HEDG containing 0.15 M KCl), MEDG buffer (25 mM MOPS (pH 7.5} containing 1 mM
EDTA, 5 mM EGTA, ImM DTT, 0.02% NaN; and 10% (v/v) glycerol), MEDGM buffer
(MEDG containing 20 mM Na;MoQ,), MEDGT buffer (MEDG containing 0.5% (v/v) Tween-
20), hydroxylapatite (HAP) suspension (0.1 g HAP per ml MEDGM buffer) and protamine
sulphate (PS) suspension (1 mg PS per ml MEDGM buffer),

Preparation of microsomes. Individual livers of TCDD treated flounder and Aroclor 1254 treated
Wistar rats were homogenised in TS buffer (4 mlg liver and 2 ml/g liver respectively), using 10
strokes with a motor-driven Potter-Elvehjem glass and teflon homogenizer. The hepatic
homogenates were centrifuged at 3,000 g for 30 min. The resulting supernatants were centrifuged
at 100,000 g for 90 minutes. After resuspending the pellets in TEDG buffer, the hepatic
microsome suspensions of both flounder and rat were stored at -80°C until analysis. All handlings
were performed at 0-4°C,

Preparation of cytosol. For gel retardation assays, livers of untreated flounder were
homogenised in 2.5 ml HEDG buffer using 10 strokes with a motor-driven Potter-Elvehjem
glass and teflon homogenizer. After centrifugation of the hepatic homogenate for 30 minutes at
9,000 g, the resulting supematant was filtered through glass wool to reduce lipid content and
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then centrifuged at 100,000 g for 90 minutes. The supernatant {cytosol) was stored at -80°C
until use. Sprague-Dawley rat and Guinea pig hepatic cytosoi was prepared in HEDG buffer as
described by Denison er al. (1986a). For velocity sedimentation analysis on sucrose gradient
(SG), hydroxylapatite adsorption analysis (HAP) and PS adsorption analysis (PSAA), fresh
flounder livers were rinsed in MEDGM buffer and homogenised in 9 volumes of MEDGM
buffer plus a mix of proteinase inhibitors (20 uM TLCK, 5 ng/ml leupeptin, 13 pug/ml aprotinin,
7 ng/ml pepstatin A, and 0.1 mM PMSF) (Hahn ez gi., 1994). Cytosol was prepared and stored
as described above. Cytosol from HEPA-1 cells was prepared as described earlier tor PLLHC-1
cells (Hahn et al., 1993) and stored at -80°C until use.

RNA isolation. Flounder hepatic total RNA was isolated using the method described by
Chomczynski and Sacchi (1987). Poly A+ RNA was the isolated using the Pharmacia Biotech
mRNA Purification kit as described by the supplier (Roosendaal, the Netherlands). Fundulus
poly A+ RNA was isolated as described earlier (Hahn and Karchner, 1995).

Ah receptor ligand-binding studies. Specific binding of ["H]-TCDD to hepatic cytosol was
measured using velocity sedimentation analysis (SG) (Tsui and Okey, 1981), hydoxylapatite
adsorption analysis (HAP) (Gasiewicz and Neal, 1982) and protamine sulphate adsorption
analysis (PSAA) (Denison et al, 1984). For 8G analysis, aliquots of flounder hepatic cytosol or
HEPA-1 cell lysate in MEDGM buffer (5 mg protein/ml and 3.9 mg protein/ml respectively)
were incubated with [H]-TCDD (2 nM) in the presence or absence of TCDF (200 nM as
competitor for specific binding) for 2 h at 4°C. Following incubation, 300 ul aliquots were
layered onto linear (10-30%) sucrose gradients prepared in MEDGM buffer. Gradients were
centrifuged at 372,000g for 2 h at 4°C in a Beckman vertical-tube rotor. After centrifugation,
200 pl fractions were collected and radioactivity was measured in a Beckman LS 5000TD
scintillation spectrometer. ["*C}-ovalbumine (3.6 S) was added onto each sucrose gradient and
used as intemal sedimentation marker. The HAP (Gasiewicz and Neal, 1982) and PSAA
methods (Denison et al., 1984) were modifications of the published methods (Hahn, manuscript
in preparation). Aliquots of hepatic cytosol (2 mg protein/ml for flounder cytosol and 1 mg
protein/ml for HEPA-1) in MEDGM buffer were incubated with [PH]-TCDD (2 nM) + TCDF
(200 nM) for 2h at 15°C. After incubation aliquots (0.20 ml for HAP assay and 0.25 ml for PS
assay) were added to tubes containing 0.25 ml HAP or PS suspension and incubated for 30
minutes with gently vortexing every 10 minutes. One millilitre of MEDGT buffer was added,
the pellet resuspended and transferred onto a pre-wetted Whatman GF/A filter in manifold and
vacuum was applied. The filter was washed three times with MEDGT buffer after which the
filter was placed in a scintillation vial containing 10 ml scintillation fluid. Radioactivity was
quantified in a Beckman LS 5000TD scintillation spectrometer.
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Gel retardation analysis. Specific binding of transformed flounder, Sprague-Dawley rat and
guinea pig TCDD-Ah receptor complex to a complementary pair of synthetic oligonucleotides,
corresponding to wild type Ah receptor site of mouse DRE3 (Denison ef al., 1988a) was
determined using gel retardation analysis basically as described by Bank er al. (1992), The
DRE oligonucleotides were synthesised, purified, annealed and radiolabeled as reported by
Denison et a/. (1988b). Cytosol {2 mg protein/ml for flounder and 16 mg protein/ml for all
other species) was incubated with DMSO (20 pl/ml) or 20 nM TCDD in DMSO for 2 h at
20°C. Five microlitre of this incubation mixture was added to 16 ul HEDGK buffer containing
poly dldC (100 ng for rat cytosol and 200 ng for guinea pig cytosol; flounder cytosol was
incubated with either amounts of poly dIdC), mixed and incubated for 15 minutes at 20°C. The
incubation was continued for 15 minutes at 20°C after addition of **P-labeled oligonucleotide
(100,000 cpm, ~1.0 ng in 4 ul of HEDG buffer). Analysis of the protein-DNA complexes by
polyacrylamide gel electrophoresis and autoradiography was performed as described earlier
(Denison et al., 1988a; Denison and Yao, 1991).

RT-PCR and Southern blotting. PCR primers AhR-Al and AhR-B! were designed and
synthesised as described earlier (Hahn and Karchner, 1995; Karchner and Hahn, 1996).
Flounder polyA+ RNA purified from 100 pg total RNA was pelleted, washed, and dissolved in
10 pl water. RT-PCR was performed on 3 ul of each sample. Fundulus polyA+ RNA (1 pg)
was used as positive control for the AhR primers. Conditions were as described in Hahn and
Karchner (1995), except annealing was at 50°C. Aliquots of the RT-PCR reaction (10 ul) were
run on 2% agarose gels, stained with ethidium bromide, and photographed. RT-PCR products
were  analysed by  Southern  Dblotting  using  oligonucleotide  J2u  (5'-
GGCTAYCAGTTYATYCATGC-3"), targeted to the conserved sequence GYQFIHA
{corresponding to amino acids 315-321 of the mouse AhR). The RT-PCR products from four
individuals were pooled, cloned into pCNTR (5 prime — 3 prime, Inc.) and sequenced in both
directions using SequiTherm and SequiTherm Excel long-read cycle sequencing kits (Epicentre
Technologies, Madison, Wisconsin USA) and an automated DNA sequencer (LI-COR, Inc.,
Lincoln, Nebraska, USA). Four clones were sequenced.

EROD inhibition studies. Protein levels in pooled hepatic microsomes were measured by the Bio-
Rad assay system according to the specifications of the supplier, using crystalline bovine serum
albumin as standard. Microsomal 7-ethoxyresorufin-O-deethylation (EROD) activity was
measured in hepatic microsomes according to the method of Prough et af. (1978). The assay was
adapted for use in 96 well plates and a fluorospectrophotometric plate reader (Cytofluor 2350,
Fluorescence Measurement System, Milipor, USA) as described by Besselink et af. (1997b).
Incubations with flounder tissue contained 37.5 pg microsomal protein/ml and 1 mg BSA/ml,
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whereas rat tissue incubations contained 5 pg microsomal protein/ml and 1.03 mg BSA/ml. The
extra BSA was added to compensate for differences in total protein concentrations between
flounder and rat incubations. EROD inhibition studies with PCB-77, PCB-126, PCB-153, PCB-
169 or the commercial PCB mixture Clophen A50 (CloA50) (0-50 uM in DMSO} were performed
at different ethoxyresorufin (ER)} substrate concentrations (0.1-1.5 uM). Two microlitre of
inhibitor solution was added to a mixture containing 0.1 M Tris-HCI buffer (pH 7.8), microsomal
suspension, and BSA and shaken for 3 minutes after which 50 ul of ER solution was added. The
reaction was started after 5 minutes pre-incubation by adding 50 pl 0.1 mM NADPH and stopped
after 5 minutes by the addition of 50 pul 1 M NaOH. The resorufin formed was detected
fluorimetricatly and compared to a calibration curve (0-150 nM resorufin). All incubations were in
duplicate and corrected for a blank without NADPH. Rat hepatic microsomal EROD activity was
measured at 37°C whereas for flounder hepatic microsomal EROD activity assays were carried out
at25°C.

Analysis of inhibition potency. Curve-fitting of the inhibition curves (EROD activity versus
logarithm of the competitor concentration) using non-linear regression was carried out using the
software package SlideWrite Plus, Version 5.00 (Advanced Graphics Software, Inc., Carlsbad,
CA, USA) at constant ethoxyresorufin concentrations for flounder and rat of 0.6 and 0.4 uM
respectively, according to the following equation: y=ag+a,/(1+exp(-(x-a;)/a;)). The ICsy (molar
concentration of inhibitor required to reduce EROD activity to 50% of control} value for each
competitor was determined by interpolation from the fitted curves. To extract Vp,, and K, from
obtained data, Lineweaver Burk plots were plotted with 1/[ER] in pM" on the x-axis and 1/V
(nmol'*min*mg) on the y-axis. In plots of incubations without inhibitor, the y-axis intercept
represents 1/V,, and the intercept with the x-axis represents -1/Ky. K; values were calculated
using the formula K; = ICs/(1+[ER)K,,), with [ER] concentration for flounder and rat of 0.6
pM and 0.4 pM respectively.

Results

Ah receptor binding studies. Under the experimental conditions, incubations of HEPA-1
cytosol, used as positive control, resulted in a single specific binding peak for ["H]TCDD (2
nM) as detected by velocity sedimentation on sucrose gradient (Fig. 6.1A). The radioactive
PH]ITCDD peak sedimented at fraction 10 (~9.4 S) and was almost completely abolished in the
presence of 200 nM TCDF, indicative of the AhR. Incubations of flounder hepatic cytosol with
PH]TCDD and subsequent velocity sedimentation under the same experimental conditions,
resulted in a small but clear peak at fraction 10, which was not detectable in the presence of
excess TCDF (Fig. 6.1B}. The position of this visualised peak coincided with the sedimentation
of the [PH]TCDD -Ah receptor peak from HEPA-1 (=9.4 8). Ah receptor in HEPA-1 and
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Figure 6.1. Typical profiles of [3H]TCDD binding to HEPA-1 {A) and flounder (B) cytosolic Ah

receptor analysed by velocity sedimentation on sucrose gradients. Cytosol from HEPA-1 cells (3.9 mg/ml)
and flounder (5 mg/ml} was incubated with 2 nM [*H]TCDD in the presence {0) or absence (#) of 200 nM
TCDF. Aliguots of 300 pl were analysed by velocity sedimentation on 10-30% sucrose gradients as
described under Material and Methads. Arrows indicate the sedimentation position of [*“Cl-ovalbumine (3.6
S).
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Table 6.1. Concentrations of Ah receptor in hepatic cytosol from various species as determined by
velocity sedimentation anaiysis on sucrose gradient (SG), hydroxylapatite (HAP), and potassium sulphate
adsorption analysis (PSAA).

Ah-receptor concentration

SG HAP PSAA
{fmol/mg) {fmol/mg) (fmol/mg)
European flounder 3.83£0.31 (5) 6.8611.62 (4) 1.88+0.35 (3)
Winter flounder 19 a-gf
Rainbow trout 7.5¢ 5.142.6 (4
Sprague-Dawley rat 337 9715 (4)°
CS57BL/6N mouse 60=12 (8)° 92410 (4)°
RTH-149 29¢
HEPA-1 361.90 (1) 72.08 (1) 31.24(1)

Values are expressed as mean + S.E.M. Number of animals in ‘Parentheses. Data obtained from *: Okey et
al. (1979). *: Denison et al. (1986b). % Heilmann et al. {1988). : Lorentzen and Okey (1990). *: Bank ef al.
{1992). - Hahn et al. (1994).

flounder cytosol were also detected using HAP and PS analysis. The concentrations of Ah
receptor in HEPA-1 cells and flounder hepatic cytosol calculated from sucrose gradient, HAP
and P8 analysis are given in Table 6.1. Flounder Ah receptor levels ranged from 1.88 to 6.86
fmol/mg protein dependent on the assay used. These levels are much lower than Ah receptor
concentrations in rodent species and HEPA-1 liver cells. However, also in the rainbow trout
and winter flounder, comparably low levels of Ah receptor were observed (Bank et af., 1992;
Hahn et al., 1994; Heilmann et al., 1988).

Gel rerardation analysis. Autoradiograms of interaction of flounder, rat, and guinea pig
cytosolic Ah receptor and DRE-containing oligonucleotides in the presence or absence of
TCDD are shown in Fig. 6.2. Rat and guinea pig autoradiograms reveal a TCDD-inducible (see
arrow) and a constitutive protein-DRE complex. As was previously shown by Denison and Yao
(1991), the TCDD-inducible band represents the binding of TCDD-AIR complex to **P-labeled
DRE-containing oligonucleotides. The constitutive protein-DRE band represents binding of an
unknown protein to single-stranded **P-labeled oligonucleotides. In contrast to rat and guinea
pig, no TCDD-inducible protein-DRE complex was observed in flounder under the same
experimental conditions. Additional gel retardation analyses using flounder hepatic cytosol
under conditions of high and low ionic strength and different concentrations of poly dIdC also
failed to detect TCDD-inducible protein-DRE complexes {data not shown).
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Rat Guinea pig Flounder
+ - + - + -

Figure 6.2. Autoradiograms of liganded cytosolic Ah receptor and DNA complexes of rat, guinea
pig and flounder, analysed by gel retardation analysis. Hepatic cytosal was incubated in the absence (-) or
presence (+) of 20 nM TCDD, followed by addition of *’P-labeled DRE oligonuclectide as described under
Material and Methods. Arrows indicate the position of TCDD-inducible protein-DNA complex.

RT-PCR and DNA sequencing. First-strand ¢cDNA synthesis and subsequent amplification of
the killifish (Fundulus heteroclitus) poly A+ RNA using RT-PCR resulted in a single band of
approximately 690 bp (Fig. 6.3 top, lane 3), similar to the size reported by Hahn and Karchner
(1995). In addition, reverse transcription and amplification of 4 individual flounder poly A+
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RNAs led o a detectable band of approximately 690 bp (Fig. 6.3 top, lanes 4-7) following
separation on 2% agarose and staining by ethidium bromide. In all 4 individual samples tested,
the flounder AhR was expressed. Southern blotting of the flounder RT-PCR products and
hybridisation using degenerate oligonucleotide AhR-J2u revealed a single band of 690 bp for
each individual (Fig. 6.3 bottom). The RT-PCR products were cloned and sequenced. The
deduced amine acid sequence of the flounder RT-PCR product was 59-60% identical to the
PAS domain of mammalian AhRs (Fig. 6.4) and 61% identical to fAhR-1, a Fundulus ortholog

12 3456 7 8

1500 bp -
600 bp -
Figure 6.3. Ethidium bromide-stained gel {top) and Southern blot (bottom)} showing PCR products

from amplified Fundufus and flounder hepatic poly A+ RNA, For Southern blotting, oligonucleotide J2u was
used as probe. Identification of lanes: lane 1, pAW positive control RNA for RT-PCR kit; lane 2, Gibco 100-
bp DNA ladder; lane 3, Fundulus hepatic polyA+ RNA; lanes 4-7; flounder hepatic polyA+ RNA; iane 8,
flounder hepatic polyA+ RNA (minus reverse transcriptase). Arrows indicate hepatic AhR poly A+ RNA
PCR products.
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Table 6.2. Maximum EROD activity (Wmax), Michaelis canstant (Km}, ICsq, and inhibition constant
{K;) of 4 PCB congeners and Clophen A50 in Wistar rat and flounder hepatic microsomal fraction.
Species Compound Vinad K ICso® K¢
(nmol/min/mg protein) (M) (uM) (M)
Rat PCB-77 3.61 0.260 042 0.154
PCB-126 29 0236 0.24 0.088
PCB-153 251 0.306 31.88 11.690
PCB-169 2.88 0.155 0.52 0.191
CloA50 247 0.201 424 1.555
average + SEM. 2.87+0.20 0.232 + (.026
Flounder PCB-77 1.11 0.100 0.6] 0.084
PCB-126 1.06 0.070 0.30 0.041
PCB-153 1.09 0.122 19.46 2,670
PCB-169 [.02 0.092 0.62 0.085
CloAS0 093 0.093 7.39 1.014
average + S.EM, 1.04 + 0,03 0,095 +0.008

Vmax and Ky, were derived from Lineweaver Burk plots such as those shown in Fig. 6.7A + B.

ICsp values (molar concentration of inhibitor resulting in inhibition of EROD activity to 50% of control (no
inhibitor)) were calculated by non-linear regression curve fitting of inhibition curves (Fig. 6.5A+B).

Ki's were calculated from the non-linear regression curve fits of the inhibition curves shown in Fig.
6.5A+B, using the formula K; = 1Cso/(1+HER}Km,avg), with ethoxyresarufin ([ER}) concentrations of 0.4
1M for rat and 0.6 uM for flounder.

of the mammalian AhRs (Hahn et al., 1997). Interestingly the flounder sequence shared greater
amino acid identity (75%) with the Fundulus AhR-2 sequence identified recently (Hahn and
Karchner, 1995; Hahn ef al., 1997).

EROD inhibition studies. In order to examine the potency of individual PCB congeners and
complex PCB mixtures to interfere with the CYP1A catalytic activity, EROD inhibition studies
were performed. In Fig. 6.5A (rat) and 6.5B (flounder), the ERCD inhibition curves of the
tested PCB congeners are shown at ethoxyresorufin concentrations of 0.4 and 0.6 pM for rat
and flounder respectively. From these curves, ICs; values were calculated which are given in
Table 6.2. The di-ortho substituted PCB-153 was the least potent inhibitor of hepatic
microsomal EROD activity in both rat and flounder (ICs, values of 31.88 and 19.46 uM
respectively). PCB-126 had the greatest inhibitory potency of the PCBs tested in rat and
flounder (ICs5: 0.24 and 0.30 pM respectively). In fact, although the tested PCB congeners
showed lower IC;, values in rat than in flounder, the order of inhibitory potencies of the PCB
congeners was identical in rat and flounder. Calculated ICs, values for the commercial PCB
mixture were 4.24 and 7.39 uM in rat and flounder respectively, which was lower than
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Figure 6.4.
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Figure 6.5. Inhibition of rat {A) and flounder (B) hepatic micrcsomal EROD activity by PCB-77
(—t—), PCB-126 (---¥--) PCB-168 (— -8 --), PCB-153 {(— —0—-), and CloA50
(— - -#— - ) with ethoxyresorufin concentration of 0.4 pM for rat and 0.6 uM for flounder. Control EROD
activity for rat and flounder are 1.8 and 0.3 nmol/min/mg respectively.
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Figure 6.6. Substrate saturation curves for CYP1A (ERQOD) activity of rat (o) (left y-axis) and

flounder (®) {right y-axis) hepatic microsomes. Incubations were carried out without inhibitor as described
under Material and Metheds. Data points are means of duplicates.

PCB-153 but higher than the 3 non-ortho PCBs tested. In Fig. 6.6, substrate saturation curves
for the CYP1A (EROD) enzyme of rat (A} and flounder (B) hepatic microsomal fractions are
given. Hepatic EROD activity increased with increasing concentration ER. Although the
maximum EROD activity in rat is higher than in flounder, substrate saturation of the CYP1A
enzyme in flounder microsomes is reached at lower ER concentration than in rats.

To calculate the maximum EROD activity (V) and the Michaelis constant (K} with
ER as a substrate, double reciprocal Lineweaver Burk plots were designed and analysed by
linear regression for all inhibitors tested. Fig. 6.7A (rat) and Fig. 6.7B (flounder) show
Lineweaver Burk plots with PCB-126 as inhibitor. From the plots it can be concluded that the
observed inhibition of hepatic EROD activity by PCB-126 is competitive in nature for both rat
and flounder, In fact, all compounds tested were competitive inhibitors of hepatic EROD
activity. Vi, and K, values, determined for each congener from the Y-axis intercept (Vima)
and X-axis intercept (K,,'} are given in Table 6.2. Maximum average CYP1A activity with ER
as a substrate was higher in rat (2.87 nmol/min/mg protein) than in flounder (1.04 nmol/min/mg
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Figure 6.7. Lineweaver Burk plots of rat (A) and flounder (B) hepatic microsomal ERCD activity
with or without addition of inhibitors. The reciprocal values of ERQD activity (1/V) are plotted against 1/ER
substrate concentrations for incubation without (= =~k —) or with 0.05 nM {~——%¥~ )} 0.5 nM (85—,
5 nM (—6— ), 50 nM ——&— ), and 500 nM (——@— ) PCB-126. X-axis intercept for incubation
without inhibitor represents Ky ™', while y-axis intercept represents Vmax .
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protein). In contrast, the average Michaelis constant for hepatic EROD activity with
ethoxyresorufin as a substrate in rat was higher than in flounder (0.232 pM vs. 0.095 pM).
Using average K,, values, inhibition constants (K;) for the tested PCB congeners and CloAS0
were calculated (Table 6.2). The inhibition constant K; was lowest for PCB-126 in rat and
flounder (0.088 and 0.041 pM respectively) whereas highest K;’s were observed for the di-
ortho PCB-153 (11.690 and 2.670 uM). K;’s for the non-ortho PCB were in the same order of
magnitude (rat: 0.088 to 0.191 uM, flounder: 0.041 to 0.085 pM). Intermediate K;’s were
calculated for the commercial PCB mixture CloA50 {1.555 and 1.014 uM for rat and flounder
respectively).

Discussion

In previous studies we reported that flounder exposed to complex PCB mixtures show low
hepatic CYP1A activity (Besselink ez al., 1996, 1997a). Here, possible molecular mechanisms
responsible for the apparent low responsiveness of flounder CYP1A upon exposure to PCBs were
investigated, The present studies involved molecular characterisation of the AhR pathway as well
as determining the effect of PCB congeners on CYP1A catalytic activity in vitro.

This report shows for the first time the positive identification of the AhR in the
European flounder (Platichthys flesus) by [*HITCDD binding and by RT-PCR amplification.
The hepatic cytosolic Ah receptor is widely distributed in mammalian species and its
concentration is commonly found to be 50 to 300 fmol/mg protein (Okey et al., 1979; Denison
et al., 1986b). In contrast, limited data are available on the levels of Ah receptor in fish. In trout
hepatic cytosol and the trout hepatoma cell line RTH-149, Ah receptor has been demonstrated
(Heilmann er al., 1988; Lorenzen and Qkey, 1990). More recently, Hahn et af. (1994) identified
the presence of the Ah receptor in seven species of teleost and elasmobranch fish by
photoaffinity labelling with 2-azido-3-{'**I]iodo-7,8-dibromodibenzo-p-dioxin. In the present
study we found evidence for the presence of the hepatic cytosolic AhR in flounder using three
different AhR binding assays.

Additional evidence for the presence of the cytosolic AhR in flounder liver was
provided by amplification of flounder AhR ¢DNA using RT-PCR (Fig. 6.3 top). The size of the
PCR product was 690 bp, identical to recently identified Fundulus AhR-2 cDNA (Hahn and
Karchner, 1995; Hahn er al., 1997). The specificity of the flounder AhR ¢cDNA was established
by Southern blotting and sequencing. All four flounder samples hybridised to an AhR-specific
oligonucleotide probe (Fig. 6.3 bottom). Sequencing of the flounder 630 bp product revealed
that its deduced amino acid sequence was more related to the Fundulus AhR-2 sequence (75 %
identical) than to Fundulus AhR-1 sequence (61 % identical), which is closer to mammalian
AhRs than AhR-2 (Fig. 6.4} (Hahn and Karchner, 1995; Hahn et al, 1997). Although the
concentrations of Ah receptor detected in flounder (~ 4 tmol/mg protein) using the described
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[PHITCDD binding studies, was in the same order of magnitude as found in other species of
fish (Table 6.1), it should be noted that the Ah receptor levels were very low as compared to Ah
receptor levels in mammalian hepatic cytosolic tissue (~50-300 fmol/mg protein).

Upon ligand binding and transformation, the cytosolic Ah receptor is transported to the
nucleus where it binds to the DRE. Using a complementary pair of synthetic oligonucleotides,
corresponding to wild type Ah receptor site of mouse DRE3, Bank e al. (1992) demonstrated
TCDD-inducible protein-DNA complexes by gel retardation analysis using cytosol from a
number of mammalian species, such as rat, guinea pig, mouse cow and sheep, but not in
rainbow trout hepatic cytosol. More recently, a TCDD-inducible protein-DRE complex was
observed using hepatic cytosol from several fish species (Hahn and Denison, unpublished
results). In the present study, we were also able to demonstrate TCDD-inducible protein-DRE
binding in hepatic cytosol from rat and guinea pig but failed to do so in flounder hepatic cytosol
(Fig. 6.2). As stated by Bank et al. (1992), the absence of TCDD-inducible protein-DNA
complex in rainbow trout may be due to low levels of Ah receptor in fish or instability of fish
Ah receptor. With respect to the levels of hepatic cytosolic Ah receptor, these were low in
flounder hepatic cytosol as compared to mammalian levels of cytosolic Ah receptor. Indeed,
this might have its influence on the absence of a TCDD-inducible protein-DNA complex, but
since no clear correlation was observed between cytosolic Ah receptor levels and the degree of
liganded AhR-DNA binding (Bank ef al., 1992), other possibilities can not be ruled out.

For instance, prior to interaction with specific regions of DNA (Ah responsive
elements), the liganded Ah receptor must undergo transformation into a nuclear form (Qkey et
al., 1994). Since no DRE binding of TCDD-AhR complex was observed in our study, one or
more factors, c.g. Amt (Hoffman et al,, 1991), necessary for transformation might not be
present in flounder hepatic cytosol. Furthermore, Bank et af. (1992) demonstrated that the
nucleotide specific interaction of liganded-AhR complex with DRE is highly conserved
between mammals. Single nucleotide substitutions in the critical core consensus motif of the
murine DRE resulted in a dramatic decrease in induced AhR-DRE complex formation. Until
now, limited data is available on whether the core consensus motif of teleost DRE is similar to
the mammalian core motif. In rainbow trout and atlantic tomcod, DRE sequences were
demonstrated by Berndtson and Chen (1994} and Roy ef al. (1996). If differences exist between
marmmalian and fish nucleotide sequence in the core motif of the DRE, the use of mammalian
derived DRE in gel retardation analysis with fish cytosol, might result in undetectable TCDD
induced AhR-DRE complexes.

The presented data may suggest that the AhR pathway is only marginally present in
flounder with possibly a low responsiveness {(no AhR-DRE complexes). This would be in line
with reports on low responsiveness of the flounder hepatic microsomal CYPIA enzyme system
towards complex PCB mixtures (Besselink e al. 1996). However, in previous studies we have
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observed high CYPIA inducibility in flounder upon exposure to TCDD, despite low AhR
levels and undetectable AhR-DRE complexes. Hence, the flounder hepatic AhR pathway is
functional and the apparent low responsiveness of flounder CYP1A upon exposure to PCBs can
not solely be attributed to a non-functional AhR pathway. In a previous study we observed
inhibitory effects of CloA350 on TCDD induced catalytic activity but in contrast additive effects on
CYPIA protein levels (Besselink et al., 1997a) Therefore, we posed interference of PCB
congeners with CYP1A catalytic activity as a hypothesis for low responsiveness of CYP1A
activity in flounder following exposure to PCB mixtures. Here, the effect of in vitro addition of
PCB congeners and CloA50 on hepatic microsomal EROD activity in flounder was studied and
compared to their effects on rat hepatic microsomal EROD activity.

The results clearly demonstrate the potency of all congeners and CloA50 to inhibit
hepatic microsomal CYP1A activity ir vitro in a competitive way with inhibition constants (K;)
close to the Michaelis constant (K} for ethoxyresorufin. Of the PCB congeners tested, the non-
ortho PCB-126 was found to be the most potent inhibitor of the CYP1A activity in both rat and
flounder (ICsy: 0.24 and 0.30 pM respectively), followed by PCB-77, PCB-169 and the di-
ortho PCB-153 (Table 6.2). The order with which the tested PCBs were capable of EROD
inhibition reflects their potencies to induce CYP1A (Safe, 1994). The commercial PCB mixture
CloAS0 was intermediate in potency, probably due to the fact that CloA50 is composed of non-
ortho- and ortho-substituted PCBs. Overall, the concentration of PCB at which 50% inhibition
of CYPLA activity was observed was lower in rat than in flounder, except for the di-ortho-
substituted PCB-153.

Surprisingly, inhibition constants (K;’s) calculated for the various tested PCBs were
higher in rat than in flounder, This consistently indicates that the cytochrome P4501A system in
flounder binds the various PCB congeners with greater affinity than the cytochrome P4501A
system in rat. In addition, the present data suggest a higher catabolic efficiency of the flounder
CYPIA enzyme system towards cthoxyresorufin as compared to the rat CYPIA system. Fig.
6.6 clearly demonstrates that the maximum EROD activity in flounder hepatic microsomes is
reached at lower ethoxyresorufin concentrations than in rat hepatic microsomes. In addition, the
flounder Michaelis constant for ethoxyresorufin (K,,) is lower than in rat (0.095 and 0.232 pM
respectively). The higher catabolic rate of the CYPLA system towards ethoxyresorufin in
flounder as compared to rat is also demonstrated when EROD activity is expressed per nmol
total hepatic cytochrome P450. In rat, administration of 25 pg TCDD/kg bodyweight results in
a specific activity of 3.8 nmol/min/nmol P450 whereas in flounder, a specific activity of 5
nmol/min/nmol P450 is observed after administration of 10 pg TCDD/kg body weight (Lans,
1995; Besselink et al., 1997b).

In vitro inhibition of hepatic microsomal EROD activity by PCB congeners was also
reported by Gooch er al. (1989) in scup (Stenotomus chrysops). Inhibition of CYP1 A catalytic
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activity by PCB-77 was also observed in the teleost hepatoma cell line PLHC-1 (Hahn et a/,,
1993). Competitive inhibition of CYP1A activity by PCB residues present in hepatic tissue
might, at least partly, explain low responsiveness of hepatic CYP1A activity in a number of fish
species upon exposure to PCBs (Wirgin et af, 1992; Celander and Forlin, 1995). However,
other mechanisms can not be ruled out since decreased EROD activity is sometimes
accompanied by decreasing levels of CYPLA (Gooch et ai., 1989; White et al., 1997). Other
mechanisms, such as hepatotoxicity, alterations of heme synthesis and suicide substrate
inactivation of CYP1A by reactive metabolites may also be of influence on suppression of
hepatic CYPIA catalytic activity (Gooch et al., 1989). In addition, Elskus et a/. (1992) showed
that CYP1A expression and activity in winter flounder (Pseudopleuronectes americanus) from
PHAHSs contaminated sites was regulated endogenously by oestrogens at a pretranslational
level. White et al. (1997) studied the regulation of scup hepatic cytochrome P4501A1 induction
following exposure to PCB-77 and observed a dual effect of transcriptional CYP1A1 mRNA
induction and post-transcriptional CYP1Al protein and activity suppression. Furthermore,
species differences in response to environmental PHAH exposure are known to exist (Eggens ez
al., 1996).

In conclusion, our study clearly demonstrated the presence of the AhR in flounder
hepatic cytosol. AhR levels in flounder are clearly lower than in rodents. Although flounder is
not as sensitive as rat towards CYP1A induction (Besselink ef al., 1997b), the competitive
inhibition of the CYP1A catalytic activity by PCBs occurs at similar PCB concentrations in
flounder as in rat. In addition, flounder CYP1A seems to be more efficient in metabolising
ethoxyresorufin than rat CYP1A. The observed inhibition of EROD activity at PCB levels near
the K, for ethoxyresorufin, underscores the necessity of caution when vsing CYPIA catalytic
activity as dependable biomarker for monitoring exposure of fish to environmental pollutants
such as PHAHs.
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Chapter 7

Alterations in Plasma and Hepatic Retinoid Levels in
Flounder (Platichthys flesus) after Chronic Exposure
to Contaminated Harbour Sludge in a Mesocosm
Study.

Abstract

Flounder (Platichthys flesus) were exposed to pelluted harbour sludge or to sludge wash-off in
mesocosms for three years. At the end of the study, flounder from all mesocosms were sacrificed
and plasma and liver were isolated for determination of retinoid levels. In addition, effects of
harbour sludge on liver tumour development and skin infections, on spermatogenesis and testicular
steroidogenesis, on plasma steroid levels and on induction of the CYP1A enzyme system were
determined in flounder. In addition, levels of heavy metals and PHAHs were determined in both
flounder and sediment. Here, we present the effects on retinoid levels in flounder. Data on other
parameters are presented elsewhere. Retinol concentrations in flounder plasma and liver were
significantly reduced in mesocosms containing polluted harbour sludge and sludge wash-off as
compared to the control mesocosm. Retinoid stores in the liver, measured as the concentration of
retinyl palmitate, were also reduced significantly in the mesocosm containing sludge wash-off as
compared to the control mesocosm but not in the directly polluted mesocosm. A negative non-
linear association was found between hepatic retinol concentrations and CYP1A protein levels
(P=0.69; p<0.05), suggesting the involvement of PHAH and PAH inducible enzymes. The present
study clearly indicates that tong-term exposure to environmental contaminants in complex
matrices decreases retinoid levels in flounder.

Harry T. Besselink, Esther M. T.E. Flipsen, Martin L. Eggens, A. Dick Vethaak, Jan H. Koeman and Abraham

Brouwer

Agquat. Taxicol., in press




Chronic exposure to contaminated harbour siudge

Introduction.

Several studtes have indicated the existence of a causal relationship between the occurrence of
high incidences of diseases, such as certain skin diseases and liver tumours, in coastal and
marine fish populations and the presence of high concentrations of environmental poliutants,
such as persistent organohalogens (Peters et al., 1987; Metcalfe et al., 1988; Kghler, 1989;
Vethaak. et al,, 1996; Vethaak and Jol, 1996; Vethaak and Wester, 1996). The mechanism by
which persistent organohalogens may cause these negative health effects in fish is not clear. A
possible involvemnent of the vitamin A metabolism in the toxicity of PHAHs in mammals has been
suggested by a number of authors based on the striking resemblance between symptoms associated
with a hypovitaminosis A and the toxicopathological effects of PHAH exposure (Kimbrough,
1974; Brouwer, 1987), such as dermatological symptoms {Van Putten et al, 1970) and
suppression of immune function (Mark et al., 1983; Safe, 1994). Additional evidence for a role of
vitamin A in PHAH toxicity stems from observations in mammals that retinoids suppress the
process of carcinogenesis in vivo (Sporn and Roberts, 1983) and modulate PHAH induced
carcinogenesis (Flodstrom et al., 1991).

From a number of studies it is clear that PHAHs (Hakénsson and Ahlborg, 1985;
Brouwer et al., 1989a,b) and PAHs (Leo et al., 1984a) can reduce vitamin A levels in mammalian
tissues. The proposed mechanisms by which PHAHSs can alter retinoid homeostasis are multiple
and may involve modulation of retinoid metabolising enzymes, alterations of hepatic storage
capacity (Jensen et al., 1987; Spear et al, 1988) or interference of hydroxy PCB metabolites with
the plasma transport of retinol (Brouwer and van den Berg, 1984, 1936). At present, not much
data is available on retinoid disrupting effects of organic contaminants in fish (Spear et al., 1992).
Palace and Brown (1994) reported altered retinoid concentrations in tissues of lake char
(Salvelinus namaycush) exposed to 3,3’,4,4° 5-pentachlorobiphenyl. However, short term (3-10
days) exposure of flounder (Platichthys flesus) to either Clophen A50, a commercial mixture of
PCBs, or TCDD did not result in altered plasma or hepatic retinoid levels (Besselink et al,, 1996,
1997).

In the present experiment, the effects of long-term exposure to environmental pollutants
on plasma and hepatic retinoid levels in flounder were investigated. For this purpose, flounder
were exposed to chemically contaminated dredge spoil in a mesocosm study design for 3 vears.
The present study is part of a larger study design, focusing on tumour formation and skin diseases
in relation to exposure levels of various environmental pollutants via harbour sludge.

Material and Methods

Chemicals. The following chemicals were purchased from Merck, Darmstadt, Germany:
tristhydroxymethy})amino methane (Tris), diisopropyl ether, hydrochloric acid, sedium chloride,
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MESOCOSM 2 § MESO
D)

Wadden Sea water

Figure 7.1. Schematic view of the three mesocosms. Mesocosm 1 contained relatively clear Wadden
Sea sand, with water abstracted from the Dutch Wadden Sea. Mesocosm 2 also contained relatively clean
Wadden Sea sand, but the water shared a common circulation with mesocosm 3. The latter was loaded with
contaminated dredged spoil from Rotterdam harbour. The water was taken from the Dutch Wadden Sea.
Drawing according to Vethaak ef af. (1996).

sodium citrate, sucrose, 2,6-di-fer-butyl-4-methylphenol (BHT) and ethyl acetate (Lichrosolv).
Methanol (HPLC grade) was purchased from Janssen Chimica, Tilburg, the Netherlands. Retinol,
retinyl palmitate, and retinyl acetate were purchased from Fluka Chemie, Bornem, Belgium,

Experimental design. Flounder (Platichthys flesus) used in the mesocosm study design were 1-
year-old individuals, captured in April 1990 in the Dutch Wadden Sea (Balgzand). They were
exposed to chemically contaminated dredge spoil for 3 years at contaminant levels similar to
those observed in Dutch coastal waters (Vethaak et al., 1996). Three concrete mesocosm
systems of 40x40x3 m were set up as described by Vethaak et al. (1996) (Fig. 1). The reference
mesocosm (mesocosm 1) contained relatively clean sandy sediment and water from the Dutch
Wadden Sea. Mesocosm 2 contained the same sediment as mesocosm 1 but was indirectly
polluted by receiving wash-off from the third polluted mesocosm. The third mesocosm
contained contaminated dredge spoil from Rotterdam harbour. The three mesocosms were
stocked with 1200, 1200, and 400 fish respectively (Vethaak et al., 1996).
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Sample collection. Flounder were anaesthetised as described by Janssen et al. (1997). Afier
extracting bleod from the caudal vein, 6% sodium citrate in 0.7% sodium chloride was added as
anticoagulant (50 pl/ml blood). The blood was centrifuged at 800 g in a Eppendorf centrifuge,
the plasma was collected and stored at -20°C until analysis. After collecting blood, flounder were
sacrificed by decapitation. Livers were carefully dissected free from gall bladder and a small piece
of tissue from each liver was quickly frozen in liquid nitrogen and stored at -80°C until further
processing.

Preparation of liver homogenates. Individual pieces of liver tissue were homogenised in 1.5 ml of
a 50 mM Tris-HCI buffer (pH 7.4) containing 0.25 M sucrose using 10 strokes with a motor-
driven Potter-Elvehjem glass and teflon homogenizer. The homogenate was stored at -20°C until
hepatic retinoid analysis

Extraction and analysis of retinoids. Plasma and hepatic retinoids were analysed using the method
of Brouwer et al. (198%a) with some minor meodifications. Plasma samples, or hepatic
homogenates (50 ul) were vortexed with 50 pl methanol, containing retinyl acetate as internal
standard and 0.1 % 2,6-di-fer-butyl-4-methylphenol (BHT) (w/v) as an anti-oxidant, and 100 pl
diisopropyl ether, Plasma and liver retinoids were extracted overnight at -20°C. Afier extraction
the ether phase was removed and filtered over a 0.45 pm filter (Millipore, Etten Leur, The
Netherlands), evaporated under nitrogen and finally resuspended in either 50 pl methanol (0.1%
BHT) (plasma) or 100 ul methanol:ethy} acetate (3:1) (0.1% BHT) (liver). All extractions were
carried out in duplicate and under dim light. Twenty pl aliquots of resuspended extracts were
analysed on a HPLC system employing a C,3 analytical column (Pecosphere, 3.3 cm length and
4.6 mm internal diameter, 3 um particle size, Perkin Elmer). A Spectra-Physics Analytical HPLC
system was used consisting of a P-2000 binary gradient pump, AS-3000 autosampler, UV-1000
UV-VIS detector and a Merck Hitachi D-2500 chromato-integrator. For the detection of retinocids
a wavelength of 326 nm was used. Plasma extracts were analysed using an isocratic system with
15% water and 85% methanol, a flow rate of 1 ml/min and data collection for 10 minutes. Hepatic
extracts were analysed by running at 15% water and 85% tnethanol for 1.5 minutes, followed by a
gradient to 100% methanol for 2.5 minutes and 13 minutes at 100% methanol. Finally the column
was re-equilibrated at 15% water and 85% methanol for 3 minutes.

Determination of CYP1A indices. For the determination of hepatic CYP1A protein content and
hepatic EROD activity, pieces of liver were homogenated in a 1.15% KCI solution containing
20% glycerine. After centrifugation of the homogenate in a MSE Europe 24M high-speed
centrifuge at 12,500g for 20 min, the supernatant was centrifuged in a Centricon T-1055 ultra-
centrifuge at 100,000g for 1h. The remaining microsomal pellet was resuspended in a 0.1 M
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phosphate buffer (pH 7.4) (Eggens and Galgani, 1992). Hepatic microsomal EROD activity and
CYP1A protein content were then measured as described by Eggens et al. (1996).

Statistics. Statistical analysis was performed by using the software package SPSS/PC+™ (SPSS
Inc., Chicago, IL). Data were tested for normality and homogeneity of variance using the Chi-
square test and the Bartletts test, after which data were analysed statistically by one-way analysis
of variance, followed by a least significant difference test. The data are expressed as the means =
standard error of the mean (SEM). Associations between hepatic mixed function oxidase data and
plasma and liver retinoid data were evaluated using the sofiware package SlideWrite Plus, Version
5.00 (Advanced Graphics Software, Inc., Carlsbad, CA, USA).

Results -

In figure 2 typical HPLC elution profiles for retinoid standards, as well as flounder plasma and
liver samples are given. The retention times for the various retinoids did not differ between
preparations. In flounder plasma only retinel could be detected at 3.5 min elution time (Fig,
2b), whereas in liver samples retinyl palmitate in addition to retinol could be determined at 14.2
and 3.8 min elution time respectively (Fig. 2d). In addition, some minor peaks were observed
between 10-13 min elution time, which have not been identified but could represent retinoid
esters with a shorter fatty acid tail, or other unsaturated fatty acids.

After 36 months of exposure to polluted harbour sludge, sludge wash-off or reference
sand, plasma retinol concentrations were measured in flounder. The results are presented in
Table 1. The plasma retinol levels in flounder from the directly, as well as the indirectly
polluted mesocosm were significantly reduced (by 30.7 % and 28.1 %, respectively) as
compared to plasma retinol levels in flounder from the reference mesocosm. No differences in
plasma retinol concentrations were observed between flounder obtained from the two polluted
Mesocosms.

Hepatic retinol concentrations were drastically reduced (by 81.0 % and 77.0 %,
respectively) in flounder exposed directly or indirectly to chemically contaminated dredged
spoil for 3 years (Table 1). Large individual differences in retinyl palmitate concentrations in
the same treatment groups were observed, Notably, no alterations in retinyl palmitate levels, the
retinoid storage form, in flounder from the directly poliuted mesocosm were observed
compared to the reference mesocosm. However, flounder from the indirectly polluted
mesocosm had significantly reduced retinyl palmitate concentrations (43.4 %) as compared to
the reference mesocosm. When expressed as hepatic ratio retinol:retinyl palmitate, the ratio in
flounder from mesocosm 3 was more decreased then in mesocosm 2 as compared to the
reference mesocosm (84.0 % and 63.0 % respectively).
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Figure 7.2. Typical HPLC chromatograms for {A} a standard solution containing retinol (R) and retinyl

acetate (RA) used in plasma retinoid analysis, (B) flounder plasma extract, {C) a standard solution containing
retinol (R), retinyl acetate (RA), and retinyl palmitate (RP) used in hepatic retinoid analysis, and (D} flounder
liver extract. BHT = 2,6-di-fer-butyl-4-methyiphenol.

CYPIA protein levels and hepatic EROD activity in flounder from the three
mesocosms are given in Table 2. A significant induction in hepatic EROD activity as compared
to the reference mesocosm was observed in flounder from the directly contaminated mesocosm
3. In addition, the EROD activity in the flounder from mesocosm 3 was significantly higher
than in flounder from the indirect polluted mesocosm 2. Hepatic CYPLA protein levels in
flounder from mesocosm 3 were significantly increased as compared to the reference
mesocosm 1.

In a number of studies, involvement of the cytochrome P450 enzyme system in the
metabolism of retinoids has been shown (Leo et al., 1984; Spear et al.,, 1988; Roberts et al.,
1991; Gilbert et al.,, 1995). To evaluate the possible invalvement of the hepatic cytochrome
P450 enzyme system in the reduction of plasma and hepatic retinoid levels in flounder, hepatic
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Table 7.1. Retinoid content in plasma and liver of flounder following 38 months of exposure to either
reference sediment (mesocosm 1), indirectly poliuted sediment {(mesocosm 2) or contaminated dredged spoil
from Roetterdam harbour (mesacosm 3),

Mesocosm plasma hepatic hepatic hepatic ratio
retinol retinol retinyl palmitate retinol/retinyl palmitate
{ng/ml plasma) {pg/g liver) (ng/g liver) {ratic*100)
1 687444 (27 248435 (14 2584+22.1 (14) 100+£23 (14
2 424+36° (37 57112% (19) 145.6 £ 15.1* (19 37108 (19)
3 476+3.8% (21) 4708 (14) 288.9+37.0 (14) 1.6£02° (14

Number of animals in parentheses. Data are expressed as mean £ S.E..
2 significant different from mesocosm 1, p<0.01.
b significant differant from mesocosm 1, p<0.001.

Table 7.2. CYP1A indices measured in livers of flounder {Platichthys fesus), following 36 months
of exposure to either reference sediment (mesocosm 1), indirectly polluted sediment (mesccosm 2) or
contaminated dredged spoil from Rotterdam harbour {mesocasm 3).

EROD activity CYPILA protein
Mesecosm
(pmol/min/mg protein) {abs. 405 nm)
1 57+10 (1% 0.057+£0.011 (15}
2 58+£18 (1D 0.054 £ 0010 (3)
3 166 £ 26** (14) 0.105£0.016* (15)

Number of animals in parentheses. Data are expressed as mean + S.E..
8. significant different from mesocosm 1, p<0.05.

b significant different from mesocosm 2, p<0.05,

mixed function oxidase data and plasma and hepatic retinoid data were correlated. Only data
were used from flounder in which both retinoid and mixed function oxidase parameters were
analysed. No significant association between EROD activity and plasma or hepatic retinoid
levels was found (data not shown). However, a significant negative non-linear association was
found between hepatic CYP1A levels and hepatic retinol concentrations (Fig. 3).

In Table 3, data on mean concentrations of organic pollutants and heavy metals in
sediment and flounder tissues from each mesocosm are given. A clear gradient of organic
pollutants and heavy metals was observed throughout the three mesocosms with lowest levels in
the reference mesocosm and highest in the directly polluted mesocosm. This gradient was
reflected in CB-153 concentrations in flounder liver, CB-153, CB-77, CB-126, CB-105 and
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Figure 7.3. Negative correlation between hepatic microsomal CYP1A content and hepatic retinol
concentrations in flounder (Platichihys flesus), chronically exposed for three years to either relatively clean
sandy sediment from the Dutch Wadden Sea or contaminated dredged spoil from Rotterdam harbour.
Calculations were carried out using the software package SlideWrite Plus, Version 5.00 {Advanced Graphics
Software, Inc., Carlsbad, CA, USA) according to the following equation: y=ag+as-pow(x, az), where ap = -1.99,
a1 =0.42, and az = +1.19. F-statistics = 12.16 and r* = 0.89.

CB-118 concentrations in flounder spawn and 1-OH pyrene concentrations in flounder bile
(Table 3). Although a gradient for heavy metals was observed across the mesocosm sediments,
no gradient was apparent for Cd, Hg, Pb and Zn in flounder livers.
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Table 7.3. Concentrations of various pollutants in sediments and flounder liver and spawn,
foliowing 36 months of exposure to either reference sediment {mesocosm 1), indirectly polluted sediment
(mesocosm 2) or contaminated dredged spoil from Rotterdam harbour (mesocosm 3).

Pollutant Units Mesocosm 1 Mesocosm 2 Mesocosm 3
CB-153

Sediment < 63 um ugkg! OC 587 (M 242176 (D 957+125 (3)
Flounder liver pgke™! lipid 654 £491 (5) 1853 £ 1150 (5) 3394 £ 1612 (5)
Flounder spawn pg.kg" wow. 6.1 (1) 27 N 53 (1)
CB-77

Fiounder Spawn ngkg! lipid 98 (n 400 n 745 {1
CB-126

Flounder spawn ng.kg™! lipid 15 nH 50 ) 47 (1)
CB-105

Flounder spawn peke ! wow 1.0 (N 3.0 0 5.6 (0
CRB-118

Flounder spawn pa ke wow. 24 nH 11 (1) 19 (1}
2 3PAH

Sediment < 63 um mgkeg' OC 631811583 (7) 125531596 (7) 27665 + 2452 (5)
1-OH pyrene

Flounder bile ng.ml”! 12851  (52) 734 £227 (50) 2400 £ 236 (36)
Cd

Sediment < 63 pm mgkg! d.w, 082+0.15 (3) 3204050 (5) 850+ 1.50 (5)
Flounder liver mg.kg! d.w. 0.12£0.09 (3) 0.15+0.06 (3) 0.14+010 (3
Hg

Sediment < 63 um mgkg! dow. 04112006 (7) 1.00£020 (7) 240 £ 0.40 (4)
Flounder liver mgkg! d.w. 0411029 (3) 038009 4) 0.26 £0.19 (4)
Pb

Sediment < 63 ym mgkg! dw. g4+10 (D 12413 (D 175£10.0 (4)
Flounder liver mgkg' dw, <2 3) <2 ') <2 k)]
Zn

Sediment < 63 um mgkg! dow. 268131 (M 45543 (D 680+47 (4
Flounder liver mgkg! dw. 147248 (3 167+57 (3) 118219 (3)

Data from Vethaak et al. (1996) and de Boer et al (1993). © 3 PAH: Sum of three PAHs
benzo[b]fluoranthene, benzo[k]fluoranthene, and benzo[a]pyrene.

Discussion

The results presented in this paper clearly indicates that plasma and hepatic retinoid
levels in flounder exposed for three years to chemically contaminated dredge spoil are
dramatically reduced. Across the three mesecosms an upward gradient in sediment PHAH and
PAH was observed with increasing level of pollution, The increased pollution level was
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reflected in internal levels of PHAHs and PAHs in flounder liver, spawn and bile. A gradient
for heavy metals was also apparent in the sediment, however, this did not result in increased
flounder liver concentrations (Table 3}. These exposure data suggest that PHAHs and PAHS,
rather than heavy metals may play a role in the observed reductions in plasma and liver retinoid
levels. In the present study a non-linear association between liver retinol concentrations and
hepatic cytochrome P4501A levels was observed, which underscores potential involvement of
CYP1A inducing compounds, like PHAHs in the reduction of retinoid levels.

In mammals retinoid depleting effects of PHAHs or PAHs are well documented.
{Brouwer and van den Berg, 1984; Leo et al, 1984a; Thunberg ct al, 1984; Brouwer, 1987;
Brouwer et al, 1989a; Hakéansson et al., 1991). In fish, data on retinoid changes as a result of
PHAH exposure are limited. Short-time exposure of flounder to either the commercial PCB
mixture Clophen A50 or 2,3,7,8-tetrachlorodibenzo-p-dioxin {(TCDD) had only minor effects
on retinoid levels which were not dose-related (Besselink et al., 1996, 1997). In contrast,
retinoid reducing effects in tissue of lake char (Salvelinus namaycusk) were reported by Palace
and Brown (1994) eight weeks after a single oral administration of the coplanar 3,3°,4,4°,5-
pentachlorobiphenyl. The duration of the exposure may possibly be of influence in the apparent
differences in retinoid responses of fish towards PHAH exposure.

In the present study no alterations in liver retinyl palmitate concentrations were found
between heavy polluted and control sediments, except in the indirectly contaminated
mesocosm, where a decrease was observed. It should be noted however that in this subset of
flounder, there were three individuals with extremely low hepatic retinyl palmitate levels. In
addition, it can not be ruled out that differences in food availability and sediment structure
among the different mesocosms may have attributed to the observed differences in hepatic
retinyl palmitate levels (Vethaak et al, 1996). Most commonly, exposure of mammals to
TCDD-like compounds results in a loss of liver retineid stores (Brouwer et al., 1989a; Mercier
et al, 1990). In fish, data on effect of PHAHs on hepatic retinyl palmitate levels are
contradictory. While decreased liver retinyt palmitate levels were reported by Palace and
Brown (1994) in lake char upon exposure to 3,3°,4,4°,5-pentachlorobiphenyl and by Spear et al.
{1992) in white sucker from a contaminated area, no such changes were found by Gilbert et al.
(1995) in rainbow trout after administration of 3,3,’,4,4’-tetrachlorobiphenyl. This might
suggest that the regulation of retinoid homeostasis and the effect of environmental pollutants
like PHAHSs on retinoid metabolism in fish and mammals are different.

In mammals, retinoid disturbing effects of PHAHSs are reported to be a result of either
interference of hydroxy-PCB metabolites with the plasma transport of retinol by transthyretin
(Brouwer and van den Berg, 1984; Lans et al., 1993), or modulation of retinoid metabolising
enzymes (Zile, 1992). In fish, interference of the plasma retinol transport is not likely to cccur
since transthyretin is not invelved in plasma retinol transport (Shidoji and Mute, 1977; Bemi et
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al., 1992; Zapponi et al., 1992). With respect to the modulation of retinoid metabolising enzymes,
it is known from mammalian studies that in vitro retinoid metabolism is increased by PHAH-
inducible cytochrome P450 and UDP-glucuronyl transferase (Leo et al., 1984b; Spear et al,, 1988;
Bank et al., 1989; Roberts et al, 1991). In rainbow trout, enhanced in vitro 4-hydroxylation of
retinoic acid was observed in the presence of NADPH, suggesting cytochrome P450 involvement
{Gilbert et al., 1995). Here, a non linear association between hepatic retinol concentrations and
hepatic CYP1A protein levels was observed, indicating that enhanced hepatic retinoid depletion is
accompanied with increasing CYP1A induction. These observations suggest that the observed
alterations in retinoid homeostasis may be a result of induced retinoid metabolism.

More evidence for modulation of retinoid metabolising enzymes by PHAHs rather than
interference of hydroxy-PCB metabolites with the plasma transport of retinol as cause for
retinoid alterations in flounder, comes from the present observation that the hepatic ratio
retinol:retiny] palmitate, a measure for the mobilisation rate of retinol from hepatic retinoid stores,
is decreased in flounder caught from the indirect as well as the direct contaminated mesocosm.
This indicates reduced mobilisation of hepatic retinoid esters, most probably as a result of
increased hepatic retinol metabolism. Nevertheless, modulation of enzymes controlling hepatic
retinoid storage (e.g. retinyl ester hydrolase) by PHAHs can not be ruled out. Mercier et al. (1990)
and Chen et al. (1992) reported decreases in activity of retinyl ester hydrolase activity upon
exposure to PHAHs in mammals.

In conclusion, the present study clearly demonstrates that prolonged exposure of
flounder to chemically contaminated sediment results in decreased plasma and liver retinol
levels with no overall effect on hepatic retinyl palmitate levels. From mammalian studies it is
known that retinoids modulate the cell-mediated immunity (Sidell et al., 1984) and play a major
role in the regulation of normal growth and differentiation of epithelia (Chopra, 1983). In
addition, retinoids suppress the process of carcinogenesis i vivo (Sporn and Roberts, 1983).
Modulation of the vitamin A homeostasis in flounder by xenobiotics, e.g. PHAHs, may lead to
the development of marginal vitamin A deficiency. This in turn may attribute to the high
incidences of skin disorders and liver tumours observed in flounder from contaminated
estuaries and coastal areas. Although not conclusive, the observed non-linear association
between liver retinol concentrations and hepatic cytochrome P4301A levels may suggest a
possible involvement of Ah-receptor mediated PHAH inducible biotransformation enzymes.
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Chapter 8
Summary and concluding remarks

The research presented in this thesis focused on the mechanistic aspects of the toxic and
biochemical effects of PCBs in flounder (Platichthys flesus), with the aim to provide a
scientific basis for the suggested involvement of PCBs in the aetiology of diseases observed in
flounder. Therefore, the first goal was to study the biochemical effects of PCBs in flounder by
investigating the inducibility of cytochrome P4501A and associated EROD activity and
ghitathione-S-transferase activity upon administration to PCBs and TCDD in vive. Secondly,
the mechanism of action of PCBs in flounder was investigated by identifying the hepatic
microsomal Ah receptor pathway. In addition, the potency of individual PCB congeners and a
commercial PCB mixture to specifically inhibit the catalytic CYP1A activity was studied using
in vitro techniques. Finally, the endocrine disrupting effect of PCBs was studied by analysing
the retinoid and thyroid hormone levels in flounder after acute and chronic exposure to either a
commercial PCB mixture or contaminated harbour sludge.

Summary of results

Short-time exposure of flounder to the technical PCB mixture Clophen A50 showed minor
effects on total hepatic cytochrome P450 concentrations and only a relatively slight induction in
EROD activity, indicating that flounder is not very sensitive towards i.p. and oral administration of
Clophen AS0 (chapter 3 and 5). The most potent PCB congener (CB-126), in terms of
mammalian derived TCDD toxic equivalents (TEQ), was found to be more potent as inducer of
CYPIA protein and activity in flounder, but not to the extend as was expected based on TCDD
TEQs (chapter 5). On the other hand, high induction of the hepatic microsomal CYP1A content
and associated EROD activity were observed in flounder orally exposed to TCDD (chapter 4).
Interestingly, TCDD induced EROD activity in flounder could be inhibited by co-treatment with
Clophen A50. In contrast, administration of flounder with a combination of TCDD and CB-126
resulted in an additive effect on EROD activity (chapter 5). With respect to induction of hepatic
CYPI)A protein content, administration of combinations of both Clophen AS0 and CB-126 with
TCDD resulted in an additive effect compared to exposure of flounder to the individual
compounds. These results indicated a direct inhibition of CYP1A catalytic activity by residual
PCBs present in the microsomal suspension, rather than inhibition of transcription of the CYP1A
gene or translation of CYP1A mRNA. Evidence for direct inhibition of EROD activity by
individual PCB congeners and the technical PCB mixture Clophen A50 is presented in chapter 6.



Summary and concluding remarks

The relative sensitivity of flounder towards TCDD exposure was established by comparing the
flounder computed no effect level (CNEL) for EROD activity to lowest observed adverse effect
levels (LOAELSs) from other fish species and the rat (chapter 4). The rat was clearly more
sensitive towards TCDD exposure, but other fish species, such as carp and rainbow trout, were
only slightly more sensitive than flounder.

A number of biotransformation enzymes other then CYPIA are also found or
suggested to be modulated by the Ah receptor signal transduction pathway. Among them are
certain forms of the phase II enzyme system such as glutathione-S-transferase (GST). In
contrast to some other fish species and mammals, hepatic cytosolic GST activity in flounder
was not altered upon expesure to TCDD (chapter 4). Morcover, no effect on GST activity was
observed in flounder after Clophen AS0 exposure, whereas a slight inhibition was observed
upon CB-126 administration (chapter 5). In contrast, a strong inhibition of GST activity was
observed when flounder were treated with combinations of TCDD and either CB-126 or
Clophen A50 (chapter 5). An explanation for these observations was not found, but it was
suggetsed that GST substrate inhibition by PCB-metabolite residues could have occurred.

To better understand the contradiction in induction pattern of the flounder CYPIA
enzyme system towards exposure to either PCBs or TCDD, the hepatic Ah receptor pathway in
flounder was characterised (chapter 6). In addition, the potency of a number of PCB congeners
and Clophen AS50 to inhibit the CYPIA catalytic activity in vitro was studied. In chapter 6,
evidence for the presence of low levels of Ah receptor (1-7 fimol/mg protein) in flounder
hepatic cytosol was presented using protamine sulphate and hydroxylapatite analysis and
velocity sedimentation on sucrose gradient. The level of Ah receptor in flounder was similar to
levels of receptor reported in some other fish species, but much lower than Ah receptor levels
reported in mammals. Additional evidence for the presence of the cytosolic Ah receptor in
flounder liver was provided by first-strand ¢cDNA synthesis and subsequent amplification of
flounder poly A+ RNA using RT-PCR. The specificity of the 690 bp RT-PCR reaction product
was established by southern blotting and hybridisation. Subsequent sequencing of the RT-PCR
product showed that its deduced amino acid sequence was 75% identical to the kiliifish species
Fundulus heteroclitus AhR-2 sequence and 61% identical to the Fundulus AhR-1 sequence,
which is more similar to mammalian AhRs. Binding of the liganded Ah receptor to the DRE
using a complementary pair of synthetic oligonucleotides, corresponding to wild type Ah
receptor site of DRE3, could be demonstrated using rat and guinea pig derived cytosol. In
contrast, DRE binding of liganded Ah receptor could not be demonstrated using flounder
cytosol, These data show that the hepatic AhR pathway is only marginally present in flounder.
But since a good induction of CYP1A was observed in flounder exposed to TCDD, the
flounder AhR pathway is functional and the apparent low responsiveness of flounder CYP1A
towards PCB exposure can not be attributed to a non-functional Ah receptor pathway.
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A more plausible explanation for the low CYP1A inducibility upon PCB exposure in
flounder is direct inhibition of CYPIA catalytic activity by residual PCBs present in the
microsomal suspension. Evidence for substrate inhibition by PCB congeners was provided in
chapter 6. All of the PCB congeners tesied, as well as Clophen AS0, were capable of in vitro
inhibition of the flounder CYP1A catalytic activity in a competitive way. The competitive
inhibition of CYPIA activity by PCBs occurred at similar PCB concentrations in flounder as in
rat. CB-126 was found to be the most potent inhibitor of EROD activity whereas CB-153 was least
potent. The inhibition constants (K;) of the tested PCBs were close to the Michaelis constant (K,)
for ethoxyresorufin. These studies also suggested a higher catabolic efficiency of the flounder
CYPIA enzyme system towards ethoxyresorufin as compared to the rat CYP1A system.

Short-term exposure of flounder towards TCDD did not result in either retinoid or
thyroid alterations {chapter 4). In contrast alterations in retinoid and thyroid hormone evels were
observed in flounder exposed to Clophen A50. But such changes were not dependent on the dose
of PCB administered {(chapter 3). These results would suggest that PCBs are less endocrine
disrupting in flounder as they are in mammals. However, it a chronic exposure experiment in
which flounder were exposed to contaminated harbour sludge for three years, retinol levels in both
plasma and liver were reduced (chapter 7). In addition, a negative correlation between hepatic
retinol concentrations and CYPIA protein levels was observed, indicating involvernent of PHAH
inducible enzymes.

Conclusions

From these studies, the following main conclusions can be drawn:

1. The commercial PCB mixture Clophen AS50 only cause minor effects on hepatic microsomal
CYPIA protein levels and associated EROD activity in flounder, even at Clophen AS50
concentrations as high as 500 mg/kg body weight. This low responsiveness towards
Clophen AS0 exposure is observed despite a functional hepatic Ah receptor pathway in
tlounder.

2. The commercial PCB mixture Clophen A350 inhibit the TCDD induced CYPI1A activity.
This finding can, at least to some extend, be atiributed to competitive inhibition of the
CYP1A activity by residual PCB congeners present in the reaction mixture.

3. In contrast to rodents, short-term exposure of flounder towards PCBs or TCDD does not
induce meaningful retinoid and thyroid hormone disrupting effects.

4. Long-term exposure of flounder towards contaminated harbour sludge causes a marked
decline of plasma and hepatic retinoid levels.

5. Exposure up to 3 weeks to PCBs and TCDD does not induce any gross pathological effects
in flounder, even at high doses of PHAHs administered.
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Comparing the present results with the outcome of studies on mammals and a range of other
fish species, the conclusion can be drawn that flounder is relatively insensitive to PCB exposure
regarding the parameters studied. Hence this study does not provide evidence for the
involvement of PCBs in the development of the lesions observed in flounder from Duich
coastal and estarine areas.

One may speculate about the nature of other factors involved in the diseases
concerned, like pollutants other than PCBs. PAHs for example, are known to bind covalently to
DNA after metabolisation, thus possibly initiating carcinogenesis. One may also assume that
synergistic actions may occur between certain pollutants. However, the present studies showed
that both individual PCB congeners and complex mixtures of PCBs are competitive inhibitors
of EROD activity in vitro. If such effects also occur in the wild, PCBs may even antagonise the
toxic potential of other pollutants. For instance, inhibition of CYP1A activity by residual PCB
congeners might result in reduced formation of reactive PAH metabolites and thus reducing the
risk for covalent DNA binding and tumour formation. Hence, this would also decrease the
likelihood that PAH initiate carcinogenesis, Furthermore, non-chemical background stressors
may also be involved, such as physical disturbance and pathogenic micro-organisms in the case
of infectious diseases.

A remark should be made about the usefulness of EROD activity as biomarker for
monitoring exposure of fish to environmental pollutants such as PHAHs and PAHs. As a spin-
off of the observed competitive inhibition of EROD activity by PCBs, one should reconsider
the value of EROD activity as biomarker. On the other hand, induction CYP1A protein levels
is not inhibited by PCBs. Therefore, CYP1A protein levels might be a better biomarker than
EROD activity for exposure assessment of fish to aromatic compounds.

Finally, in view of the recent developments in science, more emphasis should be put
on developing appropriate tools to study the role of environmental pollutants, such as PCBs or
related compounds in carcinogenesis. For example, the RAS gene sequence has been identified
in flounder (see appendix). Whereas in humans expression of the oncogen is characteristic for a
number of tumors, this relation has yet to be elucidated in fish. Nevertheless, the study of
alterations in the expression of onco- and suppressor genes might be a useful approach in
further studies.

100




References

Addison, R.F,, Willis, D.E, and Zinck, M.E., 1994. Liver microsomal mono-oxygenase induction in winter flounder
(Pseudopleuronecies americanus) from a gradient of sediment PAH concentrations at Sydney Harbour, Nova Scotia.
Mar. Environ. Res., 37:283-296.

Ahlborg, U.G., Brouwer, A., Fingerhut, M.A., Jacobson, J.L., Jacobson, S.W., Kennedy, S.W., Kettrup, A.AF,,
Koeman, J.H., Poiger, H., Rappe, C., Safe,S.H., Seegal, R.F., Tuomisto, J. and van den Berg, M., 1952. Impact of
polychlorinated dibenzo-p-dioxins, dibenzofurans, and biphenyls on human and environmental health, with special
emphasis on application of the toxic equivalency factor concept. Eur. J. Pharmacol. - Environ. Toxicol. Pharmacol.,
228:179-199.

Allen, J.R,, Carstens, L.A. and Barsotti, D.A. 1974, Residual effects of short-term, low-level exposure of non-
human primates to polychlorinated biphenyls. Toxicol. Appi. Pharmacol., 30:440-451.

Allen. J.R., Barsotti, D.A,, Lambrecht, LK. and van Miller, I.P., 1979. Reproductive effects of halogenated
aromatic hydrocarbons on nonhuman primates. Ann. N.¥Y. Acad. Sci., 330:419-425.

Andersson, T., Pesonen, M. and Johansson, C., 1985 Differeatial induction of cytochrome P-450-dependent
monooxygenase, epoxide tiydrolase, glutathione transferase and UDP glucuronosyl transferase activities in the liver of the
rainbow trout by B-napthtoflavone or clophen AS0. Biochem. Pharmacol. 34:3309-3314.

Arkoosk, M.R., Clemons, E., Myers, M. and Casillas, E. (1994). Suppression of B-cell mediated immunity in
juvenile chinook salmon {Oncorhynchus tshawytscha) after exposure to either a polycyclic aromatic hydrocarbon or to
polychlorinated biphenyls. immunopharmacol, immunotoxicol., 16:293-314.

Babin, P.J. 1992. Binding of thyroxine and 3,5,3 -triicdothyronine to trout plasma lipoproteins. Am. J. Physiol. 262:712-
720.

Ballschmiter, K., Bacher, R., Mennel, A., Fischer, R., Richle, U. and Swerev, M., 1992. The determination of
chlorinated biphenyls, chlorinated dibenzodioxins and chlorinated dibenzofurans by GC-MS. J. High. Resolut.
Chromatogr., 15:260-270.

Bank, P.A., Salyers, K.L. and Zile, M.H., 1989. Effect of tetrachiorodibenzo-p-dioxin (TCDD) on the glucuronidation of
retinoic acid in the rat. Biochim. Biophys. Acta., 993:1-6.

Bank, P.A., Yao, E.F., Phelps, C.L., Harper, P.A. and Denison, M.S., 1992. Species-specific binding of
transformed Ah receptor to a dioxin responsive transcriptional enhancer. Ewr. J. Pharmacol.-Environm. Toxicel.
Pharmacol Section., 228:85-94.

Bannister, R., Davis, D., Zacharewski, T., Tizard, I. and Safe, 8., 1987. Aroclor 1254 as a 2,3,7.8-tetrachlorodibenzo-p-
dioxin antagonist: effects on enzyme induction and immunotoxicity. Toxicology, 46:29-42.



References

Bannister, R, and Safe, R., 1987. Synergistic interactions of 2,3,7,8-TCDD and 2,2’ 4,4°,5,5 -hexachlorcbiphenyl in
C37BL/6] and DBA/2j mice: role of the Ah receptor. Toxicology, 44:159-169.

Baumann, M., Demi, E., Schiiffer, E. and Greim, H., 1983, Effects of polychiorinated biphenyls at low dose levels
in rats. Arch. Environ. Contam. Toxicol., 12:509.

Berndtson, A.K. and Chen, T.T., 1994. Two unique CYPIA genes are expressed in response to 3-
methylcholanthrene treatment in rainbow trout, Arch. Biochem. Bigphys., 310:187-195.

Bernhoft, A., H. Hektoen, J.U. Skaare and K. Ingebrigtsen. 1994. Tissue distribution and effects on hepatic xenobiotics
metabolising enzymes of 2,3,3'4.4'-pentachlorobiphenyl (PCB-105) in cod (Gadus morhua) and rainbow trout
{Oncorkynchus). Environ, Pollut, 85.351-359.

Berni, R., Stoppini, M. and Zapponi, M.C., 1992. The piscine plasma retinol-binding protein: purification, partial amino
acid sequence and interaction with mammalian transthyretin of rainbow trout {Oncorkynchus mykiss) retinol-binding
protein. Eur. J. Biochem. 204:99-106.

Besselink, H.T., Beusekom, S. van, Roex, R., Vethaak, A.D., Koeman, J.H. and Brouwer, A., 1996. Low hepatic 7-
ethoxyresorufin-O-deethylase (EROD) activity and minor alterations in retinoid and thyroid hormone levels in flounder
(Platichthys flesus) exposed to the polychlorinated biphenyl (PCB) mixture, Clophen ASQ. Environ. Pollut. 92:267-274.

Besselink, H.T., Hahn, M.E., Stegeman, J.F, Vethaak, A.D., Koeman, J.H. and Brouwer, A., 1997a. Inhibitory
effects of polychlorinated biphenyls (PCBs) on 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) induced cytechrome
P4501A and glutathion-S-transferase activity in flounder (Plarichthys flesus), Environ. Toxicol Pharmacol.,
submitted

Besselink, ILT., van Santen, E., Vorstman, W., Vethaak, A.D., Keeman, J.H. and Brouwer, A., 1997b. High
induction of cytochrome P4501A activity without changes in retinoid and thyreid hormone levels in flounder (Platichtfys
Slesus) exposed to 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDDY). Environ. Toxicol. Chem., 16:816-823.

Besselink, ILT., Flipsen, E.M.T.E., Eggens, M.L., Vethaak, A.D., Koeman, J.H. and Brouwer, A., 1997c. Alterations
in plasma and hepatic retinoid levels in flounder (Platichthys flesus) after chronic exposure to contaminated harbour sludge
in a mesocosm study. Aguat. Toxicol. In press.

Besselink, H.T., Denison, M.S., Hahn, M.E., Vethaak, A.D., Koeman, J.H. and Brouwer, A., 1997d. Low inducubility
of CYPIA activity by polychlorinated biphenyls (PCBs} in flounder {Platichthys flesus). characterisation of the Ah
receptor and the role of CYP1 A inhibition. Fund. Appl. Toxicol., submitted.

Boon, J.P., Everaarts, J.M., Hillebrand, M.T.J., Eggens, M.L., Pijnenburg, J. and Gokseyr, A., 1992, Changes in
levels of hepatic biotransformation enzymes and haemoglobin levels in female plaice (Pleuronectes piatessa) after oral
administration of a technical polychlorinated biphenyl mixture (Clophen A40). Sci. Total Environ., 114:113-133.

Brouwer, A. and van den Berg, K.J., 1984, Early and differential decrease in natural retinoid levels in C57BL/Rij and
DBA/2 mice by 3,4,3' 4'-tetrachlorobiphenyl. Toxicol. Appl. Pharmacol., 73:204-209.

104




References

Brouwer, A. and van den Berg, K.J., 1986. Binding of a metabolite of 3,4,3° 4°-tetrachlorobiphenyl to thransthyretin
reduces serum vitamin A transport by inhibiting the formation of the protein complex carrying both retinol and
thyroxin. Toxicol. Appl. Pharmacol. 85:301-312,

Brouwer, A., 1987. Interference of 3,4,3'4'-tetrachlorobiphenyl in vitamin A (retinoids) metabolism. Ph.D. Thesis,
University of Leiden, Leiden, The Nethertands.

Brouwer, A., 1989. Inhibition of thyroid hormone transport in plasma of rats by polychlorinated biphenyls. Arch. Toxicol,
Stuppl. 13:440-445.

Brouwer, A., Hikansson, H., Kukler, A., van den Berg, K. and Ahlborg, U.G., 19892, Marked aiterations in retinoid
homeostasis of Sprague-Dawley rats induced by a single i.p. dese of 10 pg/kg of 2,3,7,8-tetrachlorodibenzo-p-dioxin.
Toxicology, 58:267-283.

Brouwer, A., Reijnders, P.J.H. and Koeman, J.H., 1989b. Polychlorinated bipheny! (PCB)-contaminated fish
induces vitamin A and thyroid hormone deficiency in the common seal {Phoca vitulina). Aquat. Toxicol., 15:99-106.

Brouwer, A., Marse, D.C,, Lans, M.C., Schuur, G., Murk, A.J., Klasson-Wehler, E., Bergman, A. and Visser,
T.)., 1997. Interactions of persistent environmental organchalogens with the thyroid hormone system: mechanisms
and possible conswquences for animals and human health. J. Toxicol. Industr. Health, submitted.

Bucheli, F.D. and Kent, K., 1995, Induction of ¢ytochrome P450 as a biomarker for environmental contamination in
aquatic ecosystems. Crir. Rev. Environ. Sci. Technol, 25:201-268.

Celander, M., Niif, C., Broman, D. and Forlin, L., 1994, Temporal aspects of induction of hepatic cytochrome P4501A
and conjugating enzymes in the viviparous blenny (Zoarces viviparus) treated with petroleum hydrocarbons. 4dquat.
toxicol., 29:183-196.

Celander, M. and Forlin, L., 1995. Decreased responsiveness of the hepatic cytochrome P450 1Al system in rainbow
trout (Oncorhynchus mykiss) after prolonged exposure to PCB. Aguat. Toxicol,, 33:141-153.

Chen, L-C,, Berberian, L., Koch, B,, Mercier, M., Azais-Braesco, V., Glauert, H.P., Chow, C.K. and Robertson,
L.W,, 1992. Polychlorinated and polybrominated congeners and retinoid levels in rat tissues: structure-activity
relationships. Toxicol. Appl. Pharmacol., 114:47-55.

Chomezynski, P, and Sacchi, N., 1987. Single-step method of RNA isolation by acid guanidinium thiocyanate-
phenol-chloroform extraction. dral. Biochem., 162:156-159.

Chopra, D.P,, 1983. Cell dynamics in explants derived from tracheas of hamsters fed normat and vitamin D deficient
diets. Cel! Tissue Kinet,, 16:155-166.

Cleland, G.B., McElroy, P.J. and Sonstegard, R.A., 1988, The effect of dictary exposure to Aroclor 1254 and/or
mirex on humoral immune expression of rainbow trout *Salmo gairdneri), 4quat. Toxicol., 2:141-146,

Colborn, T., vom Saal, F.S. and Soto, A.M. 1993. Developmental effects of endocrine-disrupting chemicals in
wildlife and humans. Environ. Health Persp., 101:378-384.

105




References

de Boer J., Stronck, C.J.N,, Traag, W.A. and van der Meer, J., 1993, Non-ortho and mono-ortho substituted
chlorobiphenyls and chlorinated dibenzo-p-dioxins and dibenzofurans in marine and freshwater fish and shellfish from
the Netherlands. Chemosphere, 26:1823-1842.

de Boer, J. 1995, Analysis and biomonitoring of complex mixtures of persistent halogenated micro-contaminants,
Ph.D, Thesis, Vrije Universiteit Amsterdam, Amsterdam, The Netherlands.

Denison, M.S., Fine, J. and Wilkinson, C.F., 1984. Protamine sulphate precipitation: a new assay for the Ah
receptor. Anal, Biochem., 142:28-36.

Denison, M.S,, L.M. Vella and A.B. Okey. 1986a. Structure and function of the Ah receptor for 2,3,7 8-
tetrachlorodibenzo-p-dioxin: species differences in molecular properties of the receptor from mouse and rat hepatic
cytosol. J. Biol. Chem., 261:3987-3987

Denison, M.S., Wilkinson, C.F. and Okey, A.B., 1986b. Ah receptor for 2,3,7.8-tetrachlorodibenzo-p-dioxin:
comparative studies in mammalian and nonmammalian species. Chemosphere, 15:1665-1672.

Denison, M.S., Fisher, J.M. and Whitlock, J.P. Jr., 1988a. The DNA recognition site for the dioxin-Ah receptor
complex: nucleotide sequence and functional analysis. J. Biol, Chem., 263:17221-17224,

Denison, M.S., Fisher, J.M. and Whitloek, J.P. Jr., 1988b. Inducible, receptor-dependent protein-DNA interactions
at a dioxin-responsive transcriptional enhancer. Proc. Natl. Acad. Sci., 85:2528-2532.

Denison, M.S. and Yao, EF.,, 1991, Characterization of the interaction of transformed rat hepatic cytosolic Ah
receptor with a dioxin responsive transcriptional enhancer. Arch. Biochem. Biophys., 284:158-166.

Denison, M.S., Phelps, C.L., DeHoog, 1., Kim, H.J., Bank, P.A,, Harper, P.A. and Yao, E.F., [99]. Species
variation in Ah receptor transformation and DNA binding. In: Biological basis of risk assessment of dioxins and
related compounds (Gallo, M.A., Scheuplein, R.J. and van der Heijden, K.A., eds.), Banbury Report No. 35, pp. 337-
350, Cold Spring Harbor Laboratory, Cold Spring Harbor Press, NY.

Denomme, M.A., Leece, B., Li, A., Towner, R and Safe, 8, 1986. Elevation of 2,3,7,8-tetrachlorodibenzo-p-dioxin
(TCDD) polychlorinated biphenyls: structure-activity relationship. Biochem. Pharmacol,, 35:277-282.

Dethlefsen, V., Watermann, B and Hoppenheit, M., 1987. Diseases of North Sca dab (Limanda limanda L.) in
relation to biological and chemical parameters. Arch. Fish Wiss., 37:107-237.

DeVito, M.J. and Birnbaum, LS., 1994, Toxicology of dioxins and related chemicals. In: Dioxins and health,
Schecter, A. (ed.), Plenum Press, New York, USA, pp. 139-162.

Eadon, G., Kaminsky, L., Silkworth, J., Aldous, K., Hilker, D., O’Keefe, P., Smith, R., Gierthy, J., Hawley, .,
KimN. and DeCarpio, A., 1986. Calculation of 2,3,7,8-TCDD equivalent concentrations of complex environmental
contaminant mixtures. Envircn. Health. Perspect., 70:221-227.

Eggens, M.L. and Galgani, F., 1992. Ethoxyresorufin-O-deethylase (EROD) activity in flatfish: fast determination
with a fluorescence plate-reader. Mar. Environ. Res., 33:213-221.




References

Eggens, M., Bergman, A., Vethaak, D., van der Weiden, M., Celander, M. and Boon, J.P., 1995. Cytochrome P4501A
indices as biomarkers of contaminant exposure: results of a field study with plaice, Pleuronectus platessa and flounder,
Platichthys flesus, from the south North Sea. Aguat. Toxicol,, 32:211-225,

Eggens, ML.L., 1996. Cytochrome P4501A induction in North Sea flatfish as biomarker of exposure to dioxin-type
compounds. Ph.D. thesis, University of Utrecht, Utrecht, The Netherlands.

Eggens, M.L., Vethaak, A.D., Leaver, M.J., Horbach, G .J.M.J., Boon, J.P. and Seinen, W, 1996, Differences in
CYPIA response between flounder (Platichthys flesus) and plaice (Pleuronectes platessa) afier long-term exposure to
harbour dredged spoil in a mesocosm study. Chemosphere, 32:1357-1380.

Elskus, A.A., Pruell, R. and Stegeman, J.J., 1992. Endogencusly-mediated, pretranslational suppression of
cytochrome P4501 A in PCB-contaminated flounder. Mar. Environnt. Res., 34:97-101.

Flodstrim, S., Busk, L., Kronevi, T, and Ahlborg, U.G,, 1991. Modulation of 2,3,7 8-tetrachlorodibenzo-p-dioxin
(TCDD) and phenobarbital-induced promotion of hepatocarcinogenesis in rats by the type of diet and vitamin A
deficiency, Fund. Appl. Toxicol, 16:375-391.

Folmar, L.C. and Dickhoff, W.W., 1980. The parr-smolt transformation (smoltification} and seawater adaptation in
salmonids. Aquacuiture, 21:1-37.

Freeman, H.C. and Idier, DLR., 1975, The effect of polychlorinated biphenyl on steroidogenesis and reproduction in
the brook trout (Salvelinus fontinalis). Can. J. Biochem., 3:666-670.

Gasiewicz, T.A. and Neal, R.A., 1979. 23,7 B-tetrachlorodibenzo-p-dioxin tissue distribution, excretion, and effects
on clinical chemical parameters in guinea pigs. Toxicol. Appl. Pharmacol., §1:329-339.

Gasiewicz, T.A. and Neal, R.A_, 1982, The examination and quantitation of tissue cytosolic receptors for 2,3,7 8-
tetrachlorodibenzo-p-dioxin using hydroxylapatite. Anal. Biochem., 124:1-11.

Gilbert, N.L., Cloutier, M-J, and Spear, P.A., 1995. Retinoic acid hydroxylation in rainbow trout (Oncorhynchus
mykiss) and the effect of a coplanar PCB, 3,3°,4,4"-tetrachlerobiphenyl. Aguat. Toxicol., 32:177-187.

Gilbertson, M., 1989. Effects on fish and wildlife populations., in: Kimbrough & Jensen feds,) Halogenated biphenyis,
terphenyls naphthalenes, dibenzodioxing and related products, Eisevier Science Publishers B.V., 103-127.

Goksoyr, A., Husay, A.-M., Larsen, HLE,, Klungseyr, J., Wilhelmsen, S., Maage, A., Brevik, E.M., Andersson, T.,
Celander, M., Pesonen, M, and Férlin, L., 1991, Environmental contaminants and biochemical responses in flatfish
from Hvaler Archipelago in Norway. Arch. Enviren. Contam. Toxicol., 21:486-496.

Goksayr, A. and Forlin, L., 1992 The cytochrome P450 system in fish, aquatic toxicology and environmental
monitoring. Aquat. Toxicol., 22:287-312.

Goksayr, A. 1995, Use of cytochrome p450 1A (CYP1A} in fish as a biomarker of aquatic pollution. In G H. Degen, J.P.
Seiler and P. Bentley, eds., Toxicology in Transition, Proceedings, 1994 EUROTOC congress, Basel, Switzerland, August
21-24, pp. 80-95.

107



References

Goldstein, J.A. and Safe, 8. 1989, Mechanism of action and structure-activity relationships for the chlorinated dibenzo-p-
dioxins and related compounds. [n R.D. Kimbrough snd A.A. Jensen, eds., Halogenated Biphenyls, Terphenyls,
Naphthalenes, Dibenzodioxins and Related Products, Elsevier Science Publishers B.V., Amsterdam, The Netherlands, pp.
239-293.

Gooch, J.W., Elskus, A.A., Kloepper-Sams, P.J., Hahn, MLE. and Stegeman, J.J.. 1989. Effects of ortho- and non-
orthp-substituted polychlorinated biphenyl congeners on the hepatic monooxygenase system in scup (Stemotomus
chrysops). Toxicol. Appl. Pharmacol, 98:422-433,

Habig, W.H., Pabst, M.J. and Jacoby, W.B., 1974. Glutathione-S-transferase. The first enzymatic step in mercapturic
acid formation. J. Biol. Chem., 249:7130-7139.

Hahn, MLE,, Lamb, T.M., Schultz, M.E,, Smolowitz, R.M. and Stegeman, J.J., 1993, Cytochrome P4501A induction
and inhibition by 3,3",4.4"-tetrachlorobipheny! in an Ah receptor-containing fish hepatoma cell line (PLHC-1). Aguat.
Toxicol, 26:185-208.

Hahn, M.E. and Stegeman, J.J., 1994, Regulation of cytochrome P4501A1 in teleost: sustained induction of CYP1A|
mRNA, protein, and catalytic activity by 2,3,7,8-tetrachlorodibenzofuran in the marine fish Stenotomus chrysops. Toxicol.
Appl. Pharmacol., 127:1-12.

Hahn, MLE., Poland, A., Glover, E. and Stegeman, J.J., 1994. Photoaffinity labeling of the Ah receptor: phylogenetic
survey of diverse veriebrate and invertebrate species. Arch. Biochem. Biophys., 310:218-228.

Hahn, ML.E. and Karchner, 8.1, 1995. Evolutionary conservation of the vertebrate Ah (dioxin) receptor:
amplification and sequencing of the PAS domain of a teleost Ah receptor cDNA. Biochem. J., 310:383-387.

Hahn, M.E., Woodward, B.L., Stegeman, J.J. and Kennedy, S.W,, 1996. Rapid assessment of induced cytochrome
P4501A protein and catalytic activity in fish hepatoma cells grown in multiwell plates: response to TCDD, TCDF, and two
planar PCBs. Environ. Toxicol. Chem., 15:582-591.

Hahn, MLE., Karchner, 8.1, Shapiro, M.A. and Perera, S.A., [997. Molecular evolution of two vertebrate aryl
hydrocarbon (dioxin) receptor (AhR1 and AhR2) and the PAS family. submitted for publication.

Hakinsson, H. and Ahlborg, U.G., 1985. The effect of 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) on the uptake,
distribution, and excretion of a single dose of [11,12-*H]retiny] acetate and on the vitamin A status in the rat. J. Nutr.,
115:759-771.

Hakdnsson, H., Johansson, L., Manzoor, E. and Ahlborg, U.G., 1991, Effects of 2,3,7,8-tetrachlorodibenzo-p-
dioxin (TCDD) on the vitamin A status of Hartly guinea pigs, Sprague-Dawley rats, C57B1/6 mice, DBA/2 mice, and
Golden Syrian hamsters. J. Nutr. Sci. Vitaminol., 37:99-120.

Hankinson, O., 1995. The aryl hydrocarbon receptor complex. 4n. Rev. Pharmacol. Toxicol., 35:307-340.

Heilmann, L.J., Sheen, Y.Y., Bigelow, S.W. and Nebert, D.W_, 1988. Trout CYP1A1l: cDNA and deduced protein
sequence, expression in liver, and evolutionary significance. DNA, 7:379-387.

108




References

Hektoen, H., Bernhoft, A., Ingebrigisen, K., Skaare, J.U. and Goksoyr, A., 1994, Response of hepatic xenobiotic
metabolizing enzymes in rainbow trout (Crcorkynchus mykiss) and cod {Gadus morhua) 1o 2,3,7 8-tetrachlorodibenzo-p-
dioxin (TCDD). Aguar. Toxicol., 28:97-106.

Hoffman, E.C., Reyes, H., Chu, F.-F., Sander, F., Conley, L.H., Brooks, B.A. and Hankinson, O., 1991, Cloning
of a factor required for activity of the Ah (dioxin} receptor. Science, 252:954-958.

Inui, Y., Tagawa, M., Miwa, S. and Hirano, T., 1989. Effects of bovine TSH on the tissue thyroxine level and
metamorphosis in prometamorphic flounder farvae. Gen, Comp. Endocrin, 74:406-410.

Ishida, C., Koga, N., Hanioka, N., Saeki, H.K. and Yoshimura, H,, 1991. Metabolism in vitro of 3,4,3'4"- and 2,5.2' 5'-
tetrachlorobiphenyl by rat liver microsomes and highly purified cytochreme P450. J. Pharmacobio-Dyn., 14:276-284,

Janssen, P.A.H., Lambert, J.G.D., Vethaak, A.D. and Goos, H.J.Th., 1997, Environmental pollution caused
clevated oestradiol and vitellogenine in the flounder, Platichthys flesus L. Aquar. Toxicol., in press.

Janz, D.M. and Metcalfe, C., 1991. Relative induction of aryl hydrocarbon hydroxylase by 2,3,7,8-tetrachlorodibenzo-p-
dioxin and two coplanar PCBs in the rainbow trout (Oncorfymchus mykiss). Environ. Toxicol, Chem., 10:917-923.

Jensen, RK., Cullum, M.E., Deyo, J. and Zile, M.H., 1987. Vitamin A metabolism in rats chronically treated with
3.3'4.4' 5 5-hexabromobiphenyl. Biochem. Biophys. Acia., 926:310-320.

Karchper, $.I. and Hahn, M.E,, 1996, A reverse transcription-polymerase chain reaction (RT-PCR) approach for
cloning Ah receptor from diverse vertebrate species: partial sequence of an Ah receptor from the teleost Fundulus
heteroclitus. Mar. Environ. Res., 42:13-17.

Kimbrough, R.D., 1974. The toxicity of polychlorinated polycyclic compounds and related compounds. Crit. Rev.
Toxicol., 2:445-489.

Kimbirough, R.D., Squire, R.A., Linder, R.E., Strandberg, J.D., Montali, R.J. and Burse, V.W. 1975, Induction
of liver tumors in Sherman strain female rats by polychlorinated biphenyl Arocler 1260. J. Natl. Cancer Inst.,
55:1453-1459.

Kimbrough, R.D., 1980. Halogenated biphenyls, terphenyis, Naphthalenes, dibenzodioxins, and related products.
Elsevier/North Holland, New York, USA.

Klamer, J., Laane, R,W.P.M. and Marqueni¢, J.M. 1991, Sources and fate of PCBs in the North Sea: a review of
available data. Wat. Sci. Tech., 24:77-85.

Ktleinaw, K.M., Haasch, M.L., Williams, D.E. and Lech, J.J., 1990. A comparison of hepatic P450 induction in rat
and trout (Oncorhynchus mykiss): delincation of the site of resistance of fish to phencbarbital-type inducers. Comp.
Biochem. Physiol., 96:259-270.

Kloepper-8ams, P.J., Park, 8.8., Gelboin, H.V. and Stegeman, J.J., 1987. Specificity and cross-reactivity of
monoclonal and polyclonal antibodies against cytochrome P-430E of the marine fish scup. Arch. Biochem,. Biophys.,
253:268-278.

109




References

Klotz, A.V., Stegeman, J.J. and Walsh, C., 1983. An aryl hydrocarbon hydroxylating hepatic cytochrome P-450 from the
marine fish Sterotomus chrysops. Arch. Biochem. Biophys., 226:578-592.

Kihler, A., 1989. Regeneration of contaminant-induced liver lesions in flounder - experimental studies towards the
identification of cause-effect relationships. Aquar. Toxicol., 14:203-232.

Krahn, M.M., Rhodes, L.I), and Myers, M.S. 1986. Association between metabolites of aromatic compounds in bile
and the occurence of hepatic lesions in English sole (Parophrys vetulus) from Puget Sound, Washington. Arch.
Environ, Contam. Taxicol., 15:61-67.

Landers, LP. and Bunce, N.J. 1991. The Ah receptor and the mechanism of dioxin toxicity. Biochem. J., 267:273-
278.

Lans, M.C,, Klason Wehler, E., Willemsen, M., Meussen, E., Safe, S, and BrouwerA., 1993, Structure dependent
competitive interaction of hydroxychlorobiphenyls, dibenzo-p-dioxins and dibenzofurans with human transthyretin, Chem,
Bioi, Interact., 88:7-21.

Lans, M.C., 1995. Thyroid hormone binding proteins as novel targets for hydroxylated polyhalogenated aromatic
hydrocarbons (PHAHs): possible implications for toxicity. Ph.D. thesis. Agricultural University Wageningen,
Wageningen, The Netherlands,

Leatherland J.F. and Sonstegard, R.A., 1978. Lowering of serum thyroxine and triiodothyronine levels in yearling Coho
Salmon, Orcorhynchus kisutch, by dietary Mirex and PCBs. J. Fish. Res. Board Can., 35:1285-1289.

Leloup, J. and De Luze, A., 1985. Environmental effects of temperature and salinity on thyroid function in teleost fishes.
in: Follet, BK, Ishii. 5. & Chandola, A. feds) The endocrine system and the environment, Japan Sci. Soc. Press,
Tokyo/Springer-Veriag, Berlin, 23-32.

Leo, M.A., Lowe, N. and Lieber, C.S., 1984a. Decreased hepatic vitamin A after drug administration in men and
rats. Am. J. Clin. Nutr., 40:1131-1136,

Leo, MLA., lida, 8. and Licber, C.S., 1984b. Retinoic acid metabolism by a system reconstituted with cytochrome P-
450. Arch. Biochem. Biophys., 234:305-312.

Lorenzen, A. and Okey, AB.. 1990. Detection and characterization of [*HJ2,3,7,8-tetrachlorodibenzo-p-dioxin
binding to Ah receptor in a rainbow trout hepatoma cell line. Toxicol Appl. Pharmacol., 106:53-62.

Mahoney, 1.B., Midlidge, F.H. and Deuel, D.G., 1973, A fin rot discase of marine and eurvhaline fishes in the New
York Bight. Trans. Am. Fish Soc., 102:596-605.

Malins, D.C., Krahn, M.M., Brown, D.W., Rhodes, L.D., Myers, M.S., McCain, B.B. and Chan, S.L. 1985. Toxic
chemicals in marine sediment and biota from Mukilteo, Wahington: relationships with hepatic neoplasms and other
hepatic lesions in English sole (Parophrys vetulus). J. Natn. Cancer Inst., 74:487-494.

Malins, DD.C., McCain, B.B., Landahi, J.T,, Myers, M.S,, Krahn, MM, Brown, D.W.,, Chan, S.L. and Roubal, W.T,,
1988. Neoplastic and other diseases in fish in relation to toxic chemicals: an overview. Aguat. Toxicol, 11:43-67.

110




References

Mark, D.A,, Baliga, B.S. and Suskind, R.M., 1983, All-frans-retinoic acid reverses immune-related hacmatological
changes in vitamin A deficient rats. Nusr. Rep. Ini., 28:1245-1252.

McCain, B.B., Chan, S-L., Krahn, M.M., Brown, D.W,, Myers, M.S., Landahl, J.T., Pierce, 8., Clark, R.C. Jr. and
Varanasi, U., 1992. Chemical contamination and associated fish diseases in San Diego Bay. Environ. Sci. Technol,
26:725-733.

McConnell, E.E. 1989. Acute and chronic toxicity and carcinogencsis in animals. In: Halogenated biphenyls,
terphenyls, naphthalenes, dibenzodioxins and related products, Kimbrough and Jensen (eds.), Elsevier, Amsterdam,
The Netherlands, pp. 161-193.

Mearns, AJ. and Sherwood, M., 1974. Environmental aspects of fin ¢rosion and tumours in Southern California
Dover sole. Trans, Am. Fish Soc., 103:799-810.

Mercier, M., Pascal, G. and Azais-Braesco, V., 1990, Retinyt ester hydrolase and vitamin A status in rats treated
with 3,3",4,4’-tetrachlorobiphenyl. Biochem. Biophys. Acta, 1047:70-76,

Metcalfe, C.D., Cairns, V.W. and Fitzsimons, J.I}., 1988. Experimental induction of liver tumours in rainbow trout
(Salmo gairdneri) by contaminated sediment from Hamilton harbour, Ontaric. Can. J. Fish. Aquat. Sci., 45:2161-
2167. .

Miranda, C.L., Wang, J-L., Henderson, M.C, and Buhter, D.R., 1990, Immunochemical characterization of
constitutive isozymes of cytochrome P430 from rainbow trout, Evidence for homology with phenobarbital-induced rat
PA50s, Bipchem. Biophys. Acta, 1037:155-160.

Monosson, E. and Stegeman. J.J., 1994, Induced cytochrome P4301A in Winter flounder, Pleuronectes americanus,
from offshore and coastal sites. Can. J. Fish. Aquat. Sci., 51:933-941.

Morrison, H.G., Oleksiak, M.F., Cornell, N,, Sogin, M.L. and Stegeman, J.J., 1995, Identification of cytochrome P450
1A (CYPiA) genes from two teleost fish, toadfish (Opsanus tax} and scup (Stenotomus chrysops), and phylogenetic
analysis of the CYP1A gene subfamily. Biochem. J., 308:97-104.

Morse, D.C., Groen, D., Veerman, M., van Amerongen, C.J., Koéter, H.B.W.M., Smits Van Prooije, A.E., Visser,
T.J., Kocman, J.H. and Brouwer, A., 1993. Interference of polychlorinated biphenyls in hepatic and brain thyroid
metabolism in fetal and neonatal rats. Toxicol. Appl. Pharmacol., 122:27-33.

Murk, A., Morse, D., Boon, J. and Brouwer, A., 1994, In vitro metabolism of 3,3°,4,4’-tetrachlorobiphenyl in relation to
ethoxyresorufin-O-deethylase activity in liver microsomes of some wildlife species and rat. Ewr, L Pharmacol. - Environ.
Toxicol. Pharmacol , 270:253-261.

Myers, M.S., Rhodes, L.D. and McCain, B.B., 1987. Pathologic anatomy and patterns of occurence of hepatic

lesions, and other idiopathic hepatic conditions in English sole (Parophrys vetulus) from Pudget Sound, Washington.
J. Natn. Cancer Inst., 78:333-361,

111



References

Myers, M.S., Stehr, C.S., Olson, O.P., Johpnson, L.L., McCain, B.B., Chan, S-L. and Varanasi, U., 1994,
Relationships between toxicopathic hepatic lesions and exposure to chemical contaminants in English sole (Plewronectes
vetulus), starry flounder (Platichthys steliatus), and white croaker (Genyonemus lineatus) from sclected marine sites on the
Pacific Coast, U.S. A, Envir. Heaith Perspect., 102:200-215,

Narbonne, J.P., Garrigues, P., Ribera, D., Raoux, C., Mathieu, A., Lemaire, P., Sataun, I.P, and Lafaurie, M.,
1991. Mixed-function oxygenase enzymes as teols for pollution monitoring: field studies on the French coast of the
Mediterrancan Sea. Comp. Biochem. Physiol., 100:37-42,

Nebert, D.W. and Gonzales, F.J,, 1987. P450 genes: structure, evolution, and regulation. Ann. Rev. Biochem., 56:945-
993,

Nebert, D.W., Nelson, D.R., Cook, M.J,, Estabrook, R.W., Feyereisen,R., Fujii-Kuriyamas, Y., Gonzalez, F.J.,
Guengerich, F.P., Gunsalus, L.C., Johnson, E.F., Loper, J.C., Sato, R., Waterman, M.R. and Waxman, D.J.,
1991. The P450 superfamily: update on new sequences, geme mapping, and recommended nomenclature. DNA Cell
Biol,, 10:1-14

Nelson, D.R., Kamataki, T., Waxman, D.J., Guengerich, F.P., Estabrook, R.W.,, Feyereisen, R., Gonzalez, F.J.,
Coon, M.J,, Gunsalus, 1.C,, Gotoh, Q., Okuda, K. and Nebert, D.W,, 1993, The P450 superfamily - update on new
sequences, gen¢ mapping, accession numbers, carly trivial names of enzymes, and nomenclature. DNA Cell Biol.,
12:1-51.

Newsted, J.L., Giesy, JI.P., Ankley, G.T., Tillitt, D.E., Crawford, R.A., Gooch, 1.W,, Jones, P.D. and Denison, M.S,,
1995. Development of toxic equivalency factors for PCB congeners and the assessment of TCDD and PCB mixtures in
rainbow trout. Environ. Toxicol. Chem., 14.861-871.

Okey, A.B., Bondy, G.P., Mason, M.E., Kahl, G.F., Eisen, H.J., Guenthner, T.M, and Nebert, D.W,, 1979.
Regulatory gene product of the Ah locus; characterization of the cytosolic inducer-receptor compiex and evidence for its
nuclear translocation. J. Biol. Chem., 254:11636-11648.

Okey, A.B., 1990. Enzyme induction in the cytochrome P-450 system. Pharmacol Ther., 45:241-298.

Okey, A.B., Riddick, D.S. and Harper, P.A. 1994 The Ah receptor: mediator of the toxicity of 2,3,7,8-
tetrachlorodibenzo-p-dioxin (TCDD) and related compounds. Toxicol. Let., T0:1-22.

Omura, T. and Sato, R., 1964. The carbon monoxide-binding pigment of liver microsomes. J. Biol Chem., 239:2370-
2385.

Palace, V.P. and Brown, 8,B,, 1994. HPLC determination of tocopherol, rertinol, dehydroretinol and retinyl palmitate
in tissues of lake char (Safvelinus Namaycush) exposed to coplanar 3,3°.4,4",5-penyachlorobiphenyl. Environ.
Toxicol. Chem., 13:473-476.

Park, S.S., Miller, H., Klotz, A.V., Kloepper-Sams, P.J., Stegeman J.J. and Gelboin, H.Y., 1986. Monoclonal
antibodies to liver microsomal cytochrome P-450E of the marine fish Sterotortus chrysops (scup): cross-reactivity with 3-
methylcholanthrene induced rat cytochrome P-4350. Arch, Biochem. Biophys., 249:339-350,

112




References

Parrot, J.L., Hodson, P.V, and Dixon, D.G., 1995. Rainbow trout hepatic mixed-function oxygenase induction by
pelychlorinated dibenzo-p-dioxins (PCDDs) as a function of time and tissue concentration. J. Toxicol. Environ, Health.,
46:301-316.

Payne, J.F. and Penrose, W.R,, 1975, Induction of aryl hydrocarbon {benzo[a]pyrenc) hydroxylase in fish by petroleum.
Bull. Environ. Contamin. Toxicol., 14:112.

Payne, J.F. 1976. Field evaluation of benzoperyne hydroxylase induction as a monitor for marine pollution. Science,
191:945.

Peters, N., Kbhler, A. and Kranz, H., 1987. Liver pathology in fishes from the lower Elbe as a consequence of pollution.
Dis. Aquar. Org., 2:87-97.

Peterson, R.E., Theobald, H.M. and Kimmel, G.L., 1993, Developmental and reproductive toxicity of dioxins and
related compounds: cross-species comparisons. Crit. Rev. Toxicol,, 23:283-335.

Poland, A, Glover, E. and Kende, A.S,, 1976. Stercospecific high affinity binding of 2,3,7,8-tetrachlorodibenzo-p-dioxin
by hepatic cytosols. Evidence that the hinding species is a receptor for induction of aryl hydrocarbon hydroxylase, ). Biol.
Chiem., 251:4936-4946.

Poland, A. and Glover, E., 1977. Chlorinated biphenyl induction of aryl hydrocarbon hydroxylase activity. A study of the
structure-activity-relationship. Mol Pharmacol,, 13:924-938.

Poland, A and Knutson, J.C., 1982. 2,3,7 8-Tetrachlorodibenzo-p-dioxin and related halogenated aromatic hydrocarbons:
examination of the mechanism of toxicity. Ann. Rev. Pharmacol. Toxicol,, 22:517-554.

Prough, R.A., Burke, M.D. and Mayer, R.T., 1978. Direct fluorometric methods for measuring mixed function oxidase
activity, Meth. Enzymol,, 52¢:372-377.

Prunet, P., Boeuf, G., Bolton, J.P. and Young, G., 1989. Smoltification and seawater adaptation in atlantic salmon
(Salmo salar): plasma prolactin, growth hormone, and thyroid hormones, Gen. Comp. Endocrinol., 74:.355-364.

Rappe, C., Buser, H.R, and Bosshardt., H-P, 1979. Dioxins, dibenzofurans and other halogenated aromatics:
production, use, formation and destruction. Ann. N.¥. Acad Sci, 320:1-18.

Roberts, E.S., Vaz, A.ID.N. and Coon, M.J., i991. Rele of isczymes of rabbit microsomal cytochrome P-450 in the
metabolism of retinoic acid, retinol, and retinal. Mol. Pharmacol,, 41:427-433.

Roy, NK., Konkle, B. and Wirgin, [, 1996, Characterization of CYP1A]1 regulatory elements in cancer-prone Atlantic
tomcod. Pharmacogenetics., 6:273-277.

Rushmore, T.H. and Pickett, C.B., 1990. Transcriptional regulation of the rat glutathione S-transferase Ya subunit gene:
characterization of a xenobiotic-responsive element controlling inducible expression by phenolic antioxidants. J Biol
Chenm., 265:14648-14653.

113



References

Safe, S.H. 1990. Polychlorinated biphenyls (PCBs), dibenzo-p-dioxins (PCDDs), dibenzofurans, (PCDFs) and related
compounds: environmental and mechanistic considerations which support the development of toxic equivalency factors
(TEFs). CRC Crit. Rev. Toxicol., 21:51-88.

Safe, S.H. 1994, Polychiorinated biphenyls (PCBs): environmental impact, biochemical and toxic responses, and
implications for risk assessment. Crit. Rev, Taxicol, 24:1-63,

Sawyer, T.W., Vatcher, A.D. and Safe, S., 1984. Comparative aryl hydrocarbon hydroxylase induction activities of
commercial PCBs in Wistar rats and rat hepatoma H-4-11 E cells in culture. Chemosphere, 13:695-701.

Schiiperclauns, W, 1990. Fischkrankheiten. Akademie-Verlag Betlin, Germany.

Schulz, D.E., Petrik, G. and Duinker, J.C., 1989. Complete characterization of polychlorinated biphenyl congeners in
commercial Aroclor and Clophen mixtures by multidimensional gas chromatography-electron capture detection. Env. Sci,
Technol., 23:852-859.

Shidoji, Y. and Muto, Y., 1977. Vitamin A transport in plasma of the non-mammalian vertebrates: isolation and
partial characterization of piscing retinol-binding protein. J. Lipid. Res., 18:679-691.

Sidell, N., Rieber, P. and Golub, $.H., 1984. Immunological aspects of retinoids in humans. Cell. fmmunol., 87:118-
125.

Silberhorn, E.M., Glauert, H.P. and Robertson, L.W., 1990. Carcinogenicity of polyhalogenated biphenyls: PCBs and
PBBs. Crit. Rev. Toxicol,, 20:440-496.

Spear, P.A,, Garcin, H. and Narbonne, J-F., 1988, Increased retinoic metabolism following 3,3°,4,4°5.5°-
hexabromobiphenyl injection. Can. J. Physiol. Pharmacol., 66:1181-1186.

Spear, P.A., Bilodean, A.Y. and Branchard, A., 1992. Retinoids; from metabolism to environmental monitoring.
Chemosphere, 25:1733-1738.

Spitsbergen, J.M., Schat, K.A. Kleeman, J M., and Peterson, R.E., 1986, Interactions of 273,7,8-
tetrachlorodibenzo-p-dioxin {TCDD) with immune respenses of rainbow trout. Vet. Immunol, Immunopathol., 12:263-
280.

Sporn, M.B, and Roberts, A.B., 1983, The role of retinoids in differentiation and carcinogenesis. Cancer Res., 43:3034-
3040.

Stegeman, J.J., 1981. Polynuclear aromatic hydrocarbons and their metabolism in the marine environment, in; Gelboin,
H., Ts'o, P.O.P. feds.) Polycyclic hydrocarbons and cancer, Vol 3, Academic Press New York, 1-60.

Stegeman, J.J., Teng, FY. and Snowberger, E.A., 1987. Induced cytochrome P450 in winter flounder
(Pseudopleuronectes americanus) from coastal Massachusetts evaluated by catalytic assay and monoclonal antibody
probes. Can. J. Fish. Aquat. Sci., 44:1270-1277,

114




References

Stegempn, 1.J., Woodin, B.R. and Gokseyr, A., 1988. Apparent cytochrome P450 induction as an indication of exposure
to environmental chemicals in the flounder Platichthys flesus. Mar. Ecol. Prog. Ser., 46:55-60.

Stegeman, J.J. 1989, Cytochrome P450 forms in fish: catalytic, immunological and sequence similarities. Xenobiotica.,
19:1093-1119.

Stegeman, J.J. and Hahn, M.E., 1994. Biochemistry and molecularbiology of monooxygenases: current perspectives on
forms, fimctions, and regulation of cytochrome P450 in aquatic species. In: Aquatic Toxicology: Molecular, Biochemical,
and Cellular Perspectives., Malins, D.C. and G.K. Ostrander, G K. (eds.), Lewis Publishers, Boca Raton, pp. 87-206.

Svobodovi, Z., Vykusovi, B., Machov4, J., Hrbkovd, M. and Groch, L., 1994. The long-term effects of PCBs on
fish. In: Sublethal and chronic effects of pollutants on freshwater fish, Maller, R. & Lloyd, R. (eds.), Fishing News
Books, The University Press, Cambridge, UK, pp. 88-98.

Thompson, J.D., Higgins, D.G. and Gibson, T.J., 1994, Clustal W: improving the sensitivity of progressive multiple
sequence alignments through sequence weighting, position-specific gap penalties and weipght matrix choice. Muc.
Acids Res., 22:4673-4680.

Thunberg, T., Ahlborg, U.G. and Wahlstrom, B., 1984, Comparison between the effects of 2.3,7,8-
tetrachborodibenzo-p-dioxin and six other compounds on the vitamin A storage, UDP-glucuronosyl-transferase and
aryl hydrocarbon hydroxylase activity in the rat liver. drech, Toxicol., $5:16-19.

Tilson, H.A., Jacobson, J.L. and Rogan, W.J. 1990, Polychlorinated biphenyls and the developing nervous system;
cross-species comparisons. Neurotoxicol. Teratol.,, 12:239-248.

‘Tryphonas, H., Luster, M.L, Schiffman, G., Dawson, L.L., Hodgen, M., Germpoec, D., Hayward, S., Bryee, F., Loo,
J.C.K., Mandy, F. and Arnold, D.L., 1991. Effect of chronic exposure of PCB (Aroclor 1254) on specific and non-
specific immune parameters in the rhesus (Macace mulatta) monkey. Fundam. Appl. Toxicol., 16:773.

Tsui, LW, and Okey, A.B., 1981. Rapid vertical tube rotor gradient assay for binding of 2,3,7 8-tetrachlorodibenzo-p-
dioxin to the Ah receptor. Can. J. Physiol. Pharmacol., 59:927-931,

vait der Weiden, M.E.J,, van der Kolk, J., Pemninks, A.H., Scinen, W. and van den Berg, M., 1992. Comrelation
between P450 1A induction and toxicological effects of 2,3,7,8-tetrachlorodibemzo-p-dioxin (2,3,7,8-TCDD) in the
rainbow trout {Oncorhynchus mykiss). Aquat. Toxicol., 24:123-142.

van der Weiden, MLE.J., Bleumink, R., Seinen, W. and van den Berg, M., 1994, Concurrence of P450 1A induction
and toxic effects in the mirror carp {Cyprinus carpic), after adminisiration of a low dose of 2,3,7,8-tetrachlorodibenzo-p-
dioxin, Aquat. Toxicol., 29:147-162.

van Putten, L.M., van Bekkum, D.W, and de Vries, M.J., 1970. A severe chronic intoxication in & monkey colony.
In: Infections and immunosuppression in subhuman primates, ¢dited by H. Balner and W.1.B. Beveridge. Munksgaard,
Copenhagen, Denmark, 155-166.

115



References

Varanasi, U.M., Nishimoto, W.L., Reichert, W.L. and Eberhart, B.T.L., 1986. Comparative metabolism of
benzo{a)pyrene and covalent binding to hepatic DNA in English sole, starry flounder, and rat. Cancer Res., 46:3817-
3824,

Vethaak, A.I),, 1987. Prevalences of fish diseases with reference to pollution of Dutch coastal waters. Netherlands
Institute for Fishery Investigations, ljmuiden, Rep. CA 85-01, 70 pp.

Vethaak, AD., 1992, Diseases of flounder (Platichthys flesus) in the Dutch Wadden Sca and their relation to stress
factors. Neth. J. Sea Res., 29:257-272.

Vethaak, A.D. and ap Rheinallt, T., 1992. Fish discase as a monitor of marine pollution: the case of the North Sea.
Rev. Fish. Biol Fish  2:1-32.

Vethaak, A.D. , Bucke, ., Lang, T., Wester, P.W,, Jol, J. and Carr, M., 1952. Fish disease monitoring along a
pollution transect: a case study wsing dab Limand limanda in the German Bight. Mar. Ecol. Prog. Ser., 91:173-192,

Vethaak, A.D., 1993, Fish disease and marine pollution. Ph.D. thesis. University of Amsterdam, Amsterdam, The
Nethertands.

Vethaak, A.D., Jol, J.G., Wester, P.W,, van de Zande, T., Bergman, A., Eggens, M.L., Ariese, F., Meijboom, A.,
Dankers,N., ap Rheinallt, T., Marqueni¢, J.M., Everts, J.M. and Opperhuizen, A., 1993. A large-scale mesocosm
study of the effect of marine pollution on disease development in flounder (Platichthys flesus). in: thesis.: Fish disease and
marine poliution., 107-127.

Vethaak, A.D., 1994. The use of mesocosms to study disease in flounder (Platichthys flesus). In; Bylund, G. &
Lonnstrom, L-G. (eds) Diseases and parasites of flounder (Platichthys fiesus) in the Baltic Sea. Abo Akademi, Abo,
Finland, The Baltic Marire Biologists Publication No, 135, 54-62.

Vethaak, A.D. and Jo), J.G., 1996. Discases of flounder (Platichthys flesus) in Dutch coastal waters, with particular
reference to environmental stress factors. Part 1. Epizootiology of gross lesions. Dis. Aguat. Org., 26:81-97.

Vethaak, A.D., Jol, J.G., Meijboom, A., Eggens, M.L., ap Rheinallt, T., Wester, P.W., van de Zande, T,,
Bergman, A., Dankers, N., Ariese, F A., Baan, R.A_, Everts, .M., Opperhuizen, A. and Marquenie, J.M., 1996.
Skin and liver diseases induced in flounder (Platichthys flesus) after long-term exposure to contaminated sediments in
larpe-scale mesocosms. Environ. Healsh Perspect., 104:1218-1228.

Vethaak, A.D. and Wester, P.W., 1996. Discases of flounder (Platichthys flesus) in Dutch coastal waters, with particular
reference to environmental stress factors, Part 2. Liver histopathology. Dis. Aquat. Org., 26:99-116.

Vogelbein, W.K., Fournie, JW., van Veld, P.A. and Huggett, R.J., 1990. Hepatic neoplasms in the mummichog
Funduius heteroclitus from a creosote-contaminated site. Cancer Res., 50:5978-5986.

Walker, MK, and Peterson, R.E., 1991. Potencies of polychlorinated dibenzo-p-dioxin, dibenzofuran, and bipheny!
congeners, relative to 2,3,7,8-tetrachlorodibenzo-p-dioxin, for producing early life stage mortality in rainbow trout
(Oncorhynchus mykiss). Aquat. Toxicol,, 21:219-238.

116




References

White. R, Shea, D., Solow, A.R. and Stegeman, J.J., 1997. Induction and post-transcriptional suppression of hepatic
cytochrome P4501 A1 by 3,3° 4. 4’-tetrachlorobiphenyl. Biochem. Pharmacol., §3:1029-1040.

Whitlock, J.P., Jr., 1990. Genetic and molecular aspects of 2,3,7,8-tetrachlorodibenzo-p-dioxinaction. Ann. Rev.
Pharmacol. Toxicol., 30:251-277.

Wirgin, LL, Kreamer, G-L., Grunwald, C., Squibh, K. and Garte, S.J., 1992. Effects of prior exposure history on
cytochrome P4501 A mRNA induction by PCB congener 77 in Atlantic tomcod. Mar. Environ. Res., 34:103-108,

Yano, T. and Matsuyama, H., 1986. Stimulatory ¢ffect of PCB on the metabolism of sex hormones in carp
hepatopancreas. Bull Jap. Soc. Sci. Fish., 52:1847-1852.

Zapponl, M.C., Zanotti, G., Stoppini, M. and Berni, R., 1992. The primary structure of piscine (Oncorhynchus mykiss)
retinot-binding protein and a comparison with the three-dimensional structure of mammalian retinol-binding protein. Eur.

J. Biochen., 210:937-943.

Zile, MLH., 1592, Vitamin A homeostasis endangered by envircnmental pollutants. Proc. Soc. Exp. Biol. Med., 201:141-
153,

117




Samenvatting

Sinds 1983 wordt door het Rijksinstitaut voor Kust en Zee/RIKZ onderzoek gedaan naar
biologische indicatoren voor de waterkwaliteit. Het voorkomen van ziekten bij vispopulaties langs
de Nederlandse kust wordt gezien als een mogelijke indicator. Een onderdeel van dit onderzoek
vormt de studie naar de causale relaties tussen vervuiling van het marine leefmilieu en de
frequentie van het voorkomen van visziekten. In 1991 is in samenwerking met de vakgroep
Toxicologie van de Landbouwuniversiteit Wageningen cen onderzoek gestart naar de mogelijke
betrokkenheid van polyhalogeenaromaten bij het ontstaan van de ziekteverschijnselen bij
bodemvissen langs de Nederlandse kust (VISEX*LUW project). Centraal in dit
samenwerkingsproject staat de mogelijke rol van polychloorbifenylen (PCB's) bij het ontstaan van
negatieve gezondheidseffecten bij de bot (Platichthys flesus).

In dit proefschrift is het onderzoek beschreven naar de biochemische en toxische effecten van
aan PCBs bij de bot. Het belangrijkste doel van dit onderzoek was het verkrijgen van een goede
wetenschappelijk onderbouwing van de veronderstelling dat PCB’s betrokken zijn bij de
ontwikkeling van aandoeningen (o.a. huidaandoeningen en levertumoren) die worden
aangetroffen bij de bot langs de Nederlandse kust. De biochemische effecten die onderzocht
zZijn na in vivo blootstelling van de bot aan individuele PCB congeneren, een commercieel
mengsel van PCB’s (Clophen AS0) en dioxine (TCDD), waren de induceerbaarheid van
hepatische biotransformatic enzymen (cytochroom P4501A (CYPIA) en glutathion-S-
transferase). Daarnaast is het toxisch werkingsmechanisme van PCB’s in de bot onderzocht
door het bestuderen en karakteriseren van de hepatische microsomale Ah-receptor route.
Tevens is onderzoek gedaan naar de potentie van PCB’s om in vitro specifiek de activiteit van
het cytochroom P4501A systeem te remmen. Tot slot is gekeken naar mogelijke hormonale
verstoringen ten gevolgen van blootstelling van botten aan PCB’s, TCDD (acute studies) of
vervuild havenslib uit de haven van Rotterdam (chronische studie).

Samenvatting van de resultaten

Kort durende blootstelling van botten aan het technisch PCB’s mengsel Clophen AS50
veroorzaakie geringe veranderingen in de concentratie van het CYPIA eiwit in lever
microsomen, terwijl de hicraan geassocicerde enzym activiteit (EROD) slechts weinig toenam.
Dit wijst erop dat botten weinig gevoelig zijn voor blootstelling aan Clophen AS50 via intra
peritoneale of orale weg (hoofdstuk 3 en 5). Daarentegen bleek toediening van de meest
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toxische PCB congeneer, PCB-126, wel te leiden tot inductie van zowel het CYP1A eiwit als
EROD activiteit. Echter, wanneer de toxiciteit van PCB-126 werd uitgedrukt in de van
zoogdieren afgeleide TCDD toxische equivalenten (TEQ’s), dan bleek het inductieniveau lager
te zijn dan als zou mogen verwacht op basis van TCDD TEQ’s (hoofdstuk 5). Een sterke
inductie van het CYPIA eiwit en CYPIA activiteit werd wel waargenomen in botten
blootgesteld aan TCDD (hoofdstuk 4). Opvallend genoeg bleek de TCDD geinduceerde
EROD activiteit geremd te worden door Clophen AS0, terwijl toediening van een combinatie
van TCDD met PCB-126 juist een additief effect had op het EROD inductieniveau (hoofdstuk
5). Met betrekking tot het CYPIA eiwit werd gevonden dat blootstelling van botten aan
combinaties van TCDD met Clophen A50 of PCB-126 leidde tot hogere concentraties CYP1A
eiwit in lever microsomen dan blootstelling aan de afzonderlijke chemicalién. Deze resultaten
duiden op een directe inhibitie van de katalytische activiteit van het CYP1A door PCB
congeneren nog aanwezig in de lever van Clophen A50 blootgestelde botten. Inderdaad bleken
zowel het technische PCB mengsel Clophen A50 als ook een aantal PCB congeneren instaat te
zijn de EROD activiteit in vitro te remmen (hoofdstuk 6). De relatieve gevoeligheid van de bot
voor blootstelling aan TCDD werd bepaald door de CNEL (computed no effect level) te
vergelijken met de LOAEL’s (lowest abserved adverse effect level) van andere vissoorten en
ratten (hoofdstuk 4). Hieruit bleek dat ratten gevoeliger zijn voor blootstelling aan TCDD dan
botten, maar dat vissoorten als de karper en regenboog forel in vergelijking de bot slecht weinig
gevoeliger zijn.

Er wordt verendersteld dat naast CYP1A nog een aantal biotransformatie enzymen
onder controle staan van de Aryl hydrocarbon (Ah) receptor. Hiertoe behoren onder ander een
aantal isovormen van glutathion-S-transferase (GST). In tegenstelling tot observaties in andere
vissoorten en zoogdieren, werd er geen verandering in hepatisch cytosolaire GST activiteit
waargenomen in botten blootgesteld aan TCDD (hoofdstuk 4). Ook na blootstelling aan
Clophen AS0 werd er geen effect op de GST activiteit in de bot gevonden, terwijl toediening
van PCB-126 een kleine daling in GST activiteit tot gevolg had (hoofdstuk 5). Daarentegen
werd een sterke remming van de GST activiteit waargenomen in botten blootgesteld aan
combinaties van TCDD en Clophen AS( of TCDD en PCB-126 (hoofdstuk 5). Als mogelijke
verklaring voor deze waarneming kan remming van de GST activiteit deor PCB metabolieten
aanwezig in het reactiemengsel worden genocemd.

In hoofdstuk 6 is de Ah receptor route in de bot gekarakteriseerd, met als doel inzicht
te krijgen in het CYP1A inductie patroon na blootstelling aan PCB’s en TCDD. Daarnaast is de
potentie van Clophen A50 en verschillende PCB congeneren bestudeerd om de CYPIA
activiteit in vitro t¢ remmen. De aanwezigheid van de cytosolaire Ah receptor (1-7 fimol/mg
eiwit) in de lever van de bot is in heofdstuk 6 aangetoond. De concentraties Ah receptor in de
bot kwamen overeen met Ah receptor concentraties in andere vissoorten, maar waren
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beduidend lager dan de concentraties in zoogdieren. Additioneel bewijs voor de aanwezigheid
van de Ah receptor in de bot werd geleverd door first-strand ¢cDNA synthese en amplificatie
van poly A+ RNA uit lever van de bot met behulp van RT-PCR. De specificiteit van het 690 bp
grote RT-PCR reactie produkt is vasigesteld met behulp van southern blotting en hybridisatie.
Sequencing van het reactie produkt toonde aan de aminozuursequentie voor 75% identiek was
aan de Kkillifish (Fundulus heteroclitus) AhR-2 sequentie en voor 61% aan de killifish AhR-1
sequentie. Hierbij dient te worden opgemerkt dat de killifish Ah-1 een grotere overeenkomst
vertoond met AhR’s uit zoogdieren. Binding van het TCDD-AhR complex aan de DRE is
bestudeerd door gebruik te maken van een complementair paar synthetische oligonucleotiden,
corresponderend met wild type Ah receptor (DRE3). Binding van het TCDD-AhR complex aan
de DRE werd aangetoond in cytosol atkomstig uit ratten en chinese biggetjes, maar niet in
cytosol afkomstig uit botten. Deze resultaten suggereren dat in botten de Ah receptor route niet
compleet aanwezig zou zijn. Maar gezien het feit dat een goede CYP1A inductie gevonden
werd in botten blootgesteld aan TCDD, kan de lage gevoeligheid van de bot voor PCB’s niet
alleen verklaard worden door een marginaal aanwezige Ah receptor route.

Een betere verklaring voor de matige induceerbaarheid van de EROD activiteit door
PCB’s, is directe remming van de CYPLA katalytische activiteit door PCB congeneren nog
aanwezig in de microsomale suspensie. In hoofdstuk 6 zijn aanwijzingen voor deze substraat
remming gevonden. Alle 6 geteste PCB congeneren en Clophen A50 waren in staat de CYP1A
activiteit van de bot competitief te remmen, De concentraties waarbij PCB’s remming
veroorzaakten, waren vergelijkbaar met de PCB concentraties die de rat CYPIA activiteit
remden. PCB-126 was de sterkste remmer, terwijl PCB-153 de minst potente remmer van de
EROD activiteit was. De inhibitie constanten (K;) van de geteste PCB’s bleken in de zelfde
orde van grote te liggen als de Michaelis constante (K,) voor ethoxyresorufine. Daarnaast kon
uit de resultaten worden geconcludeerd dat het CYP1A enzym systeem van de bot een hogere
catabole activiteit ten opzichte van ethoxyresorufine bezat, dan het CYP1A enzym systeem van
de rat.

Veranderingen in de vitamine A en schildklierhormoon huishouding van de bot
werden niet gevonden na kort durende blootstelling aan TCDD (hoofdstuk 4). Daarentegen
werden endocriene veranderingen wel aangetroffen in botten blootgesteld aan Clophen A30
(hoofdstuk 3). Deze verstoringen in de vitamine A en schildklierhormoon huishouding waren
echter gering en bleken niet athankelijk te zijn van de toegediende dosis PCB. Op basis van
deze kort durende blootstellingsstudies zou geconcludeerd kunnen worden dat PCB’s geen
hormonale verstoringen in de bot veroorzaken. Verlaagde retinol gehalten in zowel plasma als
lever van de bot werden wel gemeten in een chronische blootstellingsstudie waarin botten 3 jaar
werden blootgesteld aan vervuild havenslib vit de haven van Rotterdam (hoofdstuk 7). Tevens
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werd een negatieve correlatie gevonden tussen de hepatische retinol concentraties en CYP1A
eiwit gehalten. Dit impliceert betrokkenheid van PCB induceerbare enzymen.

Conclusies

Uit het beschreven onderzoek kunnen de volgende conclusies worden getrokken:

1. Het commercitle PCB mengsel Clophen A50 veroorzaakt slechts kleine veranderingen in de
concentratie van het hepatisch microsomal CYP1A eiwit gehalte en EROD activiteit in de
bot, zelfs niet bij zeer hoge concentraties Clophen AS50 (500 mg/kg lichaamsgewicht). De
lage gevoeligheid van de bot voor Clophen AS50 word waargenomen ondanks de
aanwezigheid van een functionele Ah receptor route.

2. Het commerciéle PCB mengsel Clophen A50 remt de door TCDD geinduceerde CYPLA
activiteit. De remming kan ten dele worden verklaard door competitieve remming van de
CYP1A activiteit door PCB congeneren aanwezig in het reactie mengsel.

3. Integenstelling tot knaagdieren leidt een kort durende blootstelling van botten aan PCB’s of
TCDD niet tot een belangrijke verstoring van de vitamine A en schildklierhormoon
huishouding.

4. Chronische blootstelling van botten aan vervuild havenslib veroorzaakt een drastische
verlaging van lever en plasma retinol gehalten.

5. Omvangrijke pathologische effecten als gevolg van een maximaal 3 weken durende
blootstelling aan PCB’s of TCDD, worden niet aangetroffen in boiten, zelfs niet bij zeer
hoge concentraties PCB’s of TCDD.

Wanneer de resultaten beschreven in dit proefschrift vergeleken worden met de
resuliaten van blootstelling van andere vissoorten en zoogdieren aan PCB’s, dan moet worden
geconcludeerd dat de bot relatief ongevoelig is voor blootstelling aan PCB’s, met betrekking tot
de bestudeerde parameters. Het uitgevoerde onderzoek levert dan ook geen bewijs voor de
betrokkenheid van PCB’s bij het ontstaan van aandoeningen als huidzweren en lever tumoren
bij de bot, atkomstig uit Nederlandse kustwateren.

In plaats van PCB’s kunnen andere chemicali¥n aanwezig in het marine milieu
betrokken zijn bij de ontwikkeling van de beschreven aandoeningen bij de bot. Van PAK’s is
bijvoorbeeld bekend dat deze groep verbindingen in staat is na metabolisatie covalent te binden
aan het DNA en daarmee het carcinogenese proces te initiéren. Van een groot aantal chemische
verbindingen is daarnaast bekend dat zij het toxisch effect van andere chemicalign synergistisch
kunnen beinvloeden. Maar de in dit proefschrift beschreven studies tonen aan dat zowel
individuele PCB congeneren als ook Clophen AS30 de door TCDD geinduceerde EROD
activiteit in vitro competitief remmen. Wanneer deze competitieve remming ook in vivo op
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treedt, dan bestaat de mogelijkheid dat PCB’s een antagonistisch effect hebben op de toxische
potentie van andere milieu verontreinigende chemicalign. Zo kan bijvoorbeeld remming van de
katalytische activiteit van het CYPIA eiwit door PCB’s resulteren in een afname van de
bicactivatie van PAK’s met als gevolg een reductie in het aantal gevormde reactieve PAK
metabolieten. Een daling in de hoeveelheid reactieve intermediairen verlaagt het risico op
covalente DNA binding en daarmee de initiatie van carcinogenese. Naast chemische factoren
kunnen ook niet chemische factoren als bijvoorbeeld pathogene micro-organismen en fysische
verstoringen, betrokken zijn bij de aetiologie van visziekten.

Een opmerking moet gemaakt worden bij het gebruik van EROD activiteit als
biomarker voor de blootstelling van vissen aan anthropogene stoffen. De waarde van EROD
activiteit als biomarker moet, gezien het feit dat in dit proefschrift is aangetoond dat
aanwezigheid van PCB’s in botten leidt tot inhibitie van de EROD activiteit, worden herzien.
Inductie van het CYP1A eiwit daarentegen wordt niet beinvloed door aanwezigheid van PCB’s.
De bepaling van de concentraties CYP1A eiwit in de lever van vissen is daarom waarschijnlijk
een betere parameter voor de mate van blootstelling van vissen aan chemicalign als PHAK's en
PAK’s in het marine milien.

Bij de bestudering van de betrokkenheid van PCB’s of aanverwante stoffen bij de
ontwikkeling van tumoren in vis moet, gezien de snelle ontwikkelingen in de wetenschap, de
nadruk meer komen te liggen op technicken die specifick de verschillende fasen in het
carcinogenese proces belichten. Recentelijk is de sequentie van het ras-oncogen in de bot
beschreven (zie appendix). Bij de mens is de expressie van dergelijke oncogenen gekoppeld
aan bepaalde vormen van kanker. Een dergelijke relatie is bij vissen nog niet aangetoond.
Desondanks kan bij toeckomstig onderzoek naar de betrokkenheid van anthropogene stoffen bij
de omtwikkeling van tumoren in vissen, bestudering van veranderingen in de expressie van
oncogenen of suppressor genen een waardevolie parameter zijn.
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A member of the ras gene family was identified here for the first time in two marine fish, the flounder
(Platichihys flesus) and the red muliet (Mullus barbatus). After RT-PCR the partial sequence of ras
gene (exons 1 and 2) has been cloned and sequenced from normal liver. At the nucleic acid level, a very
high extent of homology with the human ras genes is observed (80% to 86%) and a perfect homolgy is
observed at the amino acid level. The high conservation of the 5' region of the ras gene suggest that the
p21 protein has identical function in higher and lower vertebrates. The identification of ras gene should
be a first step in understanding the molecular basis of carcinogenesis in these species.

Many species of fish which inhabit estuaries and coastal zones are exposed to urban and
industrial pollution. Various pollutants including heavy metals, polychlorinated biphenyls (PCBs),
pesticides and polycyclic aromatic hydrocarbons (PAHs) have been identified in estuaries and coastal
zones. Most of these pollutants are potential carcinogens or mutagens and tend to accumulate in aquatic
organisms if they are taken vp from water, food and sediment (1-2). A biological monitoring network
was set up in 1992 along the French coast to collect new data reflecting biological effects of pollutants
such as PAH and PCB on the metabolism of fish. For this purpose, measurement of ethoxyresorufin—
O-deethylase (EROD) activity, one of the P450-dependent monooxygenase aclivity, was used as the
exposure index. Highest activity of EROD were observed in liver from marine fish, such as dragonet
(Callionymus lyra, Linne 1758) and red mullet (Mullus barbatus, Linne 1758), living in contaminated
sites suggesting a possible role of the liver in the detoxication of environmental pollutants (3-4).
Further, field studies by Dunn ef al. (5) revealed the presence of aromatic DNA adducts in livers of
brownbullheads (Jetalurus nebulosus) from PAH-polluted areas. These studies revealed that the

+ The nucleotide sequence data reported in this paper appear in the EMBL nucleotide sequence
database with the following accession number : X82182 for red mullet sequence and X90910 for

flounder sequence.
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exposure of fish 1o environmental poflutants may result to their activation in electrophilic forms
subsequently leading to the induction of DNA damage. In a general way, we know that in some cases
DNA damage can lead to the fixation of mutations and some of them might play an essential role in the
multistage carcinogenic process. Oncogenes activated by point mutation have been identified as genetic
targets that may play a key role in carcinogenesis (6).

The most frequently detected oncogenes in human and in rodent malignant neoplasms are
members of the ras gene family. Ras gene family consist of three genes: H-ras gene from Harvey
sarcoma virus, K-ras gene derived from Kirsten sarcoma virus and N-ras gene from neuroblastoma
(7). They have been identified in mammals, birds, insects, fish, molluscs, plants, fungi and yeasts. These
gemes code for highly related proteins of 21 kDa, designated as p21, which are composed of 189 amino
acids and their high degree of conservation suggest that they play an essential role in the control of cell
growth and differentiation. Ras genes are converted 1o active oncogenes by point mutations occuring in
either codon 12, 13 or 61. By the vse of the NIH3T3 transfection assay, they have been detected in a
large variety of human malignancies and in a high perceatage of several kinds of rodents tumors. It was
demonstrated that ras oncogene is activated in high percentage of both spontaneous tumors and tumors
induced by genotoxic carcinogens. In addition, studies on several experimental model systems using
various chemicals revealed a correlation between the nature of the carcinogen and ras mutation (8, 9).
Moreover mutations in res genes are thought to be an early event of tumorigenesis (10). In mouse skin
epidermis initiated with 7,12-dimethylbenz{a]anthracene (DMBA), Nelson ef al (11} demonstrated
that activated Ha-ras oncogene could be detected one week after the initiation and remained dormant
until a tumor promotor induces hyperplasia. For this reason, the use of ras oncogene activation as
biomarker represent a powerful tool for the molecular epidemiologic evaluation of occupational
carcinogenesis.

As for Mammals and rodent, ras gene activation is observed in trout hepatocarcinomas induced
by carcinogens such as 7,12-dimethylbenz[a]anthracene (12), N-nitrosodiethylamine (13) and
Aflatoxin Bl (14). Previous studies have described the incidence of tumors in feral fish population
correlated with elevated conceniration of environmental chemicals in sediment (15) or tissue (16).
Association of such tumors with the presence of environmental chemicals suggests a possible etiology
for their induction. Moreover, the genetic events associated with tumorigenesis in feral fish population
are not well understood. Ras gene activation appears to be a common event of carcinogenesis since Ki—
ras codon 12 mutations have been observed in Winter flounder (17) and in Tomcod (18) hepatic tumors.
These fish were inhabiting areas contaminated with carcinogenic pollutants such as PCBs and PAHs.
The aim to described more precisely the hypothesis that liver tumors in these species are associated with
PAH exposure have been succesfully attempt by Fong er al. (12) who observed for the first time Ki-ras
mutation on codon 12 and 61 from hepatic tumors of aduli trout after a brief exposure of embryo to
PAHs. These results may have important environmental implications because they suggest that a brief
exposure to PAHs during sensitive stages of development may affect some fish populations.

In the present study a ras gene expressed in the nomnal liver of two marine fishs is described for
the first time. The partial sequence of the first two exons of ras gene was obtained from cDNA clones
after RT-PCR. We have chosen to work on fish species inhabiting comtaminated sites of the French
coast and which are currently uwsed in the biological monitoring network such as the flounder
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(Platichthys flesus) which inhabits the Atlantic Sea, the English Channel and the North Sea and the red
mullet (Mullus barbatus) which inhabits the Mediterranean Sea. These fish are exposed to mutagenic
and carcinogenic pollutants and the identification of ras gene is a first step in understanding the
molecular basis of carcinogenesis in these species.

MATERIALS AND METHODS
Animals

Flounder (Platichthys flesus) were obtained from the Netherland Institute for Fisheries Research and red
mullet (Mullus barbatus) were collected by trawl in the Mediterranean sea in April 1994. Portions of the
liver were then frozen in liquid nitrogen for RINA analysis.

Cloning of ¢DNA using RT-PCR

Total RNA were isolated from flounder and red mallet liver according to Chomczynski & Sacchi (1987)
(19}. One microgram of total RNA was reverse transcribed in 2 20~z mixture of 25 mM Tris—Hel (pH
8.3), 75 mM KCl, 3 mM MgCly, 0.02 M DTT, 500 uM dNTP in presence of 100 pmoles of antisens
primer 5'-ACT TGG TGT TGT TGA TGG CA-3' which comespond to a consensus located in the
second exon of various vertebrate ras genes (primer RT1) and 200 units of reverse transcriptase RNase
H- superscript (Gibco BRL} at 37°C for 1 h. After the incubation the mixture was heated at 95°C for 10
min. For the amplification of the cDNA, the Polymerase Chain Reaction (PCR) (20) was camied ocut in a
50—l PCR mixture containing 10 mM KCi, 10 mM (NHy); 504, 20 mM Tris-HC1 (pHS8), 2 mM
MgSO4, 200 uM of each dNTP with the above RT reaction mixture (10 ), 1 unit of Vent DNA
polymerase (Biolabs, New England) and 30 pmoles of each of the sens primer 5'-ATG ACG GAA
TAT AAG CTG GT-3' which correspond to a consensus located at the beginning of the first exon of
various veriebrate ras gene (primer F1) and the antisens primer RT1. Afier a heat shock for 5 min at
94°¢, the conditions for PCR were at 94°C for 30 s, 60°C for 30 s, 72°C for 20 s (30 cycles) using a
thermal cycler (Biometra, Kontron Instrutnent).

In order to confirm the nature of the PCR products, semi—nested PCR has been carried out: 0.8 gl
of the first PCR was added to the 50 gl PCR mixture as described previously. The primers used for the
semi-nested PCR was the antisens primer 3'-ACA CAG AGG AAG CCC TCT CC-3 (primer RT2)
and the F1 primer.

PCR products were isolated and cloned into the Sfr I site of pCR-ScriptTM (SK+) plasmid vector
(Stratagene). Three different cDNA clones were sequenced on a 373 A DNA sequencer (Applied
Biosystems) according to the dye terminator procedure.

RESULTS AND DISCUSSION
Cloning of Platichthys flesus and Mullus barbatus ras cDNA using RT-PCR

For cloning ras ¢DNA, RT-PCR was performed using tolal RNAs from liver tissue of
Platichthys flesus and Mullus barbatus. Specific oligonucleotide primers derived from a consensus of
various vertebrate ras gene were used for the Reverse Transcription (RT) and the Polymerase Chain
Reaction (PCR) procedure. For each fish a 260 bp PCR product was obtained corresponding to the
expected size according to the human sequence. In order to confirm the nature of this PCR product,
semi-nested PCR was carried out with the antisens primer RT2 and the F1 primer. A 240 bp fragment
was obtained (Fig.1) and this product hybridized with the specific human Ha-ras cDNA probe
(Oncogene Science) (data not shown).

The ¢cDNA products from Mullus barbatus and Platichthys flesus were cloned into the pdirect
vector (Clontech). The nucleotide sequences of three clones from each fish were determined. Both
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Fig.1. Electrophoretic patterns of RT-PCR products of total RNAs from liver tissue of Flounder
and Red mullet.

The 240 bp fragment was amplified with the RT2 and F1 primers, separated on 9 % acrylamide gel and
stained with ethidium bromide.

nucleotide sequences have been compared with teout, goldfish, dragonet and human ras gene (Fig.2).
These 240 bp show a very high homology with the first exon and part of the second exon of the
different ras genes. They present similar homelogy with the others ras genes from fish (from 89% to
93%) and a very high extent of homology with the human ras genes is observed (81% to 86%) (Table
1). Higher homology was found between these fish and the human 5' region of Ha-ras gene suggesting
that we cloned the 5' Ha-ras gene of these marine fish. Ras-related genes have been identified in
normal liver from goldfish (21) and trout (22). In both case, the sequence identified was mostly
homologous to human Ki-ras gene. It was hypothetize by Nemoto et al. (21) that goldfish should
possess three kinds of ras genes since the autors had isolated various clones which were classified in
three groups who belong to the ras family. However, the construction of a cDNA library is required to
determine whether the 5' region of the ras—related gene identified here belongs either to Ha—, K- or N-
ras.

Base changes who occured among the flounder, red mullet, rainbow trout, goldfish and
mammalian ras gene are located on the third base of the codon and therefore are neutral for amino acid
encoding. Analysis of the predicted amino acid sequence revealed a perfect homology between these
fish and other species confirming that the N terminal domain is necessary for the protein function
{Fig.3). Recently, we have cloned and seguenced the 5' region of the ras cDNA from dragonet
(Callionymus lyra) (Vincent ef al, in preparation). The evolutionary time of the divergence between
these three marine fishs (dragonet, red mullet and flounder) and the precedent fish is of about 130
million years and between mammals and fish the evolutionary time is of 350-400 million years (23). It
is interesting 10 eéxamine 5’ region of ras genes in phylogenetically advanced fish such as flounder
{Plevronectidei family), dragonet (Callionymidei family) and red mullet (Percoidei family). It is well
documented that the 5' region of ras genes is highly conserved across the evolution. Our results suggest
that the N--terminal region of res proteins of marine fish is necessary for the binding of GTP and GDP,
as it has been demonstrated in other species (7-24-25).
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Exon 1

20 30 40 50 60
Flounder ATCGACGGAATATAAGCTGETGGTGGTGGGAGCTERAGGCGTGGCCAAGAGTGCACTCACC
Red mullet -
Dragonet tesnss.Tu.T.. A
Trout eeraBedAicuTonaunns
Goldfish B T P N
H-ras BRI ~TIrL ~T o1 e GGl
N-ras FI P AT, T T GoAc.Cuut s G A
K-ras b S aePevaesBririnneess . CT.G..G

70 B0 90 100 110
Flounder ATCCAGCTCATCCAGAACCACTTTGTGGATGAATATGACCCCACCATAGAG
Red mullet .....voveemnecensTecivsrnnsascarrnrnannsesnsraseCane

Dragonet Y o B Y I T
Trout . ..C...
Goldfish Aienen..
H-ras . Tevenes
N-ras . . P
K-ras . ciasee
Exon 2

120 130 140 150 160 170
Flounder GACTCGTACAGGAAACAAGTTGTGATTGACGGTGAGACCTGCCTGCTGGACATCCTGGAC
Red mullet .............. G..GeuGovirannnns T
Dragonet . R I - N - Y B [P U P N U
Trout B S = N T N T L Ll - PR
Goldfish P o - N N R L L R L L T
H-ras +TvaC.
N-ras aaTeeTerevheieses.-G..T..A..T
K-rag P S o I - P A.AL....

1B0O 190 200 210 220 230
Flounder ACTGCAGGTCAGGAGGAGTACAGCGCTATGAGGGATCAGTACATGAGGACGGGAGAGGGC
Red mullet ......icove0ar0n c A..T..... T
Dragonet eiraesieeaaans PR
Trout hirare e R S ¢ PN
Goldfish frereeaananaa P S
H-ras +eCe CliCanal s .C.C..C..G. ...
N-ras e AL, T. AL ALLA. . . A..C..A...
K-ras cePiiaeanaA c T..G..vunn

240
Flounder TTCCTCTGTAT
Red mullet ...T...----

Dragonet (SIS <
Trout = ......-.a G.
Geldfish [ «
H-ras PRI IO = 38
N-ras

K-ras ..T..T...G.

Figure 2 . Comparison of DNA sequence of RT-PCR products from Flounder and Red mullet
with Trout, Geldfish, Dragonet and Human ras gene sequences.

Table 1 : Comparison of the nucleotide sequences of the Flounder and Red mullet ras gene (exon 1
and partial exon 2) with Trout, Goldfish, Dragoenet and human ras gene sequences

Flounder Red mullet
Ha-ras 86% 84%
N-ras 82% 80%
K-ras B2% 81%
Trout 92% 93%
Goldfish 9% B9%
Dragonet 90% 89%
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10 20 30 J 40 50 60
Flounder MTEYKLVVVGAGGVGKSALTIQLIQNHFVDEYDPTIEDSYRKQVVIDGETCLLDILDTAG
Red mullet ...
Dragonet
Trout
Goldfish
H-ras
N-ras
K-ras

70 8ec
Flounder QEEYSAMRDOYMRTGEGFLC
Red mullet ..,.......c0innvnavan
Dragonet err
Trout
CGoldfish
H-ras
N-ras
K-ras

Figure J . Homology of the predicted amine acid sequences of Flounder and Red mullet ras gene
(exon 1 and partial exon 2) with the sequences of the corresponding genes in various species.The
numbers indicate the position from the N-terminal region of the Ha-ras protein. The arrow indicates
predicted exon-intron boundaries in Flounder and Red mullet which are the same as those of other

species.

The available sequence contains the hot-spot of mutation responsable for the transforming
phenotype of ras gene. This sequence could be used as a probe to determine whether ras gene is
overexpressed or mutated in liver tumors of marine fish as we have recently observed in liver
hyperplasia of Callionymus lyra. A Threonine {ACA) was substituted for alanine (GCA) (Vincent ef al.
in preparation) and should be implicated in initiation of liver tomorigenesis. The census of flounder and
red muilet exhibiting various of kinds of neoplasms is currently underway in contaminated sites of the
French coast such as the Seine estuary and the golf of Fos sur mer. In the next future, the potential
cofrelation between these neoplasms and the accumulation of contaminants in the fish tissue or between
these lesions and the presence of contaminants in the environment will be tested in order 10 determine
whether fish neoplasms could be one of the long term health effects of pollutants.
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