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H I G H L I G H T S G R A P H I C A L  A B S T R A C T

• Glyphosate sorption experiments on 
ferrihydrite in wide concentration- and 
pH range.

• Competitive adsorption with phosphate 
for surface potential modification.

• Consistent, mechanistic, quantitative 
model of glyphosate sorption to 
ferrihydrite.
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A B S T R A C T

The adsorption and mobility of glyphosate (PMG) in soils, sediments, natural waters, and wastewater treatment 
sludge are controlled by small-sized metal (hydr)oxides and affected by competition with phosphate. In this 
study, the adsorption of PMG to ferrihydrite, a ubiquitous nano-sized iron (hydr)oxide, is measured by batch 
adsorption experiments at a wide concentration (~0.02 – 0.6 mM) and pH range (~4–10), in the absence and 
presence of phosphate. The adsorption data were interpreted using the charge distribution and multisite ion 
complexation (CD-MUSIC) model for ferrihydrite. Including phosphate as a competitor induces electrostatic 
changes on the surface potential, independently of glyphosate adsorption, which allowed us to accurately 
distinguish between the chemical affinity and electrostatic effects contributing to PMG adsorption to ferrihydrite. 
PMG binds primarily as a binuclear bidentate complex, of which the amino group may protonate (logKH=7.9). 
Only at low pH and high PMG surface loading, when binuclear bidentate binding sites become scarce, a mon
odentate complex with protonated amino and phosphonate groups becomes prominent. Phosphate effectively 
decreases PMG adsorption and contributes to its enhanced mobility. The resulting CD model provides a quan
titative and mechanistic description of PMG adsorption to ferrihydrite, which can be used for improved pre
dictions of the environmental fate of PMG and its water removal effectiveness.
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1. Introduction

Glyphosate (N-phosphonomethyl glycine, PMG) is a chemically 
atypical pesticide due to its high polarity and multiple ionizable func
tional groups. Its adsorption to surfaces is consequently a complex 
process with multiple possible surface species, which all have multiple 
protonation states (Borggaard and Gimsing, 2008; Sprankle et al., 1975). 
Due to its size and flexibility, adsorbed glyphosate surface complexes 
can allocate their charges to multiple positions in the interface and 
correspondingly alter the electrostatic potential (Geysels et al., 2025b).

The phosphonate group of PMG is highly reactive to natural metal 
(hydr)oxides (Barja and Dos Santos Afonso, 2005; Sheals et al., 2002; 
Waiman et al., 2012), determining the adsorption of PMG and its envi
ronmental mobility (Borggaard and Gimsing, 2008; Ololade et al., 
2014). Despite its supposed immobility in soils, PMG contamination of 
surface and groundwater is widespread (Carretta et al., 2022; Peruzzo 
et al., 2008; Zhang et al., 2024). Recent findings further show urban use 
as a major source of PMG pollution of natural waters (Schwientek et al., 
2024), and conventional wastewater treatment plants appear to be 
ineffective in sufficiently removing of PMG (Botta et al., 2009; Hanke 
et al., 2010; Schwientek et al., 2024; Venditti et al., 2023). In these 
conventional plants, the main mechanism for PMG removal is via 
adsorption to iron minerals in the activated sludge, which are formed 
from iron salt additions (Poiger et al., 2020; Venditti et al., 2023).

Most research about the interaction of PMG with metal (hydr)oxides 
has focused on goethite (α-FeOOH) as it is the most ubiquitous crystal
line iron (hydr)oxide (Barja and Dos Santos Afonso, 2005; Dideriksen 
and Stipp, 2003; Geysels et al., 2025b; Jonsson et al., 2008; Sheals et al., 
2003, 2002; Waiman et al., 2016, 2013, 2012). However, in natural 
systems, poorly crystalline and nano-scale metal (hydr)oxides are often 
more important in determining the reactivity due to their high specific 
surface area (SSA) (Mendez et al., 2022, 2020).

The most prevalent non-crystalline iron (hydr)oxide in the environ
ment is ferrihydrite (Guo and Barnard, 2013). It is unstable in isolation 
as a precursor to crystalline iron (hydr)oxides, such as goethite, lep
idocrocite, and hematite, but is stabilized in the presence of phosphate 
(PO4) and natural organic matter (NOM) (Jambor and Dutrizac, 1998). 
This nano oxide material is considered to be a better proxy for the ion 
metal (hydr)oxide interaction in soils and sediments than goethite 
(Mendez et al., 2022, 2020). As a precursor to more crystalline iron 
(hydr)oxides, ferrihydrite is an important and highly reactive iron 
mineral formed after addition of iron salts in waste water treatment 
plants (Zhang et al., 2019), and the dominant iron mineral in ground
water treatment plants (Likus et al., 2021; Qu et al., 2019).

Nano-sized ferrihydrite has distinct adsorptive properties. For 
example, phosphate surface complexes show an enhanced protonation 
on ferrihydrite that is not observed for crystalline goethite (Hiemstra 
and Zhao, 2016). In addition, the crystal structure of ferrihydrite con
sists of a considerable amount of surface sites that can accommodate 
mononuclear bidentate complexation (Hiemstra, 2013), while on 
well-crystalized goethite, these sites are limited (Livi et al., 2023).

The number of studies about the PMG binding to ferrihydrite is 
limited (Gimsing and Borggaard, 2007; Li and Jaisi, 2019; Li et al., 2023; 
Pereira et al., 2019), and they lack a mechanistic description of the 
adsorption behavior. Furthermore, no attempts were made to scale the 
adsorption to the surface area, which is highly variable for poorly 
crystalline ferrihydrite (Mendez and Hiemstra, 2020a). In two of these 
works, the PMG adsorption to ferrihydrite was studied by attenuated 
total reflectance Fourier transformed infrared (ATR-FTIR) spectroscopy 
(Li et al., 2023; Pereira et al., 2019). The binding mode and protonation 
of the surface complexes remain speculative in the PMG surface speci
ation, while they are essential factors governing the pH and concen
tration dependency of the adsorption process.

While PMG binding to metal (hydr)oxides is strong in synthetic 
monocomponent systems, it may be different in natural systems due to 
the presence of important competitors that impact the partitioning of 

PMG. The two main competitors to metal (hydr)oxide sorption in the 
environment are NOM and PO4; for goethite, both have been observed to 
decrease PMG adsorption considerably (Arroyave et al., 2017, 2016; 
Day et al., 1997; Dideriksen and Stipp, 2003; Geysels et al., 2025a; 
Waiman et al., 2016).

The interaction of PMG and PO4 is of particular concern as PMG is 
heavily applied in conventional agriculture, often coinciding with high 
PO4 fertilizer inputs that may decrease the PMG adsorption in soils (De 
Gerónimo and Aparicio, 2022; De Jonge et al., 2001; Laitinen et al., 
2008; Munira et al., 2016). At the same time, as PMG can eventually 
degrade to PO4 (Sprankle et al., 1975; Sun et al., 2019). PMG application 
increases the phosphorus (P) status in soils (Hébert et al., 2019). This 
mutual interaction shows that competition with PO4 is essential to 
accurately assess the mobility of PMG in soils. Wastewater also contains 
high levels of PO4, as it is the primary reason for the iron salt addition to 
wastewater treatment sludge, and its competition to adsorption might 
contribute to the incomplete removal of PMG.

Surface complexation modeling (SCM) can be a valuable tool in 
describing, understanding, and predicting the adsorption of ions on 
metal (hydr)oxides. When rooted in a solid mechanistic background, it 
can describe and reliably predict the competition between different 
ionic species. Information about the surface speciation at the micro
scopic scale is then of great value, particularly in relation to the denticity 
and protonation state of surface complexes, as these important factors 
determine the interfacial distribution of charge and the corresponding 
electrostatic effects, controlling the pH and loading dependency of the 
adsorption and especially competition with other ions.

In the present study, we will use the charge distribution (CD) model 
as it has been successful in describing the adsorption of many oxyanions 
(PO4, AsO4, As(OH)3, CO3, Si(OH)4, B(OH)3; Hiemstra, 2018; Hiemstra 
and Zhao, 2016; Van Eynde et al., 2020) and metal cations (alkali earth 
ions, Zn, Cu; Mendez and Hiemstra, 2020b; Van Eynde et al., 2022) to 
ferrihydrite, as well as its competitive and cooperative interaction.

To improve our insights into the adsorption of PMG and its compe
tition with oxyanions, we will study the binding of PMG to ferrihydrite 
as a function of pH, surface loading, and different levels of PO4. With 
this, we will develop a model that describes the PMG surface speciation 
and corresponding interfacial electrostatic effects in a wide range of 
environmental conditions. The model development will be constrained 
by calculating the interfacial surface charge distribution by molecular 
orbital (MO) density functional theory (DFT) geometry optimization. 
These simulations will additionally be used to calculate theoretical 
infrared spectra of the surface species, which will be used to analyze 
literature spectroscopy data. The findings of each aspect of the PMG 
sorption process to ferrihydrite will be discussed, and in each section 
will be compared to PMG complexation to goethite (Geysels et al., 
2025b). Combined, we provide a quantitative, mechanistic under
standing of PMG binding to ferrihydrite, which will contribute to 
improved prediction of the availability, mobility, and transport of PMG 
in the environment.

2. Materials & methods

2.1. Ferrihydrite synthesis

Ferrihydrite was prepared as described by Mendez and Hiemstra 
(2020a). In short, 3.7 mM of Fe(NO3)3 was dissolved in 10 mM HNO3 
and neutralized stepwise with 20 mM NaOH until a pH of >6.0 was 
reached. This suspension was centrifuged for 45 min at 3500 g, followed 
by the removal of the supernatant and resuspension of the particles in 10 
mM NaNO3 to obtain a final concentration of ~2 g ferrihydrite l-1. The 
suspension was stirred for 24 h (final aging time) and purged with N2 
continuously to avoid the inference of atmospheric CO2.

Two ferrihydrite stocks were prepared for the monocomponent PMG 
and the PO4 competition adsorption experiments, respectively. From 
each stock, a sample of the ferrihydrite suspension was taken and 
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dissolved in 0.8 M H2SO4 to measure the total iron (Fe) content with 
inductively coupled plasma optical emission spectroscopy (ICP-OES).

The specific surface area (SSA) of our ferrihydrite was determined by 
using PO4 as a probe ion, as described before, since more traditional gas 
adsorption techniques require the drying of the products, which leads to 
irreversible aggregation of the individual ferrihydrite particles 
(Hiemstra et al., 2019; Mendez and Hiemstra, 2020a). Briefly, PO4 
adsorption experiments are carried out at 4 varying pH values parallel to 
the PMG adsorption experiments with the used ferrihydrite stock. The 

SSA is fitted as a single free parameter in the CD model for ferrihydrite to 
evaluate these using these PO4 adsorption data (Hiemstra and Zhao, 
2016). In this approach, a previously described set of relationships 
(Hiemstra et al., 2019; Mendez and Hiemstra, 2020a) was iteratively 
used to calculate consistently the particle size-dependent molar mass 
(Mnano) and density (ρnano), as well as the size-dependent capacitances 
C1,2 for the inner and outer Stern layer (Hiemstra and Zhao, 2016).

2.2. Adsorption experiments

Stock solutions of 0.79 mM and 1.27 mM PMG were prepared in 0.01 
M NaNO3, using glyphosate-isopropylamine provided by Bayer. Analysis 
of the stock solutions by liquid chromatography-tandem mass spec
troscopy (LC-MS/MS) revealed no other compounds in measurable 
amounts. In addition, solutions of 10 mM NaH2PO4, 10 mM HNO3, 10 
mM NaOH, and 10 mM NaNO3 were prepared.

For the monocomponent PMG adsorption experiments, pH envelope 
experiments were performed for systems with 8 different total PMG 
concentrations. In a 15 mL tube, the required volume of 0.79 mM PMG 
stock was combined with 0.5 mL of the ferrihydrite suspension, and pH 
was adjusted by adding appropriate volumes of 10 mM NaOH or 10 mM 
HNO3, determined in a pre-experiment to ensure a suitable pH range and 
distribution of the 10 datapoints within that pH range. The samples were 
adjusted to 10 mL total volume using 10 mM NaNO3 solution.

For the competition experiments, we used two total PO4 levels of 
0.05 mM and 0.1 mM PO4, selected to ensure PMG adsorption remained 
sufficiently high for accurate measurement. For each PO4 level, pH en
velope experiments were performed for four total PMG concentrations 
by combining 1.27 mM PMG stock, 10 mM PO4, and predetermined 
amounts of either 10 mM HNO3 or 10 mM NaOH with 0.5 mL of the 
ferrihydrite suspension, making up the final volume of 10 mL with 10 
mM NaNO3.

In all batch adsorption experiments, specific care was taken to avoid 
contamination with atmospheric CO2. The tubes were shaken for 24 h to 
reach a pseudo-equilibrium, after which they were centrifuged for 20 
min at 3500 g. No replicates were included, as the collection of data at 
different concentration and pH conditions is favored for surface 
complexation modeling.

For both the monocomponent and the competition experiment, 5 mL 
of the supernatant was taken and acidified to 0.14 M HNO3 for 
measuring total P with inductively coupled plasma-mass spectroscopy 
(ICP-MS). For the monocomponent PMG systems, this total P corre
sponds to the PMG in solution. For the competition experiments, PMG in 
solution was determined using LC-MS/MS, as described below. The 
concentration of PO4 in the equilibrium solution could not be measured 
directly (Guo et al., 2025), and was calculated by subtracting the PMG-P 
concentration from the total P (ICP-MS) in the solution. In addition to P, 
Fe was measured with ICP-MS to assess the centrifugation efficacy. The 
pH was measured in the remaining 5 mL of the suspension.

PMG does not degrade in the presence of ferrihydrite (Li and Jaisi, 
2019), and this was confirmed by the absence of transformation prod
ucts detected in the LC-MS/MS measurements of the supernatant.

2.3. LC-MS/MS methodology

PMG in the supernatants of the PO4 competition experiments was 
measured using a Shimadzu LC coupled with QTRAP 6500+ MS (Sciex). 
An anionic polar pesticide - hydrophilic interaction liquid chromatog
raphy (APP-HILIC) column was used (5 µm, 2.1 × 100 mm, Waters). 
Water and acetonitrile were used as the mobile phase, both containing 
0.9 % formic acid, starting at 10 % water with a linear increase to 85 % 
water in 4 min, which was subsequently held for 11 min. The flow rate 
was constant at 0.4 mL min-1 throughout, and the column was kept at 35 
◦C. The injection volume was 10 µL.

The mass spectrometer was operated in negative ionization mode 
using an electrospray ionization (ESI) interface, with a source 

Fig. 1. Percentage adsorbed PMG (a), PMG surface loading (b), and logarithm 
of the equilibrium concentration in solution (c) as a function of pH in mono
component PMG-ferrihydrite systems of 96 mg L-1 ferrihydrite (618 m2 g-1) with 
0.01 M NaNO3 as a background. Solid lines represent the model predictions 
using the parameters determined in this study (Table 1). Data points with 
excessive Fe concentration are not shown in (c) (see text).
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temperature of 550 ◦C and an ion spray voltage of − 4 kV. Samples were 
diluted between 1 and 500 times to be measurable within the linear 
range of the calibration series of < 0.1 µM. Measurement of the stock 
PMG solution showed that no other compounds were present in 
observable amounts.

2.4. CD-MUSIC modeling

The surface characteristics of ferrihydrite have been described by the 
multisite ion complexation (MUSIC) model before (Hiemstra and Zhao, 
2016), providing the surface sites and corresponding site densities. This 
model, based on the mineralogical bulk (Michel et al., 2010) and surface 
structure (Hiemstra, 2013), defines singly (–––FeOH-0.5), doubly 
(–––Fe2OH0), and triply (–––Fe3O-0.5) coordinated surface sites, with only 
the singly coordinated groups being able to engage in ligand exchange 
reactions. The model furthermore distinguishes between singly coordi
nated groups that can form mononuclear bidentate (edge-sharing) sur
face complexes (–––FeOH(a)-0.5) and surface groups that can form 
binuclear bidentate (double-corner) surface complexes (–––FeOH(b)-0.5), 
while both types of surface groups can form monodentate surface 
complexes. The corresponding site densities and surface reactions are 
provided in Table S1. In our modeling, the extended Stern model option 
was used to describe the compact part of the electrical double layer 
(Hiemstra and Van Riemsdijk, 2006).

Recently, X-ray absorption near edge structure (XANES) measure
ments (Li et al., 2023) confirm the formation of PMG innersphere 
complexes via the phosphonate group. In our modeling, we will distin
guish series of bidentate and monodentate binding modes with differ
ences in the protonation states of the -NH and -PO3 group. The 
corresponding formation reactions are: 

≡FeOH(a,b)− 0.5
+PMG3− (aq)+H+(aq)↔ ≡ FePMG− 2.5(a,b)+H2O (l)

(1) 

≡FeOH(a,b)− 0.5
+PMG3− (aq)+2H+(aq)↔ ≡FePMGH− 1.5(a,b)+H2O(l)

(2) 

≡FeOH(a,b)− 0.5
+PMG3− (aq)+3H+(aq)↔ ≡FePMGH− 0.5

2 (a,b)+H2O (l)
(3) 

2≡ FeOH(b)− 0.5
+PMG3− (aq)+2 H+(aq)↔ ≡Fe2PMG− 2(b)+2 H2O (l)

(4) 

2≡FeOH(b)− 0.5
+PMG3− (aq)+3H+(aq)↔ ≡Fe2PMGH− 1(b)+2H2O (l)

(5) 

2≡ FeOH(a)− 0.5
+PMG3− (aq)+2 H+(aq)↔ ≡ FePMG− 2(a)+2 H2O (l)

(6) 

2≡FeOH(a)− 0.5
+PMG3− (aq)+3H+(aq)↔ ≡FePMGH− 1(a)+2H2O (l)

(7) 

where PMG3- (aq) is the fully deprotonated PMG compound in solution. 
The surface complexes formed by the reactions are displayed in 
Figure S1, and the surface complexes formed by the above reactions Eqs. 
(1)–(7) will be referred to as M, MH, MH2, and B, BH, Edge-B, and Edge- 
BH, respectively.

The solution speciation and surface complexation reactions for PO4 
are from Hiemstra and Zhao (2016) (Tables S1 and S2), and the solution 
speciation reactions of PMG are from Geysels et al. (2025b) (Table S2).

2.5. MO/DFT geometry optimization and charge distribution

The geometries of hydrated clusters of PMG and Fe2(OH)6(OH2)4 
forming monodentate and binuclear bidentate complexes have been 
optimized previously with MO/DFT (Geysels et al., 2025b), but 
expanded here for the mononuclear bidentate (edge) complexes. The 
6–31+G** basis set and various functionals, i.e., B3LYP, EDF2, 
ωB97X-D, and ωB97X-V, were used.

The optimized geometries were used to derive the CD of the -PO3 
group by using the relative P-O bond lengths of the various complexes in 
the Brown bond valence approach (Brown and Altermatt, 1985). The 
resulting surface charge attribution was corrected for the dipole orien
tation of interfacial water (Hiemstra and Van Riemsdijk, 2006) to obtain 
the charge attribution coefficients Δz0.

In the modeling, the charge attribution of adsorbed PMG to the outer 
Stern plane (Δz2) is expected to be primarily determined by the common 
non-protonated carboxylate group. For this charge attribution, we used 
a common value for all complexes, which was fitted as a free parameter. 
The charge attribution to the inner Stern plane (Δz1) follows the charge 
balance equation Δz1 = Δztot - Δz0 - Δz2 (Hiemstra and Van Riemsdijk, 
2006) in which Δztot is the total added charge to the surface of the 
complex, equaling the sum of the charge of the reactants PMG3- and H+

in Eqs. (1)–(7).

2.6. Software and parameter optimization

The surface complexation model was implemented in ECOSAT v4.9 
(Keizer and Van Riemsdijk, 1998) combined with FIT v2.581 
(Kinniburgh, 1993) for parameter optimization. The affinity parameters 
of the surface complexes were fitted to the adsorption data, minimizing 
the difference between the calculated and measured percentage of PMG 
adsorption.

3. Results & discussion

3.1. PMG adsorption to ferrihydrite

The adsorption of PMG to ferrihydrite, displayed on a scale of per
centage adsorbed, the absolute PMG surface loading (Γ), and the loga
rithm of the solution concentration are shown in Fig. 1. The adsorption 
of PMG to ferrihydrite (point of zero charge = 8.1) shows a strong pH 
dependency, decreasing to nearly zero at pH > 9.5. The PMG surface 
loading shows a close to linear decrease with the increase of pH for total 
PMG that does not reach a nearly complete adsorption at low pH. This 
pH-dependency contrasts with the PMG sorption on goethite, where the 
increase in PMG surface loading diminishes with decreasing pH (Geysels 
et al., 2025b). A similar difference in the pH dependency is found for 
phosphate (Hiemstra and Zhao, 2016), which has been attributed to an 
enhanced protonation of the adsorbed PO4 species.

Measured Fe concentrations in the supernatant were lower than 0.5 
% of the total Fe. For 14 data points, the potential PMG loading on this 
remaining Fe contributed >1 % of the measured PMG. These points are 
removed from Fig. 1a.

3.2. PMG adsorption to ferrihydrite in competition with PO4

The results of the competitive adsorption experiments are shown in 
Figs. 2 and 3. At low pH, due to the high adsorption, 11 data points for 
dissolved PMG in Figs. 2a and 2b were below the limit of detection 
(LOD). The corresponding adsorption is given in Figs. 2c and 2d The LC- 
MS/MS methodology has an analytical variability of ~5 %, leading to 
several points in the high pH range with low PMG adsorption to be 
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Fig. 2. Percentage adsorbed PMG (a,b), PMG surface loading (c,d), and corresponding logarithm of the equilibrium concentration in solution (e,f) as a function of pH 
in the competitive systems with 101 mg L-1 ferrihydrite (569 m2 g-1) in a background of 0.01 M NaNO3 at two total PO4 levels (0.05 mM and 0.1 mM). Solid lines 
represent model predictions using the parameters derived in this study (Table 1). For reference, the dashed lines represent the model calculations for the systems 
without PO4. Data points below LOD are not shown in (e) and (f). Error bars are calculated assuming an uncertainty of 5 % on the measured PMG solution con
centration (absent error bars indicate the uncertainty is lower than the dot size of the symbols).
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measured as negative adsorption. These are consequently not shown in 
Fig. 2. Unremoved Fe in the supernatant did not contribute significantly 
to the solution P for the remaining data points.

Increasing PMG levels, logically, increase adsorbed PMG concen
trations (Figs. 2c and d), a trend that deviates from the series with the 
highest PMG and PO4 concentration (Fig. 2d, 0.47 mM purple circles). In 
addition, 5 datapoints in this series show negative adsorption (Fig. 2b). 
This deviation is likely due to experimental error. As model parameters 
obtained by fitting were not affected by the inclusion of this series, the 
data was not excluded for the final model parameterization.

The data for the dissolved PO4 in the competition systems are given 
in Fig. 3. In part of the competition experiments, low amounts of dis
solved PO4 cannot be quantified as these values follow experimentally 
from the difference between total P (ICP-MS) and P-PMG (LC-MS/MS), 
where the latter cannot be determined better than 5 %. Consequently, 
low concentrations of PO4 are overshadowed by relatively large values 
for dissolved PMG. The data in Figs. 3a and 3b are solely from the two 
experiments with the lowest PMG concentrations.

PMG concentrations in surface- and pore waters are typically ~10–6 – 
10–7 in or near intensive agricultural areas (Mencaroni et al., 2023; 
Peruzzo et al., 2008). This range is included in the lower end of our 
experiments. Due to the selected PO4 levels, the PO4 concentration range 
in our experiments is significantly lower than in environmental systems. 
However, the impact of PO4 at these levels is significant and measurable, 
and the mechanistic nature of the developed surface complexation 
model (see Final CD modeling) ensures it is applicable to conditions 
outside of the data used for calibration.

3.3. Initial CD modeling

In general, the pH dependency of the adsorption of charged species 
strongly depends on the location of the charge in the interface, partic
ularly the charge attributed to the surface (Δz0). In addition, the pro
tonation of the reactive ligands of the surface species controls the pH 
dependency. The concentration dependency and electrostatic competi
tion of the adsorption is strongly regulated by the net charge outside the 
surface, particularly the charge in the 1-plane (Δz1). Only an appro
priate combination of charge attribution allows a simultaneous 
description of both phenomena using a physically realistic set of surface 
species.

In our approach, parameter estimation for PMG was performed using 
Δz0 values derived from the geometries optimized with MO/DFT. The 
charge distribution outside the surface can be found by fitting the model 
to our experimental data, assuming a common value for Δz2 determined 

by the ligand distribution of the -COO- group (Geysels et al., 2025b). The 
value of Δz1 has multiple contributions, i.e., from the -PO3 group as well 
as the protonation of the -NH and/or -PO3 group, and its value follows 
from the charge balance as described in Materials and Methods.

In an initial attempt, we parameterized the CD model solely using the 
monocomponent adsorption data (Fig. 1), with the logK for each surface 
species and a common Δz2 as freely variable parameters. It provided a 
good fit, suggesting the surface complexes MH, MH2, B, and BH 
(Table S3), similar to those for goethite, without the need to consider the 
formation by edge-sharing complexes. These obtained parameters were 
applied to predict the competitive adsorption data, with PO4 adsorption 
parameters from Hiemstra and Zhao (2016). However, this prediction is 
unsatisfactory (Figure S2), and PMG sorption in competition with PO4 
was underpredicted. This result demands another strategy to parame
terize the model.

For PMG in the monocomponent systems (Fig. 1), the value fitted for 
Δz2 (− 0.46 ± 0.20, Table S3) is less negative than found for goethite 
(− 0.74) (Geysels et al., 2025b). A less negative Δz2 value leads to more 
negative charge in the 1-plane, i.e., lower Δz1 values. The under
prediction of PMG sorption in the competitive systems implies that 
glyphosate experiences a too strong electrostatic repulsion from adsor
bed PO4 ions, where the 1-plane is most important for electrostatic 
competition. Therefore, the common Δz2 for PMG must be more nega
tive than suggested by the initial approach, as this would lead to less 
negative Δz1 values and, consequently, less electrostatic repulsion be
tween PO4 and PMG.

3.4. Final CD modeling

As the PO4 competition could not be sufficiently well predicted with 
the model parameterized solely using the monocomponent data, we 
included the PMG-PO4 competition data. This revealed a surface speci
ation of B, BH, and MH2 (Table 1). As shown with the model lines in 
Figs. 1 and 2, an excellent description was achieved for both data sets 
(with the exception of the deviating 0.47 mM glyphosate level at 0.10 
mM PO4, purple series).

3.5. PMG surface speciation

The PMG surface speciation of ferrihydrite as a function of pH and at 
two different PMG levels was calculated with the parameters in Table 1. 
The results given in Fig. 4 illustrate a strong dominance of the bidentate 
surface complexes. This is particularly true for systems with low surface 
loading (Figs. 4c and 4d). Some doubly protonated monodentate 

Fig. 3. Logarithm of the solution concentration of PO4 measured in the competitive PMG-PO4 systems of Fig. 2 containing 0.03 mM and 0.12 mM PMG in the 
presence of 0.05 mM (a) or 0.10 mM PO4 (b), respectively. Solid lines represent the model predictions using the parameters derived for the monocomponent systems 
(Table 1). For reference, the dashed lines represent the model calculations for the systems without PMG. The effect of PMG on the PO4 concentration is significantly 
smaller than that of PO4 on the PMG adsorption, illustrating the stronger competition of PO4 to PMG compared to vice-versa. Data points below LOD are not shown. 
Error bars are calculated assuming an uncertainty of 5 % on the measured PMG solution concentration (absent error bars indicate the uncertainty is lower than the 
dot size of the symbols).
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complex formation (MH2) is found at low pH and high loading. At these 
conditions, the bidentate surface complexes account for up to ~2 µmol 
m-2 or occupy ~ 2.4 sites nm-2, close to full saturation of the double 
corner sites (site density of –––FeOH(b) = 2.8 nm-2).

This speciation contrasts with the PMG surface speciation on 
goethite, where although bidentate binding is also dominant, mono
dentate binding modes are present throughout the pH and concentration 
range (Geysels et al., 2025b). It suggests that bidentate binding modes 
are favored on ferrihydrite and that these complexes outcompete mon
odentate modes, leading to the presence of some MH2 only at low pH 
and only in systems with a high loading. As these conditions create 
negative electrostatic potential in the 1- and 2-planes, protonation of 
MH to MH2 is promoted.

The domination of bidentate species is likely due to the enthalpic 
energy release of creating an additional Fe-O-P bond, which apparently 
exceeds the entropic energy cost of forming a double-corner complex. 

Since the B and MH complexes are equivalent in proton coadsorption, 
one can interpret their formation as a theoretical M complex which 
adsorbs an additional proton. Here, we can speculate that the free en
ergy release of forming a bidentate, by adsorption of the proton to the 
surface and releasing a water molecule, is higher than the energy release 
from protonation of the amino group of the M species. In other words, 
the energy release from the formation of the bidentate bridge will 
exceed the difference in proton affinities of the neighboring –––FeOH 
group and the amino group of a M complex. While the proton affinity of 
the latter is unknown, as the species is not detected for either goethite or 
ferrihydrite, the proton affinity of the amino group for glyphosate in 
solution is ~10.8, while for a bidentate surface complex on goethite, the 
same proton affinity is ~8.2 (Geysels et al., 2025b) as the negative 
charge of PMG is partly neutralized by the Fe-O-P binding; the proton 
affinity of the amino group for a monodentate complex will likely be in 
between these two values. On the other hand, the proton affinity of a 

Table 1 
Fitted logK values (± standard error) and CD coefficients for the PMG surface complexation of ferrihydrite using both the percentage adsorbed PMG from the 
monocomponent systems (Fig. 1a) and competitive systems (Figs. 2a and 2b). (RMSE = 4.68, r2 

= 0.98).

Complex Name Reaction Δz0* Δz1
# Δz2 Δztot log K

–––Fe2PMG(b) B Eq. (4) 0.69 − 0.71 (±0.04) − 0.98 (±0.04) − 1 24.32 (±0.11)
–––Fe2PMGH(b) BH Eq. (5) 0.75 0.23 (±0.04) − 0.98 (±0.04) 0 32.17 (±0.05)
–––FePMGH2(a,b) MH2 Eq. (3) 0.41 0.57 (±0.04) − 0.98 (±0.04) 0 28.94 (±0.21)

* Calculated from MO/DFT geometry optimization.
# Calculated from the charge balance Δz1 = Δztot - Δz0 - Δz2.

Fig. 4. Surface speciation and corresponding relative contribution of the surface species for PMG adsorbed to in 96 mg L-1 ferrihydrite (618 m2 g-1) systems with 0.01 
M NaNO3 as a background, calculated using the parameters of Table 1, for a total PMG concentration of 0.63 mM (a, b) or 0.04 mM (c, d).
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–––FeOH group of goethite is reported as ~7.3 (Zhang et al., 2021), while 
for ferrihydrite, this value is ~8.0 (Hiemstra, 2013). This indicates that 
the protonation, and subsequent ligand exchange and water release, is 
more favorable for ferrihydrite than for goethite, which could explain 
the even stronger dominance of PMG bidentate binding modes for the 
former.

In addition to the chemical affinity of the formation reaction, elec
trostatics also affect the speciation. Monodentate and bidentate com
plexes have significantly different CD coefficients for plane 0 and 1, 
which will affect the adsorption of the species and in turn change the 
electrostatic potential of the planes. Assessing the impact is complicated, 
as the potential of the individual planes affect each other, and further
more affect the adsorption of other ions (e.g. protons), which further 
modify the electrostatic potential of one or more planes. The overall 
effect of these differences in CD coefficients might have the effect of 
favoring bidentate complexes over monodentate complexes in general, 
and specifically at high pH.

3.6. Proton affinity of the surface complexes

Fig. 4 illustrates the importance of the protonation of the bidentate 
PMG species. The protonation of the surface complexes is essential for 
describing the adsorption of PMG to ferrihydrite. The protonation re
action B + H+ (aq) ↔ BH with logKH = 7.9 ± 0.2 concerns the proton
ation of the amino group of PMG. This value is comparable to the value 
found by modeling for goethite (logKH = 8.2 ± 0.5) (Geysels et al., 
2025b).

The protonation of the monodentate surface complexes (MH+H+(aq) 
↔ MH2) refers to the -PO3 group. For goethite, we found a proton af
finity constant of logKH=5.3 for this reaction. Using this value to 
calculate a theoretical binding affinity of the MH species for ferrihydrite 
of logK=25.6. When this complex is added to our CD model, a consid
erable contribution of this species is predicted. This indicates that for 
ferrihydrite, the proton affinity of the monodentate surface complex 
must be higher and, correspondingly, the binding affinity MH must be 
lower, otherwise, the contribution of the singly protonated MH surface 
complex would be found with modeling. This higher logKH value will 
transform MH into MH2, making the MH species minor or absent, and 
unresolvable in the modeling. A higher proton affinity for -PO3 bound to 
ferrihydrite fits in the general trend of relatively high proton affinities 
for oxyanion surface complexes bound to ferrihydrite compared to the 
same complexes for goethite (Hiemstra and Zhao, 2016). By contrast, 
the logKH for the bidentate complex is not different for ferrihydrite and 
goethite, but this concerns the protonation of the amino group of PMG 
situated further away on the molecular chain, where it does not directly 
interact with the metal (hydr)oxide surface.

3.7. Spectroscopy

Spectroscopic studies of glyphosate adsorption to ferrihydrite are 
scarce and only provide information for a limited pH and concentration 
range (Li et al., 2023; Pereira et al., 2019). In addition, ferrihydrite 
properties are notably dependent on the preparation protocol, storage 
and post-synthesis treatment. Here, we note that Pereira et al. (2019)
lyophilized the ferrihydrite after synthesis, and Li et al. (2023) stored 
their ferrihydrite suspension for an unreported amount of time, after 
which the suspension was deposited on a ZnSe crystal and air-dried for 
the FTIR measurements. These treatments promote crystal growth, 
leading to a lower SSA, and can affect the primary surface charge and 
point-of-zero-charge of the mineral (Mendez and Hiemstra, 2020a), 
which in turn affects the speciation of adsorbed ions. This yields an exact 
comparison of our reported surface speciation to the literature reported 
FTIR spectra impossible. Nevertheless, some qualitative insights can be 
obtained.

Pereira et al. (2019) reported FTIR spectra for lyophilized ferrihy
drite with adsorbed PMG samples at a likely surface loading of 0.5–2 

µmol m-2 for pH 2–6. Near ~1400 cm-1, the invariant vibrational band 
can be attributed to the symmetric -COO stretching that indicates the 
absence of considerable protonation of the carboxylate group (Geysels 
et al., 2025b). A reasonable consistent vibrational band is observed at 
~1600 cm-1. This band can be assigned to asymmetric -COO stretching 
but is influenced by the protonation of the amino group (Sheals et al., 
2002). The spectra of Pereira et al. (2019) show no indication of a 
deprotonating amino group in the pH range 2–6, which is in line with 
our modeling (Figs. 4a and 4b).

Li et al. (2023) reported on the phosphonate range (900–1200 cm-1) 
of the PMG spectra at pH 5 and 9 in 0.01 M NaCl for an equilibrium 
concentration of 50 mg l-1, equivalent to a surface loading of ~3 and 
~0.3 µmol m-2

, respectively, as calculated for our fresh ferrihydrite. The 
spectra at pH 5 and 9 are remarkably similar, showing major peaks at 
~980 cm-1, ~1055 cm-1, ~1125 cm-1. Minor peaks are observed at 
~950 cm-1, ~1020 cm-1, ~1090 cm-1, and ~1150 cm-1. These are 
assigned to two components, of which one is dominant (~75 %). The 
authors speculated that the corresponding dominant surface species was 
monodentate, however, our surface speciation (Figs. 4a and 4b) shows 
the dominant species to be a bidentate, while the minor surface species 
could be a monodentate or a bidentate in a different protonation state.

Relative to the major component observed by Li et al. (2023), the 
frequencies of the minor one are shifted to higher wavenumbers by ~30 
cm-1. According to our MO/DFT frequency calculations, the wave
lengths for BH are typically 20–30 cm-1 higher than the equivalent 
wavelengths for the B complexes, while the wavelengths of both MH and 
MH2 are a further ~30 cm-1 higher (Figure S3). This supports our 
CD-MUSIC modeling result that bidentate surface complexes are the 
major species on ferrihydrite. Providing our reported surface speciation 
(Fig. 4) the FTIR spectrum at pH 9 would suggest the major bands can be 
assigned to B and the minor bands to BH, while the spectrum at pH 5 
rather suggests the major bands could be assigned to BH and the minor 
bands to MH2. We therefore hypothesize that the synthesis and 
post-treatment of the ferrihydrite of Li et al. (2023) yielded a mineral 
with sufficiently distinct charging properties from our ferrihydrite, 
which significantly affects the ratio of B and BH complexes. Another 
possibility is that the crystallization of the ferrihydrite of Li et al. (2023)
during storage and drying yielded a mineral with goethite-like proper
ties, which exhibits a rather constant ratio of a dominant BH and minor 
MH complex throughout the pH range of 5–9 (Geysels et al., 2025b).

For ferrihydrite, the dominant species has three major well- 
developed -PO3 bands, of which the middle one is at ~1055 ± 10 cm- 

1. This band is also found for glyphosate bound to goethite (Barja and 
Dos Santos Afonso, 2005; Orcelli et al., 2018; Sheals et al., 2002; Yan 
and Jing, 2018), but there it is less intense and obscured by other con
tributions (MH and B) on either side. Our MO/DFT calculations suggest 
three peaks for the BH surface complex. These peaks are related to the 
stretching of the -P = O double bond, and the asymmetric υas(P-OFe) and 
symmetric υ(P-O stretching), which can be positioned after scaling at 
~1130 cm-1, ~1060 cm-1, and ~980 cm-1, respectively (Figure S3). The 
MH species similarly has three peaks, but these are shifted to higher 
wavenumbers (Δ ~ 30 cm-1).

3.8. Interfacial charge distribution of PMG complexes

As discussed above, the charge distribution of PMG over the 1- and 2- 
plane depends on the chosen fitting strategy. A more negative Δz2 value 
is found when the PMG-PO4 competition data are included. By inten
tionally adding different levels of PO4, the electrostatic double layer 
potentials can be varied, allowing a better resolution of the CD co
efficients. Without PO4, the variation of the Stern layer potentials is 
solely due to the variation in the PMG surface loading.

Our final Δz2 value of − 0.98 (Table 1) suggests a full contribution of 
the carboxylate charge to the outer Stern plane, which can be under
stood from the dominance of the bidentate complexes having a structure 
perpendicularly bound to the surface (Figure S1). The -COO- group can 
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effectively enter the second Stern layer. Monodentate complexes can 
bind in a more oblique conformation (Figure S1) and the interfacial 
ligand distribution of the -COO- group may differ, contributing less 
charge to the 2-plane. In that case, the average value of Δz2 will depend 
on the mono- to bidentate surface complex ratio. This could explain the 
lower value of Δz2 found for goethite (− 0.74) compared to ferrihydrite 
(− 0.98), as the former oxide has relatively more monodentate complex 
formation. Unfortunately, differentiating between Δz2 values for mon
odentate and bidentate binding modes cannot resolve this due to an 
excess of free parameters.

4. Conclusion

In this study, we developed and parameterized a surface complexa
tion model for glyphosate binding to the nano-oxide ferrihydrite parti
cles. In the parameterization of the model using only monocomponent 
glyphosate adsorption data, we encountered the limitations of this 
method for complex compounds with multiple ionizable functional 
groups, coinciding with increasing numbers of freely fitted parameters. 
However, this limitation was overcome by including competitive 
adsorption data. In our study, phosphate was included as a competitor 
and shown to be crucial in controlling the sorption of glyphosate in 
environmental systems, and likely leading to incomplete removal of 
glyphosate in conventional wastewater treatment. In addition, the 
oxyanion also acted to intentionally change the electrostatic double 
layer potential profile of the ferrihydrite systems, allowing an improved 
parameterization of the charge distribution coefficients of the surface 
complexes, thus distinguishing between chemical and electrostatic 
contributions to the adsorption.

We found that glyphosate primarily binds as a bidentate complex of 
which the amino group can protonate (logKH = 7.9). Monodentate 
binding of glyphosate is only prominent at high surface loadings and low 
pH, when surface sites for bidentate sorption become scarce. In these 
conditions, glyphosate binds via a monodentate surface complex with 
protonated amino and phosphonate group.

The surface speciation of glyphosate on ferrihydrite shows differ
ences to its speciation to goethite, extending our understanding of the 
distinct properties of nano-sized ferrihydrite. Similar to the earlier ob
servations, for ferrihydrite, we found enhanced protonation of the li
gands directly interacting with the surface. For glyphosate, this results in 
the absence of a non-protonated monodentate species at the ferrihydrite 
interface. In contrast, the ligands that do not directly interact with the 
surface show similar protonation affinities for ferrihydrite and goethite.

Our parametrized CD model provides a mechanistic and quantitative 
understanding of the surface speciation and interfacial electrostatics of 
glyphosate bound to ferrihydrite. The surface speciation was supported 
by literature FTIR spectra, which were analyzed using MO/DFT calcu
lated theoretical spectra of the surface species. Our model is directly 
usable for environmental applications and provides a generic descrip
tion of the sorption and fate of glyphosate in soils and sediments, using 
ferrihydrite as a proxy.
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