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1. Microbiële dehalogenering van chlooraromaten in waterbodems resulteert in een 
relatief geringe verandering van de chemische structuur van deze 
verontreinigingen, met daarentegen grote milieuhygiënische consequenties. 

2. Bij de prognose van de toekomstige waterbodemkwaliteit met behulp van modellen 
wordt veelal ten onrechte de microbiële omzetting buiten beschouwing gelaten. 

3. De berekening van de invloed van verontreinigde baggerspecie op de 
grondwaterkwaliteit over een termijn van 10.000 jaar, zoals vereist bij de aanleg 
van speciedepots, verliest aan betekenis als men bedenkt dat 10.000 jaar geleden 
de ijstijd eindigde. 

Beleidsstandpunt Verwijdering Baggerspecie, Tweede Kamer stuk nr. 23 450, 1993. 

4. Omvangrijke saneringen van de waterbodem van de grote nederlandse 
sedimentatiebekkens, gebaseerd op modelleringen van "worst-case" stofgedrag, 
behoeft, gezien de hoge saneringenkosten, een tussenstap: het vaststellen van het 
feitelijk gedrag van verontreinigingen in de betreffende waterbodem qua 
afbreekbaarheid en verspreiding naar de omgeving. 

5. Bij natuurontwikkelingsprojecten in verontreinigde uiterwaarden blijken de toxische 
stoffen vooralsnog meer problemen te veroorzaken bij beleidsmakers dan bij de 
zich ontwikkelende natuur. 

Creemers, R.C.M. 1991. Amfibieën in uiterwaarden. 

6. Milieuchemisch procesonderzoek bij rijksinstituten, waarin de afstand tussen 
laboratorium- en veldsituatie wordt overbrugd, is essentieel voor een adequaat 
milieubeleid en kan vooralsnog niet geheel door universiteiten worden ingevuld. 

7. Overgaan tot uitvoering van milieubeleid is midden negentiger jaren een paars 
devies; de beperkte middelen maken prioritering noodzakelijk en vereisen een 
afwegingskader dat de traditionele grenzen tussen de milieucompartimenten water, 
bodem en lucht wegneemt en het rendement van ingrepen inzichtelijk maakt. 

8. Het onttrekken en reinigen van verontreinigd grondwater is geen saneringstechniek, 
maar een isolatie- of beheerstechniek. 

9. Het inzicht dat verdeling van arbeid realistischer is dan het streven naar 100.000-
den nieuwe arbeidsplaatsen moet nog groeien. 

10. Het hoger aandeel tweelinggeboorten in Flevoland ten opzichte van de Veluwe, 
onderstreept de vruchtbaarheid van de polderbodem. 

Tas, R.F.J., 1990. Meerlinggeboorten regionaal bezien. CBS Mndstat. bevolk. 

Stellingen behorend bij het proefschrift "Microbial transformation of chlorinated 

aromatics in sediments", J.E.M. Beurskens, Wageningen, 13 juni 1995. 
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General introduction 

CHAPTER 1 

GENERAL INTRODUCTION 

Pollutants may enter the aquatic environment directly as aqueous emissions or indirectly 

via atmospheric deposition or runoff from urban and agricultural areas. Chemicals that are 

not readily degraded may be further dispersed, and become of particular concern if they 

exert toxic effects. Examples of such compounds are hexachlorbenzene, polychlorinated 

biphenyls and chlorinated dioxins. These hydrophobic chlorinated aromatics have a 

tendency to associate with organically rich phases such as suspended solids and biological 

tissues. In downstream stretches of rivers the suspended solids with the associated 

pollutants settle, leading to an accumulation of pollutants in the river bed. Many man-made 

chlorinated aromatics are now identified as priority pollutants that disturb ecological 

systems and pose a direct threat to human health if aquatic organisms are consumed or 

polluted water is used as drinking water. 

Three main waterways, the rivers Rhine, Meuse and Scheldt, enter the North Sea from the 

Netherlands. These rivers drain a highly industrialized part of northwestern Europe. In the 

downstream areas of these three rivers enormous quantities (> 100 million m3) of highly 

polluted sediments have been deposited during the last five decades. On the basis of the 

elevated levels in sediments and accumulation in organisms, chlorinated aromatic 

compounds are generally considered to be highly persistent in the aquatic environment. 

The concentrations of chlorinated aromatics frequently exceed the environmental quality 

objectives, a reason for the development of an extensive sediment dredging, treatment and 

confined disposal policy in the Netherlands. On the other hand, chlorinated aromatic 

compounds have been found to be transformed microbially under anaerobic conditions in 

laboratory studies (Tiedje et al., 1987). Indications that these reactions are not restricted to 

laboratory incubations, but also occur in polluted sediments were first reported for PCBs in 

the Hudson River (US) (Brown et al., 1987). Knowledge on the long-term fate of 

hydrophobic organic pollutants is of great importance for the assessment of the impact of 

pollution episodes on human health and ecosystems. However, insight into microbial 
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transformations of halogenated aromatics in Dutch polluted anaerobic sediments was 

lacking. Moreover, extrapolation of the findings from the Hudson River to Dutch sediments 

is complicated, since site-specific conditions determine whether microbial reactions occur. 

For example, PCB concentrations in Rhine sediments are much lower than the 

concentrations in Hudson sediment. The aim of this research was to verify whether 

microbial transformations of chlorinated aromatics occur in Dutch sediments and, if so, to 

characterize and quantify the reactions. 

Chapter 1 provides information on chlorinated aromatics in sediments and describes 

general aspects of microbial transformation. The research questions and thesis outline are 

presented in the last section. 

Anthropogenic chlorinated aromatic compounds: structures, sources and toxicities 

Four compound groups were selected to study microbial transformation reactions in 

sediments: chlorinated benzenes (CBs), polychlorinated biphenyls (PCBs), polychlorinated 

dibenzo-p-dioxins (PCDDs) and polychlorinated dibenzofurans (PCDFs). These compound 

groups as a whole or representatives of these groups have been classified by the 

European Community as priority pollutants (Jones and Wild, 1991); they also were listed 

as priortity pollutants by the Rhine border states (IKSR, 1989). 

The chemical structure of benzene is given in Fig. 1.1. Each numbered carbon atom may 

contain a chlorine atom. Depending on the number of chlorine atoms and their place on 

the ring, twelve chlorinated isomers can be distinguished within the compound group of 

chlorinated benzenes. CBs were or are still used as industrial solvents, dielectric fluids, 

deodorants, pesticides and chemical intermediates. In addition, CBs may be produced 

unintentionally as waste products of the chemical manufacture of, for example, chlorinated 

aliphatics (Evers, 1989) or in aluminium foundries (Vogelgesang et al., 1986). The higher 

chlorinated benzenes in particular tend to accumulate in biota (Oliver and Niimi, 1983). 

CBs have a nonspecific, narcotic mode of toxic action in fish (Van Leeuwen et al., 1990). 

Polychlorinated biphenyls are manufactured by chlorination of biphenyl (Fig. 1.1), which 

results in technical mixtures containing a given chlorine content. For example, Aroclor 1254 

and Clophen A 30 contain 54 and 42% chlorine, respectively (de Voogt et al., 1990). 

Theoretically 209 different PCB congeners exist but only a few dozen are abundant. 

Commercial production of PCBs in the United States started in 1929. The world production 

reached a maximum in the early 1960s, when PCBs became widely used as dielectric 

fluids, heat transfer fluids, hydraulic fluids, plasticizers and flame retardants. More than 
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2x109 kg have been produced worldwide (Tanabe, 1988). Because of elevated levels found 

in a range of environmental samples and their suspected toxicity, their industrial use in 

much of Europe and the US has been restricted since the mid-1970s (Rapaport and 

Eisenreich, 1988). PCBs accumulate in biota due to their hydrophobicity. Various toxic 

effects are associated with PCBs and include, for example, adverse reproductive effects in 

fish-eating mammals and birds (Reijnders, 1986; Boon et al., 1987; van den Berg et al., 

1994; Kubiak et al., 1989) and carcinogenicity (Silberhorn et al., 1990). The toxicity of 

PCBs depends on the place of the chlorines on the biphenyl molecule. Congeners with 

none or only one ortho, two para, and two or more meta chlorines, resemble 2,3,7,8-

tetrachlorodibenzo-p-dioxin (see below) in their biological and toxic effects (Safe, 1990). 

Although these so-called non-ortho and mono-ortho congeners were present at trace levels 

in the original PCB mixtures (Hong et al., 1993), they are now considered to be mainly 

responsible for the toxicity associated with PCBs (de Voogt et al., 1990). 

Opposite to the CBs and PCBs, that were produced commercially, chlorinated dibenzo-p-

dioxins (PCDDs) and dibenzofurans (PCDFs) are formed as unintentional by-products in a 

variety of combustion and chemical manufacturing processes (Evers et al., 1993). 

Examples are the incineration of municipal and chemical wastes, fossil fuel combustion, 

and industrial production of chlorinated aliphatics and aromatics. The total number of 

possible PCDD- and PCDF-congeners is 75 and 135, respectively (Fig. 1.1). 

Chlorobenzenes 

CBs 

Polychlorobi phenyls 

PCBs 

3 2 6' 5' 

5 6 2' 3' 

Polychlorodibenzo-p-dioxins 

PCDDs 

Polychlorodibenzofurans 

PCDFs 

Fig. 1.1. Chemical structures and numbering of carbon atoms that may contain chlorine atoms in four classes of 
chlorinated aromatics. 
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The congeners with the highest acute toxicity are those having 4 to 6 chlorine atoms and 

all 2,3,7, and 8 positions substituted (Safe, 1990). These congeners induce a wide range 

of toxicological effects (mortality, reduced reproduction) as well as a number of 

biochemical and physiological responses (Kimbrough and Jensen, 1989). Biochemical 

effects include induction of cytochrome P450-dependent mono-oxygenases and effects on 

the regulation of vitamin A (Brouwer et al., 1989; van der Weiden et al., 1993). 

Chlorinated aromatic compounds in sediments 

Sediment pollution data from industrialized areas were selected from the literature. Studies 

that describe a widespread sediment pollution, preferably not related to a single emitter, 

were chosen to demonstrate the ubiquitous character of chlorinated aromatics in 

sediments. Sampling and analytical methods varied per site; the values have therefore 

been presented to give only an indication of the concentrations at different sites. Emissions 

of chlorinated aromatics showed maximum levels in the 1960s and 1970s. Contemporary 

emissions for hexachlorobenzene and PCBs reach levels close to those in the mid-1940s 

(Alcock et al., 1993; Jones et al., 1992; Rapaport and Eisenreich, 1988). In order to 

summarize recent pollution levels in sediments, a selection of concentrations of chlorinated 

aromatics in sediment top-layers has been made from the literature since 1980. However, 

this does not exclude the possibility of reporting contamination levels of several decades 

ago. Surficial sediments may reflect earlier levels due to changes in sedimentation and 

erosion patterns. 

There have been relatively few reports on the lower chlorinated benzene concentrations in 

contaminated sediments. However, those available indicate that contamination levels of 

dichlorinated benzenes are generally the highest within this compound group and reach up 

to several hunderds of ^g/kg (Table 1.1). 1,4-Dichlorobenzene shows the highest 

concentrations for the listed locations; 1,2,3-tri- and 1,2,3,4-tetrachlorobenzene the lowest 

concentrations. Hexachlorobenzene concentrations in sediments are more frequently 

reported (e.g. Watanabe et al., 1986) and concentrations are generally below the 100 

ng/kg level (Table 1.1). 
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Table 1.1. Mean concentrations of chlorinated benzenes in surficial sediments (ng/kg d.w.). 

Chlorobenzene 

mono-

1,2-di-

1,3-dl-

1,4-di-

1,2,3-tri-

1,2,4-tri-

1,3,5-tri-

1,2,3,4-tetra-

1,2,3,5-tetra-

1,2,4,5-tetra-

penta-

hexa-

Hamburg 
Harbor' 
(n=32) 

111 

132 

539 

5 

84 

54 

6 

3 

8 

5 

92 

Elbe 
River2 

(n=8) 

355 

249 

181 

536 

5 

54 

13 

5 

11* 

6 

50 

Locations 

Lake 
Ketelmeer3 

(n=5) 

220 

110 

210 

2 

70 

50 

5 

2 

20 

10 

40 

Scheldt 
River4 

(n=4) 

21 

18 

62 

6 

43 

1 

6 

<dl 

<dl 

3 

23 

Lake 
Ontario5 

(n=11) 

11 

74 

94 

7 

94 

60 

33 

6 

52 

32 

97 

'Hamburg Harbor (Germany) is located in the downstream area of the Elbe River, data from Götz et al., 1990b. 

2Sampling points mainly upstream of Hamburg Harbor; samples consisted of bed sediment and sediment 
chamber material, data from Götz et al., 1993. 
3Lake Ketelmeer (The Netherlands) is a downstream sedimentation area of the Rhine River, sediment 
deposited around 1985, data from Beurskens et al., 1994. 
4Data from Oliver and Niool, 1982. 
Suspended solids, sampled in 1987-1989, data from van Zoest and van Eck, 1991. 
*Sum of 1,2,3,5- and 1,2,4,5-tetrachlorobenzene. 

Since PCB contamination levels can be expressed as concentrations of the individual 

congeners as well as total concentrations of specific commercial mixtures (Aroclor, 

Clophen), comparisons of contamination levels are complicated. The concentrations of six 

individual PCB congeners, generally reported in European studies (i.e. 2,4,4'-

trichlorobiphenyl (PCB 28), 2,2',5,5'-tetrachlorobiphenyl (PCB 52), 2,2',4,5,5'-

pentachlorobiphenyl (PCB 101), 2,2',3,4,4,,5'-hexachlorobiphenyl (PCB 138), 2,2'4,4',5,5'-

hexachlorobiphenyl (PCB 153), and 2,2',3,4,4',5,5'-heptachlorobiphenyl (PCB 180)), are 

listed in Table 1.2. To what extent these six congeners represent the total PCB 

concentration in sediments depends on the original mixtures used and the possible 

changes in PCB composition due to differences in environmental behaviour of the 

individual congeners. The selected congeners are major constituents of PCBs generally 

detected in the environment. An estimation of total PCB concentrations was obtained by 

assuming that the sum of the six congeners represents 20% of the total PCB 

concentration. In the US, PCB contamination is generally reported as the total PCB 
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concentration of a specified Aroclor mixture. Environmental concentrations of non-ortho 

and mono-ortho PCBs are still seldomly reported and therefore not included in Table 1.2. 

There are no systematic differences in the concentrations of the individual congeners in 

sediments listed in Table 1.2. Total PCB concentrations in sediments are generally around 

or below the 1000 ng/kg level at the northwestern European locations (Table 1.2). On the 

other hand, PCB concentrations in some American rivers equal or exceed the 10,000 

jig/kg level. The US rivers mentioned in Table 1.2 have a widespread and high PCB 

contamination that makes these river sediments 1-2 orders of magnitude more 

contaminated than sediments from rivers and lakes in northwestern Europe (Table 1.2) and 

sediments from other rivers in the US (Dennis, 1976). 

Table 1.2. Mean concentrations of polychlorinated biphenyls (PCBs) in surficial sediments (ng/kg d.w.) 

PCBs 

28 

52 

101 

138 

153 

180 

Z6PCB 

totalPCBs* 

Hamburg 
Harbor' 
(n=32) 

507 

2,535 

Elbe 
River2 

(n=6) 

15 

29 

14 

18 

14 

3 

93 

465 

Lippe 
River3 

(n=16) 

47 

35 

20 

16 

36 

12 

166 

830 

Locations 

Lake 
Ketelmeer4 

(n=18) 

52 

44 

39 

34 

34 

21 

224 

1,120 

Scheldt 
River5 

4 

7 

10 

18 

15 

10 

64 

320 

Lake 
Ontario6 

(n=38) 

17 

25 

27 

15 

25 

13 

122 

570 

Hudson 
River7 

(n=97) 

10,000 

Sheboyg. 
River8 

(n=20) 

150,000 

'Data from Götz et al., 1990b. 
2Sampling locations mainly downstream of Hamburg Harbor, samples consisted of suspended solids, data from 
Sturm and Qandrass, 1988. 
3The Lippe River (Germany) is a tributary of the Rhine River, data from Friege et al., 1989. 
4Lake Ketelmeer (The Netherlands) is a downstream sedimentation area of the Rhine River, data from Winkels 
et al.. 1993. 
'Concentration in suspended solids, collected in the period 1984-1991, 5% organic carbon content; B. van Eck, 
Tidal Waters Devision, Rijkswaterstaat, Middelburg, The Netherlands, personal communication. 
eData from Oliver and Niimi; 1988, total PCB concentration is the sum of 67 identified congeners. 
'Total PCB measured as Aroclor 1242, data from Bopp et al., 1981. 
'Sheboygan River, total PCB measured as Aroclor 1248, data from Blasland et al., 1992. 
"Total PCBs = 5x26PCBs 

Sediment pollution with PCDDs and PCDFs has been frequently reported in recent years 

but, unfortunately, the information has been expressed in many different ways (sum of 

homologues, toxicity equivalences, etc.), not always allowing the reconstruction of the 
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concentrations of the individual toxic congeners. Generally, the concentrations of the highly 

toxic, less chlorinated dioxins and furans are 1-2 orders of magnitude below the 

concentrations of the hepta and octachlorinated isomers (Table 1.3). 

Table 1.3. Mean concentrations of polychlorinated dibenzo-p-dioxins 
dibenzofurans (PCDFs) in surficial sediments (ng/kg d.w.) 

(PCDDs) and polychlorinated 

PCDD/Fs 

Hamburg 
Harbor' 

(n=5) 

375 

77 

100 

386 

560 

1906 

7560 

86 

328 

126 

587 

250 

21 

78 

1378 

267 

2712 

Locations 

Elbe 
River2 

(n=8) 

2 

3 

5 

26 

24 

771 

4156 

70 

109 

24 

210 

180 

9 

20 

1391 

124 

5933 

Lake 
Ketelmeer3 

(n=5) 

10 

<10 

10 

10 

40 

300 

3600 

35 

35 

12 

80 

45 

<10 

23 

390 

50 

3500 

Scheldt 
Estuary" 

(n=2) 

<4 

<6 

2 

6 

6 

66 

372 

13 

11 

9 

15 

11 

3 

8 

85 

<8 

245 

dioxins 
2,3,7,8-tetra-
1,2,3,7,8-penta-
1,2,3,4,7,8-hexa-
1,2,3,6,7,8-hexa-
1,2,3,7,8,9-hexa-
1,2,3,4,6,7,8-hepta-
octa-

furans 
2,3,7,8-tetra-
1,2,3,7,8-penta-
2,3,4,7,8-penta-
1,2,3,4,7,8-hexa-
1,2,3,6,7,8-hexa-
1,2,3,7,8,9-hexa-
2,3,4,6,7,8-hexa-
1,2,3,4,6,7,8-hepta-
1,2,3,4,7,8,9-hepta-
octa-

'Data from Götz et al., 1990a. 
2Data from Götz et al., 1993. 
3Lake Ketelmeer (The Netherlands) is a downstream sedimentation area of the Rhine River, sediment 
deposited around 1985, data from Beurskens et al., 1994. 
"Downstream area of the Scheldt, data from Evers et al., 1993. 

Naturally occurring halogenated organic compounds 

It is apparent that the contribution of humans to the pool of halogenated compounds is 

exerting a major impact on the environment. However, this contribution should be set 

against the background of natural abiotic (Symonds et al., 1988) and biotic production 

(Petty, 1971; Lovelock, 1975; de Jong et al., 1994). Natural sources such as forest fires 



8 Chapter 1 

and decomposition of seaweed release 10 to 100 times more chloromethane than that 

manufactured by the chemical industry (Leisinger, 1983). The chemical diversity of 

naturally occurring halogenated compounds is impressive (Fig. 1.2). Some commercially 

important chlorinated antibiotics are produced by bacteria, for example, Chlortetracycline 

and chloramphenicol (Neidleman, 1975). Common wood- and forest litter-degrading fungi 

produce chlorinated anisyl metabolites (Fig. 1.2). These compounds occur in the 

environment at concentrations up to 180 mg/kg dry weight (De Jong et al., 1994). 

Chlorinated anisyl metabolites can be detoxified by microbial mineralization and 

incorporation into humus (de Jong et al., 1994). Besides these detoxification reactions, 

microbial metabolism of chlorinated anisyl metabolites may result in potentially more toxic 

compounds, for example, chlorinated dioxins, as recently postulated by de Jong et al. 

(1994). The presence of dioxins in the environment may therefore not be of exclusive 

anthropogenic origin. The production of chlorinated dioxins from chlorophenols during 

wastewater treatment and composting suggests a similar mechanism (Öberg et al., 1993). 

Chlortetracycline 
• CONH2 

OH O O H " " 0 
OHl 

"©-' chloramphenicol q,N - ^ ))- CHOH - C - H 

CHjOH 

NH-CO-CHCI2 

CKpH 

3,5-dichloro-
anisyl alcohol 

Chloroform 

1 1 C l A ^ c i 
OCH3 

CHCI3 

Fig. 1.2. Structures of some chlorinated metabolites produced by microorganisms. 
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The presence of natural halogenated compounds in the environment, in many instances as 

agents produced to inhibit the growth of competing or pathogenic species, acts as a major 

selective pressure for the evolution of detoxification mechanisms. This may be exemplified 

by the biodehalogenation of 2,4-dichlorophenol observed in marine sediments that contain 

natural sources of halophenols produced as bactericidal agents (King, 1986; King, 1988). 

The early exposure to natural haloaromatic and aliphatic substrates resulted in the 

evolution of organisms capable to metabolize those compounds. There is little doubt that 

this is important factor in determining the fate of both natural and anthropogenic 

halogenated substances in the environment. 

Microbial transformation 

The transformation of chemical compounds by the action of living microorganisms is one of 

the major processes determining the fate of organic chemicals in aquatic and terrestrial 

environments. Microorganisms play a major role in the degradation of chemicals because 

of their abundance, species diversity, catabolic versatility and high metabolic activity 

(Alexander, 1981). Furthermore, microbial degradation is unique in contrast to 

nonbiological processes, such as hydrolysis or photochemical degradation, in that 

mineralization, or the complete conversion of organic compounds to inorganic products 

(H20, HCl, C02, or CH4), is almost always due to microbial activity. This does not always 

occur; however, processes may be restricted to transformation reactions in which only 

small structural changes in the substrate take place. Nevertheless, these transformation 

reactions may be of great environmental significance if the toxicity or the reactivity of the 

compound is affected. 

Microbial transformation of organic pollutants in the environment is influenced by many 

factors that can be grouped into three classes: compound properties, and microbial and 

environmental factors. The impact some of these factors have, will be mentioned briefly. 

These aspects are discussed in more depth in a number of reviews (Klecka, 1985; Mohn 

and Tiedje, 1992; Neilson, 1990; Wilson and Jones, 1993). 

Compound properties like molecular size and structure determine the susceptibility of a 

compound for microbial attack. The aqueous solubility determines the availability of a 

compound for microbial uptake. Chlorinated aromatics are hydrophobic and tend to sorb to 

sediments, such that only a small fraction of the compound may actually be in the water-

phase. It is generally assumed that freely dissolved substrates are readily available for 

microorganisms. Consequently, mass transport and desorption from sediment may limit the 
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overall degradation rate, as recently demonstrated for the aerobic biodégradation of a-

hexachlorocyclohexane in soil slurries (Rijnaarts et al., 1990). Microbial factors include 

aspects like species composition and microbial densities in a specific environment. In 

polluted environments the degradation capabilities of the native populations may be more 

diverse and degradation rates higher than in unpolluted environments, as demonstrated for 

polycyclic aromatic hydrocarbon degradation (Heitkamp and Cerniglia, 1987). 

Environmental factors that affect microbial transformation are, for example, pollutant 

concentration, redox potential, temperature and pH. Substrate concentration generally 

influences the rate of metabolic reactions, and is therefore of particular significance. At 

extreme high or low concentrations anomalies may exist. High concentrations of pollutants 

may be toxic even to the organisms which can metabolize them. At low concentrations a 

threshold may exist below which rates of biotransformation are extremely slow or non­

existent (Hoover et al., 1986). The presence or absence of molecular oxygen determines 

the activity of microbial communities with distinct metabolic pathways (Zehnder & 

Svensson, 1986). Consequently, anaerobic microbial populations may have degradative 

abilities that are not found in aerobic microbes. 

Microbial transformation of chlorinated aromatics under anaerobic conditions 

Higher chorinated aromatic compounds that have been released into waterways are largely 

resistant to biotic and abiotic transformation reactions in the aerobic water column. Finally, 

these compounds partition into aquatic sediments due to their hydrophobic properties. Only 

a thin sediment layer (maximally a few cm) at the sediment-water interphase in most 

eutrophic rivers and lakes in northwestern Europe contains oxygen. In the deeper layers 

oxygen is depleted and anaerobic conditions prevail. Under these conditions, reductive 

transformations (i.e. reactions that involve the transfer of electrons to the substrate) may 

occur. These reactions can be catalyzed by anaerobic bacteria using the halogenated 

compounds as external electron acceptors. This makes reductive dehalogenation 

potentially a very important transformation reaction for halogenated aromatic compounds in 

sediments. Four reaction types in which reductive processes are involved can be 

distinguished (Holliger, 1992). The first reaction, the hydrogenolysis, replaces a halogen 

substituent in a molecule with a hydrogen atom (Fig. 1.3). Removal of alkyl and aryl 

halogens has been demonstrated to occur by this process. The next three reaction types 

have been found for the removal of alkyl halogens only. Since halogenated aliphatic 

compounds were not considered in this research, these reaction types are only mentioned 
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briefly. The second reaction type is a vicinal reduction, also known as dihalo-elimination. 

This reaction encompasses the removal of two halogen substituents from adjacent carbon 

atoms and the formation of a double bond between the carbon atoms (Fig. 1.3). The third 

type is a coupling and may occur when free radicals are present. The fourth type, a 

hydrolytic reduction, involves the formation of a carbenoid followed by hydrolysis (Holliger, 

1992). 

Reductive dehalogenation has been demonstrated in the laboratory in recent years for a 

variety of halogenated aromatic compounds, like chlorinated benzoates, phenols, 

benzenes, anilines and biphenyls (Mohn and Tiedje, 1992, including references cited). 

Most of these studies were conducted with undefined sediment slurries or enriched mixed 

cultures obtained from freshwater sediments, indicating the microbial potential to mediate 

these reactions in polluted sediments. 

2H HCl 
CI 

M^o, 

C I > = < C I 

C\ X I 

CI CI 
I I 

CI — c — c — CI 
I I 

CI CI 

2H HCl 

2e_ 2Cr 

CI 

CI 

CI 

CI 

6. 
;c = c: 

;c = c: 

,H 

X I 

,ci 

x i 

Fig. 1.3. Examples of reductive dechlorination reaction types: aryl hydrogenolysis of 1,2,3-trichlorobenzene to 
1,3-dichlorobenzene (A); alkyl hydrogenolysis of tetrachloroethylene to trichloroethylene (B), and alkyl 
dihaloelimination of hexachloroethane to tetrachloroethylene (C). 

Research questions and outline of this thesis 

The presence of polychlorinated benzenes, biphenyls, dibenzo-p-dioxins and furans in 

sediments is generally interpreted as evidence for a long-term persistence. On the other 

hand, laboratory studies indicate significant microbial dechlorination of chlorinated 

benzenes and biphenyls under anaerobic conditions. In addition, in situ dechlorination of 
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polychlorinated biphenyls has been demonstrated in polluted sediments in the US. On the 

basis of structural similarities between chlorinated biphenyls and chlorinated dibenzo-p-

dioxins, microbially mediated dechlorination of the latter compound group is expected to be 

possible. The question then arises: To what extent are chlorinated aromatics subject to 

microbial dechlorination in the polluted, anaerobic sediment layers in the Netherlands? 

The presumed long-term persistence of chlorinated aromatics in sediments is rarely 

verified quantitatively. Recent environmental policies, however, are based on the 

assumption of an absolute persistence of these priority pollutants even if time scales of 

centuries are applied, for example, in risk assessments of pollutant dispersal from 

sediments. In fact, the time period that these chemicals are in the environment has been 

restricted to the last 3 to 4 decades. Thus extrapolation periods in environmental models 

exceed the period that these compounds are actually present in the environment many 

times. Taking into account that analytical techniques and research methodologies to study 

the environmental behaviour of chlorinated aromatics have become fully available only 

since the early 1980s, we must appreciate the high uncertainty of these modelled results. 

In this research the microbial dechlorination of chlorinated aromatics (CBs, PCBs, PCDDs 

and PCDFs) in polluted anaerobic sediments has been studied in detail. A dual approach 

was used, in which both field and laboratory studies were essential to verify the occurrence 

of in situ microbial dechlorination. The following research questions will be addressed in 

this thesis: 

Are there any indications that dechlorination of chlorinated aromatics in anaerobic 

sediment layers occurs in the Netherlands and, if so, what are the dechlorination 

rates? 

Are the native, anaerobic microbial populations capable of mediating dechlorination 

reactions; which reactions take place and what are the products? 

Does a general reaction pattern in dechlorination reactions exist and can it be 

rationalized? 

What are the consequences, from an environmental point of view, of a possible in 

situ microbial dechlorination in sediments? 

Chapter 2 describes the levels of some chlorinated biphenyls, dioxins, furans and other 

priority pollutants in dated sediment cores from Lake Ketelmeer, a sedimentation area of 

the Rhine River. The persistence of the chlorinated aromatics was verified with the aid of 

stored sediment top-layer samples collected in 1972. The same approach was applied to 

construct profiles of chlorinated benzenes (Chapter 3). In addition, sediment incubations 

were conducted to verify the dechlorination capabilities of the anaerobic microbial 

populations towards hexachlorobenzene. In Chapter 4 it is shown that an anaerobic 
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enrichment culture from Lake Ketelmeer sediment preferentially mediates the 

thermodynamic most profitable chlorobenzene dechlorinations. The same enrichment 

culture was incubated with several toxic PCB congeners and selective dechlorination 

(Chapter 5), in agreement with a selective disappearance observed in the sediment cores 

(Chapter 2),was demonstrated. Dechlorination of a model dioxin, 1,2,3,4-tetrachloro-

dibenzo-p-dioxin by the same enrichment from Lake Ketelmeer sediment is shown in 

Chapter 6. From an estuarine sediment (Delfzijl harbour) a hexachlorobenzene 

dechlorinating microbial population was obtained under sulfate-reducing conditions 

(Chapter 7). In Chapter 8 the toxicological consequences and implications for 

environmental policies are discussed for in situ PCB dechlorination. Finally, in Chapter 9 

the results obtained in the preceding chapters are discussed in relation to recent data from 

the literature. Estimates for half-lives of chlorinated aromatics in sediments, which may 

provide a helpful overview for modelling the fate of chlorinated aromatics in sediments, are 

listed. With the aid of thermodynamics a first attempt is made to rationalize the selectivity 

in dechlorination reactions. Prospects for biological treatment technologies that include 

reductive dehalogenation are briefly discussed. 

References 

Alcock, R.E., A.E. Johnston, S.P. McGrath, M.L. Berrow, K.C. Jones, 1993. Long-term changes in the 
polychlorinated biphenyl content of United Kingdom soils. Environ. Sei. Technol., 27, 1918-1923. 

Alexander, M., 1981. Biodegradation of chemicals of environmental concern. Science 211, 132-138. 

Beurskens, J.E.M., H.J. Winkels, J. de Wolf, C.G.C. Dekker, 1994. Trends of priority pollutants in the Rhine 
during the last 50 years. Water Science and Technology, 29, 77-85. 

Berg, M. van den, B.L.H.J. Craane, T. Sinnige, S. van Mourik, S. Dirksen, T. Boudewijn, M. van der Gaag, I.J. 
Lutke-Schipholt, B. Spenkelink, A. Brouwer, 1994. Biochemical and toxic effects of polychlorinated biphenyls 
(PCBs), dibenzo-p-dioxins (PCDDs) and dibenzofurans (PCDFs) in the cormorant (Phalacrocorax carbo) after in 
ovo exposure. Environ. Toxicol. Chem., Environ. Toxicol. Chem., 13, 803-816. 

Blasland & Bouck Engineers, 1992. Sheboygan river and harbour biodégradation pilot study work plan. Internal 
Report. 

Boon, J.P., P.J.H. Reijnders, J. Dols, P. Wensvoort, M.T. Hillebrand, 1987. The kinetics of individual 
polychlorinated biphenyl congeners in female harbour seals (Phoca vitulina), with evidence for structure related 
metabolism. Aq. Toxicol., 10, 307-324. 

Bopp, R.F., H.J. Simpson, CR. Olsen, N. Kostyk, 1981. Polychlorinated biphenyls in sediments of the tidal 
Hudson River, New York. Environ. Sei. Technol., 15, 210-216. 

Brouwer, A., P.J.H. Reijnders, J.H. Koeman, 1989. Polychlorinated biphenyl (PCB)-contaminated fish induces 
vitamin A and thyroid hormone deficiency in the common seal (Phoca vitulina). Aquat. Toxicol., 15, 99-106. 

Brown, J.F. Jr., R.E. Wagner, H. Feng, D. Bedard, M.J. Brennan, J.C. Carnahan, R.J. May, 1987. Environmental 



14 Chapter! 

dechlorination of PCBs. Environ. Toxicol. Chem. 6, 579-593. 

Dennis, D.S., 1976. Conf. Proc. National Conference of Polychlorinated Biphenyls 1975. 

Evers, E.H.G., 1989. The formation of polychlorinated dibenzofurans, polychlorinated dibenzo-p-dioxins and 
related compounds during oxy-hydrochlorination of ethylene. Technical report MTC/89EE. University of 
Amsterdam, Amsterdam, The Netherlands. 

Evers, E.H.G., H.J.C. Klamer, R.W.P.M. Laane, H.A.J. Govers, 1993. Polychlorinated dibenzo-p-dioxin and 
dibenzofuran residues in estuarine and coastal North Sea sediments: sources and distribution. Environ. Toxicol. 
Chem., 12, 1583-1598. 

Friege, H., W. Stock, J. Alberti, A. Poppe, I. Juhnke, J. Knie, W. Schiller, 1989. Environmental behaviour of 
polychlorinated mono-methyl-substituted diphenyl-methanes (Me-PCDMs) in comparison with polychlorinated 
biphenyls (PCBs). II Environmental residues and aquatic toxicity. Chemosphere, 18, 1367-1378. 

Götz, Ft., E. Schumacher, L.O. Kjeller, P.-A. Bergqvist, C. Rappe, 1990a. Polychlorierte dibenzo-p-dioxine 
(PCDDs) und polychlorierte dibenzofurane (PCDFs) in sedimenten und fischen aus dem Hamburger Hafen. 
Chemosphere, 20, 51-73. 

Götz, R., E. Schumacher, K. Roch, W. Specht, R.D. Weeren, 1990b. Chlorierte kohlenwasserstoffe (CKWs) in 
Hamburger hafensedimenten. Vom Wasser, 75, 393-415. 

Götz, R., P. Friesel, K. Roch, O. Päpke, M. Ball, A. Lis, 1993. Polychlorinated-p-dioxins (PCDDs), dibenzofurans 
(PCDFs), and other chlorinated compounds in the river Elbe: results on bottom sediments and fresh sediments 
collected in sedimentation chambers, Chemosphere, 27, 105-111. 

Heitkamp, M.A., CE . Cerniglia, 1987. Effects of chemical structure and exposure on the microbial degradation of 
polycyclic aromatic hydrocarbons in freshwater and estuarine ecosystems. Environ. Toxicol. Chem., 6, 535-546. 

Holliger, C , 1992. Reductive dehalogenation by anaerobic bacteria. Thesis Agricultural University Wageningen, 
The Netherlands. 

Hong, C.-S, B. Bush, J. Xiao, H. Qiao, 1993. Toxic potential of non-ortho and mono-ortho coplanar 
polychlorinated biphenyls in Aroclors, seals, and humans. Arch. Environ. Contam. Toxicol., 25, 118-123. 

Hoover, D.G., G.E. Borgonovi, S.H. Jones, M. Alexander, 1986. Anomalies in mineralization of low concentrations 
of organic compounds in lake water and sewage. Appl. Environ. Microbiol., 51, 226-232. 

IKSR, 1989. 10. Rheinministerkonferenz, Brussels, 29-30 November 1989. 

Jones, K.C., G. Sanders, S.R. Wild, V. Burnett, A.E. Johnston, 1992. Evidence for a decline of PCBs and PAHs 
in rural vegetation and air in the United Kingdom. Nature, 356, 137-140. 

Jones, K.C., S.R. Wild, 1991. Organic chemicals entering agricultural soils in sewage sludges: screening for their 
potential to transfer to crop plants and livestock. Foundation for Water Research Report no. FR0169, Water 
Research Centre, Medmenham, UK. 

Jong, E. de, J.A. Field, H.-E. Spinnler, J.B.P.A. Wijnberg, J.A.M, de Bont, 1994. Significant biogenesis of 
chlorinated aromatics by fungi in natural environments. Appl. Environ. Microbiol. 60, 264-270. 

Kimbrough, R.D., A.A. Jensen, 1989. Halogenated biphenyls, terphenyls, naphthalenes, dibenzodioxins and 
related products. Elsevier, Amsterdam. 

King, G.M., 1986. Inhibition of microbial activity in marine sediments by a bromophenol from hemichordate, 
Nature, 323, 257-259. 

King, G.M., 1988. Dehalogenation in marine sediments containing natural sources of halophenols. Appl. Environ. 
Microbiol., 54, 3079-3085. 



General Introduction 15 

Klecka, G.M., 1985. Biodegradation, In: Environmental exposure from chemicals, Vol. I, W. Brock Neely and G.E. 
Blau (Eds.), CRC Press Inc. Boca Raton, Florida, pp 109-155. 

Kubiak, T.J., H.J. Harris, LM. Smith, T.R. Schwartz, D.L. Stalling, J.A. Trick, L Sileo, D.E. Docherty, T.C. 
Erdmann, 1989. Microcontaminants and reproductive impairment of the Forster's tern on Green Bay, Lake 
Michigan. Arch. Env. Contam. Toxicol., 18, 706-727. 

Leeuwen, C.J. van, D.M.M. Adema, J. Hermens, 1990. Quantitative structure-activity relationships for fish early 
life stage toxicity. Aquat. Toxicol., 16, 321-334. 

Leisinger, T., 1983. Microorganisms and xenobiotic compounds. Experientia, 39, 1183-1191. 

Lovelock, J.E., 1975. Natural halocarbons in the air and in the sea, Nature, 256, 193-195. 

Mohn, W.W., J.M. Tiedje, 1992. Microbial reductive dehalogenation. Microbiol. Rev., 56, 482-507. 

Neidleman, S.L., 1975. Microbial halogenation. CRC Crit. Rev. Microbiol., 5, 333-358. 

Neilson, A.H., 1990. The biodégradation of halogenated organic compounds, a review. J. Appl. Bacteriol., 69, 
445-470. 

Öberg, L , R. Andersson, N. Wagman, C. Rappe, 1993. Formation of polychlorinated dibenzo-p-dioxins and 
dibenzofurans from chloroorganic precursors in activated sewage sludge and garden compost. Presented at the 
International Conference on Naturally Produced Organohalogens, 19 to 24 September 1993, Delft, The 
Netherlands. 

Oliver, B.G., K.D. Nicol, 1982. Chlorobenzenes in sediments, water, and selected fish from lakes Superior, Huron, 
Erie, and Ontario. Environ. Sei. Technol., 16, 532-536. 

Oliver, B.G., A.J. Niimi, 1983. Bioconcentration of chlorobenzenes from water by rainbow trout: correlations with 
partition coefficients and environmental residues. Environ. Sei. Technol., 17, 287-291. 

Oliver, B.G. and A.J. Niimi, 1988. Tropodynamic analysis of polychlorinated biphenyl congeners and other 
chlorinated hydrocarbons in Lake Ontario ecosystem. Environ. Soi. Technol., 22, 388-397. 

Petty, M.A., 1961. An introduction to the origin and biochemistry of microbial halometabolites. Bact. Rev., 25, 
111. 

Rapaport, R.A., S.J. Eisenreich, 1988. Historical atmospheric inputs of high molecular weight chlorinated 
hydrocarbons to eastern North America. Environ. Sei. Technol., 22, 931-941. 

Reijnders, P.J.H., 1986. Reproductive failure in common seals feeding on fish from polluted coastal waters. 
Nature, 324, 456-457. 

Rijnaarts, H.H.M., A. Bachmann, J.C. Jumelet, A.J.B. Zehnder, 1990. Effect of desorption and intraparticle mass 
transfer on the aerobic biomineralization of alpha-hexachlorocyclohexane in a contaminated calcareous soil. 
Environ. Sei. Technol., 24, 1349-1354. 

Safe, S. 1990. Polychlorinated biphenyls (PCBs), dibenzo-p-dioxins (PCDDs), dibenzofurans (PCDFs), and 
related compounds: environmental and mechanistic considerations which support the development of toxic 
equivalency factors (TEFs). Crit. Rev. Toxicol. 21, 51-88. 

Silberhorn, E.M., H.P. Glauert, L.W. Robertson, 1990. Carcinogenity of polyhalogenated biphenyls: PCBs and 
PBBs. Crit. Rev. Toxicol., 20, 439-496. 

Sturm, R., J. Gandrass, 1988. Verhalten von schwerflüchtigen Chlorkohlenwasserstoffen an Schwebstoffen des 
Elbe-ästuars. Vom Wasser, 70, 265-280. 

Symonds, R.B., W.l. Rose, M.H. Reed, 1988. Contribution of Cl- and F bearing gases to the atmosphere by 
volcanoes. Nature, 334, 415-417. 



16 Chapter 1 

Tanabe, S., 1988. PCB problems in the future: foresight from current knowledge. Environ. Pol. 50, 5-28. 

Tiedje, J.M., S.A. Boyd, B.Z. Fathepure, 1987. Anaerobic degradation of chlorinated aromatic hydrocarbons. Dev. 
Indus. Microbiol. 27, 117-127. 

Vogelgesang, J., K. Kypke-Hutter, R. Malisch, P. Binneman, W. Dietz, 1986. The origin of a contamination of fish 
from the river Neckar with hexachlorobenzene, octachlorostyrene and pentachlorobenzene: Formation in an 
industrial process. II The formation of contaminants in the degassing of an aluminium foundry with chlorine. Z. 
Lebensm. Unters. Forsch. 182, 471-474. 

Voogt, P. de, D.E. Wells, L Reutergardh, U.A.T. Brinkman, 1990. Biological activity, determination and 
occurrence of planar, mono- and di-ortho PCBs. Intern. J. Environ. Anal. Chem. 40, 1-46. 

Watanabe, I., T. Kashimoto, R. Tatsukawa, 1986. Hexabromobenzene and its debrominated compounds in river 
and estuary sediments in Japan. Bull. Environ. Contam. Toxicol., 36, 778-784. 

Weiden, M.E.J, van der, H.J.H. Tibosch, R. Bleumink, T.L. Sinnige, C. van de Guchte, W. Seinen, M. van den 
Berg, 1993. Cytochrome P450 1A induction in the common carp (Cyprinus carpio) following exposure to 
contaminated sediments with halogenated polyaromatics. Chemosphere, 27, 1297-1309. 

Wilson, S.C., K.C. Jones, 1993. Bioremediation of soil contaminated with polynuclear aromatic hydrocarbons 
(PAHs): a review. Environ. Pollut, 81, 229-249. 

Winkels, HJ. , J.P.M. Vink J.E.M. Beurskens, S.B. Kroonenberg, 1993. Distribution and geochronology of priority 
pollutants in a large sedimentation area, River Rhine, The Netherlands. Applied Geochem., Suppl. Issue, 2, 95-
101. 

Zehnder, A.J.B., B.H. Svensson, 1986. Life without oxygen: what can and what cannot? Experientia 42, 1197-
1205. 

Zoest, van R., G.T.M. van Eck, 1991. Occurrence and behaviour of several groups of organic micropollutants in 
the Scheldt estuary. The Science of the Total Environment, 103, 57-71. 



Geochronology of priority pollutants 17 

CHAPTER 2 

GEOCHRONOLOGY OF PRIORITY POLLUTANTS IN A SEDIMENTATION AREA OF 

THE RHINE RIVER 

J.E.M. Beurskens, G.A.J. Mol, H.L. Barreveld, B. van Munster and H.J. Winkels 

ABSTRACT 

Eight sediment cores were taken from Lake Ketelmeer, a sedimentation area of the Rhine 

River, located in the central part of the Netherlands. Priority pollutants (8 metals, 6 planar 

and mono-ortho polychlorinated biphenyls, 7 polychlorinated dibenzo-p-dioxins, 10 

polychlorinated dibenzofurans and 8 polycyclic aromatic hydrocarbons) were determined in 

all or in a selected number of cores. Present-day and historical levels of pollutants since 

the late 1930s were established through the use of radionuclide time tracers (137Cs, 134Cs) 

and area-specific geological time markers. Postdepositional redistribution of pollutants and 

possible transformations were evaluated by analyzing sediment top-layer samples that were 

taken in 1972. Disappearance in the anaerobic sediment was observed for several 

chlorinated biphenyls, dioxins, and furans. Disappearance of the chlorinated compounds 

may be caused by microbial dechlorination reactions in the anaerobic lake sediment. For 

the persistent metals and polycyclic aromatic hydrocarbons as well as for the somewhat 

changed concentrations of chlorinated aromatics, trends in the concentration profiles during 

the last five decades are described. Rather low concentrations of almost all studied 

chlorinated compounds were observed in the early 1940s. These low levels were in 

contrast to the metal and PAH concentrations, which were already high in the late 1930s 

and were lowered during the second world war. For all studied compounds, maximum 

concentrations were found between 1955 and 1975. Cadmium and nickel levels remained 

high until 1980. The highly toxic 2,3,7,8-tetrachlorodibenzo-p-dioxin reached concentrations 

up to 400 ng/kg in the mid 1960s. Recently deposited sediments showed lower pollutant 

levels. The levels of lead, arsenic, and all studied PAHs were the lowest observed in the 

past five decades. 
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INTRODUCTION 

A wide range of chemical substances, including heavy metals, radionuclides, 

polychlorinated biphenyls (PCBs), polychlorinated dibenzo-p-dioxins (PCDDs), 

polychlorinated dibenzofurans (PCDFs), and polycyclic aromatic hydrocarbons (PAHs) can 

be detected in natural aquatic environments. These pollutants originate from a variety of 

direct and indirect sources. The high affinity of these pollutants for particles within the water 

column results in relatively high pollution levels of the suspended solids. Where stream 

velocities decrease, for example in the lower stretches of rivers, the suspended solids settle 

with the associated pollutants. Once delivered to the bottom sediments, particle and 

pollutant burial will be affected by resuspension and bioturbation. Sediment mixing by 

zoobenthos at the sediment-water interface may lower pollutant concentration peaks and 

distribute pollutants vertically, as can be observed in sediment cores from areas with high 

biological activity and relatively low sedimentation rates [1]. Other processes such as 

molecular diffusion, transport with infiltrating water, and biotransformation of the organic 

pollutants, may also alter the input history of a pollutant recorded in the sediment profile. 

Dated sediment cores have the potential for providing detailed chronologies of pollutant 

input as long as bioturbation, molecular diffusion, transport with water and biotrans­

formation are (or may be considered to be) negligible. Based on dated sediment cores, the 

depositional history of metals, PCBs, PCDDs, PCDFs, and PAHs has been documented for 

the North American Great Lakes [2-5]. On the other hand, information on the pollution 

history of European rivers and lakes is relatively scarce. For the Rhine River, which drains 

a large industrialized area in Europe, no extensive sediment core studies are available. 

Only for a limited period did water-quality monitoring programs provide some historical 

information. These programs started at the end of the 1970s and became fully equipped 

during the 1980s. Decreasing concentrations of many priority pollutants in Rhine water 

have been observed since [6]. However, the maximum levels and their periods of 

occurrence in the past remain unknown. These high levels may still exist in deeper 

sediment layers of sedimentation areas. The objectives of the present study are to quantify 

the pollution levels of sediments in a sedimentation area of the Rhine River that have been 

deposited during the last 50 years, and to verify the occurrence of post-depositional 

transport and transformation processes that may change the pollution levels in the 

sediment. 

The Rhine, one of the major European rivers, has a drainage basin that covers large areas 

of Switzerland and Germany and smaller areas of Austria, France, Belgium, Luxemburg, 

and the Netherlands (Fig. 2.1). In the Netherlands several side branches can be 
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distinguished in the lower course of the Rhine before it reaches the North Sea. The 

northern Rhine branch, the Ussel River, flows to Lake Ketelmeer. No specific point sources 

of pollutants are known along the Ussel River and Lake Ketelmeer. The geological history 

of the lake is well documented. It was created as the indispersable outlet for the Ussel 

water between two polders, that were reclaimed from Lake Usselmeer between 1930 and 

1960. Since the completion of the lake in the early 1950s, it has acted as a major 

sedimentation area for the entering Ussel water. 

In the present study, concentration profiles were constructed for numerous priority 

pollutants in Lake Ketelmeer sediment. The cores contained sediment layers from the late 

1930s onward. The possible influences of molecular diffusion, contaminant transport with 

infiltrating water, biotransformation, and bioturbation on the pollutant profiles were 

evaluated in the following manner: (a) Top-layer samples from 1972 were analyzed with 

present-day techniques. If pollutant levels of these samples fit in the constructed profile^, 

no serious alterations have occurred in the sediment, (b) Pollutant levels were determined 

in the originally unpolluted sea bottom directly beneath the recently deposited sediment. 

Elevated levels of pollutants in these layers would indicate the occurrence of downward 

pollutant transport, (c) Information from literature on biotransformation under anoxic 

conditions was taken into account. 

This paper presents long-term changes in Rhine River pollution, including eight metals, six 

planar and mono-ortho PCBs, seven PCDDs, ten PCDFs and eight PAHs. The results give 

insight into pollution levels that occurred, for example, in the early 1970s, when undiluted 

Rhine water caused acute toxic effects in laboratory tests [7] but appropriate analytical 

methods were lacking. In addition, indications can be obtained for the pollution levels in 

areas where sedimentation patterns have changed and for example sediment layers from 

the 1960s remain uncovered. 

MATERIALS AND METHODS 

Study area 

Lake Ketelmeer is a shallow, freshwater lake (surface area: 38 km2) in the central part of 

The Netherlands. The lake has an open connection with Lake Usselmeer (Fig. 2.1). Both 

lakes formed part of a coastal sea (the Zuiderzee) until the closure of a barrier dam in 

1932, which created the Lake Usselmeer. Land reclamation created two polders within 

Lake Usselmeer, with Lake Ketelmeer as the outlet of the Ussel River situated between 

them. The northern dike of Lake Ketelmeer was completed in 1938 and the southern dike 
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in 1953. The most recent geological layer in this area, the Usselmeer (Um) deposit, is 

definedas the silty sediment deposited since 1932. The underlying Zuiderzee (Zu) deposit, 

a saltwater clay deposit, can be identified by the presence of shellfragments (Mya 

arenaria). The average thickness of the Um-deposit is 0.45 m. The net sedimentation rate 

(presently approximately 0.01 m per year) has doubled since 1953 and accelerated 

deposition occurs in deeper zones, for example in the sandpits (approximately 0.15 m per 

year) [8]. The sediment cores were taken at locations known for their thick Um-deposits. 

The majority of Lake Ketelmeer sediment is anaerobic; only the top- layer (1-3 cm) at the 

interface with the water is aerobic. Chemical characterization of the Um-deposit indicates 

that illite is the dominant clay mineral (60% w/w), with smaller contributions of 

montmorillonite (20% w/w) and kaolinite (20% w/w) [9]. 

Sample collection and treatment 

In 1988 and 1990 eight undisturbed sediment cores (0.15 m in diameter and average 

length of approximately 1 m) were taken with an open auger. The cores, containing mainly 

the Um-deposit, were sectioned into 0.05 to 0.10 m intervals. One core, taken from a 

former sandpit, was sectioned into 0.25 m intervals. At this location the thickness of the 

Um-deposit was about 4.2 m. Samples were put in glass jars with screw caps, refrigerated 

at 4°C and transported. Before subsamples were taken for the different chemical analyses, 

samples were freeze dried and homogenized. 

The sediment top-layer samples (0.05 m) from 1972 were collected by the Institute for Soil 

Fertility Research, Haren, the Netherlands. The 10 samples taken in 1972 originate from 

the same areas as the eight sediment cores taken for this study. After collection in 1972, 

the top-layer samples were dried overnight at 40°C and stored in jars with screw caps at 

room temperature in the dark. Losses of organic pollutants during the drying procedure 

were negligible [10]. In these top-layer samples only some heavy metals were determined 

soon after collection. All organic pollutants were recently measured together with the core 

samples. 

Sediment dating 

The age of the different layers in the sediment cores was estimated by several methods. 

First, the well known geological history of this area offers some valuable recognition points 

in the cores. The interface between Zu-deposit and Um-deposit is visually recognizable and 

indicates the early 1930s. Until 1953, when the southern dike of Lake Ketelmeer was 
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completed, sedimentation occurred over a much larger area. As a result, only a thin 

sediment layer represents the period of 1930 to 1955, except for one location, a former 

sandpit, that was created for the construction of the northern dike. After completion of this 

dike (1938), the sandpit acted as a sediment trap with high sedimentation rates 

(approximately 0.15 m per year). Second, 137Cs and 134Cs gamma activities were 

determined on 25 to 250 cm3 of freeze dried sediment by counting up to 1000 min with a 

coaxial G detector (P-type) coupled to a multichannel analyzer. The Canberra S 340 

DOS/SPECTRAN-AT application software package was used for operation of the system 

and analysis of the recorded gamma spectra. Third, heavy metal concentrations in 

sediment layers were related to the well known metal pollution history of the Rhine River. 

The use of the 210Pb-dating technique [11] proved to be problematic in these cores, 

probably due to high and variable discharges of 210Pb or mother nuclides (226Ra) in the 

Rhine River. 

Analysis of organic carbon and heavy metals 

The organic carbon content of the sediment samples was measured by an element 

analyser (Carlo Elba NA 1500, Milan, Italy) after removal of carbonates with phosphoric 

acid. Heavy metal contents of the freeze-dried sediment core samples were determined 

after sample treatment with strong acids: hydrochloric acid for Cd and Pb, a mixture of 

sulfuric acid, nitric acid and hydrogen peroxide for As, Cr, Cu, Ni, and Zn; and a mixture of 

sulfuric acid, nitric acid, and potassium persulfate for Hg. Cadmium, Cr, Cu, Ni and Pb 

were analyzed by graphite furnace atomic absorption spectrometry (Perkin Elmer 5000, 

Norwalk, CT). Zinc was analyzed by flame atomic absorption spectrometry (Perkin Elmer 

5000). Arsenic was analyzed using the hydride technique (Perkin Elmer 5000 + MHS1) 

and Hg by a mercury monitor (Milton Roy, HGM 2300, Rochester, NY). Zinc, Cu, Cd, Pb 

and Cr contents in the top-layer samples from 1972 were determined at the Institute for 

Soil Fertility Research by similar analytical methods [10]. 

Analysis of PCBs, PCDDs and PCDFs 

The planar and mono-ortho PCBs, PCDDs, and PCDFs were determined in all layers of 

three selected cores and in five top-layer samples from 1972. The analyses of 3,3',4,4'-

tetrachlorobiphenyl (PCB 77), 2,3,3',4,4'-pentachlorobiphenyl (PCB 105), 2,3',4,4',5-

pentachlorobiphenyl (PCB 118), 3,3',4,4',5-pentachlorobiphenyl (PCB 126), 2,3,3',4,4',5-

hexachlorobiphenyl (PCB 156), and 3,3',4,4',5,5'-hexachlorobiphenyl (PCB 169) were 
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performed in combination with the analyses of PCDDs and PCDFs. Sediment sample 

cleanup and analytical procedures for PCDDs and PCDFs determinations were adopted 

from the literature [12,13], however, some minor modifications were applied. After spiking 

the freeze dried samples with 13C-labeled internal standards (Cambridge Isotope 

Laboratories, Woburn, MA) representing each tetra- through octachlorinated homolog of 

PCDDs and PCDFs, a Soxhlet extraction with toluene was applied for 48 h. Evaporation 

was used to reduce the volume of the toluene extract and />decane was added as a carrier 

solvent. Extract cleanup consisted of a passage through six chromatographic columns in 

sequence. The fifth column contained carbon dispersed on Celite® (545-AW, Supelco, 

Bellefonte, PA). The PCDDs, PCDFs, and PCBs were removed from this column by 

reverse elution with toluene. All other columns contained silica or alumina with different 

pretreatments. The eluate volume was further reduced and a solvent exchange to 

tetradecane was performed. 

The extracts were analyzed by GC/MS (Hewlett Packard 5890-5971, Avondale, PA) opera­

ting in the selective ion monitoring (SIM) mode. The planar and mono-ortho PCBs and 

hepta- and octachlorinated dioxins and furans were analyzed with a 60 m capillary column 

(SE 30, 0.25 mm i.d., film thickness 0.25 jim). The oven temperature program employed 

was as follows: injection temperature 140°C, 10°C/min to 180°C, 5°C/min to 250°C, 

10°C/min to 320°C, and 5 min isothermal at 320°C. The tetra- through hexachlorinated 

dioxins and furans were analyzed with a 60 m column (SP 2331, 0.25 i.d, film thickness 

0.22 |xm) and an oven temperature program as follows: injection temperature 150°C, 

20°C/min to 220°C and 6°C/min to 260°C. Helium was used as a carrier gas. Identification 

was based on the retention times compared to those of the authentic standard compounds 

and on the intensity ratios of the molecular ions equal to the theoretical values. 

Quantification was based on the response factors obtained from the GC-SIM of standard 

mixtures and the 13C-labeled internal standards. Method validation included an 

interlaboratory calibration experiment for PCDDs and PCDFs. In Table 2.1, dioxin and furan 

concentrations of the most toxic isomers measured by the above procedure in a sediment 

sample from Lake Ketelmeer are compared with results obtained by the Department of 

Environmental and Toxicological Chemistry of the University of Amsterdam (The 

Netherlands). The methods applied at this laboratory are described by Evers et al. [14]. Alt­

hough the extraction, cleanup, and mass spectrometric techniques are different, the results, 

with the exception of octachlorinated dibenzofuran, agree within the measurement error of 

the procedures. 
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Table 2.1. Interlaboratory comparison of dioxin and furan concentrations (in ng/kg) in a sediment sample from 
Lake Ketelmeer. 

This work ETC' 

2,3,7,8-TCDD 450 378 
1,2,3,7,8-PeCDD <10 <15 
1,2,3,4,7,8-HxCDD 30 22 
1,2,3,6,7,8-HxCDD 28 33 
1,2,3,7,8,9-HxCDD 150 73 

1,2,3,4,6,7,8-HpCDD 500 431 
OCDD 3,000 3,295 
2,3,7,8-TCDF 75 126 
1,2,3,7,8-PeCDF 110 131 
2,3,4,7,8-PeCDF 85 85 
1,2,3,4,7,8-HxCDF 310 357 
1,2,3,6,7,8-HxCDF 170 211 
1,2,3,7,8,9-HxCDF <10 54 
2,3,4,6,7,8-HxCDF 90 125 
1,2,3,4,6,7,8-HpCDF 2,700 2,116 
1,2,3,4,7,8,9-HpCDF 200 133 
OCDF 16,000 8,225 

'Department of Environmental and Toxicological Chemistry, University of Amsterdam, The Netherlands. 

Analysis of PAHs 

The PAH compounds evaluated in this study included fluoranthene (Flu), benzo[k]-

fluoranthene (BkF), benzo[a]pyrene (BaP), fluorene (Fie), benzo[b]fluoranthene (BbF), 

anthracene (Ant), phenanthrene (Phen), and benzo[ghi]perylene (Bghi). Sediment samples 

were extracted twice with acetone for 15 min. Acetone was removed by mixing the extracts 

with petroleum ether and washing them with water. After separation, the aqueous phase 

was extracted with a second portion of petroleum ether. The combined petroleum ether 

extract was dried with Na2S04 and concentrated with a Kuderna-Danish condensor 

(Technoglas, Voorhout, the Netherlands) to a volume of 5 ml. The extract volume was 

further reduced with a gentle stream of clean nitrogen to 1 ml. Extract cleanup consisted of 

passing the extract through a column of 2 g 11% (w/w) deactivated alumina (alumina 

W200, Super I Woelm, ICN, Enschwede, Germany) and through a column of 2 g 6% (w/w) 

deactivated silica (Merck 7754, Darmstadt, Germany). After sample cleanup a solvent 

exchange to acetonitrile was carried out. The sample extracts were injected into an HPLC 

(Perkin Elmer pump 250 and Spark Marathon autosampler, Emmen, the Netherlands) fitted 

with a 25 cm Vydac 201 TP-5 column (4.6 mm i.d.). The extracts were eluted isocratically 

for 5 min with 50% (v/v) acetonitrile in water and subsequently with a linear gradient to 
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100% acetonitrile in 15 min. The mobile-phase flow was 1.5 ml/min. The column effluent 

was monitored with a fluorescence detector (Perkin Elmer LS40) and a UV-detector (Kratos 

783, Kratos Analytical, the Netherlands). 

All concentrations of radionuclides and pollutants are reported on a per-dry-weight-of-

sediment basis. For purposes of numerical calculation and graphical display, all 

concentrations below detection levels were assumed to be one-half the detection level. 

RESULTS AND DISCUSSION 

Radiocesium activities 

In all cores, activity of 137Cs (t1/2=30.17 years) showed two maxima. One 137Cs maximum, in 

the samples from near the surface, always correlated with elevated activities of 134Cs 

(t1/2=2.06 y), indicating the fallout from the nuclear power plant accident in Chernobyl in 

April 1986. The second 137Cs maximum, found in the deeper layers, was related to the 

fallout from nuclear weapon testing in the early 1960s. Besides the radiocesium activities, 

several other markers were used to estimate the age of the different layers. The visually 

recognizable interface between the Urn- and Zu-deposits indicated the year 1932. In the 

core taken from the former sandpit, this interface represented the year 1938. Heavy metal 

concentrations in sediment layers were compared to pollution levels in dated sediment 

samples from other locations in the Rhine [15]. Based on this information, the sediment 

core layers were dated into periods that varied between two and ten years. The depth of 

the Um-deposit in the various sediment cores varied between 25 and 420 cm, indicating 

highly variable sedimentation rates. 

If sedimentation rates are not identical, graphic presentation of radionuclide activities or 

pollutant concentrations plotted against depth is possible only for the individual cores. 

However, after age estimation of the different layers, data from all cores can be combined 

into one graph plotted to the estimated year of deposition instead of depth. This method of 

data handling can introduce some inaccuracy. Bioturbation or transport with infiltrating 

water will have less effect on sediment core pollutant profiles at a location with high 

sedimentation rates than locations with low sedimentation rates [16]. 

In figure 2.2, Cs activities are plotted against estimated year of deposition. A certain 

amount of variation in activities can be observed, especially in the 137Cs activity of the near 

surface samples. Nevertheless, a clear pattern in Cs activities during the last five decades 

can be distinguished and is indicated by the visually fitted curves. 
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Fig. 2.2. Cesium activities in sediment layers from 8 cores vs. the estimated years of deposition. Average 
activities are indicated by visually fitted curves. 

Organic carbon 

The organic carbon (OC) content of suspended solids and sediment plays an essential role 

in the behavior and fate of pollutants in the aquatic environment [17]. Mineralization 

processes affect the organic matter in sediments. If a constant input of OC has occurred in 

the past, a decreasing OC content may be expected at increasing depth in the sediment. In 

Lake Ketelmeer the OC content in the layers of the sediment cores varied widely (Fig. 

2.3A). Surprisingly, the recently deposited layers have the lowest OC content. The highest 

levels are found in layers that were deposited between 1950 and 1970. The OC content of 

the top-layer samples taken in 1972 is also shown in Figure 2.3A. Because these 5 cm top-

layer samples probably reflect an average sediment composition for a four to six year 

period, they are put in the graph at 1969. The average OC content of these samples is 

somewhat higher than the OC content in the core layers dated around 1970. This 

difference indicates a small decrease in the carbon content of the sediment, which is 

probably the result of mineralization. However, other processes like resuspension and 

bioturbation cannot be excluded (see below). The steady decrease in the OC content since 

1960 is directly related to a decrease of the total OC load in the Rhine and Ussel rivers 
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Fig. 2.3. Organic carbon content (A) and metal concentrations (B,C,D) in sediment core samples (on,A) and in 
top-layer samples from 1972 (•,•,*) vs. the estimated years of deposition. The average concentrations in 
sediment core samples are indicated by' the visually fitted curves. 
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[18]. This decline probably results from the construction of wastewater treatment plants in 

the drainage basin of the Rhine since the 1960s. 

Heavy metals 

The concentration profiles of eight heavy metals are also shown in Figure 2.3. Under the 

anoxic conditions prevailing in Lake Ketelmeer sediments, heavy metals are relatively 

immobile and, therefore, heavy metal profiles are likely to reflect the historic inputs. The 

1972 top-layer samples offered an opportunity to test this assumption. The concentrations 

of some metals in these old top-layer samples are shown in Figure 2.3. The levels in the 

top-layer samples from 1972 were somewhat higher, especially for Cd and Cr, than the 

levels found in the core layers dated around 1970. This difference may have been caused 

by small deviations in the analytical methods, as heavy metal concentrations in sediment 

cores and in top-layer samples from 1972 were not determined by the same laboratory. In 

addition, the decrease in metal concentrations in the sediment cores may have been 

caused by resuspension and bioturbation. The 1972 top-layer samples reflected levels that 

may have been lowered by these processes before consolidation occurred. It became clear 

that these processes had introduced only limited changes, and, therefore, the profiles 

reflected the historic inputs without serious alterations. 

All heavy metal levels were very low between 1940 and 1950. The concentrations at the 

end of the 1930s appeared to be higher than the concentrations in the early 1940s (second 

world war). From 1950 to 1965 all the studied heavy metals showed a steady increase in 

concentration. For all metals except Cd and Ni, a clear decrease from about 1965 was 

observed. Cadmium and Ni levels had only begun to decrease since the early 1980s. The 

recently deposited sediment had heavy metal levels that were either similar (Zn, Cu, Hg, 

and Ni) or below (Pb and As) the levels observed in the 1940 to 1950 period. Presently, Cd 

and Cr levels are still somewhat higher than the levels in the 1940 to 1950 period. The 

observed patterns in metal concentrations are in agreement with concentrations found in 

Rhine River floodplain samples over the last three decades [10]. 

The data from the nondegradable, relatively immobile metals indicate that resuspension 

and bioturbation have had only limited effects on the pollutant profiles. Consequently, 

combination of data from all dated cores into one graph appeared to be a feasible and 

elegant method to interpret the results. However, other processes, such as diffusion and 

transport with infiltrating water, may have affected the concentration profiles of organic 

pollutants. Therefore, pollutant levels were determined in the Zu-layer just beneath the Um-

deposit. The concentrations of the selected PCBs were all below the detection limit (10 



Geochronology of priority pollutants 29 

ng/kg), indicating that no downward transport had occurred. 

Polychlorinated biphenyls 

The concentrations of four PCBs are shown in Figure 2.4. The average PCB 77 and PCB 

118 levels in the samples from 1972 are somewhat higher than the levels found in the 

sediment cores. This difference between the stored 1972 samples and sediment cores is 

even more pronounced for PCB 105 and PCB 156. The difference in concentrations 

between top-layer samples from 1972 and core layers that had been deposited around 

1970 were tested for the six studied PCB congeners (Table 2.2). The differences proved to 

be significant at a 0.05 level for all tested congeners, except for PCB 77 and PCB 118. 

Significant reductions varied between 70 and 88%. These reductions indicated that PCBs 

have disappeared from the anaerobic lake sediment, which may be the result of microbial 

dechlorination processes in the anoxic sediment. It has been established that 

disappearance of higher chlorinated biphenyls in the Hudson sediment [19,20] is a result of 

microbially mediated reductive dechlorination reactions [21,22]. Unlike the studies in the 

Hudson, ours was not able to demonstrate an accumulation of less chlorinated biphenyls 

as the reaction products in Lake Ketelmeer sediment, probably due to the limited number of 

congeners analyzed in this study. 

Table 2.2. Comparison of mean PCB concentrations in top-layer samples (n=5) collected in 1972 and mean 
concentrations in recently sampled core layers (n=5) deposited around 1970. 

PCB (IUPAC no.) 

77 

105 

118 

126 

156 

169 

Concentration (ng/kg) 

Top-layers collected 
in 1972 

3,240 

140,000 

135,000 

157 

46,000 

83 

Sediment core layers 
from ±1970 

1,540 

33,600 

95,000 

19 

13,600 

10 

Reduction' 

(%) 

76 

88 

70 

88 

'Numerical values are given for decreases that are significant by the Mest at the 0.05 confidence level. 

If the findings in Lake Ketelmeer can be attributed to microbial processes, this type of 

dechlorination seems to alter the concentrations of the individual congeners with different 

rates; PCB 77 and PCB 118 seem to be the most recalcitrant congeners. The other four 

PCBs show an average reduction of 80% during 20 years of "environmental incubation". 


